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TREATABILITY STUDIES ON TRADITIONAL
HAND-PRINTED TEXTILE INDUSTRY WASTEWATERS
USING FENTON AND FENTON-LIKE PROCESSES:
PLANT DESIGN AND COST ANALYSIS
Taner Yonar*
Uludag University, Faculty of Engineering and Architecture, Department of Environmental Engineering, Bursa, 16059, Turkey

ABSTRACT
In this paper, the results of hand-printed textile wastewater using physico-chemical and biological treatment as
well as Fenton and Fenton-like processes are presented.
Fenton and Fenton-like processes showed high COD (>85%)
and color (>90%) removal performance on evaluated effluents. On the other hand, capital and operation/maintenance
(O&M) costs of conventional (physical/chemical/ biological) and Fenton process (physical/ Fenton process) treatment systems are presented, and specific capital costs for
Fenton process system were estimated to be ca. 16% lower
than that of conventional treatment. But detailed cost estimations reveal that Fenton process leads to slightly higher
O&M costs.

KEYWORDS: Physico-chemical treatment, Fenton process, handprinted textile wastewater, capital costs, operation and maintenance costs

INTRODUCTION
Hand-printing is one of the oldest arts of the Anatolian culture. Unfortunately this art, which constitutes the
essence of the advanced technologies later developed for
the printing of clothing, is fading away nowadays. Although
once practiced so intensively in several regions of Anatolia,
it barely survives today on a limited scale in Tokat, Turkey [1].
Three basic methods are used in the art of handprinting textiles: hand printing, block-printing and a combination of the two. The original printed textiles were
hand-painted and the block-printing is a later development.
Formerly, natural dyes were used on hand-printed textiles
for applying the colors, laden with symbolic meaning. With
the invention of the first synthetic dyes in the mid 1800’s

and the subsequent rapid development of the chemical dye
industry, natural dyes largely disappeared from hand-printed
textiles [2].
The main environmental problem of hand-printed textile industry is to process wastewaters, which can be classified and characterized as usual dye-house effluent. Wastewaters originating from textile industry contain various
pollutants including a high content of organics, inorganics
and colors [3, 4]. Color content of textile effluents creates
environmental and aesthetic problems. Treatment of organic
and inorganic content of textile effluents is the main objective of most discharge criteria. Currently, color is not
one of the criteria monitored by the Turkish Water Pollution Control Act; however, it will surely become an important discharge parameter for textile and other industries in the near future [5, 6]. Most of these organic and
inorganic pollutants, except color, can be treated by integrated processes involving various combinations of conventional physical, chemical and biological methods [7]. It is
well-known that conventional treatment alternatives in
most cases are ineffective for the removal of color from
these effluents [8-10]. On the other hand, these conventional methods (e.g. physicochemical treatment, activated
sludge) or other advanced treatment methods (carbon or
other natural absorbents adsorption, reverse osmosis, ion
exchange) can only transfer the contaminants from one
phase, but the problem of color in textile effluent is essentially unsolved [11]. Ad-vanced Oxidation Processes
(AOPs), which are based on the generation of hydroxyl
radicals, (Oxidation power = 2.8 eV vs normal hydrogen
electrode) are alternatives for conventional and other
advanced treatment methods [12] to degrade most organics in industrial effluents. Nevertheless, the high electrical
energy demand is the main problem of most investigated
AOPs [13]. Among them, Fenton process is cost-effective,
easy to apply and effective for the degradation of a wide
range of organic compounds. One of the advantages of
Fenton’s reagent is that no energy input is necessary to
activate hydrogen peroxide. Therefore, this method offers a
cost-effective source of hydroxyl radicals, using easy-to-
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handle reagents [14]. The Fenton process consists of 4
stages. At first, pH is adjusted to low acidity. Then the
main oxidation reactions take place at pH values of 3-5.
The wastewater is then neutralized at pH of 7-8, and,
finally, precipitation occurs [15, 16]. Furthermore, it commonly requires a relatively short reaction time compared
with other AOPs. Thus, Fenton’s reagent is frequently used
when a high reduction of COD is required [14].
Main reaction mechanisms of Fenton and Fenton-like
process were explained and discussed extensively in literature [17-19]. However, there is very limited information
on full-scale Fenton and Fenton-like process design and cost
evaluation approach. In many papers, various aspects of the
treatment costs (investment or operational costs) are
articulated, but very few studies specifically focused on this
topic. Even under these circumstances, it is very difficult
to carry out an objective comparison between technologies
of different papers, as the cost analyses are often based on
different assumptions, and, consequently, they can lead to
very different treatment costs. Therefore, several items must
be considered in order to estimate the cost of a
wastewater treatment process. Amongst them, construction costs, equipment investment costs, raw materials
costs, operation and maintenance costs as well as labor
costs are the most important ones [20].
This study concentrates on the economical aspects of
conventional (physical, chemical and biological process
combinations) as well as Fenton and Fenton-like processes,
including treatment plants with particular regard to handprinted textile effluents. The objective is to evaluate overall production costs (at least under well-defined conditions)
associated with both techniques for possible future applications in similar waste streams. All costs reported are as per
typical Turkey conditions, and are based on currency unit
of Turkish Lira. However, to achieve a comparison, the
costs are listed in Euro using an exchange rate of 1 Euro =
2 Turkish Lira.

MATERIALS AND METHODS
1. INDUSTRIAL WASTEWATER SAMPLES

Composite wastewater samples used in this study
were collected from the discharge point of a hand-printed
textile factory in Tokat, Turkey. Flow measurements were
carried out on same discharge points of the factory using a
Hach Sigma 910 flow-meter and auto-sampler. Environmental characterization of raw hand-printed textile
wastewater is listed in Table 1.
According to the Turkish Water Pollution Control
regulation, only COD, suspended solids (SS), NH4-N, free
chlorine, total chromium, sulphur, sulphide, phenol and
pH were monitored [21]. It can be clearly seen from Table 1,
that only the existing levels of pH, COD, SS and NH4-N
were higher than the discharge limits. On the other hand,
the color parameter was not included in this regulation.
Therefore, removal of conventional parameters and color
from hand-printed textile wastewater were investigated
using physical, chemical, biological as well as Fenton and
Fenton-like process modifications.
2. COAGULATION AND BIOLOGICAL TREATABILITY EXPERIMENTS

In chemical treatment experiments using a Jar-test apparatus (Velp Scientifica FC6S model, Italy), Al2(SO4)3.18H2O,
FeCl3.6H2O and FeSO4.7H2O (supplied from Merck, Germany) reagents were used at varying dosages between 50
and 400 mg/L. Optimum pH and reagent doses that provide the best COD and color removal rates were determined
for each chemical at room temperature (20 oC). 1 L of a
wastewater sample given in Table 1 was dosed with each
chemical at varying dosages separately. One-hour sedimentation was applied following coagulation time of 30 min
(20 rpm) after flash mixing for a min (120 rpm). Supernatants at the end of sedimentation period were analyzed as
described in analytical procedure section.

TABLE 1 - Environmental characterization of raw hand-printed textile effluents.
Discharge standardsa
Value
1050± 40

2 h composite samples

24 h composite sample

COD

Unit
mg/L

400

300

Suspended Solids

mg/L

180 ± 10

140

100

NH4-N

mg/L

9.8±0.6

5

-

Free chlorine

mg/L

0.1

0.3

-

Total chromium

mg/L

0.4

2

1

Sulphur

mg/L

<0.1

0.1

-

Sulphide

mg/L

<0.2

1

-

Phenol

mg/L

<0.1

1

0.5

Parameter

pH

-

9.4

6-9

6-9

Colorb

1/cm

1.508

NA

NA

Flow

m3/day

200

-

-

2759

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

a. Turkish Water Pollution Control Regulation,, Ministry of Environment and Forestry, Turkish Republic; b. Absorbance at 560 nm; NA = not
analyzed

In order to assess the biotreatability of the raw and
chemical pre-treated samples better, biodegradation experiments were carried out. Activated sludge culture sampled
from a sewage treatment system was used to seed a labscale fill-and-draw reactor. The reactor was fed up with raw
and chemically treated wastewaters. The biodegradability
was tested using a 2-L fill-and-draw aerobic reactor. Sludge
was settled for the removal of impurities and then washed
with chlorine-free tap water. The sludge was aerated continuously using aeration pumps. The heterotrophic biomass
samples used in biodegradation tests were being previously
fed up with synthetic municipal wastewater as described in
ISO 8192 [22], and acclimated to a mixture of 50% v/v
synthetic domestic wastewater (carbon source = meat extract and peptone) plus 50% v/v raw and chemically pretreated wastewaters. The acclimatization study was completed within 4 weeks. The biodegradation experiments were
conducted by simultaneously operating three activated
sludge reactors (reactor volumes = 2 L; F/M ratio= 0.21 mg
COD/mg MLSS, initial COD of the synthetic domestic
waste-water = 320 mg/L). Effluent COD was monitored at
regular time intervals (i.e. 0.5, 1, 2, 4, 6, 12 and 24 h)
throughout the biodegradation experiments.
3. FENTON AND FENTON-LIKE EXPERIMENTS

Fenton and Fenton-like experiments were conducted at
room temperature using varying FeSO4.7H2O - H2O2 (for
Fenton experiments) and FeCl3.6H2O - H2O2 (for Fentonlike experiments) dosages at varying pH values in order
to determine optimum dosages that give better results in
COD removal. The pH was manually adjusted to a desired
range (pH 2-7) using 1 N sulphuric acid and/or sodium
hydroxide before initiating the experiments. During the
determination of optimum pH value, doses of FeCl3.6H2O,
FeSO4.7H2O (supplied from Merck) and H2O2 (supplied
from Merck, 35% w/w) were fixed at 50 mg/L. H 2O 2,
FeSO4.7H2O, and FeCl3.6H2O dosages changing between
50-400 mg/L were used to decide chemical dosages after
the optimum pH was determined. Two-hour sedimentation
was applied subsequent to the pH adjustment (7.5-8) after
Jar-test setup was subjected to 2 min of rapid mixing at
120 rpm, followed by 20 min of slow mixing. Analyses
were carried out on 50 ml of supernatant which was taken
after 2-h precipitation.

solids), NH 4-N, free chlorine, total chromium, sulphur,
sulphide, phenol and pH were measured in accordance
with Standard Methods [24]. All measurements were performed at least in duplicate.
RESULTS AND DISCUSSION
1. COAGULATION AND BIOLOGICAL TREATABILITY STUDIES

As mentioned in the previous section, in order to compare the results, the treatability studies consisted of two
stages: chemical coagulation + biological treatment and
Fenton and Fenton-like oxidation processes. Al2(SO4)3.18
H2O, FeCl3.6H2O and FeSO4.7H2O coagulants were used
during the chemical treatment experiments with varying
dosages under varying pH conditions. Amongst the three
chemicals used in this study, FeCl3.6H2O resulted in the best
COD and color removal rates for hand-printed textile effluents. COD removal at a FeCl3.6H2O dosage of 250 mg/L,
results in an effluent COD of 460 mg/L (56%), color of
0.875 abs (42%) and SS of 20 mg/L (82%) (at pH 8). COD
of 490 mg/L (53%), color of 0.915 abs (39%) and SS
of 15 mg/L (86%) removal efficiencies were observed in
experiments using FeSO4.7H2O with a dose of 350 mg/L
(at pH 9). On the other hand, COD removal at a Al2(SO4)3.
18H2O dosage of 400 mg/L resulted in an effluent COD of
530 mg/L (50%), color of 0.996 abs (34%) and SS of 20
mg/L (82%) (at pH 7). Industrial wastewater supernatants
remaining from all coagulation pre-treatment were then
used in biotreatability tests.

4. ANALYTICAL PROCEDURE

In the biotreatability tests, raw and chemical pretreatment applied samples were utilized. During the 24-h
biotreatability studies, changes were observed in COD abatement rates for the effluent samples. COD removal rates obtained for the chemically pre-treated samples as compared
to the biodegradation rates of raw hand-printed textile effluents is worth-mentioning. Chemical pre-treatment positively
affected the biodegradability of hand-printed textile effluents. This observation speaks to indicate a considerable reduction in recalcitrance of raw effluent and inhibitory
effects on microbial culture. Percent overall color and COD
removal efficiencies obtained after 24-h biotreatability tests
were 38 and 64%, as well as 58 and 90% for samples
containing raw and chemical pre-treatment applied samples, respectively.

Due to interferences of ferrous ions and H2O2 with the
analytical measurements, pH of supernatant increased with
the addition of NaOH around >11 [23]. For the precipitation
of ferrous iron as Fe(OH)3, MnO2 powder was added to
destroy residual H2O2 in the treated solution [5]. The concentration of residual H2O2 in the test solution was controlled by use of test strips (Merck Merckoquant Peroxide
Test). Before each analysis, samples were filtered on
0.45 µm Millipore membranes to remove Fe(OH) 3 and
MnO 2. COD (using closed reflux method), SS (suspended

In most cases, textile effluents are generally treated by
means of physical/biological or physical/chemical/biological process modifications in Turkey. These process modifications can be environmentally enough for existing environmental regulations and discharge standards. But, color
content cannot be treated by these conventional methods.
As highlighted in the Introduction section, color is not yet
one of the criteria monitored by the Turkish Water Pollution Control Act [21]. However, it will be an important and
strictly monitored parameter in the near future for textile
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and other effluents. Advanced Oxidation Processes (AOPs)
for the degradation of most organics and removal of color
content of waste streams are strong alternatives to conventional treatment methods [12]. However, full-scale design
and application of AOPs are very limited in literature and
on-site. In the light of the reasons discussed above, upgrading and/or rebuilding of existing treatment plants can
be expected to be an important environmental agenda of
Turkey and other countries.

ommended as the operating pH. Also, the oxidation potential of hydroxyl radicals (•OH) is known to decrease
with an increase in pH. For these reasons, optimum pH
conditions of Fenton and Fenton-like processes were assessed primarily. During this assessment, efficiencies of
COD and color removal were observed as pH was adjusted
between 2 and 7. Maximum COD and color removal efficiencies were obtained at pHs 3.5 and 3 for Fenton and
Fenton-like experiments, respectively (Fig. 1). As it is clear
from Fig. 1, at these pH values (50 mg/L (0.18 mM)
FeSO4.7H2O and 50 mg/L (1.47 mM) H2O2 dosages), COD
and color removal efficiencies for hand-printed textile
wastewater were observed to be 38 and 43% for Fenton
process, and 32 and 39% for Fenton-like processes, respectively.

2. FENTON AND FENTON-LIKE PROCESSES

Values of pH as well as Fe(II)/Fe(III) and H2O2 concentrations are the main and important operating parameters of Fenton and Fenton-like processes [25-27]. The
optimum pH has been observed to be 3 in the majority of
the cases [28, 29] and, hence, this particular value is rec-

COD and Colour removal efficiencies (%)

50
45
40
35
30
25
20
15
Fenton	
  proc es s 	
  (C OD)
10

Fenton	
  proc es s 	
  (C olour)
Fenton-‐like	
  proc es s 	
  (C OD)

5

Fenton-‐like	
  proc es s 	
  (C olour)

0
1

2

3

4

5

6

7

pH

FIGURE 1 - Effect of pH on COD and color removal during Fenton and
Fenton-like processes (CFeCl3= 50 mg/L, CFeSO4= 50 mg/L and CH2O2 = 50 mg/L).
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COD and colour removal efficiencies (%)
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FIGURE 2 - Effect of FeCl3 and FeSO4 concentrations on COD and color removal efficiencies during Fenton and
Fenton-like processes (pH = 3.5 (for Fenton experiments), pH=3 (for Fenton-like experiments) and CH2O2 = 50 mg/L).
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FIGURE 3 - Effect of H2O2 concentration on COD and color removal efficiencies during Fenton and Fenton-like processes (Fenton process
(pH = 3.5 and CFeSO4 = 200 mg/L), Fenton-like process (pH = 3 and CFeCl3 = 250 mg/L)).

At fixed pH (pH 3.5 for Fenton and pH 3.5 Fenton-like
experiments) and constant H2O2 concentration of 50 mg/L
(1.47 mM), varying dosages between 50 mg/L and 400 mg/L
were experienced to determine optimum FeSO 4 .7H 2 O
(0.18 mM-1.44 mM) and FeCl3.6H2O (0.18 mM-1.48 mM)
dosage for Fenton and Fenton-like processes. In the literature, the rate of degradation usually increases with an increase in the concentration of ferrous ions [26, 28, 30],
though the extent of increase is occasionally observed to be
marginal above a certain concentration as reported by
Kang and Hwang [27] and Rivas et al. [31]. Efficiency of
COD removal due to the constant concentration of hydro-

gen peroxide and varying dosages of FeCl3.6H2O and
FeSO 4.7H 2O are illustrated in Fig. 2. As a result, in this
study, optimum chemical dosages were determined as follows; CFeSO4 = 200 mg/L (0.72 mM) for Fenton process
and CFeCl3 = 250 mg/L (0.92 mM) for Fenton-like process.
Concentration of H2O2 is another important control
parameter for Fenton process which has a crucial role in
deciding the overall efficiency of the degradation processes. Excessive amounts of hydrogen peroxide can
create negative effects on removal efficiency, which could
be attributed to the formation of much less powerful HO2.
radicals, which are formed by the reaction between hy-
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droxyl radicals and excess hydrogen peroxide [32]. Optimum H2O2 dosage determination studies were conducted
at preset constant FeSO4.7H2O dosages and pH values.
Varying dosages of H2O2 (between 50 mg/L (1.47 mM) to
400 mg/L (11.8 mM)) were applied. Efficiencies of the
COD removal at varied dosages of H2O2 and constant
concentrations of FeSO4 are illustrated in Fig. 3.
Optimum conditions for Fenton and Fenton-like processes were set as pH = 3.5, CH2O2 = 200 mg/L (5.88 mM)
and CFeSO4 = 200 mg/L (0.72 mM) (87% COD removal,
91% color removal, 50 mL/L sludge volume), and pH = 3,
CH2O2 = 250 mg/L(7.35 mM) and CFeCl3 = 250 mg/L (0.92
mM) (84% COD removal, 90% color removal, 50 mL/L
sludge volume), respectively (Fig. 3). Supernatants from
Fenton and Fenton-like experiments were used in activated sludge inhibition tests. In the literature, the optimum
Fe2+:H2O2 molar ratios for Fenton oxidation are reported to
be in the range of 1:5 and 1:10 [33]. In this study, Fe2+:H2O2
molar ratios for Fenton oxidation are obtained in the approximate range of 1:10.After the Fenton and Fenton-like experiments, almost the same coagulation/flocculation process
chemical dosages were used. On the other hand, the sludge
volumes observed were slightly lower than in the coagula-

tion/flocculation process. According to these results, Fenton
process exhibited superior performance with regard to conventional (physical/chemical/ biological) processes and
Fenton-like process.
TREATMENT PLANT COST EVALUATION
Conventional and Fenton process treatment plant flow
diagrams shown in Figs. 4 and 5 were proposed on basis of
the results obtained from the laboratory tests. Conventional
treatment plant consists of physical (coarse and fine screens,
equalization tank), chemical (coagulation/ flocculation and
chemical sedimentation tanks), biological (classical activated sludge and biological sedimentation tanks) and sludge
disposal (sludge thickening and conditioning tanks and filterpress) units. Fenton process treatment plant includes physical (coarse and fine screens, equalization tank), chemical
(first pH adjustment, coagulation/flocculation, first chemical sedimentation, second pH adjustment, second flocculation and second chemical sedimentation tanks) and sludge
disposal (sludge thickening and conditioning tanks and
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FIGURE 4 - Wastewater treatment plant flow chart of a conventional treatment plant (physical/chemical/biological).
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FIGURE 5 - Wastewater treatment plant flow chart of a Fenton process treatment plant (physical/Fenton process).
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filter-press) units. All treatment equipments belonging to
each plant were designed based on 200 m3/day
wastewater flow.
Cost evaluation is an important issue for decision making on an efficient treatment process. Actual project costs
cannot be generalized; rather they are site-specific, and
thus must be developed for individual circumstances [34].
Therefore, treatment plant cost calculations were carried
out according to Turkey conditions. The overall costs are
represented by the sum of the capital costs, the operating
costs and maintenance. For a full-scale system, these costs
strongly depend on the flow-rate of the effluent and the
configuration of the reactor as well as the nature of the
effluent [12]. Conventional treatment system (physical/
chemical/ biological treatment processes) and Fenton process (physical/Fenton processes) costs are summarized in
this section for a meaningful explanation.
1 CAPITAL COSTS

Capital costs of a treatment plant were calculated in
4 sub-stages: (1) constructional, (2) mechanical, (3) electrical, and (4) other costs. Constructional costs of both treatment flow charts were computed by a Civil Engineering
Office according to environmental design results. Constructional costs include excavation, reinforced concrete, buildings, excavator and crane rentals, electricity and labor costs.
Land costs were excluded from the computations for the

reason of industry own site usage. Mechanical and electrical costs are another chief and important capital cost for
a treatment plant. Mechanical costs were determined by
summing the costs of mechanical equipment purchase
(coarse and fine screens, pumps, dosage pumps, mixers,
chemical storage and handling tanks, blowers, diffusers,
tank skimmers, filter press etc.), pipes and fittings, material transportation and mechanical labor. Electrical costs
contain automation, wiring, sensors (flow, pH, oxygen,
ORP, level switches etc.) and electrical labor. Finally, other
costs incorporate engineering design fee, charges and taxes,
and profit and overhead. All equipment and material prices
and labor costs were collected from different treatment plant
equipment suppliers and engineering offices in Turkey.
Table 2 presents capital cost estimates for the conventional and Fenton process treatment plants designed on the
basis of 200 m3/day. As shown in this table, the total capital
cost estimates for conventional treatment plant and Fenton
process treatment plant are 178 866 and 149 483 Euro,
respectively. All equipment costs were provided including
2 years non-prorated warranty by all suppliers. But, sensors, switches and other spare parts were excluded from
warranty. It can clearly be observed from the cost analysis
that the specific costs for Fenton process treatment plant
are about 16% lower than that of the conventional treatment plant alternative. On the other hand, constructional
costs of the conventional treatment system are higher than

TABLE 2 - Capital Cost Estimates of Conventional (Physical/Chemical/Biological) and Fenton Process (Physical/Fenton Process) Treatment Plants.
ITEM

CAPITAL COSTS (Euro)
Conventional Treatment System
Fenton Process Treatment System

Construction Costs
•
Basin Constructions1
•
Building Constructions1,2
•
Rentals
•
Electricity3
Mechanical Costs
•
Physical Unit Equipments4
•
Chemical Unit Equipments4
•
Biological Unit Equipments4
•
Disinfection Unit Equipments4
•
Sludge Unit Equipments4
•
Piping Costs4
•
Transportation and Rentals
Electrical Costs
•
Automation5
•
Wiring5
•
Sensors and Switches
SUB-TOTAL - A
Other Costs
•
Engineering Fee (5% of sub-total a)
•
Charges
•
Profit and overhead (15% sub-total a)
SUB-TOTAL - B
Taxes (VAT: 18% of sub-total - b)
TOTAL

27 500 €
13 000 €
6 300 €
850 €

19 000 €
13 000 €
4 700 €
700 €

10 800 €
12 800 €
12 600 €
700 €
15 500 €
9 500 €
2 500 €

10 800 €
23 500 €
15 500 €
4 000 €
2 000 €

7 500 €
1 500 €
3 600 €
124 650 €

7 000 €
1 500 €
2 200 €
103 900 €

6 233 €
2 000 €
18 698 €
151 581 €
27 285 €
178 866 €

5 195 €
2 000 €
15 585 €
126 680 €
22 803 €
149 483 €

1 All construction costs include labor costs
2 Buildings are designed (pre-fabric 200 m2 closed area) as same capacity for both treatment plants including a small laboratory, chemical preparation and dosage units,
blowers (for biological treatment unit) and sludge conditioning and filter-press units.
3 1 kW = 0.087 Euro
4 All mechanical costs include labor costs
5 All electrical costs include labor costs
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TABLE 3 - O&M costs of the studied treatment methods (cost of sludge disposal was excluded).
ITEM
Electrical power for processes and other facilities
Spare part costs
Chemicals
Labor
SUB-TOTAL
Equipment repair, replacement and overhead (10% of
sub-total)
TOTAL
REAGENT PRICES
Hydrogen peroxide
Sulphuric Acid
Sodium Hydroxide
Ferric Chloride
Ferrous Sulphate
Sodium Hypochlorite
Polymer
Electricity

Operating and Maintanence Costs (Euro/m3)
Conventional Treatment System
Fenton Process Treatment System
0.24
0.17
0.04
0.03
0.70
0.81
0.34
0.34
1.32
1.35
0.13
0.135
1.452
Unit
Kg
Kg
Kg
Kg
Kg
Kg
Kg
kWh

Fenton process treatment alternative. But, mechanical and
electrical capital cost trends can be regarded as identical
for both treatment alternatives. These cost differences
originate from biological treatment unit, because activated
sludge tank entails great construction area and more mechanical work effort.

1.485
Price (Euro)
0.55
0.85
0.75
1.95
1.05
0.20
2.35
0.087

all O&M costs. On the other hand, electricity appears to be
another important cost factor for conventional system.
Consequently, Fenton process has shown superior treatment
and color removal performances, and can be accepted as
more economical choice for hand-printed textile wastewater
treatment.

2 OPERATION AND MAINTENANCE COSTS

Operation and maintenance costs (O&M) include
power requirement, chemicals, spare parts, wastewater discharge fees, plant maintenance and labor. Textile industry
wastewater treatment plant sludges are accepted as a toxic
and hazardous waste in Turkish Hazardous Wastes Control Regulations [35]. Therefore, toxic and hazardous waste
disposal costs and charges strongly depend on disposal
technology and locations of the treatment plant and hazardous waste disposal plants. For these reasons, only sludge
disposal costs were excluded from O&M cost estimations.
On the other hand, labor costs are a very important
part of O&M costs. Labor costs are facility-specific, and
depend on the size, location and plant design. Therefore,
labor costs may vary substantially [36]. These treatment
plants can be considered as small ones because of 200 m3/
day flow capacity. Accordingly, 9 working hours per day
and a salary of 18 Euro/day (equal to minimum wage) for
2 workers as well as 32 Euro/day for operator and/or
engineer were presumed, and the labor costs were calculated using a fixed rate of 0.34 Euro/m3. Similar to labor
costs, electricity and chemical prices are also country- specific. As shown in Table 3, the total costs of both conventional and Fenton process treatment plants were estimated
as 1.452 Euro/m3 and 1.485 Euro/m3. According to these results, Fenton process treatment system O&M costs are
slightly (3%) higher than conventional treatment system
owing to relatively higher chemical usage of Fenton process treatment system. However, capital cost difference of
both systems may afford operating cost difference for
15 years. The labor costs constitute about 23% of the over-

CONCLUSIONS
In this study, physico-chemical, biological and advanced oxidation process (Fenton and Fenton-like processes) studies were evaluated applied on hand-printed textile
industry wastewaters. Overall capital and O&M costs were
estimated for both conventional (physical/chemical/ biological) and Fenton process (physical/Fenton process)
treatment systems. The following conclusions can be drawn
from this study:
(i) The removal efficiencies obtained from coagulation
experiments displayed similar color and COD removal efficiencies. FeCl3 resulted in the best COD
and color removal efficiencies. However, these results
alone are not sufficient for Turkish discharge criteria.
COD removal rates obtained for the chemically pretreated samples as compared to the biodegradation
rates of raw hand-printed textile effluents is worthmentioning. Chemical pre-treatment positively affected the biodegradability of hand-printed textile
effluents.
(ii) Fenton process showed superior treatment and color
removal performance with respect to conventional
processes (physicochemical/biological process) and
Fenton-like process. Yet, the combination of physical/
Fenton processes brought about adequate effluent quality stipulated in Turkish Water Pollution Regulation.
(iii) The specific capital costs for Fenton process treatment
system were estimated to be about 16% lower than
that of conventional treatment plant alternatives.
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(iv) Fenton process treatment system O&M costs were
found to be slightly (3%) higher than that of a conventional treatment system on account of relatively
higher chemical usage of Fenton process treatment
system.
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ABSTRACT
Thirty eight surface soil samples from the PtolemaisKozani basin, northwestern Greece were collected and analysed for their content in twenty three elements (Al, Ca,
Fe, K, Mg, Mn, Na, Ti, As, Ba, Cd, Co, Cr, Cu, Li, Mo,
Ni, Pb, Sb, Sr, V, Y and Zn) by ICP-AES and ICP-MS.
The concentrations of these elements were compared with
three international guidelines and the results indicated that
Cr and Ni are found enriched in the surface soils of the
study area, mainly as a consequence of natural processes,
namely the weathering of surrounding rocks such as ophiolites. Moreover, the bioavailability of some of these elements was tested and results indicate that they do not pose
an immediate threat to the environment as it all demonstrated values below 1%.

KEYWORDS:
chromium, nickel, soil, guidelines, bioavailability, Ptolemais.

INTRODUCTION
Several chemical elements, especially those considered as Potential Toxic Elements (PTEs), are regarded as
one of the main sources of pollution in the environment because they lead to irreversible changes and play an important role on its ecological quality. Soils are the principal sinks for such elements and, at the same time, are suitable
means for monitoring contamination. The contaminants that
end up in soils may derive from either, natural processes,
such as the weathering of parent rocks or through several
human activities, such as industry or agriculture. High
levels of PTEs in soils may result in an increased uptake by
crops and vegetables, which in its turn may have a negative
effect on animals and, consequently human health [1-8].
In Greece, over 60% of its electrical power supplies are
generated through the utilization of lignite [9-11]. Greek

lignite is characterized by high moisture levels, ash and
calcium content, and low calorific value. The quality of the
mined lignite is strongly connected to the quality of the
organic matter (rank), the inorganic impurities and the
nature of the sterile layers, which are co-excavated with the
lignite [12-19]. Using such fuels may produce vast amounts
of flue gases and other types of waste (i.e., bottom ash, fly
ash, water polluted with radionuclides and PTEs, etc.) that
are disposed off in the environment [15, 18-24]. In addition,
slagging and fouling severely affect the power plants’ use
of these lignites [18].
Most of the lignite used in the aforementioned power
plants comes from the two main coalmining districts in
Greece: the Western Macedonian Lignite Center (WMLC)
in the Florina-Ptolemais-Kozani basin, in northern Greece
and the Megalopolis Lignite Center (MLC) in the Peloponese district, in southern Greece. The lignites mined
in these opencast mines are used to produce electricity in
the power plants of Liptol (43 MW), Amynteon (600 MW),
Ptolemais (620 MW), Kardia (1200 MW), Agios Dimitrios
(1595 MW), Megalopolis A (550 MW) and Megalopolis B
(300 MW). These plants consume more than 70 Mt of
lignite annually and produce almost 13 Mt of fly ash per
year, thus making Greece the second lignite producer in
the EU and fourth in the world [9-11, 15, 16, 18, 21, 22].
Since knowledge of the content of PTEs in soils is a
priority in the European Union, the present study aimed at
making a first assessment on the environmental status of
the surface soils of the study area by comparing their concentrations in several PTEs with international guidelines.
Furthermore, results regarding the bioavailability of these
elements are presented.
MATERIALS AND METHODS
Study area

The study area is situated in the Ptolemais–Kozani
basin, northwestern Greece and includes the WMLC and
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two power plants, namely those of Kardia and Agios
Dimitrios (Fig. 1). The cultivation of mainly corn and wheat
in some small parts of the study area is common.
Geological setting

The basement of the basin consists mainly of Palaeozoic and Mesozoic metamorphic and plutonic rocks, underlying Cretaceous limestone and flysch (Fig. 1). Analytically, the basement rocks are divided into four distinctive
tectonic units [16, 25-27]:
The pre-Alpine Pelagonian Basement, separated into
the Schist sub-unit, the Gneiss sub-unit, the granitoid
mylonites and the granites

The Almopia Unit, with Triassic-Lower Jurassic
marbles and meta-sediments of Late Jurassic age
The Ultramafic- Mafic Unit of Mesozoic age, with
ophiolites, composed of many occurrences of serpentines
and
The Cretaceous Transgression Unit, with rudistbearing, platform limestones and Maastrichtian flysch.
The Neogene-Quaternary sediments of the basin are
characterised as limnic marls and clays and host the lignite seams.

FIGURE 1 - Simplified geological map of the study area and sample locations
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Sampling and sample preparation

Preparation of the soil shakes (bioavailability of elements)

Thirty eight surface (0 – 15 cm) soil samples were collected, in distances greater than 50 m from the road, in
order to avoid contamination associated with vehicle emissions. Approximately, 1 kg of each sample (composited of
5 sub-samples) was taken, in order to be representative of
the area. All samples were dried at 60 °C for one day, sieved
under 90 µm and stored in high-density polyethylene bags,
to prevent contamination.

The bioavailability of elements may be evaluated
through the application of several procedures and extraction
agents, such as EDTA, DTPA, acetic acid and others [2830]. In the present research, for the estimation of the bioavailability of twenty elements (Al, Ca, Fe, K, Mg, Mn,
Na, Ba, Cd, Co, Cr, Cu, Li, Ni, Pb, Sr, Ti, V, Y and Zn),
powder samples (10 g), from the soil samples collected,
were placed into plastic bottles. Then, 100 ml of distilled
water was added to each sample. After that, they were
placed on an orbital shaker for 60 minutes and measured
for pH. Following the pH measurement, 0.5 M (~2.9 ml)
of acetic acid (CH3COOH) was added to the 100 ml aliquots and the samples were placed on an automatic shaker
for approximately 24 hours. Afterwards, the soil dilutions
were put into tubes (~45 ml) for centrifuging, for 5 minutes.
Finally, after centrifuging, the soil solutions were filtered
through a micro pore filter membrane (Cellulose nitrate) of
4.5 µm pore size, using a syringe and 10 ml aliquots were
prepared. Apparatus was rinsed between the procedure
using distilled water and new filter membrane was used for
each sample to ensure quality assurance. In the end, the
aliquots were acidified with 2-4 drops of analytical grade
nitric acid. The concentrations of the twenty elements were
determined with the aid of ICP-MS.

After sieving, approximately 0.2 g of the powder samples were weighed and placed into 25 ml polytetrafluoroethylene crucibles. Then, 6 ml of HClO4/HF acid (1:2) was
added to each crucible by using the HF dispenser. The tray
of crucibles was placed on a hotplate in the fume cupboard
and evaporated to dryness for 3-4 hours. After cooling, 2 ml
of HNO3 were added to each crucible by using a hand
held dispensing pipette. Each crucible was toped up with
distilled water to 3/4 and warmed on the hotplate for 1520 minutes. Once the crucibles were cooled, solutions of
20.8 g on a top pan balance were made by using distilled
water. These solutions were placed in appropriately labeled
tubes and, after shaking well, they were ready for analysis.
The concentrations of Al, Ca, Fe, K, Mg, Mn, Na, Ti,
As, Ba, Cd, Co, Cr, Cu, Li, Mo, Ni, Pb, Sb, Sr, V, Y and
Zn were determined in all samples by Inductively Coupled
Plasma – Atomic Emission Spectrometry (ICP-AES) and
Inductively Coupled Plasma – Mass Spectrometry (ICP–
MS). The analyses were performed at the Royal Holloway
University of London. For reasons of quality control, several
blanks, two certified reference materials (GBW07312 and
GBW07405) and four internal standards of the latter University were used during the procedure. Furthermore, the
instrumental and sampling precisions were estimated. Both
factors were satisfactory for the work objectives as all RSD
values (percent relative deviation) were below 10%.

RESULTS AND DISCUSSION
The soils of the area have been described as calcareous
with alkaline pH values indicating the presence of CaCO3
[31]. Descriptive statistics for the twenty three elements of
the present study are given in Table 1. The most abundant
element is Ca with an average concentration of 81.1 g kg-1,
followed by Al, Fe, Mg, K, Na, Ti and Mn, in descending
order. From the trace elements, Cr, Ba, Ni and Sr have

TABLE 1 - Descriptive statistics for the concentrations of the elements determined in the present research
Element
(g kg-1)

Al

Ca

Fe

K

Mg

Mn

Na

Ti

average
minimum
maximum
std deviation
Element
(mg kg-1)

60.6
34.7
84.2
13.9

81.1
10.0
205.4
53.2

52.3
26.9
79.0
12.2

13.3
5.8
22.2
3.4

23.8
9.4
93.4
17.2

1.0
0.4
1.7
0.3

4.7
0.8
10.6
2.0

3.2
1.4
4.6
0.8

As

Ba

Cd

Co

Cr

Cu

Li

Mo

average
minimum
maximum
std deviation
Element
(mg kg-1)

15.1
6.5
44.2
8.4

301.7
183.9
467.7
75.4

0.5
0.2
0.9
0.2

21.9
10.2
59.8
8.6

345.8
127.0
1501.8
221.9

36.9
19.2
226.8
32.3

40.1
12.5
70.9
11.9

0.7
0.4
1.0
0.2

Ni

Pb

Sb

Sr

V

Y

Zn

average
minimum
maximum
std deviation

286.8
85.4
1075.3
173.8

17.2
4.3
79.0
12.6

0.7
0.1
2.1
0.4

104.7
42.8
233.0
35.3

87.5
48.7
120.9
19.3

23.5
12.4
35.9
6.7

80.0
52.9
112.9
16.0
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average concentrations above 100 mg kg-1, V, Zn, Li, Cu,
Y, Co, Pb and As have average concentrations between 100
and 1 mg kg-1 and Mo, Sb and Cd have average concentrations below 1 mg kg-1.
The results of the present study are in agreement with
Georgakopoulos et al. [32] which have found similar
ranges for the aforementioned elements. However, Stalikas
et al. [31] have reported lower ranges for some elements
(Cr: 10.2-241 mg kg-1, Cu: 8.1-46.7 mg kg-1, Ni: 18.9-525
mg kg-1, Pb: 5.3-52.0 mg kg-1 and Zn: 19.5-61.7 mg kg-1).
Papadopoulos et al. [33], also reported lower values for
Cu, Ni and Zn (1.63, 2.85 and 1.34, respectively); however, these values are referring to extractable soil metal concentrations (soil samples treated with diethylenetriaminepentaacetic acid-DTPA). Papastergios et al. [34, 35] have
analysed uncultivated soils from Kavala, northern Greece
and reported that they contain, on average, Co: 6.8 mg kg-1,
Cr: 16.1 mg kg-1, Cu: 22.3 mg kg-1, Ni: 14.9 mg kg-1, Pb:
62.4 mg kg-1 and Zn: 147.7 mg kg-1. Megremi [29] studied
soils in central Euboea, Greece and reported much higher
averages for Co, Cr and Ni (150 mg kg-1, 1300 mg kg-1
and 2800 mg kg-1, respectively). The differences noted are
due to differences in the geology of the areas under study,
as well as to different anthropogenic activities. Additionally,
some of the differences between the present study and those
used for comparison purposes are due to differences in the
methodologies applied.
Papadopoulos et al. [33] suggested that elevated values in soils of their study could be attributed to intensive
fertilizing and coal-burning emissions from the local power
plants. However, Georgakopoulos et al. [32] have analysed
representative rock samples from the Ptolemais–Kozani
basin and found out that the ophiolites of the area contain
Cr up to 2683 mg kg-1 and Ni up to 1264 mg kg-1. Additionally, although, fly and bottom ash samples from the
power plants of the study area have been found containing
relatively high amounts of Cr and Ni [22], the latter observation by Georgakopoulos et al. [32], coupled with the
fact that elements such as Cr and Ni show moderate to
low mobility in the ashes produced in the former power
plants [21, 36, 37], leads to the assumption that the origin
of these elements in the surface soils of the area, most
probably, is geogenic. Furthermore, Cr and Ni are positively correlated with each other, as well as, with other
elements (i.e., Co) originating from the mafic-ultramafic
rocks of the study area (Figs 2 and 3). This fact is, also evident in the spatial distribution of these elements. Figures 4
and 5 demonstrate that the largest concentrations of Cr
and Ni are situated near the ophiolite occurrences located
south of Kardia and north-northeast of Ag. Dimitrios power
plants. Overall, there is a probability that some of the elevated elemental concentrations are due to emissions from
the power plants, but soils with such values should only be
encountered in the vicinity of the power plants as the majority of suspended particles released in the atmosphere are
deposited near these power stations [38, 39].
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FIGURE 2 - Correlation diagram
between Cr and Ni concentrations (in mg kg-1).

FIGURE 3 - Correlation diagram
between Co and Ni concentrations (in mg kg-1).

FIGURE 4 - Spatial distribution of
Cr concentrations in the study area
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latter was chosen for the comparison with the results of
the present study, since the area of research is used for
agriculture as well. The results of the comparison are given
in Table 2. Chromium and Ni are found enriched almost by
3 and 6 times, respectively, while As, Cd and Pb have
Enrichment Factors (EF) below 1. Specifically, 97% and
100% of the samples exceed the ICRCL SGVs for Cr and
Ni, respectively.
The Dutch List

FIGURE 5 - Spatial distribution of Ni concentrations in the study
area

In order to assess the environmental status of the surface soils of the study area, the concentrations of selected
elements determined in the present work were compared to
the suggested concentrations of three international environmental guidelines: The UK Interdepartmental Committee
for the Redevelopment of Contaminated land (ICRCL) Soil
Guideline Values (SGV), the Dutch List and the Kelly
Guidelines of the Great London Council [40].
The ICRCL Soil Guideline Values

It is a recognized fact that within the EU, the Netherlands are leading most countries in that they have clear,
ample legislation regarding contaminated land and the
environment [40, 42-44]. Consequently, many researchers
use the values suggested by the Dutch List as guidelines
for comparisons with their own datasets [45-47]. According to the List, optimum levels are those in which the value
of the contaminant falls below the listed value, implying it
does not pose a risk to the environment; action level values
are those that exceed the listed value and require further investigation and some form of remediation. When mean concentrations of two elements exceed the listed value, corrective action is required. Table 3 demonstrates that Cr and Ni
have average values that are above the average of the Dutch
list intervention values by 1.4 and 2.3 times, respectively.
Particularly, 24% and 71% of the concentrations of the
present study for Cr and Ni exceed the intervention values
of the Dutch List.

The ICRCL SGVs are divided into three categories;
housing, industrial/offices and allotments [40, 41]. The

TABLE 2 Comparison between the concentrations of As, Cd, Cr, Ni and Pb for the soils of the present study and the Interdepartmental
Committee for the Redevelopment of Contaminated land (ICRCL) Soil Guideline Values (SGV) (EF: enrichment factor).
Element
(mg kg-1)
As
Cd
Cr
Ni
Pb

SGV dw soils
(for allotments)
20
8
130
50
450

Present study (average)
15.1
0.5
345.8
286.8
17.2

EF (Present study vs. SGV)
0.8
0.1
2.7
5.7
0.0

TABLE 3 - Comparison between the concentrations of As, Ba, Cd, Co, Cr, Cu, Mo, Ni, Pb and Zn for the soils of the present study and the
Dutch (EF: enrichment factor).
Present
study
Element
(mg kg-1)
As
Ba
Cd
Co
Cr
Cu
Mo
Ni
Pb
Zn

average
15.1
301.7
0.5
21.9
345.8
36.9
0.7
286.8
17.2
80.0

Dutch intervention rules of
dry weight soil (mg kg-1)
Target
Intervention
average
value
value
29
55
42.0
200
625
412.5
0.8
12
6.4
20
240
130.0
100
380
240.0
36
190
113.0
10
200
105.0
35
210
122.5
85
530
307.5
140
720
430.0
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EF
(Present study vs.
target value)

EF
(Present study vs.
Intervention value)

0.5
1.5
0.6
1.1
3.5
1.0
0.1
8.2
0.2
0.6

0.3
0.5
0.0
0.1
0.9
0.2
0.0
1.4
0.0
0.1

EF
(Present study vs.
average of Dutch
list)
0.4
0.7
0.1
0.2
1.4
0.3
0.0
2.3
0.1
0.2
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TABLE 4 - The Kelly guidelines and the number of the present study samples that fall to each category.
Element
(mg kg-1)
As
Ba
Cd
Cr
Cu
Mn
Ni
Pb
Sb

Uncontaminated
soil
0 - 30
0 - 500
0-1
0 - 100
0 - 100
0 - 500
0 - 20
0 - 500
0 - 30

Slight
contamination
30 - 50
500 - 1000
1-3
100 - 200
100 - 200
500 - 1000
20 - 50
500 - 1000
30 - 50

Contamination
50 - 100
1000 - 2000
3 - 10
200 - 500
200 - 500
1000 - 2000
50 - 200
1000 - 2000
50 - 100

Heavy
contamination
100 - 500
2000 - 1.0 %
10 - 50
500 - 2500
500 - 2500
2000 - 1.0 %
200 - 1000
2000 - 1.0 %
100 - 500

Unusually heavy
contamination
> 500
> 1.0%
> 50
> 2500
> 2500
> 1.0%
> 1000
> 1.0%
> 500

Heavy
contamination
3
27
-

Unusually heavy
contamination
1
-

Number of samples that fall in each category
Element
As
Ba
Cd
Cr
Cu
Mn
Ni
Pb
Sb

Uncontaminated
soil
36
38
38
37
2
38
38

Slight
contamination
2
3
19
-

Contamination
32
1
17
10
-

TABLE 5 - Bioavailability of twenty elements determined in the present study.

Element
Al
Ca
Fe
K
Mg
Mn
Na
Ba
Cd
Co
Cr
Cu
Li
Ni
Pb
Sr
Ti
V
Y
Zn

Average concentration (mg kg-1)
Soil samples
Soil shakes
60572
1.30
81100
312.1
52271
2.40
13317
32.10
23785
26.30
957.4
0.11
4688
31.70
301.7
0.10
0.5
0.003
21.9
0.003
345.8
0.032
36.9
0.1
40.1
0.07
286.8
0.13
17.2
0.02
104.7
0.46
3134.0
0.08
87.5
0.08
23.5
0.0003
80.0
0.08

Bioavailable concentration (%)
< 0.1
0.4
< 0.1
0.2
0.1
< 0.1
0.7
< 0.1
0.6
< 0.1
< 0.1
0.3
0.2
< 0.1
< 0.1
0.4
< 0.1
0.1
< 0.1
0.1

The Kelly Guidelines of the Great London Council

Bioavailability of the elements

The Kelly Guidelines are used for the classification of
contaminated soils into five categories [40, 41]. Table 4
demonstrates the Kelly Guidelines trigger values and the
number of the present study samples that fall to each category. Regarding Cr, 83% of the samples are characterized as
“contaminated”, while for Ni, 71% of the samples are
characterized as heavily contaminated. Concerning the rest
of the determined elements, the majority of the samples
are characterized as uncontaminated.

The estimated bioavailability for twenty elements is
given in Table 5. All the elements determined have a very
low bioavailability (below 1%). Especially, Al, Fe, Ba, Co,
Cr, Mn, Ni, Pb, Ti and Y have a bioavailability that is lower than 0.1%. For the remaining elements, their bioavailability order is Na > Cd > Sr > Ca > Cu > K > Li >
Mg > Zn > V. Since all elements have low biovailabilities,
they do not pose an immediate threat to the environment.
Megremi [29] studied the bioavailability of some elements
in soils of central Euboea, Greece and reported similar, low
values of mobility. In particular, the low mobility of Cr
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could be due to the presence of resistant minerals such as
chromite in the soil. Similar reasons may affect the
mobility of the rest of the elements, as well. Another factor
affecting the mobility of the elements could be the presence
of organic matter within the soils of the study area.

[7]

Kelepertsis, A., Argyraki, A. and Alexakis, D. (2006)
Multivariate statistics and spatial interpretation of geo-chemical
data for assessing soil contamination by potentially toxic elements
in the mining area of Stratoni, north Greece. Geochemistry:
Exploration, Environment, Analysis, 6, 349-355.

[8]

Papastergios, G., Fernandez–Turiel, J. L., Georgakopoulos, A.
and Gimeno, D. (2010) Arsenic background concentrations in
surface soils of Kavala area, northern Greece. Water, Air & Soil
Pollution, 209, 323-331.

[9]

Kavouridis, K. (2008) Lignite industry in Greece within a world
context: Mining, energy supply and environment. Energy Policy
36, 1257-1272.

CONCLUSIONS
The elevated concentrations of Cr and Ni that are
noted in the Ptolemais-Kozani basin are, probably due to
natural processes such as the weathering of the ophiolites
(serpentines) that are present in the area. Comparison with
three international guidelines has shown that Cr and Ni
are found in the surface soils of the study area with such
concentrations that are above their respective optimum
limits, while the rest of the elements are found with concentrations below their respective intervention values.
However, the estimation of the bioavailability of the elements determined in this research has shown that they
have very low mobility and, hence, they do not pose an
immediate threat to the environment. Further investigation is required in order to better understand the possible
pathways of these elements to plants, animals and humans.
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ABSTRACT
A feed-forward artificial neural network (ANN) with
an improved group contribution method has been developed
to predict the aquatic toxicity (IGC50) of organic compounds
to Tetrahymena pyriformis. In addition to the chemical
groups, several molecular descriptors were applied to the
ANN model to improve the predictive capability. The
parameters of ANN models were divided into two parts
(groups and properties) as the descriptors. A data set of 660
out of 824 organic compounds was used to train the ANN,
while another data set of 82 organic compounds was used
as a test set to validate the ANN model. The remaining 82
chemicals were used as the predicting set to prove that the
ANN model can effectively predict the value of the toxicity. The network based on chemical groups had an accuracy
of R2=0.912 and MSE=0.090 while the improved group
contribution method had an accuracy of R2=0.948 and
MSE=0.059.
KEYWORDS: Aquatic toxicity, Group contribution method, Tetrahymena pyriformis, ANN

INTRODUCTION
Toxicity is one of the most important properties used
to determine the pathways and effects of chemicals in the
environment and on the health of people and animals [1].
With the acceleration of industrial processes, increasing
amounts of organic chemicals are applied to various aspects of our lives. Therefore, the determination of toxicity
is of great significance to improve environmental quality
and promote the development of toxicology [2]. However,
the experimental assessment of toxicity is a costly and timeconsuming process; it is essential to develop mathematical predictive relationships to quantify toxicity when little
or no empirical data is available [3, 4]. Quantitative structure-activity relationship (QSAR) has been considered an

alternative approach for obtaining the adequacy of data for
environment risk assessment [5, 6], as acceptable QSAR can
offer the advantages of higher speed and lower costs, especially when compared to experimental testing [7].
The toxicity endpoint of 50% inhibitory growth concentration (IGC50) to Tetrahymena pyriformis has been investigated using various descriptors such as one-dimensional
descriptor (molecular weight [7], number of atoms, number
of rings, etc), two-dimensional descriptors (topological indices [7, 8], etc), three-dimensional descriptors or empirical
descriptors (1-octanol-water partitio coefficient [9]) obtained empirically or calculated by different software. All
the above descriptors have so far been effective in toxicity
determination, but generally useful only in the same organic
chemical class. However, the traditional group contribution method (GCM) based on the UNIFAC method can be
applied to all chemical compounds by taking molecular
groups, which demonstrate the relationship of toxicity with
structure at the sub-structural level, as descriptors [10].
Ease of implementation has made GCM very popular for
estimating the properties of organic molecules. The efforts
to predict toxicity based on group contribution method are
not new. Gao et al. [11], Martin et al. [12], and Kaiser et al.
[13] have developed different QSAR models based on GCM
with comparatively good results. In addition, the approach
based on artificial neural networks (ANN) has been proven
so far to possess the best predictive capabilities in several
areas of chemistry, such as the conformational states of
biomolecules [14] and the biological activities of several
chemical compounds [15]. Martin and Young [12] have
developed QSAR models for the prediction of acute toxicity
for 397 organic compounds to fathead minnow with ANN.
The inhibition of population growth to Tetrahymena
pyriformis is the most extensive ciliate toxicity, and different QSAR models have been established. In 1999,
Schultz built a quantitative structure-toxicity model correlating the aquatic toxicity (IGC50) with logKow and electrophilic descriptor Smax for 200 substituted benzenes [16].
And then QSAR model for 77 aromatic aldehydes was
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developed using descriptors of logKow and electrionic descriptor Amax [17]. Both of the previous studies only contain aromatic organic compounds and obtained r2 of 0.816
and 0.916 respectively. Although two major descriptors
are introduced, the predicting ability and compound variety are very limited. Our goal was to develop group contribution models to predict the aquatic toxicity (IGC50) of
organic compounds to Tetrahymena pyriformis for a wide
variety of organic chemicals and to demonstrate the better
predictive capability and generality based on the ANN
method. An improved group contribution method, which
was superior to those of traditional group contribution
method, to correlate the toxicity (IGC50) of 824 organic
chemicals to Tetrahymena pyriformis was established. However, the ANN-based group contribution model could be
improved by incorporating several structural parameters of
organic compounds. In the model development reported
herein, we explored an approach for increasing the aquatic
toxicity prediction accuracy of 824 organic compounds to
Tetrahymena pyriformis by incorporating their structural
parameters.

MATERIALS AND METHODS
The modeling study was based on 824 organic compounds for which toxicity data, including the value of toxicity and the 1-octanol-water partition coefficient logKow
to Tetrahymena pyriformis, have been published and are
available in the TETRATOX database [6, 16, 17]. The
value of logKow varies from -2.88 to 5.76. In the TETRATOX assay, the 50% inhibitory growth concentration in
mg/L (IGC50) and the 95% confidence interval were determined for each organic compound strictly according to
the TETRATOX Test Protocol [18]. The 824 organic compounds investigated in our work included different type of
chemicals, such as saturated alcohols, diols, unsaturated
alcohols, monoesters, ketones, cyanides, halogenated hydrocarbons, aldehydes, amines, benzene, and benzene derivatives, which exhibit different structures, mechanisms
and hydrophobicities. Such chemicals are either noncovalent narcosis or covalent electro(nucleo)philicity.

TABLE 1 - Parameters used in the improved group contribution method
Group / parameter
CH3
CH2
CH
C
C=C
H
C≡CH
C≡C
CH=O
C=O
C≡N
COOH
CH3COO
CH2COO
CHCOO
HCOO
COO
O
NH2
NH
N
Cl
Br
OH (p) e
OH (s) e
OH (t) e
ACCH2CH3
ACCH3
ACCH2
ACCH
ACC
AC f
ACCF3

no.a

fb

485
462
103
38
65
65
22
28
18
43
33
46
18
64
22
7
22
8
53
13
7
26
45
137
51
16
11
68
61
22
13
23
4

796
1585
117
41
65
148
22
28
18
51
35
52
18
79
22
7
24
11
56
14
9
30
53
146
54
17
12
99
63
23
14
23
4

ANN-1 c
weight
0.0197
0.0442
0.0178
0.0083
0.0131
0.0094
0.0135
0.0127
0.0159
0.0210
0.0209
0.0156
0.0108
0.0149
0.0107
0.0085
0.0098
0.0292
0.0170
0.0187
0.0165
0.0203
0.0214
0.0311
0.0302
0.0350
0.0148
0.0169
0.0155
0.0164
0.0136
0.0071
0.0104

ANN-2 d
weight
0.0173
0.0242
0.0116
0.0089
0.0126
0.0148
0.0209
0.0121
0.0168
0.0181
0.0151
0.0247
0.0161
0.0181
0.0201
0.0151
0.0126
0.0113
0.0103
0.0101
0.0117
0.0127
0.0147
0.0168
0.0138
0.0188
0.0149
0.0068
0.0084
0.0132
0.0120
0.0072
0.0093

Group / parameter
ACC=O
ACCOO
ACCH=O
ACO
ACC≡N
ACNH2
ACNH
AN
ACNO2
ACOH
ACH2Cl
ACCl
ACBr
ACF
ACH
og
mg
pg
ACAC
SH
S=O
O=S=O
C=N-OH
Na +
N=C=S
AC-S
AC-I
logKow
MW
CMA
CAA
CS-EV
TC

a

Number of chemicals containing the given parameter.
Frequency: total number of times a group appears in the chemicals.
The network based just on chemical groups.
d
The network based on chemical groups and structural parameters.
e
OH (p), OH (s), and OH (t) represent primary alcohol, secondary alcohol, tertiary alcohol, respectively.
f
AC = benzene.
g
o, m, and p represent ortho position, meta position, para position of the nitro group.
b
c
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no.a

fb

29
11
27
35
9
66
4
6
98
117
3
82
29
20
368
4
17
3
6
3
4
3
6
5
3
3
6

29
12
28
38
9
66
4
6
122
127
3
141
44
40
1480
4
17
3
6
5
4
3
6
6
3
3
6

ANN-1 c
weight
0.0090
0.0084
0.0089
0.0130
0.0051
0.0139
0.0067
0.0174
0.0246
0.0176
0.0121
0.0245
0.0386
0.0200
0.0330
0.0155
0.0085
0.0170
0.0111
0.0142
0.0198
0.0139
0.0087
0.0113
0.0160
0.0198
0.0105

ANN-2 d
weight
0.0072
0.0107
0.0090
0.0158
0.0105
0.0157
0.0068
0.0118
0.0189
0.0165
0.0132
0.0133
0.0135
0.0238
0.0162
0.0147
0.0216
0.0102
0.0108
0.0162
0.0140
0.0186
0.0128
0.0106
0.0190
0.0159
0.0080
0.0625
0.0274
0.0159
0.0184
0.0127
0.0173
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Based on our improved group contribution method, the
66 molecular descriptors used to derive the QSAR model
were divided into two main parts: 60 molecular structures
and 6 physicochemical properties. The former were expressed by molecular groups and the group separation
method developed based on the UNIFAC approach [19, 20],
the latter were not involved in the UNIFAC groups and
instead were defined by physicochemical properties. The
parameters, included molecular weight (MW), Connolly
molecular area (CMA), Connolly accessible area (CAA),
Connolly solvent-excluded volume (CS-EV), and total connectivity (TC), of these organic compounds were calculated
with ChemOffice 2005 after the optimization of minimizing
energy by MM2 [21]. The molecular groups and physicochemical properties utilized in the modeling are given in
Table 1.
ANN approaches have advantages such as a capacity
to self-learn, non-linear mapping, self-adaptive, and a strong
inductive ability to model complex data. A feed-forward
neural network, also known as back-propagation (BP) neural
network, is the most widely used network that contains an
input layer with one node for each variable in the data
vector, a hidden layer, and an output layer consisting of one
node for each variable to be investigated. The current layer
can only accept the output values from the forward layer,
while the neurons in any layer are fully, or partially, connected to neurons in the succeeding layers [22, 23]. Each
connection has a weight associated with it.

to the correct outputs in the training data [23]. Eventually,
if the ANN learns correctly, the weights become stable.
RESULTS AND DISCUSSION
Separation of groups: The group separation approach
derived from the UNIFAC method was investigated in this
work to describe the molecular structure completely. The
results of group separation, including the number of chemicals that are contained in a group and the occurrence frequency of the groups, are shown in Table 1. Group contribution on the value of toxicity was not only decided by
the types of group, but also influenced by the position of
the group. Therefore, we introduced primary alcohol, secondary alcohol, and tertiary alcohol according to the type
of carbon and then based on the relative positions (ortho,
meta, or para) of the two aromatic nitro groups [24]. Using two organic compounds as examples, 2,5-dimethyl-3hexyne-2,5-diol and 1,3-dinitro-2,4,5-trichlorobenzene, the
specific separation methods were demonstrated in Fig. 2.
The molecule of 2,5-dimethyl-3-hexyne-2,5-diol is divided
into CH3, C, C≡C, and OH(t) as the parameters of the ANN
model with Pi values of 4, 2, 1, and 2, respectively, whereas the molecule of 1,3-dinitro-2,4,5-trichlorobenzene contained 1 ACH, 3 ACCl, 2 ACNO2 and 1 m.
4 CH3

The basic unit of the neural network is a neuron with
multi-input and a single-output. As shown in Fig. 1, the
schematic architecture of a neuron illustrates the function
of the neuron and the relationship between input and output, which is given by the following equation:
n

I i = ∑ w ji x j

2
OH
HO

1C

C

2
(a)

(1)

NO2

j =1

1 ACH
Cl

where Ii represents the output of a neuron, xj is the input of the current neuron, i as the output of the forward
neuron j, and wji is the weight associated with the connection from neuron j to neuron i.

3 ACCl
1 ACNO2

NO2

Cl

1m

Cl

(b)

FIGURE 2 - Group separation of the improved group contribution
method. (a) Group separation of 2,5-dimethyl-3-hexyne-2,5-diol. (b)
Group separation of 1,3-dinitro-2,4,5-trichlorobenzene.
Design of artificial neural network for toxicity prediction

FIGURE 1 - Schematic architecture of a neuron

After normalizing the dataset to [-1,1], the neural network learns by adjusting its interconnection weights repeatedly so that the output neurons produce results similar

In order to evaluate and compare the performance of
ANN training methodology both with and without the
physicochemical properties as a part of parameters, two
ANN toxicity prediction models were developed. The first
ANN toxicity prediction model was based solely on the
groups of organic compounds. Then to further improve the
accuracy of toxicity prediction, we added several physicochemical property descriptors, including logKow, MW,
CMA, CAA, CS-EV and TC, into the input for the improved ANN toxicity prediction model.
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In this paper, 660 out of 824 organic compounds were
selected as the training data set, 82 organic compounds as
the testing data set, and the residuals as the prediction
data set for developing a BP neural network with three
layers and the Sigmoid function as the transfer function.
The neural network was trained using the software NeuroShell 2 and the training was stopped when the best test
set results were obtained in order to avoid generating an
over-fitted model. Tables 2 and 3 show that the test data
set and prediction data set errors decreased with an increase in the nodes in the hidden layer at the beginning of
training. However, when the number of hidden layer
nodes reached seven, the MSEs of the test data set and the
prediction data set no longer decreased, they even started
to increase. Since it reduced the error to near optimal
levels, we selected a hidden layer with seven nodes for
our ANN work. The training was stopped at 146 and 163
epochs for the two ANN respectively, and the learn rate
of two ANN were 0.55 and 0.1. Finally, the original ANN
model had 60 input, 7 hidden, and 1 output nodes, while
the improved ANN model had 66 input, 7 hidden, and 1 output nodes, as displayed in Fig. 3.
TABLE 2 - MSE as a function of the number of hidden layer nodes
for the original ANN toxicity prediction.
The number of nodes in the
hidden layer
3
4
5
6
7
8
10
30

training
data
0.196
0.135
0.129
0.100
0.087
0.100
0.103
0.106

MSE
test
data
0.208
0.108
0.110
0.111
0.094
0.118
0.103
0.109

prediction
data
0.246
0.169
0.153
0.138
0.113
0.121
0.129
0.117

TABLE 3 - MSE as a function of the number of hidden layer nodes
for the improved ANN toxicity prediction
hidden layer
3
4
5
6
7
8
10
30

training data
0.093
0.067
0.064
0.072
0.056
0.066
0.057
0.077

MSE
test data
0.094
0.067
0.074
0.075
0.073
0.082
0.074
0.089

prediction data
0.127
0.077
0.076
0.092
0.071
0.086
0.076
0.090

Comparison of toxicity prediction models with and without
physicochemical property descriptors

The original and the improved ANN were trained and
tested to predict the toxicity of organic compounds. The
ANN training results for the whole data set using the original and the improved ANN are shown in Figs. 4a and 4b,
respectively. For the original ANN model, the correlation
coefficient was 0.955 (R2=0.912) and the MSE was 0.090,
while the improved ANN model had a corresponding correlation coefficient of 0.972 (R2=0.948) and a MSE of 0.059.
Although the performance of the ANN training results with
the entire toxicity data set were comparatively correct, it did
not mean that the method has a good prediction capability
for the value of toxicity. Validating with the test data set
and prediction data set could promise a robust model and
the results are shown in the Figure 4c and 4d.
Based on the addition of several physicochemical
properties as the parameters, the improved ANN model
was more robust. The accuracy of the ANN model for the
prediction data set was improved as the correlation coefficient increased from 0.955 to 0.972 and the MSE decreased from 0.090 to 0.059. The advantage of the neural
network was that it obtained a good performance using

FIGURE 3 - Schematic representation of the artificial neural network architecture
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2
1
0
-1

R=0.955
MSE=0.090

-2
-3

(b)

3
2
1
0
-1

R=0.972
MSE=0.059

-2
-3

-4
-4

-3

-2

-1

0

1

2

3

-4
-4

4

-3

-2

Exp. log10( 1/IGC50)

3

4

(c)

2
1
0
-1
-2

Training: R=0.958, MSE=0.087
Test: R=0.948, MSE=0.094
Prediction: R=0.942, MSE=0.113

-3
-4
-4

-3

-2

-1

0

1

0

1

2

3

4

Exp. log10( 1/IGC50)

Predicted log10( 1/IGC50)

Predicted log10( 1/IGC50)

4

-1

2

3

3

(d)

2
1
0
-1
-2

Training: r=0.974, MSE=0.056
Test: r=0.959, MSE=0.073
Prediction: r=0.965, MSE=0.071

-3
-4
-4

4

Exp. log10( 1/IGC50)

-3

-2

-1

0

1

2

3

4

Exp. log10( 1/IGC50)

FIGURE 4 - Predicted log(1/IGC50) vs. Exp. log(1/IGC50)
(a) For whole data set using the original ANN
(b) For whole data set using the improved ANN
(c) For training, test and prediction data set using the original ANN
(d) For training, test and prediction data set using the improved ANN

only the group separation method; it improved after adding physicochemical property descriptors. As shown in
Table 3, the values of the predicted log (1/IGC50) for the
improved ANN model had an obvious advantage in relation to the original ones.
The various molecular groups and physicochemical
properties as the input of the ANN had different weights
at each node of the network, thus the relative contributions
of the descriptors to the value of toxicity were also different
from each other, as shown in Table 1. The comparison work
implied that the 1-octanol-water partition coefficient has an
important effect on toxicity, which agrees with many researches on the relationship between toxicity and the 1octanol-water partition coefficient [25, 26]. Connolly accessible area, Connolly molecular area, and Connolly solvent-excluded volume was also introduced to develop an
ANN model, but it was evident that they had little impact
on the value of toxicity
CONCLUSIONS

contribution method, based on the separation method of
groups with several useful physicochemical properties as
the parameters of toxicity, using an ANN was explored in
this paper. The values of toxicity for 824 organic chemicals
was correlated using the improved ANN. Along with the
experimental toxicity, it revealed that the combination of
molecular groups and physicochemical properties will
achieve a more precise and robust toxicity model. The results demonstrated that an improved group contribution
method is a major step forward for the assessment of the
toxicity of organic compounds.
ACKNOWLEDGEMENTS
The authors acknowledge the financial support
from the National Key Technology R&D program (No.
2006BAK10B04) and the General Administration of Quality Supervision, Inspection, and Quarantine of China (No.
200910277). This research was also supported by the Program for Changjiang Scholars and Innovative Research
Team in University of China (IRT0641).

New aquatic toxicity predicting models for a widerange variety compounds were built. An improved group

2783

The first two authors contributed equally to the study.

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

REFERENCES
[1]

[2]

Walker, J.D. (2003) Applications of QSARs in toxicology: A
US Government Perspective. J. Mol. Struc.: Theochem. 622,
167-184.
Hori, H., Inoue, T., Toda, S., and Yamada, H. (2009) Sensitive acute toxicity testing in two marine shrimp species: Collection and rearing of larvae, and changes of acute toxicity
values during larval development. Fresen. Environ. Bull. 18,
1480-1490.

[3]

DeWeese, A.D. and Schultz, T.W. (2001) Structure-activity
relationships for aquatic toxicity to Tetrahymena: Halogensubstituted aliphatic esters. Environ. Toxicol. 16, 54-60.

[4]

Melagraki, G., Afantitis, A., Makridima, K., Sarimveis, H.
and Igglessi-Markopoulou, O. (2006) Prediction of toxicity
using a novel RBF neural network training methodology. J.
Mol. Model. 12, 297-305.

[5]

Bednarik, K. and Friedl, Z. (2005) Toxicity of toluene polynitro derivatives and products of their biotransformation: A
QSAR study. Fresen. Environ. Bull. 14, 813-817.

[6]

Yu, Y. J., Su, R. X., Wang, L. B., Qi, W. and He, Z. M.
(2010) Comparative QSPR modeling of skin permeability for
organic compounds using stepwise-MLR and PLS. Fresen.
Environ. Bull. 19, 832-837.

[7]

Pasha, F.A. Srivastava, H.K. Srivastava, A. and Singh, P.P.
(2007) QSTR study of small organic molecules against Tetrahymena Pyriformis, QSAR Comb. Sci. 26, 69-84.

[8]

[9]

Laszlo, T. and Beteringhe, A. (2006) QSAR studies related to
toxicity of aromatic compounds on Tetrahymena Pyriformis,
QSAR Comb. Sci. 25, 944-951.
Roy, K., Sanyal, I. and Ghosh, G. (2007) QSPR of noctanol/water partition coefficient of nonionic organic compounds using extended topochemical atom (Eta) indices.
QSAR Comb. Sci. 26, 629-646.

[17] Schultz, T.W. (1999) Structure-toxicity relationships for benzenes evaluated with Tetrahymena Pyriformis, Chem. Res.
Toxicol. 12, 1262-1267.
[18] Schultz, T.W. (1997) Tetratox: Tetrahymena Pyriformis population growth impairment endpoint - a surrogate for fish lethality. Toxicol. Mech. Method. 7, 289-309.
[19] Gmehling, J., Lohmann, J., Jakob, A., Li, J.D. and Joh, R.
(1998) A modified UNIFAC (Dortmund) Model. 3. Revision
and extension. Ind. Eng. Chem. Res. 37, 4876-4882.
[20] Gmehling, J., Wittig, R., Lohmann, J. and Joh, R. (2002) A
modified UNIFAC (Dortmund) Model. 4. Revision and extension. Ind. Eng. Chem. Res. 41, 1678-1688.
[21] ChemOffice 2005, Cambridgesoft.
[22] Kövesdi, I., Dominguez-Rodriguez, M.F., Orfi, L., NaraySzabo, G., Varro, A., Papp, J.G. and Matyus, P. (1999) Application of neural networks in structure-activity relationships. Med. Res. Rev. 19, 249-269.
[23] Niculescu, S.P. (2003) Artificial neural networks and genetic
algorithms in QSAR. J. Mol. Struc.: Theochem. 622, 71-83.
[24] Hall, L.H., Kier, L.B., Hall, L.M., John, B.T. and David, J.T.
(2007) Electrotopological state indices to assess molecular
and absorption, distribution, metabolism, excretion, and toxicity properties, In: John, B.T., David, J.T. (Eds.). Comprehensive Medicinal Chemistry II. Elsevier, Oxford. p 555-576.
[25] Yan, X.F., Xiao, H.M., Gong, X.D. and Ju, X.H. (2005)
Quantitative structure-activity relationships of nitroaromatics
toxicity to the algae (Scenedesmus Obliguus). Chemosphere.
59, 467-471.
[26] Zvinavashe, E., van den Berg, H., Soffers, A., Vervoort, J.,
Freidig, A., Murk, A.J. and Rietjens, I. (2008) QSAR models
for predicting in vivo aquatic toxicity of chlorinated alkanes
to fish. Chem. Res. Toxicol. 21, 739-745.

[10] Casalegno, M., Benfenati, E. and Sello G. (2005) An automated group contribution method in predicting aquatic toxicity: the diatomic fragment approach. Chem. Res. Toxicol. 18,
740-746.
[11] Gao, C., Govind, R., and Tabak, H.H. (1992) Application of
the group contribution method for predicting the toxicity of
organic chemicals. Environ. Toxicol. Chem. 11, 631-636.
[12] Martin, T.M. and Young, D.M.(2001) Prediction of the acute
toxicity (96-h LC50) of organic compounds to the fathead
minnow (Pimephales Promelas) using a group contribution
method. Chem. Res. Toxicol. 14, 1378-1385.
[13] Kaiser, K.L.E., Niculescu, S.P. and Schultz, T.W. (2002)
Probabilistic neural network modeling of the toxicity of
chemicals to Tetrahymena Pyriformis with molecular fragment descriptors. SAR QSAR Environ. Res. 13, 57-67.
[14] Cai, Y.D. and Zhou, G.P. (2000) Prediction of protein structural classes by neural network. Biochimie. 82, 783-785.
[15] Gonzalez-Diaz, H., Bonet, I., Teran, C., De Clercq, E., Bello,
R., Garcia, M.M., Santana, L. and Uriarte, E. (2007) ANNQSAR model for selection of anticancer leads from structurally heterogeneous series of compounds. Eur. J. Med. Chem.
42, 580-585.
[16] Netzeva, T.I. and Schultz, T.W. (2005) QSARs for the aquatic toxicity of aromatic aldehydes from Tetrahymena data.
Chemosphere. 61, 1632-1643.

2784

Received: November 24, 2009
Revised: May 19, 2010
Accepted: May 21, 2010

CORRESPONDING AUTHOR
Rongxin Su
State Key Laboratory of Chemical Engineering
School of Chemical Engineering and Technology
Tianjin University
Tianjin 300072
P.R. CHINA
E-mail: surx@tju.edu.cn

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

FEB/ Vol 19/ No 12/ 2010 – pages 2777 – 2782

2785

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

Cr(VI) ADSORPTION ON MERCAPTOPROPYLFUNCTIONALIZED HALLOYSITE NANOTUBES
Duan Jingmin1, Jinhua Wang2, Bing Zhang*,2, Yafei Zhao2 and Jindun Liu2
Department of Civil Engineering, Tianjin Institute Of Urban Construction, Tianjin 300384, P. R .China
School of Chemical Engineering, Zhengzhou University, Zhengzhou 450001, P. R .China

ABSTRACT
The natural halloysite nanotubes (HNTs) were modified with γ-mercaptopropyltrimethoxy silane (KH-590) to
form a new adsorbent. The as-prepared adsorbent was characterized by FTIR spectra, thermogravimetric analysis and
transmission electron microscopy. The results showed that
mercaptopropyl was grafted successfully onto the nanotube
surface. While the modified HNTs were used as adsorbent
for Cr(VI) removal from its aqueous solution, kinetic studies showed that the rate of adsorption of Cr(VI) obeyed a
pseudo-second-order kinetic model. And the adsorption
data of Cr(VI) on the modified HNTs are well consistent
with Langmuir model, and the maximum adsorption capacity of 2.79 mg/g can be deduced from the model.

KEYWORDS: halloysite nanotubes, Cr(VI), adsorption kinetic
studies, adsorption isotherm

Halloysite is a kind of aluminosilicate with a predominantly nano-sized hollow tubular structure, mined from
natural deposits in countries, such as China, Italy, Turkey
etc [11-13]. It possesses a nano-tubular morphology and
large pore volume [14]. It is also found to contain adequate
hydroxyl functional groups that make it a potential candidate for the modification with organic matter. Raw halloysite presents low metal ion adsorption capacity, so it is
necessary to study chemical modification of halloysite to
enhance its adsorption capacity. One technique is the grafting of functional groups onto the adsorbent surface via direct
grafting. Various functional groups, including carboxylate,
sulfate, phosphate, amino, amide and mercapto groups, have
been found to be responsible for metal adsorption [15-18].
In this study, a new adsorbent is prepared by grafting
mercapto groups onto halloysite nanotubes (HNTs). The
prepared product was applied to remove Cr(VI) from aqueous solution and some influential parameters, such as coexisting anion and initial pH of the solution, were investigated
by batch method. Finally, its adsorption kinetics and adsorption isotherm were studied.

INTRODUCTION
Chromium, as common environmental contaminant,
can enter into the ecosystem from electroplating, metal finishing, chromate preparation, leather tanning, mining, metallurgy operations etc. In the environment, chromium exists
in two stable oxidation states, Cr(III) and Cr(VI), and the
toxicity of the latter is about 100 times that of the former.
Cr(III) is relatively insoluble and an essential micronutrient, while Cr(VI) is a primary contaminant to humans, animals and plants [1]. Consequently, extensive researches
have been developed to remove Cr(VI) from the environment recently. The adsorption process is generally known
to be one of the most promising techniques for removal of
Cr(VI). In recent years, natural mineral materials, due to
their large surface area and low costs, have been studied for
potential applications as environmental remediation agents
to remove Cr(VI) from water. Mineral materials that have
been often used to remove chromate include zeolite [2, 3],
bentonite [4, 5], rectorite [6], kaolinite [7], montmorillonite [8], wollastonite [9] and boehmite [10]. However, relevant literature of Cr(VI) adsorption by halloysite is scarce.

MATERIALS AND METHODS
Preparation of new composite nanotubes sorbent

The HNTs modified with γ-mercaptopropyl trimethoxy silane were prepared in the following way. Halloysite nanotubes (HNTs) were immersed in 0.10 mol/L
hydrochloric acid solution for 7 days, and then were dried in
an oven. The acidified halloysite was modified with γmer-captopropyl trimethoxy silane in 150 ml toluene as a
solvent (refluxing for 24 h) according to the conventional
procedure reported elsewhere [19]. The resulting material
was then washed to remove excess modifier and other byproducts by Soxhlet extraction over ethanol for 24 h.
Finally, the functionalized material, designated as SHHNTs, was washed by distilled water and dried in the
vacuum oven at 110 °C for 6 h, and used in further experiments.
Characterization of the adsorbent

The HNTs and SH-HNTs were characterized by Fourier transform infrared spectroscopy, thermogravimetric
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analysis and transmission electron microscopy. Infrared
spectroscopy method was used to investigate whether the
mercaptopropyl had been grafted onto the surface of nanotubes. FTIR spectra were recorded with a Nicolet IR300
FTIR spectrometer in the range of 4000-400 cm-1 using
KBr pellets. Thermogravimetric analyses (TGA) were
carried out in N2 from room temperature to 800 °C to test
the grafted amount of the surface of mercaptopropyl
(NETZSCH, STA409PC). The structure and the morphology were observed by transmission electron microscopy
(TEM, FEITECNA1G2).

mercaptopropyl is between 300 and 500 °C. Therefore, the
added 3.13% of the weight loss was attributed to the decomposition of mercaptopropyl.
Furthermore, a transmission electron microscope (TEM)
was used in order to observe morphological structures of
HNTs and SH-HNTs. Fig. 3 displays TEM contrast graphs

Cr(VI) adsorption experiments

Batch adsorption experiments were carried out in 250 ml
Erlenmeyer flasks containing 50 ml varying initial concentrations of Cr(VI) solutions and adsorbent dose. Then, the
samples were shaken on a thermo-stated shaker (150 rpm)
at 25 °C. When reaching equilibrium, the mixture was
centrifuged to get residual Cr(VI) in the supernatant liquid, detected by the diphenyl carbazide spectrophotometric method at 540 nm.
RESULTS AND DISCUSSION

FIGURE 1 - Infrared spectra of HNTs (a) and SH-HNTs (b).

Characterization of original and modified halloysite

The HNTs and SH-HNTs were characterized by FTIR
spectroscopy, thermogravimetric analysis and transmission
electron microscopy. Infrared spectroscopy method was
used to investigate whether the mercaptopropyl had been
grafted onto the surface of nanotubes. The results are
shown in Fig. 1. For HNTs (Fig. 1a), absorption bands at
3702 cm-1 and 3637 cm-1 are ascribed to –OH groups. The
band at 911 cm-1 is assigned to bending vibration of AlOH. Others bands at 1000-1100 cm-1 and 450-550 cm-1
are due to Si-O stretching vibration and Si-O bending vibration, respectively. After the modification (Fig. 1b), there
appeared a new peak at 2921 cm−1, which represents the
stretching vibration of S-CH2-. The characteristic peaks confirm that mercaptopropyl groups were grafted onto nanotubes surface successfully.
Thermogravimetric analyses (TGA) of HNTs and SHHNTs were further carried out to test the grafted amount
of the surface of mercaptopropyl. The thermogravimetric
curves obtained by measuring the weight loss of adsorbent from pyrolysis are shown in Fig. 2. It can be observed that the mass-loss curve decreased continuously. The
weight loss of the samples before 105 °C was attributed to
the loss of free water, while that between 105 and 800 °C
was due to the decomposition of the samples. Compared
to HNTs, a decrease of the weight loss before 105 °C for
SH-HNTs may be due to the water loss in the process of
modification. The weight loss of HNTs between 105 and
800 °C was around 15.42% (Fig. 2a), however, after the
modification (Fig. 2b), the weight loss reached approximately 18.55%. Moreover, prior studies [20, 21] had
shown that the thermal decomposition temperature of
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FIGURE 2 - Thermogravimetric analysis of HNTs (a) and SHHNTs (b).

and Cr2O72− will enhance the Cr(VI) adsorption. With increase in pH, the degree of protonation of the surface reduces gradually and, hence, adsorption is decreased. Furthermore, at higher pH, more OH- anions are present; the
interactions of Cr(VI) with adsorbed functional groups on
the SH-HNTs surfaces are weaker than those with the hydroxyl groups of the adsorbent. Similar results have also
been reported in prior studies [23, 24].
Effect of coexisting anions

FIGURE 3 - Transmission electron microscopy of HNTs (a) and
SH-HNTs (b).

between HNTs and SH-HNTs. The HNTs has clearly
hollow tubular structure with a length of 0.5–1 µm and an
inner diameter of 20–30 nm. The shell thickness is 10–15 nm
(Fig. 3a). In comparison with HNTs, internal structure of
SH-HNTs (Fig. 3b) becomes vague. It can be observed that
the mercaptopropyl formed a monolayer and covered the
inner surface of nanotubes. The results also indicate that
mercaptopropyl can insert into nanotubes successfully.

In order to investigate the selectivity of the adsorbent
in the presence of other anions, the experiment on the
effect of nitrate ions on the adsorption property of Cr(VI)
was performed. The results are shown in Fig. 5. As
demonstrated in Fig. 5, the adsorption capacity of Cr(VI)
on SH-HNTs rarely decreases with the increase of nitrate
ion concentration. When nitrate ion (NO3−) concentration
in-creases from 0.0001 to 1.0 (mol/L), the adsorption
capacity of Cr(VI) by SH-HNTs decreases from 2.319
mg/g to 2.171 mg/g correspondingly. The results indicate
that SH-HNTs show excellent selectivity.

FIGURE 5 - Effect of competitive anions on Cr(VI) adsorption
capacity.
Adsorption kinetics studies

FIGURE 4 - Effect of pH on Cr(VI) adsorption capacity.
Effect of pH on the adsorption capacity

The pH of the aqueous solution is an important controlling parameter that strongly affects the existing form
of Cr(VI). Between pH 2 and 6, HCrO4− and Cr2O72− are
in equilibrium, the major species is HCrO4−. As the pH
increases, this form shifts to CrO42- and Cr2O72-. At pH
higher than 7.5, CrO42- is the only chromate species in
aqueous phase [22]. The uptake of Cr(VI) as a function of
hydrogen ion concentration was examined over a pH range
of 2–7 and shown in Fig. 4. It is evident that the adsorption
efficiency is highly pH-dependent. The adsorption efficiency
decreases with the increase in pH significantly. Better adsorption efficiency observed at low pH may be attributed to
strong protonation, electrostatic force between the positively-charged surfaces and the negatively-charged HCrO4−

The effect of adsorption time on the adsorption of
Cr(VI) on SH-HNTs is shown in Fig. 6a. It can be seen that
the adsorption capacity for Cr(VI) increased with the adsorption time increasing, then plateau values were reached
within 12 h. The Ho pseudo-second-order equation was
used to fit the experimental data, as given in Eq. (1):
t/qt = 1/2kqe2 + t/qe

(1)

where qt and qe (mg/g) are the adsorption capacities at
time t and at equilibrium, respectively, k2 is the pseudosecond-order rate constant. The equation parameters together with the R2 values were obtained by fitting the
experimental data, and are given in Fig. 6b. It can be seen
that the pseudo-second-order equation was able to describe well the adsorption kinetics behaviour of SH-HNTs
for Cr(VI), indicating that the chemical adsorption is the
rate limiting step [25].
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Adsorption isotherm

The adsorption isotherm of Cr(VI) on SH-HNTs is
shown in Fig. 7a. It can be seen that adsorption capacity

FIGURE 7 - Adsorption isotherm of Cr(VI) on adsorption capacity
(a) and Langmuir model (b).
FIGURE 6 - The effect of adsorption time on the adsorption capacity of Cr(VI) on SH-HNTs and the kinetics models for Cr (VI) adsorption.

of SH-HNTs increases with increase in Cr(VI) concentrations until equilibrium. Langmuir model was applied to fit
the experimental data, and Langmuir equation is expressed
as follows:
Ce/qe=1/Qmaxb+Ce/Qmax

(2)

where qe (mg/g) is the amount of the adsorbed Cr(VI)
at equilibrium, Qmax is maximum adsorption capacity, Ce
is equilibrium metal ion concentration, b (L/mg) is the
Langmuir adsorption equilibrium constant (or binding constant). The isotherm simulations from the Langmuir equations are shown as lines in Fig. 7b, together with the regression coefficient (R2). The goodness of fit was evaluated by
the R2 values. The higher the value of R2, the better the
goodness of fit is. The result reveals that the adsorption is
well fitting the linear Langmuir model. From the linear fit
of the plot, the maximum adsorption capacity (Qmax) can
be calculated as 2.79 mg/g.
Adsorbent regeneration

A fine adsorbent, in addition to its high adsorption capacity, must also exhibit good regeneration ability for possible reuse. The primary objective of regeneration is to restore the adsorption capacity of exhausted adsorbent while
the secondary objective is to recover valuable Cr(VI) in
the adsorbed phase, if any. The adsorption of Cr(VI) on
modified HNTs is highly pH-dependent; hence desorption
of Cr(VI) can be accomplished by increasing pH. Thus,
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NaOH as an effective eluent for desorption process. Therefore, 50 ml of 0.01 M NaOH was mixed with 0.50 g Cradsorbed adsorbent for 18 h. The desorption capacity was
found to be 1.908 mg/g. The results indicate that SHHNTs can be regenerated.
CONCLUSION
To summarize, a new adsorbent was prepared by modifying HNTs with γ-mercaptopropyl trimethoxy silane. The
characteristic results confirmed that the mercaptopropyl has
inserted into nanotubes successfully. The effects of pH and
coexisting anions on the adsorption capacity were investigated. The results showed the adsorption capacity of the
adsorbent decreased significantly with the increase of pH.
However, the adsorption capacity rarely decreases with the
increase of nitrate ions. In addition, the adsorption experimental results also demonstrated that the adsorption data of
Cr(VI) on SH-HNTs are well consistent with Langmuir
model and pseudo-second-order kinetic model. Particularly,
the experimental results show that the SH-HNTs are evaluated as efficient adsorbents for Cr(VI) and SH-HNTs can
also be regenerated, which implies potential application for
removing Cr(VI) pollutants from wastewaters. Further experiments are in progress in order to validate the efficiency
of this material in the clean-up of real industrial effluents.
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ABSTRACT
In this study, chemical oxidation demand (COD) and
color removal efficiencies of a textile industry were tested
using chemical and ozone oxidation treatment techniques.
The industry uses chemical processes to treat its
wastewater, so it needs much time and operation cost.
Herein, the applicability of ozone oxidation techniques
was discussed as an alternative to the chemical treatment.
The optimum treatment time was determined to be
10 min of ozonation, and the optimum ozone concentration was 32 mg/L. With this dose, the effluent quality
was maximized, the time was shortened and the cost of the
treatment decreased to 54.9%. While the COD and color
removal were 56% and 87.5%, respectively, with the current chemical treatments, these values increased under the
ozone application to 59.8% and 91.4% for COD and color,
respectively. The removal rate of the color and COD via
ozonation can be described by the pseudo-first-order kinetics. The kinetic results show that the effect of ozonation on
color removal exhibited higher removal rates than COD
removal.

KEYWORDS:
Textile wastewater, ozonation, COD, color, chemical treatment

INTRODUCTION
Textile industries produce a large volume of effluents.
The resulting wastes are very toxic, resistant to physicochemical treatments and not easily biodegradable [1]. This
is due to the high content of dyestuffs, surfactants and
other additives, which are generally organic compounds
of complex structures [2]. Because of the large variety of
dyes and chemical additions, textile wastewater is a challenge for the environment [3]. The removal of chemical
oxygen demand (COD) and color in textile wastewater are
limited because dyes are resistant to the biological treatment process. Use of a variety of dyes and chemicals in the

dyeing processes causes considerable variation in the wastewater characteristics, such as color and COD. Ozone is
very effective for decolorizing dye wastewater because it
attacks the conjugated double bonds that are often associated with color [4, 5].
The removal of color from the wastewaters of the textile and dyestuff manufacturing industries represents a major environmental focus. Conventional oxidation treatments are not enough to oxidize dyestuffs and complex
structures of organic compounds, especially if they are
refractory to oxidants. To ease some of these problems,
advanced oxidation processes (AOPs) have been developed to generate hydroxyl free radicals by different techniques. AOPs processes are a combination of ozone (O3),
hydrogen peroxide (H2O2) and UV irradiation, which elicit
the greatest promise to treat textile wastewater. These oxidants effectively decolorized the dyes; however, they did
not completely remove COD [6, 7]. On the other hand,
heterogeneous photocatalysis [8, 9], and transition metal –
catalysed oxidation [10, 11] were used.
Reusing the textile wastewater, once it has been treated,
can reduce the amount of effluents discharged into the environment. It can also produce savings in water consumption, chemicals and energy. The quality of treated
wastewater can be improved if conventional treatments are
combined with more advanced processes (activated carbon
adsorption, ionic exchange, membrane techniques, etc.) [12].
Ozone is a very powerful oxidant for water and
wastewater treatment. Physical-chemical treatment allows
the reduction of dissolved, suspended, colloidal, and nonsettable matter, as well as coloring from dyes. Depending
on the wastewater characteristics, the COD of a textile
effluent can be reduced between 50-70% after optimizing
the operating conditions (pH, coagulant and flocculant
concentrations) [13, 14]. In some cases, depending on the
water’s characteristics and its hardness, the preozonation
process can considerably improve the effectiveness of the
coagulating process [15, 16]. This pretreatment improves
the physical-chemical treatment, which can reduce the
coagulant dosage or allow greater feeding flows without
consuming too much ozone [17].

2792

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

The demand for ozone use in decoloration can be greatly
reduced by eliminating suspended solids. Since these are
the ingredients of COD that consume large amounts of
ozone, it has been reported that the ozonation is relatively
ineffective in reducing the COD concentration, especially
for the medium and high strength waste effluents. However, in conjunction with chemical coagulation, COD reduction can be as high as 70% [18]. Also, ozonation can be
applied prior to the biological aerobic treatment because
the chemicals are converted into smaller and biodegradable intermediates [19-22]. According to Sevimli and
Sarıkaya [23], ozonation increased the biodegradability
index of textile wastewater. Ozone attacks the pollutants
through two different reaction pathways: (1) the direct
ozonation by the ozone molecule, and (2) the radical ozonation by highly oxidative free radicals, such as hydroxyl
free radicals, which are formed by the decomposition of
ozone in an aqueous solution [24, 17]. The goal of generating and using hydroxyl free radicals is to destroy compounds that cannot be oxidized by conventional oxidants.
In the study, the textile industry has a treatment plant
that includes only conventional chemical treatment techniques (FeSO4 and lime), such as coagulation/flocculation
and settlement units. Conventional chemical treatment techniques have several hindering problems, such as extended
time requirements, chemicals, limited space, and additional
sludge production due to the presence of lime. On the contrary, ozonation does not cause sludge and raising wastewater
volume like chemical treatment.
MATERIAL AND METHODS
The samples used in this study were collected from the
effluents of a textile plant prior to a conventional chemical
treatment plant in Istanbul (Turkey). The main purpose of
this study is to display a more economic and compact
treatment technique as an alternative to the treatment plant

which is 25 years old. The plant was established in 1952.
It produces wool fabrics and its technical capacity is
5.5 tons/day spinning, 32000 m/day weaving 35.000 m/day
dyeing and finishing. The plant uses acid, disperse and complex metallic dyes, such as Kieralon, Romapon 311, Sandoclean PC Liquid, Romapon 311 and Roma Silicon 271
(commercial names).
All of the experimental analyses, especially the initial
pollution characteristics of the samples, were analyzed in
Yildiz Technical University and the Environmental Engineering Department laboratory in accordance with Standard Methods [25]. The COD and color were determined
using a Hach-Lange DR 5800 brand mark spectrophotometer and Merck SQ-118 brand mark photometer, respectively.
The ozonation experiments were carried out for 2-L
samples in a 5-L cylindrical glass reactor as a batch system. Ozone gas was produced by an AZCO VMUS-4 [26]
model ozone generator fed with dried oxygen by a Corona
Discharge generation process. The schematic representation of the lab-scale ozone study is given in Fig. 1. Ozone
gas was supplied to the bottom of the reactor with an
AQUA pipe diffuser system at 0.4 bar pressure. The main
aim of the diffuser system is to obtain fine ozone gas bubbles to mix homogenously with water. All of the connection parts from the generator to the reactor were made of
Teflon to resist the ozone’s corrosive effect. All experiments were performed at room temperature (24 ± 0.5 oC).
Not all of the produced ozone gas is reacted with
wastewater. Some parts of the ozone escaped without
reacting with wastewater. Because of health and environmental concerns, the excess ozone was absorbed in gas
washing bottles filled with 2% w/w potassium iodide (KI)
solution to catch and determine the excess ozone concentration. The ozone concentration was measured by the iodometric method proposed by IOA [27].

FIGURE 1 - Schematic representation of the ozone study.
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Ozone feeding was adjusted for different values,
such as 56 mg/min (28 mg/L for the sample volume of 2 L),
64 mg/min (32 mg/L) and 92 mg/min (46 mg/L). Ozone
oxidation experiments were conducted at these different
ozone doses and times. Before measuring the COD and
color parameters, the samples were filtered with 0.45-µm
Millipore membranes [28].
RESULTS AND DISCUSSION
In this study, the treatability of textile plant
wastewater with ozone, which is one of the strongest
oxidants, in-stead of conventional chemical treatment was
studied in accordance with the below aims:

(92 mg/min), respectively, by ozone producer equipment.
During the experiments, the ozonation time period was set
at 60 min, based upon information gathered from preliminary laboratory studies. The samples were taken from the
ozonation reactor after 1, 3, 5, 7, 10, 20, 30, 40, and 60 min,
and COD and color were analyzed for each sample. For all
ozonation concentrations, COD and color removal rates increased. However, after 1-h ozonation, the removal rate
stabilized and no longer changed. The COD and color removal effectiveness of direct ozonation on raw
wastewater are given in Figs. 2, 3 and 4 for 28, 32 and 46
mg/L ozone doses, respectively.

• The treatability of the textile plant wastewater was
analyzed in terms of COD and color parameters by using only ozone,
• Ozone and conventional chemical treatment techniques
were evaluated for both COD and color parameters to
find the right place for the ozonation unit in the treatment process.

R emoval	
  effic ienc y,	
  %
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• Economical evaluations were displayed in the study to
compare the ozonation with conventional chemical
treatment techniques.
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FIGURE 2 - COD and color removal
at 28 mg/L ozone concentration.

pH
SS. mg/L
COD. mg/L
Color. Hazen
Chloride. mg/L
TKN. mg/L
SO4. mg/L
Alcalinity. mg
CaCO3/L

Raw wastewater influent
6.8
148
1250
580
155
12
385
218

Chemical treatment effluent
7.7
120
550
72
22
1.5
35
26

Removal
efficiency. %
18.9
56
87.5
85.8
87.5
91
88

100
80

40
C OD
C olor

20

0

The ozonation process was evaluated at three different
feeding concentrations, 28 mg/L (28 mg ozone per L feeding gas) (56 mg/min), 32 mg/L (64 mg/min) and 46 mg/L
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FIGURE 3 - COD and color removal
at 32 mg/L ozone concentration.
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As seen from Table 1, the effectiveness of removal
under the conventional chemical treatment plant is unsatisfactory. The COD and color removal rates were determined to be just 56% and 87.5%, respectively. Because so
much wastewater is produced in textile industries, finding
the optimum treatment process is very important.
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TABLE 1 - Characterisation of influent
and effluent wastewater for the textile plant.
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Physical-chemical treatment of wastewater without ozonation

The efficiency of the plant’s chemical treatment process prior to ozonation is shown in Table 1. Raw
wastewater characterization is also given. Composite
wastewater samples used in this study were collected
from the wastewater treatment plant of the textile plant.
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FIGURE 4 - COD and color removal
at 46 mg/L ozone concentration.
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As shown in Figs. 2-4, COD and color removal rates
reached their peak effectiveness at the 10-min test period
and stabilized, thereafter, up to the end of the experiment.
After 10-min test period, color and COD removal rates
reached 83.6 and 54.1% (Fig. 2), 91.4 and 59.8% (Fig. 2),
as well as 92.1 and 60.8% (Fig. 3), respectively. By the
60-min test period, these values do not change remarkably
as shown in the same figures.

suggest color was more sensitive to ozonation than COD
parameter.

Because the three ozone dose results are so close to
each other, a 10-min time period and 32 mg/L ozone dose
can be considered to be optimal experimental conditions
for ozonation. As it is known, the ozone process is more
likely to remove color than COD. Our results confirm this.
However, even though the removal rate for COD is smaller
than for color under ozonation, ozonation still proved to
be more effective on COD than the plant’s currently available chemical treatment process. While the COD removal
rate was 59.8% under ozonation, the plant’s conventional
treatment process only removed 56%. The color removal
rate was also more substantial using ozonation (91.4%) than
using the conventional chemical treatment process (87.5%)
as shown in Table 1.

FIGURE 5 - COD removal in accordance with pH.

The results given in Figs. 2-4 were obtained at pH 10.9.
This pH value was determined during earlier initial pH studies. The preliminary pH optimization studies were experienced between 6 and 12.0 to observe the effects of different pH levels on treatment efficiency. The study results on
pH optimization are given in Figs. 5 and 6 for COD and
color removals, respectively. The pH 10.9 value was
determined to be the effective. This is supported by other
studies, explaining that ozone cleaves the conjugated
bonds of dye molecules, resulting in increased color removal and enhanced biodegradability. At the end of the
test periods, pH values were determined between 8.4-8.8,
so the values are acceptable to discharge the wastewater
into sewage system [29]. The cleavage of dye bonds takes
place in the ozonation process both by direct ozonation
and radical pathways. Radicals, especially hydroxyl radicals, are much more powerful than molecular ozone to
oxidize various organics, such as dye molecules, in aqueous solutions. Radical reactions increase as the pH increases. In general, the initial pH value of textile
wastewater varies in a wide range [30].
Kinetic studies of ozone oxidation process are given
in Fig. 7. As shown, the decomposition rates of COD and
color by the ozonation process in the samples followed the
pseudo-first-order kinetics: -dC/dt = kC, where C and k are
the COD and color values of the samples and pseudo-firstorder rate constant (min-1), respectively. The values of k
were determined by plotting the ln (Ct/Co) values versus
the reaction time. Figure 5 illustrates that the experimental data were well fitted by pseudo-first-order kinetics
(the R2 values were between 0.9401 and 0.9872 for COD
and color parameters, respectively). The values of k are
0.0375 and 0.0694 min−1 for COD and color, respectively,
according to the slopes of the linear lines. These k values

FIGURE 6 - Color removal in accordance with pH.
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FIGURE 7 - The removal rates of
color and COD by ozonation treatment.

During the experimental studies, some of the ozone
gas was not used by the wastewater. This is called excess
ozone dose. The excess ozone dose was determined by absorbing it into 2% KI solution, and the results are shown
in Table 2. The excess ozone dose given in Table 2 is based
upon a 10-min experimental time period. The values in
Table 2 were obtained for 5 different samples.
As is also shown in Table 2, not all of the ozone supplied to the wastewater reacted with the wastewater. The
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solubility of the ozone gas can, of course, be explained by

Henry Law. Theoretically, ozone is dissolved into water

TABLE 2 - Ozone mass balance during treatability of raw wastewater for a-2-L sample.
Ozone dose.
(mg/min)

Time.
(min)

Applied ozone dose
(mg)

56
64
92

10
10
10

560
640
920

Absorbed
ozone dose by KI
(mg)
10..1±14.9
21.5±32.5
42.5±55.7

at 570 mg/L at 20oC [23]. In this study, the temperature of
the laboratory was 24±0.5 oC. As shown in Table 2, the
solubility of the ozone was only 307.3 mg/L at the optimal ozone dose (32 mg/L) for the 2-L sample. This can be
explained because ozone solubility decreases as temperature increases.
Ozone application with chemical treatment

In this study, the experiments were applied in two different ways. One was the chemical treatment of
wastewater at preozonation, while the other was chemical
treatment after ozonation. The main aim of this application was to find the best place for the ozone process in
terms of COD and color removal effectiveness.
Ozonation after chemical treatment

Ozonation after the chemical treatment process was
applied to see the changing effectiveness of COD and color
removal rates. Chemical treatment was considered to be the
available treatment process for the textile plant. No jar test
experiments were studied on lab-scale. The results of the
ozonation subsequent to chemical treatment are recorded
in Fig. 8.
120

R emoval	
  effic ienc yi,	
  %

80

95,5

87,5

60
56

70,2

62,5

40

C olor
C OD

20

Oz onation

0
C hemic al
treatment

10

20

30
Time,	
  min

40

50

Calculated ozone concentration
for a 1-L sample
(mg/L)
259±292.5
295±325.6
400±483.4

higher removal rate for color. The ozonation subsequent
to chemical treatment caused the color and COD removal
rates to reach 95.5 and 70.2%, respectively, after 60 min;
however, they reached 87.5 and 56% by chemical treatment alone. Comparatively, after just 10 min of ozonation
alone, color and COD removal rates reached 92.0 and
62.5%, respectively. The only ozone application determined
as providing the optimal ozonation conditions in Fig. 3
gave the same results. In summary, ozonation after chemical treatment does not make sense.
Economic analysis of the study

Treatment applications should not be just be environmentally friendly; they must also be evaluated economically. Ozonation is thought to be a cleaner alternative to
conventional chemical treatment processes applied in the
plant. Therefore, we also conducted a cost analysis of using
the ozone process to treat wastewater. The conventional
chemical treatment process cost analysis from the plant
is given in Table 3.
As shown from the cost analyses given above, the
conventional chemical treatment process costs $1.837/m3
wastewater.
When ozonation is applied instead of the chemical
treatment in the plant, the cost must only include the use
of energy for 10 min of ozonation. The ozonation system
consumed 0.105 kWh during the 10-min study. The unit
cost of energy is $ 0.134/kwh for the industry in Turkey, so
the total cost of the ozonation process for 2 L of wastewater
is 0.105 kWh x $ 0.134/ kWh x 10/60 = $ 0.002. Using
the daily flow-rate (1100 m3/d), the daily cost of ozonation is approximately $ 1.00/m3 wastewater. The advantages of using ozonation are not only economical; it
also results in shorter treatment times, smaller space
requirements and better practicability.

92,0

100

Absorbed ozone dose
by a-2 L sample
(mg)
530..5±570.3
598.9±635.8
809±947.8

60

FIGURE 8 - Ozonation after the chemical treatment.

As shown in Fig. 8, the ozonation process applied after the chemical treatment does not provide a significantly

As shown in the cost analysis, ozonation can be considered as an alternative technique to conventional chemical treatment for this study. Using ozonation instead of conventional chemical treatment can decrease operating costs

TABLE 3 - Cost analysis of the chemical treatment.
Chemicals
FeSO4
Lime
Polyelectrolyte
Energy for mixers

Value
0.195 kg/m3
0.075 kg/m3
0.002 kg/m3
25 kWh

Cost of the unit of chemicals
8.33 $/ kg
1.67 $/ kg
6.67 $/ kg
0.134 $/kWh
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Total cost of the chemical treatment
1.625 $/m3
0.125 $/m3
0.013 $ /m3
0.074 $/m3
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3

Total

by 54.9% ($ 1.01/m /$1.837/m ). Aside from this benefit,
the effluent wastewater will be better for the environment
than that of conventional chemical treatment.

[7]

[8]

Zou, L. and Zhu, B. (2008) The synergistic effect of ozonation and photocatalysis on color removal from reused water.
Journal of Photochemistry and Photobiology A: Chemistry,
196, 24–32.

[9]

Bergamini, R.B.M., Azevedo, E.B. and Raddi de Araújo,
L.R., (2009) Heterogeneous photocatalytic degradation of reactive dyes in aqueous TiO2 suspensions: Decolorization kinetics. Chemical Engineering Journal, 149, 215–220.

CONCLUSION
In the study, the 10-min operating time and 32 mg/L
ozone concentration were determined to be the optimal
experimental conditions when only ozonation was used to
treat the wastewater according to the results. After this
application, COD and color removal rates were determined to be 59.8 and 91.4%, respectively. The conventional chemical treatment application rates for COD and
color were 56 and 87.5%, respectively.
The utilizable ozone amount was determined to be
307.3 mg/Lwastewater, and the excess ozone was 12.7 mg.
When one considers the 10-min optimal time period
and the fact that the results of the chemical treatment and
ozonation combination only provided removal rates of 62.5
and 92.0% for COD and color, respectively, the ozonation
and chemical treatment combination does not seem to promote the greatest efficiency.
Moreover, the cost analysis showed that using only
ozonation to treat the wastewater is exceptionally cheap,
with a 54.9% decrease in operating costs over the currently
available chemical treatment at this plant.
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ABSTRACT
Giardia lamblia is one of the most important waterborne pathogenic protozoa. Its occurrence in source and
drinking water threatens human health seriously. In this
study, four quantitative real-time PCR protocols involving
Envirochek filtration, flat membrane filtration, immunomagnetic separation (IMS) and IMS-free separation to detect G. lamblia from surface water were compared. The results showed that acceptable recoveries of 21-28% could
be obtained from all of the protocols with 500 cysts spiked
into the samples. However, the flat membrane filtration
methods were not applicable for its ready being clogged.
The Envirochek protocols with or without IMS were comparable with a recovery range of 24-34% when lower volume (5 L) water was tested with different cysts spiked; but
for larger volume (15 L), only Envirochek – IMS protocol
worked, which suggested that the much cheaper and simpler IMS-free protocol should be an option for clean source
water or drinking water, or small volume samples; while
the IMS one could be used for contaminated source water
with higher turbidity and more PCR inhibitors.

KEYWORDS:
Giardia lamblia, IMS, IMS-free, Real-time PCR, surface water

INTRODUCTION
Giardia lamblia is an obligate enteric protozoan pathogen, which causes gastrointestinal upset including diarrhea
and abdominal pain or cramps [1, 2]. It is distributed worldwide and is regarded as one of the most important reasons
for the outbreaks of protozoan disease along with Cryptosporidium parvum [3, 4]. Contaminated source water
and inadequate drinking water treatment mainly contribute to the reported outbreaks, since its cysts are resistant to
chlorine disinfection used in drinking water treatment [5,
6]. The infections are rare in healthy adults; however
young children, the elderly, and AIDS patients are susceptible to serious illness caused by them [7].

The currently accepted method for the detection of G.
lamblia is USEPA Method 1623 [8]. This protocol begins
with the filtration of a large volume of water through a filter
capsule. After eluted and concentrated, the trapped cysts
are separated by immunomagenetic beads. Finally, they are
fluorescent-antibody stained and examined using fluorescent and differential interference microscopy. Besides requiring considerable time commitment by skilled employees, the main defect of this method is that the antibodies
for immunoseparation are only specific to the protozoan
at the genus level, and identification of protozoan species
by microscopy is not very sensitive [9]. Furthermore, the
immunomagnetic separation (IMS) reagent is expensive,
and this added cost may prevent its widespread use.
Species-specific and quantitative real-time PCR was
applied in this study. Whereas traditional PCR relies on
end point measurements and only discriminates the presence or absence of a given gene [10, 11], real-time PCR can
estimate the copy number of the target gene by measuring
fluorescence after each amplification cycle and comparing
with a standard curve. Real-time PCR has been tested by
many researchers for the detection of waterborne protozoan
parasites, including C. parvum and G. lamblia [12, 13]. Most
samples in the previous research were from patient and had
very high parasite densities. However, the protozoan levels
are usually much lower and the information on the application of real-time PCR is rather limited in source and drinking water [14, 15]. In this study, the spiked source water
samples with high turbidity were examined using 4 protocols involving different filtration, IMS and IMS-free DNA
preparation and real-time PCR to find a sensitive, efficient,
and low-cost way to detect the protozoan from surface
water.
MATERIALS AND METHODS
Protozoan isolate and control strains

G. lamblia isolate H3 cysts were purchased from Waterborne Inc (New Orleans, LA., USA). The live cysts were
stored in phosphate buffered saline (PBS) at 4oC before
they were used.
Negative controls included 2 protozoan and 6 bacterial strains, i.e., Cryptosporidium muris RN66 rat isolate,
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Giardia muris Roberts-Thomson isolate (these two protozoan were purchased from Waterborne), Aeromonas hydrophila (ATCC 7966), Campylobacter jejuni (ATCC
33291), Legionella pneumophila (ATCC 33152), Escherichia coli 0157:H7 (ATCC 43895), Salmonella typhimurium (ATCC 13311), and Yersinia enterocolitica (ATCC
700822). As indicated in the brackets, they were from
Waterborne and ATCC, respectively.
Water sampling and cyst spiking

The whole procedure is shown in Figure 1. Environmental surface water samples were taken from Laurel
Creek at the University of Waterloo campus. The turbidity of the water varied from 20 to 30 NTU. The samples
were stored at 4oC, and processed in 12 h.
Before filtration, a 40 µL aliquot containing 5-1000
cysts of G. lamblia prepared from the isolate stock were
spiked into1, 5 or 15 L water samples, respectively.

capped centrifuge tube. Thus a concentrated sample of 1 mL
was obtained for the following DNA extraction.
Flat membrane filtration

The 1.2 µm pore size flat membranes were sterile
47 mm diameter cellulose acetate filters (Whatman, U.S.A).
Typically 1-2 L surface water could be filtrated before
clogging, so only 1 L sample passed through the membranes by vacuum filtration in this study. After filtration,
the membrane was carefully torn into 10-15 pieces using
sterilized forceps and placed into a 2 mL screw-capped
centrifuge tube. The tube was filled with 1.5 mL sterile
H2O, vortexed for 10 min, left stationarily at 4°C for 16 h,
and then shaken at 450 rpm for 45 min. After the membrane debris was carefully removed from the tube, the tube
was centrifuged at 10,000 rpm for seconds. The supernatant
was aspirated from the tube and the left pellet was resuspended with 1 mL PBS for the following DNA extraction.
DNA extraction and purification
IMS-free DNA extraction and purification

Filtration and concentration
Envirochek filtration

The water samples (5 or 15 L) were concentrated based
on EPA method 1623 [8]. First, the water was filtered
through an Envirochek capsule filter (Pall Corporation,
U.S.A) at 2 L/min. The filter was added with 125 mL
elution buffer and then shaken at >450 rpm for 15 min.
After shaking, the buffer was poured into a 150 mL conical tube. Another 125 mL buffer was added into the filter,
and the filter was shaken at > 450 rpm for 10 min twice at
different angles. The buffer was then transferred to another
150 mL conical tube. The elution buffer was centrifuged at
10,000 rpm for 10 min. After aspirating the supernatant,
the pellets in the two conical tubes were resuspended in
0.5 mL PBS, respectively and transferred to a 2 mL screw-

The concentrated water samples were treated using
5 freeze-thaw cycles, with each cycle consisting of 2 min
in liquid N2 and 2 min in boiling water. The sample was
then centrifuged at 8,000 rpm for 1 min, and the supernatant
transferred to a 3 mL centrifuge tube. The pellet was then
resuspended in 0.5 mL PBS, and treated using two more
rounds of 5 freeze-thaw cycles as described above. The supernatant from each round of freeze-thaw treatment were
pooled, and passed through a DNeasy mini spin column
(Qiagen, U.S.A.) using the protocol described by the manufacturer. The column was washed with buffers AW1 and
AW2, and eluted with two 50 µL volumes of AE buffer
(Qiagen, U.S.A.). The final pooled sample volume was
100 µL.

Water Sampling
Cyst spiking
Envirochek filtration

1.2 um flat membrane filtration

Sample elution and concentration

Membrane cutting, shaking and concentration

IMS
3-round F-T
DNA extraction

IMS
3-round F-T
DNA extraction

1-round F-T
DNA extraction

1-round F-T
DNA extraction

DNA purification
Real-time PCR quantification
FIGURE 1 - Schematic of the four protocols used in this study. F-T = freeze-thaw .
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To further remove PCR inhibitors, the extracted DNA
sample was treated using Chelex 100 (Bio-Rad, Canada).
25 µL 1000 mg/mL Chelex 100 solution was added to the
eluted DNA, and the sample was shaken at 450 rpm for
30 min. The mixture of DNA and Chelex 100 was transferred into a new DNeasy column, centrifuged at 12,000 rpm
for 2 min, and the eluant volume of about 110 µL was recorded.
Without IMS step, the concentrated sample contained
many inhibitors both for PCR and DNA extraction, so the
above procedure was repeated for two more rounds, and
the final DNA sample consisted of 3 tubes. The sum of the
recovery from each tube was reported as the final recovery.

was extracted using the one round (five cycles) freeze-thaw
treatment described above.
RESULTS
Standard curves

After the specificity of the primers and probes was
tested, standard curves could then be established (Figure 2)
in the succeeding assays. The detection limit for G.
lmablia is about 1 cyst. The PCR efficiency was 0.96.

IMS DNA extraction and purification

Dynal Dynabeads GC-Combo IMS kit (Dynal Biotech, Invitrogen, Norway) was applied in this section as
described by the manufacturer. Briefly, the concentrated
sample was transferred into a flat-sided tube and resuspended. The Giardia-combo beads were incubated with
the buffered sample solution at 18 rpm for 1 h at room
temperature. Bead-cyst complexes were separated using
magnetic particle concentrator (MPC) and the cysts were
then detached from the beads by 0.1 M HCl.
The DNA extraction and purification process was similar to the IMS-free protocol, except that only one round of
freeze-thaw treatment was applied.

40

The amplification reactions were carried out using an
iCycler Multicolor Real-time PCR Detection System (BioRad). Each reaction (25 µl) contained: 300 nM of each
primer; 200 nM of probe; 10 mM dNTP; 4 mM MgCl2;
1× PCR buffer; 1U Jumpstart Taq polymerase (SigmaAldrich); 20 ng/µL Bovine serum albumin (BSA); 10 µL
DNA template. BSA was added to the mixture to reduce
the effect of amplification inhibitors. The amplification conditions were 1 cycle at 95oC for 5 min, 50 cycles at 95oC for
15 s, 60oC for 30 s and 72oC for 30 s. The fluorescent signal was detected at the end of each amplification cycle.
Each sample was tested in triplicate. A standard DNA
series equivalent to about 10,000, 1,000, 100, 10 and
1 cyst(s) from the pure culture, and also negative (H2O)
controls, were included in every assay. The standard DNA

Ct

PCR amplification

Real time PCRs with TaqMan probe were used in this
study to detect and quantify G. lamblia cysts recovered from
the spiked environmental samples. A 63 bp fragment of G.
lamblia small subunit rRNA gene (GenBank accession no.
M54878) were targeted. The primer pair and the probe were
according to Verweij’s work [16]. The forward primer was
5'-GACGGCTCAGGACAACGGTT-3' (positions 80-99),
the reverse one was 5'-TTGCCAGCGGTGTCCG-3' (positions 142-127). The TaqMan probe was 5’ labeled with
fluorescent FAM and 3’ labled with nonfluorescent BHQ1,
the sequence positions were from 105-124, i.e. FAM-5'CCCGCGGCGGTCCCTGCTAG-3'-BHQ1

y = -3.4333x + 36.28
R2 = 0.9962

36
32
28
24
20
0.0

1.0

2.0
3.0
log (cysts)

4.0

FIGURE 2 - Standard curves for G. lamblia
Comparison of the four protocols

The G. lamblia recoveries of the four protocols were
indicated in Figure 2. When 500 cysts were spiked into
the samples, all of the protocols obtained a cyst DNA recovery over 20.0%, with lowest 21.5% and highest 28.1%.
The flat membrane ones seemed to have a little greater recovery than Envirochek filter ones, but in fact not significant (T-test, α=0.05). Since the flat membranes were very
easily clogged by fine particulates in the samples, and it
even required several hours to process 1 L sample. While,
usually greater than 10 L of surface water was concentrated for protozoan detection; flat membranes were not practical for the routine detection of larger volumes of
water, especially for source water because of the relatively higher turbidity. The Envirochek capsule filter was
specially designed to concentrate C. parvum and G. lamblia,
and has a very high throughput for water samples, which
is why these types of filter membranes are typically used.
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DISCUSSION

40

Recovery (%)

30
20
10
0
Envirochek
1
-IMS free

Envirochek
2
-IMS

Membrane
3
-IMS free

Membrane
4
-IMS

FIGURE 3 - Comparison of four protocols in G. lamblia detection
using 5 L (Envirochek) or 1 L (flat membrane) of surface water (all
of the samples were spiked with 500 cysts)
Effect of different water volume and spiked cysts on G. lamblia
recoveries

The recoveries of increasing amounts of G. lamblia
cysts spiked into the samples were also tested (Table 2).
The IMS-free protocol could obtain a DNA recovery close
to 30% when 500, 200, 50 and 10 cysts were tested, but the
recovery was much lower when 5 cysts were tested. For
the IMS method, only dosages of 500 and 10 spiked cysts
were tested. There was no substantial difference in recoveries from 5 L of surface water using the IMS-free and
IMS methods. However, when the sample volume was
increased to 15 L, recoveries using the IMS-free method
(Table 3) were significantly lower than those at 5 L, were
mostly below 3%, with a maximum of 7.8% at 40 cysts.
However, the recoveries using the IMS method were similar to those obtained using a 5 L sample volume, ranging
from 16.9% with 5 cysts to 31.6% with 500 cysts.
TABLE 2 - Recoveries of G. lamblia cyst using Envirochek –
IMS-free and Envirochek-IMS protocols, for 5 L sample

G. lamblia Cysts spiked

Recovery (%)
IMS-free

IMS

500

24.6 ± 5.6

21.5 ± 2.0

200

29.8 ± 12.0

Not done

50

29.0 ± 3.6

Not done

10

28.2 ± 1.2

34.0 ± 13.7

5

4.0 ± 5.6

Not done

TABLE 3 - Recoveries of G. lamblia cyst using Envirochek –
IMS-free and Envirochek-IMS protocols, for 15 L sample.

G. lamblia Cysts spiked

Recovery (%)
IMS-free

IMS

1000

2.4 ± 0.2

Not done

500

2.2 ± 0.6

31.6 ± 0

200

2.1 ± 0.5

25.4 ± 4.2

40

7.8 ± 2.3

20.9 ± 3.5

5

3.0 ± 5.3

16.9 ± 10.5

In this study, the sample volumes used were 1L, 5 L
or 15 L, which is lower than the volumes typically used
for environmental samples using USEPA Method 1623.
However, the turbidity in Laurel Creek is rather high
(about 20-30 NTU), compared with the turbidity of water
in the Grand River in the same city of typically 1-3 NTU,
and drinking water usually below 0.1 NTU. Therefore, the
test using samples from Laurel Creek represent a worstcase scenario, with turbidities higher than those found in
most rivers.
The recoveries obtained through all of the four protocols, though not high, were acceptable [8]. However, it is
worth investigating the factors responsible for the low
recoveries. Our previous work [17] had showed that when
cysts were added to the concentrated surface water samples and processed by DNA extraction and purification, the
DNA recovery could reach 70%-80% even without IMS. If
IMS was applied the recovery efficiency could reach nearly
90% or even higher, which was similar with the result obtained by Hu et al. [18]. However, when cysts were spiked
into surface water samples before filtration, the recovery
was greatly reduced to less than 30% with or without IMS
as in this study (Figure 3). These results suggested that
filtration was the critical step for the final recovery efficiency. Filtration breakthrough might result in cyst loss.
While, the difficulty to elute entrapped cyst from filter
and centrifuge them effectively for concentration was also
the possible reasons.
It was known that there were many PCR inhibitors in
river water, e.g. humic substances, which can neither be
eliminated entirely during purification nor suppressed by
PCR reagents such as BSA [19]. Using a sample volume
of 5 L, the G. lamblia IMS-free method resulted in an
acceptable DNA recovery. However, it was obvious that
increasing the surface water sample volume to 15 L would
result in substantial accumulation of PCR inhibitors and
subsequently a remarkable reduction of G. lamblia recovery if IMS-free protocol was used. But it was different when
IMS was applied instead. During IMS process, the cysts
were separated through the binding of the antibody labeled
with magnetic beads and the antigen, i.e. cyst, and in the
following steps only the pure cysts were processed for PCR
with almost no inhibitors. So it was reasonable IMS maintained acceptable recoveries when a larger volume of water
was tested. The above results suggested that though IMSfree method was much cheaper and simpler, it could be
only used for the determination of the protozoan in drinking water and clean source water. If the sample was seriously contaminated or with high turbidity, e.g. with high
levels of organic particles, and humic substances, IMS
protocol seemed a superior approach.
The low recoveries for the samples spiked with 5 cysts
also suggested that the sensitivity of the protocols were still
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to be increased. Because the levels of G. lamblia and
other waterborne protozoa in clean source water would
hardly be more than 10 cysts per sample, and in drinking
water, this level will be even much lower, much modification must be done on the protocols to gain a higher recovery for their future application in the drinking water biosafety control.

[4]

Karanis, P., Kourenti C. and Smith, H. (2007) Waterborne
transmission of protozoan parasites: a worldwide review of
outbreaks and lessons learnt. J. Water. Health. ,5:1- 38.

[5]

Rose, J.B. and Slifko, T.R. (1999) Giardia, Cryptosporidium,
and Cyclospora and their impact on foods: A review. J.
Food. Prot., 64: 1793-1798

[6]

Betancourt, W.Q. and Rose, J.B. (2004) Drinking water
treatment processes for removal of Cryptosporidium and Giardia. Vet. Parasito., 126: 219-234

[7]

Weiss, J.B., van Keulen, J., and Nash, T.E. (2002) Classification of subgroups of Giardia lamblia based upon ribosomal
RNA gene sequence using the polymerase chain reaction.
Mol Biochem Parasitol. ,54:73-86

[8]

U.S. Environmental Protection Agency (2005) Method 1623:
Cryptosporidium and Giardia in Water by Filtration, Immunomagnetic Separation, and Fluorescent Antibody. Office
of Water, Washington, DC. Publication EPA-821-R-99-006.

[9]

Singh B. (1997) Molecular Methods for Diagnosis and Epidemiological Studies of Parasitic Infections. Int. J. Parasitol.,
27: 1135-1145.

CONCLUSIONS
Four real-time PCR protocols for the detection of G.
lamblia including sample concentration, DNA extraction
and purification, and real-time PCR quantification were
compared in this study.
Flat membrane protocols with and without IMS step
could reach a little higher G. lamblia DNA recovery than
Envirochek filters when 500 cyst spiked into 5 liter water
samples, but the membranes were ready to be clogged,
which strongly suggested these were not practical methods.
Envirochek - IMS-free protocol could get comparable
results with the corresponding IMS method at the sample
volume of 5 L, but failed in G. lamblia detection with 15 L
sample. Envirochek-IMS protocols were competent in the
detection of both sample volumes. The results suggested
that the IMS-free protocol, which was simple and cheap,
should be used for clean source water, drinking water or
samples at lower volume; while the IMS one could be
used for contaminated source water with higher turbidity
and more PCR inhibitors.
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ABSTRACT

their high productivity. Among these, shellfish are heavily
harvested by humans [6,8,9].

Estuaries are among the most productive habitats in
the world, providing important functions and goods. Among
these supplies, shellfish is an important economic resource.
In Portugal (southern Europe), the edible cockle (Cerastoderma edule) is a popular food item for humans, and their
populations are submitted to hard harvesting pressures both
by traditional methods and for recreational purposes. The
population of C. edule was studied for 18 months (20052006) in an intertidal sand flat of the Mondego estuary
(central Portugal). In the beginning of 2005, C. edule
population showed high abundance and biomass. During
the summer of that year, human harvesting increased considerably, resulting in significant changes in the population
structure, dynamics and secondary production. An estimate
on the harvest for the studied area resulted in amounts of
4 to 7 ton shell free dry weight for 3.82 ha area. As a result,
adults practically disappeared, the population structure was
disrupted and the production decreased to negative values
due to over-harvesting.

KEYWORDS: Cerastoderma edule; over-harvesting; secondary
production; population structure.

INTRODUCTION
For a long time coastal areas, particularly the estuaries, have been used for human activities, such as agriculture and fisheries, transport and industry [1-4], as the
human settling around such areas increased. Several of
the most important cities in the world developed within
estuarine areas and became important commercial centers,
which has been the main cause of high pressures over their
communities, natural functions and services [2,5]. Despite
the harsh environmental conditions, estuaries are considered as one of the most productive ecosystems in the world,
providing food, shelter and nursery areas for several species of high economic interest [6,7]. In fact, estuaries provide tangible goods for immediate consumption due to

Bivalves are among the most productive groups of infaunal organisms [9-11]. Since bivalves are a part of human
diet, they have an important commercial interest [12]. They
are usually harvested either by direct capture, or mechanically mediated. The most traditional methods include digging and raking [1 ,6, 12, 13] and more industrial methods
include the suction dredging [1,7].
The common cockle (Cerastoderma edule Linaeus,
1758), from the order Veneroida, family Cardiidae is a
common bivalve in coastal waters, presenting a wide global
distribution. It is reported along the Atlantic coast of Europe,
from the western Barents Sea and northern Norway to the
Iberian Peninsula, and also along the coast of west Africa to
Senegal [14]. During winter months, this species presents a
low or negligible growth [15,16], conferring a marked
seasonal pattern, observable on the shell by the clearly distinguishable external banding, used in many cases to assess
the age. C. edule grow rapidly in their first 1-2 years,
rapidly reaching sizes larger than the predators preferences,
after which growth rate declines with increasing size [17].
Growth rates vary according to the spatial distribution of
the population. Frequently, growth rates decrease with increasing tidal height, probably due to decreased immersion
times and hence reduced food availability at higher shore
heights [16,18]. The highest growth rates in C. edule were
reported in continuously immersed populations [19]. The
population density is another factor that influences the
growth rate, justified by an increase on feeding competition or by direct interference and disturbance due to burrowing and contact between individuals [20].
Due to particular feeding habits, as active suspension
feeder, cockles are important in the pollutants decontamination. However, due to the bioaccumulation of pollutants
and phytoplankton toxins [21], they turn into a public health
threat if used as food [22-24]. Also, as typically feeding on
phytoplankton, zooplankton and organic particulate matter,
they may regulate, in a passive way, the settlement of their
own species juveniles. Larvae and eggs are may be consumed by the adults, which do not have selection mechanism on their feeding targets [25-27].
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In the Mondego Estuary, this species had high adults’
abundance in 2005, which was submitted to harsh harvesting (for the fishers own consumption, or for more commercial orientated purposes). Accordingly, the main purpose of
this research was: 1) to evaluate the population dynamics
of C. edule on the Mondego estuary, and 2) to assess the
effect of the over-harvesting on the population characteristics.
MATERIALS AND METHODS
Study site and sampling programme

The Mondego estuary, located on the Atlantic coast of
Portugal, comprises two different arms, north and south,
separated by an alluvium-formed island (Figure 1). The
north arm is deeper (4 to 8 m during high tide, tidal range
about 1 to 3 m) and constitutes the principal navigation
channel and the location of the Figueira da Foz harbour.
The south arm is shallower (2 to 4 m during high tide,
tidal range 1 to 3 m) and is almost silted up in the upper
zones, constituting a kind of coastal lagoon in which the
water circulation is mostly dependent on the tides and on
the freshwater input, controlled by a sluice, from the Pranto
River [9,28-30].

28, 29, 31], with central coordinates of 40º 7’ 59.1” North
and 8º 50’ 58.95” West, giving a polygon of 3.83 ha, obtained using the ETRS 1989_LAEA (Lambert Azimuthal
Equal Area) coordinate system. This intertidal sandflat has
no vegetation or only sparse vegetation cover, being surrounded by a subtidal water channel.
Samples of C. edule were taken monthly, during
18 months, starting February 2005, with a 30 cm diameter
circular corer during low tide. At each sampling occasion
5 replicates were collected, with a total area of 0.353 m2,
in accordance to previous works of shellfish dynamics, that
suggested sampling devices with area near 0.3 m2 [17, 32].
Each sample was collected to the maximum depth of 15 cm,
with the aid of a small shovel, and washed in situ in a 1 mm2
mesh sieve [17,33]. The samples were preserved with a 4%
buffered formalin solution. Sediment was also collected
for granulometric and organic matter determinations.
Laboratory Procedures

The animals were sorted and then kept in 80% ethanol solution. The ash free dry weight (AFDW) of 94 individuals was assessed after combustion for 8 h at 450º C,
together with the measurement of their maximum length
(mm), for the determination of biometric relationship between total length (TL) and individual biomass (W). The
remaining individuals were all measured and converted to
AFDW according to the determined equation.
The organic matter of the sediment was determined by
loss on ignition (8 h at 450 °C), and the grain size was
analysed and classified according to the following
nomenclature: gravel: > 2 mm; 2.0 mm> coarse sand>
0.5 mm; 0.5 mm> medium sand> 0.250 mm; 0.250 mm>
fine sand> 0.063 mm; 0.063 mm> silt> 0.038 mm; clay<
0:038 mm (adapted from Brown & McLachland [34]).
Data Analysis

The differences among the monthly densities, before
and after over-harvesting, were tested with the KruskalWallis test, using the software package STATISTICA 6.0.
Secondary production was estimated with size frequency method, which enables to estimate production of
populations with asynchronous development. It was used
the modified version of the method proposed by Grémare
et al. [35] (equation 1), which allows to estimate production between-sample intervals:

a −1

((

)(

))

P = ∑ 0,5 N i , j + N i , j +1 − N i , j +1 + N i +1, j +1 ×(W j + W j + i ) × (t )

(equation 1)

j =1

FIGURE 1 - The Mondego estuary, showing the south arm and the
location of the study site.

The sampling site is located in the south arm (Figure 1),
downstream a well documented Zostera noltii meadow [9,

0,5

−1

where N represents the mean abundance; W, individual weight; i index, stands for the sampling dates (i=
1, 2, …, n); j index, size classes (j= 1, 2, …, a); and t the
time between each sampling date. This equation delivers
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the production (P) estimated for the t period. Production
was calculated per month and per year, by summing 12 consecutive months production.
Estimations were made on the amount of C. edule
harvested in the study site, during spring and summer of
2005, using two different approaches:
1. The first consisted on estimating the number of persons collecting the shellfish and the amount collected by
each person. It was considered the spring and summer
situation, and weekends and public holidays, according to
the tidal conditions, that would allow the crossing of the
water channel to the intertidal flat. It only has been considered the days in which the low tide peak happened in
the between 7h30 and 12h, and between 14h30 and 19h,
which seemed to be the most effective periods of the day
to practise this activity, concerning the light conditions. The
number of collectors was multiplied by their estimated
amount of shellfish, regarding the type of day (spring,
summer, or weekend and holidays), and by the respective
€
numbers of days: in the spring, weekends and public
holidays for both spring and summer it was considered that
harvesters capture 10 Kg (fresh weight) each and per day;
and in the summer week days, it was considered an harvest
of 6 Kg (fresh weight) (estimated mean values, based on
the observation of the harvesters).
2. The second consisted in accounting the differences
of biomass per square meter, between the highest peak
and the consecutive value (among the spring and summer
months). So, the difference between the total biomass in
April and May was calculated to estimate the spring capture, and between July and August to estimate the summer
harvesting. The mean value of those differences was then
multiplied by the total area of the C. edule bed.
In the end, values from both methods were converted
to Shell Free Dry Weight (SFDW), according to Brey’s
[36] conversion factors for bivalves.

RESULTS
Sediment characterization and C. edule densities

Previous studies have been conducted in the Mondego
estuary in a Zostera noltii seagrass meadow in the south
arm of the Mondego estuary (Figure 1), located only 100 m
upstream the present study sampling area [9,29,37]. The
data available showed that for the considered years, C.
edule density was much lower in the Z. noltii area than in
the present study site (Table 1). The main differences, besides the absent vegetation cover in the C. edule bed, were
sediment grain size and organic matter content. Higher
percentage of fine sands, much lower percentage of silt and
clay and lower organic matter content was found in the C.
edule bed, the sampling site of the present study, compared
to the Z. noltii area.

TABLE 1 - Organic matter content, grain size analysis, and mean
abundance of Cerastoderma edule for the studied site and for a
surrounding Zostera noltti bed *
Mean abundance
(ind.m-2)± (STD)
Mean organic matter (%)
Gravel
Coarse sand
Medium sand
Fine sand
Silt
Clay
* unpublished data
Grain size (%)

© by PSP Volume 19 – No 12. 2010

C. edule bed

Z. noltii meadows

482±375

15±23

0.81
0.19
4.03
23.41
71.86
0.46
0.06

6.10
1.69
3.82
10.71
53.81
21.24
8.71

Biometric relationship

The relationship between the individual biomass (W,
AFDW) and total length (TL, cm) has been determined:
2

W = 0.000040 × TL2.539696

(equation

2)

(R =0.949805, N=94)

All individuals were measured and this relationship
was used to assess individual biomass of all sampled C.
edule along this study.
Abundance and biomass changes

Regarding abundance and biomass of C. edule (Figure 2), there were significant differences before and after
the summer of 2005 for the entire population (KruskalWallis ANOVA by Ranks H (1 N=19): 6.92; p <0.01), and
for the individuals larger than 15.25 mm (H (1 N=19):
11.72; p <0.001). Considering the individuals larger than
15.25 mm alone, a lower p value was observed, which may
reflect higher harvest impact on the older individuals.
Nevertheless, it was quite obvious that after August of 2005
the whole population decreased nearly 80% in abundance
and 94% in biomass (AFDW).
Population structure

The analyses of the size frequency distributions (Figure 3) showed two dominant peaks (modes), present
until August of 2005, whereas afterwards no modal
pattern could be defined, coincident with the period of the
highest capture of C. edule. Until August 2005, the two
main size groups probably correspond to: 1) juveniles in the
first year, and 2) older individuals, with different ages.
After August 2005, the larger organisms became rare and
without a recognisable modal distribution. Until August
2005, recruitment seems to occur in May after August
2005, smaller size classes became dominant in the population throughout the following study period, suggesting that
the recruitment became continuous.
Secondary production

The initial goals of the present study included the description of C. edule population dynamics, by tracking
recognizable cohorts, and evaluation of the associated
production. Nevertheless, the cohort recognition and tracking
become difficult, due to the elimination of the larger indi-
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FIGURE 2 - Densities of the different size classes (mm) and total biomass of Cerastoderma edule between February 2005 and July 2006. The
white arrow indicates the period of hard harvesting.
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FIGURE 3 - Size-frequency distribution analyses showing the evolution of the population structure of Cerastoderma
edule along the study period
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FIGURE 3 - continued
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FIGURE 3 - continued
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viduals of the population and consequent disruption of the
population structure (Figure 3). Accordingly, secondary
production was estimated by the size frequency method,
modified by Grémare et al. [35], since it enables to compute
production for population with continuous reproduction
and for short time intervals. Monthly production dynamics
followed the trend observed for the biomass (Table 2).
Again, there was a large decrease in the population production during August 2005, concomitant with the season
of highest harvesting on the cockle population. After this
season, production values remained considerably low,
showing that the harvesting effect was devastating to
the population production, as the eventual increase on the
density had not the same correspondence in terms of biomass. By spring 2006, a similar harvesting scenario was
repeated, resulting in negative production values in March
and April (Figure 4) and showing that the elimination was
much higher than the growth production during that particular time period.

TABLE 2 - Annual production, biomass and P/ B ratios for the
Cerastoderma edule during the study period.
Production (g AFDW m-2 year-1)
Total biomass (g m-2)
P/ B

Feb 05 / Jan 06
25.60
40.68
0.63

The tendencies in the monthly production were also
observed on the annual production and P/ B ratio analyses
(Table 2), settled within the 18-month study period to
better detect the harvesting effect. In the first year, February 05 to January 06, production was much higher and
P/ B ratio lower than in the time period of August 2005 to
July 06, after the over-harvesting.
Estimation of total collected biomass

The total amount of biomass driven out from the system estimated by the first method was made considering
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FIGURE 4 - Monthly production and biomass for C. edule (AFDW) along the study period.
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the values of Table 3. The second method (Table 4) accounts for the observed changes of the biomass between
the April and May, and between July and August of 2005,
being afterwards multiplied by the total area of the study
site.
The two methods did not present similar results. As
empirical methods, they could be less accurate. But together, they provide, at least, a close approximation of the
amount of C. edule collected. Values among 4 to 7 ton
SFDW of cockle could have been collected during the
spring and summer of 2005, in a 3.82 ha area.
TABLE 3 - Data used to compute the total amount
Cerastoderma edule harvested in the study area (first method)
# of
collectors
5

Kg /
collector
10

# days

Total Kg

Spring week days
46
Weekends
100
10
41
and holidays
Summer week days
10
6
46
Total amount of collected Cerastoderma edule (FW, Kg)
Total amount of collected Cerastoderma edule (SFDW, Kg)

2300
4100
2760
46060
4007

TABLE 4 - Data used to compute the total amount
Cerastoderma edule harvested in the study area (second method)
Highest value
(g AFDW m-2)

Consecutive value
(g AFDW m-2)

Difference
(g AFDW m-2)

Spring
variation

(April)
109.2

(May)
61.3

47.8

Summer
variation

(July)
109.2

(August)
1.7

107.4

Specific biomass loss (g AFDW m-2)
Total harvest (AFDW, Kg) (by total area)
Total amount of collected Cerastoderma edule (Kg SFDW)

155.3
5900
7169

DISCUSSION
Sediment characterization and settling preferences

As seen before, there are differences between the
densities of C. edule in our sampling site and other nearby
areas where other studies have been conducted. These differences are indeed coherent with some studies on C. edule
sediment preferences. De Montaudouin [39], in a laboratory flume experiment, found evidences of higher C. edule
settling in sandy substrates. Huxham & Richards [40] stated
that this process was passive, not representing a behavioural
choice, but depending on the hydrodynamics. Yet, they also
agree on the same tendency for distribution essentially on
sandy substrates. So, the differences in C. edule abundance
on both sites may be due to the fact that the settlement of this
species was probably more effective on the sandy substrates. As stated by several authors [28, 41, 42], and also
by our own observations, seagrass meadows support higher
biodiversity than bare sandflat, related to the benefits provided by the macrophyte, such as food and shelter. Therefore, an hypothesis concerning competition could be also
considered, as high densities of Scrobicularia plana [9]

and Hydrobia ulvae [29] have been observed in the seagrass area, that could setback the settlement and the growth
of C. edule.
Abundance and biomass changes

August of 2005 was the period of the highest C.
edule harvesting, which was coincident to the summer
holidays period. Along with beach activities, many summer tou-rists, besides local habitants, usually went to the
intertidal areas of the estuary, to capture benthic invertebrates (personal observation). Some invertebrates are used
as bate for recreational fisheries, such as polychaetes; others as a food resource, such as the common cockle. This
activity was probably the main driving factor for the
decline of the studied species.
The above hypothesis is well sustained by size-frequency distribution analyses and the densities associated to
each size-class. There was an obvious disappearance of the
larger individuals (with economic commercial value), which
do not reflect natural predators preferences [43-45], since
the pressure of the larger natural predators (e.g. aquatic
birds) is quite small [46-48]. During July and August of
2005, it was observed a large decrease in the class sizes
over 15 mm, which were the target sizes. In September
2005, the smaller classes became dominant on the population and until the end of the study period there was no
visible recovery of the larger individuals. Smaller size
classes started to show an increase in the spring of 2006,
consistent with a spring recruitment. The spring recruitment agrees with Costa [17] data for estuaries in southwest
coast of Portugal, and also for other different shellfish
species in the Mondego estuary, such as Scrobicularia
plana [9].
The proportion of juveniles in the spring of 2006 was
quite large (increase in abundance in April and May, but
without the corresponding enhancement of the biomass).
This was notoriously different from the one in the beginning of the study in 2005, when adults were abundant,
resulting into higher P/ B ratios from Aug 05-Jul 06 compared to Feb 05-Jan 06. In fact, the main contribution for
the overall population density in the spring 2006 was from
juveniles (mainly individuals smaller than 2.25 mm), which
are more dynamic and have higher turnover rates.
Coffen-Smout & Rees [49] tested the effects of the
harvesting in the reburrowing of cockles. They concluded
that smaller individuals (< 20 mm) were less affected by
the physical impacts of the sediment movement, which can
delay the cockle reaction to physical perturbation. This may
justify why smaller individuals remain in the harvesting area,
despite the mechanical perturbation. Nevertheless, smaller
classes also suffered a decrease in abundance, though in a
smaller scale, which can be related to the sediment perturbation. Consistent with this hypothesis, Kaiser et al.
[12] found in a field experience that short term responses
to raking was a relative decrease in the overall densities.
For the present study, natural predation effects on the
common cockle were not taken into account. The crab
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Carcinus maenas [43,50-52] shrimps, such as Crangon
crangon [43,50-52] and the fish Pomatoschistus microps
[52,53] have been reported as important predators of the
common cockle. McArthur [53] also suggested that the
infaunal predator Hediste diversicolor, when combined with
fish, can contribute to the juvenile mortality of C. edule. All
those predators have been observed in the Mondego estuary, and H. diversicolor has been found during the sorting procedures among our samples. Yet, prey size preferences of these predators are below the size on which
occurred the large structural modification of the studied
population. In fact, the main population decrease occurred
with the larger individuals, which are out of the scale preference of those infaunal and epibenthic predators. Remaining natural predators are the birds, such as waders, which
in fact could feed on the adult C. edule [54,55]. Nevertheless, field observations allowed us to assume that their
pressure over the bivalve bed was much smaller than the
one performed by humans. By this reason, it is acceptable to assume that human pressure has allegedly driven the
decline of the cockle’s population abundance and biomass.
Disruption of population structure

In normal conditions, without the harvesting pressure
that this population was submitted, C. edule would present
a marked population structure due to synchronized settlement of juveniles. This would translate in one benthic recruitment period in spring and a smaller one in autumn, as
studied by Costa [17]. Some authors have mentioned that
the adult cockles can ingest their own larvae and the
postlarvae [17, 56, 57] in an auto-regulation process of the
larvae fixation and subsequent benthic recruitment. Flach
[43] has found negative impacts of the high densities of
adults on the recruitment success of some bivalves species, in-cluding C. edule, for the Swedish west coast. In that
study, Flach [43] reports an interaction of natural predation
and high adults’ densities that reduces the recruitment
success. Before the harvesting pressure, it is possible that
by the end of spring, adults could regulate the population
structure by consuming, among other food sources, their
own epibenthic larvae. This would reduce the juveniles’
settlement and allowed populations with well defined
cohorts. After the summer of 2005, it was observed a sizerelated decline (only the larger individuals are disappearing), consistent with human harvesting preferences. Following this period, continuous benthic recruitment was
observed, with no structured cohort pattern. Since the
larger individuals disappeared, one could suggest that no
population regulation by adults, together with continuous larval supply, allows higher juveniles settlement.
Strasser & Günther [58] found that, for the winter
months, there were an interruption on the larvae supply
for the Waden Sea. In this study, the presence of juveniles, smaller than 2 mm, along all year, even during the
winter, may also be related with a latitudinal gradient, as
suggested for S. plana [9] and for H. ulvae [31], with an
increase in the recruitment periods associated to a decrease of the latitude and warmer temperatures. In August

2006 it was possible to see a new peak of older individuals, near 14 mm, below the harvested sizes, suggesting
that the cockles population may have started to recover.
Secondary production as state indicator of the population

The initial higher production values observed in this
study probably reflected previous years, in which this
species might had favourable growth, structured populations and without the massive harvesting. The annual
values for the first 12 months of the study period were
within the range of those recorded by Sprung [38], for a
intertidal flat in the Southern Portugal for a sand flat.
Afterwards, production decreased considerably (even to
negative values), reflecting the harvesting pressure. P/ B
ratio also showed important variations, which reflected
the changes in the population structure of the cockle. In
natural populations, the P/ B ratio generally decreases
with the age, so low values are expected for long-living
organisms, such as bivalve species [11]. In the beginning
of this study, a lower P/ B ratio was observed consistent
with the clear dominance of the larger individuals. After
the harvesting, smaller individuals became dominant in
the population and the P/ B ratio increased considerably.
Adults, with higher biomass, use more energy to respiration and reproduction, so their P/ B ratios will be lower
than the P/ B ratios for the smaller individuals, which
applies most of their energy in growth [10]. This is consistent with the fact that this species has a very fast growth
during their first year, as a defensive method, reaching sizes
which are not under predation [17,43].
Considering the harvest estimations, it is remarkable
that such small area provided 4 to 7 (SFDW) ton of the
exploited resource, reflecting suitable conditions for the
development of C. edule in our sample site. Nevertheless,
the overall impact of the harvest was the disruption of the
population structure of that area and still little is know about
its possible recovery. It is generally accepted that infaunal
communities of dynamic sandy habitats recover from
physical dis-turbances more rapidly than those from depositional, muddy sediments [59]. In our case, we have intermediary sediment type and the resilience of the population is
unknown. So, an accompaniment study should be made, in
order to detect the effect of the harvesting over a longer
period and to clarify the resilience of the population to this
anthropogenic impact, so that proper management
measures can be taken.
Final considerations

In the beginning of our study, the C. edule bed held a
density as large as 1036 ind m-2 and biomass as high as
109 g AFDW m-2. Comparing to the considerably lower
abundance values found on the surrounding areas, there
might be preferred conditions for the fixation and development of the C. edule in our study area, due to sediment
characteristics or even competition with other bivalve
species. In the beginning of the study period, two size class
modes could be observed on the population, regarding
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juveniles and adults of several ages. As result of a highly
intensive harvest season, after August 2005, the population structure changed considerably, due to the disappearrance of the older individuals, i.e. the class sizes larger than
15-20 mm. This caused a visible disruption of the population
structure as an effect of unregulated human harvesting.
Without an effective management of the stocks, populations of such infaunal invertebrates used for human consumption could suffer devastating effects. The decline of
abundance, biomass and production of the cockle population from the Mondego Estuary due to over-harvesting
may be seen as an indicator that the public knowledge on
the functions and goods provided by those coastal natural
systems should be enhanced. The conclusions of this study
should therefore be taken into account for future management plans, to establish limits of harvesting in order to
avoid total depletion of the natural populations. This shows
that science, as stated by Cömert [60], can be employed in
the decision process on coastal management. Sustainable
use of the natural resources is only possible if scientific
knowledge, even in its simplest form, became more accessible to general public, stakeholders and policy makers.

The authors are indebted to all the colleagues that assisted in the field and lab work.
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ABSTRACT

INTRODUCTION

Three types of passive sampling devices (two samplers
based on a silicone polymer sheet and semipermeable
membrane devices) were calibrated for the measurement
of time-weighted average (TWA) concentrations of hydrophobic micropollutants, including polycyclic aromatic hydrocarbons and organochlorine pesticides, in water. During a 28 day exposure to constant analyte concentrations,
linear uptake was observed into silicone rubber sheets for
compounds with log Kow > 4.5. With exception of compounds with log Kow < 4 in SPMDs, uptake into all passive samplers was controlled by the water boundary layer
(WBL). Thus, sampling rates are expected to vary widely
depending on hydrodynamic conditions during field exposure. Sampling rates of highly hydrophobic polycyclic aromatic hydrocarbons (log Kow > 6) in all calibrations were
significantly underestimated in comparison with the theoretical model that is based on diffusion of analytes in WBL.
The difference could be explained by the effect of sorption
to colloids present in water in the calibration tank. Since an
independent measurement of analyte exchange kinetics using
performance reference compounds was not performed, sampling rates in the field were calculated for anthracene using
its concentrations in collected spot samples. Field sampling
rates for the rest of compounds with log Kow > 4.5 were
estimated using laboratory-derived calibration data adjusted
for field exposure conditions. Application of this approach
is demonstrated in a field study in which TWA aqueous
concentrations from sampler data for target analytes correlated well with concentrations obtained from spot samples of water collected during the sampler deployment.

Passive sampling techniques are widely applied to assess exposure and contamination in water, air and soils.
These techniques allow determination of the time-weighted
average concentration of freely dissolved pollutant fraction over extended periods of time. Passive samplers are
cheaper than conventional methods, their manipulation is
simple, no power is needed and they can be used in harsh
conditions. Diffusion of organic pollutants from sampled
media to the sampler is driven by a difference in the chemical potentials. One of the most common applications of the
passive sampling devices is the estimation of time weighted
average (TWA) concentrations of pollutants for environmental risk assessment. The concentration found in a passive sampler can be used for estimation of TWA water concentration in field situations providing accurate calibration
data is available.
The accumulation of chemicals by passive samplers
is characterized by an initial linear uptake stage followed
by curvilinear and equilibrium partitioning stages. The exchange process between a passive sampler and water is described as follows [1]:

N = ms K swCw (1 − e − k e t )

where N is the mass of a target compound in the sampler at time t, ke is the exchange rate coefficient, KSW is
the sampler/water partition coefficient, mS is the mass of
the sampler and Cw is the concentration of a target analyte
in water. In the initial uptake phase, when the exponential
term is very small (<< 1), chemical uptake is linear or integrative. Then, in the linear region Eq. 1 can be reduced:

N = RS CW t
KEYWORDS: calibration, passive sampling, persistent organic
pollutants, semipermeable membrane devices, silicone rubber

(1)

(2)

where RS is the sampling rate of the system, representing the equivalent extracted water volume per unit of
time. A model for estimation of RS that combines the re-

2816

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

sistance to transport in both the water phase and the sampler is often applied in the passive sampling literature [24]:

⎛ 1
1 ⎞
⎟⎟
RS = ko A = A ⎜⎜ +
k
k
K
s sw ⎠
⎝ w

(3)

where ko is the overall mass transfer coefficient, A is a
surface area of the sampler, kw and kS are the mass transfer coefficients through the water boundary layer (WBL)
and the sampler, respectively.
The sampling rate RS is dependent on a variety of factors including water flow velocity, water temperature and
biofouling [2, 5-7]. Correction for this variability can be
achieved by estimation of RS from the dissipation rates of
performance reference compounds (PRCs) spiked into the
passive sampler prior to exposure. The dissipation rate is
equal to the rate of the uptake process, and it is equally
affected by variability in environmental factors [1, 8].
Laboratory-derived calibration data are necessary to
establish the relationship between RS and Kow in order to
apply RS estimated for compounds with moderate hydro-

phobicity (e.g. PRCs) to compounds in a higher Kow range.
In this study, the relationship between RS and log Kow was
investigated for three different passive samplers (two silicone polymer sheets and semipermeable membrane devices,
SPMDs) for a range of polychlorinated biphenyls [9], organochlorine pesticides [10] and polycyclic aromatic hydrocarbons [6] in a flow-through system. Application of calibration data in a field exposure without the use of PRCs
is demonstrated.
MATERIALS AND METHODS
Materials and chemicals

Organic solvents dichloromethane, methanol, n-hexane,
cyclohexane and chloroform were obtained from Lab-Scan,
Ireland and Sigma-Aldrich, Czech Republic. Standards of
16 polyaromatic hydrocarbons (PAHs), 6 polychlorinated
biphenyls (PCBs), organochlorine pesticides (OCPs) and
internal standards (p-terphenyl, PCB 121) were obtained
from Sigma-Aldrich, Czech Republic. Physicochemical
properties of test analytes are given in Table 1.

TABLE 1 - Selected physicochemical properties of test analytes at 25°C.
Compound

MWa
(g mol-1)

log Kowb

log KSWc
Altesil

Naphthalene
128.2
3.37
3.03
Acenaphthylene
154.2
3.92
3.02
Acenaphthene
152.2
4.00
3.25
Fluorene
166.2
4.18
3.79
Anthracene
178.2
4.54
4.21
Phenanthrene
178.2
4.57
4.11
Fluoranthene
202.3
5.18
4.62
Pyrene
202.3
5.22
4.67
Benzo(a)anthracene
252.3
5.90
5.32
Chrysene
228.3
5.86
5.25
Benzo(b)fluoranthene
228.3
5.91
5.74
Benzo(k)fluoranthene
252.3
5.90
5.74
Benzo(a)pyrene
252.3
6.04
5.70
Indeno(1,2,3-cd)pyrene
276.6
6.50
6.06
Dibenzo(a,h)anthracene
278.4
6.75
6.24
Benzo(g,h,i)perylene
276.3
6.50
6.02
PCB28
257.6
5.67
5.53
PCB52
292.0
5.84
5.80
PCB101
326.4
6.38
6.28
PCB138
326.4
6.74
6.77
PCB153
360.9
6.83
6.72
PCB180
360.9
6.92
6.98
p,p´-DDE
318.0
5.70
5.67d
p,p´-DDD
320.1
5.50
5.48d
p,p´-DDT
354.5
6.19
6.14d
α-HCH
290.8
3.70
2.60e
β-HCH
290.8
3.80
2.60e
γ-HCH
290.8
3.80
2.60e
δ-HCH
290.8
4.10
2.60e
a
Molecular weight (MW)
b
Octanol-water partition coefficient [17, 18].
c
Silicone rubber-water and LDPE-water partition coefficients [19]
d
Data interpolated from the log Kow- log Ksw correlation
e
Data from Paschke and Popp [20]
g
Partitioning equilibrium has been likely achieved during 28-days exposure.
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log KSWc
LDPE
2.81
3.16
3.62
3.77
4.33
4.22
4.93
5.10
5.73
5.78
6.66
6.66
6.75
7.40
7.32
7.27
5.40
5.55
6.18
6.82
6.81
7.24
-

Altesil
Eq.g
Eq.g
Eq.g
0.98
1.53
4.83
1.22
1.66
0.48
1.14
0.82
0.84
0.56
0.35
0.12
0.33
1.79
1.89
1.66
1.75
1.37
1.42
1.92
1.52
0.53f
0.87
Eq.g
0.84
Eq.g

RS
(L d-1)
SPMD
n.d.h
n.d.h
Eq.g
2.19
15.59
3.07
10.76
7.29
5.83
7.01
5.36
4.70
2.55
2.84
2.35
2.45
6.62
6.17
4.80
4.94
3.34
3.89
5.20
7.71
3.04
1.01g
0.33g
1.87g
0.54g
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not determined

Sampler preparation

SPMDs were prepared according to the procedure described by Huckins et al. [11]. The layflat low density polyethylene (LDPE) tubing was purchased from Polymer Institute Brno, Czech Republic. The LDPE tubing (width 3 cm,
thickness 80 µm) was cut into 83 cm pieces and thermosealed at one end with a heat sealer (ETA 0762, Czech
Republic). To remove monomers and other impurities the
LDPE was extracted in n-hexane for 48 h with solvent exchange after 24 h. The tubing was filled with 1ml of triolein (≥97% purity, Sigma-Aldrich, Czech Republic) configured as a thin film and thermo-sealed at the other end.
SPMDs had surface area of ≈ 460 cm2.
Silicone rubber (SR) sheets from two producers Rubena
(Rubena, Czech Republic) and Altesil (Altec, Great Britain)
were used in this study. The wall thickness of SR Rubena
and SR Altesil was 0.1 and 0.5 mm, respectively. Two types
of SR were prepared using the procedure described by
Rusina et al. [4, 12]. SR sheets were cut into pieces of
size 25 × 9.3 cm with surface area of ≈460 cm2. Two
cleaning steps were applied to remove oligomers, other
impurities and talcum powder from the surface. At first,
SR was shaken in ethyl acetate for 1 d, and then Soxhletextracted in methanol for 12 h, wiped with a paper tissue
and air dried in a fume-hood overnight.

samplers were placed on stainless steel holders inside exposure tank. Two different orientations of sampler holders
were used for exposure of SR and SPMDs, respectively.
The control tank contained three samplers and the exposure tank up to 9 samplers.
The exposures of SR lasted up to 28 days, during
which triplicate samplers were removed at set time intervals and analysed to determine the concentrations of accumulated test chemicals. Following exposure, the devices
were removed and the samplers were extracted to determine the mass of each analyte present in the sampler.
In the first experiment with SPMDs, five samplers
were exposed for 28d. The average concentration of pollutants in the exposure tank was 33.5 ng/l and the flow
rate was 3.05 l/h. In the second experiment, two types of
SR (Altesil and Rubena) were exposed in the same exposure tank. Nine sheets of each type were installed and
triplicate sheets from each type were collected after 7, 20
and 28 d, respectively. The average concentration of pollutants was 15 ng/l and the flow rate was 5 l/h.

Calibration experiments

In each experiment up to 9 passive samplers of each
type were exposed in a constant concentration flow-through
exposure system. This system was devised to allow calibration of the sampling devices to be made under controlled
conditions of temperature (22°C), water turbulence, and
analyte concentration (Fig. 1). It was operated in a temperature-controlled dark room. The system consisted of two
glass tanks with an overflow to waste. Sterilised (using an
UV lamp) and degassed (using helium) tap water and the
solution of test analytes dissolved in methanol were mixed
using a magnetic stirrer in a mixing tank at known and controlled rates and pumped into the exposure tank. Uncontaminated tap water was pumped into the second, control
tank. Water was fed to the exposure tank using a peristaltic pump at a constant flow of 3-5 L h-1, allowing a complete renewal of water in the tank every 4-6 h. Test chemicals were dissolved in methanol (667 µg L-1) and the appropriate amounts of stock solution (1.5 - 2 µL min-1) were
delivered into exposure tank using a second peristaltic
pump. A nominal concentration of 15-35 ng L-1 for each
analyte was maintained throughout the experiments. The
resulting methanol concentration in the exposure water
did not exceed 0.0001 % (v/v). The effective flow velocity in both exposure tanks was 4 cm s-1.
Prior to each exposure, the apparatus was operated for
a minimum of 4-6 h without samplers to allow for stabilization of the water concentration of analytes. To ensure uniform hydrodynamic conditions in the vicinity of samplers,

FIGURE 1 - Exposure apparatus used in flow-through calibration
of passive sampling devices: 1-tap water inlet, 2-vertical tube, 3helium cylinder, 4-UV tube for water disinfection, 5, 6, 8-peristalic
pumps, 7-solution of analytes in methanol, 9-mixing tank, 10- tank
for exposure of samplers to uncontaminated water, 11- tank for
exposure of samplers to contaminated water.
Extraction and analysis

Following exposure, SPMDs were rinsed with tap water and distilled water and then wiped with a paper tissue.
For a better analyte recovery, the cleaned SPMDs were perforated with scissors and SPMDs (membrane with triolein)
placed into a vial and extracted by dichloromethane for 3 d
according to Lebo et al. [13]. The extract was reduced in
volume to about 2 ml using gentle stream of high purity
nitrogen. To remove polyethylene waxes and triolein the
extract was cleaned by gel permeation chromatography
(GPC) using BioBeads S-X3 200-400 mesh according to
Luellen and Shea [14]. The flow rate of chloroform was
0.6 ml/min and sample collected between 25 and 42 min.
The cleanup for analysis of PAHs was performed on a
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silica gel column, a sulphuric acid modified silica gel
column was used for PCB/OCP analysis in samples [2].
Extracts were reduced under a stream of nitrogen. Terphenyl and PCB 121 were used as internal standards for
analysis of PAHs and PCBs, respectively. Samples were
analysed using GC/MS.
The surface of SRs was cleaned before extraction in
the same way as SPMDs. SRs were Soxhlet-extracted for
12 h in methanol. The extracts were reduced in volume to
15 ml using Kuderna Danish concentrator. The final evaporation was provided with a gentle stream of high purity
nitrogen to about 2 ml. The samples were cleaned up
using silica gel column, reduced and internal standards
were added. Samples were analysed by GC/MS [4, 15].
The extracts were analyzed by GC/MS on an Agilent
6890 equipped with a DB-5MS column (60 m × 0.25 mm
i.d., film thickness 0.25 µm, carried gas He). The sample
was injected in splitless mode. The temperature program
was 80°C (hold 4 min) increase at 15°C/min to 180°C
(hold 15 min), increase at 5°C/min to 310°C (hold 20 min).
The MS parameters for both GC methods were: interface temperature 280°C, ion source temperature 250°C,
electron impact (EI) ionization mode at 70 eV. Analysis
was performed by selected ion monitoring (SIM) applying
two or three characteristic ions for each compound in both
detection and quantification.

time period (0 to t). CF presents equivalent volume of
water extracted by sampler for a given period of time.
Characteristic analyte uptake curves for the sampler are
shown in Figures 2 and 3.
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FIGURE 2 - Uptake of selected PAHs in the Altesil sampler in a flowthrough exposure at nominal water concentration of analytes 15 ng L-1.
The drawn lines show the linear fits of the data using Eq. 4.
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The field study was performed at the sampling site
Spytihněv (WGS84: 49°08'08,7" N, 17°30'11,9" E, altitude
188 m) in the Morava river (south-eastern part of the Czech
Republic). This area is an industrial and agricultural region with 10 cities and 72 villages [16]. SRs were transported to the field in a cool box. SRs were placed in a
stainless steel holder and exposed for 28 days. After period of sampling SRs were packed in two layers of aluminium foil, put in a polyethylene zip-lock bag and transported to the laboratory. Until analysis samples were stored in
a freezer at -18°C.
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Data analysis

The experimentally determined time courses of the
amounts of individual test substances in the Altesil sampler were fitted by linear regression analysis using modified Eq. 2 in form

N (t )
= CF (t ) = RS t
CW

(4)

Where CF(t) is the concentration factor obtained by
dividing the accumulated amount of analyte after defined
time period t (0, 7, 20 and 28 days, respectively) by the
average concentration in the exposure tank for a given

0
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FIGURE 3 - Uptake of selected PCBs and organochlorinated pesticides in the Altesil sampler in a flow-through exposure at nominal
water concentration of analytes 15 ng L-1. The drawn lines show the
linear fits of the data using Eq. 4.

Because an independent measurement of analyte exchange kinetics using PRC was not performed, an alternative check was performed that the uptake of analytes was
linear and integrative during the whole exposure period.
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Uptake remains essentially linear until 50% of equilibrium concentration is reached. The time it takes to reach the
equilibrium concentration (t1/2) is related to the elimination rate constant and can be estimated:
(5)
t1 / 2 = ln 2 k e ≈ ln 2 K SW ms / Rs
where KSW is the sampler/water equilibrium partitioning coefficient. KSW values published recently by Smedes
et al. [17] were used. For HCH isomers, KSW values for
bulk silicone material were not available and log KSW =2.6,
obtained using solid phase microextraction fibre coated with
polydimethylsiloxane was used [20]. The estimate shows
that, with exception of HCHs (excepting δ-HCH), naphthalene and acenaphthylene (t1/2 = 5, 10 and 18 days, respectively) with low values of partition coefficient (log Ksw <
3.7) compounds should accumulate into samplers in linear
uptake mode during the whole exposure period of 28 days.
For SPMDs, uptake kinetics were not measured. Thus,
sampling rates were estimated using a single point calculation from amounts accumulated after 28 days of exposure.
Linear uptake regime during this exposure time was also
checked for individual analytes using Eq. 5 and KSW data
available from literature [21]. Calculated sampling rates
are shown in Table 1.
Comparison of two silicone rubber samplers

In the experiment with SR, identical exposure conditions were applied by the use of samplers with exactly the
same surface area and geometry. They were also positioned
in the exposure chamber in the same position. When uptake
is linear (integrative) and WBL controlled and samplers are
exposed in the flow through system under the same hydrodynamic conditions, masses of analytes absorbed by the
samplers should be the same. Moreover, because both samplers are made of silicone rubber with similar properties
(diffusion and partition coefficients of analytes), absorbed

masses of analytes in the linear uptake phase are expected
to be very similar even for compounds accumulated under
membrane control (less hydrophobic compounds). The only
difference in absorbed mass is expected for compounds that
reach partition equilibrium during exposure (some of those
with lowest KSW values), for which the ratio of accumulated amounts in both samplers should be:

N1∞ K sw1ms1
=
N 2 ∞ K sw2 ms 2

(6)

where Ni ∞ is the amount in a sampler accumulated at
equilibrium. When equality of partition coefficients Ksw in
both polymers is assumed, ms1= 14 g (Altesil) and ms2 =
12 g (Rubena), the expected ratio of N1/N2 at equilibrium
is 1.17. Considering the average variation in the experimental data of cca 10%, it seems unlikely that a significant difference in accumulated masses could be observed
for compounds that reached partitioning equilibrium.
In agreement with theoretical considerations, the 28 day
exposure resulted in the measurement of similar masses of
all analytes for both SR polymers (Figs. 4 and 5). In comparison with Rubena, Altesil contained slightly higher
amounts of PAHs and lower concentrations of PCBs and
organochlorine pesticides. The same pattern was obtained
for data from 7 and 20 day exposures. Because these differences were small, it cannot be unambiguously judged
whether the differences originate in differences of SR material properties or in the bias of methods used for analyte
quantification. In linear uptake phase, Rubena shows a
comparable performance with Altesil and calibration data
obtained for Altesil can be applied for both polymers. Po-
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FIGURE 4 - Mean amounts of PAHs accumulated in two different SR samplers after 28 days of exposure at 15 ng L-1.
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FIGURE 5 - Mean amounts of PCBs and organochlorine pesticides
accumulated in two different SR samplers after 28 days of exposure at 15 ng L-1.

tential differences in partition coefficients require further investigation. However, practical experience with Rubena
shows that the polymer contains some components that
complicate sample extraction, cleanup and instrumental
analysis. Rubena is a type of industrial silicone that is surface
treated with coating of chalk and we recommend Altesil as
a better choice.
Comparison of Altesil and SPMD

As stated earlier, when a) uptake is linear (integrative) and WBL controlled and b) samplers with the same

surface area are exposed in the flow through system under
the same hydrodynamic conditions, masses of analytes absorbed by the samplers should be the same and independent of the sampler material. When comparing data obtained
from SPMD and Altesil exposures, it is necessary to consider that the condition b) was not fulfilled. Although the
samplers had the same surface area, their geometry was
different. SPMDs are stripes 83×3 cm and Altesil sheets
were rectangles 25×9 cm. Although the linear flow velocity in the calibration apparatus was maintained the
same (4 cm s-1), the difference of sampler orientation in the
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exposure chamber can cause significant differences in local
hydrodynamic conditions. These result in differences in the
thickness of the WBL at the surface of the sampler and
consequently in the sampling rates of compounds accumulated under WBL control. Indeed, sampling rates of analytes accumulated in integrative regime in SPMDs were
on average 5.8 times higher than those obtained for SR.
Prolonged linear uptake is favoured in samplers with high
accumulation capacity, given as a product ms×KSW. High capacity of the Altesil sampler used in this study is achieved by
the use of higher amount of sorptive material (14 g) in comparison with other samplers, e.g. the standard SPMD (5 g).
Theoretical model of analyte uptake

To obtain information on the processes that affect the
sampling rates obtained in calibration studies, data were
compared with the theoretical model for estimation of RS
that combines the resistance to transport in both the water
phase and the sampler (Eq. 3).
Membrane control

The value of mass transfer coefficient in sampler material kS (Eq. 3) can be calculated from the diffusion coefficient in the sampler material (DS) and the half-thickness
of the sampler δS:

kS =

DS

(7)

δS

The corresponding sampling rate of compounds accumulated fully under membrane control with negligible
resistance to mass transfer in WBL (1/kw << 1/(kSKSW) is
given:

RS = k S K SW A =

DS K SW A

δS

(8)

Diffusion coefficients of analytes of interest in SR
were reported recently [12]. At laboratory temperature,
for analytes of interest they range from 10-9 to 10-11 m2 s-1
and they decrease with molecular volume. Diffusion coefficients in LDPE are 2 to 4 orders of magnitude lower
than those in SR, ranging from 10-12 to 10-15 m2 s-1 at 25°C
[12]. Partition coefficients between various polymers including silicone rubber, LDPE and water were published,
too [19]. Application of these values, δS = 2.5 and 0.08 mm
for Altesil and SPMD, respectively, yields the estimate of
sampling rates that can be potentially achieved if the resistance of the WBL was negligible and compounds were
accumulated completely under sampler control. For Altesil,
estimated maximum achievable sampling rates are more
than three orders of magnitude higher than those determined in our experiment. For SPMDs, calculation yields
sampling rates for compounds with log Kow > 4 that are
more than two orders of magnitude higher than those determined in our experiment. This indicates that all compounds with log Kow > 4 were accumulated under WBL
and the resistance to mass transfer in the sampler material
can be neglected. Less hydrophobic compounds (e.g. HCH

isomers, and some less hydrophobic PAHs) may be accumulated under membrane control in SPMD [7].
Water boundary layer control

We demonstrated that most compounds under investigation were accumulated under WBL control. When neglecting the resistance to mass transfer in the sampler, sampling rates that are controlled by the WBL can be modeled as

RS = k w A

(9)

where kw is the mass transfer coefficient in the WBL.
In general, kw increases when flow rates and turbulence
intensities increase. The typical relation between kw and
the diffusion coefficient can then be summarized as [22]

k w ≈ Dw2 / 3

(10)

Because sampling rates are commonly given as a function of log Kow, Booij et al. [2] expressed log Dw for PCBs,
PAHs and chlorobenzenes as a function of log Kow, and
obtained
−0.044
R S = ABW K ow

(11)

where Bw is a constant for a given exposure, but may
vary among exposures according to differences in hydrodynamic conditions and sampler geometry. ABw has the
same units as RS and the value equals the hypothetical sampling rate for Kow = 1. The equation predicts the sampling
rates to weakly decrease with increasing log Kow in the
high log Kow range. Depending on models used for estimation of diffusion coefficients, the dependence may vary
from RS ≈ Kow-0.02 - Kow-0.06 [4]. Rusina et al. [4] confirmed
this theory; in a calibration of silicone strips for PAHs
and PCBs that experimental Rs was proportional to Kow0.08
.
In contrast to the theoretical model, steeper decrease
of sampling rates of SR with increasing hydrophobicity
was observed in our study. In the range where uptake is
WBL controlled (log Kow > 4.5), our data show that Rs ≈
Kow-0.13, however, with a low correlation coefficient (R2 =
0.09). Much better correlations where obtained when Rs
were related to Kow for individual classes of compounds.
Dependences Rs ≈ Kow-0.62 (R2 = 0.90) and Rs ≈ Kow-0.10 (R2
= 0.56) were obtained for PAHs and organochlorine pesticides, respectively. Similar dependencies have been shown
in experimental data obtained in other calibration studies,
e.g. Rs ≈ Kow-0.26 and ≈ Kow-0.85 for SPMD [23] and Chemcatcher [24], respectively.
Analytes adsorbed on colloids or particles are not directly available for sampling with passive samplers. A
possible reason for a large drop in measured sampling
rates of very hydrophobic compounds may be the overestimation of dissolved aqueous concentrations due to sorption of analytes to dissolved organic carbon (DOC). Burkhard [25] reviewed contaminant sorption by dissolved organic matter. Using several hundreds of DOC-water partition coefficients (KDOC) reported in these studies, he found
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that DOC-water partition coefficients for naturally occurring DOC (humic and fulvic acids, sediment pore water,
soil pore water, groundwater, and surface water) was best
described by

log K DOC = log Kow − 1.11

(12)

The 95% confidence interval amounted to 1.3 log
units, which corresponds to a scatter in the KDOC values by
a factor of 20.
Adopting Eq. 11 for the sampling rate of truly dissolved analytes, and the Burkhard relationship for sorption to DOC, the apparent sampling rate (RS,app) is given by
RS , app =

−0.044
−0.044
RS
ABW K ow
ABW K ow
(13)
=
=
1 + [DOC ]K DOC 1 + [DOC ]K DOC 1 + [DOC ] QK ow

where Q is dependent on DOC quality (Q = 10−1.11 ≈
0.078 for DOC of average quality; see Eq. 11).
In order to check if Eq. 13 sufficiently describes the
experimental sampling rates, this model was fitted to the
calibration data for compounds accumulated under WBL
(with log Kow > 4.5) and assuming a log normal distribution of errors.
2

logRS = log ABW − 0.044 log KOW − ∑ zi log(1 + [DOC ]Qi KOW )

(14)

where log Kow is the independent variable; zi are indicator variables taking the value zi = 1 for experimental
data for the i-th group of compounds (i= 1 for PAHs and
i=2 for organochlorine compounds, respectively), for the
rest of the data, zi= 0; and log RS is the dependent variable. log ABw and log Qi [DOC] are adjustable parameters.
Sampling rates of DDT were excluded from the calculation, because they seemed underestimated due to a measurement error of water concentration that was taken for
calculation. Results of the fit are shown in Figure 6 and in
Table 2. Inclusion of a DOC-sorption term in the model
significantly improved the log RS − log Kow fit for the
calibration data.
Unfortunately, DOC concentrations in water from the
calibration apparatus were not measured. Thus, the DOC
quality could be only roughly estimated, assuming a hypothetical concentration of DOC of 0.5 mg L-1. Values of
log Q fall within the 95% confidence range of log Q values (−2.4 to +0.2) reported by Burkhard [25]. Although
the evidence is indirect, sorption to DOC probably caused
an underestimation of the sampling rates of highly hydrophobic compounds in this study. The applied model indicates that different decrease of apparent sampling rate with

i =1

TABLE 2 - Nonlinear regression analysis results of log RS to log Kow using Eq. 14.a
Sampler
n
r
s
log ABw (L d-1)
log QPAH [DOC]
Altesil
21
0.94
0.13
0.54 ± 0.04
- 5.74 ± 0.09
SPMD
21
0.86
0.13
1.16 ± 0.05
-6.24± 0.12
a
nonlinear regression was performed using SigmaPlot for Windows Version 11.0
b
assuming [DOC] = 0.5 mg L-1

increasing hydrophobicity for both groups of compounds
may be explained by stronger adsorption of PAHs to
colloidal matter in the experimental system than was the
case for PCBs and organochlorine pesticides included in
the datasets.

log QPCBa(cm3 g-1)
-2.3
-1.2

1.0

0.5

0.0

-0.5

log Rs

An underestimation of the sampling rate by a factor
of 2 occurs when Q [DOC] Kow = 1. Inspection of the data
shows that sampling rates of compounds with log Kow
values greater than 5.7 for PAHs and 7.55 for organochlorinated pesticides and PCBs, respectively, may have been
underestimated. Experimental data for PCBs seem to be
less affected by sorption phenomena than data for PAHs.
For SPMD data, where only a single point in time calculation of RS was performed, similar results were obtained
(Table 2).

log QPAHa (cm3 g-1)
-0.4
-0.5

log QPCB [DOC]
-7.55 ± 0.33
-6.94± 0.16

-1.0

-1.5

-2.0

-2.5
4

5

6

7

log KOW

FIGURE 6 - Dependence of the sampling rate log Rs in Altesil on the
octanol/water partition coefficient log Kow for PAHs (full dots),
PCBs and OCPs (empty dots). The lines correspond to Eq. 14 with
the values of optimized parameters given in Table 2. The dashed line
shows the theoretical model of diffusion in WBL [2], Eq. 11.
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The the difference of log ABw in the two experiments
is 0.62 which means that sampling rates determined in the
experiment with SPMDs were on average four times higher
than those in experiment with SR. This corresponds well
with the mean value of sampling rate ratio of 5.8 for compounds accumulated in integrative regime. Data corrected
for the effect of adsorption do not contradict the validity
of the theoretical model (kw ≈ Dw2/3).
Methods for independently measuring the extent of
sorption to DOC should be included in future calibration
experiments. Alternatively, methods of calibration, based
on distribution of analytes between dosing and acceptor
sheets that do not require measurement of analytes in the
water phase should be applied [4].
Application of calibration data in field situations

Evaluation of calibration data obtained with the two
passive samplers indicates WBL control over accumulation
of all analytes with log Kow > 4. Because of WBL control
over the mass transfer, sampling rates are expected to vary
widely depending on hydrodynamic conditions during exposure. Without the availability of information on in situ
exchange kinetics from performance reference compounds
(PRC), the error in estimate of sampling rates in a real situation can reach several orders of magnitude, depending on
the difference of the hydrodynamic conditions between laboratory and the field. Without the availability of data from
PRC elimination, an alternative method for minimizing the
error in in situ RS estimate is essential. In situ sampling rates
can be estimated using Eq. 11. The value of BW is variable
in field conditions and it depends on local hydrodynamic
conditions, sampler geometry and temperature. Thus, it has
to be determined for each field exposure. For this purpose,
it is necessary to determine the sampling rate for at least
one compound under investigation. Preferably, it should be
a) a compound that can be found both in the passive sampler and in the water phase at quantifiable concentration;
b) a compound that is accumulated under WBL control and
remains in linear uptake phase during the whole sampler
exposure; c) the compound should be present in the sampled water predominantly in the dissolved phase. These
conditions are fulfilled for moderately hydrophobic compounds with log Kow ≈ 4.5, e.g. phenanthrene or anthracene.
For such compound, in situ RS can be estimated using rearranged Eq. 2:
RS =

N
CW t

extrapolated using Eq. 11 with adjusted exposure specific
log ABW value.
This approach was tested on data from a field study
performed in the River Morava at the sampling site Spytihněv in July 2007. Analyte concentrations obtained using
passive sampling with Altesil (CTWA) and spot samples
taken before and after sampler exposure (Cb) are shown in
Table 3. For anthracene, site specific value of log ABW of
0.74 was calculated. This means that sampling rates at the
sampling site were less than factor two higher than in the
calibration study with Altesil. Nevertheless, this similarity
in exposure conditions is likely only a coincidence. The
mean calculated ratio of CTWA/Cb of 2.8 is acceptable,
considering possible fluctuation of water concentrations at
the sampling site during exposure, which is not reflected
in data from spot samples. A good correlation was obtained between concentrations obtained from Altesil SR
and those obtained from spot sampling, assuming log
normal data distribution.

log Cb = -0.263 + 0.868 logCTWA

(16)

N= 21, R = 0.861, s = 0.40
Passive sampling data slightly overestimate data obtained using spot sampling. From theory, elevated difference between spot and passive sampling is expected for
very hydrophobic compounds (log Kow > 6) that adsorb on
colloids and particles present in the water phase. Our limited dataset does not show any trend of difference increasing with hydrophobicity. For compounds that likely achieved
partition equilibrium during exposure, concentration in
water was calculated as Cw=N/Ksw/ms. However, this concentration does not does not represent a TWA value.
2

1

log Cb

© by PSP Volume 19 – No 12. 2010

0

(15)
-1

where CW is the mean value of anthracene concentration in spot samples of water taken during sampler exposure. Concentration of anthracene should not fluctuate
widely during exposure, otherwise the calculation may be
biased. A check has to be performed using Eq. 5 that the
compound does not equilibrate during exposure. In the
next step, value of log ABW is calculated by substituting
the calculated RS value of anthracene into Eq. 11. Sampling rates of compounds with log Kow > 4.5 are then

-2
-2

-1

0

1

2

log CTWA

FIGURE 7 - Correlation between the TWA analyte concentrations
determined using Altesil sampers (log CTWA) and those determined
in two spot samples taken before and following passive sampler
exposure (log Cb) at the sampling site Spytihněv. Dashed lines present 95% confidence and prediction intervals, respectively.
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TABLE 3 - Mean concentrations of PAHs, PCBs and OCPs found in Altesil (ng per sampler; n=2), calculated sampling rates RS, estimates of
TWAconcentrations from Altesil CTWA, and concentrations measured in bulk water samples Cb collected at the beginning and the end of a 28
day sampler exposure at the sampling site Spytihněv in July 2007.
Compound
Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz(a)anthracene
Chrysene
Benzo(b)fluoranthene
Benzo(k)fluoranthene
Benzo(a)pyrene
Indeno(1,2,3cd)pyrene
Dibenz(a,h)anthracene
Benzo(g,h,i)perylene
PCB 28
PCB 52
PCB 101
PCB 118
PCB 153
PCB 138
PCB 180
p,p'-DDE
p,p'-DDD
p,p'-DDT
α-HCH
β-HCH
γ-HCH
δ-HCH
a

N [ng]
17
9
29
66
260
385
1236
1416
165
206
60
36
97
5
n.d.
6
16
7
4
1
7
4
n.d.
36
15
n.d.
32
n.d.c
19
n.d.

Rs [L d-1]
n.e.b
n.e.
n.e.
n.e.
3.5
3.5
3.3
3.3
3.1
3.1
3.0
3.1
3.0
2.9
2.8
2.9
3.1
3.1
2.9
2.8
2.8
2.8
2.6
3.1
3.2
3.0
n.e.
n.e.
n.e.
n.e.

Sampling mode
eq.a
eq.
eq.
eq.
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
Linear
eq.
eq.
eq.
eq.

Ctwa [ng L-1]
1.2d
0.6d
1.2d
0.8d
2.6
3.8
13.0
14.9
1.9
2.3
0.7
0.4
1.1
0.1
n.d.
0.1
0.2
0.1
0.1
n.d.
0.1
0.1
n.d.
0.4
0.2
n.d.
5.7d
n.d.
3.4d
n.d.

Cb1 [ng L-1]
4.7
0.3
2.1
2.3
7.2
5.6
11.4
8.5
0.6
1.7
0.3
0.2
0.1
n.d.
n.d.
n.d.
n.d.
0.1
n.d.
n.d.
0.1
n.d.
n.d.
0.1
0.1
n.d.
0.3
n.d.
0.6
n.d.

Cb1 [ng L-1]
7.8
0.1
1.2
1.2
3.1
2.0
3.4
2.0
n.d.
0.3
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
0.2
n.d.
n.d.
0.1
0.1
n.d.
0.7
n.d.
0.5
n.d.

eq. - partitioning equilibrium between sampler and water has likely been achieved
n.e. – not estimated; cn.d. – not detected; destimated using equilibrium partitioning model

b

CONCLUSIONS

ment for Innovations", the CETOCOEN project (no.
CZ.1.05/2.1.00/01.0001).

The data confirms that for compounds accumulated
under WBL control differences in water flow velocities can
cause sampling rates to vary several orders of magnitude.
Because of the complexity of the hydrodynamics involved,
there is little hope that sampling rates can be expressed as a
simple function of ambient flow rates [22]. Therefore, estimation of in situ sampling rates by measuring the dissipation rates of performance reference compounds should be
mandatory. In their absence, alternative method must be
applied that allows reliable estimate of in situ sampling rate
of at least one compound under investigation. An option is
the measurement of this compound using spot regular spot
sampling during sampler exposure. Sampling rates for
compounds that cannot be easily detected by spot sampling because of their very low concentrations can then be
estimated from laboratory-derived relationships between
RS and log Kow or other properties (diffusion coefficients,
molecular mass etc.).
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ABSTRACT
This study focuses on the comparison of surface and
oleic acid adsorption characteristics of calcium, magnesium, barium, zinc and aluminum silicates produced from
the same rice hull ash. The chemical compositions of
calcium, magnesium and zinc silicates were analyzed
as 45-49 % SiO 2 and 13-14 % M-O (Ca, Mg, and Zn).
Surface areas were measured to be 625, 309, 141, 84 and
60 m2/g for Mg, Al, Ca, Ba and Zn silicates, respectively.
Although magnesium silicate was observed to have the
highest surface area, its oleic acid adsorption capacity was
not as high as that of calcium silicate, which was measured to be 506 mg oleic acid/g adsorbent. This value was
126 mg oleic acid/g adsorbent for magnesium silicate under
the same conditions.
FTIR-ATR studies showed that calcium, barium and
zinc silicates adsorb oleic acid through both chemical and
physical mechanisms, whereas magnesium and aluminum
silicates adsorb it only physically.

KEYWORDS: Calcium silicate; Magnesium silicate; Barium silicate; Zinc silicate; Aluminum silicate; Oleic acid adsorption; FTIR

INTRODUCTION
Rice is the second most commonly harvested cereal in
the world. Rice hull ash (RHA) with over 60 % SiO2 (w/w)
content has been used as a silica resource in various studies
for several years now [1-4]. Making use of the amorphous
structure of silica in RHA, Kamath and Proctor [5] have
extracted the silica with NaOH to obtain a sodium silicate
solution as an alternative process to the conventional high
temperature metallurgical process. In the following years,
pure silica xerogels were produced from sodium silicate
solutions extracted by utilizing the Kamath and Proctor’s
method [6, 7]. Ozgul-Yucel and co-workers [8] were able
to precipitate synthetic magnesium silicate from the reac-

tion of magnesium sulfate and a sodium silicate solution
obtained by using the aforementioned method. The process was then improved to obtain synthetic magnesium
silicates with high surface area of over 650 m2/g through
further studies conducted in the same laboratories [9-13].
Because of their high surface areas, synthetic magnesium silicates produced from rice hull ash are commonly
being used in the purification of frying oils and the treatment of crude biodiesel today. The objective of this study
is to produce calcium, barium, aluminum and zinc silicates
besides magnesium silicate under the same conditions from
the same rice hull ash, and to compare their surface areas
and oleic acid adsorption characteristics.
MATERIALS AND METHODS
Production of sodium silicate solution from rice hull ash and
determination of SiO2 content

Rice hull ash used in the study was acquired from a
rice-processing plant from Thrace region in Turkey, and it
was re-burnt in a muffle furnace at 600 °C for 6 h to increase its SiO2 content. This re-burnt ash was then extracted
by boiling with 1 M NaOH solution as stated in the literature [5, 9, 13]. The suspension was filtered to separate
sodium silicate solution from the ash material. This solution was used as sodium silicate stock solution for precipitation of metal-silicates further in the experiments.
Silica content of the produced sodium silicate stock
solution from the alkaline extraction of rice hull ash was
determined by using the method employed by Kamath and
Proctor [5]. According to this method, 100 ml of the
Na2SiO3 solution was treated with 6 N HCl solutions until
gelation started around pH 7. The reaction is as follows:
Na2O. nSiO2 (aq.) + 2 HCl → nSiO2.H2O (s) + 2 NaCl (1)
To remove the NaCl from the medium, the gelatinous
solid precipitate was washed with 100 ml of water twice
and then filtered through vacuum. The precipitate was
dried in the oven at 110 °C for 12 h and weighed. The
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amount of SiO2.H2O was measured as 11.78 g. The SiO2
content of the Na2SiO3 solution was then calculated as
9.0615 g SiO2/100 ml.
This sodium silicate solution was treated with the different amounts of reagent-grade MgSO4.7H2O, CaCl2.2H2O,
BaCl2.2H2O, ZnSO4.7H2O and Al2(SO4)3.18H2O solutions
for the precipitation of related silicates.
Calculation of the stoichiometric amount of Mg, Ca, Ba, Zn and
Al salts for the precipitation of metal silicates (M-SiO3.xH2O)

To precipitate the MgSiO3.xH2O, 25 ml of Na2SiO3
stock solution was used in all experiments. The stoichiometric amount of MgSO4.7H2O to react with SiO2 in sodium silicate solution was calculated from the following
reactions (for 1:1 mol ratio of sodium silicate to metal
salt):
Na2O. nSiO2 (aq.) ↓+ 2 HCl → nSiO2.H2O (s) ↓ + 2 NaCl (2)
100 ml
11.78 g
Na2O.nSiO2 (aq.) + Mg SO4 (aq.) → MgO. nSiO2. x H2O
(s)+ Na2SO4(s)
(3)
The SiO2 content of 25 ml Na2SiO3 solution was then
calculated as 2.945 g nSiO2.H2O according to the values
in Eq. 2. The mol number of the SiO2.H2O in 25 ml of this
solution, n, is as follows:
n = 2.945 g/78 g = 0.038 mol ≈ 4 x 10-2 mol
According to Eqs. 2 and 3, the following statement
can be written for mol numbers:
n SiO2.H2O = Na2O. nSiO2 = n MgSO4 = 0.038 (≈
4.10-2) mol
Since the molecular weight of magnesium sulfate heptahydrate is 246 g, and then the amount of MgSO4.7H2O to
be used in the reactions in the stoichiometric ratio (for 25 ml
of Na2SiO3 stock solution) was calculated as:
Amount of MgSO4.7H2O = 246 x 0.038 = 9.35 g
The amounts of the other metal salts, i.e. Ca, Ba, Zn
and Al, were also calculated with the same method, and
the results are given in Table 1.
TABLE 1 - Stoichiometric amounts of metal salts required for reacting with 25 ml Na2SiO3 solution (for 1:1 mol ratio of sodium silicate
to metal salt).
Salt Type
MgSO4.7H2O
CaCl2.2H2O
BaCl2.2H2O
ZnSO4.7H2O
Al2 (SO4)3. 18H2O

Amount (g)
9.35
5.56
9.22
10.85
25.17

Mol number
4. 10-2
4. 10-2
4. 10-2
4. 10-2
4. 10-2

Metal silicate production and characterization methods

Twenty-five ml of sodium silicate stock solution was
first mixed with 50 ml water in a beaker. The calculated
amounts of the salts in Table 1 were dissolved in 20 ml
water and added onto this sodium silicate solution. The
mixture was slowly stirred and the precipitation occurred
as soon as the salt solution was added. Metal silicate precipitates so produced were used as suspension for particle

size analysis. Then, the suspension was filtered and washed
with water several times to remove impurities. The white
precipitates obtained were put aside for drying in the open
air of the laboratory. These open-air dried samples were
used for surface characterization and adsorption studies. All
experiments were done at room temperature. A schematical representation of the procedure is also given elsewhere
[9, 13].
Surface characterization and chemical composition
analysis of the samples were done with instrumental methods. For the BET surface area analysis of the samples, the
Micrometrics ASAP 2000 Interface Controller was used.
Particle size measurements were done with Mastersizer
2000, Malvern Instruments. For the X-ray analysis, a Panalytical X’Pert Pro instrument (Philips Electronic Ins.), for
the FTIR studies, a Spectrum One FTIR spectrometer (Perkin Elmer), and for the TGA studies, a TG/DTA device
(Perkin Elmer) were used. Chemical compositions of the
samples were determined using an ICP, Perkin Elmer, Optima 2100 DV model. For this analysis, 0.2 g of each silicate
sample was dissolved in acids (2 ml HNO3, 1 ml HCl and
4 ml HF) in a microwave furnace (Multiwave 3000 model,
Anton Paar) using power programming mode. The furnace
program for dissolution of the silicate powders at 20 bar
constant pressure was as follows:
Power rate: 290 watt/min; 25 min at 1400 watt; 15 min
at 0 watt. The amounts of the elements in the solutions
were then measured by ICP.
Oleic acid adsorption on the samples

The adsorption of oleic acid on the silicate samples was
analyzed by both an FTIR study and an analytical procedure
from the literature [13, 14]. First, 0.5 g of the silicate samples was mixed with 25 ml of the 0.05 M oleic acid solution in hexane with an orbital shaker for 30 min at room
temperature (20-25 °C). A blank of the oleic acid solution
that did not contain the adsorbent was also treated under
the same conditions. After mixing, all samples were filtered. Then, the silicate samples on the filter paper were
washed with about 100 ml hexane three times to remove
the un-adsorbed but physically attached oleic acid impurities from the surface. The hexane-washed and open airdried samples were then analyzed by FTIR-ATR technique.
Oleic acid adsorption capacities of the silicate samples were determined analytically. For that, 5 ml of the supernatants of the filtration after adsorption operation were
back-titrated with 0.05 N NaOH solutions in water against
phenolphthalein indicator. 5 ml of the blank oleic acidhexane solution was also titrated with the same NaOH solution. To supply the polarity for NaOH solution in the oleic
acid-hexane mixture, 5 ml ethyl alcohol (which had been
neutralized before with a few ml of 0.05 M NaOH against
phenolphthalein) was used for each 5 ml of the sample
solution. All the adsorption experiments and the analysis
of the filtered solutions with NaOH were done in duplicate. The differences between the NaOH titrations gave the
NaOH equivalents of the amount of oleic acid adsorbed
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RESULTS AND DISCUSSION

on the silicate surfaces. The equation used to calculate the
amount of the adsorbed oleic acid (which can be taken as
adsorption capacity, C) is given as follows:
C = [(Vb – Vs) * N * 282 / G] * VR

Surface area, particle size as well as chemical and physical
characterization of the samples

(4)

Surface area, particle size, chemical compositions, XRay and TGA patterns of the produced silicate samples
are given in Table 2 and Figs. 1 and 2. As seen in Table 2,
there is no correlation between the surface area and the

where, C = Amount of oleic acid adsorbed ( mg oleic
acid/g adsorbent); Vb = ml of 0.05 N NaOH spent for
blank oleic acid-hexane solution; Vs = ml of 0.05 N
NaOH spent for the titration of the sample (5 ml of the
supernatant oleic acid-hexane sample after adsorption and
filtration); N = exact normality of the 0.05 N NaOH solutions; G = amount of the adsorbent silicate sample (about
0.5 g in these experiments); VR = volume ratio (volume of
the oleic acid-hexane mixture taken for adsorption per
volume of the oleic acid-hexane mixture taken for titration after adsorption (here, the amount of the mixture was
25 ml for adsorption and 5 ml for titration after filtration,
i.e., VR = 25/5 = 5))

TABLE 2-Surface area, particle size and chemical compositions of
the silicate products.
Name
Calcium silicate
Magnesium
silicate
Zinc silicate
Barium silicate
Aluminum silicate

Surface
Particle
area (m2/g) size (µ)
141
34

Chemical Composition (% wt)
SiO2
M-O
48.7
13.6

625

45

45.4

13.9

60
84
309

24
50
78

48.8
44.7
39.3

13.3
23.3
7.0

100

Ca2 Si O4 !0.3 H2 O

Ca2 Si O4 !0.3 H2 O
Ca4 Si5 O13.5 ( O H )2

Ca4 Si5 O13.5 ( O H )2

400

Ca4 Si5 O13.5 ( O H )2

900

Ca4 Si5 O13.5 ( O H )2; Ca2 Si O4 !0.3 H2 O

1600

Ca2 Si O4 !0.3 H2 O

Ca4 Si5 O13.5 ( O H )2

ES-3.xrdml

Ca4 Si5 O13.5 ( O H )2; Ca2 Si O4 !0.3 H2 O

Counts

(a)

0
10

20

30
Position [∞2Theta]

40

50

Ba Si2 O5 ( H2 O )3

Ba Si2 O5 ( H2 O )3

Ba Si2 O5 ( H2 O )3

400

Ba Si2 O5 ( H2 O )3

900

Ba Si2 O5 ( H2 O )3

1600

Ba Si2 O5 ( H2 O )3

Ba Si2 O5 ( H2 O )3

ES-4.xrdml

Ba Si2 O5 ( H2 O )3

Counts

100

(b)
0
10

20

30
Position [∞2Theta]

40

50

FIGURE 1 - X-Ray diffraction patterns of the products a) calcium silicate, b) barium silicate.
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FIGURE 2 - TGA patterns of silicate products 1) barium silicate,
2) calcium silicate, 3) zinc silicate, 4) aluminum silicate, 5) magnesium silicate.

particle size for different silicates produced in the same
conditions. The highest surface area belongs to magnesium
silicate with the value of 625 m2/g but the smallest particle
size belongs to zinc silicate with the value of 24 µ. Chemical compositions of calcium, magnesium and zinc silicates
are almost the same, having silica content of about 45-49 %
and a metal oxide content of about 13-14 % w/w. Although
barium silicate has approximately the same amount of silica
content as the other silicates, it has a higher amount of metal
oxide (23.3 % w/w). It also showed a slight crystalline
structure (Fig. 1-b). Calcium, magnesium, zinc and aluminum silicates have amorphous structures and they all
show similar X-ray patterns (Fig. 1-a). Aluminum silicate
has both the least amount of silica content with 39.3 %
SiO 2, and the least amount of M-O content with 7.0 %
Al2O3 w/w.
As seen from the TGA patterns in Fig. 2, the first three
silicates (barium, calcium and zinc silicates) are assumed to
have lost all their moisture content until 100-110 °C, and
suffered a loss of 2-3 % in weight. Magnesium and aluminum silicates, however, had lost 5-6 % of their weight
by 100-110 °C, most probably due to the decomposition
of crystal water in their structure. Barium silicate is relatively strong against heat, and its phase transformation
begins at about 450-500 °C (curve Nr. 1). Other silicates
loose their crystal water sharply up to 350-400 °C and their
weight losses continue gradually until 1100-1200 °C.
Magnesium silicate (curve Nr. 5) shows the highest weight
loss among all silicate products, and it looses 12 % at 150 °C
and almost 16 % at 200 °C. Zinc and aluminum silicates
show also higher weight losses (8-10 % at 150 °C). The

behavior of silicates when subjected to heat is especially
important during surface area measurements, as the samples are degassed firstly at 100-130 °C for measurements
with the BET apparatus. At these temperatures, the samples, especially magnesium silicate and aluminum silicate,
loose their crystal water, and smaller and inaccurate surface area values are obtained.
Heat treatment is also important for the adsorption capacity measurements due to the depression of the porous
frameworks because of heating. This behavior is also found
to be parallel with the literature. Johnston et al. [15] stated
in their recent study that, when water was released from
the interior of the pores during filtration and drying operations of the calcium silicate, it caused the crashing of the
framework. Therefore, the surface area and the adsorption
capacity of the calcium silicate decreased.
Oleic acid adsorption capacities of the products

Oleic acid adsorption capacities of the produced silicates are given in Table 3. As seen, Ca silicate has the
highest oleic acid adsorption capacity with 506 mg oleic
acid/g silicate sample. Although the highest surface area
belongs to magnesium silicate, 625 m2/g, its oleic acid
adsorption capacity is 126 mg oleic acid/g adsorbent, and is
only 1/4 of calcium silicate’s. Even barium silicate and
zinc silicate samples showed higher oleic acid adsorption
capacities than that of magnesium silicate. Similar to magnesium, aluminum silicate also has a higher surface area,
i.e. 309m2/g, but a lower oleic acid adsorption capacity,
28 mg oleic acid/g adsorbent.
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The amount of oleic acid adsorbed on the silicate surfaces also changed with time as graphically presented in
Fig. 3. The amount of oleic acid adsorbed by calcium and
barium silicates increased sharply in the first hour; then
continued to increase, albeit more slowly, until the fourth
hour and stayed constant. On the other hand, adsorption
behavior of magnesium silicate with time was the exact
opposite of those of calcium and barium silicates. Magnesium silicate initially seemed to adsorb 126 mg oleic
acid/g, which dropped sharply to approximately half of its
initial value within two hours. This desorption-resembling
phenomenon continued to take place until the adsorbed
oleic acid amount remaining was 20-25 mg oleic acid/g
adsorbent after eight hours. Zinc and aluminum silicates
also had lower adsorption capacities compared to calcium
and barium silicates, measured to be around 250 and 50
mg oleic acid/g adsorbent values, respectively.
TABLE 3 - Oleic acid adsorption capacities of silicate products at
room temperature after 30 min of stirring (surface areas are given for
better comparison).
Name
Calcium silicate
Magnesium silicate
Barium silicate
Zinc silicate
Aluminum silicate

BET Surface
area m2/g
81
625
84
60
309

Adsorption capacity mg
oleic acid / g adsorbent
506
126
458
222
28

FTIR-ATR studies

Calcium, barium and zinc silicates adsorb oleic acid
both physically and chemically. The FTIR-ATR spectra
of these silicates before and after oleic acid adsorption are
given in Figs. 4 and 5. The small peaks at 1539 cm-1 on
the calcium silicate surface and at 1595 cm1 at zinc silicate surface after oleic adsorption in Figs. 4 (a) and (b)
belong to the Ca-Oleate and Zn-Oleate chemical bonds as
stated extensively in the literature [13, 16, 17]. The same
peak, which shows the Ba-Oleate chemical bond, was
obtained at about 1590 cm-1 on the barium silicate surface
after oleic acid adsorption (see Fig. 5). The double peaks
around 2980-2850 cm-1 present in all of the spectra of the
calcium, magnesium, and barium silicates in Figs. 4 and 5
correspond to the -CH2- stretchings due to the physical
adsorption of oleic acid [18, 19].
Magnesium and aluminum silicates, however, adsorb
oleic acid only physically as shown in Fig. 6. The –CH2vibration peaks at 2950-2850 cm-1 are present in the spectra of both silicates after oleic acid adsorption. There is no
peak around 1550-1590 cm-1 representing the MetalOleate chemical bond in these spectra. Similar results
were obtained in another study completed in the same
laboratories, which shows that magnesium silicate produced without surfactants adsorbs oleic acid only physically [13]. It is stated in this study that the presence of
surfactants in the precipitation step of magnesium silicate
caused the chemical adsorption of oleic acid, in addition
to physical adsorption.

FIGURE 3 - Changes of the amount of adsorbed oleic acid on silicate surfaces with time.
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2921 cm-1

1539 cm-1

(a)
Lower spectrum: Before adsorption
Upper spectrum: After adsorption

2919 cm-1

1595 cm-1

Upper spectrum: Before adsorption
Lower spectrum: After adsorption

(b)

FIGURE 4 - FTIR-ATR spectra of a) calcium silicate, b) zinc silicate.
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(a)

2950-2850 cm-1

1590 cm-1

(b)

FIGURE 5 - FTIR-ATR spectra of barium silicate a) before oleic acid adsorption, b) after oleic acid adsorption.
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2978 cm-1

(a) (

Upper spectrum: Before adsorption
Lower spectrum: After adsorption

2979 cm-1

Upper spectrum: Before adsorption
Lower spectrum: After adsorption

(b)

FIGURE 6 - FTIR-ATR spectra of a) magnesium silicate, b) aluminum silicate before and after oleic acid adsorption.

CONCLUSIONS
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ABSTRACT

INTRODUCTION

Phosphorus (P) index, a simple risk assessment tool for
diffuse P loss, is widely applied because of its proven validity and practicability. In this study, the P index was
modified and applied in Shuangyang River watershed,
Northeast China, to assess P loss risk and identify critical
source areas based on a field survey of diffuse P loss
characteristics. The experiment added domestic waste as a
specific source factor, taking into consideration its condition and converted gross content of fertilizer, manure, and
domestic waste P into the net available P (P2O5). The modifications were made in order to reflect the direct influence
of P loss to water quality. Qualitatively, results indicated
that P loss risk is low and medium in most areas in the
watershed, accounting for 70.28% of the total area, while
very high-risk areas account for 6.93%. Moreover, vulnerable areas are distributed mainly along the Shuangyang
River channel, which consists of areas subjected to high
fertilizer and manure usage, as well as high P transfer risk.
Sub-watershed results showed that P loss risk in the southern part of the watershed area covered in this study is
higher than that in the northern part. The importance of
the sources and of the transport factors for P loss are almost
equivalent, estimated at 63% and 65% of the P index variation, respectively. Fertilizer usage, among the four source
factors, is the most sensitive to P loss, having a significant
correlation with the total source value (R2 = 0.99). Soil
erosion and surface runoff are the most important
transport factors for P loss, except for contributing distance.
The application of science-tested fertilizer and effective
manure management in areas with high surface runoff and
soil erosion risk is effective in controlling P loss. Overall,
the study illustrates the potential of the modified P index
to detect areas with the highest risk for P loss.
KEYWORDS: Risk assessment, Critical source areas, Phosphorus loss, Phosphorus index, Shuangyang River watershed, Northeast China

Diffuse phosphorus (P) loss in agricultural land is one
of the main causes of surface water quality degradation
throughout the world in recent years [1-3]. However, costeffective reduction of agricultural diffuse P pollution is
difficult to achieve due to the complexity of the P loss
process, a complex function of soil type, climate, topography, hydrology, land-use, and land management. These
factors also have large spatial-temporal variability [4, 5].
Many studies found that high-risk areas, also known as
critical source areas (CSA), contribute more substantially
to P loss than other areas within agricultural watersheds [6,
7]. Therefore, identifying these high-risk areas for P loss
is important in the implementation of cost-effective mitigation measures, and is a critical component of river watershed management [8, 9].
Different methods for assessing P loss risk have been
employed, including field trials [10], risk assessment indices, and simulation models, such as the empirical export
coefficient model [11], statistical model [12], and mechanistic model [13]. Unfortunately, there are still no objective
criteria for the selection of a particular method in a given
situation. However, the risk assessment method, for practical purposes, is simple to use, easy to apply, and has a
sound scientific base [4]. The P index, along with its necessary modifications, is widely used to assess P loss risk and
to identify CSAs. Although the P index was not originally
developed as a quantitative predictor of P loss in watersheds, good results were obtained when the risk assessment method was applied in a previous research to assess
P loss risk in a watershed scale. Sharpley [14] tested the P
index in 30 watersheds and the results explained 70% of
the actual P loss. The study [15] showed a strong relationship, with a correlation coefficient of 0.85 between the
diffuse total P loss and the Danish P index at the subcatchment scale. Similar high positive correlations between
P index and surface water quality parameters have been
reported in other studies [16-18]. Overall, previous studies have fully proven the validity and practicability of the
P index method in assessing the risk for diffuse P loss.
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Large areas of forest, pasture, and slope lands in
Northeast China were converted to farmland by reclamation, particularly in the great northern wilderness. Such
changes, along with population growth [19], seriously
eroded the soil and aggravated nutrient loss. China’s agricultural lands are also being subjected to a higher level of
chemical fertilization compared to those in Western countries; thus, the potential risk for P loss is quite high [2022]. For example, the Second Songhua River, an important source of drinking water, has been recently receiving significant attention from environmental professionals
be-cause most parts of the river are now suffering from
diffuse source pollution [19]. However, reducing the diffuse source pollution of this river is difficult because
observation on storm water runoff and water quality in this
region is limited, which restricts the government from
setting up an appropriate pollution control strategy and
policy. This paper then assessed the diffuse P loss risk
and identified CSAs as well as sensitive factors of P loss
in a sub-wa-tershed of the Second Songhua River in
2006. The study is expected to provide information necessary for the development and implementation of control
strategies and improvement of the efficiency of P loss
reduction.

MATERIALS AND METHODS
Description of the study area

This study was conducted at the Shuangyang River watershed (lat. 43°16′-43°56′N, long. 125°26′-126°E) in Northeast China (Fig. 1), a sub-watershed of the Second Songhua
River. Shuangyang River is a main source of drinking water
for Changchun City; thus, ensuring a safe water quality
level is vital. The covered watershed area for this study is
1159 km2 with a north temperate, humid continental climate. Average annual rainfall and average annual temperature are 619.4 mm and 4.8 °C, respectively. Its altitude is
between 185 and 600 m, and the topography is undulating
with a slope varying from 0° to 60°. The watershed is a
typical agricultural region, in which agricultural land-use
occupies 74% of the total area. The main soils are black
(Luvic Phaeozem, FAO), dark brown earthened (Haplic
Luvisol, FAO), meadow (Eutric Vertisol, FAO), baijiang
(Albic Luvisoil, FAO), and other types, such as paddy (Hydargric Anthrosol, FAO) and aeolian soils (Arenosol, FAO)
that constitute less than 9% of the entire area.
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FIGURE 1 - Location of the Shuangyang River watershed
Phosphorus index

The original P index was developed by Lemunyon and
Gilbert [23], who first summarized the factors influencing
diffuse P loss. They gave each factor a score according to
its relative importance to P loss and added up the scores to
yield a final index score indicating P loss risk. To account
for the interaction effects of P loss factors better, Gburek
et al. [24] categorized these factors into source and
transport factors, as well as altered the additive function to multiplicative. The modified function reflects the
multi-scale characteristics of the P loss process clearly.
From that time on, the P index method has been applied
in other countries from field to watershed scales [4, 15,
25]. Results from such applications indicated that this
method is appropriate for the identification of CSA for P
loss.
The modified phosphorus index

The use of the P index is not straightforward. An important consideration is the modification of the original P
index according to local and regional conditions in order
to suit specific conditions. In Northeast China, villages are
dispersed and there is no proper environmental infrastruc-

ture to handle domestic waste. The dispersed domestic waste
is washed into the river directly, especially during the rainy
season. These wastes inevitably become source factors of P
loss although they are not classified as diffuse pollution in
other countries. Based on the local conditions and other
studies [26, 27], two modifications were made in this research: (1) adding domestic waste into the source factors to
reflect the local pollutant characteristics; and (2) converting the P gross content in fertilizer, manure, and domestic
waste into the net available P (P2O5) to reflect the direct
influence of diffuse P pollution on water quality. Detailed
information of the conversion coefficients of fertilizer, manure, and domestic waste to net P were based on previous
researches [26, 28]. The modified P index for this study is
listed in Table 1.
Estimation of source factors

The P released from soil surface with depths of 0-5 cm
has a strong relationship with the P concentration in surface runoff drainage [29, 30]. Soil data in this study were
collected in late October 2006 when crops have just been
harvested. Soil samples of 0-5 cm in depth from 86 sites
were taken. Five replicate samples were homogenized by
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hand-mixing and then sieved (2 mm) after being air-dried.
The Olsen method was used to determine the extractable P
using a molybdate reaction for colorimetric detection. Spatial distribution of available P was determined with GIS
software through Kriging interpolation.
Different management methods for P usage rate and P
application time as well as the output of each field were
studied through questionnaires given to farmers in 2006.
The questionnaires included fertilizer application methods,
water-and-soil conservation measures, and other similar
aspects. Plant and row spacing were measured, after which
plant samples were taken from each field. Manure and

domestic waste were also determined by referring to the
Chang Chun Statistical Yearbook (2006).
Estimation of transport factors

Soil erosion is an important pathway of P loss. Revised Universal Soil Loss Equation (RUSLE), the most
widely applied method for evaluating soil erosion, was
used in this paper to evaluate soil erosion. The ratings and
ranges of soil erosion were modified based on the classification standards in China (SL190-96). The results showed
five classes of erosion ranging from very low to very high
with the corresponding scores ranging from 0 to 8 (Table 1).

TABLE 1 - The P index in the Shuangyang River watershed.
Source factor
Soil test P
Olsen extractable soil P (mg/kg)
Fertilizer P rate
Fertilizer rate (kg/ha)
P Fertilizer application method and timing
0.2 (dry land)
0.4 (paddy land)
Fertilizer rating value
Fertilizer P rate × P Fertilizer application method and timing
Manure P rate
Manure application (kg/ha)
P manure application method and timing
1
Manure rating value
Manure P rate× P manure application method and timing
Domestic waste rate
Domestic waste (kg/ha)
Domestic waste treatment method
1
Domestic waste value
Domestic waste rate× Domestic waste treatment method
Total source value = Soil test P + Fertilizer rating value + Manure rating value + Domestic waste value
Transport factor
Very low (0)
Low (1)
Moderate (2)
High (4)
Very high (8)
Soil erosion value
<2 t/ha
2 25 t/ha
25 50 t/ha
50 80 t/ha
>80 t/ha
Surface runoff value
Very low (0)
Low (1)
Moderate (2)
High (4)
Very high (8)
Low (2)
High (4)
Very high (8)
Contributing distance value
>500 m
150 500 m
<150 m
Total transport value = Soil erosion value + Surface runoff value + Contributing distance value
P index = Total source value × Total transport value / 24* × 0.6**
*24 (8+8+8) is the maximum of total transport value in order to normalize the value from 0 to 1.
**0.6 (100/167) is the value to normalize the break between high and very high to 100. The value of 167 is the maximum of the total source value.
TABLE 2 - Soil properties used to calculate P transport factor in the Shuangyang River watershed.
Soil type
Black soil
Dark brown earthened soil
Meadow soil
Albic soil
Paddy soil
Aeolian soil
*K factor is a parameter in RUSLE.

Percent of area (%)
43.95
16.17
15.91
14.44
6.40
2.41

K factor*
0.307
0.247
0.211
0.315
0.310
0.252

Slope (%)
0-48.16
0-50.63
0-27.84
0-59.41
0-10.56
0-31.56

Permeability (cm/h)
0.25
0.29
0.05
0.15
0.05
0.31

A major pathway of the P transport from agricultural
fields in China is surface runoff, especially in hill slope
areas [10, 31]. In this work, surface runoff class was assigned based on the relationship between soil permeability class and slope as described in a previous study [17].
The K factor and permeability of each soil were set according to previous research [26]. The results are shown
in Table 2.

distance was calculated using ArcGIS software and then
classified based on a previous study [27]. The detailed
schemes are shown in Table 1.

Overland flow distance refers to the contributing distance from source site to stream channel. This was modified according to a previous study in China [27], in order
to reflect the current circumstances better. Overland flow

The soil P status in the study area varied from 5 to 69
mg/kg with a mean value of 23 mg/kg for the entire watershed. The P levels in other countries are significantly
different from that in the study watershed. Klatt et al. [29]

RESULTS AND DISCUSSION
Evaluation of source factors
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found the mean Olsen P level for an agricultural watershed in northern Iowa to be 17 mg/kg while the Olsen P
varied from 30 to 160 mg/kg in the Denbigh silt loam in
Devon, UK [30]. As a whole, the P level in the studied
area is relatively high compared with those found in developed countries. The difference may have resulted from
the fertilizer rate and P utilization efficiency. Farmers in
Northeast China always apply fertilizers and manure excessively in order to improve their yield, but the P utilization
efficiency is still very low [32]. As a result, there is now
excessive P accumulating in the soil.
The usage of fertilizer P in the Shuangyang River watershed is rampant. The fertilizer P rate for dry land is
262.1 kg/ha while that for paddy land is 216.5 kg/ha. The
net P content in mineral fertilizer applied for dry and
paddy lands was different. The net P content used for dry
land is 13.18 kg/ha, more than that found in paddy land.
As a result, the values of P fertilizer application method
and timing for dry and paddy lands were assigned as 0.2
and 0.4, respectively.
Livestock production developed rapidly along with
continuing population increase in the study area. It increased from 371,553 (in Shuangying village) to 1,353,333
(in Sheling village) according to the Chuangchun City
Agricultural Statistical Yearbook (2006). Resulting livestock wastes were converted to net P content through the
P content ratios [26, 28].
The domestic waste P in the study area was 0-6.89 kg/ha
within different villages while the average was 0.6 kg/ha.
Chen et al. [33] estimated that the domestic waste in Xiamen City is 0.87 kg/ha (137 t). Generally speaking, the
domestic waste in the city should be higher than that in
the village. However, as a typical agricultural region, the
study area also had a high pollution level because domestic wastes in this region are often piled up and stored openly
without effective management. Most villages in Northeast
China also lack appropriate waste collection systems and
wastewater treatment facilities. These factors have been
exerting tremendous pressure on water quality and drinking water safety.
Sharpley et al. [34] pointed out that once the Olsen P
content in soil exceeds 20 mg/kg, the extra P input would
enhance P runoff and leaching instead of crop production.
The average Olsen P in this study exceeded the standard of
fertilizer, manure, and domestic waste, that is, they were all
significantly higher than the crop absorption capability.
Therefore, the source risk for P loss is high in the study
region.
Evaluation of transport factors

The estimated average soil erosion rate for the entire
Shuangyang River watershed is 36 t/ha, corresponding to
the median level. The maximum is 269.72 t/ha, corresponding to a highly intensive level. Average soil erosion
risk for the entire watershed is 2.31 (low level). However,
36.63% of the total area exceeds the intensive level, sug-

gesting that the spatial distribution variability of soil erosion is large. Based on the average erosion rate, the soil
would loose 4×106 t per year, leading to the serious deterioration of water quality. Crop yield would also decrease because soil erosion would have already scored the topmost
loamy soil.
The surface runoff factor in the study area varied from
0 to 8 (unit-less) and the mean risk was 1.6 (between low
and medium), indicating that the risk of surface runoff is
relatively low. The surface runoff risk here was assigned
from the relationship between soil permeability and slope.
The contributing distance represents the probability
of surface P transferring from the source site to the open
stream. The estimated distance factor in the study watershed was 2 (unit-less) for most areas, occupying more
than 75% of the total study area.
Phosphorus index at the watershed scale

Hughes et al. [9] expressed the challenge for any assessment scheme striving to produce qualitative classifications from quantitative scores, and involving the appropriate delineation of boundaries that define the risk level.
To accomplish this delineation, the approach, for example, is to collect a large number of samples of field information and P export data simultaneously and to validate
the results through sensitivity analysis. However, in the
absence of in-stream water quality measurements, this research did not validate the modified P and give the optimization classification boundaries. The modified P index was
just applied as an assessment tool to provide relative P
loss risk rank and to identify the CSAs. Table 3 shows the
results of this method. As can be seen, the P index varies
from 8.3 to 87.66, and the average for the whole watershed is 25. According to the classification boundaries in
Table 3, the risk in most areas is low and medium accounting for 70.28% of the entire area. Furthermore, the difference in the average source value among the four classes is
rather small, showing a range of 24.93. However, the difference in average transport value is large; the maximum is
3.5 times larger than the minimum. As can be seen in the
same table, 6.93% is ranked as very high P loss risk. This
held the highest source and transport values simultaneously.
Fig. 2 shows the spatial distribution of P loss risk in
the Shuangyang River watershed. The vulnerable areas,
similar to the results seen in Table 3, are mainly located
along the stream channel where the source and transport risk
are both high. The relative importance of both the transport
and source factors highlighted this conclusion further (Fig. 2,
right panel). The source factor accounted for 63% of the
variation in P index. Similarly, the transport factor accounted for 65%, indicating that the source and transport
factor had equal significance in P loss. The areas with intersection of surface runoff occurrences and high soil P
within the watershed generally formed the CSAs.
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To identify the CSAs by assessing P loss risk, we divided the Shuangyang River watershed into 12 sub-watersheds (labeled in Fig. 1) and evaluated the P loss risk in
each (Table 4). The mean P index for the sub-watersheds

varied from 17.6 to 31.42. A huge difference on P loss risk
existed in the entire watershed. Moreover, the No.10 subwatershed with the highest P index is the most sensitive
area for P loss because it held a transport value apart from

TABLE 3 - Percentage of each P loss risk level in the Shuangyang River watershed.
P index value
<40
40~60
60~80
>80

P loss risk
Low
Medium
High
Very high

Percent of area (%)
35.71
34.57
22.78
6.93

Average source value
94.53
97.17
103.08
119.46

Average transport value
3.30
5.07
8.74
11.61

FIGURE 2 - Risk spatial distribution of P loss (left panel) and the relative importance
of transport and source factors (right panel) in the Shuangyang River watershed.

a high source value. Overall, risks in the southern part are
higher than those in the northern part. This is because the
top six high-risk sub-watersheds are almost located in the
southern region of the study area (watershed). The difference may be due to the terrain factor, where the southern
part, considered as the upper watershed, has a higher
elevation and steeper slope; thus, surface runoff is a normal occurrence and soil erosion is more severe compared
with the rest of the region. Therefore, the southern region
of the study area is the critical area for P loss, and conservation efforts should be implemented in this region.
Factors of P loss

Table 4 shows that the P index is sensitive to both
source and transport factors. For example, the sub-watersheds (No. 10 and 7) have an approximately equivalent
average source value, but due to the high discrepancy in
their average transport values, they have considerably different P loss risks. Therefore, in this study, it was essential
to identify the critical source and transport factors for selecting pertinent conservation practice. We fitted the linear
equations between the total source (transport) value and

each source (transport), taking the 12 sub-watersheds as
samples, to analyze the relative importance of the factors
influencing P loss.
Fig. 3 illustrates the significant source factors affecting the total source value. Fertilizer and manure are clearly
important source factors contributing to more than 80% of
the total source value. In particular, fertilizer has a significant correlation with the total source value (R2 = 0.99).
Other factors, such as domestic waste and soil P status,
have a poor correlation with the total source value and
affected P loss relatively less. Overall, fertilizer application is the most important factor influencing P loss in the
Shuangyang River watershed.
The importance of soil erosion and surface runoff for
the total transport value is shown in Fig. 4. Soil erosion
caused about 91% of the variation in total transport value
while surface runoff caused about 95%. This implies that
these two transport factors both had a significant impact
on P loss, except for the contributing distance. Based on
the results in Figs. 3 and 4, an appropriate fertilizer and
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manure management should, therefore, be applied in areas

with high surface runoff and soil erosion risk.

TABLE 4 Phosphorus loss risk level at the sub-watershed scale in the Shuangyang River watershed.
Rank order
1
2
3
4
5
6
7
8
9
10
11
12

No. of sub-watershed
10
3
11
12
7
5
9
1
6
2
8
4

P index value
31.42
31.40
30.40
29.40
27.98
24.72
22.64
21.74
20.99
20.54
18.45
17.60

Percent of area (%)
9.41
5.79
5.04
13.63
9.41
8.69
6.33
8.79
11.45
4.84
7.26
9.36

Average source value
102.4
130.37
84.30
108.22
112.58
104.79
81.21
109.71
89.29
86.56
83.23
80.88

Average transport value
6.81
4.93
7.93
5.84
5.13
5.02
5.85
4.03
4.75
5.24
4.18
4.68

FIGURE 3 - Relationships between total source value and fertilizer (left panel) and manure rating values (right panel).

FIGURE 4 - Relationships between total transport value and soil erosion (left panel) and surface runoff values (right panel).

CONCLUSION
The P index, as a quantitative predictor and risk assessment tool, can evaluate potential P loss and provide

useful information to help users choose the alternative P
management and soil conservation interventions that can
improve water quality. The P index was modified in this
paper according to the local conditions, after which it was

2843

© by PSP Volume 19 – No 12. 2010

Fresenius Environmental Bulletin

applied to assess P loss risk and identify the main factors
affecting P loss in the Shuangyang River watershed.
The modified P index in the study area showed the
potential areas with high risk for P loss. The risk in most
areas in the studied watershed is low and medium, covering about 70.28% of the entire area. Meanwhile, almost
6.93% of the area is ranked as very high. The modified P
index is also sensitive to both source and transport factors,
and the vulnerable areas are mainly located along the stream
channel where source and transport risks are both high.
Overall, the risk in the southern region of the Shuangyang
River watershed is higher than that in the northern region.
Fertilizer application is the most important source factor while soil erosion and surface runoff are the critical
transport factors in this watershed. The results of the current work show that P export may be efficiently managed
by primarily focusing on the control of P fertilizers and
manure in hydrological active zones where they are most
likely to produce surface runoff and soil erosion.
There are limited fundamental data sets that can be
used in the field P index. Therefore, the watershed scale P
index is more suitable and feasible in practice. As additional data become available, further modifications of the
P index could improve its predictive capability. The P index
in this study needs to be tested in other watersheds as well.
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ABSTRACT
Klebsiella species are excellent 1,3-propanediol (1,3
PDO) producers. Klebsiella pneumoniae is a well-studied
microorganism and, therefore, its metabolic pathway is
known. Accordingly, a number of by-products are simultaneously produced together with 1,3 PDO. Optimization
of medium composition significantly decreased these byproducts’ concentrations. Optimization of culture media
concentrations on 1,3 PDO production by K. pneumoniae
was studied using statistical experimental designs and analysis, namely, Taguchi Orthogonal Array (TOA) and BoxBehnken design (BBD). The optimal composition of the fermentation medium for maximum 1,3 PDO yield, with a
L18 (2^1 x 3^7) design using TOA, and after that, a threelevel three-factor BBD, was obtained. The most significant
chemicals were found to be glycerol (p<0.0001) and
K 2 HPO 4 (p<0.05). MgSO4.7H20, which is the third significant factor obtained from TOA, was not found to be significant (p>0.05) from BBD. A maximum 1,3 PDO concentration of 23.6 g/L was obtained which is higher compared to that foreseen by the statistical model (9.3 g/L).
KEYWORDS: 1,3-propanediol; Box-Behnken response surface
methodology; Klebsiella pneumoniae; Taguchi Orthogonal Array.

INTRODUCTION
1,3-propanediol (1,3 PDO) is a primary and basic organic monomer (Shell Chemicals). There has been growing
interest in 1,3 PDO as an industrial chemical [1]. It has
long been known that a polymer prepared from terephthalic
acid and 1,3 PDO has highly hoped properties for large
volume markets. This polymer called polytrimethylene
terephthalate (PTT) is related to polyethylene terephthalate (PET) and polybutylene terephthalate (PBT), and is
an important member of fiber industry. In addition, 1,3
PDO has been necessarily used as a chemical intermediate
in the production of polyesters, polyethers, and polyurethanes [2-4].

Microbial 1,3 PDO production is of increasing interest as a result of the growing volume of glycerol generated
by the oleochemical industry. Biotechnologically, 1,3 PDO
can be produced by fermentation of glycerol with Klebsiella,
Citrobacter, Clostridium, Enterobacter and Lactobacillus
[5-9]. However, traditional methods for 1,3 PDO production are carried out with petroleum-based materials. This
production generates chemical waste streams including environmental pollutants. So, the use of microorganisms to produce 1,3 PDO from glycerol represents an attractive alternative [10]. Besides, bioproduction of 1,3 PDO would be
more environmentally friendly than the chemical synthesis [11].
Glycerol dissimilation in Klebsiella sp. involves two
parallel pathways: reductive and oxidative. In the oxidative pathway, NAD-linked glycerol dehydrogenase takes part
and glycerol is oxidized. The reaction product is converted
to its phosphate by dihydroxyacetone kinase. In the second
pathway, which is the reductive one, glycerol is attacked
by coenzyme B12-dependent diol dehydratase. The reaction product, 3-hydroxypropionaldehyde, is reduced by an
NADH-linked reductase to 1,3 PDO [12]. Therefore, several by-product formations like fatty acids, ethanol and 2,3butanediol (2,3 BD), are observed during fermentation.
Since these by-products limit the formation of the main
product, it is important to lower their concentrations in
order to increase 1,3 PDO concentrations. This may either
be done by genetically modified microorganisms [13], or
medium composition optimization. Statistical techniques
are necessary and mostly preferred [14, 15] to evaluate the
possible optimum medium composition. Box-Behnken and
Taguchi are experimental designs consisting of mathematical
and statistical techniques, generally used to optimize conditions for a multivariable model. Oh et al. [16] recently
demonstrated statistically optimized culture conditions for
1,3 PDO production using crude glycerol by K. pneumoniae
via response surface methodology (RSM). However,
opposite to this paper, the mentioned study only consisted
of the two chemicals, namely, glycerol and (NH4)2SO4, in
the fer-mentation medium. In this study, the Taguchi
method and Box-Behnken RSM were used to optimize the
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levels of glycerol as substrate, macro elements and trace
elements. In addition, crude glycerol was used to confirm
the media composition efficiency.
MATERIALS AND METHODS

saccaride (H+) 300 x 7.8 mm ion exchange column, using
an Agilent 1100 Series G1362A Refractive Index Detector. Column and detector temperatures were 65 and 45 °C,
and injection volume was 15 µl. A solution of 5 mM H2SO4
was used as mobile phase at 0.8 ml/min flow-rate.
Experimental design and statistical analysis

Microorganism

Taguchi Method

Klebsiella pneumoniae was kindly supplied by Faculty of Medicine, Ege University. For seed cultures, bacteria were grown anaerobically in nutrient broth for 8 h.
The inoculum volume was 1% (v/v).

According to the preliminary results (data not shown),
we found that the nutrient composition should be optimized
for 1,3 PDO production. A standard orthogonal array (OA)
L18 was used in this optimization procedure. L18 has
18 trials, the total degree of freedom is equal to the number of trials minus one, i.e. 17 L18 (2^1 x 3^7) design was
selected because few experiments are required and it saves
time and cost of materials. The experimental results were
analyzed to extract independently the main effects of the
factors; the analysis of variance was then applied to determine which factors were statistically significant. Accordingly, the optimal medium composition was determined by
combining the levels of factors that had the highest main
effect value. All calculations were performed using StatEase, INC. (Minneapolis, MN 55413) Design-Expert 7.0.0
Trial Version. Table 2 displays the eight factors and
their levels selected. The (NH 4 ) 2 SO4 factor has been
assigned with two levels, and the other seven factors

Culture media and conditions

The culture media used for both statistical analyses
consisted of different concentrations of K2HPO4, KH2PO4,
(NH4)2SO4, MgSO4·7H2O, yeast extract, glycerol as substrate, FeSO 4 ·7H 2 O, and trace element solution. The
trace element solution for 1 L distilled water consisted
of 70 mg ZnCl2, 0.1 g MnCl2·4H2O, 60 mg H3BO3, 0.2g
CoCl2·2H2O, 20 mg CuCl2·2H2O, 25 mg NiCl2·6H2O,
35 mg Na2MoO4·2H2O, and 0.9 ml HCl (37%). In literature, different concentrations of culture media components
are presented (minimum and maximum values of components shown in Table 1). The batch cultivations were carried
out in a 250-ml closed flask with a working volume of
100 ml media at 130 rpm for 24 h at 37 °C.

TABLE 2 - Variables and their levels employed
in the Taguchi’s design method for 1,3 PDO production.

TABLE 1 - Minimum and maximum concentrations of components.
Component
K2HPO4
KH2PO4
(NH4)2SO4
MgSO4·7H2O
Yeast Extract
Glycerol
Trace Element
FeSO4·7H2O

Min-Max
Concentrations
3.4 – 4.4
1.3 – 3
2
0.2 – 0.4
1–2
20 – 70
1-2
0.01 – 0.05

Units

References

g/L
g/L
g/L
g/L
g/L
g/L
mL/L
g/L

[17, 18]
[8, 19]
[18]
[8, 20]
[8, 21]
[20]
[20, 21]
[22, 23]

Factors
Glycerol (g/L)
K2HPO4 (g/L)
MgSO4·7H2O (g/L)
Yeast Extract (g/L)
Trace Element (ml/L)
FeSO4·7H2O (g/L)
KH2PO4 (g/L)
(NH4)2SO4 (g/L)

Scale-up experiments after optimization were carried out
in a fermentor. The culture media consisted of (for 1 L distilled water) 5.37 g K2HPO4, 1.5 g KH2PO4, 2.0 g (NH4)2SO4,
0.33 g MgSO4·7H2O, 1.0 g yeast extract, 50.41 g biodiesel process by-product glycerol, 1 ml SL7, and 0.5 ml
FeSO4·7H2O solution. The batch cultivation was carried
out in a controlled 5-L fermentor with a working volume
of 2 L medium at 150 rpm for 48 h at 37 °C. The inoculum was 10% (v/v) of working volume for both fermentation media.
Analytical methods

The samples collected from the bioreactors were centrifuged at 10,000 rpm for 15 min. After centrifugation, the
supernatants were filtered through 0.22-µm filters. The substrate glycerol, and the products 1,3 PDO, 2,3 BD, lactic
acid, acetic acid, succinic acid, and ethanol were determined by high performance liquid chromatography (HPLC;
Agilent 1100) with an Phenomenex Rezex RHM Mono-

Symbol Code
X1
X2
X3
X4
X5
X6
X7
X8

Level 1 Level 2 Level 3
5
32.5
60
0
3
6
0
1
2
0
2
4
0
2.5
5
0
0.25
0.5
0
1.5
3
0
2

TABLE 3 - L18 (2^1 x 3^7) orthogonal array (in levels) of Taguchi
design of experiments and corresponding 1,3 PDO production by K.
pneumoniae after 24 hours of batch production.
Run

X1

X2

1
1
1
2
1
2
3
2
1
4
2
2
5
1
3
6
3
1
7
1
2
8
3
3
9
2
3
10
2
3
11
3
2
12
3
2
13
1
1
14
2
1
15
3
1
16
3
3
17
2
2
18
1
3
*Mean ± SD, n = 2.
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X3

X4

X5

X6

X7

X8

2
2
3
1
3
1
3
3
1
2
1
2
1
2
3
2
3
1

2
3
3
2
2
1
1
2
3
1
2
3
1
2
3
1
1
3

3
1
1
1
2
2
3
1
3
3
3
2
1
2
3
1
2
2

1
3
2
3
3
3
2
1
1
3
2
1
1
2
3
2
1
2

2
1
2
2
2
2
2
1
2
1
1
2
1
1
1
2
1
1

3
2
1
3
1
2
2
2
2
1
1
1
1
2
3
3
3
3

1,3 PDO
(g/L)*
5.80±0.12
4.85±0.03
4.83±0.31
12.27±3.21
9.34±0.59
5.69±0.44
3.92±0.25
4.25±0.32
8.36±1.33
4.57±0.16
3.46±0.27
5.91±0.18
0
7.08±0.57
3.05±0.44
0.83±1.18
7.89±0.62
2.94±0.75
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(K2HPO4, KH2PO4, MgSO4·7H2O, yeast extract, glycerol,
FeSO4·7H2O, trace element solution) are assigned with three
levels. (NH4)2SO4 was chosen at two levels because concentration of (NH4)2SO4 was mostly fixed. The experimental design of factors and response of Taguchi OA
(TOA) is shown in Table 3, and the values are the means
of duplicate data from fermentation procedure. In addition,
ANOVA table of TOA and point prediction for optimum
conditions of 1,3 PDO production is shown in Tables 4 and
5, respectively.
TABLE 4 - ANOVA table for 1,3 PDO production.
Sum of
Mean
F(Prob >
df
Squares
Square
Value
F)
Model
140.27
12
11.69
6.68
0.0238*
X1
42.60
2
21.30
12.18
0.0120*
X2
44.88
2
22.44
12.89
0.0107*
X3
24.70
2
12.35
7.06
0.0350
X4
4.84
2
2.42
1.38
0.3322
X5
8.38
2
4.19
2.40
0.1863
X6
14.85
2
7.43
4.24
0.0836
Residual
8.75
5
1.75
Total
149.02
17
*R2 = 0.9413; R2 (Adj) 0.8004; CV = 24.98 %; df, degrees of freedom, *
significant terms.
Source

TABLE 5 - Point prediction for
optimum conditions of 1,3 PDO production.
Prediction
1,3 PDO

12:20

SE
95%
95%
Mean CI Low CI High
1.12

9.31

15.09

Optimum
Conditions
X1: 2; X2: 3; X3: 2;
X4: 3; X5: 1; X6: 1;
X7: 2; X8: 2

Box-Behnken Method

Interactions between the concentrations of the chemicals, which were determined to be significant after Taguchi
design for 1,3 PDO production, were examined by Box–
Behnken design (BBD). Table 6 shows the fixed parameters of the design, and Table 7 shows the different levels
of each parameter. The basic points for the design were
selected according to the responses of TOA. A set of 15 experiments were carried out with three variables; K2HPO4,
MgSO4·7H2O and glycerol (studied at three levels). The
levels (in coded values) were -1, 0, and 1 where 0 corresponded to the central point.
TABLE 6 - Fixed parameters of BBD.
Chemicals
Yeast Extract
Trace Element
FeSO4·7H2O
KH2PO4 (g/L)
(NH4)2SO4 (g/L)

Symbol Code
X4
X5
X6
X7
X8

Concentrations
1 g/L
1 mL/L
0.5 g/L
1.5 g/L
2 g/L

TABLE 7 - Independent variables (factors) of BBD.
Independent Variables

Symbol
Code

-1

Glycerol (g/L)
K2HPO4 (g/L)

X1
X2

5
0

Range and Levels
0
1
32.5
3

60
6

MgSO4·7H2O (g/L)

X3

0

1

2

RESULTS AND DISCUSSION
Optimization of basal medium composition (Taguchi method)

1,3 PDO production is considered to be a product quality variable. The desirability function was used to find out
the maximum produced response. The desirability lies between zero and one, and represents the closeness of a response to its ideal value. If a response reaches its ideal
value, the desirability is one. When a response fails to reach
its ideal value, the desirability lies between zero and one.
Thus, the desirability function is an effective means of
simultaneously optimizing a multi-response problem [24].
According to the main effect, plots of the model graph for
optimum levels of significant factors (Fig. 1) and the factors which are non-significant (Fig. 2) on 1,3 PDO production were obtained. Figure 1 clearly depicts the optimum
level of each significant factor on 1,3 PDO production.
According to Fig. 2, (NH4)2SO4 and KH2PO4 are not significant for 1,3 PDO production, as the concentrations of these
chemicals increase, 1,3 PDO production is constant. However, when the concentrations of glycerol, K2HPO4,
MgSO4·7H2O, yeast extract, FeSO4·7H2O and trace element
solution alter, 1,3 PDO production differs. Therefore, these
chemicals are significant factors for the production. As a
result, the analysis of variance (ANOVA) for the response
of 1,3 PDO production was carried out according to the
factors which are suggested to be significant by software.
ANOVA is used to determine how much variation of each
factor has contributed. By studying the main effects of each
of the factors, the levels of factors to produce the best results can be predicted.
ANOVA of significant factors for 1,3 PDO production is shown in Table 4. Values of "Prob > F" less than
0.05 indicate that model terms are significant. Accordingly,
it can be referred that the factors considered in the experimental design are statistically significant at 95% confidence
limit. The significant terms are preferred for ANOVA because the "Model F-value" is 3.84 when analyzed with nonsignificant terms, and this implies the model is not significant relative to the noise. In this case, if there are many insignificant model terms, the software suggests a model
reduction to improve the model. After the model reduction, the F-value of the model is 0.0238 that mplies the
model is significant. The model obtained from ANOVA
indicated that the multiple correlation coefficient of R2 is
0.9413, i.e. the model can explain 94.13% variation in the
response. Also, the model has an adequate precision ratio
of 9.130 that indicates an adequate signal. This model can
be used to navigate the design space. The “adequate precision value” is an index of the signal to noise ratio, and a
value >4 is an essential prerequisite for a model to be a
good fit. The model shows standard deviation, mean, C.V.
and predicted residual sum of square (PRESS) values of
1.32, 5.3, 24.98 and 113.36, respectively.
Point prediction for achieving highest 1,3 PDO production, in terms of levels of factors, is shown in Table 5.
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Under optimal medium concentrations, the expected product concentration was 12.20 g/L. Furthermore, to validate
the proposed experimental methodology, fermentation experiments were repeatedly performed for 1,3 PDO production by employing the obtained optimized culture conditions. Runs 3, 4, 7, 16 and 18 were chosen for the confirmation experiments. These runs represent the best, worst
and combinations of three levels of substrate results.
The mathematical model for TOA, which represents
1,3 PDO production is given by equation 1, where the
variables are expressed as their coded values:

1,3 PDO (g/L) = 5.58 – 2.19 X2 [1] – 0.070 X2 [2] – 1.20 X3 [1] + 1.22 X3 [2] –
0.47 X4 [1] – 0.43 X4 [2] + 0.36 X6 [1] + 0.75 X6 [2] – 2.83 X1 [1] + 1.61 X1 [2] +
1.26 X5 [1] – 0.99 X5 [2]

(1)

Interactions between significant parameters (Box–Behnken
statistical analysis)

According to the preliminary results, three of the significant factors after ANOVA were selected and these
chemicals were used for further optimization. Understanding the correlation between chemical concentrations for
maximum 1,3 PDO production was examined by Box-

FIGURE 1 - Significant factors of TOA in g/L for 1,3 PDO production.
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FIGURE 2 - Non-significant factors of TOA in g/L for 1,3 PDO production.

Behnken response surface methodology. The range of values for the independent variables and fixed parameters for
the BBD experiments are shown in Tables 6 and 7. The
corresponding second-order response model for Eq. (2) that
was found after analysis for the regression was as follows:
1,3 PDO (g/L) =26.71 + 2.69X1 + 1.74X
2 – 0.082X3 [1] + 1.92 X1X2 + 0.093X1X3
2

(2)

2

0.73X2X3 – 3.76 1 – 0.56 X2 + 0030 X3

As shown above in Eq. (2), the measured responses
are listed in Table 8. Analyzing the measured responses
by the Design Expert software, the ﬁt summary of the output indicates that the quadratic model is statistically highly
signiﬁcant. The regression analysis of the data showed a
coefﬁcient of determination (R2) value of 0.9876, and the
adjusted R2 value was 0.9652, which were in close agreement ensuring a satisfactory adjustment of the proposed
model with more than 98% variability in response being
explained by proposed model, and only 1.24% of the total
variance could not be explained by the model. The value
of R2 > 0.98 for the present mathematical model indicates
the high correlation between observed and predicted values (Fig. 3). The adjusted determination coefﬁcient (Adj R2
= 0.9652) was also satisfactory to conﬁrm the signiﬁcance
of the model. This indicated that Eq. (2) was a suitable
model to describe the response of the experiment pertaining
to 1,3 PDO production. The analyses of model predicted
vs. experimentally observed yield values suggested both
positive and negative dispersion of observed values. The
Model F-value of 44.20 implies the model is significant.
There is only a 0.03% chance that a "Model F-Value" could
occur due to noise. Values of "Prob > F" less than 0.0500
indicate model terms are significant. In this case, X1, X2,
X1X2, and X12 are significant model terms. Figure 4 shows
the interactions between significant terms. The correlation
between X1 and X2 is obvious. As the concentration of X1
is around level 2 and the concentration of X2 is at the
highest, 1,3 PDO production reaches its maximum values
(Fig. 4b). The "Lack of Fit F-value" of 1.14 implies the
Lack of Fit is not significant relative to the pure error.
There is a 49.97% chance that a "Lack of Fit F-value" could
occur due to noise, and this value shows that the model fits.
The "Pred R-Squared" of 0.8645 is in reasonable agreement
with the "Adj R-Squared" of 0.9652. "Adeq Precision"
measures the signal to noise ratio. A ratio greater than 4
is desirable. The ratio of 18.259 indicates an adequate
signal. This model can be used to navigate the design space
(Table 9).
Comparison of 1,3 PDO and by-product concentrations

Oh et al. [14] studied optimization of 1,3 PDO production from crude glycerol using response surface methodology based on a 25 factorial central composite design.
The effects of crude glycerol, (NH4)2SO4, pH, cultivation
time and temperature on the production of 1,3-PDO were
analyzed. Optimal conditions for maximum 1,3 PDO production were found to be 35 g/L crude glycerol, 8 g/L
(NH4)2SO4, pH 7.37, cultivation time 10.8 h and temperature 36.88 °C. In this paper, the optimum concentration

found for the substrate is closer to the value above, however, it was found that (NH4)2SO4 concentration is not significant for 1,3 PDO production. The high concentration of
K2HPO4 is more effective than (NH4)2SO4 on production.
Cheng et al. [17] found a higher concentration of glycerol
out of optimization studies with central composite design
(50 g/L). On the other hand, BBD has the advantage of obtaining unexperimented data through the quadratic model.
Therefore, by using Eq.2 in Section 3.2, concentrations of
significant chemicals to reach maximum 1,3 PDO yields
can be obtained.
TABLE 8 - Experimental design of BBD studies
using three independent variables in three levels.
Run
X1
1
0
2
-1
3
0
4
0
5
1
6
-1
7
0
8
-1
9
1
10
1
11
0
12
0
13
-1
14
0
15
1
*Mean±SD, n=2.

X2
0
1
0
1
1
-1
-1
0
0
-1
0
1
0
-1
0

X3
0
0
0
-1
0
0
1
1
-1
0
0
1
-1
-1
1

1,3 PDO (g/L)*
7.20±0.02
0
6.90±0.74
8.73±1.05
8.62±0.18
0
5.10±4.95
0
5.78±0.25
0.95±0.21
6.05±0.35
6.75±0.78
0
4.15±0.78
6.15±0.07

FIGURE 3 - Predicted and actual values of BBD for 1,3 PDO concentrations.

Initial glycerol concentrations were at the lowest level,
namely 5 g/L, in runs 7, 8, 11, 15, and 18. Therefore,
glycerol was entirely consumed and converted to 1,3 PDO
by K. pneumoniae. For other glycerol concentrations (level
2 and level 3), the microorganism was not able to use the
whole substrate, however, the consumed glycerol was converted to 1,3 PDO with a yield of average 0.7 mol/mol.
Thus, mol initial glycerol/mol 1,3 PDO yield is lower
than mol-consumed glycerol/mol 1,3 PDO. Maximum 1,3
PDO concentration was 12.27 g/L in run 4 with an initial
glycerol concentration of 60 g/L after 24 h. Although this
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run has the maximum concentration of 1,3 PDO, its yield

is 0.49 mol/mol for consumed and 0.25 mol/mol for initial

FIGURE 4 - Interactions between glycerol, K2HPO4 and MgSO47H2O according to the responses from BBD. PDO production is maximized
when a) K2HPO4 is between 4.36-6 g/L and MgSO47H2O is between 0.58-1.05 g/L; b) MgSO47H2O is between 0.58-1.05 g/L, and glycerol is
between 46.25-60 g/L; c) K2HPO4 is between 3.25-6 g/L and glycerol is between 32.5-60 g/L.

TABLE 9 - ANOVA table for response surface quadratic model out of BBD for 1,3 PDO production optimization.
Sum of
Mean
df
F -Value
Squares
Square
Model
151.70
9
16.86
44.20
X1
57.75
1
57.75
151.46
X2
24.12
1
24.12
63.24
X3
0.05
1
0.05
0.14
X1 X2
14.69
1
14.69
38.52
X1 X3
0.03
1
0.03
0.09
X2 X3
2.14
1
2.14
5.61
X1 2
52.21
1
52.21
136.92
X2 2
1.16
1
1.16
3.05
X3 2
0
1
0
0.01
Residual
1.91
5
0.38
Lack of Fit
1.20
3
0.40
1.14
Pure Error
0.71
2
0.35
Total
153.61
14
R2 = 0.9876; R2 (Adj) 0.9652; CV = 13.96 %; df, degrees of freedom, * significant terms.
Source

glycerol. This is probably because of the substrate inhibition after 32.5 g/L initial glycerol. Run 9 has an initial glycerol concentration of 60 g/L, and 8.36 g/L 1,3 PDO was
produced. This value is closer to the maximum value of run
4. In addition, 9.34 g/L was produced in run 5 which has

(Prob > F )
0.0003*
< 0.0001*
0.0005*
0.7230
0.0016*
0.7765
0.0641
< 0.0001*
0.1409
0.9302

Standard
Error
0.36
0.22
0.22
0.22
0.31
0.31
0.31
0.32
0.32
0.32

0.4997

32.5 g/L concentration of initial substrate. According to
the production yields, 1,3 PDO production is at the highest values in substrate’s level 2, except for run 4. As glycerol concentration increases, 1,3 PDO concentration decreases inversely proportional. Maximum and minimum
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1,3 PDO concentrations have been observed in runs 4 and
13, respectively.
For higher yield and productivity, the formation of
by-products should be minimized. In addition to this minimizing effect, by-products like acetic acid and succinic acid
help maintaining th pH of reactor since these products
will decrease the pH values. Metabolic engineering can be
used to manipulate the pathways so that the by-products’
pathways can be controlled, or even be eliminated [16]. At
the same time, by optimizing the basal medium, the byproducts may also be controlled. According to the TOA
experimental results, there was no lactic acid nor ethanol
production after 24 h of fermentation (data not shown). In
addition, the values of succinic and acetic acid were between 0.05 and 1.63 g/L which should be considered as low
values. Since, the microorganism needs to produce these
organic acids in order to produce ATP for metabolic activities [12]. Also a high concentration of 2,3 BD was produced only in run 4 (2.68 g/L), in total, the value of 2,3
BD was between 0.61 g/L. Besides, in BBD experiments,
the by-product formation was lower than in TOA experiments. Only around 0.5 g/L of by-products, namely, lactic
acid and 2,3 BD, were produced in some of the reactors
(data not shown).
The 1,3 PDO production levels were found to be dependent on the medium composition. In TOA and BBD,
analysis of variance (ANOVA) was used to analyze experiments as shown in Sections Optimization of basal medium composition (Taguchi method) and Interactions between significant parameters (Box–Behnken statistical
analysis). 1,3 PDO production was found to be greatly
dependent on the medium composition. The optimal medium contents for maximum 1,3-PDO production and minimum by-products were found to be as follows (for 1 L distilled water): 3-6 g K2HPO4, 1.5 g KH2PO4, 2 g (NH4)2SO4,
0.2-0.4 g MgSO4·7H2O, 1 g yeast extract, 0.25 g
FeSO4·7H2O, 1 ml trace element solution, and 20-40g glycerol.
Application of optimized basal medium

1,3 PDO concentrations out of biodiesel by-product
glycerol used as substrate have proven optimized medium
efficiency for fermentation. Using one of the solutions
obtained from BBD optimization, a chemostat fermentation was carried out (Fig. 5). In this production, crude
glycerol was entirely consumed and converted to 1,3 PDO
by K. pneumoniae during the first 24 h. 1,3 PDO concentration reached a level of 23.5 g/L at the end of 25 h.
After 24 h, there is a 14% loss of 1,3 PDO concentration.
This loss is probably because of the completion of substrate
consumption, and the microorganism used the product as
a substrate between 25-30 h of fermentation. The 1,3
PDO concentration then reached 18 g/L at 30 h, and stayed
stable in the course of 48 h. Productivity of 1,3 PDO
was 0.47 g/L h, and as a mol ratio of production was
0.56 mol/mol. In addition, the conversation ratio was over

50% as expected. The mol/mol ratio results obtained from
crude glycerol were approximately similar to the other
experiments which were carried out with pure glycerol.
Acetic acid and lactic acid concentrations were 4.7 and
2.7 g/L at the end of fermentation. The lower values of
fermentation by-products are an important advantage for
downstream processes of 1,3 PDO. These results showed
that a maximum of 23.5 g/L 1,3 PDO can be obtained using
the above optimized medium’s chemical concentrations.
50

40

Concentrations (g/L)
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FIGURE 5 - Product and by-product concentrations as a result of
optimized medium, with biodiesel by-product glycerol, acquired
from the statistical analysis. 1,3 PDO (filled circle), glycerol (open
circle), succinic acid (filled triangle), acetic acid (open triangle), lactic
acid (filled square).

CONCLUSIONS
The TOA and BBD can be employed to develop
mathematical models for predicting optimum basal medium for 1,3 PDO production. High concentrations of
K2HPO4 are effective for the production of 1,3 PDO from
glycerol. In addition, concentrations under approximately
40 g/L glycerol could easily be consumed and converted
to 1,3 PDO. Crude glycerol is a low-cost raw material, and
it is an alternative to more costly pure glycerol. Although
there are plenty of studies in literature which used optimized medium for 1,3 PDO production, the results in this
study showed that BBD experiments, in consequence of
TOA, successfully optimized the medium for maximum
1,3 PDO and minimum by-products production. The results showed that a maximum of 23.5 g/L 1,3 PDO can be
obtained using the optimized chemical concentrations with
crude glycerol used as substrate. Optimization of 1,3 PDO
fermentation medium from glycerol has been successfully
carried out in the current study using experimental designs.
These designs proved to be crucial in achieving maximum
1,3 PDO yield but minimum inhibitory by-product formation.
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ABSTRACT
This study used batch adsorption techniques to evaluate the potential suitability of tea waste as a low-cost adsorbent for the removal of gallium ions from aqueous solution. In addition, we also investigated the effects of process
parameters, such as the initial concentration of gallium
ions, adsorbent dose and temperature on adsorption performance. The experimental data were fitted with several
adsorption isotherm models to describe the adsorption process of gallium ions onto the tea waste. The predictions of
the Freundlich isotherm model satisfactorily matched the
experimental observations. In addition, the kinetic data obtained at different initial concentrations were analyzed using
pseudo-first-order and pseudo-second-order kinetic models. A pseudo-second-order model provided a good fit to the
experimental results with correlation coefficients greater
than 0.99. Thermodynamic parameters, including the Gibbs
free energy, enthalpy, and entropy, indicated that the gallium adsorption of aqueous solutions onto tea waste was
feasible, spontaneous and endothermic in the temperature
range of 288 K to 318K. This study indicated that tea waste
could be used as an effective and environmentally friendly
adsorbent for the treatment of gallium-containing aqueous
solutions.
KEYWORDS: Adsorption; Gallium ions; Tea waste; Isotherms;
Kinetics; Thermodynamics

INTRODUCTION
Gallium and certain gallium compounds, such as gallium arsenide (GaAs) and gallium nitride (GaN), are extensively used in the manufacturing of technological devices,
such as advanced semiconductors, DVD’s, laser diodes in
compact discs, and other electronic devices [1, 2]. Gallium
is a metallic element in Group IIIA of the periodic table
and attracted a lot of interest in the 1970s when it was
discovered that gallium, when combined with elements of
group VA, displayed semiconducting properties [3, 4]. For
example, GaAs is a potential substrate due to its superior
electronic and optical properties compared to those of sili-

con-based semiconductors [5]. The supply and demand of
gallium-bearing products has gradually increased during
the past decade. Many studies also indicate that gallium is
able to interrupt iron metabolism, can affect cellular immune function and reveal antiproliferative activities [6, 7].
Therefore, the removal of gallium from aqueous solutions
has become an important issue.
Most studies related to the extraction of metal ions
from solid and liquid samples have employed chelation
combined with solvent extraction [3, 4, 8]. However, these
solvent extraction procedures are usually time consuming
and labor intensive. This method is also unfavorable because of the environmental contamination associated with
the use of chemical solvents and the resulting health risks.
Membrane filtration is also a proven way to remove metal
ions but its high cost limits the use in practice [9]. Adsorption is a promising alternative for the removal of metals
from aqueous effluents. The process of adsorption implies
the presence of an “adsorbent” solid that binds molecules
by ion exchange, chemical binding, and physical attractive
forces. The most widely used industrial adsorbent is activated carbon. Activated carbon has shown good metal ion
adsorption capacities [10－12]. However, these methods
have been found to be limited because they often involve
high capital as well as operational costs and may be associated with the generation of secondary wastes, which present treatment problems [13]. In addition, strict new regulatory requirements on the use of organic solvents worldwide, motivated by health and environmental concerns,
have prompted studies relating to the removal and separation of gallium ions using methods such as electroanalytical techniques [14], solid phase extraction [15], supercritical CO2 extraction [16], and extraction resin [4, 17]. More
recently, great effort has been contributed to the development of new adsorbents that are byproducts of wastes from
large-scale industrial operations and agricultural waste materials. The obvious advantage of adsorption methods is the
lower costs involved. However, to date, there has been scarce
research on the adsorption treatment for the removal of gallium from aqueous solutions using agricultural waste materials as adsorbents.
A number of investigations have developed alternative and economic adsorbents for heavy metal ions re-
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moval. For example, plant materials are mainly comprised
of cellulose materials that can adsorb heavy metal ions in
aqueous solutions [18]. The utilization of agricultural waste
materials is increasingly becoming a significant concern
because these wastes represent unused resources and in
many cases present serious disposal problems. A number
of biomass sources that can be used as low-cost adsorbents are available in different parts of the world. Such
available adsorbents include corn cobs [19], peanut shells
[20], rice husk [21, 22], saw dust [23], coir dust [24], dry
tree leaves and barks [25], coffee waste [26], rice and
wheat bran [27], sea weeds [28], and tea waste [29－31],
used in heavy metal removal from wastewaters. Recently,
tea waste has also gained attention due to its potential to
remove heavy metal ions from aqueous solutions. Insoluble cell walls of tea leaves are composed of lignin, condensed tannins, structure proteins, cellulose and hemicelluloses as major constituents and may include other polar
functional groups of lignin and tannin, including alcohols,
aldehydes, ketones, carboxylic, phenolic and ether groups.
These groups serve as metal scavengers in aqueous solutions and have the ability to bind heavy metals by donation of an electron pair from these groups to form complexes with the metal ions [32]. Most available studies in
the literature have used tea waste as an adsorbent for the
removal of heavy metals such as chromium, zinc, copper,
lead, nickel, iron, and cadmium [33 35]. However, there
are currently no studies on the removal of gallium using
tea waste as a potential adsorbent.
Tea is considered the second most popular beverage
and rated slightly lower than water in world consumption.
It is estimated that somewhere between 19 and 20 billion
cups of tea are consumed daily worldwide, and producers
face problems with disposing of tea waste leaves after extraction. In view of this, the utilization of tea waste is very
desirable. Therefore, this study evaluated the adsorption
potential of tea waste for the removal of gallium ions from
aqueous solutions. The optimum operating conditions, equilibrium data, and kinetic data were processed to understand
the adsorption mechanism of gallium ions onto the tea
waste.
MATERIAL AND METHODS
Preparation of the adsorbent

The tea waste used in the experiments was collected
from high-altitude mountainous tea plantations in central
Taiwan. The waste was washed several times with boiled
water to remove any soluble dirt and colored components.
The tea leaves were then washed with distilled water and
were oven dried for 24 h at 85 °C. The dried tea waste
was then crushed and sieved to obtain a particle size in
the range 60-100 mesh to be used in the adsorption experiments without any further modification. Finally, the
resulting product was stored in an airtight container for
further use.

Chemical and apparatus

The standard reference material used in the experiments was a gallium standard solution (from NIST, 2%
Ga(NO3)3 in HNO3) from High-Purity Standards (South
Carolina, USA) with purity of at least 99%. Aqueous solutions containing gallium ions were prepared by dissolving
an appropriate quantity of gallium nitrate in deionized water
for adsorption tests. The reactor cell, with a 5 cm inner
radius x 12 cm depth, was composed of Pyrex glass and
equipped with a water jacket. The temperature of the reactor cell was controlled by continuously circulating water
from a refrigerated circulating bath (BL-720, Taiwan)
through the water jacket. The magnetic stirrer (Suntex, SH301, Taiwan) was used in the reactor to maintain adequate
mixing of the synthetic gallium ion wastewater during the
adsorption process. The characteristics of the gallium ion
aqueous solution was determined using a pH meter (Sartorius, Professional Meter PP-20, Germany) and by measuring conductivity (Eutech, CyberScan 510, Singapore).
Fourier transform infrared spectroscopy of the tea waste
was performed using an FTIR spectrophotometer (PerkinElmer, Spectrum one, USA); the resulting spectra were
the average of 32 scans. Physical characterization of the
prepared tea waste was carried out by nitrogen adsorption
isotherms obtained using a BET surface area apparatus (Micromertics, Gemini V, USA), surface area and porosity
analyzer.
Procedure and analysis

During each test run, 0.5 L of aqueous solution containing gallium ions was placed into the reactor. The magnetic stirrer stirred the wastewater at a speed of 300 rpm,
providing adequate mixing in the reactor cell during the
treatment. The adsorbent dose amount of 2, 3, 4 or 5 g L-1
was added to the wastewater used in the adsorption treatment process. The initial concentration was between 10
and 80 mg L-1. A steady temperature of	
 288 to 318 K was
maintained by circulating water from the refrigerated
circulating bath through the water jacket. An adsorption
test run lasted 480 min in all experiments. The concentration of gallium ions in each sample was measured three
times with a flame atomic absorption spectrophotometer
(Perkin-Elmer, AA-200, USA). A gallium hollow cathode
lamp operated at 20 mA was used as the light source. The
wavelength was set at the 287.42 nm resonance line for
gallium. The correlation coefficient of the calibration curves
was generally 0.999.
Adsorption studies

Batch adsorption experiment were carried out in a series of 1.0-L Pyrex glass reactor equipped with a water
jacket and a magnetic stirrer, containing 500 mL of gallium ions solution. The temperature of the reactor cell was
controlled by continuously circulating water through the
water jacket from a refrigerated circulating bath (Model
BL-720, Taiwan). A magnetic stirring bar (Suntex, SH301, Taiwan) was spun at 300rpm in the center of the bottom of the reactor. The amount of gallium ions adsorbed
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FIGURE 1 - Fourier transform infrared spectroscopy of the tea waste.

by tea waste was calculated from the difference between
the amount gallium ions added to the tea waste and the
gallium ions content of the supernatant using the following equation:

qe =

V (C0 − Ce )
M

(1)

where qe is the gallium ions uptake (mg g-1), C0 and
Ce are, the initial and final (or equilibrium) gallium ion
concentrations in the solution (mg L-1), respectively, V is
the volume of the solution (L) and M is the mass of the
tea waste.
The FTIR analysis was used to identify some characteristic functional groups and the spectra of tea waste
shown in Fig. 1. The FTIR spectroscopic analysis indicated broad bands at 3427 cm-1, representing bonded –OH
groups. The peak at 2927 and 2847 cm-1 could be assigned
to the C–H group. The bands observed at 2362 cm−1 can be
attributed to the –OH stretch. The peaks around 1645 and
1537 cm-1 corresponded to the C=O stretch. The peaks
observed at 1234, 1056 and 590 cm−1 were assigned to the
–SO3 stretching, C–O stretching of ether groups and –CN
stretching, respectively. These significant bands in the
spectrum indicate the possible involvement of functional
groups on the surface of the tea waste during the gallium
ions adsorption process [33, 36]. We also founded that the
BET surface area, total pore volume and average pore diameter of the tea waste were 2.631 m2 g-1, 8.63×10-5 cm3 g-1,
and 1.415 Å, respectively.

RESULTS AND DISCUSSION
Effect of absorbent dose

The solid to liquid ratio in an adsorption system exerts great influence on the amount of adsorbent. To investigate the effect of adsorbent dose on the kinetics of gallium ions adsorption, the dose was varied from 2 to 5 g L-1,
while the initial gallium ions concentration and the temperature were maintained at 20 mg L-1 and 298 K, respectively. The results are shown in Fig. 2. The experimental
results for all absorbent doses showed a rapid initial adsorption rate followed by a slower rate. Initially, the adsorption sites are open and the gallium ions interact with

FIGURE 2 - Effect of adsorbent dose on the adsorption efficiency of
gallium ions (C0 = 20 mg L-1, pH = 3.0 ± 0.1, t = 480 min, T = 298 K,
agitation speed = 300 rpm).
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within 120 min in all cases. The removal efficiencies corresponding to equilibrium adsorption increased from 52% to
98% when the initial concentration decreased from 80 to
10 mg L-1. These observations imply that the ratio of surface active sites to the total metal ions in the solution at
low initial concentration is high, and therefore, all metal
ions may interact with the adsorbent and be removed from
the solution. However, as shown in Fig. 5, the equilibrium
adsorption capacity increased from 2.5 to 10.9 mg g-1 with an
increase in the initial concentration from 10 to 80 mg L-1.
These findings were observed because as the initial concentration increased, the mass transfer driving force became larger, resulting in higher gallium ion adsorption.

FIGURE 3 - Effect of adsorbent dose on the adsorption capacities of
gallium ions (C0 = 20 mg L-1, pH = 3.0 ± 0.1, t = 480 min, T = 298 K,
agitation speed = 300 rpm).

accessible sites, thereby leading to an observed higher adsorption rate. Furthermore, the concentration gradient
between the bulk solution and the solid-liquid interface
was initially higher, also resulting in a higher adsorption
rate. However, after the initial period, slow adsorption
may be due to slower diffusion of solute into the interior
of the adsorbent. As expected, an increase in the tea waste
quantity caused a decrease in the residual gallium ions
concentration at equilibrium, thereby increasing the adsorption removal efficiency from 55% to 98% as the tea
waste dose was increased from 2 g L-1 to 5 g L-1. This
trend can be explained by the fact that the number of
adsorption sites or surface area increased with the quantity of adsorbent, resulting in a higher percent of metal
removal at a high dose. However, as shown in Fig. 3, the
amount of gallium ions adsorbed per unit weight of adsorbent (q) decreased from 5.6 to 3.9 mg g-1 when the adsorbent dose increased from 2 to 5 g L-1. These findings
were observed because at higher adsorbent doses the
gallium ions concentration in solution dropped to a lower
value, and the system reached equilibrium at lower values
of q, indicating the adsorption sites remained unsaturated.

FIGURE 4 - Effect of initial concentration on the adsorption efficiency of gallium ions (adsorbent dose = 4 g L-1, pH = 3.0 ± 0.1, t =
480 min, T = 298 K, agitation speed = 300 rpm).

Effect of initial concentration

The initial concentration provides an important driving force to overcome mass transfer of the pollutant between the aqueous and solid phases. The relationship
between contact time and adsorption removal efficiency
of gallium ions onto tea waste at different initial gallium
ions concentrations is shown in Fig. 4. The experimental
results for all initial concentrations show rapid initial adsorption rate followed by a slower rate. The absorption removal efficiency changed rapidly between 0 and 30 min,
increasing from 41% to 92%, with an initial concentration
ranging from 10 to 80 mg/L at a contact time of 30 min.
This result was due to open adsorption sites allowing easy
interaction with the metal ions. As time increased the adsorption removal efficiency proceeded at a slower rate, and
eventually the adsorption removal approached equilibrium

FIGURE 5 - Effect of initial concentration on the adsorption capacities of gallium ions (adsorbent dose = 4 g L-1, pH = 3.0 ± 0.1, t =
480 min, T = 298 K, agitation speed = 300 rpm).
Effect of temperature

The major effect of temperature on the adsorption process is influenced by the diffusion rate of adsorbate molecules and the internal pores of the adsorbent particle. Increasing temperature caused an increase in the diffusion
rate of the adsorbate molecules across the external layer
and within the internal pores of the adsorbent particle due
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to a decrease in the viscosity of the solution. Furthermore,
changing the temperature can alter the equilibrium capacity of the adsorbent for the adsorbate [37]. To study the
effect of temperature on the kinetics of adsorption, the temperature was varied from 288 to 318 K, while the adsorbent
dose and the initial gallium ions concentration were maintained at 4 g L-1 and 20 mg L-1, respectively. Fig. 6 illustrates the relationship between contact time and adsorption removal efficiency of gallium ions onto tea waste at
different temperatures. As time increased, the adsorption
removal efficiency proceeded at a slower rate, and the adsorption removal approached equilibrium within 120 min
in all cases. As seen in Fig. 6, the removal efficiencies
corresponding to equilibrium adsorption increased from
84% to 98% when the temperature increased from 288 to
318 K. Similar results were observed for equilibrium adsorption capacity, which increased from 4.3 to 4.9 mg g-1
with increasing temperature from 288 to 318 K, as shown
in Fig. 7. This phenomenon indicates that gallium ion removal by adsorption processes on tea waste is endothermic
in nature and favors a high temperature. This may be due to
the mobility of gallium ions, which increases generally

with increasing temperature. An increasing number of molecules may also gain enough energy to interact with active
sites at the surface. In addition, increasing temperature may
generate a swelling effect through the internal structure of
the tea waste prompting metal cation to penetrate further
[38].
Determination of thermodynamic parameters

In environmental engineering practice, both energy and
entropy factors must be considered to determine which
process will occur spontaneously. Thermodynamic parameo

ters, including the Gibbs free energy change ( ΔG ), eno

o

thalpy change ( ΔH ), and entropy change ( ΔS ), can be
estimated using adsorption equilibrium constants changing
with temperature. The distribution coefficient (Kd) and free
energy change of the adsorption reaction are given by the
following equations:

Kd =

qe
Ce

(2)

ΔG o = − RT ln K d

(3)

o

where ΔG is standard free energy change (J), R is
the universal gas constant (8.314 J mol-1 K-1), T is the
temperature (K), Kd is the distribution coefficient, and qe
and Ce are the equilibrium concentrations of gallium ions
concentration on the adsorbent (mg L-1) and the solution
(mg L-1), respectively.
o

o

The relationship between ΔG , ΔH and
be expressed by the following equation:

ΔG o = ΔH o − TΔS o

ΔS o can
(4)

Combining Eqs. (3) and (4) leads to:
FIGURE 6 - Effect of temperature on the adsorption efficiency of
gallium ions (C0 = 20 mg L-1, adsorbent dose = 4 g L-1, pH = 3.0 ±
0.1, t = 480 min, agitation speed = 300 rpm).

ΔS o ΔH o
ln K d =
−
R
RT

(5)

The effect of temperature on the adsorption efficiency
of the gallium ions from the aqueous solution was evaluated at temperatures ranging from 288 K to 318 K. At
each temperature, the corresponding Ce values, at different fixed values of qe, were calculated. The thermodynamo

o

ic parameters of ΔH and ΔS were calculated from,
respectively, the slope and intercept of a plot of lnKd versus
1/T, respectively. The Gibbs free energies at different temperatures were calculated from Eq. (3). The values of

ΔG o , ΔH o ,

o

and ΔS for the gallium ion adsorption
onto the tea waste at different temperatures are given in
o

Table 1. At all temperatures, ΔG was negative, indicating the feasibility of the process and spontaneous nature
of the adsorption of gallium ions on tea waste. The inFIGURE 7 - Effect of temperature on the adsorption capacities of
gallium ions (C0 = 20 mg L-1, adsorbent dose = 4 g L-1, pH = 3.0 ±
0.1, t = 480 min, agitation speed = 300 rpm).

o

crease in the absolute magnitude of ΔG with increasing
temperature indicated that these processes were favored at
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TABLE 1 - Thermodynamic parameters of the gallium ions adsorption on the tea waste at different temperatures.
Temperature (K)

Thermodynamic equilibrium constant (Kd)

288
298
308
318

1.070
1.531
3.215
7.827

o

high temperatures. The positive value of ΔH indicated
that the adsorption process was endothermic, further con-

ΔG˚
(kJ mol-1)
-0.163
-1.055
-2.991
-5.441

ΔS o suggests increased randomness at the solid-solution

interface during the adsorption of gallium ions from solution onto tea waste. While the adsorption process was endothermic under these conditions, the process was spontaneous due to the positive entropy change.
Adsorption isotherms

The relationship between the amounts of solute adsorbed per unit weight of the adsorbent and the concentration of adsorbate in the bulk at a given temperature under
equilibrium conditions are correlated by adsorption isotherms. Analysis of the equilibrium data is also important
to develop an adsorption equation, which would accurately
represent the results and be used for design purposes [13].
The equation parameters and the essential thermodynamic
assumptions of these equilibrium models often provide
some insight into both the adsorption mechanism and the
surface properties and affinity of the adsorbent. The importance of obtaining the best-fit isotherm becomes more
sig-nificant because more accurate and detailed isotherm
descriptions are required for the adsorption system designs.
Several isotherm equations have been used for the equilibrium modeling of adsorption systems. In this study, two
of the most commonly used adsorption isotherms, Langmuir and Freundlich, were applied to establish the relationship between the amounts of gallium ions adsorbed onto the
tea waste and the equilibrium concentration in the aqueous
solution.
The Langmuir model was originally developed to represent chemisorption at a set of well-defined localized adsorption sites with the same adsorption energy, independent of the surface coverage, and with no interaction between adsorbed molecules. This model assumes that a monolayer deposition is formed on a surface with a finite number
of identical sites and that there is no interaction between
molecules (i.e., metals) adsorbed on adjacent binding sites.
It is well known that the Langmuir equation is valid for a

ΔH˚
(kJ mol-1)

201.54

58.84

homogeneous surface. The mathematical expression for
the Langmuir isotherm is [39]:

o

firmed by the positive ΔS values. The adsorption of gallium ions on tea waste resulted in an increase in disorder,
which may be interrelated to the extent of hydration of the
gallium ions. The positive entropy change may also be
attributed to the increasing disorder because the number
of water molecules surrounding the gallium ions decreased, and thus, the degree of freedom of water molecules increased. Consequently, the positive value of

ΔS˚
(J mol-1 K-1)

qe =

a L K L Ce
1 + K L Ce

(6)

where aL (mg g-1) is a constant related to the area occupied by a monolayer of adsorbate, reflecting the maximum adsorption capacity, Ce (mg L-1) is the equilibrium
liquid-phase concentration, KL (L mg-1) is a direct measure of the intensity of adsorption, and qe (mg g-1) is the
amount adsorbed at equilibrium. From a plot of 1/qe versus 1/Ce, KL and aL can be determined from the slope and
intercept of the resulting straight line.
The Freundlich adsorption isotherm typically fits experimental data over a wide range of concentrations. This
empirical model is based on adsorption on the heterogeneous surfaces and exponential distribution of the active
sites and their energies. It is also assumed that the stronger
binding sites are occupied first and the binding strength
decreases with an increasing degree of site occupation. The
isotherm model has theoretical implications that are not
restricted to monolayer formation and provide a basis for
understanding non-linear adsorption. The mathematical expression for the Freundlich mode is [39]:
1/ n

qe = K f Ce

(7)

where Kf ((mg g-1)(L mg-1)1/n) and n (dimensionless)
are Freundlich constants, which account for all factors affecting the adsorption capacity and intensity, respectively.
Kf can also be defined as the adsorption coefficient and
represents the quantity of gallium ions adsorbed onto adsorbent per unit equilibrium concentration. 1/n is the heterogeneity factor, and n is a measure of the deviation from
linearity of adsorption [40]. The Freundlich constants Kf
and 1/n are determined from the intercept and slope, respectively, of the linear plot of ln qe versus ln Ce.
The applicability of the two isotherm equations was
compared using the correlation coefficient (R2). The
Langmuir and Freundlich constants for the adsorption of
gallium ions onto tea waste are presented in Table 2. It can
be seen from the R2 values, which are a measure of goodness-of-fit, that the Freundlich isotherm model provided a
better fit to the experimental data (R2=0.99) compared to
the Langmuir model for gallium ion adsorption. The variable Kf in the Freundlich equation is related to the adsorption capacity of the adsorbent, and n gives the extent of
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TABLE 2 - Langmuir and Freundlich isotherm constants for adsorption of gallium ions onto the tea waste.
Langmuir isotherm
KL (L mg-1)
2.27

aL (mg g-1)
6.84

Frendlich isotherm
KF ((mg g-1)(L mg-1)1/n)
3.49

R2
0.88

R2
0.99

librium and at any time t, respectively, and k1 (min-1) is
the rate constant of the pseudo-first-order model. After integration of Eq. (8) and applying the boundary conditions
qt =0 at t = 0 and qt = qt at t = t, we obtain:

the deviation from linearity of the adsorption. When the
value of n is equal to unity, the adsorption sites have
equal energy, and no interaction occurs between the adsorbed species. If n <1, the adsorption process is largely
physical. If n >1, the adsorption process is chemical [40].
Since the value of n at equilibrium was 3.57 at 298 K in
this study, this indicated that adsorption of gallium ions
onto tea waste is a favorable chemical process.

ln(qe − qt ) = ln qe − k1t

(9)

The pseudo-first-order model considers the rate of
occupation of the adsorption sites as proportional to the
number of unoccupied sites. The values of k1 and qe can
be obtained from the slope and intercept, respectively, of
a linear plot of ln(qe −qt) versus t. The adsorption rate
constants determined from the pseudo-first-order model
for different initial gallium ions concentrations are listed
in Table 3. We observed that the correlation coefficients
for the first-order kinetic model were relatively lower than
those obtained for the second-order kinetic model for all
different initial gallium ions concentrations. Furthermore,
the calculated qe values are all low compared with experimental qe values. These results indicate that the pseudofirst-order kinetic model might be insufficient to describe
the mechanism of gallium ions adsorption onto the tea
waste.

Adsorption kinetic modeling

The adsorption kinetic is one of the most important
characters that determines the solute uptake rate and describes the adsorption efficiency of the adsorbent, thereby
governing its potential applications. Kinetic models can be
helpful to understand the mechanisms of metal adsorption
and evaluate performance of the adsorbents for metal removal. The kinetic parameters, which are also helpful for
the prediction of adsorption rate, give important information for designing and modeling the adsorption processes. Several adsorption kinetic models have been developed to describe the kinetics of heavy metal removal.
The kinetics of gallium ions adsorption onto the tea waste
determined with different kinetic models which are a pseudo-first-order model and a pseudo-second-order model in
this study. The conformity between experimental data and
the model-pre-dicted values was expressed according to the
linear regression correlation coefficient value R2 (the relatively higher value is the more applicable model).

Pseudo-second-order model

The pseudo-second-order kinetic model is based on the
adsorption equilibrium capacity and can be written as [42]:

dqt
= k2 (qe − qt ) 2
dt

Pseudo-first-order model

(10)

where k2 (g mg-1 min-1) is the rate constant of the
pseudo-second-order equation, qe (mg g-1) is the maximum adsorption capacity, and qt (mg g-1) is the amount of
adsorption at time t (min). After integration and applying
the boundary conditions, qt =0 at t = 0 and qt = qt at t = t,
Eq. (10) becomes:

The first-order rate equation of the Lagergren model
is one of the most widely used expressions for describing
the adsorption of a solute from a solution [41]. The pseudofirst-order equation is given by:

dqt
= k1 (qe − qt )
dt

n
3.57

(8)

t
1
t
=
+
2
qt k 2 qe
qe

where qe (mg g-1) and qt (mg g-1) are the amounts
(here, of gallium ions) adsorbed on the adsorbent at equi

(11)

TABLE 3 - Comparison of the pseudo-first-order, pseudo-second-order adsorption
rate constants and calculated and experimental qe values at different initial concentrations.
Initial concentration
(mg L-1)
10
20
40
80

qe,exp
(mg g-1)
2.44
4.29
7.05
10.12

k1
(min-1)
0.028
0.019
0.020
0.019

First-order model
qe
(mg g-1)
1.81
1.56
3.73
6.26

R

2

0.72
0.71
0.85
0.88

2861

k2
(g mg-1 min-1)
0.134
0.051
0.019
0.009

Second-order model
qe
h
(mg g-1)
(mg-1 min-1)
2.48
0.824
4.41
0.992
7.47
1.060
10.92
1.073

R2
0.99
0.99
0.99
0.99
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The second-order rate constants were used to calculate
the initial adsorption rate, given by the following Eq. (12):

h = k2qe

2

(12)

Equilibrium adsorption capacity qe and k2 values were
calculated from the slope and intercept of the plots of t/qt
versus t, respectively. The values of the correlation coefficients R2 for the pseudo-second-order kinetic model obtained in all cases were above 0.99, and the calculated qe
values were in agreement with the experimental qe values.
The initial adsorption rate practically increased with the
increase in initial gallium ions concentrations from 10 to
80 g L-1 onto tea waste. This increase can be explained by
the fact that the difference between the metal ion concentration in the solution and at the solid-liquid interface at
high initial concentration is large. The adsorption rate constants and initial adsorption rate determined from the pseudosecond-order model for the different initial gallium ions
concentrations are also listed in Table 3. Higher correlation coefficients were obtained for the second-order kinetic
model than for the first-order model. These results indicate
that the second-order kinetic model can suitably be applied
to predict the adsorption process of gallium ions onto tea
waste.

cess was heterogeneous, non-specific and nonuniform in nature.
4) The pseudo-first-order model and pseudo-secondorder model were applied to identify the kinetics of
gallium ions adsorption onto tea waste. The adsorption rate was rapid over an initial period and then decreased gradually, indicating that the gallium ions adsorption of the aqueous solution onto tea waste was
best described using the pseudo-second-order kinetic
model at the different initial concentrations.
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CONCLUSIONS
The results of this study indicate that tea waste is an
effective and environmentally friendly adsorbent for the
removal of gallium ions via adsorption from aqueous solution. The following conclusions were drawn based on the
presented information:
1) The adsorption removal efficiencies of gallium
ions were significantly influenced by the absorbent,
the initial concentration, and temperature using tea
waste as a adsorbent.
o

2) The thermodynamic parameters ( ΔG ,
o

ΔH o
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TOTAL MERCURY AND SEQUENTIALLY
EXTRACTED MERCURY FRACTIONS IN
SOIL NEAR A COAL-FIRED POWER PLANT
Chun-Gang Yuan*, Tian-Fei Wang, Yan-Fang Song and Ai-Ling Chang
School of Environmental Science & Engineering, North China Electric Power University, No. 619 Yonghuabei Street, Baoding 071003, Hebei, China.

ABSTRACT

determine the contents of Hg in the soil near coal-fired
power plants.

Coal-fired power plants are regarded as major anthropogenic pollution sources of Hg. In order to investigate
the content of Hg in soil near a coal-fired power plant, soil
samples at different depths and distances from the chimney
of the power plant were collected. The concentrations of
Hg in samples were determined by cold vapor atomic
fluorescence spectrometer (CVAFS). The results demonstrated that the total concentrations of Hg in the soil samples were in the range of 0.9-2.4 µg g-1. To further understand the mobility and bioavailability of Hg in the soils,
one sequential extraction method was performed. Hg in the
soil was operationally characterized as five fractions. The
distribution of different Hg fractions in soil samples followed the order: elemental fraction (F4) > sulfide fraction (F5) > ion-exchangeable fraction (F1) > organic matter
bound fraction (F3) > acid soluble fraction (F2). More
than 69% of the total Hg was present in elemental fraction. The proportions of the most labile fractions (F1 and
F2) were small. The horizontal and vertical distributions of
various fractions of Hg were also investigated and discussed in this paper. The results would benefit us to understand the bioavailability and transportation of Hg in
the soils near coal fired power plant.

KEYWORDS: mercury; fractions; sequential extraction; soil; coalfired power plant

INTRODUCTION
Mercury (Hg) is a global pollutant exhibiting bioaccumulation, persistence, and long-range transport. Inorganic
Hg can be further methylated into organic forms and become more toxic during its biogeochemical cycling [1, 2].
Coal-fired power plants are regarded as major anthropogenic emission sources of Hg [3]. Hg emitted from power
plant can transport into the surrounding soils [4, 5] and
accumulate in organism eventually [3]. It is important to

It has been reported that the toxicities of elements in
the environment depend not only on the total amount but
also on the chemical fractions [6-9]. The uptake of Hg from
soil by plants is definitely related to the solubility of Hg
compounds. Evidences have indicated that Hg is present
in soil as a variety of compounds and the uptake of Hg by
organism decreases with a decrease in the solubility of Hg
compounds [10]. It has been reported that the extractable
Hg is related well to the bioavailability of Hg in soil [11].
Although it is always regarded as a very tough task to
evaluate the bioavailability of Hg in soil, many methodologies have been developed and proposed [10, 12-15].
Among the methods published, chemical fractions are often
used to evaluate the migration of Hg in solid phase by
applying sequential extraction procedure. No matter there
are differences in the extraction results caused by the different extraction procedures, and is lack of a universal extraction procedure [13, 14], sequential extraction method
is still regarded as a very valuable and useful tool for rapid
evaluation of potential bioavailability of heavy metals in
soil by now [11, 16].
Sequential extraction methods have been applied to
many samples. However, there are few studies carried out
on the soil near coal-fired power plants. Yang and Wang
[17] investigated total Hg and its spatial distribution in the
soil around a coal fired power plant. However, they did
not analyze the fractions (or species). The purpose of this
paper is to investigate both the total amount and the extracted fractions of Hg in soil near a coal fired power
plant by using a proposed sequential extraction method.
MATERIALS AND METHODS
Reagents

Deionized (DI) water supplied by EASYpure LF System (18.2 MΩ) (Barnstead Thermolyne, USA) was used
throughout the experiments. Nitric acid, potassium hydroxide, hydrochloric acid and acetic acid, and ammonium
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chloride (Beijing Chemical Factory, P. R. China) were used
for extraction and digestion. Hg standard solutions were
prepared in deionized water from a Hg stock solution (National Standard Material Research Center, P. R. China). All
of the reagents used in our experiment were analytical
grade or better in order to minimize Hg contamination from
the solvent matrix during the analysis process.
Instrumentation

An atomic fluorescence spectrometer (Suzhou QingAn
Instrment Co., P. R. China) was used to determine Hg in
the samples. A horizontal rotary shaker was used to perform the extraction process and a pH meter was used to
measure pH values. All glass containers used were soaked
in 50% HNO 3 (V/V) for at least 24 h and rinsed with
deionized water three times before use to avoid Hg contamination. The extracts were stored in plastic tubes in
dark and cool conditions prior to analysis.
Sampling and sample pretreatment

The soil samples were collected from the cropland near
a coal-fired power plant in Hebei province, China. The
power plant has been actively running for more than thirty
years. The size of the power plant is 15.5 MW. The power
plant is located in rural area where it is about 30 km far
from a city. The annual rainfall in the studied area is
about 650 mm. The average air temperature is around 12 oC.
We have investigated the distribution of Hg in the coal
samples from this power plant in our previous work. The
total concentration of Hg was in the range of 264 ng g-1 to
857 ng g-1 with the average concentration of 395 ng g-1
[18]. In this paper, we want to further investigate Hg,
especially the chemical fractions and bioavailability of Hg
in soil near this power plant. Two sampling sites were
chosen at the distance of 500 m away from the chimney of
station in north or south direction respectively (site B and
site C) and another two sampling sites were located at the

0-1 cm

distance of 1000 m away from the chimney (site A and
site D) in the two directions. To investigate the vertical
distribution of Hg in the soil, the soil samples at different
depth (0-1, 10-11, 20-21 and 30-31 cm) were collected at
site A and D (Figure 1). To minimize the possible contamination of Hg during the sample collection process, a
brand new spade was used to dig soil and a plastic scoop
was used to collect samples at each soil layer. The soil
type of the cropland belongs to brown soil. The collected
soil samples were zipped into plastic bags and transported
to the laboratory directly. The samples were sieved through
80 mesh sieves after dried at 65 oC for 24 h.
Sequential extraction procedure and characterization of operational fractions

A modified five-step extraction procedure [6-8, 16]
was used in our experiment. 1.0 g of soil sample and 20 mL
of extraction solution were applied during the established
extraction procedure. To minimize the contamination from
the matrix, the background content of Hg in each extraction solvent was also determined and deducted for calibration. The chemical fractions of Hg in the soil samples are
divided into ion-exchangeable Hg (F1), acid soluble Hg
(F2), organic matter bound Hg (F3), elemental Hg (F4),
and sulfide Hg (F5) (Figure 2). The compositions of extracting solutions and experimental conditions are shown
in Table 1. All of the solution samples obtained from the
sequential extraction were filtrated by 0.45 µm filter to
remove the particles before analysis.
Analysis of total Hg

0.1 g of soil sample was weighed into a 25 mL beaker,
and 20 mL of aqua regia was added. After predigestion
for 12 h at room temperature, the sample was heated at
60 oC in a water bath for 12 h. The digested sample was
then transferred into a centrifuge tube and was centrifuged
for 15 minutes at 4000 rpm. The supernatant was then

C

D
500 m

B
500 m

500 m

A
500 m

A

0-1 cm

10-11 cm

10-11 cm

20-21 cm

20-21 cm

30-31 cm

30-31 cm
FIGURE 1 - Sketch map of sampling sites.
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TABLE 1 - Five-step sequential extraction procedure used in this experiment
Extraction
step
1
2

Fraction
ID
F1
F2

3
4
5

F3
F4
F5

Extractant

Extraction process

Fraction definition

0.5 M NH4Cl
0.1 M CH3COOH
+0.01MHCl
1 M KOH
12 M HNO3
Aqua regia

Room temperature, shaking for 24 h
Room temperature, shaking for 24 h

Ion-exchangeable Hg
Acid soluble Hg

Room temperature, shaking for 24 h
Room temperature, shaking for 24 h
Room temperature, static, 12 h; heating at 60 oC in water bath for 12 h.

Organic matter bound Hg
Elemental Hg
Sulfide Hg

analyzed for the determination of total Hg by CVAFS. The
content of Hg in solvent or matrix was also determined
before sample analysis and deducted from the content of
sample. To control the quality of analysis process, the procedure was simultaneously performed on the standard reference material (SRM) (GBW08302). The average recoveries were in the range of 85.6%-113.2% (n=3). The detection limit (DL) of the instrument for Hg detection was
0.05 ng mL-1. These results indicate that the total analysis
of Hg was reliable and precise enough for our study.

analytes during the analytical procedure, the mass balance
was calculated. The recoveries were calculated by comparing the sum of various fractions with the total concentration in the samples. The recoveries are shown in Table 2.
The sum of fractions extracted by each step was in good
agreement with the amount from the digestion procedure
by aqua regia. The recoveries obtained were in the range
of 92% to 126%. The results meant that there was no
obvious loss of Hg during the analysis and pretreatment
process.

Analysis of Hg evaporation from soil

Total Hg in soil

1.0 g of soil sample (sample D) was taken into a copple and then was heated in sand bath on an electric hot
plate. The temperature from 50 oC to 300 oC was applied
to evaluate the evaporation of Hg as a function of temperature. After heating for 60 min at every temperature
point, the heated sample was cooled down to room temperature with a cap sealed to diminish the loss of Hg during cooling process. Then, the sample was digested with the
same procedure as described in section “1.5” and total Hg
in the soil sample was analyzed by CVAFS. The evaporation percentage was calculated by comparing the amount
of evaporated Hg with the original concentration of Hg in
the soil samples.

The total concentration of Hg in the soil samples was
in the range of 0.9-2.4 µg g-1 (Table 2). The results of
total Hg were in agreement with the results found by other
researchers. 2.1 µg g-1 of Hg was also found in the soil
samples around the coal fired power plant in Baoji, China
by Yang and Wang [17].The average concentration of
total Hg in soil in our study was 1.6 µg g-1. It was about
ten times higher than the total amount of Hg in unpolluted
soil in China (0.15 µg g-1 Hg) referred to the Chinese
national standard (GB15618-1995). Elevation of the level
of Hg indicated that the cropland near the coal fired power plant was probably polluted by Hg. Considering that
the toxicity and environmental risk of Hg depend not only
on the total amount of the pollutants but also on their
species, it is necessary to characterize its species.

RESULTS AND DISCUSSION
Evaporation of Hg from soil
Mass balance

To evaluate the accuracy of the sequential extraction
procedure and to make sure there was no obvious loss of

Hg in soil can be evaporated with temperature increasing. In our experiment, the evaporation of Hg as a
function of temperature was shown in Figure 3. The re-

TABLE 2 - Results of fractions in soil samples (µg g-1, n=3)c
Sites

Fractions

F1

F2

F3

F4

F5

Suma

Total

Recovery (%)b

Depth(cm)
A

0
0.064
0.013
0.045
0.80
0.086
1.0
0.90
111
10
0.13
0.021
0.023
1.76
0.12
2.05
1.81
113
20
0.16
0.019
0.018
1.36
0.095
1.65
1.75
94
30
0.23
0.038
0.014
1.81
0.11
2.19
2.40
92
B
0
0.054
0.014
0.035
1.38
0.12
1.60
1.32
121
C
0
0.034
0.021
0.039
1.27
0.17
1.53
1.36
113
D
0
0.10
0.014
0.035
0.95
0.19
1.29
1.03
126
10
0.13
0.015
0.032
1.09
0.32
1.58
1.54
103
20
0.14
0.011
0.029
1.10
0.28
1.56
1.68
93
30
0.18
0.014
0.023
1.69
0.40
2.30
2.0
115
a: Sum=F1+F2+F3+F4+F5; b: Recovery=Sum/Total×100%; c: n=3, the data shown in table were the average values of three analysis.
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sults indicated that there was no obvious evaporation when
temperature was below 80 °C. However, the evaporation
was dramatically increased when temperature was higher
than 100 °C. When temperature was as high as 300 °C,
more than 90% of Hg in the soil sample was released. Elemental mercury was determined by evaporation in 80 oC
[19], 83 oC [20, 21], in 150 oC [22, 23], in 180 oC [24].
Thus, elemental mercury may be estimated as an amount
of mercury released in temperature from ~100 to 180 oC.
It is about 30-50% (Figure 3) of the total mercury concentration. It seems that in higher temperatures elemental
mercury may be released from other mercury compounds.

A
100%
90%
80%
70%
60%
50%
40%

Operational species of Hg in soil

30%

Hg extracted by each step was labeled as F1, F2, F3,
F4 and F5, which represented the different forms associated with the various phases in soil and indicated the
different bioavailability (Figure 2).

20%
10%
0%
0cm

10cm

Ion-exchangeable Hg (F1)

F5

Hg in this fraction is regarded as high mobility and
leachability because it is easily leached out in the environment. Zagury et al. [25] has found that the water soluble and exchangeable Hg is correlated with the tissue-Hg
concentrations of exposed organism (earthworm and barley). To obtain Hg in this fraction, 20 mL of 0.5 M NH4Cl
solution was used for extraction. It has been reported that
NH4Cl is effective to selectively extract the ion exchangeable or soluble Hg present in solid phase [19]. The dissociation of NH4+ from NH4Cl could provide an exchanging
cation for soluble Hg (Hg2+) in the matrix. The presence
of Cl- in solution also helped to complex Hg with Cl-.
From our results, the concentrations of Hg in this fraction
ranged from 0.034 µg g-1 to 0.23 µg g-1 (Table 2). The
fraction of F1 accounted for 2.2% to 10.3% of the total
Hg (Figure 2).

F3

F2

30cm
F1

100%
90%
80%
70%
60%
50%
40%
30%
20%
10%
0%
B

C

F5

The total amount of Hg in the top soil indicated that
the concentrations of Hg in sites B and C were higher
than that in site A and D (Table 2). This can probably be
interpreted by that site A and site D are a little farer away
from the station than site B and C. However, this needs
further study with more sampling sites to confirm. Hg in
F1 in the top soil samples indicated that Hg at site D had
the higher mobility than the others. The proportions of Hg
in this fraction accounted for 2.2-7.9% of the total Hg in
the top soil. The contents of Hg in the top soil samples
were in the range of 0.034 -0.1 µg g-1 (Table 2).
From our results, it could be concluded that total Hg
increased with depth. 0.9 µg g-1 of Hg was found in the
top soil and 2.4 µg g-1 of Hg was found in the sample at
30 cm at the sampling site A (Table 2). Normally, highest
concentration would be found at surface. However, higher
concentrations were found in the deeper samples in our
study. This can be probably interpreted by that more new
soil was found on the surface soil when we sampled the
soils on the spot. The farmers always till the soil after
harvesting and more new soil can be dug to top from the

F4

20cm

F4

F3

F2

F1

D
100%
90%
80%
70%
60%
50%
40%
30%
20%
10%
0%
0cm

10cm
F5

F4

20cm
F3

F2

30cm
F1

FIGURE 2 - Distribution patterns of different Hg fractions in the
soil samples (A, B, C, and D meant the soil samples from the different sampling sites)
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100%

Evaporation of Hg

90%
80%
70%
60%
50%
40%
30%
20%
10%
0%
0

50

100

150

200

250

300

350

Temperature/oC
FIGURE 3 - Evaporation of Hg in the soil sample as a function of temperaturea a: Sample D
was investigated in this experiment, the data point was the average value of three repeats

bottom. In addition to that, the top soil was more porous
with more muck. The cropland was regularly irrigated. Hg
in top soil can probably be rinsed into deeper soil by the
irrigation. It was found that the concentration of Hg in F1
increased with depth. It can be probably interpreted by that
more Hg in the top soil existed in the forms which were
difficult to be dissolved. The results indicated that Hg in
soil became more liable to be leached out and easier for
uptake by plants with depth increasing.
Acid soluble Hg (F2)

Some carbonates or acid soluble salts in soil are dissolvable and Hg combined with them can be released out
under acidic conditions. Hg in this fraction can go into
water easily when conditions become more acidic. Hg in
this fraction is regarded sensitive to pH. The contents of
Hg in the range of 11-38 ng g-1 were found in this fraction
in the soil samples. The proportions accounted for 0.61.7% of the total amount of Hg (Figure 2).
The horizontal distribution of Hg in this fraction indicated that there was no big difference among the different
sampling sites (Table 2). The vertical distribution of Hg in
F2 indicated that the level of Hg in this fraction increased
from the top soil (1 ng g-1 and 14 ng g-1 at A and D respectively) to the soil samples at 10 cm (21 ng g-1 and 15
ng g-1 at A and D respectively) and then decreased from
the samples at 10 cm to the samples at 20 cm (20 and 11
ng g-1 at A and D respectively) slightly (Table 2). The
content of Hg increased again in the samples at 30 cm.
This phenomenon can be interpreted by that the contents
of carbonates or other soluble salts changed with the
depth because the cropland could be disturbed by fertilization.
Sequential extraction analysis of the polluted soil
from the DOE Oak Ridge Reservation showed that both

soluble and bioavailable Hg fractions were relatively
small proportions [16]. The results from our study were in
agreement with that. Only 12% of the total Hg was found
in F1 and F2. Although the proportion was small, 0.26 µg
g-1 Hg was found in these two fractions, and the concentration was still significant for the plants on the cropland
considering Hg bioaccumulation in organisms.
Organic matter bound Hg (F3)

Hg can react with organic substances to form stable
complexes or compounds in soil. Hg in this fraction is more
stable than that in the first two fractions (F1 and F2) with
limited mobility and bioavailability. However, mercury
bonded to organic matter is classified as semi-mobile and
semi-bioavailable fractions as it can be mobilised as a result of digestion by soil-living organisms. Hg in this fraction always acts as a sink and reservoir for pollution. It has
been reported that 1 M KOH is strong enough to break the
complex of Hg with organic matter in soil [16]. 1 M KOH
was also used to extract the Hg bound to organic matter in
our experiment.
The concentrations of Hg in F3 ranged from 35 to 45 ng
g-1 in the top soil samples horizontally (Table 2). The proportions accounted for 2.1 to 4.4% of the total amount (Figure 2). The proportion of organic binding Hg was much
smaller than the report about the polluted soil from the
DOE Oak Ridge Reservation [16]. It has been reported
that the organic matter bound Hg fraction constituted the
major form of Hg species in the soil samples. It could be
resulted from that the soil samples contained different soil
types and constitution. The horizontal distribution of Hg
in F3 indicated that there was no obvious variation of Hg
concentration in the top soil samples. The vertical distribution of Hg in F3 indicated that the level of Hg decreased
with depth (Table 2).
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Elemental Hg (F4)

12 M HNO3 was used to extract Hg in the elemental
fraction (soluble in strong acid) according to the previous
reports [12, 16, 26]. The results in our study indicated that
more than 69% of total Hg was present in elemental fraction in the soil samples (Figure 2). The results were in
agreement with that concluded by other researchers [14,
16]. The results demonstrated that most of Hg in the studied soil samples was stable with low bioavailability. The
results also indicated that it was not enough to evaluate
Hg toxicity and pollution only by total amount, and the
mobility and species of Hg in natural conditions were more
useful for risk assessment. The concentrations of Hg in this
fraction in our study ranged from 0.8 to 1.8 µg g-1 (Table 2).
The nearer sites from the station the more Hg was found in
the elemental fraction. The concentration of Hg in this
fraction increased vertically at site D. It increased from top
to 10 cm first and then decreased at 20 cm before increased
at 30 cm again at site A. Here, we must mention that the
extraction agents used for sequential extraction are always
not selective enough to specifically separate one species
from another and each fraction would contain other similar
chemical species. The strong acid (12 M HNO3) is possibly to liberate a certain amount of HgS [13]. This nonselective extraction may result in high concentration of Hg
in this fraction which was found in our experiment. So,
Hg in this fraction can also be understood as soluble fraction in strong acid.

labile fractions (F1 and F2) accounted for small proportions of the total Hg, the concentrations of Hg in these
two fractions were still significant for the crop growing on
it because of high bioaccumulation, methylation and toxicity of Hg in food chain.
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Sulfide Hg (F5)

Hg has a strong affinity for sulfide. The species of Hg
in this fraction was also called the residue fraction. Hg in
this fraction is difficult to be dissolved under natural conditions and is not very hazardous to the environment because of its low mobility and bioavailability [23]. Aqua
regia which has been applied in many sequential extraction
procedures was also used in our experiment. The content
of Hg in this fraction ranged from 0.086 to 0.4 µg g-1
(Table 2) accounting for 5.7-20% of the total amount (Figure 2). The proportion was lower compared with the soil
samples polluted by elemental Hg directly [23]. However,
our results was in consistent with the findings of Liu [16]
who found that minor Hg was present in sulfide fraction
after the extraction step of strong acid. There was no rule
could be found for the horizontal distribution of Hg in this
fraction. But the vertical distribution pattern indicated that
the level of Hg in F5 increased slightly with depth (Table 2).
CONCLUSIONS
From our results, the total amounts of Hg in the soil
near the power plant were in the range of 0.9-2.4 µg g-1.
The average content was 1.6 µg g-1. The distribution of
fractions indicated that more than 80% of Hg occurred in
elemental fraction and sulfide fraction. That meant more
than 80% of Hg in the soil samples was stable with very
low mobility and bioavailability. However, even the most
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NATURAL AIR POLLUTION DEPOSITION IMPACT ON
THE EFFICIENCY OF PV PANELS IN URBAN ENVIRONMENT
John K. Kaldellis*, Alexandra Kokala and Marina Kapsali
Lab of Soft Energy Applications & Environmental Protection,
Technological Education Institute (TEI) of Piraeus, P.O. Box 41046, Athens 12201, Greece

Photovoltaic (PV) generators are currently being used
in various sectors all over the world. During the last years,
there is an increasing interest in residential PV applications
met not only in isolated but even in urban areas (e.g. buildings, street lighting etc.), where the unsustainable patterns
of transport, energy production and land-use comprise the
root cause of severe atmospheric pollution. In this context,
the current study experimentally investigates the effects of
the Total Suspended Particles (TSPs) accumulation on the
surface of PV-panels operating in urban areas. Considering that the dust effects are site-specific, an attempt is made
to determine the influence of dust in the aggravated environment of the Greek capital, Athens. Specifically, the performance of two identical PV-panel pairs is compared,
after the exposure of one of them to natural air pollution,
over a certain time period. A systematic series of experimental measurements under variable ambient conditions
is conducted in order to indicate any differences between
the power output and the efficiency of the panels. According to the results obtained, the presence of dust considerably deteriorates the PV-panels’ performance (i.e. 0.4% efficiency reduction in absolute terms), even within a short
period of panels’ outdoor exposure (i.e. one month) without cleaning.

TSPs, on PVs’ surfaces. The problem has become more
serious over the last years, especially if considering the significant market growth and the wide recognition of the
residential PV-based technology (Fig. 1) [3], met not only
in isolated but even in urban applications. More specifically, over the last five years, there is a systematic diffusion
of PVs in the building sector, where according to estimations approximately 5000 MW have been installed in urban
areas of Europe, Japan and the U.S. [4]. Considering also
that most commercial PV devices demonstrate relatively
low efficiency, which hardly exceeds 10% on an annual
basis, it is reasonable to carefully examine all the factors
deteriorating the performance of PVs, since even 0.5% reduction (in absolute terms) in the generated power should
not be neglected.
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INTRODUCTION
Atmospheric pollution, as a result of human activities
during the last years, has caused a series of environmental
problems such as the acid rain, ozone hole, urban smog
and significant acceleration of the greenhouse effect aggravating the human health [1] and the economic development [2] of urban areas.
A little-known side effect of the atmospheric pollution
is the degradation of photovoltaic (PV) cell performance
due to deposition of solid particles, commonly known as

2007

2008

2009

2010

2011

2012

year

FIGURE 1 - Time evolution of PVs` applications worldwide [3].

Although solar radiation intensity is the main parameter affecting the PV-modules’ output, secondary effects
which decrease the energy production of PVs in a specific
range over a certain time period (i.e. over a month) have
been mentioned in literature [5-7]. These include cell temperature (≤10%), angle of incidence (≤10%), spectral distribution (≤3%), uncertainty in the manufacturer’s ratings
(≤5% or more), ageing (≤5% over lifetime), mismatch losses
(≤2%) and losses due to blocking of diodes and wiring
(≤3%), all numbers expressed as a percentage of the actual
PV panels’ efficiency. Other effects such as soil and dirt,
snow and partial shading are considered to be mostly location dependent [8].
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It is well-known that PV technology has been used for
energy production on space applications since the mid1950s. Today, solar cells are widely used for powering
satellites in space, including those used for communications, defence, and scientific research. During the last years,
the reduction of the efficiency of PVs due to dust accumulation on their surfaces constitutes a subject of a series of
studies [9-11]. For many proposed Mars probes, performance of the solar arrays presents the main operational
constraint due to the unusual environmental conditions met
on the planet [12]. Probably the greatest threat concerning
the energy support of the missions is caused by the considerable amount of suspended dust with 0.1 to 2000 µm
diameter particles, continually blown about the surface of
the planet, and potentially causing significant degradation
of the solar arrays performance [13].
Based on the fact that the air quality in the Attica region is traditionally known to be aggravated from the air
pollution and that the interest to install PV applications in
the building sector is continuously increasing, the current
study investigates -by using experimental measurementsthe degree at which the dust deposition on PV-panels’
surfaces affects their performance in the urban environment of Athens.

has not only led to a higher standard of living and increase in material wealth but it is also closely correlated
with the increase in energy consumption which arrives
mostly from fossil fuels’ combustion.
The Athens basin is surrounded by the mountains of
Penteli and Hymettus to the east and Parnitha to the north
(see Fig. 2), making the ventilation of the area very poor.
Significant air pollution problems are encountered due to
the high population accumulation, i.e. approx. 750,000 inhabitants within the city’s administrative limits (according
to the 2001 census). In fact, the urban area of Athens
(≈ 412 km2) extends beyond the administrative city limits
and counts a population of nearly 4 million. It is a documented fact that one of the most prevailing and persisting
problems in the greater area of Athens is that of the air
pollutants composing the commonly known "Athenian
smog". Usually, two main types of air pollution are observed. The first one is characterised by high concentra-
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Air pollution in Greece is an emerging problem of the
Mt. Hymettus
last decades, directly associated with the economic growth
and urbanization of the country. The massive inflow of
TEIP
population in urban areas led to an enormous expansion
of cities in an arbitrary manner, without any town plan- FIGURE 2 - Land overview of the Athens basin along with some
ning, and thus resulting to a severe environmental degra- measuring sites (grey dots) where exceedances of PM10 have been
2007
dation. At the same time, the rapid economic development recorded during 2007.
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FIGURE 3 - Temporal evolution of annual averages of PM10 concentrations (left side) and annual exceedances of mean daily PM10
concentrations (right side) as recorded on some measuring sites (ARI, LYK, MAR) within 2007 (the horizontal lines indicate EU limits).
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tions of particles while the second one is associated with a
series of photochemical reactions resulting by the excess
of nitrogen oxides, hydrocarbons, carbon monoxide, ozone
and organic nitrates. Actually, the air pollution is mainly
caused by the continuously increasing number of vehicles
while secondary contributing factors include central heating, garbage, sewages, combustion of fossil fuels and industrial processes. Also, a notable part of the air pollutants is attributed to trans-boundary transfer of dust from
the Sahara desert and the Western Mediterranean [14].
Factors such as topography (basin surrounded by mountains), temperature inversions, low wind speed and extensive periods of dryness with high temperatures exacerbate
the accumulation of air pollutants over the city [15].
In an effort to improve the air quality within the Athens basin and to comply with the EU directives, a number
of measures have been applied (e.g. replacement of the old
passenger cars, introduction of gas powered city buses etc.).
However, the mean annual particle matter (e.g. PM10) concentration is found to remain considerably higher than the
corresponding EU air quality limit (i.e. 40 µg m-3), while
the permitted percentage of exceedances of the daily limit
value (i.e. 50 µg m-3) is surpassed in many examined cases
[16-20]. In this context, in Fig. 3, one may obtain the existence of violations for three indicative measuring sites
(depicted with grey dots in Fig. 2), and specifically, the
number of days where the mean daily value exceeded the
EU limits (i.e. 35 days per year) as well as the annual
averages of PM10 concentrations within 2007 [17].
POSITION OF THE PROBLEM
Theoretical and experimental results in the investigation of dust deposition on PV-panels’ surface are found in
a limited number of studies. Explaining the impact of the
TSPs’ deposition, it has been reported that the presence of
dust contributes to the reflection of the incident solar radiation [21], whereas in several cases temperature dissimilarities due to cooling differences of the PVs’ surfaces have
been mentioned [22, 23]. Besides, many years of practical
experience showed that a number of solar-collectors (e.g.
collectors used for water heating and collectors used for
electricity generation) suffered from serious deficiencies,
and usually dust accumulation on their surfaces led to
erosion [24]. Erosion, dust transportation and deposition
all depend on the local characteristics of the atmosphere,
meaning that the efficiency degradation of a PV-panel
depends mainly on the place where it is located, and on the
corresponding climate conditions, e.g. presence of dust
and pollution, frequency of rain, humidity etc. Furthermore,
an experimental study carried out by Kappos et al. [22]
showed that the TSPs’ deposition is also strongly related
to the inclination of the PV-panels. Specifically, the mean
voltage output reduction -after three months of observations- was 5% for the vertically placed PV-modules, in
contrast to 20% for the panels placed horizontally. In an
effort to determine the physical properties of dust parti-

cles accumulated on the surface of PV-panels along with
their deposition density and to correlate these parameters
with the degradation of PVs’ performance, an experimental study has been conducted by El-Shobokshy and
Hussein [25] where five kinds of dust were used. Among
the different kinds of dust used in that investigation, firstly the carbon particulates emitted from combustion processes, and secondly cement, i.e. the main building material which is very often met in urban environments, presented the worst deterioration effect on the PVs’ performance. Other experimental studies mention that the accumulation of dust on solar collector surfaces, which are
maintained at a clean-liness level of 90% (almost perfectly
clean surface), may result to considerable annual loss in
revenues (in the order of 10% [26, 27]) and to a possible
failure of the PV-generator sizing.
Based on the above, the current study is focused on
the investigation of the natural air pollution impact on the
efficiency of PV-panels installed in the urban environment of Athens. The basic aim is to examine the relation
between the efficiency of a PV-panel and the dust deposition (mass per PV area unit) on its surface with the use of
experimental measurements.
More precisely, the energy efficiency "η" of a PVpanel is given as the ratio between the power output produced "P" and the solar power "Psolar" available on the
panel surface "Ac", i.e.:

η=

P
Psolar

=

U ⋅I
Ac ⋅ GT

(1)

with "I" and "U" being the current and the voltage
output of the PV-panel, respectively, and "GT" the corresponding total solar radiation. In this context, one needs
the measurement of the solar irradiance at the panels’
surface along with the corresponding "I" and "U" values in
order to estimate the efficiency of the installation.
EXPERIMENTAL METHODOLOGY
In order to estimate the implications of the TSPs on
the PV-panels’ performance, an attempt is made to compare the power output of identical pairs of panels with the
same orientation and inclination operating under the same
conditions but with different quantities of dust deposition
on their surfaces. The experiment is conducted in the Laboratory of Soft Energy Applications & Environmental
Protection (SEALAB) located at the campus of the Technological Educational Institute of Piraeus (TEIP) (see Fig.
2). The laboratory’s installation is presented in Fig. 4 [28].
The system is composed by a PV-generator of 12 panels
(maximum power of every panel 51 Wp) of poly-Si
properly connected, a solar collector, a water tank, electrical loads, a lead-acid battery storage system, a DC/DC
charge controller (1 kW rated power), a monitoring station
and a control panel. The PV-panels are south-oriented and
their tilt-angle is adjustable for a range of 0o to 90o.
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FIGURE 4

- The experimental installation of the SEALAB.

Two pairs of PV-panels (Fig. 5) placed next to each
other (connected in series of two) with statistically the
same energy behaviour are selected. The "identical behaviour" of the pairs is proven in another experimental study
[29], based on the results of a statistical analysis. The two
panels remain exposed in the atmospheric environment
over a certain time period (i.e. within April - June 2009)
being both south oriented and adjusted in 30o inclination.
After a specific number of days and before the starting of
rainfalls, the one pair is carefully cleaned and the total
mass of the pollutants accumulated on its surface is measured with the use of a precision weighing balance of 0.1mg accuracy and a dehumidifier. More specifically, the
experimental procedure is based on the following steps:
The previous day of the experiment, the PV-panels
are switched off so as the batteries to be drained up to a
point via the consumption loads. Furthermore, the two
cotton pieces, which are going to be used in order to clean
the panels, are put in the dehumidifier (for 24 h) to remove any trace of humidity.
The day after, a day cloudless with full sunshine, the
experimental procedure begins. The two cotton pieces are
removed from the dehumidifier, weighed and wetted with
filtered water in order to be used for the panels’ cleaning.
Firstly, only one of the two pairs is well cleaned to remove the total mass of dust "ΔΜcl". A series of measurements is conducted. During the recording procedure (≈ 1
h), the values of the current and the voltage of the PVpanels are written down. At the same time, the intensity of
solar radiation on the PVs’ surfaces is measured.
By using Eq. (1) as well as the resulting power outputs of the clean panel "Pcl" and the polluted one "Pp", the
respective efficiencies "ηcl" and "ηp" are estimated so as to

evaluate if there is any effect of dust deposition on the PVpanels’ performance.

FIGURE 5 - The PV-panels under comparison.

Afterwards, the polluted panel is cleaned. The cotton
pieces (Fig. 6) are put again into the dehumidifier. After a
time period of 24 h, they are weighed again. The difference in the values before and after the cleaning is the total
mass of dust deposition on the surface of the polluted pair
of panels "ΔΜp". Accordingly, ΔΜcl is estimated and
compared with ΔΜp in order to exclude any peculiar case.
Finally, the dust deposition density is estimated as:

δM =

ΔΜ
Ac

(2)

Analysing the accuracy of the experimental equipment and conducting a series of independent measurements, the systematic "S" and random errors "εr" of "I","U"
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(b)

(a)

FIGURE 6 - Cotton piece before and after the cleaning of the polluted panel.

and "GT" parameters are determined [30, 31]. In this context, one may estimate the total error as:

ε tot = ε r + S

2

⎛ s cl2
s 2p ⎞
⎜
⎟
+
⎜ N cl N p ⎟
⎝
⎠

ξ=

(3)

2

⎛ s
⎞
⎛ s cl2
⎞
⎜⎜
⎟
⎜ N ⎟
N p ⎟
cl ⎠
⎝
⎝
⎠
+
N cl − 1
N p −1

Accordingly, using the error theory [30, 31] and Eq.
(1), the relative error of the PV-panels’ efficiency may be
estimated by the following relation:

Cη2 = C I2 + CU2 + CG2T

(4)
2

C

→ 0 ". Note that, by defini-

tion, the relative error is expressed as the ratio between the
standard deviation "s" and the statistical average value
" x " of the sample for the i parameter (η, I, U, GT), i.e.:

s
Ci = i
xi

(5)

Finally, in order to investigate the (potential) diversification of the efficiency between the clean and the polluted panel, and thus to examine if the statement ηcl>ηp is
statistically valid (of high reliability), an appropriate statistical test [31] is performed based on the experimental
measurements.
More specifically, the null hypothesis is stated:

H o : η cl − η p = 0

to =

+ s 2p

4
cl

s +s

2

)

(8)

4
p

η cl − η p
2
cl

s +s

2
p

(9)

For rejecting the null hypothesis and, therefore, considering that the dust deposition on PV-panels’ surfaces
deteriorates their performance, the level of significance
"α" is set equal to 1%. In this context, the following is
validated:

to > tc

(10)

where "tc" is the critical value of the Student’s distribution taken from tables for "ξ" degrees of freedom and
the probability P = 1-α = 99%. The rejection of the null
hypothesis implies the confirmation of the alternative
hypothesis, i.e. ηcl>ηp with probability of error α = 1%.

(6)
EXPERIMENTAL ANALYSIS
AND DISCUSSION OF THE RESULTS
(7)

In this context, one-tailed t-test is executed for the
mean efficiency values of the two pairs of panels ( η cl
and

2
cl

N

as well as the alternative hypothesis:

H 1 : η cl − η p > 0

2

(s
= ( N − 1) ⋅

Accordingly, the value of the Student’s distribution is
given as:

assuming that the PV-collector surface is known with
very high accuracy, i.e. " C A

2
p

2

η p ) with the use of Student’s distribution and consid-

ering the total number of measurements "Ncl=Np=N". The
degrees of freedom "ξ" of the experimental procedure are
estimated as follows:

Applying the above described analysis, a systematic
and detailed series of measurements concerning the two
"identical" pairs of PV-panels was carried out. The whole
experimental procedure lasted for more than two months
(within April - June 2009). Actually, the clean panel pair’s
performance was compared with that of the polluted one,
after a certain time period of the polluted PV-pair’s outdoor
exposure to natural air pollution, i.e. after one, two, three
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and four weeks. The experiment was always conducted in
times of full sunshine, usually during the noon, under variable atmospheric conditions (e.g. ambient temperature, wind
velocity, humidity etc.) and the procedure lasted approximately one hour, each time. During the recording procedure, the values of the current and the voltage of the PVpanels were written down, along with the values of solar
radiation (W/m2). The intensity of solar radiation was recorded by the monitoring system data logger, which
measures the radiation with 2 Kipp & Zonen pyranometers
"Li-Cor" type, one placed horizontal and the other with
30o inclination (coplanar with the PV panels’ surface).

measurements suggesting that for more accurate experimental results higher equipment accuracy is required.

According to the results obtained, the measured dust
deposition density throughout the experiment varied from
0.00565 to 0.09036 mg/cm2, quantities which correspond to
the shortest (i.e. one week) and the longest period (i.e. four
weeks) of the polluted PV-pair’s exposure to natural air
pollution. At this point, in Fig. 7, one may see the statistically checked, as mentioned above, almost identical behaviour (i.e. similar efficiencies), of the two pairs of PV-panels,
when they operate under the same conditions and with
almost equal (approx. 0.0113 mg/cm2) amounts of dust
After the data recording and the calculation
procedure,
on their surfaces. Proceeding to the experiPV Generator
efficiency ofdeposition
δm=0,0113mgr/cm2
the systematic, random and total errors of the measure- mental results, Fig. 8 presents the effect of dust accumulaments were determined by analysing the accuracy of the tion on the power produced by the polluted PV-pair, comavailable equipment (i.e. pyranometers, voltmeters and am- pared with the clean one, in case of the highest dust deposimeters) and conducting series of independent measure- tion density (i.e. 0.09036 mg/cm2), recorded during the
ments. According to the available information, it becomes time period under investigation. Also, the intensity of solar
clear that the systematic error defines the total error of the irradiance and the corresponding calculated total errors (see
Table 1)
11%
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FIGURE 7 - PV-panels’ efficiency when operating under the same environmental conditions and with the same quantities of dust deposition on their surfaces.
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FIGURE 8 - Experimental data along with the total errors in case of δMp= 0.09036 mg/cm2.
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TABLE 1 - Total errors of the measurements in case of δMp= 0.09036 mg/cm2.
GT (W/m2)
17.127

Pcl (W)
3.032

Pp (W)
3.031

ηcl (%)
0.31

ηp (%)
0.31
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FIGURE 9 - PV-panels’ efficiency along with the total errors in case of δMp= 0.09036 mg/cm2.
EFFICIENCY CHANGES FOR DIFFERENT DUST DEPOSITION
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0,039536
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FIGURE 10 - Efficiency differences between the clean and the polluted panel
after a certain time period of the polluted panel’s exposure to natural air pollution.

of the measurements are clearly depicted on this graph. The
presented reduction in the power output between the two
pairs of PV-panels implies the deterioration of their performance when dust particles are deposited on their surface.
Particularly, the corresponding mean power difference is
found to be approximately 3 W, representing almost 5% of
the respective mean clean pair panel output (61 W). Accordingly, in Fig. 9, one may obtain the corresponding efficiency
reduction due to the presence of dust on one of the two
pairs of PV panels along with the total errors of the calculating procedure. Finally, in Fig. 10, the resulting effect on
the PV-panels’ efficiency expressed as a function of different amounts of dust deposition is plotted on the basis of the
measurements carried out. Obviously, the highest efficiency

reduction, which is slightly above 0.4% (in absolute terms),
is strongly correlated with the highest dust deposition density occurring after four weeks of the polluted PV-pair’s
outdoor exposure. Keep in mind that the efficiency decrease
encountered due to the dust deposition is based on a series
of detailed measurements, and it is statistically validated at a
reliability of 99%.
Subsequently, according to the experimental-based results one may state that the natural dust which is found in
urban areas affects remarkably the PV-panels’ performance. Actually, as the dust deposition increases on the
panels’ surface, the cells receive less solar radiation and,
thus, power output and efficiency are reduced. At this
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point, one has to consider that some of the physical properties, such as the mean diameter and the size distribution of
the dust particles, may be of great importance since equal
amounts of dust deposition densities may lead to different
effects on PV cells [32]. Also, the dust deposition density
is strongly correlated with the time period of the panels’
exposure to the atmospheric air pollution. In case that the
polluted panel is exposed for more than four weeks, the
dust accumulation may result in higher level of attenuation of PVs’ performance.

[2]

Kaldellis, J.K. and Konstantinidis, P. (1999) Environmental
impacts on historical monuments. Proposals for protectionstructural restoration. In: Proceedings of the 3rd International
Exhibition and Conference, HELECO'99, Vol. II, Thessalonica, Greece, 525-535.
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King, D.L., Boysen and W.E., Kratochvil, J.A. (2002) Analysis of factors influencing the annual energy production of
photovoltaic systems. In: Proceedings of the 29th IEEE
PVSC, New Orleans, 1356-1361.
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Nann, S. and Emery, K. (1992) Spectral effects on PV device
rating. Solar Energy Materials and Solar Cells, 27, 189-216.
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Gaier, J.R., Perez-Davis, M.E. and Marabito, M. (1990) Aeolian removal of dust from photovoltaic surfaces on Mars.
NASA Technical Memorandum: 102507. Available at: http://
ntrs.nasa.gov.

CONCLUSIONS
A systematic and detailed series of measurements
was carried out in order to investigate the natural air pollution impact on existing PV installations met in the urban
environment of Athens. The experimental procedure was
conducted under variable environmental conditions (e.g.
solar irradiance, ambient temperature etc.) and different
quantities of dust accumulation on the PV panels’ surface
over a time period of 70 days. Specifically, the performance
of two -statistically checked- identical pairs of PV-panels
was compared, after the exposure of one of them to natural
air pollution over certain time periods (i.e. 1-4 weeks).
Based on the results obtained, one may state that the
TSPs existing in the atmosphere of heavy polluted urban
areas, such as the city of Athens, negatively affect the PVpanels’ performance at a non-negligible level. The degree
of efficiency deterioration depends on the specific mass of
dust particles deposition on the panels’ surfaces. The greater
the mass of dust deposition, the lower the power output and
the efficiency of the panel become. Actually, as it results by
the experiments carried out, the performance of PVs may be
considerably reduced, i.e. 0.4% efficiency decrease or 5%
power output reduction, even after a small period of time
(i.e. a month) of PVs’ exposure into the atmospheric air
pollution.
Although additional research is needed in order to investigate the air pollution impact on the PV-panels’ energy performance over a longer period of their exposure to
atmospheric air pollution, one may definitely state that the
heavy air pollution in most of the big cities of our planet
not only aggravates the life quality and the human health
but also affects negatively the energy efficiency of PV
panels, utilized to provide clean energy to urban dwellers.
Finally, further work may include experimental measurements for varying panels’ tilt angles as well as for different
types of dust particles with specific physical properties,
such as their mean diameter and size distribution.
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PROPERTIES OF HUMIC SUBSTANCES EXTRACTED
FROM SEDIMENT AT GOCZAŁKOWICE DAM RESERVOIR
Justyna Polak*, Mariola Bartoszek, Agnieszka Kos, Natalia Młynarczyk and Wiesław W. Sułkowski
Department of Environmental Chemistry and Technology, Institute of Chemistry, University of Silesia, Szkolna 9, 40-006 Katowice, Poland

ABSTRACT
Studies of humification processes of sediments collected
from various points of the Goczałkowice dam were conducted. The humic and fulvic acids were extracted from
the collected sediment. For study of physico-chemical properties of humic and fulvic acids, EPR and NMR spectroscopy were used. For extracted humic and fulvic acids,
concentration of free radicals and the g factor were determined with EPR. The presence of characteristic functional
groups was confirmed with NMR spectroscopy.

quantity of medium substances and nutrients in sediments
[1, 2]. Among them, the humic substances which contain
nitrogen, phosphorus and other compounds, can constitute
nutrients which are easily assimilated by the flora present
in the sediments [4-6].
However, humic substances can affect water quality
adversely in several ways by contributing undesirable color,
complexing with metals and yielding metal concentrations
exceeding normal solubility. Hence, it is important to investigate the physical-chemical properties of humic matter in dam reservoirs [7].

It was found that humic and fulvic acids extracted from
sediment at 8 places of the Goczałkowice Reservoir are
characterized by similar physico-chemical properties, which
points to a similar composition of sediment in the whole
reservoir. Humic acids are relatively high aromatized, have
a low free radicals content and a low value of the g factor.
They have condensed aromatic rings with side-aliphatic
chains. However, the extracted fulvic acids are less aromatized than humic acids. They have a weakly formed aromatic core with the dominance of side-aliphatic chains.

Humic substances are formed by the decay of plant
and animal tissue by chemical and biological processes
that tend to produce complex chemical structures [5, 8, 9].
Past studies of humic substances extracted from sediment
using NMR [10-13], UV/VIS [10, 14, 15], IR [10, 13, 15]
spectroscopy and elemental analysis [8, 10, 12, 13] have
shown that humic substances differ in elemental composition structure, number and position of functional groups,
depending on their source, location catchment management and age [4, 8, 10, 16].

The influence of the depth of the lake on the content
of oxygen functional groups in the extracted humic and
fulvic acids was also observed.

One of the possible explanations of the phenomenon
observed in Goczałkowice Reservoir is the participation
of humic substances in the blooming of algae. The humification processes affect the oxygenic and anaerobic microflora.

KEYWORDS:
humic acids, fulvic acids, sediment, EPR, NMR

MATERIALS AND METHODS
INTRODUCTION
The water reservoir at Goczałkowice has been in use
for over 50 years. The main task of this dam reservoir is
to supply water to the inhabitants of the Upper Silesia agglomeration. It is also a storage reservoir for excess water
in periods of flood threat. Goczałkowice Reservoir is the
biggest reservoir in the south of Poland. The hydrobiological studies of the reservoir indicate an unusual abundance
of alive nature [1-3]. On the other hand, studies of the inflowing water show a decrease in concentration of biogens
over the last years. However, the over blooming of algae
is still observed. This could be due to the presence of a large

Sediment for studies were collected according to
Polish standards in autumn from eight places of the
Goczałkowice Reservoir (Fig. 1) [17]. Organic carbon
content in sediment is from 5.15 to 9.60 (g/100 g), pH from
6.60 to 7.18 and conductibility from 170.4 µS/cm to 185.2
µS/cm.
Humic (HA) and fulvic (FA) acid components were
extracted with conventional procedures described by Stevenson and Hayes [9] through shaking the sediment samples in solution of NaOH, centrifugation, acidification to
pH 1.0 with HCl [9]. The fulvic acids were purified using
XAD-7 polymeric resin.
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Electron paramagnetic resonance (EPR) spectra were

obtained with a Bruker EMX EPR spectrometer operating

FIGURE 1 - The Goczałkowice Reservoir with marked sampling stations.

at X-band frequency and room temperature. The EPR was
applied for both quantitative (free radical concentration)
and qualitative (g factor) analysis of HA and FA extracted
from eight sediment places of the Goczałkowice Reservoir.
Comparison of signal intensity of the main functional
groups of HA and FA was conducted by means of 1H
NMR and 13C NMR techniques. The 1H NMR spectra were
obtained after dissolving 5 mg of HA and FA in 0.3 M
solution of NaOD in D2O. The 13C NMR spectra were obtained after dissolving 50 mg of humic acid in 1 ml 0.3 M
solution of NaOD in D2O.
All measurements were obtained with a BRUKER
400 Ultra Shield spectrometer at room temperature using
a 5-mm broad band inverse probe for 1H NMR and 5-mm
dual probe for 13C NMR measurements. For 1H NMR
measurements, the following parameters were used: spectrometer frequency SF 400.2 MHz, number of scans NS =
500, acquisition time AQ = 3.96 s, pre-scan delay DE = 8 µs,
line broadening LB = 0.2 Hz. For water suppression, the
presaturation method was used. For 13C NMR measurements, the following parameters were used: spectrometer
frequency SF = 100. MHz, number of scans NS = 50000,
acquisition time AQ = 1.3 s, pre-scan delay DE = 12 µs,
line broadening LB = 12 Hz. Spectra processing was performed with TOPSPIN 1.3b Bruker software.
From the 13C NMR spectra, the degree of aromaticity
of the humic and fulvic acids was calculated according to
the following equation [18-20]:
aromatic carbon (106 − 165 ppm)
100%
aromatic carbon (106 − 165 ppm) + aliphatic carbon (0 − 105 ppm)

RESULTS AND DISCUSSION
EPR spectroscopy- humic acids

On the basis of EPR spectra analysis, free radical concentration and the g factor values were determined (Table 1).

Free radical concentration values obtained for HA extracted
from sediment are low (Table 1) in comparison with the
values obtained for HA extracted from soil (~1017-1018
spin/g), composts (0.25 -1*1017 spin/g) and peat (1.91.3*1018 spin/g). However, they are comparable with the
values obtained for the so-called water humic acids (~ 1016
spin/g) [19, 21-23].
In the artificial water reservoir at Goczałkowice, where
seasonal growth of plankton is observed, sediment with
mule consistence, called sapropol, cumulated for many
years. It consists mainly of plant decay products [1, 2].
In this type of reservoirs, continuous inflow of considerable quantities of different organic matter takes place. In
the case of the Goczałkowice Reservoir, over the last years,
it is not only the superficial flow but also raw and cleaned
sewage drained to the river Little Vistula that enters the
reservoir. Actually, after building the treatment plant in the
basin of the Little Vistula River, the sewage is cleaned,
although the presence of raw sewage cannot be excluded.
Only a part of this inflowing mass of organic substances
is biologically transformed.
The low values of free radical concentration in humic
acids extracted from sediment of Goczałkowice Reservoir
indicate that organic matter decays only slightly and the
processes of humification proceed only to a small extent
[9]. This fact could justify the low microbiological activity.
The free radical concentration values obtained for FA
extracted from Goczałkowice Reservoir sediment are considerably higher than those of HA. The FA have also
higher values of the g factor in comparison with the values
of the g factor obtained for HA (Table 1).
It was observed that the free radical concentration of
HA extracted from sediment depends on the depth of the
reservoir at which the sampling took place. Higher values
of free radical concentration were found for the samples
collected at a greater depth of the reservoir but the highest
value of free radical concentration was obtained not for the
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deepest point of sampling No. 1 (depth ~14 m) but for the
places of sampling No. 2 (depth ~5 m), No. 7 (depth ~5 m)

and No. 8 (depth ~11 m) (Table 1, Fig. 1). This phenome-

TABLE 1 - The free radical concentration and g-factor obtained for humic
acids (HA) and fulvic acids (FA) extracted from Goczałkowice Reservoir sediments.
Humic acid (HA)
samples
1
2
3
4
5
6
7
8

Reservoir depth [m]

Fulvic acid (FA)
samples
1
2
3
4
5
6
7
8

Reservoir depth [m]

14.0 ± 0.5
5.0 ± 0.5
1.5 ± 0.4
1.5 ± 0.4
1.0 ± 0.3
0.8 ± 0.3
5.0 ± 0.5
11.0 ± 0.5

14.0 ± 0.5
5.0 ± 0.5
1.5 ± 0.4
1.5 ± 0.4
1.0 ± 0.3
0.8 ± 0.3
5.0 ± 0.5
11.0 ± 0.5

Free radical concentration
[spin/g]
1.87 ± 0.12 * 1016
2.53 ± 0.34 * 1016
1.57 ± 0.15 * 1016
1.54 ± 0.05 * 1016
1.82 ± 0.18 * 1016
1.14 ± 0,13 * 1016
2.54 ± 0.66 * 1016
2.89 ± 0.70 * 1016
Free radical concentration
[spin/g]
2.35 ± 0.05 * 1017
4.07 ± 0.23 * 1017
0.74 ± 1.46 * 1017
2.58 ± 0.39 * 1017
5.25 ± 2.3 * 1017
2.01 ± 0,30 * 1017
1.66 ± 0.29 * 1017
2.75 ± 0.43 * 1017

g – factor
2.00270 ± 0,00010
2.00280± 0,00010
2.00280 ± 0,00010
2.00300 ± 0,00010
2.00290 ± 0,00020
2.00280 ± 0,00006
2.00300 ± 0,00010
2.00310 ± 0,00010
g – factor
2.0043 ± 0,00010
2.0042 ± 0,00010
2.0041 ± 0,00030
2.0042 ± 0,00010
2.0046 ± 0,00010
2.0045 ± 0,00010
2.0046 ± 0,00020
2.0044 ± 0,00010

non is difficult to explain since, along with the depth, the
quantity of dissolved oxygen decreases and as it is known,
the humification processes and the formation of free radicals require the presence of oxygen.

tained for humic acids extracted from soil, peat and compost (2.0031-2.0047) [19, 21-23], and close to the g factor
values obtained for HA extracted from sewage sludge
(2.0027-2.0031) [24-27].

It is possible that the humification processes take place
earlier in another place where the oxidation conditions are
good. The small depth of the reservoir and the high tide
during bad weather can cause the transfer of sediments
from places with good oxidizing to places of bad oxidizing. This is consistent with the small differences in free
radical concentration for HA extracted from the sediment
at the remaining places of sampling.

The values of g factor (2.0029-2.0031) for HA extracted from sediments and collected from places No. 4,
5, 7, 8 (Table 1, Fig. 1) can indicate the presence of semiquinone radicals. However, that from points No. 1, 2, 3, 6
(Table 1, Fig. 1) point to their absence.

The Goczałkowice Reservoir has a relatively large surface and a depth that in most of the area does not exceed
2 m. These properties are the cause of intensive waving
and strong current during windy weather. Goczałkowice
Reservoir is constructed in such a way that the original
banks of the Vistula river were not removed during its construction, and the water flows in the old river bed reach
2/3 of the reservoir length. It is believed, that at this point,
water backs up in the direction of the place at which the
Vistula flows into the reservoir. Therefore, water and sediments in the Goczałkowice Reservoir are easily mixed due
to the wind and intensive waving. This can influence the
sediment motion and also affect the course of the humification processes. The value of free radical concentration of
HA extracted from the deepest place of Reservoir No. 1
may indicate that there exists a limit of depth, below which
the motion of sediment is limited and humification processes are significantly slowed down.
The values of the g factor obtained for HA extracted
from sediments (2.0029-2.0031) are lower than those ob-

The g factor value depends on aromaticity of HA. It
is generally accepted that with the aromaticity of humic
substances, the delocalization of impaired electrons of semiquinone radicals between oxygen and aromatic atoms can
occur, subsequently lowering the g factor [9, 24-27].
The low value of the g-factor could also be caused by the
presence of heavy metals in HA structure. Particularly Pb
and Hg can cause the decrease of the g-factor value from the
typical one for semiquinone radicals i.e. 2.0034 down to
1.9999 (Table 1). On the other hand, the presence of metals causes a characteristic change in the shape of the EPR
line [28]. It should be noticed that in our studies the change
of the EPR signal shape for the examined HA was not observed. The fact that the g factor values are so low is probably due to complexes with transition metals, such as Fe3+,
Mn2+, or Cu2+. Moreover, the EPR spectra confirm that these
metals are present in the structure of HA (Fig. 2).
The low values of the g factor of HA extracted from
sediments are comparable with those of HA extracted from
sewage sludge which, however, have a high free radical concentration and a high degree of aromatization [26]. In the
case of HA extracted from sediment not only low values of
the g factor but also low free radical concentrations are ob-
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served (Table 1). However, even with low values of free
radical concentrations, the possibility of transition metals

causing the lowering of the g factor value should not be
excluded.
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FIGURE 2 - The EPR spectra of humic acids (HA) extracted from sediment taken at 8 sampling stations (1-8) of the Goczałkowice Reservoir.

EPR spectroscopy- fulvic acids

EPR spectra of FA extracted from sediment are characterized by a single line probably originating from radicals with an oxygenic centre occurring in the structure of
humic substances [5, 9, 23]. The values of free radical
concentration obtained for FA (0.74-5.25 * 1017 spin/g)
are comparable with the analogical ones obtained for soil
(5 * 1017 spin/g) and composts (0.1-1 * 1017 spin/g) [19,
21, 22]. However, they are much higher than free radical
concentration of HA what is consistent with the data obtained previously [21-23]. FA have higher free radical concentrations and higher g factor values with regard to HA
extracted from the same material (soil, compost, peat, sewage) [9, 19, 21-23].
The highest free radical concentration (5.25*1017 spin/g)
was noticed for FA extracted from Goczałkowice Reservoir sediment sampled at place No. 5 where the depth is
about 1 m. The lowest free radical concentration 0.74*1017
spin/g was obtained for FA from sediment place No. 3 where
the depth is 1.5 m.
It is interesting that FA with the lowest and highest
values of free radical concentration (Table 1) are extracted

from sediment samples in places where the depth is similar.
It seems that the distance from the river mouth of Little
Vistula can affect the free radical concentration. Raw and
cleaned sewage flowing in the water of the river into the
reservoir can significantly influence the course of the humification processes, the content of free radicals and the
oxygen functional groups.
It is believed that FA are the most peroxidized compounds of humic substances [5, 9]. They are often thought
of as immature HA, the initial phase of the formation of HA.
However, some scientists consider FA to be formed as a
result of HA decomposition [5, 9]. On the basis of the obtained results, it is difficult to conclude if FA extracted from
Goczałkowice Reservoir sediment are a product of HA decomposition, or of the initial stadium of their formation.
The g factor of FA extracted from sediment was determined from EPR spectra analysis. The obtained g-factor
values are high (2.0041-2.0046) and close to those obtained
for FA extracted from soil (2.0037), composts (2.0045)
sediment, rivers and lakes (2.0046) [9, 19, 21-23]. The
higher g-factor values of FA in comparison with HA probably result from the presence of a large number of oxygen
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functional groups (OH, COOH, CO) which interact with
semiquinone radicals causing the increase of the g factor
value with a lower degree of aromatization and a smaller
quantity of condensed aromatic rings [5, 9].
Explanation of the reasons of the differences in the g
factor values of FA extracted from sediment received from
various places of the Goczałkowice Reservoir is difficult. It
seems that the depth, the distance from the river mouth,
the season, the rainfall, the temperature and the content of
the microorganisms influence the course of humification
and, consequently, the properties of HA and FA [8, 10,
13-15, 19]. Moreover, the interpretation of the obtained
results is difficult due to the motion of the sediment.
It seems worthwhile to study HA and FA extracted
from sediment received in different seasons of the year,
since it can allow for an accurate analysis of the processes
taking place in the sediment.
EPR spectroscopy- paramagnetic metals

On EPR spectra of HA extracted from 8 points at the
Goczałkowice Reservoir, the broad lines of the paramagnetic metal ions (eg. Fe3+, Mn2+, Cu2+) are observed (Fig. 2). On
EPR spectra of FA, only the characteristic signal of Fe3+
ions at g = 4.2-4.3 is observed.
Resonance at g = 4.2-4.3 is ascribed to high spin Fe3+
ions, especially connected with humic substances in complexes having the structure of a rhombus, deformed tetrahedron or octahedron [19]. The broad signal at g = 2 may
indicate not only the presence of Fe3+ in the structure of
HA but also the presence of other transition metals, such
as Mn2+ and Cu2+ [29, 30]. It is noteworthy that the EPR
spectra of HA extracted from sediment points No. 5 and 7
(Fig. 2) have the shape characteristic for Cu2+ ions [29,
30, 31]. The presence of Cu2+ ions could be the result of
using the copper sulfates for anti-algae blooming in the
past (20 years ago).
NMR spectroscopy

In order to identify the characteristic functional groups
in fulvic and humic acids and to determine the influence of
the sampling place on the observed signal intensity, the
NMR analysis was performed.
1

H NMR

On all 1H NMR spectra (Figs. 3, 4), three characteristic areas are observed: 0 – 3.5 ppm HAli –aliphatic protons
of methyl, methylene and methine groups of highly branched
aliphatic chains, 3 – 6.5 ppm HR-O – protons on carbon atoms
attached to O or N hetero-atoms, and 6.5 - 10 ppm HAr unhindered and sterically hindered aromatic protons [11,
20, 32].
On all 1H NMR spectra, there is a sharp singlet at
8.3 ppm, which is assigned to the resonance of phenolic –OH protons [20]. The intensity of this signal both on
the spectra of HA and FA extracted from sediment is

larger than the intensity of this signal on the spectra of
HA extracted from sewage sludge [24, 25].
In the range 6.5 – 8 ppm, signals of aromatic protons
are observed on the spectra of HA and FA extracted from
sediment. The resolution of the obtained spectra is rather
low, hence a detailed interpretation and analysis is impossible.
The peak at 1.9 and signals at 5-6 ppm are not analyzed because they are probably due to groups extracted
from the XAD-7 polymeric resin.
The percentage content Haromat in HA extracted from
sediment (11.23-18.52) is much higher than that of Haromat
in HA extracted from sewage sludge (1.90-6.91) (Table 2)
[24, 25]. A relatively high degree of aromatization of HA
extracted from sediment is consistent with the EPR spectroscopy results. Although, it should be remembered that
percentage content of Haromat is not a completely reliable
value since the number of substituted protons in the aromatic ring is unknown. However, the correlation between
percentage content of aromatic protons Haromat and the g
factor was observed.
The highest percentage content of aromatic protons
Haromat (18.52) (from 1H NMR spectra) and the lowest g
factor value (2.0027) (from EPR spectra) were obtained
for HA extracted from sediment collected at the same
place No. 1 (Tables 1 and 2; Fig. 1). Moreover, the lowest
percentage content of aromatic protons Haromat (11.23) and
the highest g-factor value (2.0031) were obtained for HA
extracted from sediment collected from place No. 8 (Tables 1 and 2; Fig. 1).
On the basis of changes of the g-factor value and the
percentage content of aromatic protons Haromat, it can be
concluded that the HA extracted from sediment are acids
with a high degree of aromatization.
The presence of the same groups of signals on 1H
NMR spectra of HA and FA points to the possibility of
formation one from the other. However, differences in
their relative intensity were observed. In the region 4.3 –
3.0 ppm (Figs. 3, 4) signals derived from protons attached
to hetero-atoms [32] are noticed. The percentage content
of this group of protons for FA was much higher than for
HA. This fact indicates that FA are richer in oxygen functional groups than HA. This is coherent with the results
obtained from EPR spectra analysis (Tables 1 and 2).
Both for HA and FA, the lowest percentage content
of HR-O protons was obtained for samples extracted from
sediment place No. 1, which is the deepest point of the
reservoir. This is probably caused by oxygenic conditions,
which worsen along with the depth of the reservoir.
On 1H NMR spectra of FA, sharp peaks in Halif area at
δ =1.8 ppm and δ = 1.9 ppm are observed. These signals
are assigned to CH3– and CH2– groups, respectively, linked
to –CONR2, -COOR or –COR groups [32]. The singlet at
1.8 was tentatively assigned to -CH2–C=C (Fig. 4) [20,
32, 33].
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The intensive sharp signals in aliphatic region may indicate the presence of repeated -CH2X and =CHX groups
in the aliphatic chain of FA. This suggests that FA have a
weakly formed aromatic core with the dominance of

branched side-aliphatic chains. The percentage content of
Halif and Haromat confirms such a structure of FA (Table 2).
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FIGURE 3 - The 1H NMR spectra of humic acids (HA) extracted from sediment taken at 8 sampling stations (1-8) of the Goczałkowice Reservoir .
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FIGURE 4 - The 1H NMR spectra of fulvic acids (FA) extracted from sediment taken at 8 sampling stations (1-8) of the Goczałkowice Reservoir.
TABLE 2 - Percentage of total intensity of the characteristic areas determined from
1
H NMR spectra for humic (HA) and fulvic (FA) acids extracted from Goczałkowice Reservoirs sediments.
Humic acid
(HA) samples
1
2
3
4
5
6
7
8

HAr
[%]

HR-O
[%]

HAli
[%]

HAr/ HAli

18.52 ± 3.07
14.22 ± 1.14
15.77± 2.19
14.51± 1,12
17.09± 2,14
18.18± 3,33
13.48 ± 0.26
11.23± 2,25

20.74 ± 3.12
28.73 ± 2.08
29.18 ± 1.60
27.87± 3,50
29.91± 1,10
26.73± 3.42
28.16 ± 0.53
29.21± 2.43

60.74 ± 2.46
57.04 ± 2.07
55.05 ± 3.53
57.62± 2,12
52.99± 3,22
55.09± 4,12
58.35 ± 0.92
59.55± 3.21

0.30
0.25
0.28
0.25
0.32
0.33
0.23
0.19

Fulvic acid
(FA) samples
1
2
3
4
5
6
7
8

The percentage content of Halif in HA is similar as in
FA. However, HA have significantly less oxygen functional
groups (Table 2) and more aromatic ones. The Haromat/Halif
ratio is higher in the case of HA, a fact that confirms their
higher aromaticity.
The 1H NMR study shows that the structure of HA
extracted from sediments collected at various points of the
Goczałkowice Reservoir is similar. However, some differences in relative intensity of signals are found which indicate different participation of functional groups and structural fragments (Table 2). This may be connected with the
way the reservoir was constructed, as described before.

9.8 ± 0.87
12.14 ± 1.14
13.77± 2.19
12.97± 1.29
10.23± 3.33
9.80± 2.25
7.28± 1.16
8.10± 2.23

HR-O
[%]

HAli
[%]

HAr/ HAli

30.98 ± 1.12 59.22 ± 1.46
35.68 ± 2.08 52.18 ± 2.07
31.31 ± 2.60 54.91 ± 2.53
31.21± 1.00 55.82 ± 0.98
34.64± 2.19 55.12 ± 1.19
34.61± 3.10 55.59 ± 2.19
39.55 ± 1.53 53.17 ± 1.02
33.87± 1.19 58.02± 2.49

0.16
0.23
0.25
0.23
0.18
0.18
0.14
0.14

of CAr and HAr is not observed for FA, and this seems to
confirm the dominance of aliphatic groups in the structure
of FA. This is consistent with the degree of aromaticity
(47.82 for HA and 30.90 % for FA), and with the g factor
values obtained from EPR spectra analyses (Table 1) [33,
34].
HA 1

According to 1H NMR spectra analysis, it results that
per one atom of aromatic hydrogen there are 4 to 6 (for
FA), or 3 to 5 (for HA) aliphatic hydrogen atoms (Table 2).
This fact may indicate that extracted HA have the structure
consisting of models suggested by Schulten and Kasatoczkin [9]. However, the higher percentage content of
Halif than Haromat in FA points to a weakly formed aromatic
core and/or long branched side aliphatic chain.
13

HAr
[%]

200

180

160

140

120

100

80

60

40

20

0

40

20

0

δ [ppm ]

C-NMR
13

C NMR spectra were measured to compare HA and
FA (Fig. 5). The obtained spectra show weak resolution
but they are useful for estimation of the relative abundance
of aliphatic, aromatic and carbonyl carbons in humic samples. It is noteworthy that the signal with the chemical shift
in the 160 - 200 ppm region assigned to carbon atoms in
the carbonyl group C=O is markedly higher on the spectra
of FA (60.1 %) in comparison with HA (38.3 %), pointing
to the higher content of carbonyl groups in FA structure.
However, a comparison of the percentage content of aromatic protons with aromatic carbons reveals a notably
smaller proportion of aromatic hydrogen atoms HAr (Table 2) than that of aromatic carbon atoms CAr (29.5 % for
HA and 11.6 for FA), especially in the case of HA. This
difference indicates the presence of condensed aromatic
rings with non-protonated carbons in the structure of HA
due to the humification process occurring in sediment. It
should be noticed that the difference in percentage content
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FIGURE 5 - The 13C NMR spectra of fulvic acids (FA) and humic
acids (HA ) extracted from sediment taken at sampling station1.
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[7]

Uyguner, C.S and Bekbolet, M. (2005) Implementation of
spectroscopic parameters for practical monitoring of natural
organic matter. Desalination 176, 47-55.

• The NMR and EPR spectroscopic studies show that
humic and fulvic acids extracted from the sediment
collected at various points of the Goczałkowice Reservoir are characterized by similar physico-chemical properties. This testifies that the composition of sediments
in the whole reservoir is similar.

[8]

Calace, N., Cardellicchio, N., Petronio, B.M., Pietrantonio,
N. and Pietroletti, M. (2006) Sedimentary humic substances
in the northern Adriatic sea (Mediterranean sea). Mar Environ Res. 61, 40-58.

[9]

Stevenson, F.J. (1982) Humus Chemistry: Genesis, Composition, Reaction. Wiley-Interscience: New York.

• The analysis of NMR spectra confirmed the presence
of the same functional groups in the structure of humic
and fulvic acids. This fact points to a close relation between humic and fulvic acids and to the possibility of
the formation of one acid from the other.

[10] Calace, N., Capolei, M., Lucchese, M. and Petronio, B.M.
(1999) The structural composition of humic comounds as indicator of organic carbon sources. Talanta 49, 277-284.

CONCLUSIONS

[11] Cardoza, L.A, Korir, A.K., Otto, W.H, Wurrey, C.J. and
Larive, C.K. (2004) Application of NMR spectroscopy in environmental science. Prog Nucl Mag Res Sp. 45, 209-238.

• It was stated that fulvic acids are less aromatized than
humic acids. Fulvic acids have a weakly formed aromatic core with the dominance of the branched sidealiphatic chains.

[12] Marshall, S.J., House, W.A., Russell, N.J. and White, G.F.
(1998) Comparative adsorption of natural and commercially
available humic acids to river sediments. Colloid Surface A
144, 127-137.

• The influence of the reservoir depth on the content of
oxygen functional groups and free radical concentration in humic and fulvic acids was observed.

[13] Pempkowiak, J., Piotrowska-Szypryt, M. and Kozuch, J.,
(1998) Rates of diagenetic changes of humic substances in
Baltic surface sediments. Environ Int. 24, 589-594.

• The presence of transition metals was confirmed in the
extracted humic acids.

[14] Cieślewicz, J. and Gonet, S.S. (2004) Properties of Humic
acids as biomarkers of lake catchment management. Aquat
Sci. 66, 178-184.
[15] El-Sayed, M.A., Aboul Naga, W.M., Beltagy, A.I.
and Halim, Y. (1996) Sedimentary Humic Substances Isolated from Coastal Lagoon of the Nile Delta: Physical and
Chemical Characteriatics. Estuar Coast Shelf S. 43, 205-215.
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THE PHOTOCATALYTIC DEGRADATION OF TOC
AND ORGANIC ACID FROM OLIVE MILL WASTEWATER
BY USING UV/H2O2/TiO2/SEPIOLITE NANOPARTICLES
Mehmet Uğurlu* and M. Hamdi Karaoğlu
Department of Chemistry, Faculty of Science and Arts, Muğla University, Muğla 48000, Turkey

ABSTRACT
The photocatalytic degradation of TOC (total organic
carbon) and organic acids from olive mill wastewater
(OMW) have been investigated by using TiO2/Sepiolite
nanoparticles, UV and H2O2. To get TiO2/Sep. nanoparticles, the nanocrystalline TiO2 anatase phase on sepiolite
was sufficiently calcined at variable temperatures (300, 400
and 500 oC) for 3 h. The resulting material was characterized
by scanning electron microscopy (SEM) and Brunauer–
Emmett–Teller (BET) surface area measurements. After
TiO2 was loaded on sepiolite, it was seen that the surface
area of supported catalysts (TiO 2/Sep) decreased from
247.72 to 135.97 m2 g-1. Then, the effects of catalyst amount,
pH and temperature were investigated in all the experiments
for TOC and organic acid removal from OMW. Maximum
TOC and organic acid removal rates were observed, respectively, at solid/liquid ratio: 0.25g L-1, pH: 3.0 and 323 K.

KEYWORDS:
Sepiolite, TiO2, OMW, TOC, organic acids

chemical stability, commercial availability and inexpensiveness [6]. However, the recovery of fine TiO2 powder
is a key issue in industrial implementation of such treatment
systems. This problem can be solved, in part, if TiO2 is
immobilized on inert supported materials without loss of
activity [7].
Sepiolite is a hydrated magnesium silicate characterized
by its fibrous morphology and intracrystalline channels, having the ideal structural formula Si12Mg8O30(OH)4(OH2)4.8H2O
for the half-unit cell [8-9]. Sepiolite has a common industrial application due to its molecular-sized channels and
large specific surface (more than 200 m2 g-1) [10].
Sepiolite has been suggested as an effective support
for TiO2 in the removal of pollutants. In this study, thermal-activated sepiolite (TAS) was selected as support for
TiO2 loading. In order to determine the catalytic performance of TiO2/Sep in practical application, OMW was chosen as model pollutant, and removal rates of TOC and
organic acids have been investigated. TiO2/Sep dose, solution pH, temperature and reaction times were selected as
variable parameters. Furthermore, TiO2/Sep materials were
characterized by SEM and FT-IR. There is no study repor ting on the use of UV/H2O2/TiO2/Sep. to remove TOC and
organic acid from OMW.

INTRODUCTION
Olive mill wastewater (OMW) generated by olive oil
extraction industry is a major pollutant because of its high
organic load as well as phototoxic and antibacterial phenolic compounds, which resist biological degradation. Mediterranean countries are mostly affected by this serious environmental problem, since they are responsible for 95% of
the worldwide olive-oil production. There are many methods used for OMW treatment, such as advanced oxidation
processes by means of the ozone or Fenton’s reagent in the
presence and absence of UV radiation, flocculation, coagulation, lagoons of evaporation, electrochemical treatment,
and also burning systems which partially solve the problem [1-5]. Moreover, photocatalytic processes are widely
used for the purification of OMW. In this process, the
catalyst commonly used is TiO2 due to its good activity,

MATERIALS AND METHODS
TiO2/Sep. materials preparation

Brown sepiolite, also known as Turkish merchant (from
Eskisehir, Turkey), was used as supporting material. Sepiolite mineral was ground and sieved to give 150-µm size
using ASTM Standard sieves. Then, the minerals were
washed with deionised water and dried. These purified samples were exposed to thermal treatment (120 oC) for 1 h to
increase surface area (247.72 m2 g-1), and was named as
thermal-activated sepiolite (TAS). TiO2/Sep samples were
prepared from alkoxide precursors in the following way:
5.0 g of TAS powder was homogenized and settled in 30 ml
titanium isopropoxide (97%, Aldrich) solution (30 % in
99.8% isopropanol, Merck) for 12 h. After that, a polymer-
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ized gel was obtained, which was dried at 96 oC for 5 h.
This process was repeated four times, trying to get more
impregnation of TiO2 on TAS. After impregnation process, the material was calcined under static air at 300, 400
and 500 oC for 3 h, and surface area was measured as
135.97 m2 g-1. Then, these samples were cooled in a desiccator and stored in the dark.
Experimental setup and measurements

Photocatalytic experiments, by considering the studies
in the literature, were carried out in an UV reactor equipped
with cooling feature, magnetic stirrer and UV lamp (Fig. 1).
OMW samples were obtained from an olive-oil producing
plant (Muğla area of Turkey) which uses a modern production process. No chemical additives are used during the
olive oil production. The pH of the solution was adjusted
with NaOH or HCl solution by using a pH-meter equipped
with a combined electrode. At the end of the experiment,
the solution was centrifuged for 15 min at 3000 rpm, and
TOC and organic acid concentrations were measured according to standard methods for analyses of wastewater [9].

RESULTS AND DISCUSSION
SEM analysis of Sepiolite and TiO2 nanocomposite materials

SEM changes belonging to TAS and the TiO2/Sep
samples are presented in Fig. 2. When SEM photographs
belonging to both samples are examined, the fiber structure in brown sepiolite samples exposed to thermal activation is clearly visible and, from the BET surface measurements, it was found that TAS has the surface area of
242.98 m2 g-1. In addition, chemical compositions, specific surface areas, and the distribution of pores and diameters
of TAS and TiO2/Sep samples have been carried out (Table 1). On the other hand, when SEM images belonging to
TiO2/Sep nanocomposite material were analyzed, it is
seen that clear colour removal has occurred compared to
TAS. These color changes lead us to think that TiO2 is
considerably adsorbed in sepiolite surface and pores. BET
surface area belonging to this material is observed to be
135.97 m2 g-1. The reduction in surface area can be associated with considerable adsorption of TiO2 material by
sepiolite mineral as well as some reduction in the fibrous
structure as it is heated at 500 oC. However, the surface
area of used TiO2/Sep in photocatalytic reaction was measured and found to be 171.01 m2 g-1. This partial increase in
surface area can be associated with desorption of some
TiO2 and other compounds from the surface of catalyst due
to catalytic treatments.
TABLE 1 - Chemical compositions, specific surface areas, and the
distribution of pores and diameters of TAS and TiO2/Sep samples.

FIGURE 1 - Appearance schematic of UV reactor used for the
experimental studies.

Elements
TAS (Wt %)
TiO2/Sep (Wt %)
O
43.24
40.59
Mg
12.01
15.39
Al
0.85
1.21
Si
19.56
28.91
Ca
3.99
4.23
Ti
0.12
5.33
Fe
0.80
4.35
Surface area, BET (m2 g-1)
242.98
135,97
Normalized volume (cc g-1) 1.32x10-2 - 6.61x10-2 3.11x10-3 - 30.12x10-3
Diameter (µm)
30-120
2.5-120

(a)

(b)

FIGURE 2 - SEM micrographs of TAS (a) and TiO2/Sep. powders (b).
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FIGURE 3 - FT-IR spectra of TAS, TiO2/Sep and used TiO2/Sep samples.

FT-IR Analysis

Effect of catalyst concentration

FT-IR spectra of TAS, TiO2/Sep, and used TiO2/Sep
samples are shown in Fig. 2. The band between 3687 and
1700 cm−1, stretching (νOH) vibrations of hydroxyl groups
(belonging to Mg3OH) attached to octahedral Mg ions
located in the interior blocks of TAS and TiO2/Sep, was
not observed. Briefly, all materials showed the same values (Fig. 3). Then, a band at 1659 cm-1 due to the vibration of zeolitic water was significantly observed in TAS,
although its intensity had decreased TiO2/Sep and used
TiO2/Sep. In addition, the Si–O coordination bands at 1019
and 881 cm-1 were observed as a result of Si–O vibration,
and their intensities had also significantly decreased
TiO 2/Sep and used TiO 2/Sep. The deep bands at 1008
and 975 cm -1 represent the stretching of Si–O in the Si–
O–Si groups of the tetrahedral sheet. Two peaks at 689
and 646 cm-1 represent the bending vibration of Mg3OH
of both samples, while the bands at 485 and 424 cm-1 are
due to Si–O–Al (octahedral) and Si–O–Si bending vibrations for all sepiolites [12-13], and these bands were decreased in TiO2/Sep and, particularly, used TiO2/Sep.

In order to investigate the influence of catalyst amount
in photocatalytic removal, 0.0, 0.125, 0.250, and 0.50 g L-1
of TiO 2/Sep and constant amounts of H2O 2 were taken
separately, and photocatalytic experiments were carried
out in 1 L OMW. The obtained results for TOC and organic acids are plotted in Figs. 4a and b. While TOC concentration decreases with the increasing amount of catalyst
(expect 0.5 g L-1), organic acid concentration increases
initially during the first 8 h, but then decrease was observed
Fig. 4b. In addition, during photocatalytic reactions, the pH
of the medium was measured at certain intervals, and it
was observed that it decreased by 1 to 3 points when compared to natural pHs 5-6. This can primarily be associated
with the assumption that organic matters may have turned
into organic acidic species.
In addition, sepiolite has a porous structure and porosity, which increases the number of active sites available and plays an important role in adsorption rates. It can
be seen in the SEM images (see Fig. 2) that it can cause
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FIGURE 5 - Effect of pH on the degradation of TOC (a) and organic acid (b) (298 K, H2O2 30 ml L and solid/liquid: 0.5 g L-1).

adsorption rates. Considering that the photocatalytic reaction occurs on the surface of the TiO2/Sep, the amount of
reactant adsorbed onto TiO2/Sep plays an important role
in photocatalysis. Moreover, the porosity and sponge-like
structure prevent desorption of intermediate products inside the TiO2/Sep, and nanoparticles increase the possibility of re-adsorption by the other TiO2/Sep.
Moreover, at the end of initial 10 h period, while maximum TOC removal was obtained with 0.5 g L-1, at the end
of the initial 24 h period, more removal was observed with
0.25 g L-1. This may be associated with the fact that at the
beginning, the removal was realized with adsorption but
then UV transition decreased due to the higher amount of
TiO2/Sep, and accordingly, the speed of photocatalytic reaction decreased.
On the basis of the relevant band gap absorption of
the investigated photocatalyst dosage, the results can be
explained in terms of the availability of surface active sites
on TiO2/Sep, the light absorption of the photocatalyst, and
the light penetration capability into the suspension [14]. By
increasing the photocatalyst dosage until reaching the
optimum value, the TiO2 surface active sites as well as the
absorption ability of TiO2 increased. On the other hand,
under a higher photocatalyst dosage, there was still only a
small portion of TiO2 particles near the photocatalytic reactor wall that can completely absorb the incident light. This
means that at a very high photocatalyst dosage, the photocatalyst has high tendency to be agglomerated, resulting in
lowering the surface exposure to the light irradiation. Furthermore, the light penetration depths from the photocatalytic reactor wall become less due to the agglomeration and
sedimentation of particles under a higher photocatalyst
dosage, which could result in light scattering, thus dramatically reducing the intensity of light entering the irradiated
suspension [15].
The effect of pH

The photocatalytic degradation of OMW under investigation was studied at different pH values 3, 5 and 9, as it
is an important parameter for reactions taking place on the

particulate surface. The degradation amount of TOC and organic acids as a function of pH and time is shown in Fig. 5.
When Fig. 5a is examined, it can be seen that TOC removal
is generally observed. At pH 3, TOC removal decreased
from 2500 mg L-1 to 750 mg L-1. In a similar study, it was
seen that the optimum pH value for photocatalytic reaction system was found at solution pH of 4.7, which is
lower than the pzc(point of zero charge) of TiO2 [13]. In
addition, the increased degradation rate of organic compounds at this acidic pH can be possibly explained on the
basis that HO2• radicals can be formed, compensating the
decrease in generated OH• radical concentration [16-18].
At alkaline solution pH 9, the photocatalytic degradation of
TOC decreases remarkably with further increasing solution
pH. Under these conditions, there is a Coulombic repulsion
between the negatively charged surface of the photocatalyst
and the negatively charged molecules, and the decreased
interaction due to the aforementioned repulsion can limit
the diffusion of the surface-generated OH• radicals towards
the molecules in wastewater for subsequent reactions [19].
Therefore, the photocatalytic degradation process would be
unavoidably lowered. In addition, concentration of organic
acids was investigated at the same pH (Fig. 5b).
As seen form Fig. 5b, with increasing time, there are
certain increases observed in organic acid concentration at
all pH intervals, and nearly 8 h later decrease was observed.
Moreover, organic acid concentrations exhibit greater decreases at pHs 3 and 5. This leads us to think that more
absorption of organic matter in the black water is realized
on the catalyst in acidic medium, and these compounds
undergo more catalytic decomposition on the surface turning into acidic yields. In addition, sepiolite has a porous
structure and porosity, which increases the number of active sites available at low pH and plays an important role in
adsorption rates. The sepiolite clay usually has Ca2+, Al+3
and Mg2+ in its interlayers to compensate negative charges
of silicate layers [20]. In the preparation of TiO2/Sep, the
Al+3, Ca2+ and Mg2+ ions were replaced by positively charged
polynuclear cation species, which were then decomposed to
give titanium dioxide incorporated in sepiolite clay. Since
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the resulting titanium dioxide must be electrically neutral,
adsorption of protons must occur on the oxide surfaces to
keep electrical neutrality of the clay [21-23]. At low suspension pH, there are probably attractive forces between
the organic compounds and the photocatalyst surface, and
attractive forces will primarily lead to increasing adsorption, and then photocatalytic reaction.
The effect of temperature

In the production of olive oil, water with a certain temperature is used and, accordingly, the resulting black water
has a certain temperature. Given this fact, the effect of
temperature in photocatalytic reaction of TOC and organic
acid removal was investigated. The results obtained are
plotted in Figs. 6a and 6b. It is seen that, within the initial
4 h, slow removal was obtained and then the removal was
accelerated, and at the end of a 24 h period at 323 K, TOC
value dropped from 2500 mg L-1 to nearly 800 mg L-1
(Fig. 6a). Therefore, it can be concluded that, as a result of
the photocatalytic reactions, organic matters may have been
oxidized to carboxylic acids and, particularly, inorganic

forms may heavily exist and over time these matters may
turn into CO2 and H2O which are more stable.
As there are some certain organic matters in the black
water, changes in acid concentrations have been investigated for different temperatures (Fig. 6b). At all temperatures, within the initial 4 h, increase was observed, but
after that time period, decrease was observed. Maximum
decrease was observed at 323 K and, at the end of 24 h
period, the organic acid concentration dropped from 4708
mg L-1 to 1480 mg L-1.
As related to effect of temperature in similar studies,
some authors have also found similar results during catalytic wet peroxide oxidation of phenol over clays, and
they clearly demonstrated that similar performances were
achieved at higher temperatures due to the accelerated
decomposition of H2O2 into oxygen and water. Moreover,
it was stated that mineralization increases with temperature and TOC removal is near 91% at 70 oC but around 82 %
at 30 oC for Orange II [24, 25]. Accordingly, in the present study, it was found that at higher temperature, more
TOC and organic acid removal occurred.
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FIGURE 6 - Effect of temperature on the degradation of TOC (a) and organic acid (b) (solid/liquid 0.5 g L-1, H2O2 30 ml L-1 and pH 5.5).

CONCLUSIONS
In this work, TiO2/Sep nanoparticle photocatalyst was
synthesized by titanium isopropoxide and isopropyl alcohol. To get the TiO2/Sep nanoparticle, the nanocrystalline
TiO2 anatase form on sepiolite was obtained using a sufficient thermal treatment by gradually increasing temperature from 300, 400 and 500 oC for 3 h. After TiO2 was
loaded on sepiolite, the surface area of TiO2/Sep decreased
from 247.72 m2g-1 to 135.97 m2g-1. Various reaction parameters, TiO2/Sep dosage, initial solution pH and temperature as well as their effects on photocatalytic OMW
degradation performance were studied, and TiO2/Sep nanoparticle has been found to be a better photocatalyst for

removal of TOC and TIC from OMW. The optimum conditions were obtained as follows: photocatalyst dosage of
0.25 g L-1, 323 K, and an initial solution pH of 3. From
experimental results, it can be said that the present study
has proven the effectiveness of photocatalytic degradation
for highly concentrated organic pollutants present in OMW.
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ABSTRACT
In this study, boric acid as a binder for briquetting
some boron mine wastes, such as colemanite and ulexite
fines and calcined products, which do not meet the market
specifications with respect to particle size, were investigated. Effects of water and binder contents, applied pressure, and curing and drying conditions on the briquette
quality were evaluated in terms of mechanical strength,
water-proofing characteristics and wearing resistance. The
best briquettes were obtained at 62.4 MPa pressure (cured
at ambient temperature for 24 h and dried at 105 oC for 2 h).
Only binder free briquettes of uncalcined ulexite gave
satisfactory result. The briquette strength increased with
an increase in the percentage of binder. The optimum binder
content was found to be 5 % by weight for uncalcined ulexite and colemanite as well as calcined colemanite, but 10 %
by weight for calcined ulexite. The water-proof briquettes
of ulexite and calcined products of ulexite and colemanite
fines could be produced. According to wearing resistance,
ulexite and colemanite fines as well as calcined product of
colemanite showed resistance to abrasion action during
transportation and loading.

KEYWORDS: solid wastes, ulexite, colemanite, briquetting, binder,
boric acid

INTRODUCTION
Boron compounds, of which Turkey has the largest
reserves in the world with over 60% share, are very commonly used, almost in all branches of industry in different
ways. ETİ Mine Works General Management operates all
the borate mines in Turkey, and among these, colemanite
(a calcium borate) (CaB3O4(OH)3.H2O) in Emet, Bigadiç
and Kestelek, while ulexite (a sodium calcium borate)
(NaCaB5O6(OH)6.5H2O) is mined in Bigadiç. All the mines
have simple treatment plants on site where concentrates of
colemanite and ulexite are produced in various grades and
size fractions. These plants employ simple crushing, screen-

ing, washing, classification and dewatering circuits. The
concentrates (+3 mm) in size are marketed while –3 mm
fines of ulexite and colemanite are stocked as solid wastes
since they do not meet the grade and size specifications of
the market [1, 2].
Transporting raw ore as well as removing impurities
and crystal water are expensive and energy inefficient processes. In order to save from transportation cost and to produce more active product for further utilization, boron minerals are calcined. When colemanite is calcined, due to the
rapid decrepitation, the mineral becomes a powder which
causes handling problems [3, 4]. Similar problems arise
on ulexite when it is calcined, due to exfoliation of the
structure [5-7].
Studies demonstrated that fines of minerals can be
compressed to a relative density, and stabilized at that density without/with binder material. A reduction in the volume of the material also provides its technological benefit,
i.e., the material could be transported and stored more economically [8]. One method of upgrading loose residue material to improve its handling is by densification into briquettes
of higher density than original bulk density of the material.
It is known that many materials are used as briquette
binders, such as coal tar, coal pitch, petroleum residues,
starch, humic acid, synthetic organic polymers, plastic
waster, wood pulp waster liquor, molasses, biomass and inorganic materials of lime, clay, ceramic, etc [9-14]. Recently,
the usage of boric acid as a binder has been reported in the
literature [15, 16].
This study is novel taking into account the type of
binder used. Boric acid in aqueous solution is impregnated
into the pores of the fines of ulexite and colemanite. Thus,
the utilization of boric acid was chosen because of the advantage of the low amount of impurity.
The aim of this research was to determine the possibility of briquetting some boron mine wastes, such as ulexite and colemanite fines and their calcined products, by
using boric acid as a binder. The effects of water content,
applied pressure, amount of binder, and curing and drying
conditions on the briquette quality were studied. All the
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laboratory prepared briquettes have been subjected to
mechanical, waterproofing and abrasion testing.

calcination tests were performed in a Heraeus brand muffle furnace equipped with a time proportioning temperature control system. The sieve analyses of the raw materials and the calcined products were done (see Fig. 1)

MATERIALS AND METHODS
Preparation of binder
Materials

The samples used in the experiments were ulexite
(UU) and colemanite (UC) solid wastes taken from ETİ
Mine, Bigadiç Boron Works, Turkey. The chemical analyses of the ulexite and colemanite samples were carried
out and results are given in Table 1.
TABLE 1 - The chemical analysis of the samples used.
Constituents (%)
Colemanite
B2 O3
47.91 (59.67)*
CaO
28.40
Na2O
0.01
SiO2
3.65
MgO
1.50
K2 O
0.02
Fe2O3
0.09
Al2O3+TiO2
0.80
Loss of ignition at 800 oC
20.57
* B2O3 assay of the calcined products

Ulexite
41.17 (61.28)*
18.80
7.50
0.85
0.22
0.02
0.09
0.85
33.83

Preparation of briquettes

The laboratory briquettes were prepared from ulexite
and colemanite and their calcined product fines. For each
experiment, the briquettes were prepared in cylindrical
moulds made of hardened steel (30 mm in length and 40 mm
in diameter keeping the length to diameter ratio of briquettes
constant at 0.75) with 100 g of samples (including binder).
Die moulds were then subjected to high pressure in a press.
The pressure was applied from 15.6-93.6 MPa against a
back-up piston by a Tinius Olsen Standard Super-L type
hydraulic press with 200 tons capacity. The process of
briquette preparation is shown in Fig. 2.

Methods and Procedures
Preparation and calcination of raw materials

The samples were purified prior to use, air-dried and
ground into ≤0.3 mm in size. The calcined products of ulexite (CU) and colemanite (CC) fines were prepared in accordance with the previous studies [6, 7] by heating at 300
o
C for 60 min and 600 oC for 90 min, respectively. The
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Boric acid (H3BO3) was selected as a binder for this
study because of its caking property; that is, it does tend
to cake at temperatures >100 oC. Commercially available
boric acid (purity >95%) dissolved in hot water was impregnated into the fines from its aqueous solution. The
amount of water added for the test was also critical. The
objective was for the water to diffuse through the bulk,
forming capillary bridges at the interparticle contacts.

Curing and drying

Before testing mechanical strength of the briquettes,
the green briquettes were cured first by aging in open-air
to stabilize inner tensions affecting their microstructure
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FIGURE 1 - Sieve analyses of the raw materials and the calcined products.
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FIGURE 2 - Schematic representation of briquettes preparation.

and porosity [17]. Cured briquettes were then hardened by
drying in an oven maintained at 105 oC for 2 h. They were
then randomly sampled from each batch and tested for
compressive strength and resistance to abrasion and water.
Physical properties of briquettes

The briquettes need to be able to withstand the crushing loads they receive during handling, transport and storage. Since the aim of this work was to obtain briquettes as
stable as possible, three physical properties had to be considered in the testing of briquettes, resistance to crushing,
abrasion and water penetration.
Mechanical strength is the maximum crushing load
that a briquette can withstand before cracking or breaking.
The strength of the briquettes was measured in a standard
manner of the indirect tensile strength test using a servo
hydraulic MTS 815 stiff testing machine with a capacity
of 2800 kN. The test is performed by placing the briquette
horizontally between two flat, parallel plates and increasing the load exerted diametrically across the specimen at a
constant rate until the briquette fails the test by cracking
or breaking. The load was recorded on a chart in the form
of a peak. The maximum height of the peak was the failure load. Typically, three measurements of failure load
were made under identical test conditions and the mean
value of the calculated stress was reported.
The failure load in radial direction is used to express
the tensile strength of a cylindrical flat-faced briquette
according to the equation:

σ = 2P πDL

(1)

where σ is tensile strength (kgf/cm2), P is failure load
(kgf), D and L are diameter and length of the specimen
(cm).
Since the elastic recovery due to variation of the briquette dimensions at different loads of compression was
neglected, D and L were assumed to be constant for all
briquettes. Thus, the failure load may be used instead of
tensile strength. Although failure loads experienced by briquettes vary largely, e.g. from compression during storage
to compression during conveyance, it has been suggested
that a load at fracture of 100 kgf was selected as the minimum target value [18].

In the abrasion test, tumbling (attrition) test was performed to find out the resistance of briquettes to abrasion
action during transportation and loading. In the test, 8 briquettes were put in the tumbling mill having inner dimensions of 190 mm diameter and 190 mm length. The mill
was rotated for 2 min at 70 rpm. The weight percentage of
the dust was expressed as abrasion index and 5% was accepted as a target value.
Water resistance tests give an indication of how a briquette may weather in short term, during outdoor storage.
To investigate the water resistance, arbitrarily selected 3
briquettes from each batch were immersed in cold tap water
for 1 h, then the time required for the onset of dispersion in
water was recorded, and then their crushing loads were
measured immediately after removal from water. The average maximum failure load was expressed as water resistance. The minimum target value for this technique was
also the load at fracture of 100 kgf.
RESULTS AND DISCUSSION
Effect of curing and drying conditions on strength of briquettes

The curing and drying stages are vital for promoting
briquette strength. The briquettes were prepared under two
different conditions before putting in press; curing in openair at room temperature for 24 h and drying in oven at
105 °C for 2 h. It is interesting, at this point, to examine
the extent to which various stages in the briquetting procedure contribute to briquette strength. Table 2 shows the
effect of curing and drying on the strength of cured-only
briquettes obtained from uncalcined ulexite, and briquettes
that were cured and then dried at 105 oC.
As can be seen from Table 2, the curing stage after
briquetting influenced positively the crushing resistance
of the briquettes. It appears that stronger briquettes were
produced after being cured and then dried. Air-cured-only
briquettes showed an increase in strength but were lower
than the target value. Likely, the briquettes that were dried
directly did not give satisfactory result due to shrinkage of
the matrix during rapid volatizing water [17, 19]. During
drying process, boric acid is subjected to an intra-molecular
dehydration at a temperature above 100 °C to produce
metaboric acid [20, 21] which plugs the pores throughout
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fines of ulexite and colemanite. This results in a decrease of
in-ternal stress within the powder bulk, promoting the formation of solid bridges between particles through drying.
As a result, it is necessary to dry briquettes to enhance the
durability of all briquettes, accordingly, the briquettes which
were cured at room temperature for 24 h and dried at 105
o
C for 2 h gave the highest failure load value. In the subsequent briquetting experiments, the same curing and drying
stages before testing were applied for green briquettes of
uncalcined colemanite as well as calcined ulexite- and colemanite-fines.
TABLE 2 - Effect of curing and drying conditions on strength of the
briquettes (Sample: uncalcined ulexite. Amount of water: wt. 5%.
Amount of binder: wt. 5% boric acid. Applied pressure: 62.4 MPa).
Time (hrs)

1
2
3
6
12
24

Failure load (kgf)
Curing condition
Drying condition
Room temperature
105oC for 2hrs
21
45
25
52
29
55
61
97
64
103
73
205

Effect of pressure on strength of briquettes

The strength is an important criterion for the durability of briquettes. The effect of the briquetting pressure on
the strengths of the briquettes was conducted to determine
optimum briquetting pressure. The samples of fines having the moisture content of 5 wt.% were briquetted under
various pressures by using 5% (wt.%) of boric acid. Table
3 represents the results of these experiments.
As can be seen in Table 3, strength of the briquettes
increased with an increase in the briquetting pressure.
These results imply that increasing pressure provides the
approach of the biomass particles, and enhances binder
penetration within the pores and the durability of the
briquettes [22]. Based on the results of these experiments,
62.4 MPa was accepted as the optimum briquetting pressure value for all fines.
TABLE 3 - Effect of briquetting pressure on strength of the briquettes (Amount of water: wt. 5%. Amount of binder: wt. 5% boric
acid. Curing and drying conditions: room temperature for 24 h +
105 oC for 2 h).
Applied
pressure
(MPa)
15.6
31.2
46.8
62.4
78.4
93.6

UU

Failure load (kgf)
UC
CU

CC

135
143
170
205
224
247

180
201
207
217
236
259

170
187
193
214
348
397

51
58
90
96
127
138

is critical. The objective is for the water to diffuse through
the bulk, forming capillary bridges at the interparticle contacts. In order to examine the effect of water content on the
strength and durability of briquettes, samples with varying
amounts of water (2.5-15 wt.%), with or without binder,
were prepared. The results are given in Tables 4 and 5,
respectively.
As seen in Table 4, the corresponding values for binderfree briquettes, except uncalcined ulexite fines, were lower
than the target value, and thus cannot be briquetted binderless. Only binder-free briquettes of uncalcined ulexite gave
satisfactory results. The results in Table 4 also demonstrate
that increasing water content caused an increase of the
strength of the briquettes.
The strength increased with an increase in moisture
until it was attained at 10 % H2O, followed by a decrease
on further addition of water (Table 5). The optimum value
of water content was determined to be 5 % for uncalcined
ulexite, uncalcined and calcined colemanite, but 10 % for
calcined ulexite. However, when the water content exceeded 15 %, with respect to the results not given here, it
was observed that the briquettes were not resistant enough
since the moisture content was very high. This behavior
can be explained by the physical saturation of briquettes
with water. The excess moisture is forced to leave the matrix, forming some cavities in the briquette. Furthermore,
some of the moisture content was evaporated during curing
and drying. This evaporation also brings about formation of
new pores, reducing the strength of the briquettes [12].
TABLE 4 - Briquetting of fines without binder (Applied pressure:
62.4 MPa. Curing and drying conditions: room temperature for 24 h
+ 105 oC for 2 h).
Water
added (%)
2.5
5
7.5
10

UU
54
134
186
236

Failure load (kgf)
UC
CU
60
59
76
67
79
70
104
73

CC
55
58
63
72

TABLE 5 - Effect of the water content on strength of the briquettes
(Amount of binder: wt. 5% boric acid. Applied pressure: 62.4 MPa.
Curing and drying conditions: room temperature for 24 h + 105 oC
for 2 h).
Water
content
(%)
2.5
5
7.5
10

UU

Failure load (kgf)
UC
CU

CC

89
205
227
248

182
217
222
231

113
214
221
230

69
96
105
122

Effect of binder content on strength of briquettes

Effect of water content on strength of briquettes

The strength and durability of briquettes are affected
by water content. The amount of water added for the test

It is widely known that increasing binder content results in increased briquette strength. However, it appears
useful to determine the optimum amount of binder with
desired briquette strength. With these considerations in
mind, series of tests were conducted to determine the
variation in briquette strength with binder content varying
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between 2 and 10 % by weight. Effect of binder content
on strength of briquettes is given in Table 6.
It can be said that boric acid is a good binder for the
briquetting of ulexite and colemanite fines, as well as
their calcined products (Table 6). It is clear that briquette
durability increases with an increase in binder percentage.
The binder contents to facilitate stable compaction were
found to be between 2 and 5 % by weight for the briquettes of ulexite and colemanite, but between 5 and 10 %
by weight for the briquettes of calcined ulexite. Therefore,
the addition of boric acid significantly increased the
strength of the briquettes obtained.
TABLE 6 - Effect of binder content on strength of the briquettes
(Amount of water: wt. 5%. Applied pressure: 62.4 MPa. Curing and
drying conditions: room temperature for 24 h + 105 oC for 2 h).
Binder
content (%)
2
3
4
5
6
7
8
10

UU
142
149
160
205
215
231
247
265

Failure load (kgf)
UC
CU
140
50
165
55
185
71
217
96
231
106
234
115
241
140
289
168

CC
103
174
206
214
230
250
288
338

To make waterproof and abrasion resistant briquettes,
the briquettes produced under the optimum briquetting conditions were subjected to weathering and abrasion tests. The
properties of the briquettes after weathering and abrasion
tests are shown in Table 7.
Although the mechanical stability of the briquettes is
acceptable after the weathering test, not all of the produced briquettes were water-resistant (Table 7). When tested
for water resistance, the briquettes of calcined products
showed resistance to weathering conditions. This is probably
because the structure is porous after thermal treatment and,
hence, continued absorbing water until equilibrium moisture was attained [12]. The strength of the briquettes of uncalcined ulexite was diminished and briquettes of uncalcined colemanite completely disintegrated after 1 h of water
immersion. This indicates that the briquettes of uncalcined
colemanite would not be suitable for outdoor storage and
long-distance haulage in uncovered trucks during the rainy
season [23].

of 5 %. This indicates that the briquettes of ulexite and
colemanite fines as well as the calcined product of colemanite showed resistance to abrasion action during transportation and loading. The high value of abrasion index for
calcined ulexite can be attributed to the exfoliation of the
ulexite structure due to dehydroxylation and amorphization reactions during calcinations process [6, 7].
CONCLUSION
Successive briquettes from the fines of some boron
mine wastes, such as ulexite and colemanite and their calcined products, were produced using boric acid as a binder
in terms of mechanical strength, water-proofing characteristics and wearing resistance. The subsequent stages of
curing at ambient temperature for 24 h and drying at 105 oC
for 2 h after briquetting influenced positively the crushing
resistance of the briquettes. The applied pressure was found
to be an important criterion of briquette durability. The
applied pressure of 62.4 MPa was found as optimum for
briquetting of all fines. Only binder-free briquettes of uncalcined ulexite gave satisfactory results. Water content significantly affected the durability of briquettes so that the
water amounts higher than 10 wt.% showed negative effects. The briquette strength increased with increase in
binder percentage. The optimum binder content was found
to be 5 wt.% for uncalcined ulexite and colemanite, as well
as calcined colemanite, but 10 wt.% for calcined ulexite.
In terms of water-proofing characteristics, calcined products of ulexite and colemanite fines were to be more suitable for outdoor storage and long-distance haulage in uncovered trucks during the rainy season. According to wearing resistance, ulexite and colemanite fines and calcined
product of colemanite showed resistance to abrasion action during transportation and loading.
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TABLE 7 - Results of weathering and abrasion tests.
Water resistance
(Failure load, kgf, after 1 h)
UU
108
UC
- (*)
CU
117
CC
251
(*)
completely disintegrated
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TOXICITY AND BEHAVIORAL EFFECTS OF CADMIUM
IN PLANARIAN (Dugesia japonica Ichikawa et Kawakatsu)
Xiufang Zhang, Bosheng Zhao*, Qiuxiang Pang, Hongyang Yi, Mingxing Xue, Bowen Zhang
School of Life Sciences, Shandong University of Technology, Zibo, 255049, P. R. China

ABSTRACT
Acute toxicity tests of a freshwater Planarian
(Dugesia japonica Ichikawa et Kawakatsu) exposed to
cadmium were conducted according to the American
Society for Testing and Materials (ASTM) guidelines.
The 24, 48, 72 and 96-h LC50 values were calculated as
4.92, 2.25, 1.52 and 1.45 mg Cd2+/L, respectively. When
compared with different phyla or classes of freshwater
animals, the rank of Dugesia japonica in species sensitivity was in the 43-44 and 39-40 ranges for 24- and 48-h
LC50, respectively. D. japonica had moderate sensitivity.
A mobility assay was carried out to explore the behavioral
effects of Cd2+ on D. japonica. At sub-toxic concentrations, Cd2+ decreased D. japonica locomotor behavior in a
concentration-dependent manner. The mobility IC50 for
adult D. japonica at 24, 48, 72 and 96 h were calculated to be
3.07, 2.66, 1.35 and 1.37 mg Cd2+ /L for measured concentrations, respectively. Locomotion of newborns was seriously impaired and cannot be used to calculate the mIC50.
Results showed that D. japonica can be regarded as a
useful bioindicator species for the detection and evaluation of Cd2+ effects upon freshwater invertebrates. Acute
toxicity on D. japonica and mobility assay for adult D.
japonica can be used as biomarkers for Cd2+ exposure in a
freshwater environment.

there is a relative scarcity of literature dealing with the
use of Platyhelminthes in toxicity tests. Fresh water
planarians have been utilized in several dispersed geographic regions as indicators of water quality and to
evaluate the toxic effects of diverse substances [1, 11-17].
However, in China, very little information of toxic effects of diverse sub-stances on planarians is available.
The American Society for Testing and Materials (ASTM)
recommended the use of a planarian (Dugesia tigrina)
[18]. However, in China, D. tigrina was not available [19],
so an indigenous planarian, Dugesia japonica, was used as
an indicator organism for toxicity tests in our study. The
results with internationally standardized species are not
sufficient for predicting regional environmental impact.
Tests utilizing local species help clarify the results in
relation to local impact potential [20].
There were two main aims of this study. First, an acute
toxicity test with different stages of D. japonica under the
effect of cadmium was developed, and the sensitivity of
D. japonica was compared with other freshwater organisms
from acute toxicity tests. The second objective of this study
was to conduct a mobility assay and to evaluate the sublethal effects of cadmium on D. japonica. Based on these
test results, D. japonica was proposed as a potential bioindicator for monitoring pollution in China.
MATERIALS AND METHODS

KEYWORDS:
Toxicity; Planarian (Dugesia japonica); Motility assay; Cadmium

Test organisms

INTRODUCTION
Cadmium has numerous undesirable effects on health
in fishes and invertebrate animals at excessive amount in
aquatic environments [1-8]. It is referenced by the European Community as a priority hazardous substance in the
field of water policy [9] as well as a metal of primary interest by USEPA [10].
To adequately assess the ecological effects of pollutants in ecosystems, biomonitoring within a wide spectrum of species and populations is necessary. In comparison with insects, molluscs, and other invertebrate groups,

Adult D. japonica specimens were originally collected
at various times from a fountain in Quanhetou, Boshan
(36°16′N, 117°42′ E，province of Shandong), China where
the environment of water is basically unpolluted and the
Cd2+ concentration of water is 0.001 mg/L, determined by
flame atomic absorption spectrophotometry (AAS). Prior to
the beginning of the experiment, planarians (D. japonica)
were acclimated to laboratory conditions by holding them
in reconstituted water of known composition [18]. Animals
were fed with raw chicken liver once a week. Culture
medium was renewed weekly after feeding. Seven days before and during the experiment, planarians were not fed so
that all the animals would be in the same physiological
state at the beginning and during the experiment as well
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as metabolizing the food would not affect the experiment.
Oocysts of the planarians (D. japonica) were collected in
April and May in the same place where adult planarians
were sampled. Newborns from oocysts collected in the
laboratory were utilized in toxicity tests with cadmium.
According to Preza [20], planarians offspring are considered to be newborn up to 10 days after hatching.
Chemicals

Analytical reagent CdCl2 2.5 H2O (purity >99.9%;
Lianshi Chemical Reagent Co. Ltd., Shanghai, China) was
used as chemical for the test solutions. A stock solution of
100 mg Cd2+/L was prepared with reconstituted water, which
was diluted to produce desired Cd2+ concentrations of test
solutions for each treatment. The initial concentrations, to
which the planarians (D. japonica) were exposed, were
periodically checked using AAS anlysis (Shimadzu AA6601F spectrometer), and there were no significant differences in the concentrations expected as a result of the dilutions. The concentration of 0.5 mg of Cd/L was 50 times
that of Cd2+ according to ‘fifth-class standard for the environmental quality of surface water in China (GB3838-2002)’
(Cd2+ ≤0.01 mg/L) [21].
Cd

2+

exposure and toxicity test

A range-finding test was first carried out to determine
the range within which the cadmium affected the D. japonica. A series of dilutions from 0.5 to 8 mg/L was prepared from a stock solution of 100 mg/L Cd2+. The rangefinding test utilized 20 adult planarians (D. japonica) per
concentration (divided in 4 culture dishes with 10 ml of
water and 5 animals each) were cultured for 96 h, with
counts and removal of dead animals every 24 h. At the same
time, 20 individuals selected randomly were exposed to
control in which the reconstituted water was present. Planarians (D. japonica) of a similar size (body length = 0.9±0.1
cm) were selected for experiments. The organisms without
detectable movement upon gentle prodding were considered to be dead and removed from the test solution. During experiments, the Cd2+-containing water or the Cd2+less water (controls) was changed daily.
The result obtained from range-finding test determined
the next concentration to be tested. Based on these results, a
series of Cd2+ concentrations between 0.5-6.30 mg Cd2+/L
was selected for the definitive tests. The procedure for the
definitive tests was similar to that of the range-finding
test. Each group of 20 planarians was cultured in Cd2+ containing water, or in reconstituted water (controls). All
tests were carried out in 10 ml of test solution, glass Petri
dishes (7.5 cm in diameter) that had been preconditioned
for at least 96 h with the same concentration of cadmium.
The sensitivity of D. japonica to lethal concentrations of
Cd2+ was expressed as the concentration that killed 50%
of individuals (LC50) after 24, 48, 72 and 96 h. Then,
acute toxicity results obtained were compared with other
freshwater organisms for evaluating relative species sensitivity of D. japonica. The experiment designing of acute

toxicity tests for newborn was similar to that of adult planarians tests.
Mobility assay
To explore another aspect of the behavioral effects of
Cd2+ in D. japonica, we used a modification of a published
behavioral protocol, which measures changes in planarian
locomotor velocity in response to exposure to experimental
substances [22]. Using a small paintbrush, a worm was
gently transferred to a clear Petri dish (7.5 cm in diameter)
and set on a mm-square graph paper, followed by adding
5 ml of test solution with or without the experimental compounds. Before the experiments, the Petri dish was washed
with reconstituted water and the wash was discarded. Locomotor velocity was quantified as the distance crossed
by each planarian per min over a 5-min observation period. Observation period was conducted in a well-lit room
between 10 a.m. and 4 p.m. Each worm was used only
once. Prior to the measurement of locomotor velocity, each
planarian group (n = 20) was cultured in Cd2+ -containing
water (Cd2+ concentrations from 0.5 to 4.0 mg/L), or in reconstituted water (controls). Cultures were maintained for
96 h with daily Cd2+ solution / water changes. The mobility data were used to calculate the mobility half-inhibitory
concentration (mIC50) in exposure times of 24, 48, 72 or
96 h. mIC50 is the concentration required to induce a 50%
decrease in planarian mobility compared with the untreated planarians. The experiment designing of mobility assay for newborns was similar to that of adult planarians
tests.
Data analysis

All treatments were replicated three times in the experiments. LC50, IC50 (half-inhibitory concentration) values
were determined using probit analysis [23], as recommended
by the United States Environmental Protection Agency [24].
LC50 variation coefficients were calculated as described
by Finney [23]. The means and standard deviations (S.D.)
were calculated with Microsoft Office Excel 2003. Differences between means of LC50 values of developmental
stages were statistically evaluated by the T-test. One-way
analysis of variance was carried out with SPSS16.0. When
a significant (P <0.05) difference was observed between
treatments, multiple comparisons were made by the LSD
(Least Significant Difference) test.
RESULTS AND DISCUSSION
In this study, D. japonica exposed to various concentrations of cadmium chloride at ppm level displayed behavioral disorders. Cadmium elicited several types of behavioral responses in D. japonica, such as spiraling, head
twisting and convulsion, which were more pronounced at
higher concentrations of cadmium. Higher concentrations
caused greater contractions of the whole body and slow
motion or complete stillness of the treated animals. These
effects were very similar to behaviors of phenol-exposed
planarians (Dugesia dorotocephala) [4, 5]. These behav-
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ioral effects seem to be a common stress-related response
in this organism. The intensity of these symptoms was
directly related to concentration of Cd 2+ in water and duration of exposure. Cd-treated animals showed high incidence of head dissolutions, before their death. On the other
hand, all treated D. japonica released an abnormal amount
of mucus during the treatments, independently of the concentration employed. It has been reported that this mucus
represents a defense mechanism common to a number of
aquatic species, and may prevent diffusion of contaminants
into the body compartments [1, 13]. It has been reported
that increased accumulations of copper in the fish are associated with increased mucus secretion [25]. However, when
produced in large amounts, mucus may induce physiological disturbances by preventing respiratory gas exchange
[26]. We hypothesize that planarians might release increased amount of mucus as an early response to treatment when they were exposed to low Cd levels, but a
large amount of mucus might be released when planarians
were exposed to high Cd concentrations. The large amount
of mucus might depress respiration and, thus, hasten death
of planarians and reduce the motion performance of the
animals.
There was no mortality in control groups during the
entire treatment. Cadmium had a direct toxic effect on the
survival of D. japonica at tested concentrations. The results of acute toxicity tests are presented in Table 1. The
LC50s for adult planarians (D. japonica) at 24, 48, 72 and
96 h were calculated as 4.92, 2.25, 1.52 and 1.45 mg
Cd2+/L for the measured concentrations, respectively. A
dose–effect relationship of cadmium was measured. There
was statistically a difference in Cd2+ mean LC50 values
from adult planarians in any of the exposure times excluding 96 h. LC50 values and exposure times have clear correlations excluding 96 h.

Calevro et al. [1] reported that Cd2+ was lethal to planarians (Dugesia etrusca) in concentrations from 2.5 to
18 µM (0.281-2.02 mg/L). These values are different from
that reported herein for D. japonica. The sensitivity of D.
japonica is lower than that of D. etrusca. This differences
may be due to they are different species of planarians. On
the other hand, possible differences in test medium quality need to be accounted for. The medium quality is important since hardness, alkalinity and pH of a medium can
all influence the speciation of metals and the extent of
toxicity. Calevro [1] used unpolluted spring in their study.
Reconstituted water was used in our study.
The acute toxicity data obtained in this study can be
compared with a distribution of species sensitivity data
determined from an analysis of existing cadmium toxicity
data from various genera of freshwater organisms [27].
The species mean acute values (SMAVs) of 65 freshwater
species ranged from 1.613 µg Cd2+/L for the brown trout,
Salmo trutta to 96.880 µg Cd2+/L for the midge, Chironomus riparius, including Annelida, Mollusca, Arthropoda, Echinodermata, and Chordata. The rank of D.
japonica in species sensitivity was in the 43-44 and 39-40
ranges for 24- and 48-h LC50, respectively (Fig. 1), which
indicates that D. japonica is moderately sensitive to cadmium stress compared with different phyla or different
orders of the same phylum (Platyhelminthes) and class
(Turbellaria), including Amphipod, Copepod, Mysid,
Decapod (shrimp, crab), and Isopod, and is suitable for
use as an indicator organism for cadmium exposure. The
LC50s for newborns (D. japonica) at 24, 48, 72 and 96 h
were calculated as 2.31, 1.18, 1.15 and 1.17 mg Cd2+/L
for the measured concentrations, respectively. Like for
adult D. japonica, a dose–effect relationship of cadmium

TABLE 1 - Cd2+ LC50 values for newborn and adult planarians exposed to water with different Cd2+ concentrations.

Each replicate (I, II or III) consisted of 20 planarians each concentration, with each sample cultured in Cd2+ less water (control) or in water with a
given Cd2+ concentration. Cultured planarians were followed for 96 h, with counts every 24 h for death recording.
SD, standard deviation; CVLC50, LC50 variation coefficients,
a
Cd2+ LC50 values were independently calculated in each test for exposure times of 24 h, 48 h, 72 h and 96 h.
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b

Each mean LC50 value (mg/L) corresponds to the mean of the Cd2+ LC50 values of the three replicates for a given exposure time. Letters in parenthesis correspond to statistical analyses results and means with different letters are significantly different from each other (P < 0.05) according
to the T test (a, b, for 24 h; c, d, for 48 h; e, f, for 72 h; g, for 96 h).

FIGURE 1 - Distribution of acute cadmium toxicity data from various freshwater organisms of different phyla or classes; Arrows show how
24-and 48-h LC50s of Dugesia japonica exposed to cadmium compare and rank with these data (USEPA 2001 [27]).

was measured. However, it was impossible to detect any
clear correlations between LC50 values and exposure times
for newborns. There was a statistically difference in Cd2+
mean LC50 values between 24 h and other exposure times,
while there was no statistical difference in Cd2+ mean
LC50 values between 48, 72 and 96 h.
Table 1 shows that newborn and adult planarians (D.
Japonica)	
  differed in their sensitivities to Cd2+. Excluding 96-h cadmium exposure, there were clear correlations
between developmental stages and LC50. It is clear that
the toxic effect of Cd2+ on newborns was much stronger
than that on adults. The result presented was very similar
to that in potassium dichromate-exposed planarians (D.
tigrina) [20]. In general, newborns are considered to be
more sensitive than adults in most organisms and for the
most substances [20]. It has been reported that main route
through which animals take up the toxicant is by contact
with their body surfaces in the absence of food [28]. Newborns would have a different osmotic balance, because they
have higher body surface rate in comparison to that of adult
animals. It is possible that newborns are more prone to
soluble heavy metal uptake. Meanwhile, the metabolic rate
of newborn animal is higher than that of adult ones. It has
been reported that the metabolic rate has a positive effect
on accumulation rate of cadmium [29]. The amount of accumulated metal ions per unit of body volume is higher in
smaller-sized newborns and, therefore, newborns are more
sensitive to acute toxicity than adult planarians.

In order to evaluate Cd2+ sub-lethal effects after exposure times of 24 h to 96 h, we evaluated mobility performance in D. japonica. The results presented here are
original and unique, because it appears that this is the first
time that the importance of using mobility of this regional
species for the evaluation of environmental impact has
been emphasized. The results of sub-lethal toxicity tests are
presented in Table 2. The mobility IC50 values for adult D.
japonica at 24, 48, 72 and 96 h were calculated as 3.07,
2.66, 1.35 and 1.37 mg Cd2+/L for measured concentrations, respectively. Table 2 shows that adult planarians (D.
japonica) differed in their sensitivities to Cd2+ at different
exposure times. Although a dose–effect relationship of cadmium was measured, there were no clear correlations between exposure times and mIC50. For instance, there was
no significant difference in Cd2+ mean mIC50 between 24
and 48-h exposure time, as well as 72 and 96-h exposure
time. However, between 48 and 96-h exposure times, there
was a significant difference. For newborns, their locomotion was seriously impaired. In many experimental conditions (Cd2+ concentrations and exposure times), newborns
(D. japonica) did not locomote, so the mIC50 cannot be
calculated. The approach to measure locomotor velocity of
planarian was undertaken by the group headed by Raffa
[22]. These authors developed a method for the measurement of planarian locomotor activity based on counting of
the number of gridlines that were crossed by planarians
placed individually into a clear Petri dish. This method has
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been widely used in neuropharmacological studies [12, 22].
Now some researchers applied it to ecotoxicological studies
[14]. In our study, the locomotion of newborns was seriously

impaired but the adult planarian (D. japonica) was apparently less affected by Cd2+ exposure. The motility assay

TABLE 2. Cd2+ mobility IC50 (mIC50) for adult planarians exposed to water with different Cd2+ concentrations.

Replicate

IC50(mg /L)a
Adult
24h
3.57
3.03
2.62
3.07±0.28(a)

48h
72h
96h
I
2.21
1.37
1.51
II
2.75
1.53
1.36
III
3.02
1.15
1.23
Mean
2.66±0.24(a,)
1.35±0.11(b)
1.37±0.08(b)
IC50 ± SD b
CVIC50
0.16
0.16
0.14
0.14
Each replicate (I, II or III) consisted of 20 planarians each concentration, with each sample cultured in Cd2+ less water (control) or in water with a
given Cd2+ concentration (0.5-4.0 mg /L). Cultured planarians were followed for 96 h, with the mobility of each individual in a sample assessed at 24 h
intervals.
SD, standard deviation; CVIC50, IC50 variation coefficients
a
Cd2+ mIC50 values were independently calculated in each test for exposure times of 24 h, 48 h, 72 h and 96 h.
b
Each mean mIC50 value (mg / L) corresponds to the mean of the Cd2+ mIC50 values of the three replicates for a given exposure time. Letters in parenthesis
correspond to statistical analyses results and means with different letters are significantly different from each other (P < 0.05) according to the LSD test.

for newborns, therefore, could not be regarded as adequate to assess the mobility biomarker in the tested concentrations, and adult planarians (D. japonica) would be a
good biomarker for Cd2+ exposure, and the approach to
measure locomotor velocity of planarian would be, therefore, used in ecotoxicological studies.
Despite the above discussed variations, our results
suggest that D. japonica can be regarded as a useful organism for assessment of Cd2+ in freshwater biomonitoring,
and appears to be promising for the use in future investigations on molecular toxicity of heavy metals. A cDNA library has been constructed for D. japonica in our laboratory, and expressed sequence tags (ESTs) have been analyzed. Among those, some groups of ESTs matched significantly with pollution-sensitive genes, such as heat-shock
protein 90 (HSP90), metallothionein gene and glioma pathogenesis-related protein 1 etc [30]. Expression analysis of the
pollution-sensitive genes could be useful for understanding possible implication of heavy metals in DNA damage.
Examination of the dose-response expression patterns of
pollution-sensitive genes of D. japonica exposed to heavy
metals could provide more information on molecular biomarkers.

ated mobility performance in D. japonica. For newborns,
their locomotion was seriously impaired. It can, therefore,
not be regarded as adequate to assess the mobility biomarker in the tested concentrations. The mobility IC50
for adult planarians at 24, 48, 72 and 96 h were calculated
to be 3.07, 2.66, 1.35 and 1.37 mg Cd2+/L for the measured concentrations, respectively. Cadmium had a direct
toxic effect on the locomotion of adult D. japonica at tested
concentrations. It would be, therefore, a good biomarker
for Cd2+ exposure. Overall, we can conclude that D. japonica is a good bioindicator organism for the detection and
evaluation of Cd2+ effects in freshwater environments. The
use of D. japonica in standardized toxicity tests would
provide information on the response of a regional species
to potential ecological impact.
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CONCLUSIONS
The 24- and 48-h LC50s for the freshwater planarian
(D. japonica), exposed to cadmium were calculated as 4.92
and 2.25 mg Cd2+/L, respectively. When compared with
organisms from different phyla and classes, and also with
acute values from freshwater organisms of various genera,
D. japonica was moderately sensitive, which showed that
the methods in these toxicity tests were effective and that
D. japonica is suitable for use as an indicator organism.
Moreover, newborns are more sensitive to acute toxicity
than adult planarians. In order to evaluate Cd2+ sub-lethal
effects after exposure times from 24 h to 96 h, we evalu-
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ABSTRACT

INTRODUCTION

Broad bean-faba bean-(Vicia faba L.), one of the cultivated species of the family Fabaceae, is grown in large
quantities in nearly every part of Turkey as an important
source of animal and human food. Our objective was to determine the influence of two salinity levels (50 and 100 mM
NaCl, named S1 and S2, respectively) on the growth and
nutrient composition in relatively salt-tolerant (or moderately sensitive) broad bean seedlings, grown in a greenhouse
in pots containing perlite. The results indicated reductions
in plant height, number of internodes and leaf dry weights
of both cultivars (cv. Eresen 87, cv. Filiz 99) on exposure
to salinity level and showed a significant response when
exposed to S2 salinity level. According to the flame photometer (FP), flame atomic absorption spectrophotometers
(FAAS) and inductively coupled plasma atomic emission
spectrometry (ICP-AES) analyses of Filiz 99, Na+ was
found in higher amounts in roots, stems and leaves of seedlings exposed to S2. In leaves, the elements K+, Ca2+ and
Mg2+ were decreased significantly. In the leaves of cv. Filiz
99, sodium and potassium content was 3- and 2.4- times
higher than in cv. Eresen 87. Cv. Filiz 99 was slightly
more resistance to salinity that might be a good choice to
grow where the soils affected by NaCl at moderate stress
levels.
KEYWORDS:
Salinity, broad bean, Vicia faba L., nutrients.

ABBREVIATIONS
C: Control, S1: 50 mM NaCl salinity stress, S2: 100
mM NaCI salinity stress, FP: Flame photometer, FAAS:
Flame atomic absorption spectrophotometers, AAS: Atomic
absorption spectrophotometry, ICP-AES: Inductively coupled plasma atomic emission spectrometry, Cv.: Cultivar.

Salinity is one of the essential stress factors which
damage soil structure and cause reduction in yields. Plant
growth is inhibited by osmotic stress, nutritional imbalance and specific ion toxicity and decrease the productivity of most crop plants [1-5]. Salinity causes changes in
metabolic processes and reduces growth rate by reducing
the uptake of water by plants [6, 7].
Salinity affected almost 1000 million ha of land and
approximately 77 million ha of cultivated areas are affected
by salinity [8, 9]. Critically, the problem of salinization is
increasing steadily. Worldwide about a third of the irrigated
land has been affected by salinity in varied degrees [2]
and salinity is more common in arid and semi-arid areas
[10]. On a global base, salinity has reached 19.5% and
2.1% in the irrigated field and dry agricultural areas respectively [11]. In Turkey, approximately 1 513 645 ha area is
suffering salinity and alkalinity [12].
Many reports available on various plants reveal that
growth retardation under salinity is mostly related to osmotic and specific ion effects [13-18]. Studies of plant
growth responses to soil salinity are important during the
whole plant life cycle. Water deficit, excess ions, and nutrient imbalance are accepted as major constraints for plants
grown in saline substrates [19]. Many studies on the effect
of salt stress on plants have focused on the growth and
development of various parts of plants as well as nutrient
changes [20-27]. All soils contain a wide range of soluble
salts, some of which are basic for growth and development. Ca2+, Mg2+, and Na+ are the most common cations
and Cl-, SO42-, and HCO3- are the anions associated with
soil salinity [1]. Mostly, either Na+ [28-30], or Cl- [29, 31]
as well as both Na+ and Cl- [29, 32, 33] are also reported
to account for adverse growth of crop plants, under salt
conditions. Jacoby [2], stated that for saline environments,
NaCl is the most important constituent. However, according to Tucker, [34] Na+ and Cl- are thought to be necessary for some plants for example salt tolerant plants.
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Studies on plants of the family Fabaceae have suggested that, although shoot growth may be inhibited, salinity levels may stimulate root growth. The shorter stems are
mainly due to shortening of the internodes in pea plants
[35]. Neumann et al. [36] concluded that Na+ toxicity
symptoms can be recognized as leaf burn, necrotic spots,
and limited expansion in sensitive plants when the soil
contains approximately 0.25% Na+ on a dry weight basis.

mays L.) [48], soybean (Glycine max (L.) Merr.), squash
(Cucurbita pepo L.) and tomato [49], zinc concentration
increased whereas it decreased in pepper (Capsicum annuum L.) [50] and in bean [51]. Manganese concentration
increased in the shoot of barley [46, 47], rice [52], sugar
beet [53] and tomato [49] but it decreased in pea (Pisum
sativum L.) [54], peanut (Arachis hypogaea L.) and cucumber (Cucumis sativus L.) [55].

Studies, mostly based on nutrient uptake and interactions with salinity, affect growth periods of various
plants. Under certain experimental conditions salinity
may inhibit or promote nutrient uptake by different plant
species. The response of plant nutrient content to salinity
changes with plant species and organs. Synergistic and
antagonistic effects may increase or decrease the intensity
of nutrient up-take by plants. Street and Öpik [37] noted
that in saline environments, the K+/Na+ ratio decreases after
inhibition of K+ uptake by NaCl. On the other hand, nitrogen, K+, Ca2+, Mg2+ and Na+ increased in maize (Zea
mays L.) [28]. Salinity stress increased Cu2+, Zn2+, and Mn
in rice (Oryza sativa L.) and wheat (Triticum aestivum L.)
varieties [25]. On the other hand, salt treatment increased
Na+ and Cl-, but K+ decreased in chick pea (Cicer arietinum L.) [29]. Kaya et al. [38] concluded that additional
salts such as Ca (NO3)2, KNO3 cause the reduction of Na+
accumulation in strawberry (Fragaria x ananassa Duch.)
tissues when these salts were used together. This also increased the amount of Ca2+, K+, and nitrogen in the leaves
but there was no change in the roots. According to Bernstein et al. [39] the increase of sodium and calcium chloride salinity reduced Mg2+ in beet (Beta vulgaris L.) leaf
but had no effect in tested leaves from five other vegetable crops.

Broad bean, an important nutritious vegetable all
over the world, contains 20-36% protein for human and
animal consumption. While in Turkey 47.000 ton dry
broad bean has been produced, per year, total production
is up to 4 438 510 ton in the world [56].

The Na+ content of saline-treated and KH2PO4 -treated
spinach (Spinacia oleracea L.) tissue increased whereas
phosphorus and potassium decreased in leaves but increased in roots [40]. Santa-Cruz et al. [41] reported that, in
leaves of both salt-sensitive and salt-tolerant tomato (Lycopersicon esculentum Mill.) cultivars, Na+ concentration
increased more than Cl- accumulation in those cultivars.
In addition to their vital nutritional and physiological
roles in plants, Ca2+ and K+ are known to counteract the
harmful effects of Na+ on some crops [42]. The Ca2+ requirements of plants increase as salinity increases. Alam [1]
considered that cell membranes were protected from the
adverse effects of Na+ by Ca2+ which also minimized the
leakage of cytosolic K+. In Citrus spp. Ca2+ was effective
in reducing of the transport of Na+ and Cl- from roots to
the leaves thereby decreasing foliar injury [43]. Grattan
and Grieve [44] concluded that not only salinity but plant
type, tissue and environmental conditions may increase, decrease or have no effect on micronutrient concentration in
plant shoot. According to Page et al. [45] in saline soils the
solubility of micronutrients such as iron, manganese, zinc,
and copper is particularly low. On the other hand, in salt
stressed barley (Hordeum vulgare L.) [46, 47], maize (Zea

The objective of this work was to determine the influence of different salinity levels on the growth and uptake
of K+, Ca2+, Mg2+, Na+, Mn2+, and Fe3+ by two cultivars of
broad bean differing in salt tolerance seedlings grown in
pots containing perlite.
MATERIALS AND METHODS
Plant growth condition and salinity treatments

The experiments were conducted with two broad bean
cultivars in the Plant Physiology Laboratory (Department
of Biology, Marmara University, Göztepe, İstanbul, Turkey) during the period from October 2006 to November
2007. The seeds were obtained from the Aegean Agricultural Research Institute. The selected cultivars, Filiz 99 and
Eresen 87, were germinated in petri dishes containing
Hoagland-Arnon [57] solution formulated in Table 1. After
two weeks, the plantlets were transferred to cylindrical
plastic containers (5 cm in diameter and 16 cm in length)
filled with perlite. According to Kabaş et al. [58] and
Şeniz, [59], perlite is the best and most convenient growth
medium and soil regulator for Turkey. Perlite was obtained from Taşper Perlit Ltd. (www.tasper.com.tr).
TABLE 1 - Preparation of control solution.

Control
(C)

Full strength of Hoagland:
Macro nutrients:
(Hoagland and Arnon, [57] 5 ml Ca(NO3)2.4H2O, 5 ml KNO 3 ,
2 ml MgSO 4 .7H 2 O, 1 ml KH 2 PO 4, 2 ml FeEDTA.
Micro nutrients:
1 ml from the stock of MnSO4.H2O, Zn(NO3)2.6H2O,
Cu(NO3)2.3H2O, H3BO3, K2MoO4.

The cylindrical pots were set up in a completely randomized block [60] at 23±2 ºC [61], 55 ± 5% relative
humidity and exposed to 4000–4200 lux light intensity for
14/10 h day and night periods respectively. Seedlings were
irrigated at two day intervals for one month with the appropriate solutions until expansion of the second leaves. After
this point the 6 replicate plants from each treatment and
controls, continued to receive the corresponding solutions
for a further month (Table 2).
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Experimental groups
cv. Eresen 87 & cv. Filiz 99
Hoagland-Arnon solution
C+50 mM NaCl
C+ 100 mM NaCl

Treatments
Control (C)
Salinity 1 (S1)
Salinity 2 (S2)

At the harvesting time, the growth parameters, plant
height (PH), no of leaves (NL), leaf fresh weight (LFW),
leaf dry weight (LDW), stem fresh weight (SFW), and stem
dry weight (SDW) of the seedlings were recorded using the
methods of Roberts et al. [62] and Mackey and Neal [63].
The separated parts of each plant were finally oven-dried at
75 °C for 12 h and kept in desiccator to constant weight
until dry weight determination. After which the dried samples were prepared for ion analysis.
Nutrient ion analyses

The roots, leaves and stems of the broad bean were
prepared for nutrient analyses according to the method of
wet ashing described by Kacar [64]. The dried samples were
crushed into powder, using mortar and pestle. The ground
tissue samples were each transferred to an Erlenmeyer flask,
to which 6 ml nitric acid + perchloric acid solutions was
added. The samples were kept for 30 minutes at 40 oC, in
a water bath for digestion and the solution removed by
heating at 150-180 °C until reduced to 1 ml extracts. This
residue was dissolved with distilled water and made up
100 ml in standard flasks. In the samples, Na+, K+, and
Ca2+ concentrations were determined by flame photometry
(Jenway, PFP7), Cu2+, Fe3+, and Mn2+ by flame atomic absorption spectrometry (FAAS, Thermo Elemental SOLAAR
M6 Series), and Mg2+ by Inductively coupled plasma atomic
emission spectrometry (ICP-AES, Varian Liberty Series II).
Statistical Analysis

The data obtained from experiments, with 6 replicate
plants for each treatment were subjected to SPSS (13.0 for
Windows) for two-samples for T test range test 5% to determine significance of differences between means. Means
are indicated with standard error (± S.E.).
RESULTS
The two cultivars responded differently to the concentrations of NaCl added to modified Hoagland solution
in perlite caused increases and decreases in different growth
parameters. In different cultivars and at different salt stress
treatments were presented and evaluated statistically in

comparison to controls, the growth parameters of cv. Filiz
99 did not differ significantly under both salt concentrations (Table 3). However, the same cultivar exhibited a
negative response to the 50 mM salt level in the growth
parameters of PH, NoI, NL, LFW and LDW, which were
decreased under this treatment. In cv. Eresen 87 PH decreased significantly with increasing salt stress. Eresen 87
seemed relatively tolerant to low level of salt (S1) compare to cv. Filiz 99. 50 mM salt affect all growth parameters except PH where the NoI and LDW differed significantly (26% and 60% respectively). Both cultivars showed
tolerance to the higher level of salt (100 mM) with most
parameters continuing to increase. However, Eresen 87
showed more significant changes under 100 mM salt treatment. While PH and NoI were significantly decreased in S2
compared to control, LDW was found significantly different from S1 treatment.
Effect of salts on nutrient content of the aerial parts broad
bean seedlings

The concentration of different cations, namely, potassium, copper, sodium, calcium, iron, zinc, magnesium and
manganese in broad bean plants were determined under
control and experimental solutions of the two concentrations, 50 and 100 mM NaCl. The results obtained at the
harvesting stage were evaluated as mg/g (Mn2+: µg/g) dry
weights of plant organs basis.
Sodium

The Na+ concentrations appeared as one of highest
amount of elements with Ca2+ after K+ content found in
broad bean organs, among those analyzed (Table 4). Its
concentrations were relatively higher in the organs of cv.
Filiz 99 compared to cv. Eresen 87.
a) Leaves

The concentration of sodium in the leaves showed great
increase in both salinity levels in both cultivars, Filiz 99 and
Eresen 87. The Na+ content in Filiz 99 was more than
three fold that of Eresen 87. In Filiz 99 leaves the significant differences found in S2, were followed by an 124%
increase compared to S1. Although Na+ content was relatively lower in Eresen 87 leaves, however, the changes
appeared as a dramatic increase. The significant in-crease in
S1 was 171% compared to controls. The 100 mM salt concentration caused an increase in Na+ content by 495%
compared to control, and 119% compared to S1 treatment.

TABLE 3 - Growth parameters of Vicia faba L. Cvs. under salt stress
Cultivars

Treatment/growth
parameters
C
S1

FİLİZ 99
S2

PH
51.92
±4.23
49.92
±3.92
48.58
±4.14

NoI
9.50
±0.67
9.17
±0.70
8.83
±1.11

NL
21.83
±2.41
19.67
±1.09
23.00
±5.00
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LFW
2.84
±0.25
2.59
±0.29
2.90
±0.30

LDW
0.32
±0.03
0.29
±0.03
0.32
±0.04

SFW
3.88
±0.28
4.08
±0.34
4.53
±0.56

SDW
0.38
±0.03
0.39
±0.03
0.48
±0.09

RFW
2.66
±0.23
2.97
±0.23
3.65
±0.46

RDW
0.21
±0.02
0.22
±0.01
0.24
±0.03
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C
ERESEN 87

61.5
±2.9
56.2
±2.6
50.1*
±2.9

S1
S2

6.7
±0.4
8.5*
±0.3
7.5*
±0.4

15.3
±1.7
19.8
±1.7
19.2
±1.4

2.48
±0.24
3.01
±0.22
2.55
±0.18

0.23
±0.02
0.37*
±0.03
0.29**
±0.03

5.48
±0.40
5.75
±0.41
5.16
±0.47

0.38
±0.03
0.42
±0.03
0.42
±0.05

3.28
±0.45
3.78
±0.40
3.80
±0.25

0.18
±0.02
0.24
±0.03
0.24
±0.02

PH: plant height, NL: number of leaves, LDW: leaf dry weigh, SDW: stem dry weight, RDW: root dry weight, NoI: No of internodes, LFW: leaf fresh weight, SFW: stem
fresh weight, RFW: root fresh weight * significantly different from C, ** significantly different from S1

TABLE 4 - Nutrient content in broad bean leaf, stem and root.

Na
K
Cultivars
C
S1
S2
C
S1
S2
Filiz 99
16.64 17.11 38.41** 41.37 35.01 33.77
±10.33 ±2.63 ±4.21 ±4.07 ±1.38 ±2.02
Eresen 87
2.1
5.7* 12.5**+ 21.1 15.3* 14.0*
±0.2 ±0.5
±1.7
±1.0 ±0.4 ±1.0

C
5.69
±1.32
11.6
±1.8

Leaf
Ca
Mg
Fe
Mn
S1
S2
C
S1
S2
C
S1
S2
C
S1
S2
5.01 4.40 4.47 3.43 3.66 0.44 0.30 0.29 71.84 77.32 88.69
±0.44 ±0.56 ±0.75 ±0.30 ±0.27 ±0.05 ±0.07 ±0.03 ±19.66 ±15.72 ±16.53
7.0
6.8
5.3 3.8* 4.3 0.45 0.27 0.28 94.7
61.7
78.3
±0.7 ±0.6 ±0.3 ±0.1 ±0.2 ±0.08 ±0.03 ±0.02 ±16.6 ±11.5 ±4.6

Stem
Na
K
Ca
Cultivars
C
S1
S2
C
S1
S2
C
S1
S2
C
Filiz 99
22.68 21.44* 15.43* 42.74 33.95 19.13**+ 28.13 26.10* 15.65 24.77
±3.31 ±7.64 ±2.43 ±8.88 ±3.49 ±1.47 ±0.31 ±0.25 ±0.37 ±0.46
Eresen 87 1.8 13.7* 22.3**+ 24.8 20.1*
20.5
5.0
3.4
4.0
3.0
±0.2 ±0.8
±3.1
±1.3 ±1.0
±3.0
±0.6 ±0.2 ±0.6 ±0.3

Mg
Fe
Mn
S1
S2
C
S1
S2
C
S1
S2
22.99 13.84 20.89 21.15 16.64 45.51 22.88 16.64
±0.41 ±0.21 ±0.02 ±0.02 ±0.03 ±16.54 ±6.46 ±2.85
1.9* 2.6 0.15 0.11* 0.12 17.2 11.5* 17.5
±0.1 ±0.5 ±0.01 ±0.01 ±0.02 ±1.8 ±1.3 ±3.2

Root
Na
K
Ca
Mg
Cultivars
C
S1
S2
C
S1
S2
C
S1
S2
C
S1
S2
C
Filiz 99
10.17 19.36* 23.9* 42.17 38.85 36.91 4.64 4.34 2.93** 1.2 1.24 1.48 0.45
±0.56 ±1.86 ±3.28 ±2.00 ±2.87 ±5.10 ±0.74 ±0.33 ±0.32 ±0.14 ±0.16 ±0.37 ±0.05
Eresen 87
7.3 19.2* 19.4* 20.3 20.2 23.9** 6.0
5.4
4.7*
1.3
1.7
1.2 0.38
±1.4 ±1.0 ±1.7 ±1.6 ±0.6 ±0.4 ±0.03 ±0.03 ±0.4 ±0.1 ±0.2 ±0.1 ±0.04
*significantly different from C, ** significantly different from S1,**+ significantly different from S1 and C.
± : S.E mean of 6 replicates; K, Ca, Mg, Fe, Na: mg/g; Mn: µg/g in dry weight.

b) Stem
+

In the stem of Filiz 99, Na content decreased significantly in both salt concentration levels compared to controls as 6% and 47% for S1 and S2 respectively. Na+ content in Eresen 87 increased sharply in both salt concentrations. The significant increase in S1, was found to be 661%
compared to controls, whereas in S2, the increase recorded
1138% compared and control treatments.
c) Root

The Na+ content of roots differed significantly in both
salt concentrations and cultivars, compared to control values. The increase in Filiz 99 was 90% and 135%, in S1 and
S2 salt concentrations respectively. The Na+ content in
cultivar Eresen 87 roots increased as 163% and 165% compared to control values respectively.
Potassium

The results of nutrient analyses indicated that the concentration of potassium was higher than that of all other
nutrients despite being found relatively lower in Eresen 87
(Table 4).
a) Leaves

In both cultivars and NaCl concentrations, K+ content
decreased in the leaves of broad bean. In cultivar Filiz 99
K+ content decreased to 18% and 23% in S1 and S2 treat-

Fe
S1
0.68
±0.17
0.32
±0.04

Mn
S2
C
S1
S2
0.36 87.52 54.82
75.42
±0.05 ±16.99 ±16.69 ±14.42
0.50 55.3
81.2*
48.9
±0.11 ±12.5 ±11.9
±7.6

ments, respectively. Unlike the cultivar Filiz 99, the K+
content decreased significantly compared to controls in
S1 and S2 treatment by 37% and 51% respectively.
b) Stem

In stems, K+ content decrease in Filiz 99 was more
conspicuous compared to cv. Eresen 87. The decreasing
of K+ content appeared significantly in S2 treatment
(123%) in stems of Filiz 99, while S1 treatment caused
26% decrease compared to control values. The reduction in
S2 differed significantly from that in S1 in the stem of
Eresen 87, K+ showed a relatively lower reduction, in both
salt concentrations (23% and 21%) respectively compared to control values.
c) Root

Potassium content was found relatively higher in cultivar Filiz 99. In the root tissue of Filiz 99, K+ content
showed slight reduction in both treatments, as 9% and 14%
respectively. Unlike the cultivar Filiz 99, K+ content of S2
level increased in Eresen 87, compared to C and S1 treatments where K+ content remained unchanged in S1 compared to controls.
Calcium
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Calcium appeared as the third highest in amount among
the cations tested. Ca2+ content decreased in all parts of broad
bean seedlings in both cultivars (Table 4).
a) Leaves

In cultivar Filiz 99, the Ca2+ content of the leaves decreased in both concentrations of salt (S1, S2) by 14% and
29% respectively. The content in Eresen 87 was found
slightly higher unlike K+ and Na+ found in cultivar Filiz 99.
Similarly in Filiz 99, Ca2+ content in Eresen 87 also showed
reduction in S1 and S2 treatments, apparently decreasing by
66% and 71%, however they did not differ significantly
from control values.
b) Stem

In Filiz 99, Ca2+ content decreased in stem tissue of
both cultivars under both stress levels. The reduction of
Ca2+ was significant (8%) in S1, however the 80% decrease in S2 did not differ significantly from either that
under S1 or control. The decrease in Ca2+ content of
Eresen 87 stem was lower than that in Filiz 87. The reductions after S1 and S2 treatments were 47% and 25% respectively.
c) Root

Ca2+ was found in relatively higher amounts in
Eresen 87, where a significant and 28% decrease appeared in S2 whereas the reduction was 11% in S1 compared to controls. In Filiz 99 the reduction of Ca2+ content
in S2 was also higher and differed significantly compared
to S1 (48%). The decrease of Ca2+ content was small (7%)
and did not show any significant differences from control
plants.
Iron

Fe3+ concentrations showed fluctuations in both salt
concentrations as well as between cultivars. Fe3+ content
was found to be higher in leaves and roots than in stems.
a) Leaves

The changes in Fe3+ concentrations in the leaves appeared to be nearly equal in both cultivars and salt levels
(1%) (Table 4). In Filiz 99 Fe3+ content decreased by 47%
and 52% in S1 and S2 treatments respectively. The decrease of Fe3+ content in Eresen 87 was relatively higher
than Filiz 99 where the reduction was found to be 67% and
61% in S1 and S2 salt levels compared to control values.
b) Stem

Stem Fe3+ content gave some fluctuations but did not
show any significant changes. In Filiz 99 the stem Fe
content firstly showed a slight increase while S2 caused a
decrease (26%) compared to controls. Fe3+ content appeared
slightly lower in Eresen 87. In stem tissue, Fe3+ content first
decreased in both NaCl concentrations where it was significantly lower than in controls in S1 but showed a slight
increase in S2.

The Fe3+ content varied in both salt treatments and cultivars. In cultivar Filiz 99, S1 caused a 51% increase while
a reduction (25%) appeared in S2 compared to controls.
Unlike Filiz 99 the Fe3+ content in roots of Eresen 87 firstly
decreased (19%) and but increased after exposure to S2
by 32% but none of these values differed significantly.
Manganese

The Mn2+ content has shown fluctuation in both cultivars and salt treatments (Table 4).
a) Leaves

In leaves of Filiz 99 the Mn2+ content steadily increased (8% and 23%) in both salt concentrations of S1
and S2 respectively. But, unlike Filiz 99, in Eresen 87
leaves, respectively S1 and S2 decreased by 53% and 21%
compared to control treatment.
b) Stem

In Filiz 99, Mn2+ content was decreased in both salt
concentrations by 99% and 173% in S1 and S2, however
there were no significant differences between these treatments. In Eresen 87 stem tissue, 50 mM NaCl caused significant decrease (49%) of Mn2+, while S2 showed a slight
increase compared to control.
c) Root

In root tissue of Filiz 99, S1 and S2 treatments resulted
in salinity cause reduction in Mn2+ content to 60% and
16%, respectively. The Mn2+ concentration increased by
38% compared to S1, but remained lower than control
values. Unlike Filiz 99, S1 treatment of Eresen 87 showed
significant increase (47%), however the Mn2+ content was
decreased in S2 treatment by 13% and 66%, compared to
control and S1 treatments respectively.
Magnesium

Mg2+ content changes have varied slightly in both
cultivars and salt treatments while it decreased in leaves
and stems but fluctuated in roots (Table 4).
a) Leaves

In the leaves, Mg2+ concentrations of both cultivars
decreased in S1 and S2 treatments although it slightly increased in S2 but still remained lower compared to controls. In Filiz 99, Mg2+ decreased by 30% in S1 and 22%
in S2 treatments. Similarly, Mg2+ content significantly decreased (39%) S1 and 23% in S2 stress levels compared
to control values.
b) Stem

In cultivar Filiz 99, Mg2+ content decreased with increasing salt stress levels. A slight reduction (8%) in Mg2+
appeared in S1 while S2 level caused 79% reduction in the
Mg2+ content of broad bean stem tissue. The relatively
lower level of Mg2+ recorded from stem tissue of Eresen 87
stem (58% reduction) in S1 differed significantly whereas

c) Root
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the Mg2+ content decreased by15% in S2, compared to
controls without any significance.
c) Root

The Mg2+ contents in roots of both cultivars were
found nearly equal. Under S1 and S2 treatments, Filiz 99
showed Mg2+ increasing with salt stress concentrations
(by 3% and 23% respectively), while in Eresen 87, S1
caused Mg2+ content to increase by 30% but Mg2+ content
was decreased in S2 by 8% compared to control values.
DISCUSSION
The above investigation was designed to gain a better
understanding of physiological responses and to focuse on
learning nutrient uptake mechanism behavior under salt
exposure of crop varieties. As is well known, salinity is
one of the most important agricultural and environmental
factors that drastically affects large areas, causing reduction of crop productivity throughout the world.
This study revealed a significant difference between
two cultivars of broad bean grown in two levels of salt
concentration and its effect on growth. According to Abdel-Wahab and Zahran [65] and Cordovilla et al. [66]
Vicia faba L., Phaseolus vulgaris L., and (Glycine max
(L.) Merr.) are more salt tolerant plants than other legumes,
such as Pisum sativum L.
Depending on plant species and age, the kinds and
quantities of salts present in soil, and exposure time, to
salinity affects plant development and growth parameters
at different rates and, in addition, affects mineral uptake, in
many cases. Although broad bean is accepted as salt-tolerant,
plants grown under excessive amount of salts suffer from
water stress even if water may be present in the soil. Generally, salt concentrations that cause plant growth retardation varied from 0.025 to 1.3 mol/NaCl, depending on plant
species. 0.05 mol/L and 0.1 mol/L NaCl caused drastic
reduction in PH in white lead tree (Leucaena leucocephala
(Lam.) de Wit) [67], 0.04 to 1.3 mol/L determined the salt
tolerance limits in Acacia, grown in greenhouse study [68]
and a significant decrease of dry matter production in three
green bean cultivars [69]. Overall, except for the result of
number of internodes and plant height, cv. Filiz 99 indicated as more tolerant of 100 mM NaCl concentrations
than under 50 mM salt treatment. Under 50 mM NaCl
treatment, cv. Eresen 87 gave a positive response where, a
higher concentration of salt caused a slight reduction, indicating, that it was relatively less salt-tolerant, compared to
cv. Filiz 99.
Similar studies reported that plant growth inhibition
such as in soybean [70], chickpea [71], pea and faba-bean
[72], reduced shoot and root weights in broad bean [73,
74], in soy bean [75], biomass, relative growth rate and
morphological parameters in bean [76]. In bean, Wignarajah [77] showed reduced shoot growth in these plants when

they were treated with NaCl concentrations of 0.05 mol/L
and 0.1 mol/L., and its biomass reductions were based on
reduction in root-nodule number and mass, percentage of
nitrogen, and dry tissue mass.
There were no data on PH measurement in these studies, however broad bean height was decreased in the present study, although the other growth parameters showed
some evidence of salt tolerance.
Overall PH and NoI figures revealed that the two cultivars of broad bean were not equally affected under the
same salt levels. There were no significant differences between the responses of our two cultivars to salinity levels
(50 and 100mM NaCl) however cv. Filiz 99 affected
slightly compared to cv. Eresen 87. In Eresen 87, while its
PH was significantly decreasing in S2 salt level, NoI accompanied significantly to this PH reduction in both stress levels
compared to control values. This reduction is agreed the
findings of Brugnoli and Lauteri [78] who report 0.05 mol/L
NaCl concentration caused stunted growth and also a saltinduced reduction in photosynthates in bean plants.
According to Benzyl and Reuveni [79] and Qian et al.
[80], the tolerance of Vicia sp. to salinity may be more
related to the K+/Na+ ratio in the cell than the absolute Na+
concentration. The adjustment to the salinity may have
allowed synthesis of highly water-soluble compatible osmotica such as glycinebetaine, free proline, and low molecular weight sugars to maintain turgor [81]. In the experimental work, Na+ accumulation appeared as the most
significant change in both treatments and cultivars. The
Na+ accumulations in leaves and root of both cultivars
showed significant increases whereas its transportation in
stems differed between the cultivars.
The response of K+ content to Na+ was uniform in
both cultivars, however K+ accumulation declined, even
in the stem, except Eresen 87, where there was a slight increase in S2 treatment in the root. Regarding the ratio of
these two elements, the K+: Na+, ratio declined in all S1
and S2 treatments, except in leaf of Filiz 99 and stem of
Eresen 87, where K+ content found less than Na+ content in
those tissues. The Na+ increase, leaves, neither caused any
significant change in dry weight appeared in S2 treatment
in Filiz 99, nor in stem dry weight in cv. Eresen 87 at the
same stress treatment. In the present study Na+ accumulation varied between the cultivars. In cv. Filiz 99, relatively more Na+ accumulated in leaves, compared to stem and
root, but caused slight changes in LFW and LDW. Na+
accumulation differed significantly in cv. Eresen 87 in all
organs and increased up to 495% and 1138% in S2 treated
leaves and stem, respectively. Na+ increase in this study
confirms that Na+ transport was achieved from its environment by a passive process and could accumulate to a
few hundred–fold in the cytoplasm, resulting in an increase
of the amount of solutes [2]. Since the ratio of K+: Na+
appeared as small proportion (max. 2.68 in Eresen S1 treatment in leaves and min. 0.92 in S2 treatment of Eresen 87
stem). Na+ did not appear to affect the activity of many
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enzymes as inhibitory factors that enter the cytoplasm.
The high Na+/K+ ratio that is the most damaging effect of
salinity for many plants, also remained low, at levels
found tolerable for broad bean [82].
The present study revealed that Ca2+ behaved similarly to K+, in both cultivars and stress treatments. Ca2+
concentrations declined in S1 and S2 treatments for both
cultivars. The, Ca2+ content in cv. Filiz 99 was higher in
the stem than in leaves and root. However the Ca2+ content in cv Eresen 87 stem appeared lower than in leaves
and root, unlike cv. Filiz 99. Considering the relationship
of Na+, K+ and Ca2+ and its accumulation by broad bean
leaves, the findings agreed with the conclusion of Neel et
al. [83] and Yıldırım et al. [84] who stated that salinity
increased Na+ or decreased Ca2+ and K+.
According to Xiong and Zhu [85] calcium is an important determinant for homeostasis particularly relevant
to sodium and potassium for plants salt tolerance. It also
plays major role both in solution culture and in soils after
its increased calcium supply has a protective effect on
plants exposed to sodium. The study carried out with the
decreasing of Ca2+ is not in agreement with the findings of
Xiong and Zhu [85] that broad bean tolerance of Na+
might be related with the different mechanisms as follows: The role of accumulation of compatible solutes and
ions in osmotic adaptation and ion compartmentation or
selective to exclusion of ions [82, 86, 87, 89].

K+ in the same organs. The amount of K+ and Na+ did not
show any particular accumulation in any organs of both
cultivars, indicating that uptake of those ions is lasting
process while the tested cultivars exposed to salt (NaCl)
treatment.
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ABSTRACT
The main purpose of this work was to evaluate the
potential of Schinus molle bark to remove hexavalent chromium [Cr(VI)] and total chromium from aqueous solutions.
Results showed that Schinus molle bark removed Cr(VI)
by two different mechanisms: chromium biosorption and
bioreduction of Cr(VI) to Cr(III). The capacity for removing Cr(VI) and total chromium gradually increased as the
contact time proceeded, reaching values of 97.56 and
73.18 mg g-1 respectively, after 120 h. The opposite behavior was observed concerning the volumetric rates of Cr(VI)
and total chromium removal. The pseudo-second order model adequately described the kinetic process of chromium
biosorption by Schinus molle bark, which suggests that this
process chiefly occurs as a result of chemisorption.

KEYWORDS: Schinus molle bark, hexavalent chromium [Cr(VI)],
total chromium, biosorption, bioreduction.

INTRODUCTION
Chromium [Cr] is a heavy metal widely used in diverse industrial processes such as electroplating, leather
tanning, metal finishing and the manufacture of catalysts,
fungicides, magnetic tapes, pigments, dyes, photographic
film, automotive parts, electrical and electronic equipment,
among other items [1-3]. The great volumes of liquid effluents generated by these industries and their inadequate
management have caused contamination of the air, water
and soil with this heavy metal [4-9]. According to the
World Health Organization (WHO) drinking water guidelines, the maximum allowable limit for total chromium is
0.05 mg l-1 [3].

Chromium can exist in nine possible states of oxidation ranging from -2 to +6; however, in nature, the most
stable states for chromium are trivalent [Cr(III)] and hexavalent [Cr(VI)] [10,11]. The hexavalent form of chromium
is highly soluble in water, mobile in the environment, toxic,
mutagenic, carcinogenic, teratogenic [12], and is the most
commonly used in industrial processes [13]; contrastingly, the trivalent form is less soluble, less mobile [12], 100
times less toxic [14] and 1000 times less mutagenic [15]
than the hexavalent form. Besides, Cr(III) is an essential
trace element, necessary for the metabolism of glucose,
lipids and amino acids [2]. It is also poisonous only at high
concentration [16]. Therefore, the removal or reduction of
Cr(VI) to Cr(III) is nowadays recognized as a key process
for the detoxification of Cr(VI)-contaminated water and
wastewater.
The major physical-chemical methods for removing
Cr(VI) ions from industrial wastewater are: 1) chemical reduction to Cr(III) followed by precipitation under alkaline
conditions (mainly as chromium hydroxide), or 2) removal
by reverse osmosis, ion exchange, and adsorption on activated carbon [17, 18]. However, these methods have certain
drawbacks, namely high cost, low efficiency, and/or generation of toxic sludge or other wastes that require disposal
and imply operational complexity [19, 20]. Therefore, costeffective and more environmentally friendly techniques need
to be developed to remove Cr(VI) ions from industrial
wastewater in order to protect the environment and public
health and safety.
A potential technology for heavy metal removal from
contaminated water is biosorption. It utilizes the properties
of certain kinds of inactive or dead biomass to bind and
accumulate these pollutants by different mechanisms, such
as adsorption, chemisorption, complexation, ion exchange
and surface-microprecipitation [21]. A number of biomaterials, such as nonliving bacteria, algae, filamentous
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fungi, seaweed, industrial byproducts as well as agricultural, forestry and fishing biowastes, have been tested
in order to remove Cr(VI) from aqueous solutions [1].
Schinus molle tree, known in Latin America as Pirul
tree, is a quick growing evergreen plant that grows to 15 m
tall and 5-10 m wide. This tree is indigenous to the arid
zone of Northern South America, Mexico and Peru´s Andean deserts, and goes to Central Chile and Central Argentina [22]. However, it has become widely naturalized around
the world where it has been planted as an ornamental and for
spice production [23]. The main aim of this work was to
evaluate the potential of Schinus molle bark to remove
hexavalent chromium and total chromium from aqueous
solutions. Furthermore, the kinetics of chromium biosorption by Schinus molle bark is described.
MATERIAL AND METHODS
Preparation of the biomaterial

Samples of bark from the Schinus molle tree were
collected in the community of Temozontla, Tlaxcala, Mexico. The bark was washed thoroughly with distilled deionized water and then dried in an oven at 60 ºC for 24 hours.
Subsequently, it was milled using a Glen Creston mill and
the resulting particles were screened using ASTM standard sieves. The fraction with particle size 0.3-0.5 mm was
used in the Cr(VI) and total chromium removal experiments carried out in this study. The sieved biomaterial was
stored in an air tight plastic container until used for the
experiments.

chromium concentrations. Concentration of trivalent chromium [Cr(III)] in solution was estimated by reckoning the
difference in the residual total chromium and residual
Cr(VI) concentrations [24]. With these data we proceeded
to calculate the capacity and volumetric rate of Cr(VI) and
total chromium removal.
The amount of Cr(VI) or total chromium removed at
time t by the unit mass (dry weight) of Schinus molle bark
(qt, mg g-1) was calculated according to the following
mass balance relationship:

(C0 − Ct ) V

(1)
W
where C0 is initial Cr(VI) or total chromium concentration (mg l-1) at time t0 = 0 h, Ct is residual Cr(VI) or
total chromium concentration at time t = t (h), V is the
solution volume (l) and W is the dry weight of the biomaterial (g).
Volumetric rate of Cr(VI) or total chromium removal
r (mg l-1 h-1) was calculated as follows:

qt =

r=

(C0 − Ct )
t − t0

(2)

Batch experiments in this study were performed in
triplicate and mean values are reported herein. The maximum coefficient of variation in the three replicas was 3.7%.
Biosorption kinetics modeling

In order to evaluate the kinetic mechanism that controls the chromium biosorption process, pseudo-first order
[25] and pseudo-second order [26] kinetic models were
tested to interpret the experimental data.

Batch experiments

The removal of hexavalent and total chromium from
aqueous solutions by Schinus molle bark was examined by
measuring the time-dependent concentrations of Cr(VI) and
total chromium in a batch system. The test Cr(VI) solution
was prepared by dissolving a weighed quantity of analytical grade potassium chromate (K2CrO4, JT Baker, purity =
99.7%) in distilled deionized water, and later the concentration of Cr(VI) and total chromium was analyzed.
Batch experiments were conducted in 500 ml Erlenmeyer flasks with a working volume of 100 ml. 0.1 g of the
biomaterial was brought into contact with Cr(VI) aqueous
solution with a concentration of 102 mg Cr(VI) l-1 at pH
2.0 ± 0.1. The flasks were agitated in a shaker (Cole Parmer Inc.) at 140 rpm constant shaking speed at 28 °C. No
efforts were made to maintain constant the solution pH
during Cr(VI) removal experiments.
Blanks and controls [biomaterial-free Cr(VI) solutions]
were run concurrently and under exactly the same conditions as those used for the Cr(VI) and total chromium removal experiments.
Samples were collected at different experimental times
and filtered through filter paper (Whatman, grade 42). Then
the obtained filtrates were analyzed for Cr(VI) and total

Regression analysis

All the model parameters were evaluated by linear
regression using MATLAB R2008b software. The optimization procedure requires an error function to be defined in order to be able to evaluate the fit of the mathematical model to the experimental data. Therefore, the
correlation coefficient (r2), the residual or sum of squares
error (SSE), the root mean squared error or standard error
(RMSE) of the estimate and the 95% confidence intervals
of the models parameters were used with the purpose of
measuring the goodness-of-fit of the sorption models.
SSE can be defined as [27]:
®

m

SSE =

∑ (q

ei

2

− qi )

(3)

t =1

RMSE can be defined as follows [27]:

RMSE =

1
m− p

m

∑ (q

2

ei

− qi )

(4)

i =1

where qi is the experimental sorption capacity from
the batch experiment i, qei is the sorption capacity estimated from the sorption model for corresponding qi, m is
the number of observations in the batch experiment and p
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is the number of parameters in the regression model [27].
The closer r2 to 1.0 and the smaller SSE, RMSE and confidence interval values indicate the better curve fitting.
Analytical methods

Hexavalent chromium concentration was determined
photocolorimetrically with a Genesys™ 10 UV-Visible
spectrophotometer (Thermo Electron Scientific Instruments
Corporation), following the procedures described in the
Hach Water Analysis Handbook [28]. Cr(VI) in the filtrates
was measured at 540 nm by the 1,5-diphenylcarbohydrazide
method, using a single dry powder formulation called
Chromaver3™ Chromium Reagent. This reagent contains
an acidic buffer combined with 1,5-diphenylcarbohydrazide, which reacts to give a purple color when hexavalent
chromium is present. Color intensity was directly proportional to the amount of hexavalent chromium present.
Total chromium concentration was measured by atomic
absorption spectrophotometry (SpectrAA 100, Varian, Inc.)
with an acetylene-air flame [29].
Hexavalent and total chromium concentrations were
proportional to their optical absorbance and quantified by
external standards, with a ten-point calibration curve.
The evolution of pH during the Cr(VI) and total chromium removal experiments was monitored using a pH
meter (Thermo Orion).
RESULTS AND DISCUSSION
Hexavalent and total chromium removal kinetics

Figure 1 shows the kinetic profiles of hexavalent and
total chromium removal using Schinus molle bark. It can
be observed that as experimental contact time proceeded,
the concentrations of residual hexavalent chromium and
residual total chromium diminished progressively. The
decline was more pronounced in the first hours of contact
between the bark and the Cr(VI) aqueous solution.

FIGURE 1 - Variations of hexavalent chromium (♦), total chromium (■), and trivalent chromium (▲) concentrations as a function of
contact time. When not shown, error bars are smaller than symbol
size.

Although Schinus molle bark was not able to remove
all the chromium initially added to the aqueous solution,
at the end of the experiment (120 h) the concentrations of
hexavalent chromium and total chromium were only of

4.44 and 28.82 mg l-1, respectively. It was noticed that at
all contact times monitored, the concentration of residual
total chromium was higher than that of residual hexavalent chromium.
On the other hand, the Cr(III), which had not been initially present in the aqueous solution, appeared in the
aqueous phase and its concentration increased in proportion to the Cr(VI) depletion. Figure 1 shows that the concentration of trivalent chromium in solution increased
from 0 up to 24.38 mg l-1, as the contact time advanced
from 0 to 120 h. These results show clearly that some of
the highly toxic and water-soluble Cr(VI) was reduced to
the less toxic Cr(III) when brought into contact with Schinus
molle bark under acidic conditions. These findings are in
agreement with those reported by Park et al. [17,30] and
Suksabye et al. [31], who demonstrated that Cr(VI) can be
reduced to Cr(III) in aqueous and solid phases by nonliving biomaterials if enough contact time and protons are
given. It is well known that when Cr(VI) comes in contact
with biomaterials, especially in an acidic solution, the
Cr(VI) can be easily or spontaneously reduced to Cr(III),
because Cr(VI) has high redox potential value (above +1.3 V
at standard condition) [32].
Furthermore, Schinus molle bark was capable of removing most of the total chromium initially added to the
aqueous solution, indicating that it also has the capacity to
biosorb it.
As shown in the pH-shifting experiments (Figure 1),
the pH of the aqueous solution increased from 1.95 to
2.13 as contact time increased from 0 to 120 h, which suggests that protons were consumed during the Cr(VI) removal process.
As it is known that low pHs favor Cr(VI) reduction,
experiments with biomaterial-free controls were carried
out in this work under the same conditions as those used
for the Cr(VI) and total chromium removal experiments in
order to determine if the pH influences chromium removal
in the absence of the biomaterial. No measurable changes in
Cr(VI) and total chromium concentrations were detected
after 120 h of contact, which suggests that no Cr(VI) reduction was significant in these experiments and that the
observed removal of Cr(VI) and total chromium in the
experiments using Schinus molle bark were directly related to the presence of the biological material.
Taking together, the above results show clearly that
Schinus molle bark is capable of removing Cr(VI) present
in aqueous solution by means of two mechanisms: 1) biotransformation (bioreduction) of Cr(VI) to Cr(III) and 2)
biosorption of chromium.
As mentioned above, protons are required for the reduction of Cr(VI) into Cr(III); however, electrons are also
needed. The electrons required for the Cr(VI) reduction are
supplied from the biomaterial, resulting in the oxidation of
electron-donor groups of it [24]. Protons and electrons are
consumed during the reduction of Cr(VI) species as follows [17]:
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Cr2O72− + 14 H+ + 6 e− ↔ 2 Cr 3+ + 7 H2O

Ε0 = +1.33V

(5)

CrO24− + 8 H+ + 3e− ↔Cr 3+ + 4 H2O

Ε0 = +1.48V

(6)

3+

HCrO + 7 H + 3e ↔Cr + 4 H2O
−
4

+

−

−

(7)

0

(8)

Ε = +1.35V

3+

H2CrO4 + 6 H + 3e ↔Cr + 4 H2O
+

0

Ε = +1.33V

Polyphenols, polysaccharides, low molecular weight
carbohydrates and proteins whose redox potential are generally lower than those of chromate species under acidic
conditions, have been reported as electron-donor groups
of biomaterials, and thus they have the capacity for reducing Cr(VI) to Cr(III) [33]. Lignocellulosic materials can
also reduce Cr(VI) at acidic pH values [34-36]. A number
of these components, for example polyphenols, polysaccharides, disaccharides and lignocellulose form part of the
bark of trees [37,38] and may also be the components of
the Schinus molle bark that reduced Cr(VI) to Cr(III) as
described herein.

On the other hand, some authors have shown that biological materials may possess a capacity for biosorbing
Cr(VI), as well as biosorbing part of the Cr(III) which was
generated during the Cr(VI) removal process [17,34,39].
It is well known that at solution pHs 2.0 and 3.0, the
major Cr(VI) species in solution is hydrogen chromate
[HCrO4-] [34], which can bind to amino, carboxyl and
sulfonate groups of biomaterials with the aid of protons in
aqueous phase, as follows [24]:

B − NH2 (s) + HCrO−4 (aq) + H+ (aq) ↔ B − NH3+ HCrO−4 (s)

(9)
−
4

B − COOH(s) + HCrO (aq) + H (aq) ↔ B − COOH HCrO (s)

(10)

B − SO3H (s) + HCrO (aq) + H (aq) ↔ B − SO3H HCrO (s)

(11)

−
4

−
4

+

+
2

+

+
2

−
4

The above-mentioned facts show that the adsorption
and reduction of hydrogen chromate ions would lead to
the consumption of protons, which in turn results in pH
increase, as was observed in the present work.
Moreover, the Cr(III) generated during the Cr(VI) reduction process can be released into the aqueous solution

and/or form complexes with chromium-binding groups of
the biomaterial. Cationic Cr(III) ions in aqueous solutions
can bind to negatively charged groups, such as carboxyl
and sulfonate groups as follows [24]:

B − 3(COOH) (s) + Cr 3+ (aq) ↔ B − 3(COO− )Cr 3+ (s) + 3H+ (aq)
3+

3+

B − 3(SO3H) (s) + Cr (aq) ↔ B − 3(SO )Cr (s) + 3H (aq)
−
3

+

From the present results, it seems that Cr(VI) removal
process by Schinus molle bark involves two different
mechanisms: adsorption of the HCrO-4 anion and reduction of Cr(VI) to Cr(III) releasing into the solution totally
or partially the formed trivalent chromium. The appearance of Cr(III) in the aqueous solution and the increase in
the solution pH supports this assumption.
Hexavalent chromium and total chromium removal
efficiency obtained at different experimental contact times
is shown in Figure 2. Removal efficiency increased as the
experimental time period progressed, reaching a level of
95.65% of hexavalent chromium removal and of 71.74%
of total chromium removal after 120 h. Over the entire
range of experimental contact times, removal efficiency of
hexavalent chromium was greater than total chromium removal efficiency, and this difference was due to the amount
of hexavalent chromium which was reduced to trivalent
chromium by Schinus molle bark and released into the
aqueous solution.

(12)
(13)

FIGURE 2 - Profiles of hexavalent (♦) and total chromium (■)
removal efficiency. When not shown, error bars are smaller than
symbol size.

Figure 3 shows variations in hexavalent chromium and
total chromium removal capacity of Schinus molle bark as
a function of contact time. Both Cr(VI) removal capacity
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and total chromium removal capacity increased as contact time between Cr(VI) aqueous solution and Schinus
molle bark increased.

FIGURE 3 - Hexavalent (♦) and total chromium (■) removal capacity variation profiles. When not shown, error bars are smaller than
symbol size.

At all experimental contact times, the capacity to remove hexavalent chromium was greater than that for total
chromium removal, and this was ascribed to the reduction
of Cr(VI) to Cr(III).
Under the tested conditions, Schinus molle bark exhibited a maximum capacity of hexavalent chromium removal of 97.56 mg g-1 after 120 h of contact. This removal
capacity is greater than that reported for sawdust from
Fagus orientalis L. (16.13 mg g-1) by Acar and Malkoc [40];
also for activated Eucalyptus bark as informed by Sarin and
Pant [41], and for Pynus silvestris cones (89.37 mg g-1) as reported by Ucun et al. [42]. However, in these studies residual
total chromium concentrations were not measured; therefore, it remains to be determined whether the removal of
Cr(VI) by these biomaterials is only a result of the reduction process or if there is also a biosorption process.
The capacity for total chromium removal by Schinus
molle bark reached a maximum value of 73.18 mg g-1 after
120 h of contact. This capacity is greater than that reported
for Larix leptolepis bark (10.28-19.09 mg g-1) [43], yohimbe bark (42.5 mg g-1) and for cork (17 mg g-1) [44].

sorption processes were very fast during the first hours of
contact after which they gradually became slower due to the
exhaustion of functional groups responsible for Cr(VI)
reduction and chromium sorption.

FIGURE 4 - Variation of volumetric rate of hexavalent (♦) and
total chromium (■) removal with respect to contact time. When not
shown, error bars are smaller than symbol size.
Chromium biosorption kinetics modeling

In order to determine the mechanism of chromium biosorption onto Schinus molle bark, pseudo-first order and
pseudo-second order kinetic models were used to assay
experimental data.
The pseudo-first order rate equation was the first to
describe the adsorption rate based on adsorption capacity
of the adsorbent (solid phase) [45]. This model considers
that the rate of occupation of adsorption sites is proportional to the number of unoccupied sites. The pseudo-first
order kinetic model is expressed as follows [25]:

dqt
(14)
= k1 (qe − qt )
dt
where qe and qt are the adsorption capacities (mg g-1)
at equilibrium and at time t (h), respectively, and k1 is the
rate constant of the pseudo-first order adsorption (h-1).
Integration of equation (14) with the boundary conditions t = 0 to t = t and qt = 0 to qt = qt, gives

ln(qe − qt ) = ln qe − k1t

(15)

Present results indicated that approximately 75% of
the Cr(VI) removed by Schinus molle bark was biosorbed
onto the biological material in hexavalent and/or trivalent
form and that 25% remained in solution as Cr(III). These
data imply that the predominant mechanism for Cr(VI)
removal by Schinus molle bark is biosorption. However,
whether the oxidation state of the chromium biosorbed onto
the bark is trivalent and/or hexavalent is still unknown.

A straight line of ln(qe-qt) versus t indicates the applicability of this kinetic model. qe and k1 values can be
determined from the intercept and the slope of the plot,
respectively. In most cases, the pseudo-first order model
does not fit well along the range of contact time and is
usually applicable over the initial 20-30 min of the adsorption process [46].

Figure 4 shows the variations in volumetric rate of
Cr(VI) and total chromium removal with respect to contact time. It is evident that volumetric rates of Cr(VI) and
total chromium removal diminished rapidly during the first
hours of contact, the decrease was then slower and subsequently changes in volumetric rates were negligible. These
results indicate that Cr(VI) reduction and chromium bio-

The pseudo-second order kinetic model is also based
on the sorption capacity of the adsorbent and it assumes
that biosorption follows a second-order mechanism, so the
rate of occupation of adsorption sites is proportional to the
square of the number of unoccupied sites [26, 47]. The
pseudo-second order kinetic model is expressed as follows [26]:
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dqt
(16)
= k1 (qe − qt ) 2
dt
where k2 is the rate constant of second-order biosorption (g mg-1 h-1).

organic substances [45], as well as that of metal ions,
among which is included chromium [51-53].

For the boundary conditions t = 0, qt = 0 and t = t, qt =
qt, the integrated and linear form of equation (16) becomes [45]:

t
1
1
=
+ t
qt k 2 qe2 qe

(17)

where k2qe2 is the initial sorption rate (h, mg g-1 h-1).
The plot t qt-1 versus t will give a straight line if pseudosecond order kinetics is applicable. qe can be determined
from the slope, and h and k2 from the intercept of the plot
t qt-1 versus t. Contrary to the pseudo-first order kinetic
equation, the pseudo-second order model predicts the kinetic behavior over the whole range of biosorption [46].
The pseudo-first order model and pseudo-second-order
model parameters values along with 95% confidence intervals, as well as correlation coefficient (r2), residue or mean
square error (SSE) and root mean squared error (RMSE)
values are shown in Table 1.
TABLE 1 - Kinetic model parameters for
chromium biosorption onto Schinus molle bark
Pseudo-first order model
qe (mg g-1)
39.88498 (30.63,
51.884)
k1 (h-1)
0.03429 (0.025,
0.0435)

Pseudo-second order model
qe (mg g-1)
74.46 (72.359,
76.628)
k2 (g mg-1 h-1) 0.00383 (0.0028,
0.0065)
h (mg g-1 h-1)
21.224 (14.712,
38.080)

r2
SSE
RMSE

r2
SSE
RMSE

0.9019
0.6897
0.2936

0.9985
0.004885
0.0233

The pseudo-first-order model rendered the lowest correlation coefficient, the highest SSE and RMSE values and
the widest 95% confidence intervals of the kinetic model
parameters. Furthermore, the value of chromium biosorption
capacity at equilibrium (qe) calculated from the pseudo-first
order model (qe = 39.88 mg g-1) was not in good agreement
with the experimental value (exp qe = 73.18 mg g-1). These
results indicate that the pseudo-first order model is inadequate for modeling chromium biosorption kinetics onto
Schinus molle bark.
In contrast, the pseudo-second order model satisfactorily described the experimental kinetic data (Figure 5). This
tendency comes as an indication that the rate-limiting step
in biosorption of chromium ions onto Schinus molle bark
is a chemical sorption (chemisorption) involving valence
forces through the sharing or exchange of electrons between
sorbent and sorbate, complexation, coordination and/or chelation [48].

FIGURE 5 - The fitting of pseudo-second order kinetic model for
the biosorption of chromium ions onto Schinus molle bark. When
not shown, error bars are smaller than symbol size.

The chromium biosorption capacity at equilibrium predicted by the pseudo-second-order model (qe = 74.46 mg g-1)
was not significantly different (P < 0.05) to that obtained
experimentally (exp qe = 73.18 mg g-1). The initial biosorption rate (h) and rate constant (k) of the pseudo-secondorder model were 21.22 mg g-1 h-1 and 0.0038 g mg-1 h-1,
respectively.
CONCLUSIONS
1. Schinus molle bark is capable of removing Cr(VI) from
aqueous solutions by means of two mechanisms: bioreduction of Cr(VI) to Cr(III) and chromium biosorption, the latter being the dominant mechanism.
2. The maximum capacities for hexavalent chromium and
total chromium removal by Schinus molle bark were
97.56 and 73.18 mg g-1, respectively, which are greater
than those reported for other forestry by-products.
3. The pseudo-second order model satisfactorily described
the kinetic process for chromium biosorption, suggesting that Schinus molle bark biosorbed chromium predominantly by a chemical sorption phenomenon.
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This model has been successfully applied to describe
the adsorption of dyes [45, 49, 50], herbicides, oils and other
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ABSTRACT
Bacterial exopolysaccharides (EPS) have an important
role in the biosorption of heavy metals. The EPS-producing
bacterium Ralstonia sp. TAK1 is a resistant cadmium bacterium isolated from cadmium-contaminated soil at a zinc
mine in Thailand. Ralstonia sp. TAK1 produced the highest amounts of EPS at the stationary growth phase at 5.39 g/l
when cultured in a minimal medium amended with 2%
glucose. The stationary cells of Ralstonia sp. TAK1 had the
highest cadmium removal efficiency (41.73%) and cadmium adsorption capacity (15.02 mg/g). Cadmium removal
efficiency and cadmium adsorption capacity by EPS were
1.91% and 0.69 mg/g respectively. In addition, the external structure of cadmium-adsorbed EPS became altered
when compared to cadmium-unadsorbed EPS. Infrared spectroscopy confirmed the presence of functional groups or
metal binding sites on the surface of bacterial EPS. Some
spectra bands of cadmium-adsorbed EPS disappeared in
contrast to cadmium-unadsorbed EPS due to the former
being occupied by cadmium ions. These findings suggest
that there is potential for Ralstonia sp. TAK1 cells and their
EPS to be used for cadmium biosorption and applied in
microbial based remediation of cadmium contaminated
wastewaters.

KEYWORDS: cadmium biosorption; exopolysaccharides; metal
binding sites; Ralstonia sp.

INTRODUCTION
In recent times, cadmium has been widely used in industry, such as the textile and battery industries, which has
resulted in contaminated wastewaters. Biological treatment
of heavy metal contaminants in wastewater has received
increasing attention [1, 2]. The advantages of biotreatment
processes are their cost effectiveness and the techniques
used in their application are environmentally friendly compared to other techniques. In aqueous solution, microorganisms can remove heavy metals by several mechanisms,

e.g. biosorption, biotransformation, precipitation, and bioaccumulation [3, 4]. Exopolysaccharides or extracellular
polymeric substances (EPS) are biopolymers produced by
microorganisms. EPS have been recommended as an effective metal-biosorbent or metal-cheating agent [2, 5]. As
reported in the study of Salehizadeh and Shojaosadati [6],
EPS of Bacillus firmus were able to remove some metal
ions such as lead, copper, and zinc from aqueous solutions.
Cadmium-resistant Gram-negative bacterium Ralstonia sp. TAK1 was isolated from cadmiumcontaminated soil in Thailand [7]. The resistance to cadmium toxicity of Ralstonia sp. TAK1 at the stationary
growth phase was mediated by EPS [8]. Due to the metal
binding properties of EPS and the need for biological
treatment of heavy metal contaminated wastewater, much
attention has been directed towards bacterial EPS. This
paper describes the efficiency of Ralstonia sp. TAK1 cells
and their EPS on the removal of cadmium from aqueous
solution. As the mechanisms for metal binding of EPS are
not clearly understood, the metal binding sites as functional
groups on the surface of EPS were analyzed. The results
from this study could be beneficial to further the development of techniques used in the biological treatment of
cadmium pollution in a variety of environmental media.
MATERIAL AND METHODS
Microorganism and cultivation

Ralstonia sp. TAK1, cadmium resistant bacterium, was
batch cultured in a mineral salts medium (MSM) (0.6%
yeast extract, 0.12% K2HPO4, 0.03% KH2PO4, 0.01%
MgSO4, 0.01% FeCl3, 0.1% NH4NO3 and 0.01% CaCl2)
(w/v) at 28°C at 150 rpm.
Quantitative determination of EPS production at various
growth phases

The amount of EPS produced by Ralstonia sp. TAK1
was determined throughout the growth period. In brief,
overnight cells of Ralstonia sp. TAK1 were subcultured in
a MSM supplemented with 2% glucose and incubated at
28°C with continuous shaking at 150 rpm. Cells were col-
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lected to determine cell dry weight and level of EPS production during the growth phase. For quantitative EPS,
EPS were extracted by boiling in a water bath at 100 °C for
15 min and precipitated using ice-cold absolute ethanol [9].
Amounts of EPS were analyzed using the phenol-sulfuric
method as described previously by Dubois et al. [10].
Evaluation of the efficiency of bacterial cells and EPS on
biosorption of cadmium ion from aqueous solution

To study the biosorption efficiency of cadmium ions
by Ralstonia sp. TAK1 cells and their EPS, the experiment
used a completely randomized design divided into seven
treatments with three replications. Cadmium nitrate
[Cd(NO3)2] (Ajax, Australia) at the concentration of 5.0 mg/l
was prepared. Cadmium solution without any added biosorbent in the controlled experiment was T1. Each biosorbent was then added to the cadmium solution at the
following ratios: 0.3 % extracted EPS (T2), 0.3 % cellfree culture broth (T3), 0.3 % exponential cells (4 h) (T4),
0.3 % stationary cells (24 h) (T5), 0.3 % EPS-free exponential cells (T6), and 0.3 % EPS-free stationary cells (T7).
Extracted EPS were prepared by way of absolute ethanol
precipitation and dried in a desiccator. In preparation of
EPS-free cells, bacterial cells were washed twice with absolute ethanol for the removal of EPS on the cell surface. The
mixtures were adjusted to pH 5.5 with nitric acid (HNO3)
and shaken at 150 rpm for 90 min at room temperature.
After equilibration, the metal-bearing solution was separated from the biomass by filtering the suspended cells
through membrane filters. The concentration of unadsorbed
cadmium ions in the filtrate was analyzed by means of flame
atomic absorption spectroscopy (Varian spectra model AA220FS, USA). The results obtained from the biosorption experiments were used to calculate percentages of cadmium
removal efficiency and metal adsorption capacity [3] with
the following equations:
Cadmium removal efficiency (%)

=

(Ci-Ceq) × 100

Ci
Where Ci is the initial cadmium concentration (mg/l)
and Ceq is the equilibrium cadmium concentration (mg/l).
Cadmium adsorption capacity (q) (mg of cadmium/g of
biosorbent) = (Ci-Ceq)
X
Where X is biosorbent concentration in solution (g/l).
Functional group analysis of the bacterial EPS

Cadmium-adsorbed and cadmium-unadsorbed EPS
were prepared using the potassium bromide (KBr) pellet
technique. In brief, 2 mg of dried EPS was mixed and
ground with 200 mg of dry KBr. The samples were then
measured for their functional groups using Fourier Transform Infrared Spectroscopy (FTIR) (Perkin-Elmer model
spectrum GX, USA). Spectra were run in the 4000-400 cm-1
region.

Statistical analysis

The mean ( x ) and the standard deviation (SD) of the
growth curve and EPS production of Ralstonia sp. TAK1
were calculated. Data of the removal efficiency of cadmium
from aqueous solution by bacterial cells and EPS were
statistically analyzed using one-way Analysis of Variance
(ANOVA) at the 95% confidence level. A post hoc pairwise comparison using Least Significant Difference (LSD)
testing was performed for any significant difference (p <
0.05).

RESULTS AND DISCUSSION
Production of EPS by Ralstonia sp. TAK1 at various growth
phases

The resistance of Ralstonia sp. TAK1 to cadmium
toxicity led to an investigation of EPS production. Ralstonia sp. TAK1 produced EPS in the range 0.72-5.39 g/l
(Fig. 1). The yield of bacterial EPS started at a low rate
during the exponential growth phase (4 hr) at 0.72 g/l.
EPS production increased sharply when cells entered the
early-stationary growth phase (approximately 12 hr) at
4.79 g/l, and then plateaued during the stationary growth
phase (24 hr) at 5.39 g/l before declining. Ralstonia sp.
TAK1 produced the highest EPS at the stationary growth
phase (24 hr). Similarly, Prasertsan et al. [11] and
Quesada et al. [12] reported that Enterobacter cloacae
and Volcaniella eurihalina produced the highest levels of
EPS at the stationary growth phase. In contrast, the highest EPS production of Lactobacillus delbruckii subsp.
bulgaricus B3, L. delbruckii subsp. bulgaricus, and Streptococcus thermophilus was found at the exponential
growth phase [13]. The production of EPS from bacteria
depends on various factors, e.g. microbial species, growth
phase, medium composition, and temperature [14, 15].
Efficiency of bacterial cells and EPS for biosorption of cadmium from aqueous solution

It has been reported that bacterial EPS can bind to
several cationic metal ions [2, 6]. The efficiency of Ralstonia sp. TAK1 cells and their EPS on the biosorption of
cadmium from aqueous solution was evaluated. The highest cadmium removal efficiency and cadmium adsorption
capacity were found in stationary cells (T5) at 41.73%
and 15.02 mg/g respectively (Table 1). Exponential cells
(T4) showed a lower cadmium removal efficiency (12.72%)
and cadmium adsorption capacity (4.58 mg/g) than those of
T5. Stationary cells of Bacillus thuringiensis exhibited high
potential for cadmium binding [16]. Conversely, exponential growth phase cells of Bacillus circulans had higher
cadmium removal efficiency [17]. The high efficiency of
cadmium adsorption by the stationary cells of Ralstonia
sp. TAK1 was due to the high yield of EPS on the cell surface. There was no significant difference in cadmium removal efficiency and cadmium adsorption capacity between
EPS-free exponential cells (T6) and EPS-free stationary
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FIGURE 1 - The yield of EPS production ( ) versus cell density ( ) of Ralstonia sp. TAK1 cultivated in MSM supplemented with 2% glucose
at various growth phases

TABLE 1 - Efficiency of Ralstonia sp. TAK1 and EPS on the removal of cadmium ions from aqueous solution
Treatment
T1
T2
T3
T4
T5
T6
T7

Type of biosorbent
Control experiment
Extracted EPS
Cell-free culture broth
Exponential cells
Stationary cells
EPS-free exponential cells
EPS-free stationary cells

Cadmium removal efficiency (%)
0.00
1.91±0.47
0.00
12.72±1.05
41.73±1.83
0.37± 0.37
0.74±0.67

cells (T7) at p <0.05. These results indicate that EPS
yields on the cell surface performed an important role in
cadmium biosorption capacity.
Interestingly, extracted EPS (T2) exhibited lower cadmium removal efficiency (1.91%) and cadmium adsorption capacity (0.69 mg/g) than exponential and stationary
cells. In contrast with the study of Martin et al. [18], cadmium adsorption efficiency by EPS produced from Paenibacillus polymyxa was higher than metal adsorbed on
bacterial cells. Exopolysaccharides produced from Azotobacter showed maximum biosorption of lead and zinc
[19]. These results indicate that cells with EPS of Ralstonia sp. TAK1 were more efficient at cadmium adsorption than extracted EPS without cells. The high efficiency
of stationary cells with EPS of Ralstonia sp. TAK1 for
cadmium removal might be due to the greater surface area
and metal binding sites than extracted EPS without cells.
The binding of heavy metal cations to bacterial cell walls
and EPS generally occurs through electrostatic interaction
with negatively charged functional groups [14, 20]. Metal
binding sites on both bacterial cell walls and EPS play a
major role in cadmium adsorption. The structural changes
of bacterial cells and extracted EPS after cadmium adsorption were also observed (data not shown).

Cadmium adsorption capacity (mg Cd/ g dry weight biomass)
0.00
0.69±0.17
0.00
4.58±0.38
15.02±0.66
0.13±0.13
0.27±0.24

Metal binding sites on the surface of bacterial EPS

On the basis of the potential for bacterial EPS on the
biosorption of cadmium from aqueous solution, functional
groups on the surface of EPS can be assumed to play a
major role in metal binding sites. To clarify this assumption, functional groups on the surface of EPS were analyzed.
Spectra bands and their assignments of wave numbers of
cadmium-unadsorbed and cadmium-adsorbed EPS are listed
in Fig. 2a and Fig. 2b. Analysis of the bands of infrared
spectra according to the study of Wang et al. [21], Guibaud
et al. [22], Singh et al. [23], and Shah et al. [24] showed
the presence of numerous functional groups on the surface
of bacterial EPS. Possible functional groups on the surface of cadmium-unadsorbed EPS were assigned as: O-H
stretching in the hydroxyl group; C=O stretching in the
carboxyl or amide group (amide I band); CH3 symmetric
bending of the methyl group; and C-H deformation. However, no peaks were represented by the methyl group, the
carboxyl group, amide II band, amide III band, or C-OH
stretching group in cadmium-adsorbed EPS. It could be implied that the change of functional groups on the surface of
cadmium-adsorbed EPS was a result of the interaction between cadmium ions and these functional groups. Infrared
spectra for zinc-adsorbed EPS produced from Nostoc
spongiaeforme revealed the disappearance of the C=O,
COO-, NO2, and SO2 groups which was a consequence of
Zn2+ adsorption [23].
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(a)

(b)

FIGURE 2 - FT-IR spectra of (a) cadmium-unadsorbed EPS and (b) cadmium-adsorbed EPS produced from Ralstonia sp. TAK1

CONCLUSIONS
Ralstonia sp. TAK1, a cadmium resistant bacterium,
produced high EPS when cells entered the stationary growth
phase. Mineral salts medium supplemented with 2% glucose
could induce EPS production and peaked at 24 hr of cell
growth (5.39 g/l). Stationary cells of Ralstonia sp. TAK1
showed the highest cadmium removal efficiency (41.73%)

and cadmium adsorption capacity (15.02 mg/g) compared to
exponential cells and their EPS. Possible functional groups
acting as metal binding sites found on the surface of cadmium-unadsorbed and cadmium-adsorbed EPS were: O-H
stretching in the hydroxyl group; C=O stretching in the
carboxyl or amide group (amide I band); CH3 symmetric
bending of the methyl group; and C-H deformation.
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acterization of the polysaccharide. Appl. Environ. Microbio. 61,
2840–2844.
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