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EFFECT OF NICKEL CONTAMINATION
ON SOIL ENZYMATIC ACTIVITY
Stanisław Kalembasa* and Beata Kuziemska
Soil Sciences and Plant Nutrition Department, Siedlce University of Natural Science and Humanities, 08-110 Siedlce, Poland

ABSTRACT

KEYWORDS: soil, liming, sludge, nickel, acid phosphatase,
alkaline phosphatase, organic sludge, total nitrogen.

The aim of this study was to determine the effect of
soil contamination with nickel, taking into consideration
various rates of liming and organic fertilization, on the
activity of selected soil enzymes – urease, acid phosphatase, alkaline phosphatase and carbon content in organic
compounds, total nitrogen and pH of the soil collected
after cultivation of cock’s-foot which was conducted in the
facilities of the Siedlce University of Natural Science and
Humanities, in a completely random design, in three replications. The experiment involved the following factors: I
– liming (without liming and liming according to 1 Hh of
soil in the form of CaCO3); II – organic fertilization
(without organic fertilization and sludge from the sewage
treatment plant in Siedlce, in a dose which introduced to
the soil 2 g C . kg-1of soil); III – varied rates of soil contamination with nickel (without nickel, 50 and 100 mg Ni
.
kg -1 of soil, by application of NiCl2 . 6 H2O). Soil formation used in the experiment was collected from the
arable layer of 0 – 20 cm of podzolic soil, of granulometric
composition of heavy loamy sand. A test plant was cock’sfoot (Daktylis glomerata L.), which was harvested in each
vegetation season in four cuts. The soil was examined after
each cut of the test plant. All factors examined in the
experiment significantly diversified the features under
analysis, but their effect was not always explicit and depended both on the feature and the time of collecting samples for analysis. The applied liming resulted in reduction
of the activity of acid phosphatase, organic carbon content
and total nitrogen in the soil under examination, and caused
an increase in the activity of alkaline phosphatase and pH.
A higher content of carbon and nitrogen, and a higher
activity of all enzymes were found in the objects where
sludge was applied, as compared to the objects where
organic fertilization was not used. Growing amounts of
nickel in the soil did not significantly diversify the features under analysis. The rate of nickel introduced to soil
in this experiment did not result in any significant changes in the activity of the enzymes under examination,
which can be explained by its small doses.

* Corresponding author

1. INTRODUCTION
Cultivation, fertilization and contamination of soil with
heavy metals modify its physico-chemical characteristics,
as well as change its biological activity [1-5]. Biological
activity of soil, which includes all compounds and energy
transformations occurring in it, can be measured by its enzymatic activity [6, 7] depending on the type of soil, its
profile depth, content of organic carbon and nitrogen [1, 2],
pH [8, 9], cultivation technologies [10, 11], plant cover [12]
and the content of heavy metals [13-15]. Contamination
with heavy metals is often of a permanent nature, which is
related to the slow process of soil self-purification. The
group of heavy metals includes nickel, which in small
amounts is necessary for the growth and development of
living organisms, but which is toxic when it occurs in
excess [16]. Monitoring studies carried out in recent years
revealed increased amounts of nickel of anthropogenic
origin in the soil environment, which results from extensive application of this element in various branches of industry. The main sources of soil contamination with nickel
include galvanising and paper-making industries, refineries, steelworks, factories producing artificial fertilizers as
well as improper fertilization with organic, waste type substances, such as sewage or sludge. Soil contamination with
nickel has an unfavourable effect on the activity of selected
soil enzymes. This was proven, among others, by Wyszkowski and Wyszkowska [17, 18], who showed that soil
contamination with nickel resulted in reduced activity of
dehydrogenase, urease, acid phosphatase and alkaline phosphatase. In research by these authors, nickel brought about
the highest changes in the activity of urease and the lowest changes in the activity of acid phosphatase.
The aim of this study was to describe the effect of
soil contamination with nickel, taking into account various rates of liming and organic fertilization, on the activity of selected soil enzymes – urease, acid and alkaline
phosphatase, as well as on the carbon content in organic
compounds, total nitrogen and pH in soil, after subsequent harvests of cock’s-foot grass.
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2. MATERIAL AND METHODS
The research concerned soil after a two-year pot experiment conducted in three replications using a completely
random design. The experiment included the following
factors: I – liming (0 Ca and Ca according to 1 Hh of soil
using CaCO3); II – organic fertilization (without organic
fertilization and sludge from sewage treatment plant in
Siedlce, applied in a dose which introduced into the soil
2 g C . in organic compounds . kg-1 of soil); III – varied
rates of soil contamination with nickel (0 Ni, 50 and 100 mg
Ni . kg-1 of soil, with application of NiCl2 . 6H2O in the form
of aquatic solution). Cock’s-foot (Dactylis glomerata L)
was used as a test plant species. It was cultivated for
120 days and harvested four times during its vegetation
period, at 30-day intervals. Seeds of the grass were sown
each year of study, in the amount of 0.5 g . pot-1. Soil
formation used in the experiment was collected from the
layer of 0-20 cm of podzolic soil, of granulometric composition of heavy loamy sand. Before establishing the experiment, pH was determined in 1 M KCl, which amounted
to 5.6, and the content of selected microelements was analysed (g . kg-1 of soil): Ntotal – 0.98 and Corg. – 7.9. The
content of phosphorus and potassium in available forms
amounted to 65 mg P and 75 mg K, respectively . kg-1 of
soil). Additionally, the total content of nickel was determined for the soil formation, which amounted to 5.67 mg
Ni . kg-1 of soil). Allowable content of nickel in arable soils
in Poland should not exceed 100 mg Ni . kg-1 of soil). The
sludge used in the experiment, originating from sewage
treatment plant in Siedlce, contained: dry matter – 18%,
content of macroelements (g . kg-1 of dry matter): C –
371; N – 60.5; P – 31.2; K – 4.28; Ca – 39.6; Mg – 8.42
and nickel – 20.56 mg Ni . kg-1 of dry matter.
15 dm3 pots containing 10 kg of soil material were
placed in additional containers, in order to prevent excessive heat or any leak of the soil solution, and left in the air
in the vegetation hall, where the light intensity and temperature were not measured. The average air temperatures
and precipitation during the vegetation period are provided in Table 1. Humidity of soil in the pots was maintained
on the level of 60% of full water volume.
TABLE 1 - Temperature (0C) and rainfall (mm) during vegetation
period
Month
April
May
June
July
August
September

Temperature average
in month (0C)
8,3
14,5
18,2
18,5
18,6
13,1

Rainfalls [mn]

was determined using the Tabatabai and Bremner method
[20], which consisted in colorimetric determination of pnitrophenol released in hydrolysis of p-nitrophenyl phosphate disodium salt. The carbon in organic compounds was
determined by the oxidising-titration method according to
Kalembasa [21], total nitrogen using the method of elemental analysis on a CHN analyzer with detection of thermal conductivity (ICD), Serie II 2400, manufactured by
Perkin-Elmer, and pH was potentiometrically determined
in a KCl solution of Cm=1mol.dm-3 .
The results obtained in the study were statistically analysed using variation analysis with the distribution of FFisher-Snedecor, according to programme F.R. Anal.var
4.1, while the value of NIR0.05 was calculated using a Tukey test. In order to describe the relations between the
examined features, an analysis of linear correlation was
also carried out.
3. RESULTS AND DISCUSSION
In this study, the activity of urease in the soil under
analysis ranged from 3.62 (the object without a nickel
application after the fourth cut) to 4.41 mg N-NH4 . kg-1 .
h-1 (the object where 100 mg Ni . kg-1 of soil was introduced, after the first cut) [Table 2]. While considering the
time of collecting samples for analysis, the highest average activity of the enzyme under discussion was established in the soil collected after the first cut, and the lower
after the fourth cut.
Liming and organic fertilisation did not result in significant differentiation, but growth trends were established
for both the first and the second factor. The content of
nickel in the soil changed the analysed feature in a statistically proven way only in the case of the soil collected
after the first and the second cut of cock’s-foot, and the
highest activity of the enzyme under analysis was established for soils with the highest rate of contamination with
this metal.
The activity of alkaline phosphatase in the soil under
analysis ranged from 0.48 (the object without nickel application, after the fourth cut) to 0.65 mg PNP . kg-1 . h-1
(the object with 50 g Ni . kg-1 of soil was applied, after the
first cut) [Table 3].
As in the case of urease, the highest average activity
of the enzyme under discussion was established in the soil
collected for the first time, and the lowest was in the soil
collected after the two last cuts of the grass.

21,2
59,1
59,9
70,2
31,3
67,6

The soil was examined after each cut of the test plant.
The activity of urease was determined with the method
of Hoffman and Teicher [19] based on colorimetric determination of ammonia produced after enzymatic hydrolysis of urea. The activity of acid and alkaline phosphatase

The statistical analysis revealed a significant effect of
liming and organic fertilization on the analysed feature,
but only in the case of soil collected after the second and
third cut of the test plant. Both liming and the application
of sludge from the sewage treatment plant in Siedlce resulted in a significant increase in the activity of the examined
enzyme in soils collected on both dates. No significant
differences were established in the activity of alkaline
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phosphatase in the soil collected after the first and the last
cut between limed and non-limed objects, or the object
fertilized and non-fertilized with organic fertilizer. Irrespec-

tive of the date of collecting samples for analysis, the analysis revealed no significant effect of the nickel content in the
soil on the feature under analysis.

TABLE 2 - Urease activity in soil (mg N-NH4/kg/h)
Doses of nickel Cuts
(mg/kg of soil)

0

I
II
III
IV
Mean

50

Mean
100

Mean
Mean

I
II
III
IV
I
II
III
IV
I
II
III
IV

Mean in experiment

Liming
0
Without
Sludges
organic
from Siedlfertilization
ce
4.06
4.32
3.81
3.94
4.01
4.09
3.46
3.79
3.83
4.03
3.84
3.90
3.74
3.79
3.78
3.75
3.62
3.62
3.74
3.76
4.58
4.47
4.06
4.25
4.20
3.79
3.76
3.99
4.15
4.12
4.16
4.23
3.87
3.99
4.00
3.88
3.61
3.80
3.91

3.97

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

Mean
4.19
3.87
4.05
3.62
3.93
3.87
3.76
3.76
3.62
3.75
4.52
4.15
3.99
3.87
4.13
4.19
3.93
3.93
3.70
3.94
I cut
n.s.
n.s.
0,25

Ca to 1 Hh
Without
Sludges
organic
from Siedlfertilization
ce
4.49
4.61
4.04
4.10
3.86
4.17
3.53
3.73
3.98
4.15
4.10
4.17
3.74
3.81
3.65
3.73
3.58
3.79
3.77
3.87
4.25
4.35
4.21
4.30
4.18
4.26
3.80
3.51
4.11
4.10
4.28
4.38
4.00
4.07
3.88
4.05
3.64
3.68
3.95
II cut
n.s.
n.s.
0,16

4.04
III cut
n.s.
n.s.
n.s.

Mean
4.55
4.07
4.01
3.63
4.06
4.13
3.77
3.68
3.68
3.81
4.30
4.25
4.22
3.65
4.10
4.33
4.03
3.97
3.65
3.99
IV cut
n.s.
n.s.
n.s.

Mean

Mean

Without
Sludges
organic
from Siedlfertilization
ce
4.27
4.46
3.92
4.02
3.93
4.13
3.49
3.76
3.90
4.09
3.97
4.03
3.74
3.80
3.71
3.74
3.60
3.70
3.75
3.82
4.41
4.41
4.13
4.27
4.19
4.02
3.78
3.75
4.13
4.11
4.22
4.30
3.93
4.03
3.94
3.96
3.63
3.74

4.37
3.97
4.03
3.62
4.00
4.00
3.76
3.72
3.65
3.78
4.41
4.20
4.10
3.76
4.12
4.23
3.98
3.95
3.68

3.93

4.01

3.96

TABLE 3 - Alkaline phosphatase activity in soil (mg PNP/kg/h)
Doses of nickel Cuts
(mg/kg of soil)

0

I
II
III
IV

50

I
II
III
IV

100

I
II
III
IV

Mean

Mean

Mean
Mean

Mean in experiment

I
II
III
IV

Liming
0
Without
Sludges
organic
from Siedlfertilization
ce
0.54
0.63
0.55
0.65
0.44
0.51
0.42
0.46
0.49
0.56
0.60
0.62
0.51
0.56
0.47
0.56
0.45
0.45
0.51
0.55
0.53
0.61
0.57
0.64
0.42
0.50
0.49
0.55
0.50
0.57
0.56
0.62
0.54
0.62
0.44
0.52
0.45
0.49
0.50
0.56

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

Mean
0.58
0.60
0.47
0.44
0.52
0.61
0.53
0.51
0.45
0.52
0.57
0.60
0.46
0.52
0.54
0.59
0.58
0.48
0.47
0.53
I cut
n.s.
n.s.
n.s.

Ca to 1 Hh
Without
Sludges
organic
from Siedlfertilization
ce
0.58
0.68
0.66
0.67
0.50
0.53
0.50
0.57
0.56
0.61
0.68
0.70
0.53
0.67
0.54
0.57
0.49
0.58
0.56
0.63
0.65
0.67
0.60
0.62
0.48
0.57
0.53
0.60
0.56
0.61
0.64
0.68
0.60
0.65
0.51
0.56
0.51
0.58
0.56
0.62
II cut
III cut
0.042
0.042
0.042
0.042
n.s.
n.s.
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Mean
0.63
0.66
0.51
0.53
0.58
0.69
0.60
0.55
0.53
0.59
0.66
0.61
0.52
0.56
0.59
0.66
0.62
0.53
0.54
0.59
IV cut
n.s.
n.s.
n.s.

Mean

Mean

Without
Sludges
organic
from Siedlfertilization
ce
0.56
0.65
0.60
0.66
0.47
0.52
0.46
0.51
0.52
0.58
0.64
0.66
0.52
0.61
0.50
0.56
0.47
0.51
0.53
0.58
0.59
0.64
0.58
0.63
0.45
0.53
0.51
0.57
0.53
0.59
0.60
0.65
0.57
0.63
0.47
0.54
0.48
0.53
0.53
0.59

0.60
0.63
0.49
0.48
0.55
0.65
0.56
0.53
0.49
0.56
0.61
0.60
0.49
0.54
0.56
0.62
0.60
0.50
0.50
0.55
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In this study, the activity of acid phosphatase in the
soil under analysis ranged from 0.55 (the object without
nickel application, after the fourth cut) to 0.78 mg PNP .
kg-1 . h-1 (the object where 100 mg Ni . kg-1 of soil was
introduced, after the third cut) [Table 4].
The highest average activity of the enzyme under discussion was established in the soil collected on the first
and the second date, while the lowest was in the soil collected in the fourth date.

Liming resulted in a significant reduction of the activity of the enzyme under examination in the soil collected
after the second cut of cock’s-foot, without diversifying
its activity in the soil collected on other dates. A stimulating effect of organic fertilization on the feature under
discussion was marked in the soil collected after the second, third and fourth cuts of the grass.

TABLE 4 - Acid phosphatase activity in soil (mg PNP/kg/h).
Cuts
Doses of nickel
(mg/kg of soil)

I
II
III
IV

0
Mean

I
II
III
IV

50
Mean

I
II
III
IV

100
Mean
Mean

Mean in experiment

I
II
III
IV

Liming
0
Without
Sludges
organic
from Siedlfertilization
ce
0.64
0.73
0.73
0.79
0.70
0.78
0.52
0.65
0.65
0.74
0.68
0.66
0.73
0.80
0.73
0.79
0.55
0.59
0.67
0.71
0.66
0.64
0.74
0.78
0.79
0.80
0.57
0.59
0.69
0.70
0.66
0.68
0.73
0.79
0.74
0.79
0.55
0.61
0.67
0.72

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

Mean
0.68
0.76
0.74
0.58
0.69
0.67
0.76
0.76
0.57
0.69
0.65
0.76
0.79
0.58
0.69
0.67
0.60
0.76
0.58
0.65
I cut
n.s.
n.s.
n.s.

Ca to 1 Hh
Without
Sludges
organic
from Siedlfertilization
ce
0.63
0.69
0.65
0.75
0.64
0.75
0.46
0.59
0.59
0.69
0.64
0.63
0.67
0.69
0.68
0.73
0.50
0.65
0.62
0.67
0.60
0.65
0.74
0.78
0.76
0.80
0.49
0.57
0.65
0.70
0.62
0.66
0.69
0.74
0.69
0.76
0.48
0.60
0.62
0.69
II cut
III cut
0.044
n.s.
0.044
0.046
n.s.
0.069

Mean
0.66
0.70
0.69
0.52
0.64
0.63
0.68
0.70
0.57
0.64
0.62
0.76
0.78
0.53
0.67
0.64
0.71
0.72
0.54
0.65
IV cut
n.s.
0.041
n.s.

Mean

Mean

Without
Sludges
organic
from Siedlfertilization
ce
0.63
0.71
0.69
0.77
0.67
0.76
0.49
0.62
0.62
0.71
0.66
0.64
0.70
0.74
0.70
0.76
0.52
0.62
0.64
0.69
0.63
0.64
0.74
0.78
0.77
0.80
0.53
0.58
0.67
0.70
0.64
0.66
0.71
0.76
0.71
0.77
0.51
0.61
0.64
0.70

0.67
0.73
0.71
0.55
0.66
0.65
0.72
0.73
0.57
0.66
0.63
0.76
0.78
0.55
0.68
0.65
0.74
0.74
0.56
0.67

TABLE 5 - pH in 1 M KCl of soil.
Doses of nickel
(mg/kg of soil)

0

50

100

Cuts

Liming according to Hh
0Hh

I
II
III
IV
I
II
III
IV
I
II
III
IV

Without organic
fertilization
6.90
6.35
6.10
6.52
6.63
6.68
5.91
6.49
6.43
6.61
6.11
6.01
I cut

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

0.045
0.045
n.s.

1 Hh
Sludges
from Siedlce
6.55
6.20
6.21
6.71
6.58
6.93
6.33
6.52
6.41
6.30
6.46
6.53
II cut
III cut
0.169
n.s.
n.s.
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0.233
n.s.
n.s.

Without organic
fertilization
7.35
7.38
7.00
7.40
7.24
7.31
7.32
7.33
7.35
7.33
7.32
7.35
IV cut
0.352
n.s.
n.s.

Sludges
from Siedlce
7.10
7.40
7.08
7.45
7.27
7.40
7.38
7.26
7.36
7.30
7.32
7.26
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Diversified nickel content in the soil affected the activity of acid phosphatase only in the case of the soil collected on the third date and its highest activity was established in the objects of the highest rate of nickel contamination (100 mg Ni . kg-1 of soil).
Table 5 presents the pH value of the soil collected after subsequent cuts of cock’s-foot grass, determined in the
KCl solution, with a concentration of 1 mol . dm-3, which
ranged from 5.91 to 7.45. Although two years had passed
since the application of lime fertilization (irrespective of
the date of collecting samples for analysis), in most cases
the limed soil was characterized by higher pH than the soil
that was not subject to liming. The application of organic
fertilization modified the feature under analysis only in the
soil after the first cut, causing a statistically proven reduction of pH. Soil contamination with nickel did not have
any significant effect on its pH value.
In conditions of the research conducted, the average
content of carbon in the organic compounds in the soil
under analysis ranged from 6.70 (the object without nickel
application, after the second cut) to 8.77 g C . kg-1 of soil
(the object where 50 mg Ni . kg-1 of soil was applied, after
the first cut), and was significantly diversified not only under the influence of liming and organic fertilization, but
also depending on the date of collecting material for analysis (Table 6).
The statistical analysis proved that liming resulted in
reduction of the discussed element in the soil, irrespective
of the date when it was sampled for analysis. In turn, or-

ganic fertilization caused an increase in the carbon content
in organic compounds in the soil collected after the first,
the third and the fourth cuts of the test plant.
The third of the factor examined in the experiment –
soil contamination with nickel, did not significantly differentiate the feature under analysis. While considering sampling dates, the highest content of the element under discussion was established in the soil collected after the first
cut of the grass (8.28 g . kg-1 of soil), and the lowest was
in the soil collected after the second cut (7.14 g . kg-1 of
soil).
Total nitrogen content in the examined soil ranged
from 0.57 (the object without nickel application, after the
second cut) to 0.84 g N . kg-1 of soil (the object where 50 mg
Ni . kg-1 of soil was applied, after the first cut) and it significantly varied, both depending on factors examined in the
experiment, as well as the date of collecting samples for
analysis (Table 7).
Diversified nickel content in the soil affected the activity of acid phosphatase only in the case of the soil collected on the third date and its highest activity was established in the objects of the highest rate of nickel contamination (100 mg Ni . kg-1 of soil).
Liming resulted in a reduction of the nitrogen content
in the soil collected after the first three cuts of cock’s-foot
(on average by 17% – the first cut, 37.3% – the second cut
and 13% – the third cut), without differentiating its content in soil collected after the last cut.

Doses of
nickel
(mg/kg of
soil)

TABLE 6 - Organic carbon content in soil (g/kg of soil).
Cuts

I
II
III
IV

0
Mean

I
II
III
IV

50
Mean
100
Mean
Mean

Mean in experiment

I
II
III
IV
I
II
III
IV

Liming
0
Without
Sludges
organic
from Siedlfertilization
ce
8.95
9.50
8.50
7.90
7.90
8.40
7.45
9.10
8.20
8.72
9.60
10.1
9.50
7.95
7.65
10.2
8.00
8.65
8.69
9.22
8.20
9.65
6.75
7.60
8.95
8.95
7.35
9.65
7.81
8.96
8.92
9.75
8.25
7.82
8.17
9.18
7.60
9.13
8.23
8.97

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

Mean
9.22
8.20
8.15
8.27
8.46
9.85
8.72
8.92
8.32
8.95
8.92
7.17
8.95
8.50
8.38
9.33
9.33
8.67
8.36
8.92
I cut
n.s.
n.s.
n.s.

Ca to 1 Hh
Without
Sludges
organic
from Siedlfertilization
ce
6.30
9.85
5.56
4.85
7.20
7.70
7.10
9.55
6.54
7.99
7.30
8.10
6.20
6.60
7.30
8.25
5.20
8.95
6.50
7.97
5.95
5.95
7.25
7.05
5.80
7.20
5.90
7.00
6.22
6.80
6.52
7.97
6.34
6.17
6.77
7.72
6.07
8.50
6.42
7.59
II cut
III cut
0.950
0.520
0.950
0.520
n.s.
n.s.
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Mean
8.07
5.20
7.45
8.32
7.26
7.70
6.40
7.77
7.07
7.23
5.95
7.15
6.50
6.45
6.51
7.24
6.25
7.24
7.28
7.00
IV cut
0.634
0.634
n.s.

Mean

Mean

Without
Sludges
organic
from Siedlfertilization
ce
7.62
9.67
7.03
6.37
7.55
8.05
7.27
9.32
7.37
8.35
8.45
9.10
7.85
7.27
7.47
9.22
6.60
8.80
7.59
8.60
7.07
7.80
7.00
7.32
7.42
8.07
6.62
8.32
7.03
7.88
7.71
8.86
7.29
6.99
7.48
8.45
6.83
8.81
7.33
8.28

8.64
6.70
7.80
8.29
7.86
8.77
7.56
8.34
7.70
8.09
7.43
7.16
7.74
7.47
7.45
8.28
7.14
7.69
7.82
7.80
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TABLE 7 - Total nitrogen content in soil (g/kg-1 of soil).
Cuts
Doses of nickel
(mg/kg of soil)

I
II
III
IV

0
Mean

I
II
III
IV

50
Mean

I
II
III
IV

100
Mean
Mean

Mean in experiment

I
II
III
IV

Liming
0
Without
Sludges
organic
from Siedlfertilization
ce
0.85
0.90
0.80
0.55
0.65
0.80
0.65
0.90
0.73
0.78
0.85
1.05
0.85
0.70
0.75
1.05
0.70
0.90
0.78
0.92
0.75
1.00
0.70
0.75
0.85
1.00
0.70
0.90
0.75
0.91
0.82
0.98
0.78
0.67
0.75
0.95
0.68
0.90
0.75
0.87

LSD(0.05) for : liming
LSD(0.05) for : organic fertilization
LSD(0.05) for : doses of nickel

Mean
0.87
0.67
0.72
0.77
0.75
0.95
0.77
0.90
0.80
0.85
0.87
0.72
0.92
0.80
0.82
0.90
0.72
0.85
0.79
0.81
I cut
0.077
0.077
0.116

Ca to 1 Hh
Without
Sludges
organic
from Siedlfertilization
ce
0.55
0.90
0.45
0.50
0.60
0.60
0.70
0.95
0.57
0.73
0.70
0.80
0.50
0.55
0.60
0.80
0.60
0.90
0.60
0.76
0.55
0.50
0.65
0.65
0.55
0.65
0.60
0.90
0.58
0.67
0.60
0.73
0.53
0.57
0.58
0.68
0.63
0.92
0.58
0.72
II cut
III cut
0.060
0.057
n.s.
0.057
0.090
0.086

Mean
0.72
0.42
0.60
0.82
0.65
0.75
0.52
0.70
0.75
0.68
0.52
0.65
0.60
0.75
0.63
0.66
0.53
0.63
0.77
0.65
IV cut
n.s.
0.131
n.s.

Mean

Mean

Without
Sludges
organic
from Siedlfertilization
ce
0.70
0.90
0.62
0.52
0.62
0.70
0.67
0.92
0.65
0.76
0.77
0.92
0.67
0.62
0.67
0.92
0.65
0.90
0.69
0.84
0.62
0.75
0.67
0.70
0.70
0.82
0.65
0.90
0.66
0.79
0.70
0.86
0.65
0.61
0.66
0.81
0.66
0.91
0.67
0.80

0.80
0.57
0.66
0.79
0.70
0.84
0.64
0.79
0.77
0.76
0.68
0.68
0.76
0.77
0.72
0.77
0.63
0.74
0.78
0.73

TABLE 8 - The significient values of correlation coefficient between estimated parameters investigated in experiment

Urease

Alkaline
phosphatase
Acid phosphatase

Cuts

Urease

I
II
III
IV
I
II
III
IV
I
II
III
IV

1
1
1
1
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.

Alkaline
phosphatase
n.s.
n.s.
n.s.
n.s.
1
1
1
1
n.s.
n.s.
n.s.
n.s.

Acid
phosphatase
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
1
1
1
1

pH in 1M KCl
n.s.
n.s.
n.s.
n.s.
n.s.
n.s.
+0,61**
+0,58*
n.s.
n.s.
n.s.
n.s.

Organic
carbon
n.s.
n.s.
n.s.
n.s.
n.s.
-0,59*
n.s.
n.s.
+0,68**
n.s.
n.s.
+0,77**

Nitrogen total
n.s.
n.s.
n.s.
n.s.
n.s.
-0,61**
n.s.
n.s.
n.s.
n.s.
+0,62**
+0,81**

*p = 0,05
** p = 0,01

A significantly larger nitrogen content was established for the objects where the sludge originating from
the sewage treatment plant in Siedlce was used, as compared to non-fertilized objects and, in the case of soil
collected on the first, third and fourth dates, these were
statistically proven differences. The statistical analysis
also revealed a reduction in the content of the element
under analysis in the soil contaminated with nickel in the
amount of 100 mg Ni . kg-1 of soil, collected after the
three first cuts of the grass.
With reference to the time when the material was collected for analysis, a higher average content of the element under analysis was established in the soil collected

after the fourth cut (0.78 g N ; kg-1 of soil), and the lowest
was in the soil collected after the second cut (0.63 g N .
kg-1 of soil).
Statistical analysis revealed significant dependencies
between the examined parameters in the soil collected
after subsequent harvests of the test plant. The values of
correlation factors are given in Table 8.
Significant and highly significant dependencies between
the activity of alkaline phosphatase and the pH of the soil
collected after the third and the fourth cut of the cock’sfoot (Dactylis glomerala L.) deserve particular emphasis,
as this confirms the results obtained by Dick [1, 2], as
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well as Koper and Lemantowicz [7], who established a significant growth in the activity of the enzyme under discussion under the influence of an increasing value of soil pH.
The results obtained in own research revealed that the optimal value of pH for the activity of alkaline phosphatase
was 7.24. Bielińska [22], Wyczółkowski and Dąbek- Szerniawska [23] considered pH ranging from 8 to 10 to be
optimal for alkaline phosphatase, from 4 to 6 for acid
phosphatase and about 7 for urease.
Own research did not prove any significant correlation between the activity of acid phosphatase or urease and
soil pH, but the optimal pH for activity of acid phosphatase
was determined as 6.46 and 7.10 for urease.
The statistical analysis also revealed significant dependencies between the activity of alkaline phosphatase and
carbon content in organic compounds and total nitrogen in
the soil collected after the second cut of the test plant.
Additionally, high values of correlation coefficients were
found between the activity of acid phosphatase and carbon
content in organic compounds in the soil collected after the
first and the fourth cut of the grass, and between the activity of the enzyme under discussion and the content of total
nitrogen in the soil collected after the third and the fourth
cut, which confirms previous research [3, 4].
The experiment under discussion did not examine soil
respiration, but as follows from the data provided in the
literature [24, 25], there is a close dependency between the
enzymatic activity of soil and its respiration, which could
be a subject of further experiments.
The results of this research indicate that although liming was applied two years before, this treatment contributed to pH growth, increased the activity of alkaline phosphatase and urease, and decreased the activity of acid phosphatase and carbon content in organic compounds and total
nitrogen in the analysed soil. A stimulating effect of liming
on the activity of alkaline phosphatase and urease was
demonstrated in previous works [3, 4]. The second factor
analysed in the experiment, organic fertilization, in most
cases increased the activity of all enzymes under analysis, which is consistent with the results of research obtained by Krzywy-Gawrońska et al. [14]. A stimulating
effect of the application of waste organic matter on carbon content in organic compounds and total nitrogen in
soil was also observed by other researchers [4, 10].

effects of increased amounts of nickel in soil on its enzymatic activity.
To summarize, it should be stated that the analysed
factors did not explicitly diversify the features under analysis (the activity of urease, alkaline and acid phosphatase,
pH, organic carbon content and total nitrogen) in the soil
collected after subsequent cuts of cock’s-foot. What is
particularly interesting to note, it is an increase in the activity of alkaline and acid phosphatase and organic carbon
and nitrogen under the influence of organic fertilization,
which corresponds to the previously conducted research [3]
and research carried out by other authors [14].
It should also be emphasized that the rate of soil contamination with nickel (50 and 100 mg Ni . kg-1 of soil)
did not result in any significant changes in the activity of
the enzymes under examination, which is contarary to the
results obtained by Wyszkowska and Wyszkowski [17,
18], who found a negative effect of large amounts of nickel
in soil on the activity of urease and other soil enzymes.
4. CONCLUSIONS
1. The application of liming resulted in a decrease in the
activity of acid phosphatase, carbon content in organic
compounds and total nitrogen, while stimulating the
activity of alkaline phosphatase and increasing pH in the
examined soil.
2. Organic fertilization in most cases resulted in a statistically significant increase in the activity of alkaline and
acid phosphatase, as well as organic carbon and total nitrogen in the soil under examination.
3. Soil contamination with nickel in the amount of 50
and 100 mg Ni . kg-1 of soil did not significantly differentiate the activity of the examined enzymes or
physico-chemical characteristics of the examined soil.
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DISTRIBUTION PROFILE OF POLYBROMINATED DIPHENYL
ETHERS IN THE SEDIMENTS AND FISH TISSUE IN AN URBAN
LAKE, CENTRAL CHINA
Jianxiong Kang*, Jing Xiao, Shuangshuang Li, Hongliang Li, Weiqiang Shen, Daosheng Li and Dongqi Liu*
School of Environmental Science and Engineering, Huazhong University of Science and Technology, No.1037 Luoyu Road, Wuhan 430074, P.R. China

ABSTRACT
8 PBDE congeners (BDE-28, -47, -100, -99, -154, -153,
-183, and -209) were analyzed at 52 samples including
3 water samples, 43 sediment cores, and 6 fish axial muscle samples collected from a typical urban lake in Central
China. The total PBDEs concentration in two sediment cores
showed an increasing trend in early sediment layers presented a decreasing trend in more recent layers. The inventory and annual surficial flux of total PBDEs were estimated
as 204.9 ng cm -2 and 5.83ng cm -2 yr-1, respectively.
PBDEs was not detected in water samples, while BDE99,
BDE154, BDE153, and BDE183 were detected in axial
muscle of Hypophthalmichthys molitrix and Aristichthys
nobilis, with the total PBDEs concentrations ranged from
1.01 to 2.23ng/g and from 0 (<LOQ) to 2.79ng/g, respectively.

biles [4]. Reports showed ubiquitous distribution of PBDEs
in the environment including Taizhou [5], Coast of Qingdao [6], Hong Kong [7, 8], South China Sea [9, 10], Yangtze River Delta [11], and Pearl River Delta [12-16]. However, no information is available for PBDEs in urban lakes
in China, despite of the fact that these lakes are generally
served as drinking water source and fishery producer.
In the present study, surface and core sediments, water samples, and fish samples were collected from a typical urban lake in Wuhan city, China. The distribution of
PBDEs in these samples was investigated. The data from
this work might be useful to assess the overall contamination status of PBDEs compounds in the Chinese urban lake
environment and also to urge local government to undertake some effective measures to control the emission of
these particular contaminants and thereby reduces the potential public health risks.

KEYWORDS: Polybrominated diphenyl ethers (PBDEs); Sediment core; Fish tissue; Distribution; Nanhu Lake

2. MATERIALS AND METHODS
2.1 Sampling site and sample collection

1. INTRODUCTION
Polybrominated diphenyl ethers (PBDEs), the second
highest production of brominated flame retardants (BFRs)
[1], are received increasing public concerns due to their
potential long-term toxic, bioaccumulative, and endocrine
disrupting effects on humans and wildlife [2].
With the rapid growth of manufacturing activities for
electronic and telecommunication equipment (ETE), China
becomes one of the major consumers of BFRs in the world,
and the consumption of PBDEs, one group of BFRs, is
showed in a great increasing trend in the past 20-30 years
[3]. As to Deca-BDE mixture, the estimated domestic production has increased from 10,000 to about 30,000 tons in
the 2000 to 2005 period due to the rapid growth of manufacturing activities, e.g., electronic products and automo* Corresponding author

The Nanhu Lake (E114°21′, N30°29′) is a typical urban lake along the middle reaches of Yangtze River with
a drainage area 764 hm2 and an average depth of 2.0 m,
located in southwest of Hongshan District, Wuhan City. It
is the second-largest lake within Wuhan, and it is also one
of the drinking water sources and a major aquatic products
supplier for the people around Wuhan City which populated with nearly 100 millions people. Three sediment cores,
three water samples, and six fish samples collected from
Nanhu Lake (Fig. 1) were analyzed in this study. Detailed
sample locations are given in Table 1. Sedimentation rate
was estimated by using a 210Pb and 137Cs (dpm) investigation from a previous work in the same area [17]. The sediment cores were collected using a Beeker sediment sampler
and the cores were segmented at 2 cm intervals onboard.
The depths of three cores were approximately 30 cm. All
these samples were transported at -40 ℃ and stored in amber glass bottles at -20℃ for future use. The parallel double
water samples were obtained by a 500 ml jar from the 0.5 m
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baked at 180 ℃ for 12 h. Sodium sulfate was baked at 450
℃ and stored in sealed containers.
2.3 Extraction and cleanup
2.3.1 Sediment samples

FIGURE 1 - Sampling locations in Nanhu Lake, Wuhan, China.
Closed circle, sediment core

under the lake surface in every sediment sampling site. All
the water samples were stored at 4 ℃ in dark until further
use. Two fish species, 3 Hypophthalmichthys molitrix (silver carp) and 3 Aristichthys nobilis (bighead carp) were
collected by gill nets near the sampling sites (Fig. 1). Hypophthalmichthys molitrix feeds mainly on phytoplankton
whereas Aristichthys nobilis lives primarily on zooplankton, thereby it can be used to evaluate the relatively concentration of PBDEs in phytoplankton and zooplankton.
Table 2 shows the biological characteristics including body
mass and length of both species.
2.2 Materials

The PBDEs (BDE28, BDE47, BDE100, BDE99,
BDE154, BDE153, BDE183 and BDE209) analytical
standards were obtained from AccuStandard (USA).
13
C-PCB141, 13C-PCB208 and PCB209 were purchased
from Cambridge Isotope Laboratories Inc. (USA). Dichloromethane, acetone and hexane were GC grade. All
solvents and reagents used in the extraction and cleanup
procedures were AR grade, and all organic solvents were
re-distilled using glass system. Neutral silica gel (80-100
mesh) was extracted with a mixture of dichloromethane
and hexane (1:1) for 1 h using an ultrasonic extractor.
Upon drying under room temperature, silica gel was

Sediment samples were air-dried, ground, and homogenized by sieving through a stainless steel 80 mesh
(0.2 mm) sieve and stored in glass containers at -20 ℃ for
future use. 10 g of dried samples were transferred to a conical flask and spiked with surrogate 13C-PCB141 (100 µL,
200 ng mL-1) and PCB209 (100 µL, 200 ng mL-1). The
samples were then extracted in an ultrasonic extractor with
a mixture of acetone and hexane (1:1) for 0.5 h for two
times. 2 g activated copper granules and 3 g anhydrous
sodium sulfates were added to the extraction flasks during
the extraction to remove elemental sulfur and water, respectively. The extracts were then concentrated to about 2 mL
with rotary evaporator, solvent-exchanged to hexane, and
cleaned-up by elution through a glass column (40 cm long
× 1.5 cm i.d.) filled with 1g neutral silica gel, 4g alkaline
silica gel (33%, w/w), 1 g neutral silica gel, 8 g sulfuric
acid silica gel (40%, w/w), 2 g silver nitrate silica gel
(10%,w/w), and 2 g anhydrous sodium sulfate. The column
was eluted with 40 mL hexane: dichloromethane (1:1, v/v).
Subsequently, the eluant was reduced in volume by rotary
evaporator to about 1 mL. Prior to GC-MS analysis, the
1 mL extract was brought up to 2.0 mL by adding the
solvent and 13C-PCB208 (10 µL, 200 ng mL-1) as internal
standard [18, 19].
2.3.2 Water samples

10 ml water sample was filtered through a 0.22 µm
filter and then transferred to a 15 mL glass-centrifuge tube
with 500 µL hexane. The tube with the mixture was immersed into an ultrasonic bath for 5 min at 35 ± 2 °C [20].
The emulsion was centrifuged at 3500 rpm (1852.2 × g)
for 2 min in order to disrupt the emulsions and separate
the solvent from the aqueous phase. After centrifugation,
extraction solvent was transferred to a separatory funnel.
The subsequent procedures are the same as described
above.
2.3.3 Fish samples

Six fishes including three Hypophthalmichthys molitrix
and three Aristichthys nobilis (See Table 2) were captured
from Nanhu Lake. These two species are main species
covering around 99% of total fish catches per year in Nanhu

TABLE 1 - Sampling location, concentrations of ΣPBDEs, and surface concentrations of BDE209 in sediment cores.
Sample location
Station
1#
2#
3#

Longitude
E114°20′12.4″
E114°20′39.3″
E114°21′47.2″

Concentration (ng g-1 dry wt)
ΣPBDEs (Mean)
0.1-15.9 (3.4)
0.2-1.5 (0.5)
0.3-4.0 (1.2)

Latitude
N30°29′51″
N30°29′42″
N30°29′36.7″
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TABLE 2 - Details of freshwater fishes from Nanhu Lake
Numbering of fish
silver carp 1
silver carp 2
silver carp 3
bighead carp 1
bighead carp 2
bighead carp 3

Location
E114°20'52"

N 30°29'33"

Weight(kg)
1.72
1.80
1.54
1.70
1.82
1.80

Lake [21]. All samples were wrapped in pre-cleaned aluminum foil and stored at -20°C until chemical analysis.
Analysis was performed following the procedure described
by Martínez-Parreño et al. [22] with minor modification.
Fish tissues (axial muscles) were treated by the vacuum
freeze drier and homogenized by sieving through a stainless steel 80 mesh (0.2 mm) sieve, and then grounded to
fine powder with activated sodium sulfate and copper granules, stored in glass containers at -20 ℃ before further
use. 5.0 g of muscle tissue was transferred to a conical flask
and spiked with surrogate 13C-PCB141 (100 µL, 200 ng/
mL) and PCB209 (100 µL, 200 ng/mL). The samples were
then extracted twice in an ultrasonic extractor with a mixture of acetone and hexane (1:1, v/v) for 0.5 h. 2 g activated copper granules and 3 g anhydrous sodium sulfates
were added to the extraction flasks during the extraction
to remove elemental sulfur and water, respectively. The
extracts were then concentrated to 2 mL with rotary evaporator, solvent-exchanged to hexane, and cleaned-up by
elution through a glass column (40 cm long × 1.5 cm i.d.)
filled with 1g neutral silica gel, 4g alkaline silica gel (33%,
w/w), 1 g neutral silica gel, 8 g sulfuric acid silica gel
(40%,w/w), 2 g silver nitrate silica gel (10%,w/w), and 2 g
anhydrous sodium sulfate. The column was eluted with
40 mL hexane: dichloromethane (1:1, v/v). Subsequently,
the eluant was concentrated again to 1 mL on a rotary evaporator. Prior to GC-MS analysis, 1 mL extract was brought
up to exactly 2.0 mL by adding the solvent and 13C-PCB208
(10 µL, 200 ng/mL), added as internal standard for GC/MS
analysis.
2.4 Instrumental analysis

The quantitative analyses of PBDEs were performed
on an Agilent 7890A (Wilmington, USA) gas chromatograph (GC) coupled with a 5975C mass spectrometer (MS),
using electron-capture negative chemical ionization (NCI)
ion source in the selective ion-monitoring [23] mode. A
HP-5MS (30 m × 0.25 mm × 0.25 mm, J&W Scientific,
Agilent) capillary column was used for the separation of
tri- to hepta-BDE congeners (BDE28, 47, 100, 99, 154, 153
and 183), with helium as the carrier gas at flow rate of 1 mL
min-1. BDE209 was analyzed separately using a shorter
column, DB-5MS (15 m × 0.25 mm × 0.10 µm, J&W Scientific, Agilent).
Quantification was performed using an internal calibration method (five to six concentration levels), and the
internal standard 13C-PCB208 was used to normalize the

Length(cm)
54.1
53.6
51.4
51.2
52.2
54.4

Biological information
filter-feeder fish, eat phytoplankton

filter-feeder fish, eat zooplankton

peak areas in PBDE quantification. The concentration
ranges of the calibration standards were 0.1-100 ppb for
BDE28-BDE183, 1-500 ppb for BDE209.
The initial oven temperature was 120 ℃ and increased
to 240 ℃ , then increased to 260℃ at a rate of 3℃ min-1,
finally, increased to 310℃ (held for 5 min) at a rate of 10℃
min-1. Splitless injection of 1 µL sample was performed
with a 5 min solvent delay time. Injector temperature was
at 310℃. Ion fragments m/z 79 and 81 were monitored
for BDE28-BDE183, m/z 372 and 374 for 13C-PCB141,
m/z 498 and 500 for PCB209, m/z 372 and 374 for the
internal standard 13C-PCB208. For BDE209, NCI-MS
was used with the fragment ion of m/z 486 for quantitation, and the m/z 485 and 487 ions were used for confirmation.
2.5 Quality assurance

Before extraction, the sediment samples were spiked
with known amounts of surrogates, including surrogates
PCB209 and 13C-PCB141. A method blank (solvent), a
matrix spikes, and a spiked blank (8 PBDE congeners) were
processed for each batch of 15 samples. 3 sediment samples, usually the middle segment of each core, were analyzed in duplicate.
The limits of quantification (LOQ), defined as 10 times
of the standard deviation of the analyte values in procedural blanks and 10 times of ratio of signal to noise for
analytes which were not detected in procedural blanks.
LOQs for PBDEs (BDE47, 100, 99, 154, 153 and 183, expect BDE209) and BDE209 were 0.1 and 1.0 ng g-1, respectively, with a sample size of 10 g.
3. RESULTS AND DISCUSSION
3.1 Results of quality assurance

The recovery of 13C-PCB141 was in the range of 61.8138.8%, with a mean of 97.4%. The recovery of PCB209
was in the range of 57.4-148.4%, with a mean of 95.8%.
Only trace BDE47 was detected in method blanks, less than
the concentration of LOQs, and no other PBDEs were
found in blanks. The recoveries of PBDEs in spiked blanks
and matrix spikes ranged from 89.7% to 108.0%, 89.8% to
101.0%, respectively. All relative standard deviations of
target compounds for two duplicate samples were less than
20%.
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TABLE 3 - PBDE concentrations in sediment in different parts of the world (ng g-1, dw).
Location
Dongjiang River, China
Pearl River Estuary, China
Hong Kong, China
Xiamen coastal area, China
South China Sea, China
Coast of Qingdao, China
Yangtze River Delta, China
Singapore coastal marine, Singapore
Tokyo Bay, Japan
Coastal location, South Korea
Coastal sediments, Kuwait
Great Lake, USA
San Francisco Estuary, USA
River Tees, UK
River Viskan, Sweden
Coastal sediments, Spain
This study

Date
2006
2002
2004

ΣPBDE
0.7-7.6
0.04-94.7
1.7-52.1
0.1-2.06
0.04-4.48
0.12-5.5
ND-0.55
3.4-13.8
0.05-3.6
0.45-494
0.08-3.8
0.3-6.3
ND-212
1.3-1270.8
8-50
0.16-3.94
0.1-15.9

2002-2004
2002
2003
2007
2004
2001-2002
2005
1995
1998
2002
2008

3.2 Concentrations of PBDEs in the sediment and water
samples

Concentrations of PBDEs of 46 sediment samples from
three sediment cores, three water samples from the fishes
cultured in the lake are quantitatively measured. In the discussion below, “ΣPBDEs” refers to the sum of all PBDE
congeners except BDE209. The concentrations of PBDEs
and surface concentrations of BDE209 at each of the sediment cores are listed in Table 3.
Concentrations of ΣPBDEs, representing the congeners present in the formerly used and banned technical
Penta-BDE and Octa-BDE mixtures [36], ranged from nondetectable to 15.9 ng g-1 dry wt (dw) (shown in Table 3).
BDE209 in surface sediments, representing the Deca-BDE
mixtures presently in the use and banned recently, ranged
from 48.2 to 72.3 ng g-1 dw. High concentrations were
found in the northwest region of the Nanhu Lake, as site 1
(15.9 ng g-1 dw for ΣPBDEs and 72.3 ng g-1 dw for
BDE209). Site 1 is located close to Hongshan section, a
large high-Tech zone of Wuhan. Therefore, the discharges
from manufacturing activities of this zone would be responsible for the high PBDE concentrations in site 1. Sites
2 and 3, located far off the industrial area, showed relative
low PBDE contamination. The occurrence of PBDEs in all
surface sediments clearly demonstrated that the widespread
of these contaminants in the Nanhu Lake. PBDEs have been
found in sediments, shellfish, fish, sea birds and mammals
in Europe and Japan, and in human tissues in the US [3739]. And there is growing concern about their persistence
in the environment and their tendency to bioaccumulate in
the food chain [40]. Recent studies in Canadian Arctic Marine Food web showed that PBDEs are bioaccumulative
[41]. However, relatively little work was performed to
demonstrate whether PBDEs transfer from sediment via
invertebrates and predatory fish to higher trophic levels
such as fish-eating birds. Thereby, more studies should be
carried out with other environmental matrices and biota
including humans for evaluating biomagnification and
risk assessment of these contaminants.

BDE209
30-5700
0.4-7340
ND-2.92
0.41-9.1
0.16-94.6
0.89-85
0.22-493
4-242
0.6-3190
68-7100
2.5-132
48.2-72.3
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It is worth noting that no PBDEs were detected in the
water samples which may ascribe to the inadequate volume of water sample. However, it is more likely due to the
extremely low volatility and poor water solubility of PBDEs
which lead to a rapid deposition to the base of the lake or
adhere to the surface of the microorganisms including zooplankton and phytoplankton.

FIGURE 2 - Vertical profiles of concentrations of ΣPBDEs in the
sediment cores taken from 1#, 2#, and 3#
3.3 Vertical profiles of the sediment samples

As shown in Fig. 2, ΣPBDE in site 1 presents an increasing trend from nondetectable in bottom to 2.6 ng g-1
dw in middle, and reaches to the peak value of 15.9 ng g-1
dw in segment of 6-8 cm, then shows an decreasing trend
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from this peak value to 3.3 ng g-1 dw in surface. While in
site 2, ΣPBDEs maintained between 0.2 to 0.5 ng g-1 dw in
the bottom, and peak at segment 8-10 cm with 1.5 ng g-1
dw, then decreased from 1.5 to 0.9 ng g-1 dw in surface,
although there is some undulation. ΣPBDEs in site 3 does
not show a clear trend, perhaps sediment core in this area
has been disturbed in the sedimentation, but the peak of site
3 reaches to 4.0 ng g-1 dw, higher than site 2.
The usage of Penta-BDE and Octa-BDE was officially
banned in 2006 in China. Detailed data of the historical consumption and production of Penta-BDE and Octa-BDE
mixture in China was not available presently but it was
believed that the consumption of Penta-BDE and OctaBDE mixture had been consistently reduced since the mid
of 1990s [3]. The vertical profiles of ΣPBDEs in sediment
cores in the present study show an increase in Penta-BDE
and Octa-BDE mixture in the past, but decrease in recent
years, it might be attributed to the introduction of DecaBDE or other high efficient and environmentally-friendly
flame retardants in recent years around the study area. Similar temporal trend is also observed in the core sediment
from the Pearl River Estuary, China [42]. These observations indicate that emission of the Penta-BDE and OctaBDE mixture is still going on despite of the phase-out of
Penta-BDE and Octa-BDE. The release of PBDEs to the
environment can occur during the initial synthesis, incorporation into products, the lifetime of such products, and
their disposal as wastes. Since production of Penta-, OctaBDE products was stopped, emission from the lifetime of
products and the e-wastes’ recycling activities might be
two major sources of Penta-BDE and Octa-BDE mixtures.
Therefore, more attention should be paid in future studies
to the disposal of the lifetime of products and the e-wastes’
recycling activities in study area.

3.4 Distribution patterns of congeners in the sediment

As shown in Table 1, BDE209 is clearly the dominant
congener in surface sediment, about 20-100 times higher
than ΣPBDEs by mass. Fig. 3 shows the comparison of
PBDEs (except BDE209) in the sediment cores of present
work. BDE47, BDE154, BDE153 and BDE183 were the
four main PBDE congeners, the highest content of them in
cores were 19.32%, 29.23%, 26.73% and 45.43% of all congeners, respectively, all of which were far higher than other
PBDE congeners (BDE28, BDE100 and BDE99).
Fig. 4 demonstrates the relative content of the four
main PBDE congeners (BDE47, BDE154, BDE153 and
BDE183). Proportion of lower brominated congeners such
as BDE47, BDE154 and BDE153 in the sediments was
lower compared to the BDE183, which may have higher
affinity to sediment particulates than the lower brominated
congeners. On the other hand, the proportion of four main
PBDE congeners is nearly at the same level in cores from
site 1 and site 3, this suggests that the usage patterns of
commercial PBDE products around these two areas were
similar, and PBDE congeners in these sites may be changed
by similar environmental behavior (transfer or degradation).
Previous work showed that BDE183, the marker for
Octa-BDE mixture, is absent in all the sediment cores
collected from Western Europe [43], but this congener
was detected in all the sediment cores in our present
study. It is probably due to the use of Octa-BDE mixture
more intensively in Wuhan. Representative congeners in
Penta-BDE product such as BDE47, BDE99, and BDE100
reflected well in sediments from the Great Lakes [18] and
Pearl River Delta [10]. In contrast, sediments from Nanhu
Lake revealed somewhat different composition, with absence of BDE100, suggesting the use of different types of

20.00
18.00

BDE-28
BDE-47
BDE-100
BDE-99
BDE-154
BDE-153
BDE-183

Concentration(ng/g)

16.00
14.00
12.00
10.00
8.00
6.00
4.00
2.00
0.00

1#

2#

3#

FIGURE 3 - Congener distribution and composition of PBDEs in three sediment cores in Nanhu Lake
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FIGURE 4 - Relative proportion of BDE47, BDE154, BDE153 and BDE183 in three sediment cores

PBDE products in Wuhan. The tetra-BDE mixture used in
Wuhan probably contained less proportion of BDE100
compared to commercial Penta-BDE mixture used in Great
Lakes and Pearl River Delta.
Technical Penta-BDE contains mainly tri-BDE to
hexa-BDE congeners (important congeners BDE28, 47, 99,
100, and 153) and technical Octa-BDE is mainly composed
of higher brominated congeners (with BDE183 being an
important congener). BDE209 is the congener making up
>96% of the currently used Deca-BDE flame retardant. In
our study, Σtri-hepta-BDE leveling off is probably decaBDE rapidly increasing, this conclusion has also been observed in a sediment core from Greifensee, a small shallow lake located close to the city of Zurich [44], and two
sediment cores from Pearl River Delta [42].

coastal marine in Singapore (3.4-13.8 ng g-1 dw) [26], and
in Great Lakes (0.3-6.3 ng g-1 dw) [18, 30, 31], but were
lower than those in San Francisco Bay (0.2-212 ng g-1 dw)
[32], and in coastal sediment in Spain (2.7-134 ng g-1 dw)
[35].
3.6 Inventories and fluxes

Inventory of the contaminants represent the total integrated mass of analytes per unit area, indicating the sum
of historical load of contaminants to a particular location.
The inventory of ΣPBDEs in the site 1 core from Nanhu
Lake was estimated by Eq. (1) suggested by [18], assuming the surface area of the lake bottom equal to the water
surface (764 hm2) and allocating one-third of the area to
each sampling site.
Inventory=ΣCi ρb di

3.5 Geographical comparison

In Table 3, PBDE concentrations were compared with
sediments from other parts of the world. In China, ΣPBDE
in the present study were comparable to those in
Dongjiang River in South China (0.7-7.6 ng g-1 dw) [24],
and a little higher than those from Coast of Qingdao [6],
Yangtze River Delta [11], Xiamen coastal area [25], and
South China Sea [9], but obviously lower than those from
some developed industrialized areas in China such as Pearl
River Estuary [10] and Hong Kong [7, 8]. Concentrations
of BDE209 in this study area were much lower than all
those from industrialized area in Pearl River Delta, such as
Dongjiang River [24] and Pearl River Estuary [10]. This
phenomenon is well consisted with the fact that less manufacturing of electronic products in study area than in
South China.
Till now, PBDEs have been investigated in river,
lake, and marine sediments from Asia, Europe, and USA
[37]. ΣPBDE in the present study were similar to those in

(1)
-1

Where Ci is the concentration in segment i (ng g dry
wt); ρb is the dry mass bulk density (g cm-3) and di is the
thickness of the segment i (cm).
Inventory of ΣPBDEs in site 1 core was 204.9 ng cm-2.
In the Great Lakes, the inventories of ΣPBDEs were 0.157.75 ng cm-2 [18, 30, 31], which were one to two orders of
magnitude lower than those in the present study. In the
Pearl River Delta, the inventory of ΣPBDEs was 410.0 ng
cm-2 [42], higher than our present study.
In a previous report [17], it has been shown that the
sedimentation rates is 5.8-7.4 mm yr-1 near our sampling
locations. Therefore, the top 30 cm sediment in present
work can be expected to exist at least 40 years, and it is also
a depositional records corresponding to the time period
when electronic industries bloom in Wuhan city. Thereby,
total loads of PBDEs in the sediment of Nanhu with a
water surface area of 764 hm2 were calculated to be
204.9 ng cm-2 for about 40 years. Although the total load
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TABLE 4 - Concentrations of PBDEs in axial muscle of fishes from Nanhu Lake (ng/g dry weight)
PBDEs	
 
A1
A2
A3
B1
B2
BDE-28
0.00
0.00
0.00
0.00
0.00
BDE-47
0.00
0.00
0.00
0.00
0.00
BDE-100
0.00
0.00
0.00
0.00
0.00
BDE-99
0.00
0.39
0.00
0.00
0.00
BDE-154
0.20
0.42
0.00
0.51
0.00
BDE-153
0.32
0.00
0.00
0.35
0.00
BDE-183
0.49
1.41
1.27
1.94
0.00
∑PBDEs
1.01
2.23
1.27
2.79
0.00
Note: A1-A3 and B1-B3 are the samples of Hypophthalmichthys molitrix and Aristichthys nobilis, respectively.

of ΣPBDEs in Nanhu Lake was not in the same range
(130-2400 kg for ΣPBDEs) of those in each lake of the
Great Lakes [18, 30, 31], inventories were much higher in
Nanhu Lake than in the Great Lakes, which is probably
due to difference in water surface area and sedimentation
rate.
The sediment flux of PBDEs into bottom sediment
was estimated by Eq. (2), in which r is sedimentation rate
(g cm-1 yr-1), Ci and ρb are as same as in Eq. (1)
Flux= Ci ρb r

(2)

The sediment flux of ΣPBDEs in Nanhu Lake was
found to be 0.5-27.0 ng cm-2 yr-1, with a mean of 5.83 ng
cm-2 yr-1. In comparison to the sediment flux of ΣPBDEs
in the Great Lakes (0.008-0.315 ng cm-2 yr-1) and Pearl
River Delta (1.81-10.2 ng cm-2 yr-1, the average is 8.07 ng
cm-2 yr-1), the value in Nanhu Lake was the highest.
3.7 PBDEs in the fish muscle

Table 4 shows the concentration of PBDEs in the axial muscle of the fish samples. Four congeners of PBDEs,
namely, BDE99, BDE154, BDE153, and BDE183 were
detected in Hypophthalmichthys molitrix with ΣPBDEs of
1.01~2.23ng/g, whilst BDE154, BDE153 and BDE183
were detected in Aristichthys nobilis, with ΣPBDEs of
0 (<LOQ)~2.79ng/g. BDE28, BDE47 and BDE100 were
not detected in the all samples, while BDE99, BDE154,
BDE153, and BDE183 were found in the two species used
in this work. BDE154, BDE153 and BDE183 were detected
both in Hypophthalmichthys molitrix and Aristichthys nobilis, and it demonstrated that the concentrations of PBDEs in
Aristichthys nobilis were higher those in Hypophthalmichthys molitrix. It might be due to the main food of Aristichthys nobilis, zooplankton lives on phytoplankton which
serves as the main food for Hypophthalmichthys molitrix.
Thereby, it implied that the PBDEs in the sediment would
transfer to the fish via food web. In this case, farming
more Hypophthalmichthys molitrix than Aristichthys nobilis would reduce the potential health risks for the local
people who consume the fish from Nanhu Lake.

B3
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00

water from Yangtze River to enhance the quality of water
in 6 urban lakes including Nanhu Lake. However, with the
data obtained by present work, it is essential to determine
the toxicological risks of PBDEs on the ecology related to
these lakes.
4. CONCLUSIONS
Data of PBDEs in the sediment, water, and fish samples from a typical urban lake of central China were presented. Vertical profiles of PBDEs in the core sediments
showed an increasing trend in early sediment layers, whereas for two sediment cores (site 1 and site 2) revealed a decreasing trend in more recent sediment layers, which may
attributed to the introduction of BDE209 or other environmentally-friendly flame retardants in recent years. Although
no PBDEs were detected in water of the lake, the presence
of them in fish tissue implied that PBDEs would transfer
from the sediment to fish via food web. Therefore, future
work should focus on the transfer and metabolism pathways of PBDEs within food webs.
ACKNOWLEDGMENTS
This work was financially supported by the foundation
of Talent Introduction of Huazhong University of Science
and Technology (No. 0124261003), the Foundation of Youth
Science and Technology Chen-guang Project of Wuhan,
China (No. 200950431172), the Natural Science Foundation of Hubei Province (No. 2009CDB167),	
  and the National Natural Science Foundation of China (No. 31000030).

As to the ΣPBDE in fish muscle, it showed that concentrations detected in present work are lower than those
from the nearby Yangtze River which ranged from 18 to
1100 ng/g lipid weight (wt.) [45]. Recently, the government of Wuhan City has launched a plan to introduce the
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ABSTRACT
Biological activated carbon (BAC) filtration has been
widely applied for water treatment, in which backwashing
is a key process to restore filtration rates or reduce excess
head loss. In this study, the alternation of microbial community structure on the BAC samples before and after backwashing were investigated by 16S ribosomal RNA (16S
rRNA) gene library and restriction fragment length polymorphism (RFLP) analysis. A total of 27 unique 16S
rRNA genes, screened from 266 clones, were obtained
from the both samples. The sequenced clones fell into 5
phylogenetic divisions. Phylogenetic analysis indicated that
four of them, including β-Proteobacteria, α-Proteobacteria,
Planctomycetes and γ-Proteobacteria, were all found before and after backwashing. However, Bacteroidetes only
occurred before backwashing. Overall, backwashing led to
the reduction of bacterial species on the BAC. The study
provides valuable information about the effect of backwashing in the bacterial structure, which may be useful for
further explanation of the effects of backwashing and the
recovery process of bioﬁlm.

KEYWORDS: BAC, Backwashing, Microbial community structure,
16S rRNA, RFLP

1. INTRODUCTION
Biological activated carbon (BAC) filtration has been
widely applied in water treatment plants all over the world.
With the adsorption and biodegradation capacity, BAC
filtration can effectively remove a broad spectrum of organic pollutants, such as endocrine disrupting chemicals
(EDCs), THM precursors, and color/taste/odor-causing compounds from raw water [1-4]. Generally, two operating con* Corresponding author

ditions need to be satisfied during the BAC filtration: (1)
sufficient quantities of biomass on the activated carbon;
and (2) limited amount of accumulated non-biological particles in the filter. To guarantee the BAC operation at an
optimal condition, periodical filter backwashing achieved
by backflow water and air is critically important to restore
head loss and remove the excess biomass or any other undesirable particle on the activated carbon [5]. Otherwise,
overmature biomass stripped off from BAC can enter subsequent treatment systems, and may cause an extensive loss
of biomass to disturb the performance of BAC [6]. Several
researchers emphasized the key role of backwashing in a
long-term performance of biological filters [5-9].
Various backwashing strategies, which often determined empirically without sufficient knowledge of biomass
and microbial community on the activated carbon, were
studied to evaluate their effects in the performance of biofilters. [8]. The aim of this present study was to investigate the effects of backwashing on microbial community
of BAC samples from a drinking water treatment plant by
restriction fragment length polymorphism (RFLP).
Molecular techniques in studying microbial communities have greatly enhanced our understanding of microbial diversity and function in the natural and artificial
environment. Several studies have been conducted to explore the distribution, composition and activities of microbial community developing in biofilters by 16S rRNA
sequence analysis [10-15]. A few bacterial species have
been isolated and identified from drinking water biofilms,
such as Polaromonas, Burkholderiales, Bradyrhizobium,
Hydrogenophaga, Sphingomonas and Aﬁpia [16, 17]. Typically, Proteobacteria are the predominant organism in the
microbial community [15]. Kasuga and Shimazaki [6] evaluated the influence of backwashing on BAC biofilm community in a water plant. They found that backwashing led to
an increase in Planctomycetes but a decrease in β-proteobacteria. However, the isolated bacterial species were
limited, and the phylogenetic tree was not given. Until
now, there has been a poor understanding of the alterna-
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tion of microbial community structure on the BAC filters
after and before backwashing. Further work is highly required.
2. METHODS AND MATERIALS
2.1. Drinking Water treatment plant and sampling

BAC samples were collected in the July of 2009 from
a drinking water treatment plant located in Shanghai, China.
The drinking water treatment plant possesses a supply capacity of 1.48 million m3/d, accounting for nearly one
quarter of the total water supply of Shanghai. The treatment plant employed an advanced treatment process, including pre-ozonation, DensaDeg® high-rate clarifier, Vtype filter, ozonation, BAC filter and chlorination. Water
was introduced downwards into the 2 m BAC bed with a
filtration rate of 12 m/h. The empty bed residence time
(EBRT) was approximately 10 min. Activated carbon used
in the BAC filter was made of coal with effective grain diameter 0.67 mm ~ 0.75 mm. The supporting layer of the
BAC bed was 0.1 m. The BAC bed was backwashed by
air only for 5 min (air-scoured intensity 55 m3/h·m2), followed by water only for 10 min (water-washed intensity
25 m3/h·m2). The model of ozone generator is ZFR14 A
T98 (OZONIA). The dose of ozone is 2.5 mg/ L. We chose
granular activated carbon from coal, for detailed characteristic, please see Table 1. Two BAC samples were collected from the BAC bed before and after backwashing,
respectively. At the time of sampling, 5 days had passed
since the immediately before the next backwashing, the
“BAC sample before backwashing was collected. After
immediately the backwashing operation, the “BAC sample
after backwashing” was collected from the same top layer
of the BAC bed. Diagonal sampling method was used to
take the BAC samples [18]. In order to reduce sample errors
and increase the sample representative, we took 9 samples
along the diagonal, and mixed them into a composite sample. These samples were immediately transferred to sterilized plastic tubes, and then stored in a cooler at approximately 0 ~ 4ºC. The coolers were subsequently moved to
the laboratory within 0.5 h, and stored in -20°C freezer
prior to molecular analysis.
2.2. DNA Extraction, purification and cloning of 16S ribosomal
RNA (16S rRNA) genes

The CTAB extraction method was used for the DNA
extraction from the BAC samples [19]. Five-gram BAC
samples from frozen stocks were mixed with 3 g of baked
sterile sands, frozen in liquid nitrogen. The freezing at -70°C
lasted for 0.5 h. Then, the samples were ground until thawed.
The freezing-thawing process was repeated one time. There-

after, ground samples were transferred to 50 ml polypropylene centrifuge tubes, and mixed with 13.5 ml extraction buffer (0.1 M phosphate [pH 8.0], 0.1 M Tris-HCl,
0.1 M EDTA, 1.5 M NaCl, 1% CTAB) and 50 µl protenase
K (10 mg/ml). The mixed solution was then incubated at
37°C for 30 min. Subsequently, 1.5 ml of 20% SDS was
added and mixed gently. After another incubation at 65°C
for 2 hours with a gentle turnover every 15-30 min, the
mixture was centrifuged at 4000 rpm for 5 min at 25°C.
The supernatant was transferred into a new 50 ml centrifuge tube. After that, the pellets were extracted twice by
adding an equal volume of phenol/chloroform/alcohol
mixed solution (25:24:1, v/v/v) with a gentle turnover every
5 min. After the extracted solution was centrifuged at
3900 rpm for 20 min in a swing rotor centrifuge, the supernatant was collected and mixed with 2-isopropanol with
60% of the total volume. After an overnight standing at
the room temperature, the sample was centrifuged at 25°C
at 16000 rpm for 30 min. The pellets at the bottom was
collected and washed with 70% ethanol. After that, the sample was again centrifuged at 25°C at 4000 rpm for 10 min.
The pellets (crude DNA) was collected and dissolved with
100 µL sterile water. The crude DNA was purified by
E.Z.N.A.TM Gel Extraction Kit in accordance with the
manufacturer's instruction.
The extracted DNA was then used as template for PCR
amplification of the 16S rRNA genes. The reaction mixtures contained 100 ng DNA /µl, 1× PCR buffer (10 mM
Tris-HCl [pH 8.3], 50 mM KCl, 2 mM MgCl2, and
0.001% [wt/vol] gelatin), 2 mM dNTPs, 2.5 mM MgCl2,
5 pM each of the forward and reverse primers, and 0.025 U
of AmpliTaq Gold (Perkin Elmer)/µl. Bovine serum albumin (400 ng/µl) was added to the reaction to promote amplification of the templates containing a high G+C content
[20]. The reverse primer was the universal 1387R (5’GGGCGGWGTGTACAAGGC-3’) and the forward primer
was
the
Bacteria
universal
63F
(5’CAGGCCTAACACATGCAAGTC-3’) [21]. The initial 5min denaturing step at 94°C was followed by 30 cycles of
45 s at 94°C, 45 s at 55°C, and 90 s at 72°C with a final
extension step of 7 min at 72°C [21]. Amplimers of the
expected size (approximately 1.3 kb) were excised from
1.0% low-melting-point agarose gels and purified with the
OMEGA purification columns (E.Z.N.A.TM Gel Extraction Kit) in accordance with the manufacturer’s instructions.
2.3. Richness

Differences in relative species richness were determined by RFLP. The purified PCR products were cloned
into the vector PCR2.1 TOPO and Escherichia coli TOP
10F’ competent cells according to the manufacturer’s in-

TABLE 1 - Physical properties of activated carbon
Sample

Moisture
(%)

ash content
(%)

iodine num- methylene blue
ber (mg/g) adsorption (mg/g)
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abrasion
resistance (%)

effective grain
size (mm)

uniformity
coefficient

bulk density
(g/cm3)
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9.38

1028

252

structions (Invitrogen, Carlsbad, Calif.). Plasmid clones
were identified based on blue-white screening and grew
overnight in the plates with ampicillin (100 mg/ml) and
X-gal (15 mg/ml). White colonies were randomly selected
and the cloned inserts were reamplified with the vector
primers M13F and M13R (an initial 5-min denaturation
step of 94°C, followed by 30 cycles of 94°C (45 s), 65°C
(45 s), and 72°C (60s), and with a final 7-min extension
step of 72°C).
Aliquots of amplified rRNA PCR products from
communities DNA were digested with 1 U each of the 4base-specific restriction endonucleases HinPI and MspI in
1×NEB buffer (New England Biolabs, Beverly, Mass.)
overnight at 37°C. The resulted RFLP products were
separated by gel electrophoresis in 3.0% melt agarose.
Bands were visualized by staining with ethidium bromide
and UV illumination. The efficiency of the methods for
each sample was calculated by dividing the number of
bands detected during a treatment by the total number of
unique bands found in a sample. To obtain representative
and reproducible results, the DNA extraction, purification,
PCR amplification, and RFLP were conducted in triplicate
for each BAC sample in this study.
2.4. Sequencing and phylogenetic analysis

Representative clones were partially sequenced, and
the sequence identification was initially estimated by using
the BLASTN facility of the National Center for Biotechnology Information (http://www.ncbi.nlm.nih.gov/BLAST/).
The initial phylogenetic trees were based on all the available sequences and were constructed by using the DNA
distance program Neighbor-Joining with Felsenstein correction in ARB [22]. Based on the initial phylogenetic results, the appropriate subsets of 16S rRNA sequences were
selected and subjected to a final phylogenetic analysis
with CLUSTALX.
2.5. Statistical analysis

In order to analyze the diversity of microbial communities based on the 16S rRNA, we defined operational
taxonomic units (OTU’s) based on the groupings of highly
similar RFLP banding patterns [23]. To determine similarity among the banding patterns and to select clones for
sequencing, we used Jaccard coefficients for all pairwise
comparisons of the RFLP banding patterns and dendrograms constructed with the unweighted pair group mean
average method using Molecular Analyst software (version 1.1; Bio-Rad, Hercules, CA.).
Margalef index (Dmg):

Dmg =

S −1
ln N

(1)

93

0.66

1.7

0.38

where S is the number of OTUs in the sample; and N
is the total number of clones in the sample.
Clone library coverage was calculated according to
the following equation:
Coverage (C):

C = 1−

nl
N

(2)

Where nl is the number of OTUs recorded only once.
s

Simpson’s index (D):

D = 1 − ∑ ( pi ) 2 pi =
i =1

Before backwashing

Type of
OTU
27

(3)

Where ni is the number of clones in an OTU; and pi is
the proportion of clones in an OTU.
s

Shannon-Weaver index (H):

H = −∑ ( pi )(ln pi ) (4)
i =1

Because a different number of clones were sequenced
from each site, the rarefaction analysis was performed with
SigmaPlot software. An exponential model,

y = a × ⎡⎣1 − e(

− b× x )

⎤
⎦

(5)

was used with SigmaPlot 8.0 nonlinear regression software to fit the clone distribution data. OTUs were finally
ranked in order of abundance.
2.6. Nucleotide sequence accession numbers

The 16S rRNA sequences determined in this study have
been submitted to the GenBank databases under accession
numbers HQ157206-HQ157232.
3. RESULTS AND DISCUSSION
3.1. The coverage of clone library

The analysis of clone data of BAC samples before and
after backwashing is shown in Table 2. Construction of 16S
rRNA gene library was expected to reflect the biological
diversity on the BAC. It is very important that the size of
constructed clone library should be big enough to or represents microbial diversity in the BAC samples. The molecular diversity of 16S rRNA from the two BAC samples was
assessed with a total of 266 clones (140 clones from before
backwashing and 126 clones from after backwashing)
isolated that contained the entire insert of 16S rRNA. The
coverage of clone library characterizes the coverage extent of microbial species in samples. As shown in Table 2,
the coverage of clone library was 95% and 98.41% for the
non-backwashed and the backwashed BAC samples, respectively. The diversity indexes calculated from the clone

TABLE 2 - Statistical analysis of clone data of BAC samples.
Sample

ni
N

Richness
(DMg)
5.26

1743

Coverage
(C)
95%

Simpson
index (D)
0.93

Shannon-Wiener
index (H)
2.92
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3.51

98.41%

BAC sample before backwashing

0.90

2.56

BAC sample after backwashing

FIGURE 1 - Distribution of OTUs of BAC samples in clone libraries for 16S rRNA.

data showed that the BAC sample before backwashing
(D=0.93) had the higher diversity than that after backwashing (D=0.90). Furthermore, bacterial diversity as indicated
by the Shannon index (H) was much higher in the nonbackwashing BAC sample (H=2.92) than in the backwashed BAC sample (H=2.56). The diversity of microbial
communtiy in the BAC sample had a reduction after
backwashing.
3.2. RFLP analysis

Standard techniques are usually limited by the too low
proportion of culturable cells that by is typically below 1%
of the total population [24, 25]. Recently, the molecular
methods such as PCR-based techniques have been developed to study microbial diversity in environmental samples without cultivation. In our study, RFLP analysis was
used to reveal the genetic diversity of bacterial 16S rRNA
of the BAC samples. Distribution of OTUs of the BAC
samples before and after backwashing in clone libraries
for 16S rRNA are shown in Fig.1.
The both sorts of BAC samples include 27 OTUs, but
had different distribution patterns. It seems that the total
number of RFLP patterns in samples before backwashing
is greater than that in the samples after backwashing. 27
OTUs were found in the BAC samples before backwashing, but only 18 OTUs were found in the BAC samples
after backwashing.
The top three dominant RFLP patterns in the nonbackwashing contributed to 37.1% of the bacterial 16S
rRNA clone library. They are BAC1 (16.4%), BAC2 (10%),
and BAC3 (10.7%). Moreover, 5 second most abundant
group species were identified in the non-backwashing

sample, including BAC4 (5%), BAC9 (5%), BAC11 (5%),
BAC12 (5%) and BAC13 (5%) in BAC sample before backwashing. Furthermore, a few unique OTUs were detected.
Although they existed at relatively low levels, these minor
OTUs uniquely characterized the microbiological community before backwashing. The OTUs of BAC6, BAC17,
BAC18, BAC21, BAC23, BAC25 and BAC27 occurred
before backwashing, which contributed to 4.9% of total
OTUs.
In contrast, after backwashing, the four dominant
RFLP patterns accounted for 54.6% of the bacterial 16S
rRNA clone in the samples, including BAC1 (16.7%),
BAC2 (13.4%), BAC24 (14.2%), and BAC26 (10.3%).
Moreover, 3 second most abundant group species were
identified, including BAC12 (5.6%), BAC13 (7.1%) and
BAC20 (6.3%) in BAC sample after backwashing. Furthermore, the unique OTUs of BAC4 and BAC5 occurred
after backwashing and accounted for 1.6% of total OTUs.
Among dominant OTUs, only BAC1 and BAC2 were
also dominant before backwashing. After backwashing,
the relative abundances of BAC24 and BAC26 increased;
this implied that the dominance of the bacteria corresponding to these OTUs increased in the community after
backwashing. Complementary to this, the relative abundances of the BAC3 decreased after backwashing, suggesting that the dominance of the bacteria corresponding
to this OTU decreased due to backwashing. This observation suggests that the backwashing changed the genetic
diversity of the microbiological community. On the other
side, A total of 18 species coexisted before and after
backwashing, though their fractions were different before
and after backwashing. Backwashing appeared to wash
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away several microbial species from the BAC. Overall,
backwashing reduced the OTU number of microorganism.
Fig.2 evaluated the representation of the clones obtained from the BAC samples. Rarefaction curves are the
plots of the cumulative number of OTUs as a function of
a clone number [26]. It is indicated that the majority of
bacterial OTUs were detected. This suggested that the
number of OTUs was sufficient to detect community diversity and infer the level of distribution within these communities.

identiﬁed as α-Proteobacteria[17]. However, Bacteroidetes only occurred before backwashing. Furthermore, phylogenetic analysis of OTUs showed that 11, 3, 10, 1, and
2 OTUs were afﬁliated with β-Proteobacteria, γ-Proteobacteria, α-Proteobacteria, Bacteroidetes, and Planctomycete, respectively.
TABLE 3 - The affiliation of the sequenced clones and percentage
found in BAC samples

β-Proteobacteria
γ-Proteobacteria
α-Proteobacteria
Bacteroideteas
Planctomycetes

30

Number of unique clones

25
20
15
10
5

BAC sample before backwashing

0

BAC sample after backwashing

-5
-20

0

20

40

60

80

100

120

140

160

Number of clones tested
FIGURE 2 - The representation of the clones obtained from the
BAC samples by rarefaction analysis
3.3. Phylogenetic analysis

Representative 16S rRNA clones occurring in a given
library, as well as representatives of the unique OTUs as
determined by cluster analysis based on RFLP patterns,
were partially sequenced. A total of 27 16S rRNA clones
were fully sequenced, of which most were 87% to 99%
similar to those in the current databases. Only 3% of the
clones were less than 85% similar to known sequences. The
phylogenetic tree was shown in Fig.3, which was constructed and analyzed by using the Neighbour-Joining and
Tamura-Nei method with the Clustal W software and Mega
software.
The phylogenetic distribution of the two BAC samples fell into five of the main putative phylogenetic divisions. Most clone sequences were afﬁliated with the sequences of the Proteobacteria, among which the β-Proteobacteria was the most abundant group (accounting for
42.1% and 53.2% before and after backwashing BAC samples, respectively), and the α-Proteobacteria was the second most abundant group (accounting for 39.4% and
25.4% in before and after backwashing BAC samples, respectively). A small fraction of the clones were affiliated
with the Bacteroidetes, Planctomycetes and γ- Proteobacteria, as shown in Table 3. β-Proteobacteria, α-Proteobacteria, Planctomycetes and γ-Proteobacteria were all
found before and after backwashing, in agreement with the
finding of A.Magic-Knezev that most (68%) of the isolates belonged to the β-proteobacteria and 25% were

Before backwashing
(%)
42.1
6.4
39.4
2.1
10.0

After backwashing
(%)
53.2
12.7
25.4
0.0
8.7

Among the 11 OTUs affiliated with the most abundant
group β-Proteobacteria, five were similar to β-proteobacterium HIBAF006 gene in freshwater environments [27]
and uncultured bacterium clone BF117 gene in biofilms
for biological filtration [28]. All the 11 OTUs were detected before backwashing. However, 6 OTUs, similar to
β-proteobacterium HIBAF006 gene [27], uncultured bacterium clone BF117 [28], and Aquamonas Fontana [29],
still existed after backwashing. As a result, the population
type of the β-proteobacterium microbial species decreased
by 45.5% after backwashing, implying that backwashing
played a key role in the β-proteobacterium microbial species. The predomination of the β-Proteobacteria in BAC
samples in water treatment is consistent with the position of
this bacterial class in communities of bioﬁlms and planktonicbacteria in natural fresh water environments and in
drinking water distribution systems [30].
Among the 3 OTUs afﬁliated with γ-Proteobacteria,
BAC26 species accounted for 10.3% clones library, much
higher than the other two. BAC14 species, similar to Pseudomonas sp., was only found before backwashing. On the
other side, BAC26 and BAC 27 species similar to Pseudomonas sp. were detected before backwashing and after
backwashing. But the similarity of BAC26 and BAC27
with Pseudomonas sp. was less than that of BAC14 with
Pseudomonas sp.
Among the 10 OTUs affiliated with α-Proteobacteria,
but 30% were washed away by backwashing. In the phylogenetic tree, there was only one sequence affiliated to
Bacteroidetes group, which was similar to uncultured
sphingobacteriales bacterium clone 3-H separated from
water [31]. However, the species disappeared with the
erosion of water flow after backwashing. Moreover, two
gene sequences affiliated to Planctomycetes group both
occurred in the two BAC samples. And their fractions in
clone library were close. Although the Planctomsycetes
group is distributed in many habitats including bioﬁlms in
rivers, its ecological function is not well understood [32].
During a BAC filter backwashing, microbial community structure has underwent a great change in the microbial
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community on the BAC surface. DLVO theory could be
used to explain the microbial adhesion with the activated
27
24
52
99
99
96
98
100
60

51

100
100

100

100
100

62

99
99

100
98
100
78

carbon. The interaction between bacteria and activated

BAC13
BAC21
BAC18
BAC23
BAC2
Beta proteobacterium HIBAF006 gene for 16S rRNA; AB452985.1
Uncultured bacterium clone BF117 16S rRNA gene
; ; DQ327692.1
Uncultured Rhodocyclaceae bacterium; FM207944.1
Dechlorosoma suillum ; AF170348.1
Janthinobacterium sp.; AJ551147.1
BAC10
Beta proteobacterium BAC159 ; EU180541.1
BAC15
Bacterium TG159 ;AB308364.1
BAC17
Methylibium sp. BAC116 ; EU130971.1
BAC1
Aquamonas Fontana ;AB120963.1
BAC20
Acidovorax sp. MN 33.2 ;AJ555476.1
BAC22
Acidovorax delafieldii strain THWCSN52 ;GQ284424.1

BAC14
Pseudomonas sp. M9 ;DQ198147.1
BAC26
BAC27
BAC25
;
99 Alpha proteobacterium BAC233 EU180520.1
100
Drinking water bacterium MB12 ;AY328843.1
BAC16
BAC4
Uncultured bacterium clone B3NR56D8 ;AY957911.1
Hyphomicrobium denitrificans strain DSM 1869;NR 026431.1
BAC3
Uncultured Alphaproteobacteria bacterium ;CU919328.1
100
BAC24
BAC5
100 Pseudomonas carboxydohydrogena strain DSM 1083;NR 024703.1
BAC7
BAC11
BAC8
100
Uncultured bacterium clone B1NR70D8;AY957893.1
43
48 BAC6
40 Uncultured bacterium clone B3NR69D1 ;AY957916.1
23 Bradyrhizobium sp. II- 47 ; AB531406.1
36 Uncultured bacterium HOClCi72 ;AY328621.1
32 BAC 19
Flavobacteriaceae bacterium TDMA -34 ;AB264128.1
Uncultured Sphingobacteriales bacterium clone 3 -H;EU305589.1
100 BAC9
Uncultured planctomycete clone H02_WMSP1 ; DQ450805.1
BAC12
Uncultured planctomycete partial ; AJ290180.2
100

100

99
100

71

99
100

100

85

79
52
100

100

58
0.02

100

100

FIGURE 3 - Phylogenetic distribution of the 16S rRNA sequences present in the BAC samples

carbon particles arose from the attractive Van Der Waals
force and electrostatic double-layer force [7]. Consequently,
bacteria, usually regarded as hydrophobic colloid particles,
were more strongly attached to the activated carbon surface [7]. Bacteria can also adhere to the activated carbon

surface through the bridging role of extrapolymeric substance (EPSs) produced by the bacteria. Backwashing, for
the purpose of the filter media cleaning, was accomplished
by the upflow water flow through the bed at a rate that
permitted bed expansion and fluidization of the media.
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The major mechanism of cleaning was fluid shear [5].
However, such a shear was greater than the attachment
force of a few microorganisms to lead to their stripping off
the BAC. Consequently, the bacterial species was reduced,
and the relative predominance of microorganisms in the
bioﬁlms was altered [6].

Northern China water. Separation and Purification Technology, 72(3), 263-268.
[2]

Li, L., Zhu, W., Zhang, P., Zhang, Q. and Zhang, Z. (2006)
AC/O3-BAC processes for removing refractory and hazardous pollutants in raw water. Journal of Hazardous Materials,
135(1-3), 129-133.

[3]

Zambetoglou, K., Papagianni M., Papaioannou A., Charalambidou A. and Samara C. (2006) Occurrence and removal
of pesticides in the Drinking Water Treatment Plant of Thessaloniki, Northern Greece. Fresenius Environmental Bulletin,
15(9), 989-996.

[4]

Capar, G., Demirer, G.N., Dilek, F.B. and Yetis, U. (2001)
Removal of trihalomethane precursors by granular activated
carbon treatment. Fresenius Environmental Bulletin, 10(2),
197-202.

[5]

Raymond, H.M. and Edward, B.J. (1998) Deposition and Retention of Bacteria in Backwashed Filters. Journal American
Water Works Association, 90(1), 71-85.

[6]

Kasuga, I., Shimazaki, D. and Kunikane, S. (2007) Influence
of backwashing on the microbial community in a biofilm developed on biological activated carbon used in a drinking water treatment plant. Water Science and Technology, 55(8-9),
173-180.

[7]

Ahmad, R. and Amrtharajah, A. (1998) Detachment of particles during biofilter backwashing. Journal American Water
Works Association, 90(12), 74-85.

[8]

Ahmad, R., Amirtharajah A., Al-Shawwa A. and Huck P.M.
(2001) Effects of backwashing on biological filters. Journal
American Water Works Association, 90(12), 62-73.

[9]

Hozalski, R.M. and Bouwer, E.J. (2001) Non-steady state
simulation of BOM removal in drinking water biofilters: applications and full-scale validation. Water Research, 35(1),
211-223.

4. CONCLUSIONS
The microbial community structure was studied through
the RFLP analysis targeting the 16S rRNA gene using DNA
extracts from the BAC samples before and after backwashing in a water treatment plant. Backwashing altered structure of the microbial community on the BAC samples.
Twenty-seven OTUs were found in the BAC samples before backwashing, but only 18 OTUs were found after
backwashing. The total number of RFLP patterns before
backwashing was greater than that after backwashing.
Phylogenetic analysis indicated that β-Proteobacteria, αProteobacteria, Planctomycetes and γ-Proteobacteria,
were all found before and after backwashing. However,
Bacteroidetes only occurred before backwashing. Overall, microbial diversity was reduced by backwashing. The
study provides valuable information about the effect of
backwashing in the bacterial structure, which may be
useful for further explanation of the effects of backwashing and the recovery process of bioﬁlm.
Because the current 16S rRNA clone library was constructed by amplified 16S rRNA fragments using bacterial
universal primers, the clone library only reflected the bacterial community structure in BAC samples. The effects of
other microbial groups in BAC samples, such as fungi and
actinomycetes bacteria, are not fully understood. In the
future study, we will use other specific primers to acquire
more comprehensive information in microorganisms in
BAC materials.
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EFFECT OF SEASON, NITROGEN LOADING
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ABSTRACT
In order to investigate the effect of season, nitrogen
loading rate and operation age on nitrogen removal rate of
horizontal subsurface flow (HSF) constructed wetlands
treating wastewater, three full-scale constructed wetlands
with same design parameters were operated continuously
from 2006 until 2008 in parallel experiments. It was found
that nitrogen removal rate of the studied CWs varied widely
by season and it was in positive correlation with temperature. The highest nitrogen removal efficiency was found
in summer and the lowest in early spring. Although the
CWs have the same design parameters, nitrogen removal
appeared significant different. The average nitrogen removal rate in DCW with high nitrogen loading rate was
1.63g NH3-N m-2d-1 and 1.65g TN m-2d-1, whereas lower
nitrogen removal rate of 0.12g NH3-N m-2d-1 and 0.16g
TN m-2d -was found in ECW with low carbon and low
nitrogen influent loading rate. The capability of nitrogen
removal rates increases gradually with the operation time
of CWs and it was proven that there was a mature process
for new CWs.

KEYWORDS: Constructed wetland; nitrogen loading rate; seasonal effect; operational age; Nitrogen removal rate

1. INTRODUCTION
Constructed wetlands (CWs) are engineered systems
that have been designed and constructed to utilize the natural processes involving wetland vegetation, soils, and their
associated microbial assemblages to assist in treating wastewater [1]. With development of the technology, CWs have
been widely used to treat municipal wastewater, domestic
wastewater, runoffs and so on [2-4]. Since the first hori* Corresponding author

zontal subsurface flow CW (HSF CW) named Bainikeng
was built in Shenzhen in 1990 in China [5, 6], CWs have
been used to treat wastewater in China for more than
20 years, and the quantity of CWs has increased rapidly
in the past two decades due to the low construction cost and
energy consumption, high pollutant removal efficiency and
easy maintenance.
Organic matter removal efficiency from wastewater in
the CW is very high, whereas nitrogen removal performance of the CW treating ammonium rich wastewaters is
often relatively poor and has proven difficult to accurately
predict. In many study reports, nitrogen removal efficiency
appeared significantly different. Borner found that the average of NH3-N removal efficiency was 30%, TN removal
efficiency was 39.6% in 268 wetlands in Europe [7]. The
nutrient removal performance was 82.11% for total nitrogen, 70.73% for nitrate-nitrogen in a pilot-scale study in
Malaysia [8]. The significant differences among the studies may result from different design parameters, such as
depth, substrate, residence time. Many studies have been
carried out the effect of these factors on nitrogen removal
and got some valuable results. In fact, non-design parameters such as temperature, operational period and influent
loading rate also have obvious effect on nitrogen removal.
However, little attention has been paid on studying the
effect of these factors on nitrogen removal.
The effect of season or temperature on the HF constructed wetlands treatment performance is a highly debated topic. Some reports suggested that season or temperature had little or even no effect on the performance of
the HF constructed wetlands, while other reports indicated
that strong seasonal dependence existed. Geller described
high nitrogen removals of 40–97% and also no general
correlation of seasonal temperature and purification efficiency was observed [9]. Maehlum and Stalnacke found
less than 10% removal differences between the warm and
cold periods [10]. Vymazal [12] pointed out that the removal of ammonia-N was steady over the life of opera-
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tion and it was affected by season but the decrease in ammonia removal efficiency during winter is not large.
Kuschk et al. [11] discovered that the efficiencies in winter and summer differed extremely-mean removal rates
were 0.15/0.7g•m-2d-1 (11%/53%) in January/August using
a large pool of data from 4 years of operation. Song discovered that the reduction of NH3-N was higher in summer (54.5%) compared to spring (33.7%), autumn (43.3%)
and winter (32.4%). NH 3-N removal rate was 40% less
efficient in spring and winter than in summer [3].

ducted on full-scale constructed wetlands for long-term
evaluations [14, 15]. Furthermore, the effect of non-design
parameters is still debated. The purpose of this paper is to
present results on nitrogen removal from three HSF CWs
used to treat three types of polluted water-domestic waste
water, black-odor water and eutrophic water, in China
during the period 2006-2008, with respect to overall
nitrogen removal treat-ment efficiency, the dependence of
nitrogen removal on season variation, temperature, pollutant loading and operational time.

In addition to seasonal effect, nitrogen removal rate
was also influenced by pollution load of influent.
Vymazal pointed that removal of total nitrogen in studied
types of constructed wetlands varied between 40% and
55% with removed load ranging between 250 and 630 g N
m−2 yr−1 depending on CWs type and inflow loading [1].
How-ever, the experimental studies were not carried on the
same site and the design parameters were completely
different. Therefore, the results cannot directly demonstrate that nitrogen removal efficiency was in relation
with nitrogen loading rate. Kuschk et al. [11] found that
the ammonia removal depended on the ammonia inflow
rate in a nearly linear correlation in a full scale CW with
seasonal variation influent. The influent fluctuation took
placed in short period, so that the results can’t reflect the
effect of nitrogen loading rate but rather the capability of
impact resistance. In order to determine the effect of nitrogen loading rate on nitrogen removal rate, the study
must be carried out at the same site by CWs with different loading rates and long-term evaluation must be carried on. However, there are few studies related to the
effect of nitrogen loading rates on nitrogen removal of
CWs and so the effect of them on nitrogen removal is still
unclear.

2. MATERIALS AND METHODS
2.1 Wastewater treatment plants

The three full-scale CWs were designed to treat domestic wastewater, black-odor river water and eutrophic
river water, which are named DCW, BCW and ECW respectively. The climate in Shanghai is mild, with an average annual temperature of 15.7℃ and accumulated rainfall of 1125 mm.
The CWs are all designed to be subsurface with horizontal flow. Due to the lack of related data, the designs of
BCW and ECW were based on the data collected from the
domestic wastewater and US EPA standard [16].
DCW was constructed in 2005 and started operating
in 2006, and the other two CWs were started operating in
2005. The important design characteristics of the three
CWs are shown in Table 1. The dimensions of DCW,
BCW and ECW are 20m×25m×0.7m, 20m×40m×0.7m
and 25m×25m×0.7m respectively. All the units were lined
with polyethylene with thickness of 0.5 cm. The substrates
were mainly consisted of limestone with gravel size (limestone, content of Ca>2%) of 1-16mm, whereas the gravel
(size) in front and at the end of CWs is 16-32mm for facilitating the water flow.

Operation period is an important but easily neglectful
factor which may take significant effect on nitrogen removal. Vymazal [12] pointed that long-term performance
of constructed wetlands is one of the most discussed questions concerning the operation of these systems. However,
the effect of operation time is still unclear. It is expected
that nitrogen removal fluctuates as vegetation becomes
established, and sufficient carbon is available for denitrification [13].

The CWs were planted with cattail (Typha orientalis
Presl), which is one of the common species in Shanghai.
Before operating, the cattails were transplanted initially at a
density of six plants (approximately 45 cm in height) per
square meter in each unit. In order to get high survival rate
of the plants, high water level in the CWs were kept until
the average heights of the plants are more than 60cm.

Most previous studies about CWs have been shortterm, and on either pilot plant-scale or laboratory-scale
experimental systems. Very few studies have been con-

TABLE 1 - General design characteristics of the three full-scales subsurface flow CWs

Name

Mean flow rate
(m3•d-1)

Surface area
(m2)

Hydraulic loading Rate
(mm•d-1)

Plant

Porosity
(%)

Mean water depth
(m)

DCW

40

500

80

Cattail

40%

0.7

BCW

64

800

80

Cattail

40%

0.7
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50

625

80

Cattail

40%

0.7

TABLE 2 - Average inlet concentrations (±standard deviation) of each parameter of the CW
Name
DCW
BCW
ECW

COD
g•m-3
129.3±12.7
51.2±13.1
6.77±1.1

BOD5
g•m-3
51.4±2.42
12±3.1
4.9±1.2

NH3-N
g•m-3
27.75±2.55
32.7±4.2
4.88±1.3

TN
g•m-3
29.52±2.5
34.6±5.1
6.1±1.2

3. RESULTS AND DISCUSSION

2.2 Operation and monitoring

The units were recharged by different types of polluted constantly with submersible pumps in pretreatment
ponds before each CW. Due to the lack of long-term observation data of full-scale polluted surface water treatment CWs, all the hydraulic loading rate of the CWs have
the same design with the value of 80 mm·d-1. The inflow
rate was monitored by flow meter and adjusted manually.
The CWs have been continuously operated since built. Clogging, which is considered as the main problem, was not
found during the operation period of the CWs. In winter,
the overground biomass was harvested to prevent nutrients in the debris from releasing into the water. The monitoring of the CWs was conducted between May, 2006 and
April, 2008.
2.3. Water sampling and chemical analysis

The water was sampled from the inlets and outlets of
the CWs on a monthly basis in the monitoring period and
the collected samples were soon transported to laboratory
and analyzed for chemical oxygen demand (CODcr), biochemical oxygen demand(BOD5), total nitrogen(TN), ammonium nitrogen(NH3-N), nitrite nitrogen (NO2--N), nitrate
nitrogen (NO3--N) in the laboratory. In summer, the samples were frozen before being transported to the laboratory. CODcr and BOD5 were measured by the potassium
dichromate-boiling method and incubation method, respectively. NH3-N and TP were measured by the distillation–nesslerization method and molybdenum blue methods respectively. All the parameters were measured according to the Chinese standard method [17]. The water
qualities of the influents of the three CWs are listed in
Table 2. DCW has high BOD 5 and high NH 3-N, while
BCW has high NH3-N and low BOD5 and ECW has low
BOD5 and low NH3-N.
2.4 Statistical analysis

The treatment efficiency was calculated as the loading rate removal R for NH3-N and TN, which was calculated by R = Q· (Ci-Ce)· S-1, where Q is water quantity in
m3·d-1, Ci and Ce are the influent and effluent concentrations in mg·L-1, S is surface area of CWs in m2. All statistical analysis were performed using the SPSS software
package, including analysis of variance (ANOVA), Pearson linear analysis. The variables normal distributions
were also checked for all ANOVA tests.

3.1 Effects of season and temperature

NH3-N removal rates in the three CWs were decreased
from the end of summer, to a minimum value in early spring
and increased from the late spring and summer (Figs. 1-3).
It is generally accepted that constructed wetlands are assessed as solar powered ecosystems [18]. The removal of
all pollutants efficiencies are affected in a complex mode
by annual cycles of numerous parameters, such as water/
soil temperature, solar radiation (annual and diurnal), humidity, precipitation, pollutant concentrations, and vegetation [11, 19]. Among these parameters, water temperature
is considered as the most important factor for nitrogen
removal. In this study, NH3-N elimination efficiencies in
all the CWs were found to be depended on water temperature in a linear mode (Figs. 1-3, P<0.05). The Pearson correlative coefficients in ECW, DCW and BCW were 0.727,
0.55 and 0.69 respectively. The differences of NH3-N removal efficiency in ECW between the minima and maxima
in winter, 2007 and summer, 2008 were 98%, whereas in
DCW and BCW were 69% and 76% respectively. The results were similar with the previous studies [11, 19]. Thus it
can be concluded that the dependence of the NH3-N removal efficiency on water temperature was much more significant in ECW than that of in the other two CWs. In winter, NH3-N removal process in ECW was almost inhibited
with nitrogen removal efficiency of only 0.007 g·m-2d-1.
The processes that affect removal of nitrogen during wastewater treatment in CWs are manifold and
include NH3 volatilization, chemical sediment (such as
MgNH4PO4•6H2O), nitrogen standing stock, and microbial transformation. The nitrogen removal rate in summer is
the highest among that of the four seasons (P<0.05,
Fig.4). Among the processes that affect removal of nitrogen and chemical sediment are independent of temperature, whereas, NH3-N volatilization, nitrogen standing stock
and microbial biological process are seasonal dependent.
Nitrogen standing stock depends on plant productivity
and the content of nitrogen in plant tissue. Nitrogen storage is limited by plant tissue nutrient concentrations and
also by standing crop. Plants have an obvious annual cycle
of aboveground biomass: new shoots start from zero biomass in early spring and grow at a maximum rate in spring
and early summer. Late summer is a period of reduced
growth, and complete shoot die back occurs in the fall [20].
Hence, nutrient uptake by plant is seasonal change. Micro-
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bial contribution for ammonium transformation is in rela-

tion with the quantity of effective microbe group and mi-
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FIGURE 1 - NH3-N removal rate (left) and NH3 -N-removal rates in correlation to average temperature for three years in
DCW(right),Where SU=summer, A=autumn, W=winter and SP=spring.
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FIGURE 2 - NH3-N removal rate (left) and NH3 -N-removal rates in correlation to average temperature for three years in BCW (right),
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FIGURE 3 - NH3-N removal rate (left) and NH3 -N-removal rates in correlation to average temperature for three years in ECW (right),
Where SU=summer, A=autumn, W=winter and SP=spring.
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FIGURE 4 - Effect of season and influent loading rate on ammonium and total nitrogen removal in the CWs

crobial activity. The optimum temperature for nitrification
in pure cultures ranges from 25°C to 35 °C and in soils
from 30°C to 40 °C. Cooper et al. [21] pointed out that the
minimum temperatures for growth of Nitrosomonas and
Nitrobacter are 5°C and 4 °C, respectively. The temperature in summer was optimal for microbial group growth
and activity and so the nitrogen removal rate in summer is
the highest. However, it was surprisingly found that there
was no significant difference between winter and spring,
although the lowest temperature occurred in winter. However, it was different from the study conducted by Kadlec
[11]. It may result from higher saturated dissolved oxygen
and more active water reaeration in winter.
TN removed rates in the three CWs were decreased
from the end of summer, to a minimum value in early
spring and increased from the late spring and summer. The
general trend of TN removal rate is very similar with
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NH3-N removal rate (Figs. 5-7). TN removal rate was in
correlation with NH3-N removal rate in whole years (Fig.8).
It was shown that NH3-N removal was the most important
step in TN removal process. Many researches showed that
CWs had high ability of nitrate nitrogen removal, but low
ammonium removal due to limited oxygen available for
nitrification [22]. In order to enhance nitrogen removal,
some improved methods were used in CWs, such as substrate with high NH3-N absorption, artificial aeration or
down flow CWs before horizontal subsurface flow CWs
[12, 25]. TN removal rates in all three CWs were found to
be depended on temperature in a linear mode (P<0.01).
Both ammonium nitrogen transformation and the following nitrogen reduction process are strongly temperature
dependent. Rates of denitrification increased up to a maximum in the region of 60°C to 75 °C and then declined
rapidly above this temperature [23]. Denitrification proceeded at very slow but measurable rates, at temperatures
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FIGURE 5 - TN removal rate (left) and TN removal rates in correlation to average temperature for three years in DCW (right), Where
SU=summer, A=autumn, W=winter and SP=spring.
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FIGURE 6 - TN removal rate (left) and TN removal rates in correlation to average temperature for three years in BCW (right), Where
SU=summer, A=autumn, W=winter and SP=spring.
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FIGURE 7 -.TN removal rate (left) and TN removal rates in correlation to average temperature for three years in BCW (right), Where
SU=summer, A=autumn, W=winter and SP=spring.

below 5°C [24], where relatively large mole fractions of
N2O and NO were reported. The Pearson correlative coefficients in DCW, BCW and ECW were 0.681, 0.703 and
0.855 respectively. It is shown that the effect of temperature on total nitrogen removal was significant, especially
in winter, the nitrogen removal rate in ECW was completely inhibited. Thus, the performance of CWs in winter
must be paid more attention when CWs are designed. It is
worth noting that lowest nitrogen removal efficiency was
found in March, although the lowest average air temperature generally occurred in January or February. An explanation for this was that the lowest temperature of subsoil
took place in March.

The nitrogen removal rates of the CWs used to treat
different wastewater were significantly different (P<0.01,
Fig.8). The nitrogen removal rate in BCW, with highest
nitrogen influent loading rate, was 1.21gm-2d-1. The minimum was found in ECW with a nitrogen removal rate of

3.2Effect of nitrogen loading rates
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plying of the CWs is nearly identical. The consumption of
oxygen in CWs is mainly from organic matter oxidation and
ammonium nitrogen transformation. With a requirement of
4.2 g O2 for the transformation of 1 g NH3-N to nitrate and
1.3g O2 for BOD5 oxidation, the potential oxygen requirements in DCW and BCW is 14.66gm-2d-1 and 12.24 gm-2d-1
separately. The oxygen requirement in DCW is higher
than in the BCW. Considering the identical oxygen supplying - why high nitrogen removal efficiency occurred in
DCW with high oxygen requirement rather than in ECW?
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FIGURE 8 - The relationship between NH3-N and total nitrogen.

0.127gm-2d-1. The maximum removal rate, occurred at influent loading rate of 2.22g TN g m-2d-1, was 1.64 gm-2d-1
in DCW. Compared to the previous studies [10, 12, 17],
DCW and BCW appear to have a higher ability to remove
nitrogen. This may result from the suitable climate of
Shanghai for CWs. Considering the same design parameters of the CWs, significant different parameters among the
CWs may result from different nitrogen removal pathway. Recent studies showed that some novel nitrogen removal pathways may occur in CWs when they were used
to treat different types of wastewater. Guangzhi and Austin [25] found that completely autotrophic nitrogen-removal
over nitrite took place in lab-scale constructed wetlands
which were used to treat leachate with character of high
nitrogen and low carbon. Tao and Wang [26] found that
Anammox occurred in CWs used to treat wastewater with
high ammonium nitrogen influent of 60 mg L-1. In addition to the pathways mentioned above, aerobic denitrification, heterotrophic nitrification, and methane oxidation are
potentially important processes in nitrogen removal in
natural and engineered aquatic systems [27-29]. In fact,
some nitrogen removal ways may be overlooked in the
CWs with high nitrogen influent loading rate, such as plant
absorption, NH3-N absorption and volatilization [1]. Hence,
biochemical reaction is the most dominating nitrogen removal pathway in the DCW and BCW. It is generally accepted that the nitrogen compounds are mainly removed
from wastewater by a combination of two microbial processes, nitrification and denitrification (AND). In the nitrification process, ammonia nitrogen is oxidized to nitritenitrogen by ammonia oxidizing bacteria (AOB); nitrite
nitrogen is oxidized to nitrate nitrogen by nitrite oxidizing
bacteria (NOB) subsequently. The number of AOB is approximately equal to NOB in the CWs, in which a complete
nitrification takes place. Nitrate nitrogen generated by
nitrification is immediately converted to nitrogen gas by
denitrification. Based on the classical nitrogen removal
way, NH3-N transformation rate was mainly influenced by
oxygen available in CWs.
The main oxygen source is oxygen released by the
helophyte roots into the rhizosphere [17]. Considering the
similar design parameters of the two CWs, oxygen sup-

Maybe, an economical oxygen microbial process took
place in DCW. It is shown that the number of AOB in
DCW was more than two orders of magnitude in BCW,
besides, more AOB than NOB were observed in DCW
(Table 3). Hence, it was the process where AOB mainly
took part in ammonium nitrogen transformation. Partial
nitrification and denitrification or anaerobic ammonium
oxidation may occur in DCW. The typical character of the
two processes is that oxidation product of nitrification is
nitrite nitrogen instead of nitrate nitrogen. Wang and
Yang [30] pointed out if partial nitrification took place,
approximately 25% oxygen can be saved. According to the
kinetic reaction equation of anaerobic ammonium oxidation, only approximately 33% oxygen will be required compared to the quantity of oxygen that conventional nitrogen
removal process consumed [26]. It should be pointed out
that there was not only one process which occurred in
DCW and ECW, other processes may coexist. If more
nitrogen can be removed by economical oxygen microbial
processes, a higher efficiency will be achieved.
The removal rate of ECW was far less than that of the
other two wetlands. It was shown that the number of AOB
and NOB was less than that of the other two wetlands.
The ratios of C/N and N/P of influent in ECW were extremely imbalanced, which was not fit for microbial growth
and activity. Hence, nitrogen standing stock and ammonium volatilization contribute a lot for nitrogen removal.
However, the removal rate of ammonium nitrogen and
nitrite nitrogen by the two ways was low [31, 32], leading
to weak capability of nitrogen reduction in ECW.
TABLE 3 - The number of bacteria of the three CWs
Type
DCW
BCW
ECW

AOB
MPN/g(soil）
7480000
52700
14700

NOB
MPN/g(soil）
17900
14500
10800

3.3 Operational time effect

For the removal of nitrogen from wastewater by CWs,
operation period is considered to be an important parameter. Effect of operation period on nitrogen removal is shown
in Figs. 1-3. As seen from these figures, NH3-N removal
rate was in linear correlation with operational period regardless of nitrogen loadings. The capability of nitrogen
removal increased gradually as the systems aged. The
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maximum value increased from 1.99 g·m-2d-1 in 2006 to
2.18 g·m-2d-1 in 2008 in DCW, from 1.66 g·m-2d-1 in 2006
to 2.15 g·m-2d-1 in 2008 in BCW, from 0.211 g·m-2d-1 to
0.314 g·m-2d-1 in ECW. The capability of TN removal
also increased gradually as the CWs aged and depend on
operational time. The maximum value increased from
2.23 g·m-2d-1 in 2006 to 2.62 g·m-2d-1 in 2008 in DCW,
from 1.81 g·m-2d-1 in 2006 to 2.31 g·m-2d-1 in 2008 in
BCW, from 0.317 g·m-2d-1 to 0.363 g·m-2d-1 in ECW.
Vymazal [12] obtained different results in the study of
long-term performance of constructed wetlands with horizontal sub-surface flow. He found that there was no gradually increase of nitrogen removal. The result found in this
study may result from a long period from the new construction to mature of the CWs. In the initial period, plant
and substrate was separately set in the units and there is
no synergistic reaction between the elements. As CWs
aged, the root systems grow better and better and the diversity of microbe is more and more abundant [26]. Therefore,
the co-function of plant, substrate and microbe become
better and better. The improvement in nitrogen removal as
CWs aged is attributed to the development of a mature
system, stable microbial population, and plant establishment. Considered the increasing ability of CWs, more
wastewater could be treated in the middle age of the
CWs based on the result. It is meaningful for the
wastewater treatment plant which will be planned to enlarge in future. However, more CWs and long-term observation of more CWs needs to be carried out for further
evaluating the performance of CWs.

long term monitoring and maintenance of the CWs is very
important for comprehensively evaluating a CW. In China,
it is necessary to study more full scale CWs for further
evaluating their nitrogen removal capability.
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A COMPARATIVE STUDY ON THE ANTIBACTERIAL ACTIVITIES
OF THE AMINOPHENOLS: SOME NOVEL ASPECTS OF
THE ANTIBACTERIAL ACTION OF p-AMINOPHENOL
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ABSTRACT

1. INTRODUCTION

Phenol and phenolics are widely used industrial
chemicals and they are hazardous environmental pollutants when they are released from wide range of industrial
processes. This study was carried out to investigate the
antibacterial potentials of three structural isomers of the
aminophenol. Antibacterial activities of o-aminophenol,
m-aminophenol and p-aminophenol were initially determined using the standard disc diffusion method. The results
obtained from these studies demonstrated that p-aminophenol could inhibit the bacterial growth much better than
the other two structural isomers when they were used in the
same concentrations. Minimum inhibitory concentration
(MIC) and minimum bactericidal concentration (MBC) of
p-aminophenol were then determined against gram (+) and
gram (-) reference strains using the broth macrodilution
method. MIC and MBC values were found between 31,25
and 500 µg/mL. pH of the growth medium had a slight
effect on the MIC values and the MIC value was higher in
the growth medium with a lower pH. Time-kill analyses
of p-aminophenol were performed against Staphylococcus
aureus and concentration dependent killing curves were
obtained. Postantibiotic effect of p-aminophenol was also
investigated against Staphylococcus aureus which was the
most susceptible strain and found to be approximately
15 min for the MIC concentration. From our experimental results, we conclude that p-aminophenol, but not
the other two structural isomers, displays a potent antibacterial activity against standard reference strains. We here
also present some novel data on the antibacterial activity
of p-aminophenol.

KEYWORDS: Aminophenol, structural isomer, antibacterial activity, staphylococcus aureus
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An intensive search has been going on for many years
to discover alternative compounds that could inhibit microbial growth. Increasing resistance to the existing antimicrobials has been the driving force behind this challenging search [1-3].
Antimicrobials target specific cellular mechanisms including cell wall synthesis, protein synthesis, cell membrane structures, nucleic acid synthesis and other specific
metabolic pathways [4-6]. Some commonly used antimicrobials including alcohols, phenols and detergents mainly
act by disrupting membrane structures and by denaturing
proteins [7].
Phenol was one of the first chemicals to be used for disinfection in 1860s. A group of structurally related compounds, called phenolics, have increased antimicrobial
activity. Phenolics destroy cytoplasmic membranes and denature the proteins [7]. The phenolics include cresols such
as Lysol, as well as several bisphenols such as hexachlorophene which is particularly effective against staphylococci
[8]. Triclosan, an antibacterial and antifungal agent, is a
polychlorophenoxy phenol and is used in many consumer
products including liquid soaps. Whilst, at in-use concentrations, triclosan acts as a bactericidal agent with multiple
cytoplasmic and membrane targets [9], at lower concentrations, however, triclosan appears bacteriostatic and target
bacteria mainly by inhibiting fatty acid synthesis [10].
The aminophenols and their derivatives are used in photographic, pharmaceutical and chemical industries. For
instance, p-aminophenol (p-AP) is one of the main ingredients of the permanent hair dyes [11]. P-AP is also a degradation product of paracetamol which is a widely used analgesic and antipyretic [12]. However, phenol and its derivatives are hazardous environmental pollutants and they can
be released to the environment from wide range of industrial processes. P-AP may also act as nephrotoxin and
hepatotoxin by undergoing enzymatic and non-enzymatic
oxidation to form reactive oxygen species (ROS) [13-15].
Two previous studies have reported the antibacterial
potential of the aminophenols [16, 17]. They also made
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several nuclear substitutions to the phenol ring of o-AP
and compared their antibacterial activities. Their results
showed that none of the compounds tested was more
active than o-AP itself. However, they have not pursued
their work on p-AP because of its higher instability [16].
In this current study, we investigated antibacterial activities of the aminophenols and revealed some novel
aspects of their antibacterial actions.

tion in fresh medium as described previously [21]. S. aureus
cells (≅ 1 x 107 CFU/mL) were exposed to the indicated
concentrations of p-AP for 60 min before washout. The
PAE was calculated with the standard formula: PAE = T –
C, where T is the time required for the treated cells to
increase 10-fold in CFU/mL after washout of the chemical with fresh medium and C is the time required for the
nontreated control cells to increase 10-fold in CFU/mL
after washout.
2.6. Salt tolerance assay

2. MATERIALS AND METHODS
2.1. Materials

Blank, gentamicin and vancomycin discs (6 mm in
diameter) were obtained from Oxoid Ltd. (Basingstoke,
UK). Mueller Hinton broth (MHB), Mueller Hinton agar
(MHA), o, m and p-aminophenols were supplied by Merck
KGaA (Darmstadt, Germany). All other chemicals were
purchased from Merck with all reagents used being of the
highest purity available.
2.2. Bacterial strains

Four representative strains, two gram positives S. aureus
(ATCC 25923) and E. faecalis (ATCC 29212) and two
gram negatives E. coli (ATCC 25922) and P. aeruginosa
(ATCC 27853) were obtained from Refik Saydam National
Public Health Agency (Ankara, Turkey).

The salt tolerance assay was adapted from Carson et
al. to investigate membrane damage in sub-lethally injured
bacteria [22]. S. aureus cells treated with p-AP were grown
on MHA supplemented with NaCl. 50 mg/mL concentration of NaCl was used in MHA to modestly compromise
the colony-forming abilities of untreated organisms. The S.
aureus cells were grown to the logarithmic phase by preincubation of the inoculum in fresh medium prior to the
addition of the chemical. Then, samples of the bacteria
were treated with MIC and 2xMIC of p-AP for 1 hour.
Samples were then removed, serially diluted and inoculated
onto MHA and the selective media MHA-NaCl. After overnight incubation, the numbers of CFU/mL on each MHANaCl plate were compared to those on the MHA plate and
the results were expressed as percentages.
3. RESULTS AND DISCUSSION

2.3. Antibacterial susceptibility testing

The standard disc diffusion method and the broth macrodilution method were used for susceptibility testing as described before [18, 19]. The chemicals were dissolved in
DMSO and 15 µL of solutions including desired amount
of chemicals were impregnated onto sterile paper discs.
Discs containing DMSO (15 µL), gentamicin (10 µg) and
vancomycin (30 µg) were also included in the experiments
as the negative and the positive controls respectively. The
broth macrodilution assay was performed, as recommended
by NCCLS, to determine the MIC and MBC values [18, 19].
2.4. Time-kill analysis

Time-kill analyses were performed in MHB as previously described [20]. The S. aureus cells were grown to the
logarithmic phase (≅ 1 x 107 CFU/mL) by preincubation
of the inoculum in fresh medium prior to the addition of
the chemical. Aliquots were removed at the indicated time
points after the addition of p-AP. 10 µL of the undiluted
aliquot and 10-fold serial dilutions of the aliquot were
plated onto MHA plates in triplicate for viable count determination. The plates were incubated at 37oC for 20 h,
and the number of colonies that formed were counted. The
values presented are the average of the counts from triplicate plates for each time point.
2.5. Measurement of Postantibiotic effect (PAE)

In vitro PAE was determined by the viable count
method following removal of the chemical by a 10-3 dilu-

Antibacterial activity of the aminophenols and some
related compounds were initially determined using the disc
diffusion assay. Table 1 summarizes the results obtained
from these assays. Three different concentrations of the each
aminophenol were used to determine whether the antibacterial activity is concentration dependent or not. Among
the three structural isomers, p-AP showed the strongest
antibacterial activity and S. aureus was the most susceptible organism. The activity was concentration dependent and
larger inhibition zones were observed when higher concentrations of a chemical were used in the discs.
The discs containing the solutions of some related compounds (phenol, aniline and benzene) were also included in
the disc diffusion assays for comparative purposes. Whilst
these discs included similar amounts of the indicated
chemicals, they did not produce any inhibition zones.
DMSO was the solvent used to solve the aminophenols
and the disc containing DMSO-only did not produce any
inhibition zone and served as a negative control. Gentamicin and vancomycin discs were included as the positive controls and they produce inhibition zones in the
acceptable ranges.
Upon the observation of relatively stronger antibacterial activity of p-AP in the disc diffusion assays, it was
then decided to determine MIC and MBC using the broth
macrodilution assay. Table 2 summarizes the data obtained
from these assays. The MIC and MBC values of p-AP
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TABLE 1 - Antibacterial activities of the aminophenols (AP) and some related compounds determined by the standard disc diffusion assay.
Compound

S. aureus

E. faecalis
E. coli
P. aeruginosa
Inhibition zones (mm)*
p-AP (50 µg)
18
10
8
9
p-AP (250 µg)
26
17
12
17
p-AP (500 µg)
30
23
14
21
m-AP (50 µg)
m-AP (250 µg)
m-AP (500 µg)
o-AP (50 µg)
o-AP (250 µg)
16
o-AP (500 µg)
20
14
Gentamicin (10 µg)
19
21
17
Vancomycin (30 µg)
17
18
Aniline (250 µg)
Benzene (250 µg)
Phenol (250 µg)
DMSO (15 µL)
* The values represent the diameters (mm) of inhibition zones produced around each disc and each value is the average of 3 separate experiments. (-):
No inhibition zone was observed.

TABLE 2 - The MIC and MBC values for p-AP
determined by the broth macrodilution method
Bacterial strain
MIC*
S. aureus
31.25
E. faecalis
62.50
E. coli
250.0
P. aeruginosa
125.0
* The values represent the MIC and MBC in µg/mL
reproducible in 3 different sets of experiments.

MBC*
62.50
250.0
500.0
250.0
and they were

TABLE 3 - The MIC values for p-AP determined by the broth
macrodilution method at the different pH values.
pH = 8.0
pH = 7.0
pH = 6.0
Minimum Inhibitory Concentration (MIC*)
S. aureus
31.25
31.25
62.50
* The values show the MIC (µg/mL) of p-AP against S. aureus in the
growth mediums at indicated pH and they were reproducible in 3 different sets of experiments.

cules at pH=6. As the cellular membranes are impermeable to charged molecules, it can be thought that cationic
forms of p-AP could not diffuse into the cells to show their
antibacterial action and this might at least partly explain
the higher MIC values at pH=6.
Figure 1 shows the time course of the growth-inhibiting activity of p-AP at the different concentrations
against S. aureus which is the most susceptible test organism in this study. Whilst the MIC partially inhibited the
bacterial growth, 2xMIC reduced the number of bacteria
10-fold and 5xMIC of p-AP killed all bacteria in 5 hours.
These results were in accordance with the values obtained
in the broth macrodilution assays. The MBC was 2xMIC
as shown in Table 2 and 2xMIC reduced the number colonies in 5 hours. 5xMIC which is a higher concentration
than the MBC, inhibited all bacterial growth in 5 hours.

against gram (+) strains were significantly lower than the
values observed against gram (-) strains. This was attributed to the structural differences in membrane and cell
wall structures of gram (+) and (-) bacterial strains.
p-AP is an amphoteric compound with both amine
and hydroxyl functional groups. PKa values for these
groups are 5,48 and 10,30 respectively [23]. P-AP exist as
neutral molecule (around physiological pH), as ammonium cation (at low pH) or as phenolate ion (at high pH)
depending on the pH value of the solution. We then investigated the antibacterial activity of p-AP in growth mediums with different pH values adjusted by 0.1 N HCl or
0.1 N NaOH. Whilst the MIC value of p-AP against S.
aureus was 31.25 µg/mL in the growth mediums with
pH=7.0 and 8.0, it was determined as 62.50 µg/mL in the
growth medium with pH=6.0 (Table 3). PKa values of the
functional groups of p-AP require that some of the molecules are in cationic form at pH=6 because of the ammonium groups. However, less p-AP molecules carry ammonium cations at pH=7 and 8 in compared to the mole-

FIGURE 1 - Time-kill curves for p-AP against S. aureus. P-AP was
added to the culture at the following concentrations at time zero:
Control (x), MIC (♦), 2xMIC (Δ), 5xMIC (•).
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The time-kill analysis indicated that p-AP is bacteriostatic rather than bactericidal at low doses, while it is
bactericidal when the test microorganisms are exposed to
high concentrations of the chemical. The data presented in
the Figure 1 are representative of three different sets of
experiments which produced similar results.
To determine PAE, cultures of S. aureus were exposed to the MIC, 2xMIC and 5xMIC of p-AP for 60 min
before washout and PAE was calculated as described in
experimental section. The PAE of p-AP was calculated as
≅ 15 min when the cells were exposed to the MIC as
shown in Figure 2. When the cultures of S. aureus were
exposed to 2xMIC and 5xMIC of p-AP for 60 min before
washout, all bacterial growth were inhibited in the next 2
hours after washout (Data not shown). So, no PAE was
calculated for 2xMIC and 5xMIC of p-AP. The data presented in the Figure 2 are representative of three different
sets of experiments which produced similar results.
FIGURE 2 - The postantibiotic effect (PAE) of p-AP against S.
aureus. Control (x), MIC (♦).

B
A

B

Treatment

Control (MHA)
Control (MHA-NaCl)
1 x MIC
2 x MIC

X ± SX
(mean ± SE mean)
100 ± 0.00
92.33 ± 9.71
36.33 ± 6.11
28.33 ± 3.06

FIGURE 3 A) - Proportion of S. aureus cells able to form colonies on MHA and MHA supplemented with 50 mg/mL NaCl after 1 h of treatment with p-AP at MIC and 2xMIC. Control cells were untreated. The results represented in the graph were derived from triplicate experiments. B) The means ± SEs for triplicate experiments are shown.

The loss of tolerance to salts or other potentially toxic
compounds may be exploited to reveal membrane damage
in sub-lethally injured bacteria [22]. The results of assays
of the salt tolerance are shown in Figure 3. The results are
reported as the percentage decrease in CFU/mL on MHANaCl plates compared to the MHA-only control plates.
Whilst the addition of NaCl (5 %) to MHA did not reduce
significantly the colony-forming ability of untreated S.
aureus cells, treatment with p-AP at MIC and 2xMIC
significantly reduced the ability of survivors to form colonies on MHA-NaCl. Increased susceptibility to NaCl
suggests that the cytoplasmic membrane is compromised
by treatment with p-AP.

4. CONCLUSIONS
The antibacterial activity of p-AP indicates that both
the presence and the positions of amino and hydroxyl groups
on the benzene ring are essential and synergistic since no
antibacterial activity were observed for o-AP, m-AP, benzene, phenol and aniline when they were used in comparable concentrations. The position of amino group on the
phenol ring system is the main determinant of the chemical and physical properties of the aminophenols. For example m-AP is fairly stable in air unlike o-AP and p-AP that
easily undergo oxidation to colored products. Our results
shows that the position of the amino group also determines
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the biological activity of the aminophenols and p-AP has
significantly higher antibacterial activity in compared to the
other two structural isomer.
pH dependency of the antibacterial activity of p-AP indicates that the charge distribution on the molecule influences its biological activity. This might be related to the
difficulty of diffusion of the charged molecules through the
cellular membranes.
The main mechanisms of the antibacterial action of
phenolics are to destroy the cytoplasmic membranes of the
microorganisms and to denature the cellular proteins [7].
The salt tolerance assay used in this study implied the
membrane damaging activity of p-AP. However, it is
possible that it may have other sites of action to exert its
antibacterial activity. Whilst the low stability of p-AP
limits its widespread-use as a biocide or antiseptic, its
antibacterial action is significant since it is a widely used
industrial chemical [24, 25] and a metabolic product of
antipyretic, analgesic agent, paracetamol.
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ABSTRACT

1. INTRODUCTION

Analytical and physical-chemical techniques, such as
elemental analysis, FTIR, surface tension (ST) measurement,
high performance size exclusion chromatography (HPSEC)
and high resolution ultrasonic spectroscopy (HRUS) were
combined in order to assess the surface activity of lignite
sodium humic acids salts (humates). Humates were obtained
from parental and modified South Moravian lignite pretreated either by oxidation or by small organic acids. It
was shown that unlike common surfactants, humates dissolved in water do not exhibit the critical micelle concentration and form micelle-like aggregates also in diluted
solutions. As revealed by HRUS, the aggregation and/or
reconformation of humic aggregates in solution takes up
to ten minutes; in contrast, the ST measurements showed
long-term stabilization associated with a slow decrease in
ST of the solution. Correlation with results of HPSEC
indicated that the surface activity of lignite humates is
caused predominantly by aggregates with apparent molecular weight between 50–75 kDa (detected by refractivity index detector). Therefore, the long-term processes of
ST equilibration were attributed to the slow re-orientation
of molecules in humate aggregates adsorbed in the air/water
interface in which hydrophobic parts of humates were
moved towards air and hydrophilic parts towards to the
water bulk. The efficacy of prepared surfactants to decrease
the surface tension of aqueous solution was compared with
activity of common surface active molecules using Szyszkowski equation and it was found out that humic products
can compete with some commercially available surfactants used in remediation technologies.

KEYWORDS: Lignite humic acids, natural surfactants, ultrasonic
resonator, size exclusion chromatography, surface tension

* Corresponding author

Industrial accidents as well as anthropogenic activities
are the main reasons for soil pollution. As a result the
development of soil remediation technologies suitable for
the transformation and detoxification of pollutants is of
great interest [1]. Most of the soil pollutants are nonaqueous phase liquids (e.g., tetrachlorethene) which are due to
their low aqueous solubility and slow rate of dissolution
considered as persistent groundwater contaminants [2]. For
remediation technologies many synthetic surfactants such
as Tween 80, Triton X 100 or sodium dodecyl sulphate are
successfully used. These usually belong to the group of
petroleum derived chemicals that are proposed to have cleaning or solubilization properties. Because of their synthetic
origin, surfactants can be resistant to biodegradation, persist in the environment, and affect biota [3]. Remediation
technologies which use so called natural or bio-based surfactants have been subjected to a growing interest as well.
In this case, applied surfactants originate from natural
sources, e.g., fatty acid esters of sugars and fatty acid esters or amides of amino acids [4].
Humic acids (HA), main organic constituents of soils,
natural waters organic matter and low rank coals have been
recognized as natural surfactants as well [1, 5, 6]. HA are
complicated mixtures of organic molecules originating from
death plant tissues and animal bodies. In the chemical
structure of HA hydrophilic segments composed of ionic
and/or nonionic groups as well as hydrophobic aliphatic
and aromatic moieties can be identified. In this way they
partially resemble classical amphiphilic surfactants. The
potential of HA to solubilize some organic compounds has
already been demonstrated [7, 8].
One of the most important parameters for pollutant
solubilization is the critical micelle concentration of the
particular remediation surfactant (CMC). In the case of
common surfactants, under CMC they exist as monomers
which are partly adsorbed at the interfaces (e.g., water/air)
causing a decrease of the surface tension of the solution
[9]. At higher concentrations surfactant monomers associate into the aggregates called micelles. The concentration
at which the micelle formation occurs is defined as CMC.
In the past, the estimated value of CMC of concentrated
HA solutions has been reported as high as 10 g L–1 [10].
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In contrast, other experiments proved the presence of premicelle organizations in highly diluted HA solution which
questions the existence of “true” CMC and the nature of
humic micelle-like structures occurring in solutions [11,
12]. Recently, using the high resolution ultrasonic spectroscopy (HRUS) the nature of humic assemblies was described
as planar structures stabilized predominantly by hydrophobic interactions at low concentrations and by H-bonds at
higher concentrations [13]. Humic substances represent a
complicated mixture, thus, in order to develop most efficient humic acid based natural surfactant, it is important
to combine and compare data obtained from different techniques in order to understand the character of behavior of
humic substances in aqueous solutions and their surfaces.
For this purpose, in this work several salts of lignite humic
acids (humates) were prepared. The first part of the samples consists of humic acids extracted from previously
oxidized lignites. In this way, the treatment is relatively
strong, structure of lignite is irreversibly changed and
humic substances with higher number of polar groups can
be prepared. In contrast, the second part of the humic
sample set is prepared by a relatively non-invasive treatment which is supposed to reversibly change the physical
structure of humic acids. As a result humic acids with
altered physical structure can be produced. At last, humic acids from non-treated “parental” lignite are investigated.
The objective of this work is to investigate the relationship between surface activity of prepared salts of lignite
humic acids (humates), their solution behavior and chemical composition. For this purpose, the modification of lignite prior to the extraction results in the production of materials with a wider range of chemical composition and properties as well as different influence on the surface tension in
aqueous solutions.
2. MATERIALS AND METHODS
2.1. Sample preparation

Seven samples of modified “regenerated” humic acids
(RHA), i.e. RHA1–RHA7 and one reference “not regenerated” HA were extracted from the lignite mined in “Mír”
mine in the area of Mikulčice located nearby Hodonín
(Czech Republic). 7 fractions of lignite, previously sieved
at 0.2–0.3 mm were soaked with two oxidizers (HNO3,
H2O2) and two “amphiphilic-like” agents (acetic and citric
acids, respectively), followed by the alkali extraction. The
process of lignite modification was carried out according
to the following procedure: 20 g of raw lignite was placed
into a beaker, 200 mL of an appropriate modifier was
added and the suspension was stirred for 30 minutes at
laboratory temperature. Further, the pre-treated lignite was
thoroughly washed with distilled water until free from
modifiers. Pre-treated lignite as well as the non-pretreated part were mixed with 400 mL of extraction agent
consisting of 0.5 M NaOH and 0.1 M Na4P2O7 (1:10).
The extraction was carried out under gentle heating

(≈40°C) and stirring for 60 minutes. After centrifugation
(15 min, 4000 rpm), the supernatant was treated with
concentrated HCl to reach pH 1–2 in order to precipitate
the RHA. Then approximately 500 mL of 8 % (v/v) HF was
added and shaken overnight in a plastic vessel to remove
residual ashes. After that the samples were centrifuged,
rinsed with distilled water, centrifuged again and then dialyzed (Spectra/Por® dialysis tubes, 1000 Da cut-off) against
distilled water until chloride-free (five to seven days). The
final process was freeze-drying (Labconco FreeZone) of
dialyzed humic products. The list of samples is given in
Table 1. Obtained RHA were then divided into two parts:
one part was titrated by 0.1 M NaOH to produce watersoluble sodium humates (NaRHA) and the second part
remained in the protonated form. NaRHA samples were
then used for characterization by high performance size
exclusion chromatography (HPSEC), surface tension (ST)
and high resolution ultrasonic spectroscopy (HRUS). The
protonated forms of RHA and HA were used for Elemental Analysis (EA) and FTIR spectroscopy. For EA the
PE 2400 CHNS/O Elemental Analyzer performed by
Strojírenský zkušební ústav, s. p., Brno, Czech Republic
was used (Table 1).
2.2. FTIR spectroscopy

In order to evaluate humic acids molecular changes
induced by the modification of parental lignite, FTIR spectroscopy was used (Nicolet Impact 400). Conventional KBr
pellet technique was applied. From 0.5 to 1 mg of previously dried (110 °C for 4 hours), cooled and in desiccator
stored humic samples were mixed in agate mortar with
200 mg of KBr. Obtained powder was squeezed to form a
pellet and put into the spectrometer to be analyzed. Number of scans of FTIR analysis was 256, resolution 4.
2.3. HPSEC analysis

The Agilent system was used for HPSEC analysis.
Two detectors in series were used: UV detector at 280 nm
(calibrated by sodium polystyrensulphonates (PSS)) and
refractive index detector (RI, calibration with polysaccharides (PSC)). An automatic injector, with a 100 µL sample loop, was used to load HPSEC solutions. A Phenomenex Biosep S2000 (600 x 7.5 mm) column was used for
the size exclusion separations. The column was preceded
by a guard column and by a 0.2 µm stainless-steel inlet
filter. Flow rate was set 0.6 mL min–1, the HPSEC eluent
was a 50 mM NaH2PO4·H2O solution adjusted to pH 7
with 1 M NaOH. The salt concentration was chosen to have
a constant ionic strength of 50 mM in order to minimize
ionic exclusion or hydrophobic interactions with the column [14]. Standards of known molecular weight, such as
PSC of 186, 100, 23.7 and 12.2 kDa (Polymer Sciences
Laboratories, UK) and PSS of 169, 123, 30.9 and 6.78 kDa
(Polymer Standard Service, Germany) were used for the
column calibration. NaRHA samples were dissolved in the
HPSEC eluent to achieve concentration 0.6 mg mL–1, filtered through quartz filters (Glass Microfibre Filterm
Whatman International, LTD) and subjected to HPSEC
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analysis. Weight-averaged molecular weight (Mw) was
calculated using following equation (PE-TC-SEC 4.01
software)

N
2
∑ hi M i
,
M w = i =1
N
h
M
∑
i =1 i i

(

)

(1)

where Mi and hi are molecular weight and the height
of each i-th fraction in chromatogram, respectively.
2.4. Surface tension

Surface tension (ST) measurements were conducted
employing Sigma 700 tensiometer (KSV Instruments Ltd.)
using a 19-mm-diameter platinum-iridium (Pt-Ir) ring. Thirteen samples with concentrations from 0.001 to 10 g L –1
(0.001, 0.005, 0.01, 0.05, 0.1, 0.5, 1, 2, 3, 4, 5, 8, 10 g L–1)
of individual NaRHA were prepared by diluting humic
solutions one day before the measurement. Each solution
was placed in a shallow glass measuring dish and carefully stirred for 5 min. Then, stirring was switched off and
after 10 min the surface tension was measured repetitive
by Pt-Ir ring. The total time of measurement was 12 hours.
All measurements were carried out at the temperature of
25±2 °C. Obtained data were fitted by Szyszkowski equation (Eq. 2) [15, 16] using Origin 7.5

γ 0 − γ = a log (1 + b c ) ,

(2)

where a and b are empirical parameters of Szyszkowski equations depending on the structure of dissolved
matter; parameter a reflects the nature of surface active
substances and has a constant value for the surface active
moieties of one molecular type, parameter b is different
for different molecules and characterizes the efficiency of
the absorbed molecules to decrease surface tension and
also surface activity. γ0 is the surface tension of the solvent (water at 25 °C: γ0 = 72.1 mN m–1), γ is the surface
tension of the solution and c is the concentration of the
solute.
2.5. HRUS analysis

For monitoring of ultrasonic velocity, HRUS 102 device (Ultrasonic-Scientific, Dublin, Ireland) was employed.
It consists of two independent quartz cells tempered by a
water bath; cell 1 serves as a sample cell and cell 2 as a reference. All experiments were carried out at 25.00±0.02 °C,
under constant stirring (600 rpm) and at eight different initial
ultrasound frequencies (2370, 5108, 5478, 7850, 8219,
11950, 12196 and 14692 kHz). For the measurement of
ultrasonic velocity, the resolution of the spectrometer was
set down to 10–5 %. Sodium humates samples were dissolved in deionized water in order to prepare the stock
solution 10 g L–1. 10 µL of the NaRHA solution was added
stepwise every 10 min into cell 1 (i.e., when constant values were achieved); cell 2 was treated in the same way
with the same amount of water to control the influence of
temperature fluctuation on ultrasonic velocity. The con-

centration increment in the ultrasonic velocity A was
calculated according to the equation published in [17]:

A ≅ (U − U 0 ) (U 0 mρ 0 ),

(3)

where U and U0 are the values of ultrasonic velocity
in solution and solvent, respectively, m is the weight concentration of the solute and ρ0 is the density of the solvent.
2.6. Statistical analysis

For correlation of the values obtained in this study the
linear regression using the least squares method was used
(Microsoft Excel).
3. RESULTS AND DISCUSSION
3.1. Molecular structure of humic acids

The molecular characteristics of the obtained samples
such as elemental analysis, selected parameters obtained
from FTIR measurements, parameters a and b obtained
from Szyszkowski equation and Mw obtained from HPSEC
are reported in Table 1. First, the differences in the chemical composition of the individual samples were indicated
by their elemental analysis. Content of C, H, N and O in
all samples varied within 41.5-45.4 %, 32.2-38.2 %, 0.922.13 % and 19.3-21.0 % (atomic), respectively. The most
remarkable is the variation of N content, namely in the
case of RHA3 treated by 20% nitric acid. The larger amount
can be attributed to the N-substitution or the processes of
nitration occurred during the modification with nitric acid.
In contrast, RHA1 which was also prepared by modification with nitric acid showed a smaller amount of N in comparison with other samples. It seems that 5% nitric acid is
strong enough to oxidize the parental lignite but too weak
to introduce a significant amount of nitrogen into the extractable humic molecular structure. The C/H ratio for all
samples indicates that during the modification of parental
lignite preferentially aliphatic moieties have been oxidized
which is in accordance with previous observations [18]. In
fact, aromaticity of the samples decreases with increasing
concentration of individual modifiers. The lowest value of
C/O ratio among all of the samples showed RHA3 treated
with 20% nitric acid which indicates larger content of oxygenous functional groups in the molecular structure in
comparison with other samples. It is probably the consequence of the strongest oxidative attack of the parental
lignite followed by the formation of predominantly phenolic OH groups [19]. On the other hand, other samples
showed practically the same value which was already
explained in ref. [18] – the oxidation changed the molecular feature of humic acids and simultaneously the yield of
extractable humic matter increased. Therefore, the averaged
distribution of oxygen within molecules of regenerated
humic acids was more or less constant but a larger amount
of humic matter was obtained.
FTIR spectroscopy data supported the results obtained
from elemental analysis. Vibration spectra of all studied
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samples (RHAs) were similar to the spectra of humic acids
published and described by many authors and the results
seem to be almost identical. A typical record of HA extracted from non-treated lignite is reported in Figure 1.

FIGURE 1 - FTIR record of parental humic acids.

The interpretation of FTIR spectra of HA can be found
elsewhere (e.g. [18, 19]). Briefly, the first broad peaks were
observed in the range 3450–3300 cm–1 (hydrogen bonded
–OH) and in region 2950–2900 cm–1 (aliphatic C–H stretching). Sharp peaks can be seen around 1710 cm–1 (C=O of
COOH), another in region 1640–1600 cm–1 (C=O stretching of COO–, ketonic C=O and aromatic C=C conjugated
with COO–) and other at around 1280–1180 cm–1 (aromatic C, C–O stretch). To distinguish the differences between HA and RHA samples the ratio of relative intensities
of specific absorption bands 2930/1514 and 1514/1400 was
used. The first ratio (2930/1514) describes the relations
between aliphatic (C–H stretching vibration) and aromatic
(C=C aromatic vibration) character and confirms increase
of aromaticity of the samples during the modification of
parental lignite. The biggest change was noticed in the case
of RHA4 treated by hydrogen peroxide which indicates
that during the oxidation of raw lignite the ratio aliphatic/
aromatic was shifted towards aromatic structures because
the aliphatic ones were chemically affected. It seems that
the original aromatic structures were also oxidized but not
as extensively as aliphatic ones.
The ratio 1514/1400 describes the correlation of aromatic C=C vs. combination of phenolic O–H deformation
vibration and C–O stretching vibrations. In the work of
Tandler [22] it was shown the mutual connection between
those bands because they represent the main parts of the
HA structure. In comparison with non-treated HA, RHA4
and RHA2 have the smallest value of the ratio. This indicates a possible carbon oxidation associated with formation of phenols and/or alcohols.
3.2. Size distribution of humic aggregates

As indicated in the previous paragraphs, the modification changed the chemical structure of individual humic
samples. As a result, a change in their physical (supra-

molecular) structure could be expected. In order to assess
the distribution of molecular dimensions of humic aggregates reflecting the ability of humic molecules to form
aggregates of variable size, the HPSEC was employed [14].
The chromatograms of humates obtained using two detectors are reported in Figure 2. UV detector showed a record
with two peaks eluted at 20 min and 28 min, while RI
detector showed a record with an intensive peak eluted at
35 min. In fact, UV detector set up at 280 nm could detect
only chromophores and groups absorbing at that particular
wavelength which is in contrast to the RI detector which
allows monitoring of elution of the whole sample mass.
Both Mw values based on the UV and RI detection showed
that molecular sizes of humic aggregates during the modification were changed; results are summarized in Table 1.
In fact, the results obtained from HPSEC reflect the affinity of molecules to form aggregates stabilized by weak
interactions [23]. It has been stated that at pH 7, used in
this work, mainly hydrophobic interactions contribute to
the stabilization of formed aggregates.

FIGURE 2 - HPSEC records of sample NaRHA3, a) UV detection,
b) RI detection.

The averaged molecular sizes of humic substances covered similar ranges, however, significant differences exist in
their distributions. The area under the peaks was divided
into six intervals of M w, divided by total peaks area and
multiplied by factor 100 to obtain percentage contents of
particular molecular fractions (Table 2). In some cases the
results obtained by UV and RI detectors differed remarkably. The significant part (23–35 %) of humic samples occurs in the low molecular weight interval 0–25 kDa. The
largest fraction was recorded for sample HA which was
extracted from non-treated lignite. Samples RHA3 and
RHA5 treated with 20% nitric acid and 5% hydrogen peroxide, respectively, gave smaller values. Other four intervals showed similar results except for the interval 100–
150 kDa. In this particular interval about 20–40 % of humic
molecular fractions were eluted and sample RHA3 showed
the largest content in comparison with other measured
samples. Sample RHA1, prepared by the treatment of
parental lignite by 5% nitric acid rather deviates from this

1769

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

TABLE 1 - Elemental analysis of HA and RHAs is given in atomic %. The proportion of relative intensity of selected absorption bands.
Weight-average molecular weight in g mol–1 for UV (280 nm) and RI detector obtained from HPSEC analysis. Parameters a and b obtained
from Szyszkowski equation (Eq. 2).
sample
HA
RHA1
RHA2
RHA3
RHA4
RHA5
RHA6
RHA7

modifier
C
–
41.6
5% HNO3
45.4
10% HNO3
44.9
20% HNO3
41.5
2% H2O2
44.5
5%H2O2
42.5
20% acetic acid 44.0
20% citric acid 44.1

Elemental analysis [at. %]
H
N
O
C/O
38.2
0.94
19.3
2.16
32.2
1.34
21.0
2.16
32.8
1.53
20.8
2.16
36.6
2.13
19.8
2.10
33.3
1.41
20.8
2.14
37.1
0.92
19.5
2.18
34.1
1.34
20.6
2.14
34.1
1.49
20.3
2.17

C/H
1.09
1.41
1.37
1.13
1.34
1.15
1.29
1.29

FTIR ratios
2930/1514 1514/1422
1.08
0.87
1.07
0.84
1.02
0.77
0.95
0.91
0.83
0.75
0.96
0.79
1.03
0.91
0.94
0.95

Mw (g mol–1)
(UV)
(RI)
9878
6256
12180
10483
11755
8922
14763
17848
13151
14687
16087
16035
10225
11110
10718
13990

a
(mN m–1)
3.95
3.33
3.40
3.15
3.65
3.45
3.50
3.58

b
(dm3 g–1)
55±8
136±0
153±24
301±41
68±10
646±168
111±34
482±173

TABLE 2 - Molecular size distribution calculated from data detected by UV (280 nm) and RI detectors.
sample
HA
RHA1
RHA2
RHA3
RHA4
RHA5
RHA6
RHA7

fraction of molecules (%) in the molecular mass interval (kDa)
based on VWD-UV (280 nm)
0–25
25–50
50–75
75–100
100–150
150–200
35.3
15.2
12.2
15.6
21.7
0.04
28.3
14.6
13.1
18.0
26.0
0.05
29.5
14.6
12.9
17.2
25.7
0.07
24.2
12.0
10.1
12.8
36.8
3.39
27.7
14.5
12.6
16.0
28.9
0.28
23.2
13.6
12.1
16.3
33.9
0.97
34.1
14.9
12.2
15.8
23.0
0.05
32.5
15.1
12.6
15.9
23.8
0.04

range since the number of the molecules occurring in this
interval is only about 8 %.
3.3. High Resolution Ultrasonic Spectroscopy

For monitoring of the aggregation of humates in the
bulk solution, the HRUS measurement was employed in
the similar way as reported by Kučerík et al. [24]. Generally, US velocity in HA solutions is influenced by two main
factors. The first factor is the number of water molecules
presented in the hydration shell which increases the US
velocity. In this case, the hydration shell represents less
compressible, rigid and denser fraction (layer) of water
molecules in comparison with the bulk water molecules
and thus provides better conditions for ultrasonic wave
propagation. The second factor which can play an inverse
role in ultrasonic wave propagation is the formation of
compressible aggregates possessing hydrophobic interiors.
With this respect, the energy of the wave is partially used
for the compression of the micelle-like aggregates (drop
in amplitude of the wave) because the hydrophobic core is
relatively soft. As a result, the velocity of the wave was decelerated.
As already demonstrated by Buckin et al. [25], in case
of common surfactants, titration of a highly concentrated
solution of surfactant into water resulted in a steep increase
in ultrasonic velocity as a consequence of increasing number of hydrated molecules in solution. Prior to the reaching of the CMC, the value of concentration increment in
US velocity (A) stays practically constant which demonstrates the absence of interactions between molecules. As

fraction of molecules (%) in the molecular mass interval (kDa)
based on RID
0–25
25–50
50–75
75–100
100–150
150–200
38.4
14.4
7.8
5.2
13.5
20.7
26.8
9.1
6.7
7.9
41.2
8.2
27.7
11.3
7.6
6.7
18.8
27.9
18.3
7.8
5.7
5.0
13.7
39.7
22.0
13.1
9.9
8.4
18.4
26.7
19.0
10.6
8.2
7.5
18.5
34.3
29.2
13.1
8.9
7.5
17.6
23.3
24.6
12.8
9.5
8.4
19.3
24.5

soon as the CMC is reached the concentration increment
dramatically decreases due to the effect of micelle compression [25]. When the increment of ultrasonic velocity
A is calculated and plotted against concentration, the concentration under CMC is characterized by a constant value
of A, while the appearance of CMC is indicated by its
abrupt decrease [24].
Humate solutions behave in a different way. Figure 3a
shows that with increasing time of titration, i.e. with increasing concentration, the ultrasonic velocity increases.
The small frame shows that after the addition of the stock
solution the ultrasonic velocity reaches constant value
within 10 minutes and next addition can be done. This is
partially caused by experimental arrangement but mostly
by humic molecules itself (it was also proved by experiments in which the stirring was switched off after the
stock solution addition followed by a quick and careful
mixing). The respective increment of ultrasonic velocity
calculated according to the Equation 3 is reported in Figure 3b. All the determined and calculated dependences of
increment were similar for all humates which indicates
that the progressive formation of aggregates occurred at
low concentration in all samples.
As described in the Materials and Methods part, humic samples were measured at eight different ultrasound
frequencies in range from 2 to 14 MHz. Figure 3b shows
that three different frequencies provided identical results.
If the formation of micelle-like aggregate occurs (soft hydrophobic core), the ultrasonic velocity would depend on
the applied frequency. Simply, the relaxation time of mi-
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celles at a certain (high) frequency would be smaller than
the time proportional to the ultrasonic (mechanical) wave
frequency applied. As a result micelles would become less
compressible, i.e. more elastic, and therefore higher values of U12 would be recorded. Nevertheless, this behavior
was not observed which confirms the fact that the humic
aggregates formed at concentration used in this paper do
not form “classical” micelle-like organizations. Instead, it
was suggested that in diluted solutions they form planar
open structures [13].

dm3 g–1) in comparison with lower HA (55 dm3 g–1). Therefore, it can be seen that the modification of parental lignite led to the production of humic acids with variable
surface activity. Comparison of parameters b with fatty
acids indicate that the efficacy of prepared humic acid to
decrease the surface tension is comparable with C10 and
higher fatty acids homologues (results for fatty acids are
not reported).

FIGURE 3 - (a) Increase of ultrasonic velocity as measured by
HRUS in differential arrangement (U1-U2=U12), stock solution was
added every 10 minutes; (b) dependence of increment of ultrasonic
velocity on concentration for 3 different frequencies.
3.4. Surface Tension of humate solutions

The surface tension of humic samples was measured as
the function of their concentration and time. In fact, with
increasing concentration of humic samples the ST progressively decreased and the constant value was reached
after approximately 10 hours (Figure 4a). Obtained data of
ST were subtracted from the surface tension of the solvent
(water), results were plotted versus respective concentrations and fitted by the Szyszkowski equation (Eq. 2). Obtained parameters are listed in Table 1. It can be seen that
all samples had a value of parameter a between 3 and 4
which means, that all samples included similar type of molecules adsorbed at the surface. The parameter b, which reflects the efficiency of surfactant to decrease the surface
tension, showed a significantly high value for RHA5 (646

FIGURE 4 - (a) Time and concentration dependency of surface
tension for sample NaRHA2; (b) the fitting by Szyszkowski equation
(see Equation 2).
3.5. Correlations and consideration

In this work, the attempt was made to find the relationship between results of applied analytical techniques. The
linear regression, least square method, was used for this
purpose. The only significant linear correlation (intentionally ignoring one point) was found between parameter a determined from Szysszkowski equation and the amount of
aggregates determined by HPSEC in the interval 25–50 kDa
and 50–75 kDa for RI detection (Figure 5). This suggests
that unlike in the solutions of common surfactants, the
surface activity of humates is caused by relatively large
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aggregates. As demonstrated by the experiments, aggregates are adsorbed in the interface layer (air/water) very
quickly but their reconformation takes a long time (ST
measurement); it is in contrast to their behavior in solution where no significant changes can be observed after
several minutes (HRUS measurement).

FIGURE 5 - Correlation coefficient for linear relationship between
humate aggregates dimension (as detected by RI and UV detector)
and parameter a from Szyskowski equation (from Equation 2)

The fate of humic aggregates in the interface (surface
ageing) is in contrast to the behavior of pure surfactants.
Prosser at al. [26] showed that in the case of n-dodecanoid
acid an induction period occurs; it means that after a time
period when no change of surface tension is observed,
single molecules tend to form monolayer islands and surface tension starts decreasing. In contrast, humates did not
show induction period which can be explained by the fact
that when adsorbed in the interface layer, they are not
surrounded by water molecules from all sides any longer
and the hydrophobic effect is partially diminished. This disruption of semi-equilibrium causes the observed long-term
surface tension decrease. Similarly as in living systems,
hydrophobic effect plays a crucial factor in those processes.
Water molecules surrounding dissolved or dispersed molecules have a strong tendency to form 3D structures stabilized by H-bonds which causes the minimization of the
contact surface between water and hydrophobic compounds or their parts. In case of polar compounds the situation is different, since the affinity of polar (soluble) moieties to water is higher than mutual affinity between two
water molecules. As a result, separation of hydrophobic
molecules from polar water molecules occurs. In humate
solutions as soon as the large heterogeneous aggregate is
ad-sorbed in the air/solution interface an immediate tendency occurs to open its structure and to expose the hydrophobic parts towards air while hydrophilic parts tend
be oriented to water. That process is kinetically driven and
takes several hours as demonstrated in Fig 4a. The notion
about adsorption of aggregates in the humate interfaces is
of a great importance for understanding of many functions
of lignite humates such as for example their biological

activity, reactivity on mineral surfaces and transport properties.
4. CONCLUSIONS
In this study, it was demonstrated that lignites represent chemical raw materials useful for production of humicbased surfactants. Efficacy to decrease surface tension of
water by prepared humates was demonstrated and it was
found out that it is comparable with efficacy of homologues
of fatty acids C10 and higher. Experiments indicated that the
mechanism of humates to decrease the surface tension of
water solution does not resemble principle known for classical surfactants. Instead, the presence of pre-micellar aggregates in diluted humate solutions was confirmed which
generally indicates the difference in mechanism of solubilization of hydrophobic compounds such as for example
pollutants by humate solutions. Surface measurement
showed that the surface activity of lignite humates is caused
by aggregates of relatively high dimension adsorbed in the
air/solution interface and the surface aging takes several
hours during which the aggregates slowly reach a stable
conformation. It is in contrast to the state of humic aggregates dispersed in solution which can reach stable conformation in the course of several minutes. This indicates
also only minimal or none exchange of aggregates from
solution with those present in the surface layer. Finally,
the nature of aggregates present in solution is different in
comparison with classical compressible micelle assemblies containing hydrophophobic cores or bilayers present
in biological systems.
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ABSTRACT
A pilot-scale submerged membrane bioreactor (SMBR)
with flat sheet ultrafiltration module was used to treat a
municipal wastewater. Permeate extraction was carried out
intermittently under a suction pressure in the range of 0.10.5 bar. The module was aerated from below the ultrafiltration module to provide cross-flow effect and oxygen requirement for the biological process. Active sludge from
municipal wastewater treatment plant (WWTP) of Kayseri
(Turkey) was used in the start-up with a food/ microorganism (F/M) ratio of about 0.15, which later changed between 0.05 and 0.2 during 170-day operation, and then
increased up to 0.34 at the end of operation. This system
worked throughout a 355-day operational period without
any sludge extraction. The influent COD ranged between
524-983 mg L-1 during the study. Mixed liquor suspended
solids (MLSS) concentration in aeration (oxic) tank of the
submerged membrane bioreactor (SMBR) was changed between 3600-7400 mg L-1 during 170-day operation, and
finally decreased to 2300 mg L-1 at day 355. The removal
efﬁciency of COD was more than 99%. Influent and effluent pH values in the SMBR also changed between 7.3–8.4.

KEYWORDS: SMBR; ultrafiltration; extended aeration; municipal
wastewater; COD; F/M

1. INTRODUCTION
Combination of biological wastewater treatment with
membranes were first reported by Smith et al. [1] where
ultrafiltration membrane was used for separation of activated sludge from the final effluent with the biomass being
recycled back to the aeration tank. This process results in
the solids retention time (SRT) being independent of hydraulic retention (HRT). Such a system would enable a low
substrate/biomass (F/M) ratio and waste-specific microor* Corresponding author

ganisms to be retained [2, 3]. High-strength wastewater
could be treated by membrane bioreactors and the sludge
production is rather minima1 [4]. In urban or industrial
wastewater treatment, the ﬂow rates may vary in a large
range during a daily operating period, and the treatment
process may be submitted to changeable conditions (ﬂow
rates and organic load variations etc.) making its management difficult. The F/M ratio directly inﬂuences the metabolite ways of bacterial populations. When the cell growth
is limited by the substrate source (at low F/M ratios), a
global phenomenon of synthesis and consumption of storage compounds is favored [5]. This phenomenon leads to
biomass conversion yields lower than it can be observed
when operating with high F/M ratios favoring a biomass
replication process [6, 7].
Placing the aeration diffusers under the membranes
and applying a higher rate of aeration creates turbulence
and cross-flow effects needed to reduce deposition and
biological fouling. Low-pressure suction would also prevent membrane from fouling as the low flux is usually
below a critical flux, above which fouling is inevitable [8].
In an external membrane bioreactor, the increase in the feed
concentration would increase the fouling resistance but in a
SMBR, the increase in MLSS should determine the fouling resistance [9]. There are four major categories of membrane foulants: dissolved solids, suspended solids, biological organisms and non-biological organics. Depending on
the chemical and physical composition of the foulants, they
tend to form distinct layers on the membrane surface.
These different behaviors of the culture could induce some
signiﬁcant differences on the treatment process performances when operating in sequential or continuous
modes. Whereas a permanent low F/M ratio was reached
with a continuous feeding strategy, the sequenced feeding
mode leads to instantaneous higher F/M ratios which
modify the conditions of culture (growth, soluble microbial end-product, etc.) and may impact ﬁltration performance. Membrane bioreactors (MBRs), which permit a
very long SRT, high MLSS and low F/M ratio due to the
interception of the membrane, have been found to be
advantageous over the conventional activated sludge

1775

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

systems in terms of system stability and compactness
[10, 11]. The objective of this paper is to evaluate the
performance of a submerged MBR working with the varying organic load and lower F/M ratio under long SRT
conditions.
2. MATERIALS AND METHODS

pressure (TMP) were monitored by a flow meter and a
pressure gauge, respectively. Cleaning of the membrane
module was carried out at the end of 6-month operation
by feeding the modules for a day with 2% sodium hypochlorite (NaOCl) solution from the permeate line. The
COD, BOD5, pH, SVI, MLSS and MLVSS in the membrane bioreactor were analyzed according to APHA/ WWA/
WEF [14].

2.1. Experimental Setup and Procedure

The pilot-scale SMBR was located in WWTP of Kayseri, Turkey (Fig. 1). SMBR system consisted of an anoxic
tank (2000 L) and an aeration (oxic) tank (1800 L). Nine
flat sheet membrane modules within a cassette (MCB 1 Hans Huber Incorporated, Germany) were mounted vertically located in the oxic tank. The membranes were made
of polyether-sulfone (PES), with a mean pore size of
0.038 µm. The effective filtration area for each module
was 0.4 m2. Air was supplied through two axial perforated
tubes which were below the membrane modules in order
to supply oxygen demanded by the microorganisms and to
prevent fouling effects by scouring along the membrane
surface [12, 13]. Besides, intermittent filtration (8 min
filtration and 2 min relaxation) was also carried out.

3. RESULTS AND DISCUSSION
3.1. Permeate Extraction and Organic Removal Performance

Permeate extraction was carried out intermittently under a suction pressure in the range of 0.1-0.5 bar. If the
steady operation conditions lead to progressive fouling, it is
possible to prevent medium-term fouling by periodically
stopping the permeate flow. Using an operation period of
8 min and a stoppage of 2 min, a continuous cyclic operation was achieved. Intermittent permeation is an effective
technique that allows operation above the critical ﬂux [15].
Flux of above 9 L m-2 h-1 was achieved at a stable suction
pressure of 0.3 bar. Permeate flux was nearly 12 L m-2 h-1
(1000 m3 day-1) and varied between 8.6-13.2 L m-2 h-1
(720-1107 m3 day-1) during 355 operation days (Fig. 2). The
operating suction pressure of 0.8 bar was reached almost
immediately, which is considered as close to the limit (0.9
bar) allowed when operating an immersed membrane [16].
Interestingly, there was no need for cleaning of the membrane within the 6-month operation when referring to the
permeate flux, which indicates a stable condition of deposition and dislodgement of particles on the membrane.
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FIGURE 2 - Effluent flux during operation times in SMBR.
FIGURE 1 - Schematic flow diagram of SMBR used.

Raw wastewater from the WWTP was supplied into
the anoxic zone, then flowing into oxic zone by gravity.
Active sludge from WWTP was used in the start-up. The
influent pump was controlled by a water level sensor to
maintain a constant water level in the bioreactor over the
experimental period. The membrane-filtered effluent was
then obtained by suction using a pump connected to the
modules. The effluent flow rate and the transmembrane

Organic removal efficiency was defined as the difference between influent COD and effluent COD. Figure 3
presents the organic degradation performances by biological and membrane processes. The influent COD ranged
between 320 and 1267 mg L -1 during 355 operation
days. Effluent COD concentration was frequently below
52.7 mg L-1. Influent and effluent pH in the SMBR also
changed between 7.3–8.4. The fluctuations observed in the
effluent COD can be explained by the variation in the
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The low biomass productions obtained in the SMBR
show that the substrate was principally not allocated to
the cell growth functions. In substrate/biomass limited
conditions (low F/M ratios), literature reported that the
substrate would be essentially consumed in order to ensure the cell maintenance requirements instead of growth
functions [16, 21, 22]. In our experiments, F/M ratio and
MLVSS were about 0.15 g COD g MLVSS-1 day-1 and
3000 mg L-1 during 170 operation days, respectively.
After day 170, the F/M ratio increased slightly during the
operation as the biomass concentration decreased (from
0.15 g COD g MLVSS-1 day-1 initial average value to
about 0.3 g COD g MLVSS-1 day-1 at the end of operation) (Fig. 5). Lysis (destruction of cells membranes) and
cryptic growth (active cell growth for cell contents
providing lysis) mechanisms are also be favored in
such limited substrate conditions, which also induces a
much more important reduction of sludge production [23].
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FIGURE 3 - Changes in influent and effluent
COD and COD removal during operation times.
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wastewater quality and the dissolved oxygen concentration
employed in the aeration tank. Besides, filtration performance was not only depending on the membrane pore
size, whereas biofouling layer (formed on the membrane
surface) also took place in filtration process [17]. The results
indicated that the organic removal efficiency achieved was
up to 99.9 % by means of biological treatment, with the
assistance of membrane filtration. This suggested that
membrane filtration played a significant role in maintaining high and stable organic removal efficiency. Besides,
the removal rates of nitrogen and phosphorus in the SMBR
were found to be successful, and the results were reported
elsewhere [18].
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3.2. Biomass Evolution and Sludge Production

FIGURE 4 - Biomass evolution in SMBR during operation times
(MLSS =mixed liquor suspended solids, MLVSS = mixed liquor
volatile suspended solids).
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During the experiments, the biomass was allowed to
increase steadily. Experiments were, therefore, conducted
at different values of the MLVSS. Figure 4 shows the evolution of MLSS and MLVSS concentrations in the SMBR
during operation. During the course of the experiments,
the biomass in the SMBR was allowed to increase naturally without wastage. A relatively constant increase of
MLVSS was observed, despite the presence of cycles of
growth and pseudo-stabilization phases [19]. MLSS and
MLVSS concentrations in aeration tank of SMBR achieved
were nearly 5000 mg L-1 (3606-7424 mg L-1) and 3000 mg
L-1 (2140-4460 mg L-1) from beginning to day 170, respectively. After this time, a decrease was observed in the biomass population, hence, MLSS and MLVSS decreased
slightly to 2314 and 1370 mg L-1 , respectively, at day 355
in SMBR operation (Fig. 4). It has been reported that the
aerobic granular sludge had a high activity, which could be
expressed by MLVSS/MLSS ratio [20]. The trend of
MLVSS and MLSS ratio is shown in Fig. 4. There was a
slightly decrease in the ratio of MLVSS/MLSS from 0.65
at the beginning to 0.52 at end of operation. Possibly, inert
matter was cut off by membrane separation and accumulated in SMBR system, which caused an increase in the
content of inert substance within the sludge.
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FIGURE 5 - Changes of F/M ratio versus
MLVSS as a function of time in SMBR.
3.3. Settleability of Activated Sludge

Insufﬁciency of DO concentration was reported to be
one of the major causes responsible for most ﬁlamentous
growth in activated sludge processes [24]. It has been found
that DO concentration below 1.1 mg L−1 had a negative
effect on sludge settleability, and eventually led to growth
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of ﬁlamentous bacteria [25]. A minimum DO concentration
of 2.0 mg L-1 was recommended for preventing ﬁlamentous
bacteria from becoming dominant [26]. During the operation
of SMBR, DO concentration was higher than 2.0 mg L-1.
However, the sludge SVI amounted to a maximum with
204 mL g-1 at day 75, then a gradual decrease in SVI was
observed. After day 160, the sludge SVI had finally stabilized between 30-70 mL g-1, with a good settleability (Fig.
6). Low excess sludge was one of the advantages for MBR
compared with active sludge process. During the operation of SMBR, there was no sludge drainage and SRT was
nearly 350 days. Similar results were given with 60 days
of SRT [27], 300 days of SRT [17] and infinite SRT [15].

would be essentially consumed in order to ensure the cell
maintenance requirements instead of growth functions.
The sludge SVI amounted to a maximum with 204 mL g-1
at day 75, but then decreased gradually being stabilized
between 30-70 mL g-1, with a good settleability. Low excess sludge was one of the advantages for MBR compared
with active sludge process. During the operation of SMBR,
no sludge drainage was observed.
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4. CONCLUSION
In this study, the performance of a submerged membrane bioreactor (SMBR) was studied under the aspects of
permeate extraction, organic removal performance, biomass evolution and sludge production. Some conclusions
can be given:
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Permeate flux was nearly 12 L m h (1000 m day )
and varied between 8.6-13.2 L m-2 h-1 (720-1107 m3 day-1)
during 355 operational days. Intermittent permeation is an
effective membrane cleaning technique for long-term sustainability of ﬂux. The organic removal efficiency (COD
removal) achieved was up to 99.9 % by means of biological treatment, with the assistance of membrane filtration.
The biomass production appeared lower in the SMBR
because it worked always in conditions of substrate limitation. MLSS and MLVSS concentrations in the SMBR
were stable (about 5000 mg L-1 and 3000 mg L-1, respectively) during 170-day operation, and then decreased
slightly. The ratio of MLVSS/MLSS decreased from 0.65
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EFFECT OF DIETHYLAMINE ON PAH REMOVAL
FROM MUNICIPAL SLUDGE UNDER UV LIGHT
Gizem Karaca and Yücel Taşdemir*
Department of Environmental Engineering, Faculty of Engineering and Architecture, Uludağ University, 16059 Görükle/Bursa, Turkey

ABSTRACT
This study was carried out to investigate the effect of
diethylamine (DEA) on the removal of polycyclic aromatic
hydrocarbon (PAH) from municipal sludge under ultraviolet (UV) light. UV apparatus was designed specifically
for the PAH removal experiments. Sludge samples were
collected from the municipal wastewater treatment plant
which serves a population of 585000. Sludge samples were
exposed to sunlight for 24 hours following the addition of
0.5% and 5% (w/w) DEA. Another group of samples including DEA dosages in the amounts that were stated above
were exposed to UV-C light for 24 hours. Experiments in
the UV apparatus were carried out at 38oC and 53oC to
evaluate the effect of temperature on PAH removal. All of
the PAH removal studies which were performed in UV
apparatus and under natural sunlight were conducted in
triplicates. The inlet air was cleaned with a polyurethane
foam (PUF) column to determine the amount of PAH that
evaporated from the sludge. The total PAH concentration
was decreased on average by 50% and 40% by using
0.5% and 5% DEA, respectively. The amount of the
volatilized PAH compounds increased with increasing
temperature. Specifically, the 3-4 ring PAH compounds
evaporated. The average concentrations of volatilized PAHs
were measured as 5.6 ng/m3 and 25 ng/m3 for 38oC and
53oC, respectively. At the end of the 24 hours, the PAH
concentration of the samples which were exposed to sunlight were higher than the initial PAH amounts. The potential PAH precipitation from the air to the sludge surface
might have caused this increased concentration.

KEYWORDS:
Municipal sludge, PAH, diethylamine, UV-C, temperature

1. INTRODUCTION
Treatment of sludge formed as a result of municipal
wastewater treatment includes various semi-volatile organic
compounds (SVOC) as well as pathogens such as bacteria
* Corresponding author

and viruses in addition to heavy metals [1, 2]. PAHs (Polycyclic Aromatic Hydrocarbons) which are a class of the
SVOCs attach to the active sludge mass due to their hydrophobic and lipophilic structures and they impose threats
and risks during the transfer and elimination of the sludge.
PAHs are released into the atmosphere through domestic
heating, burning of solid waste, exhaust gases from the
motor vehicles, forest fires and they migrate to the solid
matrix such as sediment and sludge structure through
various ways [3-7]. These compounds that are resistant to
the process of degradation have potential mutagenic and
cancerogenic effects on human beings [8]. Therefore, they
need to be removed from the sludge [9].
UV radiation enables photo-degradation by breaking
the benzene ring in the PAH structure in the presence of
radicals [10] Specifically the short wavelength UV-C provides high energy for the degradation of PAHs [11-12] The
structure of the PAH compounds in different matrices can
change through the application of UV [12-13] PAHs in
solid matrices such as soil can be treated by UV technology
[11]. However, SVOCs in the wastewater treatment sludge
are difficult to be removed by using the UV technology.
Several studies showed that the use of additives increases the efficiency of PAH removal [11,14-15]. TiO2,
methyl orange, ammonium chloride and DEA classified as
photo-catalyzers/photo-sensitizers are the major additives
for UV application [16]. These materials absorb light energy and transform it into chemical energy as the formation
of excited state of molecules [17]. DEA is a volatile, and a
flammable alkali liquid with the molecular formula of
CH3CH2NHCH2CH3. DEA contributes to photo-degradation
by acting as an electron source during the UV degradation
of SVOCs [17]. DEA initiates a series of photo-degradation
reactions by electron transfer [17]. It was reported that
DEA increases the photo-degradation ratio of pollutants
such as fluorophenyl azides and polychlorinated biphenyls (PCBs) [16, 18, 19]. It is expected that the photodegradation ratio of PAH increases by using DEA.
In this study, a special UV apparatus was designed
and removal of PAH compounds from municipal sludge
was investigated by this apparatus. The effect of temperature, UV radiation and DEA dosage on the PAH removal
were explained.
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2. MATERIALS AND METHODS

2.2. UV Setup and Application

The first group of sludge samples (Group 1) was exposed to natural sunlight for 24 hours after they were
dosed with 0.5% and 5% of DEA, separately. Afterwards,
samples were extracted by ultrasonic bath. This group was
named as sunlight samples. Initial and residual PAH concentrations in the sludge samples were determined. The
second group samples were named as UV samples
(Group 2). 0.5% and 5% DEA were added to the sludge
and an UV apparatus was used for PAH removal. These
samples were exposed to UV-C light at two different temperatures (38oC and 53oC) for 24 hours. Samples were
extracted by ultrasonic bath at the end of the 24 hours. In
order to determine the evaporated PAH amount, air in the
apparatus was vacuumed with a flow rate of 0.8m3/s and
passed through polyurethane foam (PUF) (Group 3). The
PUF samples were extracted for 24 hours in a Soxhlet
apparatus with 1/1 (v/v) acetone/hexane mixture. PAH concentrations of all samples were determined with a gas chromatography-mass spectrometry (GC-MS). Several studies
were employed for developing the experimental steps [1,
20- 24].

UV studies were performed with an apparatus shown
in Figure 1. Non-organic materials were used in the apparatus to prevent interference with PAH. Three 254 nm
wavelength UV-C lamps (Philips TUV G8T5) with a total
power of 24 W were fixed in the top and middle of the
chamber with 2 cm distance from each other. The size of
the apparatus was 45x30x55 (width x length x height) cm.
A metal fan was placed to homogenize the air inside the
equipment. The sludge samples were spread on a 8 cm
diameter Petri dish and each run was achieved with triplicates. The dishes were placed on the grill shaped shelf.
The distance between the shelf and the UV source was
18 cm. The apparatus temperature could be adjusted by a
heater placed on the external surface of the apparatus. The
humidity and the temperature within the apparatus were
measured by a Hobo-S-Thb M002 sensor and the data
was recorded with a H21-002 Homo micro station logger.

2.1. Sludge Sampling

The sludge samples were collected from a belt filter
press of a municipal wastewater treatment plant with an
equivalent population of 585000 in Bursa in 2009. In the
treatment plant, 35% of the wastewater was of industrial
origin and the remaining 65% was of domestic origin. The
flow rate of the inlet wastewater was 87500 m3/day. Initial COD value was about 650 mg/L and it was reduced to
50 mg/L. The initial concentration of the ∑12 PAH compounds were measured as 1.34±0.36 mg/kg dm.

FIGURE 1 - UV apparatus.

Sludge samples were taken with glass jars and the
treatment applications were carried out on the same day.
pH (Method 4500-H+), dry matter and total organic carbon (TOC) contents (Method 5310B) were determined
according to the standard methods [25]. TOC measurements
were carried out with a Shimadzu TOC Analyzer TOC-V
CPN equipment model SSM-5000.

Experimental design and detailed conditions were
given in Table 1. The sludge sample locations were chosen
according to UV intensity values. UV intensities at the
various points of the apparatus were measured by the Lutron UV Radiometer-254 nm equipment. Three positions
possessing equivalent radiation intensities (670 µW/cm2)

TABLE 1 - Experimental conditions and removal efficiencies for PAH removal alternatives
Sample Group
Number
Group 1

Group 2

Group 3

Sample Type

Conditions

Sludge 1
Sludge 2
Sludge 3
Sludge 4
Sludge 5
Sludge 6
PUF 1
PUF 2
PUF 3
PUF 4

Fresh air, 0.5% DEA
Fresh air, 5% DEA
38 oC, UV, 0.5%DEA
38 oC, UV, 5% DEA
53 oC, UV, 0.5%DEA
53 oC, UV, 5% DEA
38 oC, UV, 0,.5%DEA
38 oC, UV, 5% DEA
53 oC, UV, 0.5%DEA
53 oC, UV, 5% DEA

UV
+
+
+
+
+
+
+
+
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Variables
Indoor Temperature
(oC)
20
20
38
38
53
53
38
38
53
53

DEA Dose
(%)
0.5
5
0.5
5
0.5
5
0.5
5
0.5
5

Efficiency
(%)
1
0
46
10
51
37
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were chosen and the petri dishes were placed in these
positions. In each of the three petri dishes 20g of wet
sludge was spread with a 5 mm height. Sludge samples
and PUF samples were prepared for PAH analysis according to the procedure given in the following section.
3. RESULTS AND DISCUSSION
pH of the sludge (35% industrial origin, 65% domestic origin) was 8. The dry matter content and TOC were
measured as 20% and 35%, respectively. 16 PAH compounds were targeted, however, due to the low efficiency
values in 4 species (Nap, Ace, Act, Fln), a total concentration was reported for 12 PAH compounds (∑12 PAH). The
total mean concentration value for ∑12 PAH species was
measured as 1340±360ng/g dm (1.34±0.36 mg/kg dm). The
concentration values for compounds were recorded in
literature as ∑16 PAH: 0.94-1.31 mg/kg [26] in Poland,
1.01-4.75 mg/kg [27] in Switzerland, 0.02-15.49 mg/kg [28]
in China, 0.2-4 mg/kg [29] in Greece and 0.03-7.35 mg/kg
[30] in Spain, and these values are in accordance with the
values obtained in the present study. Sludge samples were
grouped as sunlight samples (Group 1) and UV samples
(Group 2). Furthermore, air samples were named as PUF
samples (Group 3). A detailed discussion will be presented
in the following sections:

The change in the PAH concentrations in the sludge
samples exposed to sunlight varied between -15% and
175%. The initial and final dry matter ratios of samples
containing DEA were 21% and 38%, respectively. Increase
in the amount of PAH in the sludge after 24 hours was
attributed to the deposition of the PAH compounds from
air to the sludge. Evidently, Taşdemir and Esen [31] have
reported a total PAH deposition of 31µg/m2-d onto a water
surface in Bursa [31]. This result proves that large amounts
of PAHs were migrated through the atmosphere. Sludge
included more organic matter than water, so, it might have
acted as a better recipient medium. A decrease of 28% and
61% has been detected after 24 hours in the samples prepared by the addition of 0.5% DEA in the concentrations
of the Phe and the Ant species, respectively. The decrease
in the concentrations of these two light species was attributed to the evaporation caused by the vapor pressures.
PAH concentrations were higher when 5% DEA is used.
This is probably due to the adverse effect of DEA at high
concentrations [32]. DEA was used for PAH removals in
this study. However, because of inhibitions on their active
sites, catalysts cannot perform their duties when more than
certain dosages are introduced [32]. Therefore, DEA cannot
perform high efficiency at high concentration and a decrease of PAHs in the sludge will be less for higher DEA
concentrations.
3.2. UV samples (Group 2)

3.1. Sunlight samples (Group 1)

Sludge samples were mixed with DEA at an amount
of 0.5% and 5 % of the dry sludge weight and the samples
were exposed to sunlight for 24 hours. Initial and residual
PAH amounts in sludge are shown in Figure 2.
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In the second sludge sample group, DEA dosages
were chosen as 0.5% and 5% by dry weight. Samples
were exposed to UV radiation at an unheated (38oC) and a
heated (53oC) experimental setup for 24 hours. PAH concentrations measured in the sludge at different temperatures are shown in Figures 3 and 4.
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FIGURE 2 - PAH concentrations measured in sludge exposed to sunlight
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FIGURE 3 - PAH concentrations remaining in the municipal sludge following UV-DEA application (38oC)
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FIGURE 4 - The PAH concentrations in the sludge following UV-DEA application (53oC)

The mean temperature values in the apparatus, when
the UV lamps were on and the thermostat was off, were
measured as 38±3.6oC. In this situation, dry matter amounts
of the sludges were determined to be 96% (0.5% DEA)
and 85% (5% DEA). It was observed that, on the average
46% and 10% of the PAH were removed from the sludges,
through the use of 0.5% and 5% DEA, respectively. The
increase in the dosage of DEA caused a decrease in the

removal of PAHs. Similarly, Lin et al. [17] have proposed
that a 5% increase in the amount of DEA adversely affected the PCB removal from the transformer oil. However, the adverse effect of the increased DEA dosage in PCB
removal disappeared after the 30th hour. Furthermore, the
use of 10% DEA contributed to remove more PCB from
the oil than the use of 5% DEA at the 60th hour. At 38oC,
heavy PAH compounds (5 and 6 rings) might have broken

1784

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

down into Fl during the 24 hour degradation period. Organic materials could be converted into lighter com-pounds
due to photo-degradation [12,33-34]. Guieysse et al. [12]
observed that benzo(o)pyrene converted into benzo(o)-antracene (BaA) during the UV application. Similarly, Ireland et al. [34] showed that Fl, a lighter compound,
concentration increased after UV treatment in the soil
extracts. In the present study, results were consistent with
the literature at 38 oC. Although, similar results could not
be observed at 53 oC (Figure 4). With an increase in the
temperature up to 53oC, Fl evaporated from the sludge
(Figures 5 and 6) and due to that reason, the residual
amount in the sludge was not higher than that of the initial
amount.
At 38oC, the removal of 3-4 ring compounds by 44%
and of 5-6 ring compounds by 55% were obtained by
using 0.5% DEA. The UV radiation is known to penetrate
more into the 5-6 ring PAH compounds than the 3-4 ring
species in solid matrices [11, 12]. DEA was expected to
be more effective on the heavy compounds on which UV
was more effective. The experimental results indicated that
through the use of DEA during UV application, more heavy
PAHs were removed than the lighter PAHs as expected.
When 5% DEA was used, the removal ratios were 11% in
the 3-4 ring compounds and 4% in the 5-6 ring compounds.
Increase in the DEA dosage decreased the removal of
heavy PAH compounds specifically.
When the UV lamps and the thermostat were turned on,
the mean temperature reached 53±5oC. Under these condi-

tions, dry matter of the sludge increased to 97% (0.5%
DEA) and 90% (5% DEA) after 24 hours. Total PAH
concentrations in the sludges decreased by 51% and 37%
with the use of 0.5% and 5% DEA, respectively. This
result indicates that temperature becomes dominant on
PAH removals at this temperature compared to the DEA
concentration levels. The amount of PAH removed from
the sludge at 53oC was shown to be higher than that at
38oC (Figure 3 and Figure 4). These results can be attributed to the increased PAH evaporation (Figures 5 and
6). Additionally, the photo-degradation rate of PAHs was
expected to be increased with increasing the temperature
[35]. The chemical reaction rates were higher in high temperatures [36]. Photo-degradation reactions are also expected to occur faster with an increase in the temperature.
As a matter of fact, Zhang et al. [35] showed that, a higher
amount of Py removal was observed with increasing temperature and this situation was related to the rise in the rate
of photo-chemical reaction at high temperatures.
In both DEA dosages, the final BaA concentration
was observed to be higher than its initial concentration.
This condition was a result of the possible inter-conversions
between species [12]. In a study by Guieysse et al. [12],
Bap converted into BaA and Pyr at the end of photodegradation and due to that reason, an increase in the BaA
and Pyr concentrations was observed in the soil extracts.
The use of 0.5% DEA was more effective in the removal
of PAHs by UV technology than the use of 5% DEA.
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FIGURE 5 - The amount of PAH evaporated from the sludge at different temperatures (0.5% DEA)
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FIGURE 6 - The amount of PAH evaporated from the sludge at different temperatures (5% DEA)

3.3. PUF Samples (Group 3)

The air in the apparatus was vacuumed through stainless steel column in order to determine the amount of PAH
that evaporated from the sludge during a UV application of
24 hours. Polyurethane foam (PUF) placed in the inlet
column has enabled the collection of the PAH compounds
in the air (Group 3). Thus, it was enabled that only clean
air free from PAHs would be supplied to the apparatus
where the sludge samples were present. The outlet PUF was
used for the collection of the PAHs that were evaporated
from the sludge.
The volatility of the light PAH compounds was much
higher in comparison to the heavier ones [38]. For this
reason, it was an expected result for the 3-4 ring compounds to evaporate more. Figure 5 showed the increase
in the evaporated PAH amounts with increasing temperature at the end of 24 hours when 0.5% DEA was used.
Amount of PAH evaporated from the sludge containing
0.5% DEA measured as 3.5 ng/m3 at 38 oC, this value increased up to 27.7 ng/m3 at 53oC. These values estimated
for the sludge with 5% DEA as 7.7 ng/m3 at 38 oC and
22.2 ng/m3 at 53oC, respectively. It was concluded that
temperature was more effective in the evaporation of the
PAHs rather than the dosage of DEA that was supplemented.
The amount of Act and Fln that evaporated at 38oC
and 53oC were not displayed in Figure 5 as their efficiency values were low.

  

The amount of Act and Fln that evaporated at 38oC
and 53oC were not displayed in Figure 6 as their efficiency values were low.
4. CONCLUSION
It is known that DEA, used as photo-catalyst, takes
place as an electron source to decompose the semivolatile
organic compounds (SVOCs) [36, 37]. In this process,
SVOCs which is excited by the photons take one of the
electrons of non-bonding of nitrogen in DEA. Then, SVOC
and DEA become SVOC*- and DEA*+, respectively.
SVOC*- has high energy and is unstable. Therefore, it is
easily decomposed and removal process is completed [17].
In general, catalysts above certain concentrations cause a
decrease in their catalyst effect [32]. In our case, increase
in DEA dosage also inhibits the reaction and we have
lower removal rates at high DEA concentrations. Overall,
it can be concluded that DEA at 0.5% work as a proper
catalyst; however, DEA at 5% concentration slows the
removal mechanisms.
In this study, it was shown that approximately 50% of
the PAH compounds in the municipal sludge could be
removed by the utilization of DEA. During the 24 hour
removal period at 38oC and 53oC, the use of DEA in the
amount of 0.5% of the dry sludge weight enabled more
PAH removal than that of 5% DEA. In addition, removal
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of the PAH compounds increased at high temperatures
(53oC) than at the lower temperatures (38 oC).
The PAH removal efficiencies from the sludge were
observed to be higher in the UV-C lights than in the natural sunlight. The transfer of the PAHs in the ambient air
into the sludge might have been effective in that aspect.
At 38oC, it is speculated that heavy PAH compounds
(i.e. 5-6 ring) might have degraded to Fl at the end of the
24-hour degradation period. With an increase in the temperature up to 53oC, Fl was thought to evaporate from the
sludge: Therefore, the residual Fl amount was not higher
than that of the initial amount.
It was observed that light PAH compounds (i.e. 3-4
ring) evaporated into the internal atmosphere of UV apparatus. Temperature was more effective in the evaporation of
the PAHs rather than the amount of DEA that was added.
The mean PAH concentrations which evaporated from the
sludge at 38oC and 53oC were measured as 5.6 ng/m 3
(107.5 ng/day) and 25 ng/m3 (480 ng/day), respectively.
ACKNOWLEDGEMENT
This study was supported by the Commission of Scientific Research Projects of the Uludag University (Project No: M-2009/20). We would like to thank Gözde Eker
and Hatice Secgin for their tireless work during the laboratory studies.

REFERENCES
[1]

[2]

[3]

Stevens, J., Northcott, G.L., Stern, G.A., Tomy, G.T. and
Jones, K.C. (2003) PAHs, PCBs, PCNs OCPs, Synthetic
musks, and polchlorinated n-alkanes in U.K. sewage sludge:
survey results and implications. Environmental Science and
Technology 37(3), 462-467.
Blanchard, M., Teil, M.J., Ollivon, D., Legenti, L. and
Chevreuil, M. (2004) Polycyclic aromatic hydrocarbons and
polychlorobiphenyls in wastewaters and sewage sludges from
the Paris area (France). Environmental Research 95(2), 184197.
Elias, M.S., Wood, A.K., Hashim, Z., Hamzah, M.S.,Abd
Rahman, S. and Salim N.A.A. (2009) Identification sources
of polycyclic aromatic hydrocarbon (PAHs) in sediments
from the straits of Malacca. Fresenius Environmental Bulletin 18 (5b) 843-847.

[7]

Yang, H.H., Lee, W.J., Chen, S.J. and Lai, S.O. (1998) PAH
Emission From Various Industrial Stacks. Journal of Hazardous Materials 60(2), 159-174.

[8]

IARC (1986) PAH as occupational carcinogens in: Bjorseth,
A., Becker, G. (eds.) PAH work atmosphere occurrence and
determinmation. CRC Press, Boca Raton, FL, 1-13.

[9]

Trably, E. and Patureau, D. (2006) Successful treatment of
low PAH - contaminated sewage sludge in aerobic bioreactors. Environmental Science and Pollutant Research 13(3),
170-176.

[10] Kubat, P., Civis, S., Muck, A., Barek, J. and Zima, J. (2000)
Degradation of Pyrene by UV radiation. Journal of Photochemistry and Photobiology A: Chemistry 132(1-2), 33-36.
[11] Zhang, L., Li, P., Gonga, Z. and Xuemei, L. (2008) Photocatalytic degradation of polycyclic aromatic hydrocarbons on
soil surfaces using TiO2 under UV light. Journal of Hazardous Materials 158(2-3), 478–484.
[12] Guieysse, B., Viklund, G., Toes, A.C. and Mattiasson, B.
(2004) Conbined UV-biological degradation of PAHs.
Chemosphere 55(11), 1493-1499.
[13] Ohura, T., Amagai, T. and Makino, M. (2008) Behaviour and
pprediction of photochemical degradation of chlorinated
PAHs in Cyclohexane. Chemosphere 70(11), 2110-2117.
[14] Quan, X., Zhao, X., Chen, S., Zhao, H., Chen, J. and Zhao,
Y. (2005) Enhancement of p,p0-DDT photodegradation on
soil surfaces using TiO2 induced by UV-light. Chemosphere
60(2), 266–273.
[15] Zhao, X., Quan, X., Zhao, H., Chen, S., Zhao, Y. and Chen,
J. (2004) Different effects of humic substances on photodegradation of P,P-DDT on soil surfaces in the presence of TiO2
under UV and visible light. Journal of Photochemistry and
Photobiology A: Chemistry 167(2-3), 177–183.
[16] Lin, Y., Gupta, G. and Baker, J. (1995) Photodegradation of
PCBs congeners using simulated sunlight and diethylamine.
Chemosphere 31(5), 3323-3344.
[17] Lin, Y., Teng, L.S., Lee, A. and Chen, Y.L. (2004) Effect of
photosensitizer diethylamine on the photodegradation of
PCBs. Chemosphere 55(6), 879-884.
[18] Lin, Y., Gupta, G. and Baker, J. (1996) Photodegradation of
Aroclor 1254 using diethylamine and simulated sunlight.
Journal of Hazardous Materials 45(2-3), 259-264.
[19] Leyva, E. and Saredo, R. (1998) Photochemistry of fluorophenyl azides in diethylamine. Tetrahedron 54(26), 73677374.
[20] Wang, Y., Zhang, Q., Lin, J., Li, A., Liu, H., Li, G. and
Jiang, G. (2007) Polybrominated diphenyl ethers and OCPs
in sewage sludge of wastewater treatment plants in China.
Chemosphere 68(9), 1683-1691.

[4]

Smith, D.J.T. and Harrison, R.M. (1996) Concentrations,
trends and vehicle source profile of polynuclear aromatic hydrocarbons in the U.K. atmosphere. Atmospheric Environment 30(14), 2513-2525.

[21] Yi, S.M., Pagilla, S.R., Seo, Y.C., Mills, W.J. and Holsen,
T.M. (2008) Emissions of polychlorinated biphenyls (PCBs)
from sludge drying beds to the atmosphere in Chicago.
Chemosphere 71(6), 1028–1034.

[5]

Lee, S.C., Ho K.F., Chan, L.Y., Zielinska, B. and Chow, J.C.
(2001) Polycyclic aromatic hydrocarbons (PAHs) and carbonyl compounds In urban atmosphere of Hong Kong. Atmospheric Environment 35(34), 5949-5960.

[22] Cindoruk, S. and Taşdemir, Y. (2007) Deposition of atmospheric particulate PCBs in suburban site of Turkey. Atmospheric Research 85(3-4), 300-309.

[6]

Lee, W.J., Wang, Y.F., Lin, T.C. and Chen, Y-Y. (1995)
PAH Characteristics in the Ambient Air of Traffic- Source.
The Science of the Total Environment 159(2-3), 185-200.

1787

[23] Taşdemir, Y., Odabaşi, M., Vardar, N., Sofuoğlu,A., Murphy, T.J. and Holsen, T.M. (2004) Dry deposition fluxes and
velocities of PCBs associated with particles. Atmospheric
Environment 38(16), 2447-2456.

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

[24] Falconer, R.L., Bidleman, T.F. and Cotham, W.E. (1995)
Preferential sorption of non-and mono-ortho-PCBs to urban
aerosols. Environmental Science and Technology 29(6),
1666- 1673.
[25] Clescerl, L.S., Greenberg, A.E. and Eaton, A.D. (Eds.) (1998)
Standard Methods for Examination of Water & Wastewater.
American Public Health Association.
[26] Wlodarczyk-Makula, M. (2008) PAHs balance in solid and
liquid phase of sewage sludge during fermentation process.
Journal of Environmental Science and Health A Environ Sci
Eng Toxic Toxic Hazard Subst Control 43(14), 1602–1609.
[27] Berset, J.D. and Holzer, R. (1999) Quantitative determination
of polycyclic aromatic hydrocarbons, polychlorinated biphenyls and organochlorine pesticides in sewage sludges using supercritical fluid extraction and mass spectrometric detection. Journal of Chromatography A 852(2), 545–558.
[28] Shen, R.Y., Luo, Y.M., Zhang, G.Y., Teng, Y. and Li, ZG.
(2007) Contamination of PAHs in sludge samples from the
Yangtze river delta area. Chemosphere 17(3), 373–382.
[29] Pakou, C., Fountoulakis, M., Drillia, P., Kampioti, A., Stamatelatou, K. and Lyberatos, G. (2007) Occurrence and fate
of polycyclic aromatic hydrocarbons in sewage treatment
plants using microwave-assisted extraction followed by liquid chromatography coupled with fluorescence detector.
Fresenius Environmental Bulletin 16 (2), 127-132.
[30] Abad, E.M.K., Planas, C., Palacios, O., Caixach, J. and Rivera, J. (2005) Priority organic pollutant assessment of sludges
for agricultural purposes. Chemosphere 61(9), 1358–1369.
[31] Tasdemir, Y. and Esen, F. (2008) Deposition of polycyclic aromatic hydrocarbons (PAHs) and their mass transfer coefficients determined at a trafficked site. Archieves of Environmental Contamination and Toxicology 55(2), 191-198.
[32] Cebe, M. (1995) Physicochemistry Volume II: Fundamental
concepts in reaction kinetics, Uludag University Press, Turkey, (in Turkish).
[33] Dhol, A.S. (2005) An investigation of a photochemical approach fort he remediation of PCB- contaminated soils. Degree of Master of Science in Engineering, University of Calgary.
[34] Ireland, J.C., Davila, B. and Moreno, H. Heterogeneous photocatalytic decomposition of PAHs over titanium dioxide.
Chemosphere 30(5), 965-984.
[35] Zhang, L., Xu, C., Chen, Z., Li, X. and Li, P. (2010) Photodegradation of Pyrene on soil surfaces under UV light irradiation. Journal of Hazardous Materials 173(1-3), 168-172.
[36] March, J., (1992) Advanced Organic Photochemistry, Reactions, Mechanisms and Structures, Chapter 7: Photochemistry, 4 th Edition, John Wiley and Sons.
[37] Freeman, P.K., Srinivasa, R., Campbell, J.A. and Denizer,
M.L. (1986) The photochemistry of polyhaoarenes. 5. Fragmentation pathways in polychlorobenzen radical anion, Journal of American Chemical Society 1008, 5531-5536.
[38] Wang, D., Chen, J., Xu, Z., Qiao, X. and Huang, L. (2005)
Disappearance of PAHs sorbed on surfaces of pine needles
under irradiation of sunlight: volatilization and photolysis.
Atmospheric Environment 39(25), 4583-4591.

Received: December 08, 2010
Revised: March 09, 2011
Accepted: April 05, 2011

CORRESPONDING AUTHOR
Yücel Taşdemir
Uludag University
Faculty of Engineering and Architecture
Department of Environmental Engineering
Gorukle Nilüfer/Bursa
TURKEY
E-mail: tasdemir@uludag.edu.tr
FEB/ Vol 20/ No 7a/ 2011 – pages 1777 – 1784

1788

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

CHEMICAL OXIDATION OF DIAZINON
IN AQUEOUS SOLUTION BY OZONATION
Fatma Beduk, Mehmet Emin Aydin* and Senar Ozcan
Selcuk University, Department of Environmental Engineering, Campus, 42031 Konya, Turkey

ABSTRACT
In the present study, the decomposition of diazinon by
O3, O3/UV, and O3/UV/H2O2 processes was studied. Diazinon and its oxidation by-product, diazoxon, were identified using gas chromatography/mass spectrometry (GCMS). Chemical oxidation of diazinon in aqueous solution by ozonation was studied under various solution pH
values and O3 concentrations. Acidic and alkaline solutions
accelerated diazinon degradation, and complete mineralization of diazinon was achieved in 30 min at pH 9.0. Diazinon removal increased with ozone dosage, however, 2.0
mg L-1 of ozone with 30 min oxidation time was more
economical and efficient. O3/UV/H2O2 combination enhanced decomposition of both diazinon and diazoxon due
to the reaction between analytes and hydroxyl radicals.
Toxicity measurements of the treated solutions were carried out in order to evaluate the efficiency of the treatment
methods. The pre-sent study validated that O3/UV/H2O2
combination is a feasible process for the removal of the
tested pesticide from aqueous solutions.
KEYWORDS:
O3, UV, H2O2, diazinon, diazoxon, water.

1. INTRODUCTION
Organophosphorus pesticides (OPPs) have been widely
used throughout the world since organochlorine pesticides
were banned or restricted in the 1970s. Lower persistency
of OPPs in the environment encouraged farmers for their
excessive usage. However, in the beginning of the last
decade, several governmental agencies have started to reconsider the wide use of OPPs due to concern about their
effects on the central nervous systems of aquatic organisms and humans. OPPs are known to cause inhibition of
acetylcholinesterase (AChE), which is an enzyme vital for
normal nerve functions. AChE inhibition can affect growth,
survival, feeding, and reproductive behavior of different
organisms [1, 2]. OPPs also show genotoxic and immunotoxic effects [3-5].
* Corresponding author

Diazinon (diethoxy-[(2-isopropyl-6-methyl-4-pyrimidinyl)-oxy]-thioxophosphorane) is a commonly used organophosphorus insecticide and contaminates drinking water
supplies through runoff from soil and crops. Because of its
unacceptable risk to agricultural workers and the environment, diazinon was restricted or banned for home use in the
United States [6] and European countries (2001/520/EC),
but it has been widely used on a variety of crops in many
parts of the world.
Worldwide, in many cases, reported concentrations
ranged from ppb to ppm levels. However, elevated concentrations were recorded in areas of high pesticide use and
intense agricultural practices. In River Kalamas (Greek),
diazinon was found up to 775 ng L-1 in 1998-1999 period
[7]. 1996-1997, for the central part of Imathia plain (Greek),
17 ng L-1 of diazinon was detected in rainfall waters [8].
Diazinon was found consistently and at various levels
throughout the Austfonna ice core that suggests sufficient
stability for transport to remote areas. Levels of diazinon
peaked at 20.5 ng L-1 during the late 1980s and early 1990s
in some samples taken from arctic media [9]. Declining
diazinon levels in later core sections were attributed to the
2001 European ban of this pesticide.
This contamination of water sources stimulated the
development of new water and wastewater treatment processes that are able to promote complete mineralization
of potentially toxic compounds. In recent years, advanced oxidation processes (AOPs) have been widely
investigated, and proven to be a promising method for the
elimination of toxic and bio-resistant organic compounds [10, 11]. These processes include technologies,
such as O3 (ozone), O3/UV (ozone/ultraviolet), H2O2/UV
(hydrogen peroxide/ ultraviolet), Fenton, photo-Fenton,
TiO2/UV, etc. The aim of AOPs is to use OH- radicals for
oxidation. In general, a combination of several methods
gives high treatment efficiency compared with individual
treatment. For example, a certain organic compound can
hardly be degraded by ozonation or photolysis alone and
the treated water may be more dangerous as a result of
using a single oxidation process [12, 13] but a combination of several treatment methods, such as O3/H2O2/UV
and UV/H2O2 improves the removal of pollutants from
the water [14]. The use of hydrogen peroxide enhances
the removal of all the pesticides due to the high reactivity
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of the hydroxyl radical species [15]. Hydrogen peroxide is
considered to be a “clean” reagent, since remaining part in
the oxidation of the pollutant, quickly decomposes to form
H2O and O2 as by-products. The photoexcitation of ozone
by UV radiation en-hances the formation of hydrogen peroxide as the primary product, which then can photolyze
directly into hydroxyl radicals [16].
Ozonation of diazinon containing P=S group will result in the formation of its oxon analogue, diazoxon (diethyl 2-isopropyl-6-methyl-pyrimidine-4-ylphosphate), as
intermediate through substitution of the sulphur atom in
the P=S bond with an oxygen atom [17]. Oxon derivatives
are more potent AChE inhibitors than their parental forms.
Therefore, complete mineralization of diazoxon is important in oxidation process. In this study, three tests were
carried out to determine effectiveness of different oxidation processes: homogenous ozonation (O 3), photolytic
ozonation (O3/UV) and photolytic ozonation in the presence of hydrogen peroxide (O3/UV/H2O2), with the same
initial aqueous diazinon concentration of 200 µg L-1. The
performance of homogenous ozonation (O3) process was
investigated at different pH values and O3 concentrations,
and diazoxon was quantified under each experimental
condition. Toxicity measurements of the treated solutions
were carried out in order to evaluate the efficiency of the
treatment methods.
2. MATERIALS AND METHODS
2.1. Reagents and Solvents

All chemicals used were of analytical grade. Single
diazinon and diazoxon standards were from Accustandard
Co. (USA). Solvents used (dichloromethane, methanol and
acetone) were from Merck Co. (residue grade, Darmstadt,
Germany). Sodium sulphate and hydrogen peroxide (35%)
were also from Merck Co. (Darmstadt, Germany). Standard
stock solutions of 1000 mg L-1 of diazinon and diazoxon
were prepared in methanol. All solutions were stored in the
dark at 4 °C. Working solutions were prepared by dilution
of standard stock solutions with distilled water.
2.2. Experimental Setup

Oxidation experiments were performed in a bench-scale
glass reactor with an effective volume of 2.0 L (Fig. 1). For
the ozonation, a corona discharge type ozone generator OZ10G (A to Z Ozone Systems Inc., Louisville) was used.
The generator was fed with predetermined amount of pure
O2 by using a flow-meter. The produced ozone is injected
into the reactor from the bottom by a diffuser system, and
mass transfer of ozone was accelerated with magnetic stirring. A sampling port was located at the bottom of the reactor. Non-consumed gaseous ozone was trapped into two
bottles of 2% KI solution.
The concentration of aqueous ozone was detected using Spectrophotometric Test Kit Method (00607 Reagent
Test). The Method depends on ozone reaction with dipro-

pyl-p-phenyldiamine (DPD) to form a red-violet dye that
is determined photometrically. Two UV lamps were positioned on two opposite sides of the reactor. The lamps
used in this study were medium pressure mercury arc UV
lamps (Osaka Ltd.) emitting in the wavelength of 254 nm.
The reactor was thoroughly cleaned before each of the
experimental runs. GC-MS was used to analyze residual
diazinon and diazoxon.

FIGURE 1. Schematic diagram of experimental apparatus (1 O2
tank; 2 Flowmeter; 3 Ozone generator; 4 Diffuser; 5 Reactor; 6
Magnetic stirrer; 7 Sampling port; 8 Dosage unit; 9 KI absorption
bottles)
2.3. Photolytic Ozonation procedure

A standard experiment involved the addition of 200 µg
of diazinon (in MeOH) to 1 L deionized water to yield
200 µg L-1. Solution pH value was kept constant at desired levels with HCl and NaOH solutions. Ozone gas was
bubbled from the bottom of the reactor. Dissolved ozone
was adjusted to desired concentration by changing the
amount of pure O2 flow. The experiment was conducted
for 90 min. At desired time intervals (2, 10, 20, 30, 60 and
90 min), 50 ml of samples were withdrawn from the sampling port. 114 mg H2O2 (35%) was added to the mixture
to create a concentration of 40 mg L-1. Immediately after
the addition of H2O2, the UV light was turned on.
Two control experiments were conducted under the
same experimental conditions. The first set of experiment
involved 1 L deionized test water + 200 µg of diazinon
without ozonation to determine the stability of analyte and
diazoxon formation in unozonated water for usual experiment duration. The second experiment involved the UV
irradiation of the 200 µg L-1 diazinon solution without
addition of a catalyst to determine any direct photolysis.
In both cases, no obvious degradation of the diazinon was
determined. In the first case, 94.8% of diazinon remained
within 90 min, and diazoxon formation was not determined. In the second case, 93.4% of diazinon remained,
and 0.2 µg L-1 of diazoxon was quantified.
2.4. Extraction Procedure

Traditional liquid–liquid extraction procedure was
adopted from US EPA Method 3510C [18], and 50 ml of
water were placed in a 200-ml separatory funnel. Extraction was carried out with 20 ml dichloromethane. The
dichloromethane extract was dried with anhydrous sodium
sulphate. Then, the extract was concentrated to exactly
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1 ml using a rotary evaporator (Buchi B-160 Vocabox,
Switzerland) and a gentle nitrogen stream. Then, GC-MS
analysis was performed as described in Section 2.5.
2.5. GC-MS Analysis

The determinations of diazinon and diazoxon were
carried out by gas chromatography (GC, Agilent 6890N,
Agilent Technologies, Palo Alto, CA,USA) equipped with
mass-selective detector (MSD, Agilent 5973, Agilent
Technologies, Foster City, CA, USA). The features and
operating conditions of GC–MS system were as follows:
GC, equipped with programmed temperature vaporizing
(PTV) injector, DB-5 MS 5% phenylmethyl siloxane fused
silica capillary column (30 m length, 0.25 mm i.d. and
0.25 µm film thickness) and helium (purity 99.999%) as
carrier gas at constant flow-rate of 1.9 ml min-1. PTV
program was as follows: 80 oC, 12 oC s−1 to 350 oC and
held at 350 oC for 2 min. Injections were performed by an
Agilent 7683 B Series automatic injector (Agilent Technologies, Palo Alto, CA, USA). Oven temperature pro-

gram was as follows: initially 40 oC for 4 min, 75 oC min1
to 140 oC for 2 min, 5 oC min-1 to 200 oC for 2 min, 2 oC
min-1 to 240 oC for 5 min, and 15 oC min-1 to 300 oC for
5 min. MSD was operated in selected ion monitoring (SIM)
mode with three selected ions for diazinon and diazoxon.
3. RESULTS AND DISCUSSION
3.1. Effect of pH on homogenous O3 application

Three pH values (3.0, 6.5, 9.0) were experimented for
the degradation of diazinon with an initial concentration
of 200 µg L-1. O3 concentration was adjusted to 1.5 mg L-1.
Figure 2 shows concentration change of diazinon at three
different pH values and, in all cases, 100% removal of
diazinon was achieved. The degradation of diazinon and
diazoxon by ozonation increased with higher pH values.
Diazoxon reached a maximum level in 30 min, but it was
not oxidized completely within 90 min of ozonation for
the three pH cases (Fig. 3).

FIGURE 2 - Effects of pH on degradation of diazinon by ozonation (Cdiazinon: 200 µg L-1, CO3=1.5 mg L-1) (n=3).

FIGURE 3 - Effects of pH on diazoxon formation (Cdiazinon: 200 µg L-1, CO3=1.5 mg L-1) (n=3).
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Among the reactions that take place during ozonation
process, that between ozone and diazinon is the ratedetermining step, and the rate equation can be given according to Eq. (1):
-dC/dt = k'. t

(1)

where C is the concentration of the insecticide and k'
is the rate constant. In order to evaluate kinetics of the
diazinon oxidation, ln(C0/C) at a given time was plotted.
The linear regression appeared to fit well and, consequently, diazinon oxidation follows the first-order kinetic.
The rate constant was determined by calculating the slope
of the line obtained, and its value was 0.11 min-1 at pH
3.0, 0.10 min-1 at pH 6.5 and 0.12 at pH 9.0. The degradation reaction rate constant of organic compounds by ozonation increases at alkaline condition through the contributions of hydroxyl radicals; however, direct ozone oxidation was favoured at low pH [19]. Agustina et al. [20] indicated that compounds containing atoms carrying negative charge (N, P, O, S) are susceptible to direct attack by
molecular ozone (commonly known as ozonolysis) and
occurring at acidic conditions. In homogenous O3 application, removal efficiency increases under acidic conditions
because of direct ozone oxidation, and in alkaline conditions, hydroxyl radicals formation enhances degradation of
diazinon.

Degradation of diazinon involves the substitution of
the sulphur atom in the P=S bond with an oxygen atom
resulting in formation of its oxon derivative; diazoxon.
Molecular formula and chemical structures of diazinon and
diazoxon are given in Table 1. Diazoxon accounted for
12% of decayed diazinon in acidic conditions but 11% in
alkaline conditions. Diazoxon accumulation can be explained with low hydroxyl radical formation. Additional free
hydroxyl radicals can be produced in the aqueous media by
combining ozone either with hydrogen peroxide or UVirradiation.
3.2. Effect of O3 concentration on homogenous O3 application

Figure 4 shows the degradation of diazinon with different O3 concentrations at solution pH 9.0.
Ozone concentration was adjusted to 1 mg L-1, 1.5 mg
L and 2 mg L-1. In all cases, 100% removal of diazinon
was achieved with homogenous O3 application. Calculated
reaction rate constants were 0.12 min-1 for 1.5 mg L-1 O3,
0.13 min-1 for 2.0 mg L-1 O3 and 0.16 min-1 for 2.5 mg L-1
O3 concentration. The results showed that diazinon removal increased with ozone dosage; however, 2.0 mg L-1
of ozone with 30 min oxidation time was more economical and efficient. Removal efficiency of 2.5 mg L-1 O3 was
80 mg diazinon/mg O3 while it was 100 mg diazinon/mg O3
-1

TABLE 1 - Molecular formula and chemical structure of diazinon and diazoxon.
Diazinon
Molecular formula

C12H21N2O3PS

Chemical structure

Diazoxon
Molecular formula

Chemical structure

C12H21N2O3PO

FIGURE 4 - Effects of O3 concentration on diazinon degradation (Cdiazinon: 200 µg L-1, pH=9.0) (n=3).
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for 2 mg L-1 O3 application. Li et al. [21] reported similar
results for dissolved organic carbon removal by using O3BAC, UV/O3-BAC and TiO2/UV/ O3-BAC combined
systems. Oxidation of dissolved organic carbon increased
with ozone dosage; however, 3 mg L-1 ozone dosage with
15 min oxidation time was more economical and efficient.
Diazoxon formations in 3 different O3 concentrations
are shown in Fig. 5. There is an accumulation of 3-5 µg L-1
diazoxon in 90 min of O3 application. 2.5 mg L-1 O3 dosage is more efficient for decomposition of diazoxon. In this
case, maximum level of diazoxon formation was 13 µg L-1,
while it was 22 µg L-1 for 1.5 mg L-1 O3 dosage.
3.3. Effect of Photolytic Ozonation (O3/UV) with and without
H2O2 on degradation of diazinon

Figure 6 shows the comparison of O3, O3/UV, and
O3/UV/H2O2 combinations. The diazinon degradation increased somewhat when ozone was combined with UV

irradiation because of the accelerated decomposition of
ozone to generate hydroxyl radicals. On the other hand,
complete decomposition was achieved in 30 min, same as
homogenous O3 application. Experiments were carried out
with and without addition of 40 mg L-1 H2O2. Diazinon
degradation rate increased by roughly three times when
O3 was combined with UV irradiation and H2O2. Addition
of H2O2 resulted in high percentage of removal within
only 10 min. Calculated reaction rate constants for O3,
O3/UV, O3/UV/H2O2 processes were 0.13 min-1, 0.20 min-1
and 0.44 min-1, respectively.
Researches have demonstrated that the addition of H2O2
can enhance the oxidation of organic compounds [15]. The
UV/H2O2 process comprises direct photolysis, where the
target compound is degraded through absorbing UV photons, and indirect photolysis, where the compounds react
with OH- radical produced via photolysis of H2O2. A similar process occurs in O 3/UV combination. Photolysis of

FIGURE 5 - Effects of O3 concentration on diazoxon formation (Cdiazinon: 200 µg L-1, pH=9.0) (n=3).

FIGURE 6 - Comparison of O3, O3/UV, and O3/UV/H2O2 combinations
(Cdiazinon= 200 µg L-1, CO3= 2 mg L-1, 254 nm UV, CH2O2= 40 mg L-1, pH=9.0) (n=3).

1793

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

FIGURE 7 - Comparison of O3, O3/UV, and O3/UV/H2O2 combinations for diazoxon formation.
(Cdiazinon= 200 µg L-1, CO3= 2 mg L-1, 254 nm UV, CH2O2= 40 mg L-1, pH=9.0) (n=3).

aqueous ozone produces hydrogen peroxide, which then
can photolyze directly into hydroxyl radicals. In control
experiments, effect of direct photolysis on diazinon degradation and diazoxon formation were not determined.
Zamy et al. [22] reported similar results of a phototransformation study conducted for 4 OPPs. In pure aqueous
solution without any organic solvent, no degradation products appeared upon direct analysis of irradiated solutions
because using low initial OPP concentrations leads to the
formation of very low concentration of photo-products. In
our experiments, diazinon degradation mainly occurred as
a result of indirect photolysis. O3/UV/H2O2 combination
enhanced hydroxyl radical formation.
Formation and decomposition of diazoxon can be seen
in Fig. 7. There is an accumulation of diazoxon for O3 and
O3/UV applications. A downward trend of diazoxon formation can be seen for these processes in relation to experiment duration, but longer application of ozonation is
not recommended because of high costs. O3/UV/H2O2
combination is more effective for diazoxon decomposition.
3.4. Toxicity measurement

Oxidation of diazinon with O3/UV/H2O2 combination
process proved to be effective on the degradation of the
insecticide. However, O3 and O3/UV processes were not
adequate for complete mineralization of diazoxon. When
complete mineralization is not achieved, it is possible that
the partial decomposition of an organic compound can
lead to the formation of by-products which are more toxic
than the parent compound [23]. In our study, toxicity measurements of the treated solutions were carried out in order to
evaluate the efficiency of the treatment methods.
For toxicity determination of the treated solutions,
Daphnia magna and Vibrio fischeri, two different biotests
from different trophic levels, were chosen. The microtox
test using luminescent bacteria was employed as repre-

sentative for the decomposers. As representatives of the
primary consumers, the crustacea Daphnia magna was
used. The toxicity tests on Daphnia magna bioassay were
performed following the standard operational procedures
of the respective Daphtoxkit FTM toxkits microbiotest,
and Luminescence bacteria test with Vibrio fischeri was
carried out according to DIN/EN/ISO 11348-2 (Luminescent bacteria test LCK 482) measured with a Dr. Lange
LUMIStox 300 Bench Top Luminometer. The variations
of % inhibition of the bioluminescence as a function of
time during ozonation, photolytic ozonation and photolytic ozonation in the presence of hydrogen peroxide were
de-termined.
In order to assess the acute toxicity, test results are expressed in EC50. EC50 values are the concentrations responsible for the inhibition/mortality in 50% of the tested population in different volumes of the sample. EC50 values of
diazinon and diazoxon investigated against two tested organisms are given in Table 2. Treated solutions with O3,
O3/UV, and O3/UV/H2O2 showed no inhibition effect on
Vibrio fischeri test organism. For Vibrio fischeri toxicity
test, EC50 value for diazinon and diazoxon were 15340 µg
L -1 and 5075 µg L -1. Maximum level of diazoxon was
31 µg L-1 with application of O3 process. This concentration of diazoxon did not show any inhibition effect on test
organism.
TABLE 2 - EC50 values of diazinon and diazoxon investigated
against two tested organisms (µg L-1).
Daphnia
magna
Vibrio
fischeri

Diazinon

Diazoxon

0.787

0.717

15340

5075

Treated solutions with O3, O3/UV, and O3/UV/H2O2
showed a severe toxicity effect on Daphnia magna. From
the beginning of the O3, O3/UV processes, treated solu-
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tions showed 100% inhibition. However, almost complete
detoxification was achieved only in the presence of hydrogen peroxide in photolytic ozonation process. For Daphnia magna toxicity test, EC50 values for diazinon and
diazoxon were 0.787 µg L-1 and 0.717 µg L-1. Toxicity
effects of diazinon and diazoxon are higher to Daphnia
magna test organism than bioluminescence bacteria.
4. CONCLUSION
The direct UV photolysis of diazinon exhibited to be
quite slow. Homogenous O3 application showed pH-dependent degradation and 100% removal of diazinon in
30 min under alkaline conditions was achieved, but
diazoxon accumulation was noted. O 3/UV/H 2O 2 combination enhanced the decomposition of both diazinon and
diazoxon due to the reaction between diazinon and hydroxyl radicals. Since UV photolysis and O3 have been widely
used for disinfection purposes in drinking water, the accumulation of oxons should be noted.
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COPPER AND ZINC CONTENTS IN
EDIBLE POTATO TUBERS INFLUENCED BY
AN APPLICATION OF NEW GENERATION INSECTICIDES
Marek Gugała*, Krystyna Zarzecka, Iwona Mystkowska
Faculty of Life Sciences, Department of Plant Cultivation, University of Natural Sciences and Humanities in Siedlce, Poland

ABSTRACT
A field experiment was designed in a randomized subblock design with three replications. Experimental factors
included three cultivars of edible potatoes – Wiking, Mors
and Żagiel, as well as six Colorado potato beetle control
methods using the following insecticides: Actara 25 WG
at the rate of 80 g ha-1, Regent 200 SC at the rate of 0.1 dm3
ha-1, and Calypso 480 SC at three rates: 0.05; 0.075 and
0.1 dm3 ha-1, and a control treatment without chemical
protection. Copper and zinc contents in potato tubers were
determined by the AAS method. The content of the elements was significantly affected by the cultivars and weather
conditions throughout the growing season. The insecticides
applied decreased copper and zinc contents compared with
the tubers harvested from the control treatment where no
chemical protection had been applied, but the differences
were not statistically significant. Tubers of Wiking and
Mors cultivars had the highest copper and zinc content,
respectively.

to plant growth and plant enzyme formation [10]. According to the recommendations of the World Health Organization, people should receive 1.5-4.0 g Cu and 12-16 g Zn
[11, 12]. The annual per capita consumption of potato tubers in Poland is around 120 kg occupying a special place
in an everyday diet of Poles [13]. Consumption of 200 g
potatoes can supply about 12% of the daily copper and
zinc requirement of the body [14].
Trace element contents in potato tubers is affected by
cultivar properties [15, 16], agronomic and soil factors [3,
17] and weather conditions over the growing season [18].
There is little data available on the impact of plant protection chemicals on potato tuber content of trace elements.
The information pertaining to an unfavorable effect of application of chemicals in agriculture on potato yield quality
has provided a stimulus for the determination of copper and
zinc contents in tubers. The study aimed at determining an
impact of the newest generation insecticides (Actara 25
WG, Regent 200 SC, Calypso 480 SC) on copper and
zinc contents in tubers of three potato cultivars.

KEYWORDS:
potato tubers, copper, zinc, insecticides

2. MATERIALS AND METHODS
2.1. Plant material and experiment

1. INTRODUCTION
Potato (Solanum tuberosum L.) is a valuable commodity worldwide [1], and an important crop in Poland [2].
Potato tubers are a significant component of human diet,
because they provide the human organism with protein,
vitamins, starch, macro-elements (K, P, Ca, Mg) and basic
trace elements (Cu, Zn, Fe, Mo) [3-7].
Trace elements, like copper, zinc, iron and manganese,
are essential for humans, since they play a substantial role
in plants; but these essential trace elements can induce a
toxic effect when their intake is excessive [8, 9]. Copper
is involved in several enzyme systems, cell wall formation,
electron transport and oxidation reactions. Zinc is central
* Corresponding author

The experimental material consisted of tubers of three
edible potato cultivars obtained from a field experiment
conducted in 2004-2006 at the Experimental Farm owned
by the University of Podlasie in Siedlce. The experiment
was established on light loamy soil and belonged to the
very good rye complex. The experiment was designed as
randomized sub-blocks with three replications and included two factors: I – three edible potato cultivars: Wiking,
Mors and Żagiel; and II – six methods of Colorado potato
beetle control including a control sample without chemicals and the newest generation insecticides:
Actara 80 WG (thiametoksam) at the rate of 80 g ha-1,
Regent 200 SC (fipronil) 0.1 dm3 ha-1,
Calypso 480 SC (thiacloprid) 0.05 dm3 ha-1,
Calypso 480 SC (thiacloprid) 0.075 dm3 ha-1,
Calypso 480 SC (thiacloprid) 0.1 dm3 ha-1.
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At beginning of the experiment, there were no recommendations regarding the rate of Calypso 480 SC, thus
the amount applied was 0.05-0.1 dm3 ha-1. At present, the
recommended rate is 0.075-0.1 dm3 ha-1. Potato was cultivated after winter wheat, and each year, the same organic
manuring and mineral fertilization were applied. The amount
of farmyard manure was 25.0 t ha-1, and the respective rates
of N, P and K were as follows: 100.0, 44.0 and 124.5 kg ha-1.
The plot area was 15 m2. Potato tubers were harvested at
full maturity. Samples of potato tubers for chemical analyses were taken from plots during harvest, according to the
Polish standard [19].

50 ml with distilled water. Concentrations of elements
were given as mg per kg dry matter (DM).
2.3. Statistics

The results obtained were statistically analyzed with
the analysis of variance, and significance of differences
was determined by using Tukey`s test. Climatic conditions varied over the growing periods of potato cultivation
(Table 1). The years 2004 and 2006 were wet and warm,
and rainfall was higher compared with the long-term precipitation; 2005 was also warm, but the rainfall was lower.

2.2. Determination of copper and zinc

3. RESULTS AND DISCUSSION

Chemical analyses were performed on dry material in
three replications. Prior to analysis, tubers were cleaned
from soil and hand-washed. Copper and zinc contents were
determined by the method of atomic absorption spectrophotometry [10, 18]. Samples of tubers were dried to
constant weight at 70 °C, and then at 105 °C. Dried potatoes (1.0-g samples) were digested with a mixture of HNO3
(7 ml) + H2O2 (1 ml). The material obtained was mineralized in a laboratory microwave oven (Ethos plus) throughout one cycle. After cooling, distilled water was added to
the sample and it was mixed. The residue was filtered
through filter paper No 390. The samples were diluted to

Potato tubers are an inexpensive source of starch, vitamins and minerals available to the majority of people.
Moreover, nutrients such as Cu and Zn occur naturally in
potatoes as essential trace elements needed for good
health, but they could be toxic when their concentrations
exceed limits of safe exposure [20].
In the experiment, copper contents in potato tubers
ranged from 6.13-7.60 mg kg-1 and significantly depended
on cultivars, precipitation and temperature of the research
years (Tables 2 and 3). Copper concentrations in tubers were

TABLE 1 - Weather conditions during potato growth seasons 2004-2006 according to the Zawady Meteorological Station.
Months

2004
1.50
2.69
1.14
0.90
1.14
0.50
1.24
320.9
+45.7
14.1
-0.6

April
May
June
July
August
September
April-September
Rainfall in the growing period (mm)
Deviation from long-term average
Mean air temperature (°C)
Deviation from long-term average

Sielianinov’s hydrothermal coefficient*
2005
0.47
1.60
0.92
1.51
0.84
0.35
1.00
268.8
-6.4
15.0
+0.3

2006
1.18
0.99
0.47
0.24
4.18
0.45
1.26
358.6
+83.4
15.8
+1.1

Long term mean for 1987-2000: rainfall 275.2 mm; temperature 14.7 °C; *≤0.5 – strong drought; 0.51-0.69 –drought; 0.70-0.99 – slight drought; ≥1 –
no drought.

TABLE 2 - Copper content in potato tubers (mg kg-1 dry matter).
Treatments
1. Control
2. Actara 80 WG 80 g ha-1
3. Regent 200 SC 0.1 dm3 ha-1
4. Calypso 480 SC 0.05 dm3 ha-1
5. Calypso 480 SC 0.075 dm3 ha-1
6. Calypso 480 SC 0.1 dm3 ha-1
Means
Means for treatments 2-6
LSD 0.05
between cultivars
between insecticides
for interaction: cultivars x insecticides
n.s. – not significant

Wiking
6.71
6.70
6.70
6.70
6.71
6.70
6.70
6.70

Cultivars
Mors
6.65
6.64
6.64
6.64
6.64
6.63
6.64
6.64

Means
Żagiel
6.70
6.69
6.68
6.69
6.69
6.69
6.69
6.69

6.69
6.68
6.67
6.67
6.67
6.68
6.68
6.67
0.01
n.s.
n.s.
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TABLE 3 - Effect of weather conditions on copper and zinc contents in potato tubers (mg kg -1 dry matter).
Treatments
Wiking
7.60
6.34
6.17
6.70

2004
2005
2006
Means
LSD 0.05
between years
between cultivars
for interaction: years x cultivars

Copper
Mors
7.29
6.50
6.13
6.64

Means
Żagiel
7.41
6.49
6.16
6.69

7.43
6.45
6.15
6.68

Wiking
31.56
31.50
33.67
32.24

Zinc
Mors
40.71
40.77
41.16
40.88

Means
Żagiel
39.77
39.87
39.65
39.76

0.01
0.01
0.02

37.34
37.38
38.15
37.62
0.48
0.48
0.83

TABLE 4 - Zinc content in potato tubers (mg kg-1 dry matter).
Treatments
1. Control
2. Actara 80 WG 80 g ha-1
3. Regent 200 SC 0.1 dm3 ha-1
4. Calypso 480 SC 0.05 dm3 ha-1
5. Calypso 480 SC 0.075 dm3 ha-1
6. Calypso 480 SC 0.1 dm3 ha-1
Means
Means for tretaments 2-6
LSD 0.05
between cultivars
between insecticides
for interaction: cultivars x insecticides
n.s. – not significant

Years
Mors
41.19
40.95
40.55
40.90
40.82
40.85
40.88
40.81

Wiking
33.07
32.67
32.04
31.66
32.13
32.01
32.24
32.10

Means
Żagiel
39.96
39.51
39.45
39.89
39.77
39.77
39.76
39.68

38.07
37.71
37.35
37.48
37.57
37.54
37.62
37.53
0.48
n.s.
n.s.

similar to the values reported by other authors [3, 17, 18,
21]. The cultivars studied contained significantly different
copper amounts, the largest amount accumulated by Wiking – on average, 6.70 mg kg-1, lower by Żagiel – on
average, 6.69 mg kg-1, and the lowest by Mors – on average, 6.64 mg kg-1. The differences between all the cultivars were statistically confirmed. Many authors [14, 16,
22] found that potato tuber chemical composition was
primarily affected by the cultivar.
The insecticides applied reduced the copper content,
compared with the control without chemical protection,
but the differences were not statistically significant. Also
in the studies by Zarzecka and Gugała [18], herbicides
slightly reduced the Cu content in potato tubers. However,
there are no literature data pertaining to changes in copper
and zinc amounts in tubers as influenced by insecticides.
Potato tubers harvested in the years 2004-2006 differed in terms of copper and zinc contents (Table 3). The
weather conditions in 2004 favored copper accumulation
because temperature and rainfall were evenly distributed,
which is reflected in the calculated values of hydrothermal coefficient. The lowest copper content was in 2006,
when there was a spell of mild drought in June and July
(which is the period of intensive yield accumulation). In
contrast, zinc accumulation was stimulated by the weather
conditions of the hotter year 2006. An impact of weather
conditions on examined characteristics has also been confirmed in the works of Zarzecka and Gugała [18] as well as
Medyńska et al. [23].

Zinc content in potato tubers averaged 37.62 mg kg-1
(Tables 3 and 4) and was comparable to the content reported by other authors [3, 17, 18, 24]. Statistical analysis
confirmed that zinc content was significantly conditioned
by the cultivars selected for cultivation and weather conditions over the study years. Insecticides decreased the
concentration of this element, on average by 0.54 mg kg-1,
compared with the control treatment, which was not
chemically protected, but the differences were not statistically significant.
Genetic properties of the cultivars grown significantly
affected zinc content; the highest and lowest zinc accumulations were found for Mors (on average 40.88 mg kg-1)
and Wiking (on average 32.24 mg kg-1), respectively. All
the cultivars had decreased zinc contents in tubers following an application of insecticides. However, there was no
proven interaction between the factors studied. The impact of cultivar properties on zinc concentration has been
confirmed by other authors [15, 16].
4. CONCLUSIONS
Genetic properties of cultivars effected an accumulation of copper and zinc in potato tubers. Most copper was
accumulated by Wiking, and zinc by Mors. Insecticides
applied to control the Colorado potato beetle decreased
copper and zinc contents in tubers compared with the noncontrolled treatment, but the differences were not statistically significant.
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ABSTRACT
This study was conducted to investigate the transformation of speciation on lead (Pb) and cadmium (Cd) in
fluvo-aquic soil of Tianjin area by using a kinetic approach.
Heavy metals were added to soil as Pb(NO3)2 and Cd(NO3)2
at rates of 100 mg·kg-1 and 2 mg·kg-1, respectively. Metals in the incubated soil samples were fractionated for
3-58 days by sequential extraction procedure. The heavy
metals, spiked in the soil, were time-dependently transferred from the easily extractable fraction (the exchangeable fraction) into less labile fractions (carbonate-, Fe-Mn
oxide-, and organic matter-bound fractions). No significant
changes were found for the residual fractions of the heavy
metals in the soil during the whole incubation period. The
distribution of added heavy metals into different solid phase
fractions appears to consist of two phases involving the
initial rapid retention, followed by a slow continuous retention. Three kinetic equations were used to fit the experimental data, and parabolic equation fitted well. Therefore,
the transformation rate of exchangeable fraction in fluvoaquic soil was estimated by parabolic equation for the above
incubation periods. The constant b in parabolic equation was
defined as the transformation rate, which presented Pb >>
Cd. The higher proportion of the exchangeable fraction of
spiked Cd in fluvo-aquic soil indicates its higher potential
of downward leaching and runoff transport, especially at
the early stage of pollution.
KEYWORDS:
lead, cadmium, speciation, transformation, kinetic approach

1. INTRODUCTION
Soils often act as a sink for heavy metals derived from
various anthropogenic sources [1, 2]. Field studies prove
that heavy metals added to soils are transferred with time
* Corresponding author

from the soluble and exchangeable fractions into less
labile fractions [3, 4]. A term that is used to indicate the
increased retention of metals with aging time is fixation.
Fixation of metals takes place by the slow diffusion of
metals into Fe-oxides [5], hydrous oxides of Al and Mn [6],
clay minerals [7] and by diffusion or precipitation in carbonates [8, 9]. Sequential extraction procedures are commonly used to describe the distribution of trace metals in
soils or sediments. However, these protocols have been
criticized by many authors pointing out various pitfalls
including the lack of specificity of the reagents used and the
occurrence of re-adsorption of metals ions after release [10].
Furthermore, the reactions in the environment are rarely at
equilibrium as is considered in these protocols; instead, they
are in a state of continuous change because of the dynamic
nature of environmental processes [11, 12]. Consequently,
methodologies involving kinetic fractionation of trace
metals in sediment have been developed.
The kinetic approach is based on the study of the desorption fluxes of the metals from the soil caused by the
action of one specific added chemical regent [13]. This timebased fractionation highlights the differences in the liability
of complexes with similar stability constant, and the timebased metal extraction curves are commonly used to distinguish two or more fractions of metals based on differences of extraction or desorption rates [14]. The kinetic
approach has already been used to study the short-term
kinetics of the EDTA extraction of copper and zinc from
contaminated sediments [15], and heavy metal mobility
assessment in sediments [16].
Tianjin is one of the most important industrial areas
in northern China, with a population of more than 12 million. For its huge population and fast economy growth,
wastewater irrigation has been widely applied in Tianjin
for decades associated with water scarcity. However, prolonged irrigation with treated sewage effluents resulted in
the accumulation of heavy metals in the top 0-20 cm layer
of soils, leading to increased uptake of heavy metals by
crops and their possible introduction to animals and humans through the food chain. The fluvo-aquic soil is the
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main kind of soil in Tianjin area. To the best of our
knowledge, nevertheless, few investigations in the literature have focused on revealing the effect of time on heavy
metal release kinetics in contaminated fluvo-aquic soil.
Therefore, in this study, a kinetic approach was used to
quantitatively assess the time-based metal fractionation of
Pb and Cd in fluvo-aquic soil. This work should offer a
significant insight into the redistribution of freshly spiked
metals among fluvo-aquic soil components regarding time
effect.
2 MATERIALS AND METHODS
2.1 Study area

Located near Beijing and adjacent to the Bohai Sea,
Tianjin is one of the largest industrial cities in China. Soil
contamination with heavy metals in Tianjin is caused by
long-term wastewater irrigation, sludge applications, solid
waste disposal and automobile exhaust [17]. Majority of
the rivers in this area have also been heavily contaminated
with wastewater from Tianjin and Beijing cities. Due to
high demand and shortage of freshwater, farmlands (approximately 3500 km2) have been irrigated with
wastewater for more than 40 years [18].
2.2 Soil samples

The soil samples (topsoil, depth of 0-20 cm) were
collected from Agro-ecological Station of Tianjin Academy of Agricultural Sciences. The soil is a fluvo-aquic
sandy loam (Aquic Inceptisol, USDA soil taxonomy).
Soil samples were air-dried, ground and sieved through a
2-mm sieve. Some basic physical and chemical properties
of the soil are shown in Table 1. Soil pH was measured in
a 1:2.5 (w/v) ratio of soil to water with a glass electrode
[19]. Soil organic matter was determined by oxidation with
K2Cr2O7-H2SO4 [19]. Particle-size distribution was analyzed

using the micro-pipette method [20]. Cation-exchangeable
capacity (CEC) was measured as described by Chapman
[21]. Amorphous and free (amorphous-plus-crystalline) Fe
oxides of the soil were, respectively, determined with ammonium oxalate [22] and dithionite–carbonate–bicarbonate
(DCB) extractants [23].
2.3 Incubation experiment

The incubation experiment was performed with 0.5 kg
(oven-dry weight) soil in a plastic beaker. Pb(NO3)2, and
Cd(NO3)2 in aqueous solution were added, and then thoroughly mixed with soils. The amounts of metals spiked
were 100 mg·kg-1 for Pb and 2 mg·kg-1 for Cd (metal/soil), respectively, representing the medium contaminated level according to the classifications defined by
Chinese Environmental Protection Agency [24]. Soil samples were maintained at about 75% of water holding capacity by periodically weighing the pots and adjusting the
weight by addition of distilled water. Each treatment
was replicated in triplicate. At different incubation times
(3th, 7th, 14th, 28th and 56th day), sub-samples were taken
from each beaker for the measurement of total content and
speciation of heavy metals. Prior to sampling, each soil
sample was mixed completely to ensure homogeneity and
representativeness. Be-sides, a part of the subsample from
each beaker was used to determine the moisture content in
order to present the data on an oven-dry weight basis.
2.4 Sequential extraction procedure

The sequential extraction proposed by Tessier [25] was
employed in the current study. The chemical reagents, extraction conditions and corresponding fractions are defined
in Table 2. Extractions were conducted in 100-ml polypropylene centrifuge tubes. Between each successive extraction, the supernatant was centrifuged at 4000 rpm for 30 min,
and then filtered.

TABLE 1 - Basic physical and chemical properties of the tested soil.
pH

CEC
Free Fe oxides Amorphous Fe oxides
(cmol·kg-1) (g·kg-1)
(g·kg-1)

7.700 23.12

18.12

2.051

-1
Organic matter Particle-size distribution (g·kg )
(g·kg-1)
Clay
Silt
Sand
20.66
151.8
464.0
384.2

Total concentration of metals
(mg·kg-1)
Pb
Cd
44.65
0.1331

TABLE 2 - Sequential extraction procedure and the corresponding fractions (Tessier, 1979 [25]).
Step
1
2
3
4
5

Fraction
Exchangeable
(EXC)
Carbonate-bound
(CAR)
Fe-Mn oxide-bound
(OX)
Organic matter-bound
(OM)
Residual
(RES)

Extraction procedure
2 g of soil sample (oven-dry weight), 16 ml 1.0 mol·L-1 MgCl2, pH 7, shaken 1h, 20 °C
16 ml of pH 5, 1.0 mol·L-1 sodium acetate, shaken 5 h at 20 °C
40 ml of 0.04 mol·L-1 NH4OH·HCl in 25% (v/v) acetic acid at pH 3 for 5 h at 96 °C with occasional agitation
6 ml of 0.02 mol·L-1 HNO3 and 10 ml of 30% H2O2 (pH adjusted to 2 with HNO3), water bath, 85 °C for 5 h
with occasional agitation. 10 ml of 3.2 mol·L-1 NH4OAc in 20% (v/v) HNO3, shaken 30 min
Dried in a force-air oven at 40 °C, 24 h. Subsamples after sieving with 0.15 mm openings were used for determining Cu, Pb, Cd and Hg contents
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3. RESULTS AND DISCUSSION

2.5 Metal determination and quality control

The total metal concentrations and the metal concentrations of residual Pb and Cd fractions in soil were determined by digesting 0.5 g soil samples (oven-dry weight)
with HNO 3-HF-HClO 4 mixture, followed by elemental
analysis [26]. The concentrations of Pb and Cd in all solutions were analyzed by AAS (AA800, PerkinElmer, USA).
All the reagents used for analysis were of analytical
grade or better. All containers were soaked in 10% HCl,
rinsed thoroughly in deionized water and dried before use.
The standard substances (geochemical standard reference
sample soil in China, GSS-1) were used to examine the
precision and accuracy of determination. The recovery and
precision were found to be within 100 ± 10%. As a check
for the reliability of sequential extraction procedure, the
relative errors (REs) between the sum of the metal concentration in individual fractions and the measured total
metal concentration in soil samples were calculated and
ranged from -13.6% to 10.1%, and the sums of extracted
metal fractions over the experimental period were fairly
constant (coefficients of variation, CV <13%). Therefore, it
is more convenient to use fractional distribution patterns
to study the transformation of metals with time, and the percentages of metals in different fractions were used to reflect
the metal redistribution in the incubated soil samples.

3.1 Distribution of background heavy metals in native soil

The fraction distribution of each background metal in
control fluvo-aquic soil is presented in Fig. 1. The background Pb and Cd in each fraction were generally in the
order RES > OX > CAR > OM > EXC. Heavy metals in
the native soil were mostly presented in the RES fraction
which accounted for over 45%. High contents of heavy
metals in the residual fraction are often described in soils
[29, 30]. The OX fraction occupied the second important
proportion in solid-phase components. The proportion of
Pb in soil OX fraction was approximately 40%. The predominance of Pb in the OX fraction was in broad agreement with previous findings [31, 32]. The adsorption of
Pb cations on the hydrous oxides of Fe and Mn is considered as a reasonably universal fixation mechanism. The
proportions of CAR and OM fractions for all of these
heavy metals varied from 14 to 16% and 6 to 9%, respectively. The EXC fractions of the metals in the soil, however, took up only <2% for Pb, and 7.29% for Cd. In the
non-residual fractions, the relative high percentage of Cd
was associated with the exchangeable fraction, which is in
agreement with [33, 34] that Cd usually was present more
labile in soils.

2.6 Kinetic equation of transformation of metal speciation

The changes of heavy metal fractions with time were
fitted by using the following equations [27]:
Parabolic diffusion [ qt
Power function [ qt

= a + bt 1/2 ]

= at b ]

Elovich equation [ qt

= a + bLnt ]

(1)
(2)
(3)

where, qt is the heavy metal concentration in each
fraction (mg·kg-1) at time t, a and b are constants, and t is
time (days). The statistical parameters used to access the
quality of the fitting process were the standard error of
estimate (SE) and the coefficient of correlation (r). Standard errors of estimate were calculated as follows:
1/2

⎡ ∑ (q − q* ) 2 ⎤
[ SE = ⎢
⎥ ]
⎣⎢ (n − 2) ⎦⎥

(4)

where q and q* represent the measured and predicted
heavy metal concentrations (mg·kg-1), respectively, and n
is the number of data points evaluated. A relative high
value of r and low values of SE were used as criteria for
the best fit.
2.7 Statistical Analysis

Statistical analyses, one-way ANOVA by Duncan test
(P < 0.05) and model fit, were performed using the software of SPSS 17.0 for Windows [28].

FIGURE 1 - Fraction distribution of background heavy metals in
fluvo-aquic soil.
3.2 Transformation of spiked heavy metals in fluvo-aquic soil

Figure 2 shows the time-dependent fraction transformations of Pb and Cd in fluvo-aquic soil incubated from 3
to 56 days. There were some clear and major differences
between the distributions of indigenous and spiked metals
in fluvo-aquic soil. In the case of indigenous metals, the
proportions present as EXC fractions were very low in
soil, with the bulk of the metals distributed between RES,
OX, CAR and OM fractions. As for spiked metals, it was
supposed that at the time zero of the incubation period,
almost all the newly added heavy metals existed either in
the soil solution or in the surface of soil particles (e.g.
EXC fraction). When the incubation time was prolonged,
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the EXC fractions of heavy metals decreased significantly
and consistently in soil. By the time of first sampling (3th
day), the proportions of the EXC fractions were 55.58%
for Pb and 62.67% for Cd. From 3 to 56 days of incubation, the proportions of exchangeable Pb and Cd in soil
decreased by more than 26 and 14%, respectively. After
56-days incubation, the exchangeable fractions of heavy
metals in fluvo-aquic soil decreased to relatively lower
degrees. The proportions were 29.79% for Pb and 48.64%
for Cd. It may indicate that a fast process of Pb and Cd
transformation from EXC fraction towards other more
stable fractions occurred during the first 3-day incubation,
and the redistribution process happening from 3 to 56 days
was relatively slower compared with that in the first 3 days.

the 56 days of incubation with spiked heavy metals. The
proportions of spiked metals associated with the most
weakly bound fractions (EXC) tended to decrease, with
corresponding increases in the other more strongly binding fractions (CAR, OX and OM). These metals might be
retained by soil components in the near surface soil horizons or could precipitate and/or co-precipitate as sulphides,
carbonates, oxides or hydroxides with Fe, Mn and Ca. The
concentrations of the RES fractions of spiked metals kept
unchanged with time viz. the added metals hardly entered
the crystalline lattice during 56-day incubation. This was
in agreement with Lu [35] that there were almost no changes
for Cu, Zn, Pb and Cd in the residual fractions in three typical Chinese soils incubated for 64 days at 70% field capacity.
3.3 The model of transformation kinetics of heavy metals

FIGURE 2 - Chemical fractions of Pb and Cd in soil as a function of
incubation time.

The proportions of Pb and Cd in the CAR fractions
accounted for 8.36 and 10.68%, respectively, at 3-day incubation, which were close to the proportions of such
fractions of indigenous metals in native soil. Up to 56 days
of incubation, the proportions of carbonate-bound fractions of Pb and Cd occupied 17.10 and 13.65%, respectively. The proportions of spiked metals bound to Fe-Mn
oxides increased consistently with increasing incubation
time. After 56-day incubation, the proportions of the OX
fractions were 21.07% for Pb and 23.68% for Cd. The
change patterns of the organic matter-bound fractions of
spiked metals were similar to those of the oxide-bound
fractions in spiked fluvo-aquic soil. The proportions of organic matter-bound fraction of the metals increased with
increasing incubation time. After 56 days of incubation,
the proportions of metals bound to organic matter were
13.96% for Pb and 10.65% for Cd.
Statistical analyses confirmed that the concentration
of the residual fraction of each metal in spiked-soil was
consistent to that in native soil, and remained almost
unchanged during the whole incubation period (P <0.05).
The proportions of the metal residual fractions in spiked
soil accounted for 17.68 % (Pb) and 3.18% (Cd), on average.
In summary, there were clear changes in the proportional distribution of Pb and Cd in fluvo-aquic soil during

Each of the kinetic equations previously described in
methods was used for fitting the decreases or increases of
different fractions of heavy metals with time. The fit of
the data to parabolic equation for Pb and Cd in fractions
(except for RES) is shown in Fig. 3. The fit between the
different models and experimental data is reflected by the
R2 and SE shown in Table 3. In general, the three models
used fitted well to experimental data. For the parabolic
equation, the mean value of R2 was equal to 0.985, and
the most values were higher than 0.98. On the other hand,
with the power and Elovich equations, the mean value of
R2 was equal to 0.963 and 0.971, respectively. Comparing
the values of R2 and SE obtained with the three models, it
can be concluded that parabolic equation is the best one to
describe the experimental data.

FIGURE 3 - Relationship between observed and predicted Pb and
Cd decrease or increase in different fractions, by treatments as
described by parabolic model.

Generally, changes in speciation of heavy metals with
incubation time for Pb and Cd were similar in direction
and pathways, and two regions could be distinguished: a
first one for short extraction times (t <3 days), corresponding to faster transformation of metals and a second for
higher extraction times (t >3 days) where the transfor-
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mation kinetics is relatively slower. Two regions can be

con-

TABLE 3 - Parameters, coefficient of determination and standard error of estimate of various models used to describe Pb and Cd in different fractions with low loading level of metal addition and 75% field capacity regime*
CAR
EXC
OX
a
b
R2
SE
a
b
R2
SE
a
b
R2
0.9506 0.3212 6.304 4.381
Elovich
98.56 -12.74
0.9360 5.651 7.849 5.266
0.9725
Pb
Power
109.7 -0.2080 0.8932 6.561 11.06 0.2439 0.9800 0.4454 8.927 0.2504 0.9928
0.9941 0.1331 10.23 2.718
Parabolic 92.98 -6.619
0.9878 3.336 8.405 2.231
0.9976
Elovich
1.468 -0.09812 0.9464 0.03121 0.3044 0.04651 0.9538 0.01254 0.1988 0.02131 0.9487
Cd
Power
1.497 -0.08312 0.9279 0.04561 0.2042 0.08361 0.9631 0.01984 0.3189 0.1083 0.9712
Parabolic 1.424 -0.05091 0.9973 0.03125 0.2083 0.01101 0.9923 0.01112 0.3254 0.02411 0.9899
* Statistical analysis showed that the concentrations of metals in the RES fractions did not change significantly during the
data of this fraction was excluded.
Element

Model

sidered to be dominant sinks for heavy metals from which
elements are transformed with a different rate. Most of the
anthropogenic heavy metals were adsorbed rapidly on the
soil surfaces as the exchangeable form, and then slowly
transformed into stable forms with time [36]. Aringhieri
[37] suggested that 80% of adsorption took place within
10 min after metal addition to a soil containing high organic matter (14.2%) and high clay content (60%). Therefore, it could be assumed that initially adsorbed metals
were easily exchangeable fractions, which retained at a
high level at the beginning of the incubation. This rapid
absorption might have been finished within 1 day, before
we started the monitoring for the first time in this study.
Han and Banin reported [38] that the transformation of
added soluble metals in arid-zone soils was characterized
by an initial fast (within 1 h) and subsequent slow reduction of lability. Ma and Uren [7] reported that about
16.7% of initial EXC fraction transformed to EDTAextractable and RES forms in a Mollisol within 30 days,
and the slow process of transformation was attributed to
inner-sphere surface complexation via partial or complete
dehydration of surface species.
The constant b in parabolic equation of exchangeable
fraction reflected the transformation rate of metal speciation from the exchangeable fraction toward stable fractions, which can be used as an index of transformation
rates. By judging this parameter, it was clearly that Pb
(−6.619) was easily transformed from EXC fraction to
more stable fractions during the incubation period than Cd
(-0.05091), which coincided with the results of Lu et al.
[35] that the decrease in transformation rate followed the
order Pb > Cu > Zn > Cd. Many researches proved that
cadmium generally had large lability in soil, and the lack
of strong binding mechanisms for this metal to the solidphase of soil. Naidu et al. [39] reported that the exchangeable Cd was probably hydrated Cd2+ and adsorbed via
out-sphere surface complexation, and hence, barricading
the transformation from exchangeable fraction. McGrath
and Cegarra [40] found that the concentration of Cd extracted with 0.1 mol·L-1 CaCl2 was much higher than
those of Cu and Pb in the soil amended with sewage
sludge.

OM
SE
a
b
R2
SE
0.4481 4.902
3.510
0.9410 0.2136
0.5325 7.096
0.2492 0.9799 0.5245
0.2365 6.455
1.819
0.9956 0.2223
0.02151 0.09351 0.03112 0.9554 0.005421
0.02871 0.1081 0.1768 0.9811 0.004215
0.02541 0.1076 0.01609 0.9856 0.003325
whole incubation period (P ＜0.05), thus the fit

4. CONCLUSIONS
The fluvo-aquic soil in Tianjin area was used to study
the extractability of applied heavy metals over the time.
Heavy metals, Pb and Cd, added to fluvo-aquic soil in
soluble form were transformed slowly and consistently
from the exchangeable fraction to more stable fractions,
leading to the decrease of metal lability in soil. No significant changes were observed in the concentrations of
metals in the residual fractions. Kinetic approach appeared to be an efﬁcient tool to study trace metals` fractionation. The parabolic equation allows ﬁtting efﬁciently
Pb and Cd data obtained in a wide range of concentrations. Among the heavy metals investigated, the transformation rate presented Pb >> Cd. High concentrations of
Cd in the exchangeable fraction could pose an environmental risk in the form of groundwater pollution.
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EFFECT OF TANNIC ACID ON
GLUTATHIONE S-TRANSFERASE AND NAD(P)H: QUINONE
OXIDOREDUCTASE 1 ENZYMES IN RABBIT LIVER AND KIDNEY
Serdar Karakurt* and Orhan Adalı
Department of Biochemistry, Institute of Natural and Applied Sciences, Middle East Technical University, 06531, Ankara, Turkey

ABSTRACT
Glutathione S-transferase and NAD(P)H: quinone
oxidoreductase 1 enzymes have important roles in detoxification and also activation of a wide variety of chemicals.
Moreover, resistance of tumor cells against chemotherapeutic agents has been implicated in GST activities. The aim of
this study was to investigate the effect of polyphenolic
compound tannic acid on rabbit liver and kidney glutathione
S-transferase and NAD(P)H: quinone oxidoreductase 1 enzyme activities. Tannic acid was found to be a potent inhibitor of both hepatic and renal cytosolic glutathione Stransferase with an IC50 value of 0.33 µM and 0.24 µM,
respectively. Tannic acid was shown to be a noncompetitive
inhibitor of liver glutathione S-transferase and NAD(P)H:
quinone oxidoreductase 1 with KI of 0.4 µM, and 16.5 µM,
respectively. In kidney, tannic acid was an uncompetitive
inhibitor of glutathione S-transferase while it was noncompetitive inhibitor of NAD(P)H: quinone oxidoreductase 1 with a KI of 12.6 µM. Tannic acid may change the
metabolism of a number of chemicals by modulating the
enzymes involved in xenobiotics detoxification and/or
activation pathways.

KEYWORDS:
Tannic acid, GST, NQO1, Rabbit, Inhibition kinetic.

1. INTRODUCTION
Diets rich in fruit and vegetables decrease the risk of
mortality from major clinical conditions, including cancer
and cardiovascular diseases. A great number of natural
plants have received attention as sources of bioactive compounds with antioxidant, antimutagenic and anticarcinogenic
properties. Among the sources of natural antioxidants are
primarily, plant phenolic and polyphenolic compounds that
* Corresponding author

have an important role in human nutrition. Tannins are plant
polyphenolic compounds consumed as food and beverages by human. Tannic acid (penta-m-digalloyl-glucose) is a
common hydrolyzable tannin found in tea, coffee, red
wine, grains, nuts and immature fruits and it has been
used as a food additive. Tannins contain hydroxyl and
other suitable groups and form effectively strong complexes with protein and other macromolecules under the
particular environmental conditions [1, 2]. Like many
polyphenols, tannic acid possesses antioxidant, antimutagenic and anticarcino-genic properties [3].
Cytosolic glutathione S-transferases (GSTs, EC
2.5.1.18) are soluble and dimeric proteins with typical
molecular masses of around 50 kDa. GSTs have two
general functions; to remove toxic metabolites from the cell
and to maintain cellular sulfhydryl groups in their reduced
form. Although the majority of GSH-linked reactions serve
the function of detoxification, in some cases toxicity is increased by formation of a GSH conjugate with dichloromethane, haloalkenes, vicinal dihaloalkenes and haloacids
[4, 5]. Besides, the resistance of cells and organisms to
pesticides, herbicides and antibiotics was implicated in GST
activities [6, 7]. Moreover, GSTs have been shown to be
over-expressed in tumor cells hence it increases the resistance for chemotherapeutic drugs. Cancer chemotherapeutic agents such as adriamycin, 1,3-bis (2-chloroethyl)-1
nitro-sourea, busulfan cyclophosphoamid are detoxified by
GST [8]. Therefore, enhanced GST-mediated conjugations of cytostatics due to increased GST expression used
in cancer treatment have been suggested among the mechanisms of drug resistance. In this context, inhibition of
GSTs may sensitize drug-resistant cells [9, 10]. Although
many attempts have been made to develop GST inhibitors,
many of those GST inhibitors such as synthetic analogues
and glutathione conjugates are either too toxic to be used
in vivo or are effective only in vitro. Furthermore, lacking
of stability and selectivity, as well as their poor pharmacological profile pose major problems to their use [11-13].
NAD(P)H:quinone oxidoreductase 1 (NQO1; EC 1.6.99.2),
homodimeric flavo-protein each monomer consist of 273
amino acids, has been described in numerous mouse, rat,
human and zebrafish [14, 15]. It is mainly located in cyto-
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sol (>90%) but also present in microsomes and mitochondria. NQO1 is able to perform two-electron reduction of
quinones and nitro aromatics [16]. NQO1 plays an essential role in protecting the cell against ROS and maintaining genetic stability. In human, NQO1 is over-expressed in
a variety of solid tumors comprising those of the adrenal
gland, bladder, breast, colon, liver, lung, ovary and thyroid [17, 18]. Moreover NQO1 has a function on bioactivation of heterocyclic amines which are mutagenic and
carcinogenic [19].
Literature supports that there is a link between certain
cancers and toxic compound bioactivation and their metabolism by GST and NQO1 enzymes [20, 21]. Therefore
anti-carcinogen activity of tannic acid, a hydrolysable plant
polyphenol, may have a crucial importance to prevent conversion of pro-carcinogens to their carcinogenic form. There
are several investigations mainly focus on laboratory animals
such as rats and mice [22, 23]. However no data is available
regarding the effects of tannic acid on rabbit GST and
NQO1 enzymes. Whilst tannic acid has been demostrated
to inhibit GSTs on mouse, rat and insect, it is not known
whether this compound has an effect on rabbit GSTs since
species differences in isozyme composition may affect their
sensitivity towards a modulator molecule. In view of these,
it is necessary to carry out comparative studies using
different laboratory animals in order to learn more about the
species differences and also effect of molecules including
plant polyphenolics in the xenobiotic metabolism. This
study was undertaken to elucidate the possible in vitro
effects of plant phenolic compound tannic acid for its ability to modulate rabbit GST and NQO1 enzyme activities.
2. MATERIALS AND METHODS
2.1. Chemicals

Tannic acid, 1-chloro-2,4-dinitrobenzene (CDNB),
bovine serum albumin (BSA), Є-ACA, PMSF, glutathione
reduced form (GSH), 2,6 dichlorophenol-indophenol
(DCPIP) were purchased from Sigma Chemical Company,
Saint Louis, Missouri, USA. β-nicotinamide adenine dinucleotide phosphate reduced form (NADPH) was taken from
Applichem, Darmstadt, Germany. All other chemicals were
of analytical grade and were obtained from commercial
sources at the highest grade of purity available.
2.2. Animals and Preparation of cytosol

2.5 months old adult male New Zealand white rabbits
(2 kg±100 g) were used for preparation of liver and kidney cytosols. Liver and kidney cytosols were prepared by
differential centrifugation as described by Arinç et al. [24]
and Adali et al. [25]. Homogenization was carried out in
1.15 % KCl solution containing 2 mM EDTA, 0.25 mM εACA and 0.1 mM PMSF, using a glass-teflon homogenizer and the liver and kidney homogenates were centrifuged at 10800 g (Sigma 3K30 Centrifuge, Osterode am
Harz, Germany) for 25 min. The resultant supernatant was

centrifuged at 145215 g (Sorval-Combi Ultracentrifuge
Dupond Company, Newton, Connecticut, USA) for 45
min. The supernatant obtained was used as a source of
cytosol. The protein concentration of rabbit liver and kidney
cytosols was determined by the method of Lowry et al. [26]
using crystalline bovine serum albumin as a standard.
2.3. Enzyme assays

GST activities were determined spectrophotometrically
by monitoring the thioether formation at 340 nm using 1chloro-2,4-dinitrobenzene (CDNB) as the substrate [27]. A
typical assay mixture contained 41.6 mM potassium phosphate buffer pH 7.0, 1.3 mM GSH, and 1 mM 1-chloro2,4-dinitrobenzene (CDNB) in a final volume of 3 ml. Enzyme activity determinations were carried out at 25 oC. Before starting the reaction with CDNB, assay medium containing the enzyme source was pre-incubated with tannic
acid in the range of 0.05 µM to 1 µM. Incubation mixtures
without an enzyme source were also used as the blanks (nonenzymatic reactions). Thioether formation was followed
continuously at 340 nm for 2 minutes using Schimadzu UV160A UV-visible spectrophotometer. Enzyme activity was
calculated using an extinction coefficient of 9.6, mM-1 cm-1.
Rabbit liver and kidney NQO1 enzyme activities were
determined according to the method of Ernster [28] based
on the reduction of DCPIP inhibited by dicoumarol.
Standard enzyme assay mixtures contained 25 mM
potassium phosphate buffer pH 7.8, 0.7 mg/ml BSA, 0.2 mM
NADPH and 40 µM 2,6-dichlorophenolindophenol (DCPIP)
in a final volume of 1 ml. Before starting the reaction
with NADPH, enzyme assay medium was pre-incubated
with tannic acid in the range of 1µM to 50 µM. DCPIP
reduction reaction was followed continuously at 600 nm
for 2 minutes by using Schimadzu UV-160A UV visible
spectrophotometer. The enzyme activity was calculated
using an extinction coefficient of 0.021 µM-1 x cm-1. Tannic
acid concentrations used in the current work were chosen
according to preliminary results obtained in our laboratory.
2.4. Enzyme kinetics

Kinetic analysis was done to determine the type of inhibition of rabbit liver and kidney GST and NQO1 enzymes
using various concentrations of tannic acid, ranging from
0.05 to 10 µM, in the presence of different fixed concentration of substrates; CDNB ranging from 0.4 to 1 mM and
DCPIP ranging from 0.025 to 0.04 mM. Both LineweaverBurk and Dixon plots were drawn to determine the type of
inhibition. Michaelis-Menten constant, Km, maximum velocity, Vmax, and inhibition constant, KI were calculated
from Lineweaver-Burk and Dixon plots, respectively.
2.5. Statistical analysis

Statistical analyses were performed by using
GraphPad Prism 5.0 statistical software package for Windows. All results were expressed as means with their
Standard Error of Means (SEM). The data were ana-
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lyzed and the kinetic constants were calculated using
the following equations:
Michaelis Menten equation:
V= (Vmax*[S])/(Km+[S])
Noncompetitive inhibition:
V= (Vmax*[S])/(Km+[S])α’
Uncompetitive inhibition:
V= (Vmax*[S])/(Km+α’[S])
α’= (1+[I]/KI)

TABLE 2 - IC50 values of tannic acid for
rabbit liver and kidney GST and NQO1 activities.

(1)
(2)
(3)

where v is the reaction rate, [S] is the substrate concentration, Vmax is the maximal velocity, [I] is the inhibitor concentration, Km is the Michaelis–Menten constant
and KI is the inhibition constant.
3. RESULTS
The effect of tannic acid on rabbit liver and kidney
GST and NQO1 activities was studied by adding various
concentrations of this compound into the enzyme assay
system. Tannic acid showed an inhibitory effect on rabbit
liver and kidney GST and NQO1 enzymes in a concentration dependent manner.
Tannic acid inhibited hepatic and renal GST activities
dose-dependently with IC50 values of 0.33 ± 0.02 µM and
0.24 ± 0.08 µM, respectively (Table 1). At 1 µM, tannic
acid inhibited the rabbit hepatic and renal GST activities
completely (100%) as shown in Fig.1A and Fig. 1B, respectively. Furthermore, as observed in GST activities,
tannic acid also inhibited rabbit liver and kidney NQO1
activities with IC50 of 7.3 ± 0.15 µM and 8.6 ± 0.7 µM,
respectively (Table 1).

At 25 µM tannic acid concentration, hepatic cytosolic
NQO1 activity was almost completely (97 %) inhibited
while the same concentration of tannic acid caused 80 %
inhibition of kidney enzyme as shown in Fig.1 C and D,
respectively.
For determination of the type of inhibition of rabbit
liver cytosolic GST by tannic acid, as given in Fig.2, tannic
acid was held at three different concentrations (0.1 µM,
0.25 µM and 0.35 µM) in the enzyme assay mixture, while
the substrate (CDNB) concentration was varied (0.4 mM,
0.6 mM, 0.8 mM and 1 mM). The Lineweaver–Burk plot
indicated that the Michaelis–Menten constant (Km) remained unchanged by the presence of different concentrations of tannic acid, while Vmax (maximum velocity) decreased with increasing tannic acid concentration (Fig.2).
The apparent K m value was found to be 0.32 mM for
CDNB in all concentrations of tannic acid present in the
reaction medium. However, Vmax values of the enzyme reaction were decreased from 6.2 µmol/min/mg (no tannic
acid) to 3.6 µmol/min/mg in the presence of 0.35 µM
tannic acid in the reaction medium (Table 2).
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FIGURE 1 -In vitro effects of tannic acid on rabbit liver (A) and kidney (B) GST activities and liver (C) and kidney (D) NQO1 activities.

FIGURE 2 -Lineweaver–Burk and Dixon graphs of rabbit liver GST at four different substrate (CDNB) concentrations and three different
tannic acid concentrations for determination of Ki, Km and Vmax. The points are average of duplicate determinations. The average values
varied less than 5%.

TABLE 2 - The effects of Tannic acid on the kinetic properties of rabbit liver and Kidney GST and NQO1 enzymes.

Dixon plot, 1/V versus 1/ [Tannic acid], used to determine the type of inhibition and to calculate the KI value, was plotted in the presence of different fix concentrations of CDNB ranging from 0.4 mM to 1 mM. From the
intersecting point of the four lines, the KI value was determined to be 0.4 µM for rabbit liver cytosolic GST. Km
value remained unchanged while Vmax value differed for
each different fixed concentration of CDNB. Therefore the
plot was suggesting the inhibitor manner to be apparently
noncompetitive.
In order to determine the inhibitory potency and
mechanism of tannic acid on rabbit kidney cytosolic GST
enzyme activity, tannic acid was held at three different concentrations (0.05 µM, 0.1 µM and 0.15 µM) in the enzyme
assay mixture, while the substrate (CDNB) concentration

was varied (0.2 mM, 0.4 mM, 0.8 mM and 1 mM) (Fig 3).
When Lineweaver–Burk plot (1/V versus 1/[S]) was plotted
at four different substrate concentrations in the presence of
fixed varying tannic acid, the four lines were not crossed,
but parallel lines were observed. The Lineweaver–Burk
plot indicated that Michaelis constant, Km (from 0.5 µM to
0.3 µM) and Vmax (from 1.34 µmol/min/mg to 0.67 µmol/
min/mg) decreased with increasing tannic acid concentration. As it was shown in the Dixon plot given in Figure 3*,
tannic acid was an uncompetitive inhibitor for rabbit kidney
cytosolic GST with K I decreased from 0.615 to 0.252
(Table 2).
In the determination of the inhibitory mechanism of
tannic acid on rabbit liver cytosolic NQO1 enzyme activity,
the concentration of tannic acid was held at three different
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values (2.5 µM, 5 µM and 10 µM) in the assay mixture, while the substrate (DCPIP) concentration was varied
(0.025 mM, 0.03 mM, 0.035 mM and 0.04 mM) (Fig 4).
The Lineweaver-Burk plot indicated that the Michaelis-

Menten constant; Km remained unchanged (40 µM) and
Vmax decreased (from 4.2 µmol/ml/min to 3.7 µmol/ml/min)
with increasing tannic acid concentration. From Dixon
plot, 1/V versus 1/ [Tannic acid], the intersecting point of

FIGURE 3 -Lineweaver–Burk and Dixon graphs of rabbit kidney GST at four different substrate (CDNB) concentrations and three different
tannic acid concentrations for determination of Ki, Km and Vmax. The points are average of duplicate determinations. The average values
varied less than 5%.

FIGURE 4 - Lineweaver–Burk and Dixon graphs of rabbit liver NQO1 at four different substrate (DCPIP) concentrations and three different tannic acid concentrations for determination of Ki, Km and Vmax. The points are average of duplicate determinations. The average
values varied less than 5%.

the four lines gives the KI value as 16.5 µM for rabbit
liver cytosolic NQO1. The Lineweaver–Burk and Dixon
plots were suggesting the inhibitor manner to be apparently noncompetitive.

For determination of the type of inhibition of rabbit
kidney NQO1 enzyme activity by tannic acid, tannic acid
was held at three different concentrations (2.5 µM, 5 µM
and 7.5 µM) in the enzyme assay mixture, while the substrate (DCPIP) concentration was varied (0.025 mM to
0.04 mM) (Fig 5). When Lineweaver-Burk plot (1/V vs.
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1/[S]) was plotted at four different substrate concentrations in the presence of fixed varying tannic acid, the four
lines crossed apparently at a point on the X-axis. Km value
remained unchanged (0.035 µM) and Vmax decreased (from
59.2 µmol/min/mg to 38.1 µmol/min/mg) with increasing

tannic acid concentration. As it was shown in the Dixon
plot given in Figure 5*, the intersecting point of four lines
indicates the KI value as 12.6 µM. The Lineweaver–Burk
and Dixon plots were suggesting the inhibitor manner to
be apparently noncompetitive.

FIGURE 5 - Lineweaver–Burk and Dixon graphs of rabbit kidney NQO1 at four different substrate (DCPIP) concentrations and three
different tannic acid concentrations for determination of Ki, Km and Vmax. The points are average of duplicate determinations. The average
values varied less than 5%.

4. DISCUSSION
One of the largest and ubiquitous groups of plant metabolites is phenolic compounds. Tannic acid is a dietary
polyphenol and has been demonstrated possesses antioxidant, antimutagenic and anticarcinogenic properties [29,
30]. Several investigations on the effect of tannic acid
have been mainly focused on laboratory animals such as
rats and mice. However no data is available regarding the
potency of tannic acid on rabbit GST and NQO1 enzymes.
It is necessary to carry out comparative studies using
different laboratory animals in order to learn more about the
species differences. In this report, we have examined the
in vitro effect of polyphenolic compound, tannic acid on the
rabbit liver and kidney cytosolic GST and NQO1 enzymes.
In contrast to the chemoprotective role of GST and
NQO1, the enzymes also catalyze the bioactivation of
several compounds, which exert their toxicity through direct
DNA damage [31, 32]. Furthermore, both GST and NQO1
have been shown to be over expressed in tumor cells since
they increase the resistance of tumor cells for chemotherapeutic drugs. Elevated levels of GST and NQO1 expression have been documented in a variety of human tumors, including breast, colon, lung, ovary, thyroid, adrenal
gland, and liver, when compared with normal tissues of the
same origin, which is due to self-defense of tumor against
cytotoxic agents such as mitomycin C and diaziridinylben-

zoquinone RH1 [16,33,34]. Therefore, there is a need to
develop specific potent inhibitors of GST and NQO1 as a
potential treatment for cancer.
GST activity has been shown to be modulated by
natural plant products such as quercetin and curcumin in
human cell lines [35, 36]. Tannic acid was found the most
efficacious inhibitor on murine hepatic P450-mediated enzyme activities [37] and it has been demonstrated to significantly reduce the formation of benzo[a]pyrene-diolepoxide and 7,12-dimethylbenz[a]anthracene-DNA adduct
in mouse epidermis and in vitro microsomal system [38, 39].
Treatment with tannic acid in the dose equivalent (50 mg/kg)
to an average intake by humans on 3-methylcholantherene
induced rat was shown to decrease renal GST and NQO1
activities [40]. Nepka et al. [41] demonstrated that chemopreventive activity of tannic acid was dose dependent.
The results of the present study indicated that tannic acid
has also significant inhibitory effect on rabbit liver and
kidney cytosolic GST with the IC50 value of 0.33±0.02 µM
and 0.24±0.08µM, respectively. GST enzymes have recently
been shown to be involved in regulation of cell proliferation
and apoptosis by regulation of stress kinases [42] and tannic
acid has been found to induce apoptosis in human leukemia
HL-60 cells. Since GST plays a role in regulating the MAP
kinase pathway via-protein–protein interaction [43], it is
possible that its inactivation by tannic acid could be one
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of the mechanisms for the induction of the observed apoptosis. In this work, tannic acid showed distinct inhibitory
mechanisms on rabbit liver and kidney cytosolic GST
activities. Indeed, tannic acid was found as a noncompetitive inhibitor for hepatic GST activity with KI of 0.4 µM
(Km remained unchanged while Vmax decreased) while it
was an uncompetitive inhibitor of renal GST activity with
decreased KI, Km and Vmax values. These suggested that
inhibitory binding site of tannic acid is remote from the
catalytic sites leading to conformational changes and hence
enzyme inactivation. On the other hand, in kidney tannic
acid can bind only to the complex formed between GST
enzyme and CDNB (the ES complex). Similar to GST, depletion of NQO1 gene has also been shown to cause apoptosis due to down-modulation of nuclear factor kB (NF-kB)
regulated gene products. In the present study, rabbit hepatic and renal NQO1 enzyme activities have been inhibited dose dependently by tannic acid with the IC50 value
of 7.3 ± 0.15 µM and 8.6 ± 0.7 µM respectively. Tannic
acid has also been found a potent noncompetitive inhibitor for rabbit liver and kidney NQO1 with KI values of
16.5 µM and 12.6 µM, respectively.
This study is the first concerning the effects of tannic
acid on GST and NQO1 enzymes of rabbit liver and kidney.
The results of the present study indicate that this phenolic
compound, tannic acid can modulate carcinogens activating
and detoxifying pathways, particularly those in which GST
and NQO1 are involved. The IC50 and KI values suggest
that tannic acid is a more potent inhibitor on GST enzyme
activity than NQO1 activity. This effect depends on the
tissue used and type of the enzyme determined. During
chemotherapy, the aim of chemomodulation is to target the
GST and NQO1 responsible for the breakdown of several
alkylating agents and reduction of the formation of superoxide. GST and NQO1 inhibitors were designed to act as
non-toxic modulatory agents to be used in situations where
conventional anticancer agents were detoxified by GSTs
[44-46]. Furthermore, the binding of tannic acid to GST
and NQO1 may disrupt the protein–protein interactions
with kinases, GST and NQO1 allow cancer cells to undergo
apoptosis [12]. These studies together with ours indicate
that the experimental model (in vitro, in vivo), the method
of animal treatment (injection, dietary) and the species’
and tissues’ specific response affect the enzyme activity
by this polyphenol, tannic acid [47,48]. Since humans are
exposed to tannic acid in their diet, it is important to understand its pharmacological and toxicological functions
and also to understand how it might interact and modulate
carcinogen-metabolizing enzymes in laboratory animals.
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ABSTRACT

NOMENCLATURE

The bioaccumulation of copper (II) and cadmium (II)
ions by viable P. putida was studied as a function of initial
pH, temperature, initial glucose and initial metal ion concentration. Optimum pH value for maximum metal ion
accumulation was determined to be 3.0±0.5 and 4.5±0.5
at 25 and 30 °C for each metal ion, respectively. At a
constant glucose concentration, although the increase in
initial copper (II) and cadmium (II) ion concentration up to
approximately 25 mg L-1 increased bioaccumulation capacity of P. putida for both, all metal ion concentrations tested
inhibited the growth of P. putida. High microbial growth
and copper (II) and cadmium (II) accumulation yields were
found at low initial metal ion concentrations. The cell and
bioaccumulated metal ion concentrations and uptake
yields in-creased with increasing glucose concentration up to
10 g L-1 at a constant metal ion level for each of the metal
ions. Although both metal ions caused on inhibition effect
on the growth of the microorganism, P. putida was capable of removing copper (II) and cadmium (II) with maximum specific uptake of 58.42 mg g-1 and 34.65 mg g-1 at
25 mg L-1 initial copper(II) and cadmium(II) level, respectively. The results also indicated that, P. putida was more
efficient in accumulating larger amounts of cadmium (II)
than copper (II) ions.

KEYWORDS:
Pseudomonas putida, copper(II), cadmium(II), bioaccumulation.

initial Cd (II) and Cu (II) concentration (mg L−1)
residual Cd (II) and Cu (II) concentration in the
feed medium at any time (mg L−1)
Ccc bioaccumulated Cd (II) and Cu (II) concentration at
any time (mg L−1)
Caccm bioaccumulated Cd (II) and Cu (II) concentration at
the end of microbial growth (mg L−1)
qm bioaccumulated Cd (II) and Cu (II) quantity per g of
dried P. putida at the end of microbial growth (mg
g−1)
X
dried P. putida concentration in the feed medium at
any time (g L−1)
Xm maximum dried P. putida concentration (g L−1)
µ
specific growth rate of the microorganisms (h-1)
Co
C

1. INTRODUCTION
Heavy metal contamination exists in aqueous waste
streams of many industries, such as mining, plating, metal
processing and petroleum industries. Aqueous effluents
emanating from the mining industry and metal plating factories contain dissolved heavy metals. If these discharges are
emitted without treatment, they may have an adverse impact
on the environment [1, 2]. Several methods are available
for removing heavy metals from waste streams, including
chemical precipitation, membrane filtration, ion exchange
and carbon adsorption [3]. All these methods have been
found to be limited, since they often involve high capital
of operational costs and may also be associated with the
generation of secondary wastes which present treatment
problems when used for the removal of heavy metal ions at
very low concentrations. Using of microorganisms (for removal of heavy metals) offers a potential alternative [2, 4].
Although copper, selenium and zinc are essential for
biological growth organisms, other heavy metals, such as
cadmium, lead and nickel, are not required for growth and
have been considered to be toxic with respect to human
health and aquatic life [5].

* Corresponding author

Copper is a widely used industrial metal used for electrical wiring, plumbing, air conditioning tubing and roof-
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ing. The properties of copper, which make it suitable for
these applications, include high electrical and thermal conductivity, good corrosion resistance, ease of fabrication and
installation, attractive appearance, ready availability, and
high recyclability. Additionally, copper, which is an essential
nutrient to humans and other life forms, is biostatic/ biocidal to certain organisms. However, Cu(II) is known to be
one of the heavy metals most toxic to living organisms [6].
Therefore, the bacterial cells need a mechanism that is responsive to the requirements to accumulate at trace levels
and reduce cytoplasmatic Cu at potentially toxic levels
[7]. Cu(II) concentrations approach 100-120 mg L-1 being
very high in relation to water quality standards, and Cu(II)
levels of wastewaters should be reduced to a value of 1.01.5 mg L-1 [8]. Copper resistance presents the cell with a
problem different from the resistances to other inorganic
ions because copper is an essential nutrient cation at low
levels, as well as a toxic one at high levels [6].

[15], and also used in the bioremoval of heavy metals [2224]. Pseudomonas have been shown to be relatively efficient in bioaccumulation of the different heavy metals from
polluted effluents [25].

Cadmium causes a serious threat to human health as it
accumulates in the environment throughout the food chain.
Besides, the industrial uses of cadmium are widespread
and increasing in electroplating, paint pigments, plastics,
alloy preparation, mining, ceramics and silver–cadmium
batteries [9].

Pseudomonas putida (NRRL B-252) obtained from the
American Type Culture Collection was used in the study.
The biochemical and morphological properties of the used
P. putida have been also investigated, and it is identified as
non-pathogenic. The microorganisms were grown at 30 °C
in agitated (150 rpm) liquid media containing in g L-1: yeast
extract, 2; peptone, 2; K2HPO4, 1; KH2PO4, 1; (NH4)2SO4, 1;
MgSO4.7H2O, 0.05; glucose, 10. The medium was sterilized by autoclaving at a pressure of 1.1 atm and 121 °C.
The pH was adjusted to 5.0 with diluted H2SO4 and NaOH
solutions. After incubation for 24 h, cultures were transferred into the bioaccumulation medium containing heavy
metal ions.

Heavy metal accumulation processes can be performed
with either non-viable microbial cells or living cells. With
non-viable cells (biosorption), the microorganisms usually
sequester metal through surface bonding only. With living
cells (bioaccumulation), metals are concentrated through a
combination of surface reaction, intra-and extra-cellular
precipitation and intra- and extra-cellular complexation
reactions [4, 10-12]. Using living microorganisms in bioremoval could avoid the need for a separate biomass production process (e.g. cultivation, harvesting, drying, processing and storage prior to use). However, there are
significant practical limitations to such systems.
Microbial heavy metal accumulation often comprises
of two phases. An initial rapid phase is involving physical
adsorption or ion exchange at cell surface and, by a subsequent slower phase, involving active metabolism-dependent transport of metal into bacterial cells. During the
bioaccumulation, many features of a living cell like intracellular sequestration followed by localization within specific organelles, metallothionein binding particulate metal
accumulation, extracellular precipitation and complex formation can occur [13]. The bioremediation of heavy metals has received a great deal of attention in recent years,
not only as a scientific novelty but also for its potential
application in industry [14].
Among the main bioremoval processes, bacterial biomass biosorption and bioaccumulation continue to attract
interest. Intact viable and non-viable biomass in microbial
cells and their products can be highly efficient bioaccumulators of both soluble and particulate forms of metals
[15-17]. P. putida is utilized in the biodegradation of
phenol [18-21], antagonistic activity of cellular components

This study aims to investigate the effects of Cu(II) and
Cd(II) ions on the growth and bioaccumulation properties
of P. putida as a function of initial glucose concentration.
Although P. putida is capable of utilizing a variety of carbon sources, glucose was chosen in the study due to its
high, low cost and ready availability and ease of storage.
There seems to be no literature correlating the bioaccumulation of heavy metal ions by growing P. putida in the medium.
2. MATERIALS AND METHODS
2. 1 Microorganisms and growth conditions

Microbial adaptation is defined as the ability of a microbial population to adjust itself to a changing environment; in this case, the presence of Cu(II) and Cd(II) ions.
P. putida was previously adapted to each metal ion in its
culture medium.
2. 2. Bioaccumulation experiments

The effects of copper (II) and cadmium (II) ions on the
growth and heavy metal ions uptake of P. putida were
carried out in 250-ml conical flasks with 100 ml working
volume. Metal solutions were prepared by dissolving either
their chloride (chromium) or nitrates (copper and lead)
of analytical grade in deionized water. The accumulation
medium contained copper (II) or cadmium (II) ions in
varying concentrations from control, 10 and 25 mg L-1for
each metal ion with glucose (5, 10 and 20 g L-1). The pH of
the final solution was adjusted to the desired value by using
sterile H2SO4 and NaOH solutions. During the growth of
the culture, the pH values were measured at different intervals, and it was observed that the pH of the medium weakly
changed (difference <0.5 pH degrees for Cu(II) and Cd(II)).
Therefore, pH change did not cause metal ion precipitation.
During the experiments, since the culture growth in
spherical shape, an Erlenmeyer flask, prepared under the
same conditions, was opened for each sample at predeter-
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mined time intervals and analyzed for the residual metal
ion and microorganism concentrations. After the transfer
of the microorganisms from enrichment medium into the
bioaccumulation medium, the cultures were grown at 30 °C
on a rotary shaker (150 rpm constant shaking rate). The
samples (5 ml) were taken at predetermined time intervals
for the microorganism and residual metal ion concentrations in the culture media. Uptake values were calculated
as the difference between the initial metal ion concentration and that in the sample. Before analysis, the samples
were centrifuged at 6,000 rpm for 3 min, and then the
supernatant liquid was used for analyses of each metal
ion. The other part of the medium was filtered to analyze
the microorganism concentration. All the experiments were
carried out at least three times. The values used in calculations were the arithmetical average of the experimental
data.

3. 1. Effect of initial pH on the growth and metal ion bioaccumulation

It is known that in acidic pH, metals exist as free
ions, but at alkaline pH, the ions precipitate as insoluble
hydroxides or oxides. Therefore, the availability of metal
ions depends upon the pH of the medium or solution [26].
In order to find a suitable pH for effective Cu(II) and Cd(II)
bioaccumulation by P. putida, experiments were preformed
at 6 different initial pH values. The biomass concentrations
at the end of growth period were plotted against the initial
pH (Fig. 1). As seen in Fig. 1, the maximum growth of P.
putida was observed in control medium (without metal
ions), pH 5.0. At 25 mg L-1initial metal ion concentration
(for Cu(II) and Cd(II) ions each), the optimum initial pH
values of P. putida cell growth for Cu(II) and Cd(II) were
found to be 3.0 and 4.5, respectively.

2. 3. Analytic Methods

The dry weight of the microorganisms was determined
after the cell pellet had been dried at 60 °C for 24 h. The
residual Cu(II) and Cd(II) ion concentrations in the bioaccumulation medium were determined by using an atomic
adsorption spectrophotometer (UNICAM 929).
3. RESULT AND DISCUSSION
The effect of initial pH, temperature, initial metal ion
and initial glucose concentrations on the growth and bioaccumulation properties of P. putida was investigated. Results are given as units of dried cell and accumulated metal
ion concentrations at any time (X: g L-1, Cacc: mg L-1),
specific grow rate of the microorganisms (µ, h-1), bioaccumulated metal ion concentration at the end of growth
(Cacc,m: mg L-1), and specific metal ion uptake determined
as the amount of metal ions per unit of dry weight of cells
(qm: mg g-1). The uptake yield (uptake %) is also defined
as ratio of bioaccumulated concentration of metal ions at
the end of growth to the initial metal ion concentration.
The specific growth rate of P. putida is defined as:

µ=

1 dx
x dt

(1)

FIGURE 1 - The effect of initial pH on P. putida growth.

Fur Cu(II) ions, P. putida had a much narrow pH tolerance with an optimum pH of 3.0. The biomass exhibited
maximum Cu(II) uptake due to its positively charged
nature at acidic pHs, and the anionic nature of the heavy
metals. The uptake of Cu(II) is governed by "acid adsorption" mechanism where the liquid should have enough
protons to cause anion exchange [27, 28]. As seen from
the data plotted, Cd(II) is more effectively bioaccumulated to the biomass than Cu(II) at high values of pH
(Table 1).

It was determined from the slope of ln X versus time
plot at the exponential growth region.

TABLE 1 - The effect of initial pH on the maximum dried microorganism concentration,
and maximum copper (II) and cadmium (II) uptake per gram of dried microorganism.
pH
2.5
3.0
3.5
4.0
4.5
5.0

µ (h-1)
0.022
0.039
0.030
0.023
0.018
0.015

Copper (II)
Xm(g dm-3)
0.30
0.38
0.25
0.16
0.11
0.09

qm (mg g-1)
12.91
13.37
8.89
6.61
4.48
4.11
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µ (h-1)

Cadmium (II)
Xm(g dm-3)
qm (mg g-1)

0.024
0.036
0.041
0.047
0.042

0.15
0.24
0.32
0.46
0.35

5.41
8.64
10.20
15.23
11.22
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The effect of initial pH on the microbial growth and
bioremoval is presented in Table 1. The specific growth
rate of the microorganism and bioaccumulated quantities
of Cu(II) and Cd(II) increased with increasing pH up to
3.0 and 4.5, respectively. Maximum Cu(II) and Cd(II)
uptake were determined to be 13.37 and 15.23 mg g-1 at
this pH values, respectively.

and bioaccumulated amount of Cu(II) and Cd(II) ions of
the microorganism decreased with increasing temperature.

At higher pH values (pH>5.0 for Cu(II) and Cd(II)),
metal ions precipitated because of the high hydroxyl ion
concentrations in the medium. Precipitated copper (II) and
cadmium (II) got bound to the cell surface.
3.2. Effect of temperature

The temperature-related effects do not appear to be
particularly pronounced over the range investigated (2035 °C). Fig. 2 shows the final biomass concentrations plotted against temperature. The optimum temperatures for microbial growth and bioaccumulation of copper (II) and cadmium (II) ions were determined as 25 and 30 °C, respectively (Table 2). At low temperatures, the binding of heavy
metal ions to microorganism is by passive uptake. The
metabolic yields of magnesium, potassium, phosphorus
and carbon decrease at lower temperatures resulting in reduction of their energy yields, which, in turn, results in
lower biomass concentration. Above the optimum temperatures, microbial enzyme activity decreases with temperature because of enzyme denaturation. High temperature
caused inhibition effects on the growth of microorganisms;
therefore, microbial death was observed and the growth

FIGURE 2 - The effect of temperature on P. putida growth.
3. 3. Effect of initial ion and initial glucose concentrations on
growth and bioaccumulation of metal ions

The initial metal ion concentration plays a major role
in the growth and metal ion bioaccumulation properties of
P. putida. For Cu(II) and Cd(II) bioaccumulation studies,
initial metal ion concentration in an experimental set was
varied in the range 0-100 mg L-1 while initial glucose con-

TABLE 2 - The effect of temperature on the maximum dried microorganism concentration,
maximum copper (II) and cadmium (II) uptake per gram of dried microorganism.
T, oC
20
25
30
35

µ (h-1)
0.0225
0.0244
0.0204
0.0161

Copper (II)
Xm(gdm-3)
0.35
0.60
0.17
0.11

qm (mg g-1)
18.72
19.47
7.93
5.91

Cadmium (II)
Xm(g dm-3)
0.16
0.26
0.40
0.33

µ (h-1)
0.0325
0.0375
0.0425
0.0262

qm (mg g-1)
7.43
8.80
20.90
17.22

TABLE 3 - The comparison of the maximum dried microorganism and bioaccumulated copper (II) and cadmium (II) concentrations, maximum
specific copper (II) and cadmium (II) uptakes and uptake yields obtained at different initial copper (II) and cadmium (II) concentrations.
Co (mg dm-3)
Copper (II)
0
1
5
10
25
50
100
Cadmium(II)
0
1
5
10
25
50
100

µ (h-1)

Xm(g dm-3)

Caccm (mg dm-3)

qm (mg g-1)

Uptake (%)

1.33
0.0275
0.0265
0.0244
0.0203
0
-

1.24
0.6
0.19
0.15
0.12
0
-

0.44
2.049
3.98
7.01
0
-

0.743
10.78
26.53
58.42
0
-

44.68
40.98
39.80
28.04
0
-

1.33
0.0496
0.046
0.0425
0.0239
-

1.24
0.47
0.35
0.25
0.22
-

0.674
2.202
4.246
7.622
-

1.434
6.291
16.984
34.645
-

67.40
44.05
42.46
30.49
-
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centration was held constant between 5, 10 and 20 g L-1
for each experiment at pHs 3.0 and 4.5 for Cu(II) and
Cd(II) ions, respectively.
As presented in Table 3, the specific growth rate and
maximum microorganism concentration decreased with increasing initial metal(II) concentration in the growth medium because of metal(II) inhibition on the growth of P.
putida. Maximum specific growth rate and microorganism
concentration were determined to be 1.33±0.093 h-1 and
1.24±0.29 g L-1, respectively, in the medium without metal
ions. The specific Cu(II) and Cd(II) uptake rates were increased with increasing Cu(II) level up to 25 mg L-1 for P.
putida as seen from Table 3. The maximum Cu(II) and
Cd(II) uptake capacity of the microorganism was 58.42±4.34
mg g-1 and 34.65±1.05 mg g-1, at this concentration,
respectively. Also, lower initial Cu(II) concentration favored higher uptake yields (Table 3). At initial Cu(II) and
Cd(II) concentrations >50 mg L-1, neither microbial growth
nor Cu(II) and Cd(II) uptake were observed.

trations showed that the inhibition obeyed the Monod
model.

FIGURE 3 - Effect of initial glucose concentration on the specific
growth rate and specific Cu (II) uptake of P. putida at constant Cu
(II) concentration.

P. putida showed high resistance to cadmium (II),
and the highest microbial growth and uptake yields were
obtained for cadmium (II) when compared with the other
metal ions. For instance, at 10 mg L-1initial copper (II)
and cadmium (II) ion concentrations, metal uptake capacities and maximum dried microorganism concentrations
were 26.53±2.61, 16.98±1.30 mg g -1 and 0.15±0.04,
0.25±0.079 g L-1, respectively.
The biomass concentration increased with increasing
initial glucose concentration (So) up to 10 g L-1, and then
did not change further because of the beginning inhibition
effect of glucose. The extent of inhibition of the metal ions
on growth depends on the type of the heavy metal ions.
Figs. 3 and 4 depict the variation of microbial growth
rate and specific Cu(II) and Cd(II) ion uptake of P. putida
with increasing glucose concentration (changed from 1 to
20 g L-1), but initial metal ion concentration was held
constant at approximately 0, 1, 5, 10 or 25 mg L-1 for this
part of bioaccumulation studies, respectively. P. putida
used glucose as the main carbon and energy source. Thus,
the maximum growth rate and maximum biomass yields
were observed in the medium without any metal ions
addition. The specific growth rate of P. putida cells increased from 0.036 to 0.059 h-1, 0.0412 to 0.064 h-1 by
increasing glucose concentrations from 1 to 20 g L-1 in the
presence of 10 mg L-1 copper (II) and cadmium (II) ions,
respectively. Although metal ions in the growth medium
inhibited microbial growth, the specific growth rate increased with increasing glucose concentration up to 20 g
L-1, at a constant metal ion concentration.
From the plot of 1/µ versus 1/So obtained in the absence of metal ions, the values of µm and Ks were determined as 0.519 h-1, 0.3919 g L-1 and 0.0567 h-1, 0.8337 g
L-1 constant copper (II) and cadmium (II) ions, respectively. The straight line obtained in this plot indicated that
Monod-type kinetics is valid. The plots of 1/µ versus 1/So
obtained in the presence of increasing metal ion concen-

FIGURE 4 - Effect of initial glucose concentration on the specific
growth rate and specific Cd (II) uptake of P. putida at constant Cd
(II) concentration.

The data given in Table 4 also show how the presence
of increasing metal ions and glucose concentrations affected the maximum of dried microorganisms and bioaccumulated metal ion concentrations as well as metal ion
uptake yield. Higher bioaccumulated metal ion concentrations were observed at higher initial metal ion and glucose
concentrations.
At 5 g L-1 glucose concentration, the metal ion uptake
yield was higher only at the lower initial metal ion concentrations; however, with increasing glucose concentration up to 20 g L-1, very high uptake yields were obtained
at the Cu(II) and Cd(II) concentrations studied. Growth of
the bacteria was also affected from both metal ion concentration and glucose. Dried microorganism concentration increased considerably with increasing glucose
amount and decreased slightly with increasing metal ion
concentrations.
The comparison of the maximum Cu(II) and Cd(II)
uptake capacities of growing P. putida used in this study
with those obtained in the literature shows that P. putida
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TABLE 4 - The comparison of maximum dried microorganism. and bioaccumulated copper (II) and cadmium (II) concentrations. and uptake yields obtained at different initial glucose concentrations in the presence of increasing concentrations of copper (II) and cadmium (II).
So, g dm-3
Copper (II)
Control
5

Control
10

Control
20

Cadmium (II)
Control
5

Control
10

Control
20

Co, mg dm-3

Cacc ,mg dm-3

Xm,g dm-3

Uptake, %

0
1
5
10
25
0
1
5
10
25
0
1
5
10
25

1.3
1.49
3.2
4,98
2.34
2.47
5.55
7.7
3.21
3.55
6.74
9.92

0.83
0.49
0.33
0.23
0.16
0.9
0.59
0.45
0.34
0.22
0.95
0.66
0.51
0.36
0.28

42.3
39.8
33.11
30.07
44.68
40.98
39.8
28.04
45.2
44.83
40.11
38.25

0
1
5
10
25
0
1
5
10
25
0
1
5
10
25

1.72
2.0
5.33
6.05
2.58
2.75
8.23
8.34
3.33
3.61
8.84
9.8

0.83
0.53
0.45
0.32
0.29
0.9
0.64
0.53
0.45
0.37
0.95
0.71
0.62
0.46
0.43

55.2
.4
46.2
40.22
67.4
44.05
42.46
30.49
68.0
60.4
56.3
49.93

is more effective for this purpose. Aksu and Kutsal [29]
reported a maximum Cu (II) accumulation of 42.9 mg g−1
by dried Chlorella vulgaris. One of the most ubiquitous
biomass types available for bioaccumulation of heavy
metals is yeast. Dönmez and Aksu [10] investigated the
possible use of four kinds of growing yeasts for bioaccumulating Cu(II) ions, and they found maximum binding
capacity values as 9.05 mg g−1 for Saccharomyces cerevisiae, 11.25 mg g−1 for Kluyveromyces marxianus, 1.27 mg
g−1 for Schizosaccharomyces pombe, and 14.79 mg g−1 for
Candida sp. A very low Cu (II) leading capacity (1.91 mg
g−1) was reported by using S. cerevisiae in another study
[30]. The obtained results show that R. arrhizus and A.
niger have high Cu (II) bioaccumulation capacity (10.76
and 9.53 mg g−1, respectively). Kapoor et al. [31] removed
heavy metals using A. niger. They found the maximum
binding capacity values to be 1.31 mg g−1 for live A. niger; and 3.43 mg g−1 for NaOH pretreated A. niger [31].
Uslu et al. [12] reported the maximum uptake capacity of
R. arrhizus was 17.67 mg g−1 at 75 mg L−1 initial Cd (II)
concentration. The maximum dried microorganism concentration was determined to be 5.70 g L−1 in the absence
of Cd (II) ions. Uslu and Tanyol [32] investigated the
biosorption of Pb(II) and Cu(II) ions, using single component and binary systems, by dried P. putida in a batch
system [32]. They reported that at 30 °C, when initial

single and binary Cu(II) ion concentrations increased
from 12.42 to 243.68 mg L-1 and 10.56 to 61.69 mg L-1,
the uptake capacity of P. putida increased from 6.40 to
51.27 and 4.4 to 20.93 mg g-1, respectively [32]. Chang
and Chen [33] studied biosorption of Cu(II), Pb(II) and
Cd(II) ions on P. aeruginosa, and the multimetal adsorption results showed that lead and copper significantly inhibited the adsorption of cadmium, while the effects of
cadmium on the adsorption of copper and lead were limited. They also reported that the combined effects of two
or more metal ions on inactivated. P. aeruginosa depend
on the number of the metals competing for binding sites,
metal combination, levels of metal ion concentration, order
of metal addition, and residence time. Leung et al. [34]
selected Pseudomonas as biosorbent for lead, copper and
nickel, among twelve bacteria isolated from activated sludge.
They reported maximum sorption capacity of 271.7 mg g-1
and 46.8 mg g-1 for lead (II) and copper (II) ions, respectively. The increasing order of affinity of the tree metals
toward P. pseudoalcaligenes was Ni <Cu<Pb. Abu AlRub et al. [35] investigated heavy metal removal from
aqueous solution with C. vulgaris. They reported that C.
vulgaris algal cells were effective in removing copper
ions from aqueous solutions. The copper biosorption was
dependent on equilibrium pH and biosorbent dose [35].
Akar and Tunali [36] reported the maximum copper (II)
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sorption capacity value to be 9.23 mg g-1 for Botrytis
cinerea fungal biomass [36]. Pardo et al. [37] studied biosorption of heavy metals with P. putida, and demonstrated
that cadmium and lead are toxic at very low concentrations whereas copper and zinc are essential but recognized
as potentially toxic at higher concentrations. They evaluated optimum pH for each metal ion. It is obvious that the
maximum uptake rates of Cd(II) (15.23 mg g−1) and
Cu(II) (13.37 mg g−1) found herein are comparable to
these values in literature.
3. 4. Microbial growth and metal ion consumption

The growth and metal ion consumption curves of P.
putida cultivated on 0, 10 and 25 mg L-1 initial Cu(II) and
Cd(II) concentrations are given in Figs. 5 and 6. All concentrations of Cu(II) and Cd(II) ions caused an inhibition
of the growth of P. putida. Heavy metal ions have a potentially inhibitory effect on cell growth medium causing
a reduction in microorganism concentration and an increase

in lag period. Bioaccumulation of metal ions from the
growth medium increased in parallel with cell growth.
At 5, 10 and 25 mg L-1 of initial Cu(II) levels, growing P. putida took up 40.98, 39.80 and 28.04 % of the
total amount of Cu(II) within 72 h, respectively (Fig. 5).
The metal uptake was moderately rapid at the lower initial
Cu(II) concentrations. An increase in Cu(II) also caused an
increase of lag phase but a decrease in microbial growth. P.
putida accumulated 39.8 % and 28.04 % of initial 10 and
25 mg L-1 Cu(II) amounts, respectively. The dried weight
of the microorganism was reduced from 0 to 25 mg L-1
because of the inhibition effects of Cu(II) ions.
Fig. 6 shows that all concentrations of Cd(II) ions had
significant toxic effects on P. putida. Hence, the maximum
weight of the microorganism at the end of the growth (72 h)
was decreased from 1.24±0.29 to 0.22±0.035 g L-1 when
concentration of Cd(II) was increased from 0 to 25 mg L-1.
Maximum Cd(II) uptake (67.40 %) was observed at 1 mg
L-1 initial Cd(II) level.

FIGURE 5 - The variation of microorganism growth and Cu (II) consumption with time at 0, 10, 25 mg dm-3 Cu (II) concentrations for P.
putida.

FIGURE 6 - The variation of microorganism growth and Cd (II) consumption with time at 0, 10, 25 mg dm-3 Cd(II) concentrations for P.
putida.
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The results show that, over long periods, heavy metal
ions of P. putida are able to bioaccumulate Cd(II) ions in
high concentrations, and to remove them from calculation
suspension. Although P. putida was found to be more sensitive to Cu(II) toxicity than that of Cd(II), the biomass
showed a good binding capacity for Cd(II) under the test
conditions.
4. CONCLUSION
One of the main objectives of this research was to examine the capability of P. putida to remove copper (II) and
cadmium (II) ions from aqueous solution during growth.
The metal accumulation characteristics of P. putida depended on initial pH, temperature, initial metal ion concentration and initial glucose concentration. Although, all
concentrations of Cu(II) and Cd(II) ions caused inhibition
of the growth of the microorganism, it was highly resistant against Cd(II) and could accumulate these metal
ions at high yields. Increasing the concentration of glucose in the growth medium resulted in higher biomass
concentration with increased biosorption capacity due to
the energy-dependent nature of bioaccumulation.
It was also observed that Monod model for specific
growth of microorganism presented the inhibition effect
of each of the metal ions on glucose consumption. The
kinetic parameters obtained can be proposed for the engineering design of an in situ reactor.
The present study indicates that P. putida can be used
as efficient viable biosorbent for removal of copper (II)
and cadmium (II) ions from wastewaters.
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FACTORS INFLUENCING FORMATION OF
DISINFECTION BY-PRODUCTS IN SIX DRINKING
WATER RESERVOIRS (KONYA, TURKEY)
Gülnihal Kara*, Süheyla Tongur and Mehmet Emin Aydin
Selcuk University, Department of Environmental Engineering, Konya, Turkey

ABSTRACT
This study examined spatial and seasonal variation of
total organic carbon (TOC), pH, free residual chlorine,
temperature and bromide which possibly affect the formation of of disinfection by-products (DBPs) in six drinking water reservoirs of Konya, Turkey, during the period 2004-2007. This study also examined DBP formation
via chlorination of the water samples from these reservoirs.
The average TOC in the reservoirs was 9.22 mg/L, pH
was 8.3, temperature was 15.25 oC, bromide was 0.13 mg/L,
and free residual chlorine was 0.16 ppm. In drinking water
reservoirs, the total DBP concentration increased slightly
with increasing pH. A low but significant relationship (r =
0.2, p <0.01) occurred between total DBPs and free residual chlorine. A high and significant relationship (r= 0.63,
p < 0.01) occurred between total DBP concentration and
total organic carbon. The extent of bromide incorporation
into DBPs increased with increasing bromide ion level.

KEYWORDS: drinking water, disinfection by-products, chlorination, haloacetonitriles (HANs), chloropicrin (CP), haloketones
(HKs), GC, Konya, Turkey

ABBREVIATIONS
DBPs (Disinfection by-products), THM (Trihalomethanes), HAAs (Haloacetic acids), HANs (Haloacetonitriles), HAKs (Haloketones), CP (chloropicrin), DCAN
(dichloroacetonitrile), TCAN (trichloroacetonitrile), DBAN
(dibromoacetonitrile), MCAN (monochloroacetonitrile),
(BCAN) bromo-chloroacetonitrile, BAN (bromoacetonitrile), SUVA (specific ultraviolet absorbance), TDBPs (Total of Disinfection By-Products), 1,1-DC2P (1,1-dichloro-2propanone), 1,2-DB3CP (1,2-dibromo-3-chloropropanone).

* Corresponding author

1. INTRODUCTION
Chlorination has been generally used as a disinfection
method in drinking water treatment to eliminate pathogens
and protect human health. Chlorine, the most widely used
disinfectant for drinking water in Turkey, will give rise to
the formation of DBPs, when it is added to the drinking
water as a disinfectant. THMs were the first class of DBPs
to be defined drinking water followed by HAAs and
HANs, HAKs and CP at lower concentrations. HAKs belong to the volatile DBPs and have been found to be subjected to base-catalyzed hydrolysis and reactions with free
chlorine. They have been detected at concentrations lower
than those of THMs and HAAs.
US EPA requires monitoring of 1,1,1 trichloroethane
in drinking waters. US EPA is also planning to put limit
values for CP, DCAN, TCAN and DBAN in drinking waters [1]. World Health Organization (WHO) suggested limit
values for DCAN, DBAN and TCAN in drinking waters
as 90, 100 and 1 µg/L, respectively. Nevertheless, nonregulated or ‘‘emerging’’ DBPs, such as HANs, and HAKs,
may pose a similar or greater health risk than the regulated compounds [2, 3].
The HANs frequently detected in chlorinated drinking
water are MCAN, DCAN, BCAN, DBAN, TCAN and
BAN. The main HAKs are identified as chlorination byproducts (1,1-dichloropropanone, 1,1,1-tri-chloropropanone,
and 1,3-dichloropropanone) [4]. Some epidemiologic
studies [2, 5] have shown an association between longterm exposure to disinfection by-products and increased
risk of cancer and potential adverse effects. HANs have
genotoxic effects in mammalian cells. Carcinogenic and
mutagenic activity of HANs and HAKs on mice has also
been reported.
The factors affecting DBP formation have been reported as organic and inorganic precursors, the dosage of
disinfectant matter, water quality parameters, and the
reaction time between the precursors and disinfectant. The
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organic precursors contain natural organic matter (humic,
non-humic, and fulvic acids) and are usually characterized
by TOC, dissolved organic carbon , ultraviolet absorbance
at 254 nm, or specific ultraviolet absorbance (SUVA) [6].
Many researches have reported that DBPs in the drinking
water were affected by natural organic matter, which is
generally measured as TOC, pH, water temperature, bromide concentration, disinfectant dosage and residence time
[7-9]. In the past, most of researches on disinfection byproducts were in laboratory-scaled studies [10, 11]. But the
conditions of the laboratory-scaled studies were actually
different from those of the water in local waterworks.
The main aim of this study was to determine water
quality parameters of drinking water of local waterworks
in Konya/Turkey, and evaluate the effects of several water
quality and operating parameters on DBPs (TCAN, DCAN,
BCAN, DBAN, 1,1-dichloro-2-propanone, 1,2-dibromo3-chloropropanone, chloropicrin, 1,1,1-trichloroethane, carbon tetrachloride, 1,1,1-trichloroethene, 1,2-dibromoethane
and tetrachloroethane) formation.

For all waterworks, six drinking water reservoirs of
Konya, Turkey representing variable TOC values of water
as well as geographical differentiation were selected for the
purposes of water quality parameters and DBP measurements. The six different sampling points are N1 (surface
water (Dam)), N2 (Well), N3 (Spring water 1), N4 (Spring
water 2), N5 (Spring water 3), and N6 (Spring water 4). All
six drinking water reservoirs were disinfected with Cl2
gas and combinations with NaOCl. Samples were taken
after disinfection.
The water quality parameters including TOC, pH,
chlorine, water temperature and bromide ion concentration
in the six water reservoirs were analyzed. In the analysis of
DBPs, liquid- liquid extraction and GC-ECD method
adopted from EPA Method 551.1 were used [12].
Samples were filled in colored glass flasks by overflowing so as not to retain air bubbles, and then they were
cooled to 4°oC in cooling boxes. Since water sources are
far away from the city center, samples were not collected
on the same day.
2.3 Analytical method

2. MATERIALS AND METHODS
2.1 Reagents and standards

TCA, DCAN, BCAN, DBAN, 1,1-DC2P, 1,2-dibromo3-chloropropanone (1,2-DB3CP), CP, 1,1,1-trichloroethane,
carbon tetrachloride, trichloroethene, 1,2-dibromoethane,
and tetrachloroethane standards were obtained as single
ones dissolved in methanol from Accustandard. Mixed
standard solutions were prepared in the laboratory with
extraction solvents. MTBE, acetone, methanol and NaCI
were obtained from Merck.
2.2 Sample collection

DBP contents of water samples were determined according to EPA Method 551.1 [12] with a GC/ECD (Shimadzu GC-17A Version 3). TOC values were measured
with a Dr. Lange CADAS 200 spectrophotometer and its
ready kits. The pH of water samples was analyzed by a
pH-meter both in the laboratory and the field. Bromide
ion concentration was determined according to Standard
Method 409 F. The water temperature was determined
directly with a water thermometer in the field. The free
chlorine was determined using appropriate powder pillows
(DPD for free chlorine). In Fig. 1, a chromatogram of the
mixed standard containing 12 DBPs with 500 µg/L concentration is given.

1827

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

FIGURE 1 - Chromatogram of mixed standard containing 12 DBPs (1 1,1,1-trichloroethane, 2 carbon tetrachloride, 3 TCAN, 4 trichloroethene, 5 1,1-DC2P, 6 CP, 7/8 tetrachloroethane/DCAN, 9 1,2-dibromoethane, 10 BCAN, 11 DBAN, 12 1,2-DB3CP).

3. RESULTS AND DISCUSSION
The water quality parameters and disinfection byproducts of drinking water for all six drinking water reservoirs in Konya/Turkey are presented in Table 1.
TDBPs of the six drinking water reservoirs in Konya/
Turkey are very different as shown in Table 1. 1,1,1-Trichloroethane, trichloroethene and tetrachloroethane/ DCAN
were dominant. Other DBPs, such as TCAN, CP and carbon tetrachloride, were also determined in relatively low
concentrations. Adamantia and Euripides [13] also found
some DBPs including CP in lower concentration than other
DBPs. Kim et al. [14] found that DCAN was the major
HAN species. The difference of TDBPs is mainly related
to the difference of TOC and chlorine dose levels. The free
chlorine is variable in different water reservoirs, and highest in surface water which provides water to the treatment
plant. The regional difference of TDBPs is mainly related
to the difference of TOC, and chlorine dose levels. The
concentration of 1,1,1-trichloroethane in N6 sampling point
is highest. TDBPs of N3 sampling point is the lowest of

all six drinking water reservoirs, and N1, N2, N4 and N5
sampling points showed levels similar to this concentration. The possible explanation may be the greater occurrence of precursors favoring the formation of HAAs and
THMs instead of DBPs in these sampling points. Lee et
al. [15] found similar distribution patterns of each class of
CBPs in all water sources (THMs:40-50%, HAAS: 28-35%,
HANs: 9-15%). Besides, different compounds in different
concentrations were encountered in each set of sampling.
This may be attributed to grab sampling when samples were
taken.
3.1 Effect of TOC

In natural waters, several types of organic compounds
but natural origin, called natural organic matter (NOM),
could be found. DBPs were formed as a result of disinfectant reactions with NOM. TOC is one of the most
widely used methods for quantifying the amounts of
NOM in water [16]. The TOC can provide insight into the
nature of the organics present and their potential for DBP
formation.

TABLE 1 - Drinking water quality parameters and DBPs for six drinking water reservoirs of Konya/Turkey (n=5).
Reservoir
Drinking water
quality parameters
and DBPs

pH
Free chlorine (mg/L)
Temperature (oC)
Br- (mg/L)
TOC (mg/L)
1,1,1 Trichloroethane (µg/L)
Carbon tetrachloride (µg/L)
TCAN (µg/L)
Trichloroethene (µg/L)
1,1-DC2P (µg/L)
CP (µg/L)
Tetrachloroethane/DCAN (µg/L)
1,2-Dibromoethane (µg/L)
BCAN (µg/L)
DBAN (µg/L)
1,2-DB3CP (µg/L)
Total DBPs (TDBPs) (µg/L)

N1
(Surface
water)
8.28
0.70
18.3
0.189
12.39
0.039
0.000
0.000
0.031
0.000
0.000
0.001
0.000
0.000
0.030
0.004
0.105

N2
(Well)
8.65
0.05
15.00
0.16
4.46
0.035
0.000
0.000
0.037
0.000
0.000
0.002
0.000
0.000
0.026
0.004
0.102

N3
(Spring
water 1)
8.51
0.05
14.20
0.11
9.37
0.012
0.000
0.000
0.067
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.080

N4
(Spring
water 2)
8.16
0.10
14.40
0.10
5.75
0.020
0.000
0.000
0.065
0.000
0.000
0.000
0.018
0.012
0.000
0.000
0.114

N5
(Spring
water 3)
8.37
0.10
14.30
0.12
11.23
0.027
0.000
0.000
0.051
0.000
0.000
0.004
0.000
0.000
0.000
0.003
0.080

N6
(Spring
water 4)
8.10
0.001
15.30
0.10
12.11
1.530
0.006
0.000
0.063
0.149
0.009
0.002
0.000
0.000
0.031
0.434
2.225

TABLE 2 - The correlation between water quality parameters and DBPs.

1,1,1-Trichloroethane
Carbon tetrachloride
TCAN
Trichloroethene
1,1-DC2P
CP
Tetrachloroethane/DCAN
1,2-Dibromoethane, BCAN
DBAN
2-DB3CP
TDBPs

pH
-0.58
*
*
-0.37
*
*
-0.01
*
-0.11
*
-0.64

Water Temp.
0.02
*
*
-0.7
*
*
0.03
*
0.47
*
0.5
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Free chlorine (mg/L)
-0.30
*
*
-0.67
*
*
-0.16
*
0.37
*
-0.19

Br- (mg/L)
-0.43
*
*
-0.94
*
*
-0.10
*
0.51
*
-0.03

TOC (mg/L)
0.42
*
*
-0.03
*
*
0.38
*
0.24
*
0.62
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*Cannot be computed because at least one of the variables is constant.

Using the correlation method, a significant relationship (r
= 0.62) was obtained between TDBPs formation and TOC
for all six drinking water reservoirs in Konya/Turkey (Table 2). Table 2 also shows that TOC has a tendency to
produce 1,1,1-trichloroethane and tetrachloroethane/DCAN
rather than other compounds. Thus, there is no universal
relationship that can be used to predict DBPs in the distribution system based on TOC values. Fig. 2 illustrates the
relation between TOC and TDBPs in all samples of drinking water.
Figure 2 demonstrates that TOC values of the water resources varied in the range of 6-8, and TDBP concentrations in water resources were generally lower than 0.1 µg/L
in that range.
3.2 Effect of pH

Figure 3 shows the relation between TDBPs and pH
values (7.6-9.5) in all samples of drinking water.
The amount of TDBPs changed rapidly with increasing pH from 7 to 9. In the pH range of 7–8, TDBPs amount
increased slowly with pH, but in pH range of 8–9.5, the
concentration of TDBPs decreased. By Pearson correlation
method, a moderate and definite negative relationship (r =
0.58, 0.37, 0.64, respectively) was obtained between tri-

chloroethene, 1,1,1-trichloroethane, TDBPs formation and
pH.
3.3 Effect of the residue chlorine

As shown in Table 2, using correlation method, significant relationship (r = -0.19) was obtained between
TDBPs formation and chlorine, as well as between trichloroethene, 1,1,1-trichloroethane and DBAN formation
and free chlorine (r = 0.67, 0.3, 0.37, respectively). When
residual free chlorine decreased, DBPs production increased. However, finally, when residual chlorine was unable to satisfy further reactions of DBP formation, quantity
of DBPs produced would be changed only slightly.
3.4 Effect of water temperature

As shown in Table 2, by correlation method, significant relationship (r = 0.5) was determined between TDBP
formation and water temperature, and high correlation (r
= 0.7) was obtained for trichloroethene formation. Some
researches indicated that THMs and HAAs formations
have a key temperature (i.e., 18.97 °C is that of THMs
formation) [17]. Because of these reasons, the samples in
this study, mainly collected in summer and winter, and
their water temperatures varied clearly, and thus, the
changes of DBPs formation indicated obvious seasonality

TDBPs  (ug/L)

0,5
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FIGURE 2 - Relationship between TOC and TDBPs of various drinking water samples.
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FIGURE 3 - Relationship between pH and TDBPs of various drinking waters.

(especially, the higher water temperature was, the more
TDBP concentration increased). When water temperature
was high, big amounts of water disinfectants were used for
the prevention of waterborne diseases in summer, as observed by Lee et al. [15] on basis of seasonal temperature,
and, as a result, total concentration of DBPs was found to
be highest in summer.

been used for assessing means of limiting DBPs formation through improved control of the precursors in
waters [20]. This study produced a database that will be
useful for developing models that correlate the suspected
precursors and DBPs.
4. CONCLUSIONS

3.5 Effect of bromide ions

In general, TDBs concentration increased slightly
with increasing bromide ion level. Using method of correlation, a low relationship between Br− and TDBPs was obtained (r = -0.03). However, there was a significant relationship between DBAN and trichloroethene formation and
Br− concentration. As shown in Table 2, there is a definitely negative correlation between 1,1,1-trichloroethane, trichloroethene formation and Br− concentration but a positive one between DBAN formation and Br− concentration.
The results showed that, with increasing Br− level, in the
composition of DBPs, the component of chlorine decreased
gradually, and, in the contrary, the component of bromine
increased. Baytak et al. [18] found that bromo-form contributed about 95% to the TTHM (total trihalomethanes)
at high bromide ion levels in İzmir/Turkey.
In many researches, DBPs formations have been correlated with some parameters for predicting of DBPs. It is
known that DBPs measurements are very expensive because of time-consuming analyses. The relationships between TOC, pH, residual chlorine, water temperature and
bromide ion concentration with DBP are still an important
approach in understanding DBP reactivity. With knowledge
of trends between precursors and DBPs, unit processes
capable of reducing more important precursors can be
employed to reduce overall DBP levels in treated water.
In addition, Liang and Singer [19] observed that bromide
ion is an adjustor of DBPs speciation for THM and HAA.
DBPs were well correlated with pH, residual chlorine,
water temperature and TOC, with high regression coefficients in all six drinking water reservoirs from Konya,
Turkey. Rather poor correlations were found between bromide ion concentration and TDBPs. Many models have
been developed using both precursors (TOC, bromide) and
disinfection conditions (dose, reaction time, pH, temperature, etc) as the modeling parameters. These models have

Concentrations of DBPs usually vary by season showing variability in composition of water sources and disinfection practices. This study clarified that quality parameters include TOC, pH, water temperature, free chlorine,
and bromide ion concentrations. The correlations between
DBPs formation and natural organic matter (TOC) are
significantly positive (r=0.62). Within the pH range of 6–
9.5 of drinking water in all six drinking water reservoirs
of Konya/Turkey, pH had a major effect on DBPs formation. The content of TDBPs is decreased with the increase in pH. The concentration of TDBPs increased with
decreasing pH values. Residue of chlorine and bromide
ion concentration also affected DBPs formation.
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ABSTRACT
A case study for inter-plant water system optimization between an alumina plant and a steam power plant
located in Shandong Province, China, is carried out to promote water conservation. The combined freshwater consumption of the two plants is 1665.23 t/h and the
wastewater discharge is 411.83 t/h before modification.
On the basis of analysis of each plant’s current water network, the water sources and water sinks were identified,
and suspended solids (SS) and total hardness (TH) were
determined as key contaminants together with their limiting
concentrations. A mixed integer nonlinear program
(MINLP) model, which can deal with multiple contaminants along with water temperature as a control factor,
was used to develop the integrated inter-plant water
system. The model was optimized by using commercial
software LINGO v11. The results showed that the freshwater consumption and waste-water discharge can be greatly
reduced.

KEYWORDS:
Inter-plant water integration, wastewater reuse, water minimization.

1. INTRODUCTION
Population growth coupled with economic development
has put increased pressure on water resource around the
world [1]. Many countries are becoming increasingly
motivated to promote water conservation using various
measures [2]. In China, as freshwater becomes scarcer and
wastewater treatment costs continue to rise due to stringent
emission standards, industries are seeking ways to reduce
freshwater consumption and wastewater discharge.
Water system integration technology can maximize
water utilization while minimizing the amount of
wastewater discharge. By regarding the water-using
processes

* Corresponding author

in a water system as a whole, we can consider how to allocate water quantity and quality reasonably to each waterusing process through reuse, regeneration reuse and regeneration recycling. Water system integration method can be
broadly divided into two categories, namely, the insightbased pinch approach [3] and the mathematical optimization method [4].
In the past decades, various insight-based approaches
associated with pinch analysis have been developed for
water system integration. Apart from the targeting of minimum freshwater and wastewater flow rates [5-7], work on
the area has been extended into the targeting of minimum
wastewater regeneration [8, 9] and treatment flow rates
[10, 11]. The main problem of water pinch analysis is that
as the number of contaminants dealt with increases, it
becomes difficult to be used. Although the methods provide vital insights into the water network design, they are
time-consuming. Mathematical optimization can compensate for the shortcomings of insight-based methods. The
method handles a variety of more complex issues such as
the multi-component systems [12, 13], pipe connection
constraints [14], forbidden or compulsory split-streams
[15, 16], and load uncertainty [17-19]. Therefore, considerable work in water system integration has shifted from
using graphical pinch technology to the current almost
exclusive application of mathematical optimization methods. Some research has shown that a combination of
pinch analysis and mathematical optimization can reduce
the unreasonable connections and is effective in solving
difficult mathematical models [20-23].
Water system integration has been broadly used in
many different industries and positive water-saving results
have been obtained [24, 25].
However, most of the current research has focused on
in-plant water network, integrating water-using processes
within the same network. To further reduce freshwater consumption and wastewater discharge, we should integrate
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water use among different water networks. In this case, a
water source in one network may be fed to the sink in
another network.
Several studies on inter-plant water system integration have been reported. Olesen and Polley [26] first conducted water integration between different networks using
a pinch-based load table technique addressing practical
considerations such as geographical location and piping
costs. Lovelady et al. [27] put up a mathematical model
for water integration between a pulp plant and a paper
plant, achieving cost-effective reduction of water usage and
discharge. Later, Lovelady and El-Halwagi [28] developed a mathematical model for the water system design
and integration among all the factories in an eco-industrial
park. Foo [29] used water cascade analysis (WCA) technique to locate the overall flow rate targets for the crossplant integration. Chew et al. [30] analyzed direct and
indirect superstructure models for inter-plant water sys-

tem integration. Using pinch technology, Chew and Foo
[31] extended the automated targeting technique used for
a single network into inter-plant water system integration.
More recently, Chew et al. [32, 33] proposed a systematic
three-step targeting algorithm for targeting minimum
fresh resource and waste flow rates among different networks. Chen et al. [34] presented a mathematical model
for inter-plant water system integration with central and
decentralized water mains.
In this paper, the inter-plant water system integration
approach is used to minimize freshwater consumption and
wastewater generation in an alumina plant and a steam
power plant. A mixed integer non-linear program (MINLP)
model is used with the aim to minimize the total annual
cost and simultaneously achieve an optimized inter-plant
water network.
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FIGURE 1 – Layout of alumina plant and steam power plant

2. BRIEF INFORMATION
ABOUT THE TWO PLANTS
The two plants belong to an alumina production company, located in Shandong Province, China.
The alumina plant produces 3 million tons of alumina
per year with the Bayer process. In general, the sequence
of the Bayer process includes slurry grinding, digestion,
red mud (RM) separation and washing, aluminate solution
cooling, aluminum hydroxide (AH) precipitation, spent
liquor (SL) evaporation, AH washing and calcination, etc.
In the alumina plant, the main types of water can be divided into freshwater, demineralized water, steam, and
con-densate. The main wastewater discharged from the
plant is from the cooling tower blowdown.
The main task of the steam power plant is to generate
steam and electric power for the alumina production. The
annual steam output is 3.06 million tons and the annual

power output is 27 billion kW·h. The water-using processes in the steam power plant can be divided into recirculating cooling, chemical demineralization (boiler
feed water), boiler dedusting, etc. The plant discharges
several types of wastewater, e.g., chemical wastewater,
boiler and turbine equipment cooling water, cooling tower
blowdown and boiler dedusting wastewater.
The layout of the two plants is shown in Figure 1.
3. THE CURRENT WATER SYSTEM
3.1. Alumina plant

The current water network of the alumina plant is
shown in Figure 2.
In the alumina plant, the most water-intensive process
is the RM washing. It is usually carried out in a series of
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multi-stage washer trains. The washing liquor is returned
to the production processes. The condensate water from
the digestion process and SL evaporation process, which
is 957.1 t/h, is reused for RM washing. The washed RM is
then filtered, with the filtrate returned to the washing
process to recover the active ingredients, namely alumina
and alkali. The water flushed out in the RM slurry is
581.7 t/h, among which 281.7 t/h water is evaporated in
the RM disposal field, while the remaining 300 t/h percolate is recycled to the washing process since it still contains alumina and alkali. In the AH washing process, 338
t/h condensate is reused.
At present, the alumina plant recovers steam condensate from the digestion process and the SL evaporation
process, in the amounts of 818.8 and 560 t/h, respectively.
The condensate is quite clean and of high temperature, so
it can be considered as a water source to be reused directly

in other processes. However, the condensate is not completely reused except for RM washing and AH washing.
There is a water cooling tower in the alumina plant.
A groundwater flow of 80 t/h is used for the cooling tower
makeup. At this stage, the water cooling tower blowdown,
which is about 50 t/h, is discharged directly into the river
near the plant.
3.2. Steam power plant

The current water network of steam power plant is
shown in Figure 3.
In the water supply station, demineralized water is
produced as the boiler feed. Generally, 694.33 t/h freshwater generates 437.08 t/h demineralized water and discharges 257.25 t/h wastewater. The wastewater is difficult
to reuse directly in other processes except for boiler dedusting because of its high suspended solids (SS) and
total hardness (TH) concentration.

FIGURE 2 - Current water network of alumina plant (flow rate given in t/h)
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FIGURE 3 - Current water network of steam power plant (flow rate given in t/h)

In the boiler auxiliary cooling process, groundwater is
provided to a pool as the source of cooling water. The
makeup flow rate is 300 t/h and in the process, an outlet
of 60 t/h is discharged.
The steam turbine auxiliary cooling process is not a
closed cooling system. The makeup is 104 t/h. At present,
the effluent is discharged directly into the nearby river.
Part of the blowdown from the cooling tower is reused for boiler dedusting, with the rate of 35.875 t/h. The
residual is discharged into the river. The groundwater,
which flow rate is 486.9 t/h is used mainly for the cooling
water makeup.
The boiler dedusting process needs water of 586.25
t/h. The discharge from the process is very dirty since it
contains high concentrations of SS and many other contaminants. Such wastewater, if discharged to the river,
will result in severe environmental pollution. At present,
the discharge is regenerated in a sedimentation tank and
then light liquid of 293.13 t/h is recycled. The remaining
water is evaporated.
3.3. Analysis of the current water-using situations

According to the analysis of the water-using processes above, a number of effluents that have the potential to
be reused, yet are directly discharged, e.g., the cooling
tower blowdown, cooling water, etc., which match the
water quality standard required by other processes. In
addition, the condensed water is very clean and has potential for reuse.
Both plants use groundwater as a freshwater source,
wells lie within the company. The current total freshwater
required by the processes analyzed above is 1665.23 t/h.
Due to excessive extraction of groundwater, the local

groundwater level drops unceasingly. The total
wastewater discharged is 411.83 t/h. Experienced engineers in these two plants are able to reuse most of the
wastewater based on their direct analysis. However, the
direct analysis mainly focuses on the local system or a
single water-using process. Besides, there is no water
exchange between the two plants for further watersavings. The unit freshwater consumption for each plant
is 2.6 t/ t·Al2O3 and 3.4 kg/kW·h, respectively. The value
is still relatively higher than that of their counterparts
overseas, which is about 1.8t/t·Al2O3 and 2.5 kg/kW·h,
respectively. Apparently, the current water networks are
not optimized, which means that the two plants have the
potential to save water.

4. INTER-PLANT WATER
SYSTEM INTEGRATION MODEL
In this case, a water source is not only fed to sinks in
the local network, but also may be integrated with sinks in
other networks for further water recovery through interplant pipelines. In addition, the external freshwater sources
are available, and the unused wastewater must be treated
before it is discharged outside. Figure 4 shows a schematic source/sink representation of a water-using unit. The
superstructure was formulated as a MINLP model. All
symbols are explained in the Nomenclature section.
4.1. Constraints

water balance of sources:

∑∑ F

i, j,k ,k '

j
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water balance of sinks:

∑∑ F

i , j ,k ,k '

i

If

+ Q j ,k ' = D j ,k '

∀j, k’

(2)

Cmout,i ,k + Q j ,k 'CmFW ≤ D j ,k 'C min, j ,k ' ∀j, k’ (3)

i , j ,k , k '

k

In order to decide whether a cross-plant stream exists,
binary decision variables (xi,j,k,k’, yi,j,k,k’, Yi,j,k,k’) are also
necessary to take into account topological constraints.
Only when the cross-plant flow rate Fi,j,k,k’ (k≠k’ ) is
f

larger than a minimum threshold LBcp , may the connection establish. Upper and lower bounds of cross-plant
flow rate：

LBcpf xi , j ,k ,k ' ≤ Fi , j , k ,k ' ≤ UBcpf xi , j ,k ,k ' ∀i, j, k, k’ k≠k’ (4)
Meanwhile, the connection needs investments, and
only when the return on investment (ROI) reaches a certain standard, may the connection establish.

∀i, j, k, k’ k≠k’

i, j,k ,k '

k

i

k'

≤N

∀i, j, k, k’ k≠k’

(9)

With

xi , j , k , k ' , yi , j , k , k ' ,Yi , j , k , k ' ∈ {0, 1}

(10)

4.2. Objective functions

The model’s objective function, which minimizes the
total annualized cost, includes the total freshwater cost,
effluent treatment cost, the annualized cross-plant piping
capital cost, cross-plant piping operations and maintenance costs, pumping cost, ignoring the piping cost within
the individual network since existing pipes are used to
feed water.
Cost of freshwater supply:

Cost FW = AOH ∑∑ Q j ,k 'Wcos t
j

∀ j, k’, (11)

k'

Cost of wastewater treatment:

(6)

CostWW = AOH ∑∑ X i ,k Ecos t
i

The total number of cross-plant pipelines should be
less than a maximum number N to guarantee the robustness of the water network:

∑∑∑∑Y

(8)

Q j ,k ' , X i ,k , ROI i , j ,k ,k ' , Fi , j ,k ,k ' ≥ 0

LBcpR yi , j , k ,k ' ≤ ROI i , j ,k ,k ' ≤ UBcpR yi , j ,k , k ' ∀i, j, k, k’ k≠k’ (5)

Yi , j ,k ,k ' = xi , j ,k ,k ' × yi , j ,k ,k '

Fi , j , k , k ' = 0 ∀i, j, k, k'

Finally, all variables in the model are non-negative:

Contaminant m mass limit of sinks:
i

Then

k

∑∑ F

Ti , k > T j , k '

∀i, k

(12)

k

Piping cost:
Capital cost for the cross-plant pipeline：

(7)

j

Temperature is an important factor for water reuse in
the two plants. However, this model cannot deal directly
with such a factor. In order to meet the hot utility requirement of each process, temperature is taken into consideration as a constraint for water reuse, eliminating the
impossible connections so as to reduce the unreasonable
connections of the superstructure.
For the water temperature, we assume that if the water temperature of source i is higher than that of water
sink j, the flow rate reused from source i to sink j is zero:

β

p
Cost pipe
= AF ∑∑∑∑ Li , j ,k ,k ' (d + α p DM i , jp,k ,k ' )Yi , j ,k ,k '

∀i, j, k, k’, k≠k’k i k ' j
(13)
Operations and maintenance costs for the cross-plant
pipeline:
r
Cost pipe
= ∑∑∑∑α r Fi ,βjr,k ,k ' ∀i, j, k, k’, k≠k’ (14)
k

i

k'

j

The total piping cost is defined by Eq. 15:
p
r
Cost pipe = Cost pipe
+ Cost pipe
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FIGURE 4 - Superstructure for direct inter-plant water system integration.
5.2. Determination of key contaminants

Pumping cost:

Cost pump = AOH ∑∑∑∑α z Fi ,βjz,k ,k '
k

i

k'

∀i, j, k, k’,

j

k≠k’
(16)
Taking the above cost functions into account, the objective function is given by:

Min(Cost FW + CostWW + Cost pipe + Cost pump )

(17)

5. INTER-PLANT WATER
SYSTEM INTEGRATION
5.1. Determination of water sources and sinks

In the alumina plant, the cooling tower acts both as a
water source and a water sink, the SL evaporation process
and the digestion process act only as water sources. RM
washing is water sink. In the steam power plant, the water
supply station, boiler turbine auxiliary cooling, steam turbine auxiliary cooling and cooling tower are both water
sources and water sinks, while the boiler feed and boiler dedusting are only water sinks.
The water sources and water sinks along with their
flow rates are shown in Tables 1 and 2. It is worthy of note
that the water flow rate in Table 1 is the rate the process
can actually provide, not the total water consumed in the
process. Similarly, the water flow rate in Table 2 is the
additional water demand of the process.

In the water system integration, if all the contaminants
are considered, the integration problems will become very
complicated. Therefore, only those contaminants that have
the most obvious effect on the processes should be selected
for consideration as the key contaminants, according to the
requirements of each water-using process.
Considering all the streams, the water quality requirement of the boiler feed water in the steam power plant is the
highest, whereas the water quality requirement of the dedusting process is the lowest. In the remaining cooling
system, the main water quality-related problem is fouling,
which is caused mostly by the settling out of SS and high
TH. Fouling impedes heat transfer and reduces flow, moreover, fouling promotes severe corrosion under the deposits.
Therefore, we chose SS and TH as the major contaminants. In addition, water temperature is also an important
constraint on reuse. However, temperature is not chemocentric, in other words, the characterization of the water
temperature is not described in terms of concentration.
This study takes water temperature as a controlling factor
of the model. The limiting data for each water source/sink
are given in Tables 1 - 2. i.e., the water temperature, the
maximum allowed inlet and outlet concentrations of each
contaminant.
5.3. Inter-plant water system integration

In this study, the following assumptions are made:
The plants are to be operated for 8760 hours per year.

TABLE 1 -Water sources and their limiting data
Plant

Source
i

Water-using
process

Alumina
plant

1
2
3
4
5
6
7

Cooling tower
Digestion
Evaporation
Water supply station discharge
Boiler auxiliary cooling
Steam turbine auxiliary cooling
Cooling tower

Steam power
plant

Concentration
Cm, i (ppm)
SS
300
5
5
150
80
80
300

1838

Flow rate
Si (t/h)
TH
1500
5
5
1300
550
550
1500

50
818.8
560
257.25
60
104
150

Water temperature
Ti (℃)
30
90
90
30
40
40
30
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TABLE 2 - Water sinks and their limiting data

Plant
Alumina
plant
Steam power
plant

Sink
j

Water-using
process

1
2
3
4

Cooling tower
Red mud washing
AH washing
Water supply station
discharge
Boiler auxiliary cooling
Steam turbine auxiliary cooling
Cooling tower
Boiler feed water
Boiler dedusting

5
6
7
8
9

Freshwater may be used as needed at a cost of $0.15/t
based on the local water price. Demineralized water price is
$0.40/t. The unit cost for wastewater treatment is $0.11/t.
Carbon steel pipes are employed for cross-plant water exchange, with a diameter of 200 mm. For their capital cost,
it is assumed that the distance between the two plants is
200 m. The lower and upper bounds of the cross-plant flow
rate are set to 100 and 1,000 t/h, respectively. The concentrations of SS and TH in freshwater are taken as 5 ppm
and 300 ppm, respectively. In addition, In order to prevent
the cross-plant pipelines from being too complicated, the
number of cross-plant pipelines is limited to four.
In solving the MINLP model, a commercial software
package LINGO v11 using Non-linear and Global Solvers
was used to obtain a global optimum solution based on
the limiting data shown in Tables 1 - 2.
6. RESULTS AND DISCUSSION
The results are shown in Figure 5. It can be seen that
water is reused firstly within each plant, and then water is
allocated between the two plants for water-saving. In the

Concentration
Cm, j (ppm)
SS
TH
30
300
20
200
10
50
10
300
30
30
50
5
300

300
300
500
3
2000

Flow rate
Dj (t/h)

Water temperature
Tj (℃)

80
957.1
338
257.25

50
95
95
60

300
104
486.9
437.1
293.13

25
25
50
100
80

alumina plant, the cooling tower blowdown, most of the
condensate and freshwater is mixed for RM washing. Part
of the condensate is reused for AH washing. In the steam
power plant, the cooling water of the boiler and the steam
turbine auxiliaries is reused as makeup for the cooling
tower. The water supply station effluent, cooling tower
blowdown is reused for boiler dedusting process.
The results show that only one cross-plant pipeline is
needed between the two plants, i.e., a total flow rate of
262.26 t/h condensate from alumina plant is sent directly
as feed water for the boiler in the steam power plant.
For comparison, a scenario of just in-plant water integration is considered. The base case is that the two plants
are designed separately without exploiting inter-plant integration opportunities. In this instance, the annualized costs
for the two plants are $0.23 and $2.80 million, respectively,
with the total amount of $3.03 million. The freshwater
consumptions for the two plants are 80 and 1363.51 t/h,
respectively, with the total amount of 1443.51 t/h. Note
that these results can be obtained using the simplified
model developed in this paper.
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FIGURE 5 - Optimal water networks (flow rate given in t/h)

After implementing the inter-plant water system integration, the minimum annual cost solution of $2.03 million is generated and the minimum total freshwater flow
rate is 1253.43 t/h. To be comparable with the base case,
the piping and pumping costs are not considered. Compared with the base case design, the result for inter-plant
water system integration corresponds to a 33% reduction in
annual total expenditure and a 13.2% reduction in freshwater consumption.
For the inter-plant water integration case, apart from
saving demineralized water, a corresponding reduction of
wastewater discharged from the water supply station is
achieved. Furthermore, because the scheme utilizes the heat
energy of the condensate, there would be additional energy
savings which are not included in the annual costs. It is
worth noting that there is no wastewater discharged from
either plant, which means that the two networks together
achieve “zero water discharge”. Furthermore, by reducing
groundwater pumping and wastewater discharge, greater
environmental benefits can be achieved.

7. CONCLUSIONS
The alumina plant and the steam power plant are both
water-intensive. Considerable potential for water conservation exists in the two alumina production-related plants.
In this study, direct inter-plant water integration was implemented between the alumina plant and the steam power
plant. A MINLP model was optimized. Obvious costeffective water-saving and wastewater reduction effects can
be achieved. The results show that inter-plant water conservation in alumina industries using mathematical programming based on optimization is feasible.
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KINETIC STUDIES OF PHOTOCATALYTIC DECOMPOSITION OF
ERIOCHROME BLACK T IN BUFFER SOLUTIONS AT VARIUOS
pHs UNDER HIGH PRESSURE MERCURY LAMP IRRADIATION
Morteza Montazerozohori*, Masoud Nasr-Esfahani, Samira Nezami and Sajjad Mojahedi
Department of Chemistry, Faculty of Sciences, Yasouj University, Yasouj, 75914-353, Iran

ABSTRACT
Photocatalytic decomposition of an azo dye, Eriochrome Black T using anatase titanium dioxide (99.9%) at
buffer pHs of 7, 8, 10 and 12 in aqueous solution has been
carried out. The effect of the various operating agents such
as initial concentration of dye, catalyst amount and reaction
time on photocatalytic decomposition has been investigated in a photoreactor cell containing 400W high pressure
mercury lamp as irradiation source to derive the optimum
conditions in each pH. Spectrophotometric method revealed that the compound almost completely degraded. The
photodegradation of compound obeys a pseudo-first-order
kinetics based on Langmuir-Hinshelwood model at all
considered pHs. The observed rate constants(k obs) of
photocatalytic degradation were found to be 5.50×10-3,
7.40×10-3, 5.10×10-3and 5.7 × 10-3 for buffer pHs of 7, 8,
10 and 12 respectively. Furthermore, the Langmuir-Hinshelwood rate constants, kr and adsorption constants, KA for
the titled compound at various buffer pHs are reported.

KEYWORDS: Photodecomposition, anatase titanium dioxide,
photoreactor, photocatalytic.

1. INTRODUCTION
Environmental pollution by organic materials has become a serious problem throughout the world. Dye compounds are one major class of pollutants. These compounds
have low volatility and are relatively more water soluble
and therefore often found in aqueous media. At present,
the methods for organic pollutants treatment include adsorption [1], oxidation [2-3], and biological degradation [4].
These processes for treatment of the effluents have been
proved to be insufficient to purify of waste waters after
the different operations. On the other hand the photocatalytic method such as TiO2 photocatalytic degradation of
organic substrates such as environmentally toxic compounds,
and photocatalytic decomposition of dyes in wastewater
under aerated conditions have been shown to be efficient
and investigated widely in the recent twenty years [5-16].

One of the reasons for attention to photocatalytic methods
is that photocatalysis may almost decompose a variety of
non-pleasant compounds under suitable conditions. When
titanium dioxide is irradiated, electrons in conduction bond
and holes in valence bond are generated. These electron/hole
pairs can recombine or the holes can produce hydroxyl
radicals by oxidizing of water molecules and hydroxide
anions, and electrons generate super oxide radical/anions by
reduction of oxygen in the solution. Ultimately these oxidant species can decompose organic contaminants.
In continuation of previous work on photocatalytic
degradation of organic pollutants [17-21], the aim of the
present work is to investigate the influence of various
parameters on photocatalytic degradation of Eriochrome
Black T in the presence of TiO2 particles and irradiated by
the ultra-violet light in a photoreactor cell containing 400W
high pressure mercury lamp at various buffer pHs.
2. MATERIALS AND METHODS
Reagents: All compounds were purchased from Merck,
Fluka and Aldrich. Anatase TiO2 was of analytical grade
(99.9%). The pH of the solutions was adjusted using diluted aqueous buffers that were prepared by the following
compounds: KH2PO4, Na2HPO4, NaOAc, HOAc, Na2B4O7,
HCl, H2SO4 and NaOH. In all experiments doubly distilled water was used.
Apparatus: A photochemical set containing 400W
high pressure mercury lamp was used for photodegradation experiments. UV-Visible spectrophotometer, JASCOV570, was used for spectral monitoring of Eriochrome
Black T concentrations. A parsazma SH-12 model of centrifuge was applied for separation of photocatalyst particles
from solution. Metrohm -620 model of pH-meter was
applied for controlling of pH of solution.
Analytical determinations: Spectrophotometric
method was used for the determination of the concentration of Eriochrome Black T via calibration curves at λmax=
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526, 610, 608 and 526 nm for pHs of 7, 8, 10 and 12
respectively.
General procedure for photocatalytic degradation
process: The photocatalytic degradation experiments were
carried out by illumination of 20 mL of 100 ppm (for
pH=12) and 80 ppm (for pH= 7, 8 and 10) oxygenated (5
minutes bubbled) and stirred aqueous solutions of Eriochrome Black T as well as considered amounts of photocatalysts in photoreactor cell under 400W high pressure
mercury lamp at room temperature. After the requested
time for photocatalytic degradation, photocatalyst particles
were separated by centrifugation and photolyte was analyzed by UV-Vis spectrophotometric method and residual
concentrations were evaluated based on information of
calibration curves sketched for each pH.
3. RESULTS AND DISCUSSION
3.1. Calibration curves for the standard solutions

Eriochrome Black T is chemically stable in the range
pH 7-12, therefore the standard solutions with the range
of 0-100 ppm of Eriochrome Black T at pHs of 7, 8, 10 and
9 were prepared. Then the plots of absorbance versus concentration at λmax (see experimental section) were sketched
as in Figure 1. Molar absorption coefficient of dye at each
pH that is derived from slope of related plot is applied for
calculation of residual concentration at each time.

3.3. Effect of catalyst amount

The effect of TiO2 loading on residual concentration
of dye at various pHs after illumination is presented in
Figure 2. In the absence of the catalyst, low degradation
was observed during 1h. Degradation of dye was increased when the amount of TiO2 was raised until the
catalyst loading reached to 20, 10, 30 and 20 mg at pHs of
7, 8, 10, 12. However, higher residual concentration was
observed when TiO2 amounts further increased to higher
amounts. Similar results were also reported in other studies on dyes degradation studies [13, 14]. At the concentration range from 2.5 to 50 mg, the observed enhancement
in degradation may be due to an increased number of available adsorption or active sites on TiO 2. More catalyst
amounts higher than optimum, however, may cause light
scattering and screening effect and thus reducing the active
ite numbers leading to decrease the degradation rate [13,
14, 22]. On the other hand, agglomeration and sedimentation of the TiO2 particles occurred and therefore the catalyst surface probably becomes unavailable for photon absorption that results lower photocatalytic degradation [22].
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FIGURE 2 - The effect of catalyst amount on residual concentration
after illumination(time= 1h for pH=7 and 1.5 h for pH = 8, 10 and
12; V=20mL).
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FIGURE 1 - Calibration curves for Eriochrome Black T at various
pHs.
3.2. Effectual parameters on degradation

The effect of effectual parameters and kinetics model
in photocatalytic degradation of titled compound are discussed in the next sections. Before this, some blank experiments in accordance to literature [10-16] showed that
degradation percentages reached high values in the presence of agents such as photocatalyst, O2 and irradiation
simultaneously therefore optimization of parameters was
done in the presence of these three agents.

pH value is one of the major parameters influencing
the photocatalytic process [10, 22, 23]. For this reason,
various pHs were considered for investigating the photocatalytic decomposition of Eriochrome Black T. The examined pHs were 7, 8, 10 and 12. The photodegradation percents of dye at various pHs at the same conditions were
presented in Figure 3 respectively. It could be noticed that
at the same time and catalyst amount, the basic media
smoothly results more degradation with respect to neutral
medium except for pH=10. Of course, it will seen in the
next section, the medium pH effect on photocatalytic
degradation rate at optimum conditions (including optimum catalyst and time) may be lead to different result.
The explanation of the real effect of pH on dye photodegradation process is very difficult to discuss because
several degradation pathways can be introduced, namely,
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hydroxyl radical attack, direct oxidation by the positive
hole (derived from excitation of electron from valance
band to conduction band), oxidation by anion radical
super oxide derived by transferring of conduction band
electron to oxygen molecules and ultimately direct reductive degradation of dye by the electron of the conducting
band. It is obvious that the effect of pH on the degradation
of dye is variable and controversial since the positive
holes are considered as important oxidant species at acidic
pH whereas hydroxyl radicals are considered as the predominant species at neutral or basic pH media for the
dyes that effectively are degraded in the later pHs [10,
24]. It is to be noted that in acidic pHs a suitable absorbance for spectrophotometric following was not possible in
our conditions.

initial concentration and concentration at time t) versus
time(t) will be a linear diagram that its slope equals to
observed photodegradation rate constant(kobs). These plots
for dye degradation at various pHs were drawn in Figure
5. As can be seen in Figure 5, the linear diagrams indicate
the first order kinetics for degradation of titled compound
in current work.
4
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FIGURE 5 - Kinetics of the Eriochrome Black T degradation
(ln(C0/Ct) vs.Time) at various pHs.
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FIGURE 3 - The effect of pH on % photodegradation (TiO2: 20mg;
V=20mL; irradiation time=90mim.)

More kinetic investigation was performed with dye
concentration dependant experiments. If there is a single
active-site involved on the catalyst surface, the surface
coverage (θ) is expressed by:
θ=KA[C0]/(1+KA[C0] )

3.5. Kinetics study

The evaluation of kinetics of dye photodegradation
process may often be difficult due to its complexity. According to literature, the degradation mechanism follows
first-order kinetics [25, 26]. In order to investigate kinetics of the present study, the residual concentration versus
time at various pHs is shown in Figure 4.
120

where K is the adsorption constant and [C] is concentration. The related surface catalytic reaction rate can be
expressed by:
R = krKA[C0]/(1 + KA[C0]
according to Langmuir–Hinselwood (L–H) model
where, k is apparent rate constant at catalyst surface. The
reciprocal of recent equation provides a linear relationship
between 1/R of reaction and 1/[C0] of dye as:

pH=7

100

Residual
Concentration (ppm)

pH=10( r=0.993)

0.5

1/R= 1/kKA[C0]+ 1/k

pH=8

80

that its slopes and intercept equal to 1/krKA and 1/kr
respectively[27-29] These types of plots for Eriochrome
Black T in current work are shown in Figure 6.

pH=10

60

pH=12

As we deduce from Figure 6, the rates at various pH
decreased as the initial dye concentration lowered. Finally
the observed rate constant of photodegradation, kobs and
dye degradation half-life, t1/2, adsorption constant, KA, and
the L-H rate constant kr for dye on photocatalyst at various pHs that has been extracted from Figure 6 are presented in Table 1.

40
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FIGURE 4 - Residual concentration- time plots of Eriochrome
Black T at various pHs by use of optimum amount of TiO2 (V=
20mL)

At next stage the first order kinetics was investigated.
If photocatalytic degradation kinetics obeys first order
kinetics, the plot of ln(C0/Ct) (in which C0 and Ct are

As can be seen in Table 1, the maximum observed
photodegradation rate constant, kobs (related to total reaction) is related to pH=8. The L-H rate constant kr, increases as the solution pH is raised. The minimum and maximum of dye degradation half time, t1/2 is related to pH=8
and 10 respectively. Recently direct photolysis of current
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dye (without photocatalyst) has been studied under low
and medium pressure mercury lamp [30]. A comparison
between the results of direct photolysis and photocatalytic
degradation shows that maximum of kobs and minimum of
t1/2 in direct photolysis are observed at pH=12.5 under low
pressure mercury lamp while they are seen at pH=8 in
photocatalytic degradation under high pressure mercury
lamp(current work). The rate in direct photolysis unlike
the photocatalytic degradation increases in higher initial
concentration. Ultimately it seems that photocatalytic
degradation lead to more dye degradation percent than
direct photolysis.
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0
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0.02

0.03
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FIGURE 6 - The plots of 1/R vs. 1/C0 at various pHs (LangmuirHinshelwood kinetics for degradation of Eriochrome Black T).

TABLE 1- Kinetic and thermodynamic parameters in photodegradation of Eriochrome Black T at various pHs at room temperature.
Eriochrom Black T
KA(L. mg-1)
kr (mg. min-1.L-1)
kobs(min-1)
t1/2(min.)

pH=7
2.15 ×10 - 2
0.46
5.50 ×10 -3
126.02

pH=8
1.69 ×10 - 2
0.77
7.40 ×10 - 3
93.67

4. CONCLUSION
In this work we presented photocatalytic degradation
of Eriochrome Black T in the view of the effects of some
effectual factors such as amount of photocatalyst, pH and
irradiation time. The best pH was 8 using optimum amount
of 10mg in our conditions. Observed photocatalytic degradation kinetic rate constant of this compound at various
basic media was evaluated. The L-H rate constant; kr adsorption constant, KA and dye degradation half time, t1/2
were calculated in the different conditions at room temperature.
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EFFECT ON LEACHATE CHARACTERISTICS IN LANDFILLS
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ABSTRACT
There is a wide range of aeration rates used in pilot
and full-scale aerobic landfill studies in the literature, and
the main result of all of these studies is that aeration shortens the stabilization time of the landfill. The main aim of
this research was to investigate the effect of aeration rate
on solid waste decomposition in aerobic, leachate-recirculated landfills. For this purpose, one anaerobic (R1) and
four aerobic reactors (R2, R3, R4 and R5) with aeration
rates of 0.1; 0.3; 0.6 and 1.0 L/min kg, respectively, were
constructed, and operated with leachate recirculation for
150 days. Leachate quality was monitored by measuring
pH, total alkalinity, chemical oxygen demand, biological
oxygen demand, chloride, total Kjeldahl nitrogen and ammonia nitrogen parameters. Volume and mass losses in the
reactors, as a result of decomposition of solid wastes, were
also identified. Based on the analysis of leachate composition and solid waste settlement, no significant effect of
the aeration rate was observed on the variations of pH,
chloride, alkalinity, COD, BOD5, TKN, and NH3-N parameters with the aeration rates used in this study. The
results of the paper show that aeration accelerates the waste
stabilization rate in landfilling, and the lowest aeration rate
(0.10 L/min kg waste) was the most viable one because of
economical reasons. Further studies should be extended to
determine the optimum aeration rate on waste stabilization
(<0.10 L/min kg waste).

component of an integrated solid waste management strategy [1]. Decomposition of solid waste in current landfills
occurs slowly, and the landfill leaves a legacy of care,
management and monitoring over a long period of time.
Concerns over these long-term issues, such as leachate
and landfill gas, increasingly favor practices which promote short stabilization times [1]. One of these techniques
for accelerating solid waste degradation in landfills is
bioreactor landfilling technology.
Compared with conventional landfills, landfill bioreactors could provide the potential for more rapid, complete
and predictable attenuation of solid waste constituents,
enhance the recovery and utilization of gas, and reduce
environmental pollution [2, 3]. Recently, several types of
bioreactors with leachate recirculation in situ and aerobic
landfill system have been proposed to handle the waste.
The benefits associated with leachate recirculation and/or
landfill aeration bioreactor technology have been well documented [4-17].
Although significant amounts of laboratory, pilot and
field scale practices have taken place regarding aerobic
bioreactors during the last decade [17-29], the subject of
the aeration rate is still not very clear. There is a wide range
of aeration rates used in pilot and full-scale aerobic landfill
studies in literature as can be seen in Table 1. Despite the
different aeration rates used, the main result of all of these
reported studies is that aeration shortens the stabilization
time of the landfill. Thus, it is important to investigate the
optimum aeration rate because of economical reasons.

KEYWORDS: Solid waste, aerobic landfilling, leachate recirculation, aeration rate, leachate quality.

1. INTRODUCTION
Sanitary landfill represents a common, economical and
environmentally acceptable method for the disposal of solid
wastes. Even with implementation of waste reduction, recycling and transformation technologies, the disposal of residual solid waste in landfills still remains an unavoidable
* Corresponding author

TABLE 1 - Aeration rates applied in the literature.
Reference
Keener and Hansen [30]
Bernreuter and Stessel [31]
Smith et al. [8]
Kim and Yang [32]
Ishigaki et al. [33]
Cossu et al. [34]
Borglin et al. [35]
Giannis et al. [26]
Sang et al. [27]
Bilgili et al. [17]

Aeration Quantity
0.35 – 0.97 L/min–kg waste
0.5 L/min–kg waste
0.0002 L/min–kg waste
0.003 L/min–kg waste
0.8 L/min–kg waste
0.17 L/min–kg waste
0.04 L/min–kg waste
0.03 L/min–kg waste
1.33 L/min–kg waste
0.084 – 0.086 L/min–kg waste

The aim of the existing research was to investigate
the effect of aeration rate on solid waste decomposition in
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aerobic, leachate-recirculated landfills. For this purpose,
one anaerobic (R1) and four aerobic reactors (R2, R3, R4
and R5) with aeration rates of 0.1; 0.3; 0.6 and 1.0 L/min
kg, respectively, were constructed and operated with
leachate recirculation for 150 days.
2. MATERIALS AND METHODS
2.1. Aerobic and Anaerobic Landfill Bioreactors

Anaerobic (R1) and aerobic (R2, R3, R4 and R5)
landfill reactors with diameter of 40 cm and height of 100
cm were simultaneously operated for a period of 150 days
in order to investigate the effect of aeration rate on leachate
characteristics in landfills. The schematic view of lab-scale
landfill bioreactors used in this study is given in Fig. 1.

bottles. Excess leachate obtained from the landfill bioreactors was stored in a refrigerator to be used for recirculation. Leachate recirculation was carried out with T-shaped
pipes located at the top of the reactors (Fig. 1). At the
beginning of the study, the quantity of the leachate recirculated to reactors was relatively low, and then it begun to
increase until the temperature of bioreactors increased.
When temperature increased in the aerobic reactors, as a
result of aerobic degradation, the quantity of recirculated
leachate was increased to avoid the drying of solid waste
disposed in the reactors. Leachate was also recirculated in
anaerobic reactors to enhance biological activity.
In aerobic reactors, aeration was provided by using an
aquarium pump (110 L/min) and perforated aeration pipes
(diameter of 1 cm and height of 40 cm). Aerobic reactors
(R2, R3, R4 and R5) were operated with aeration rates
of 0.1, 0.3, 0.6 and 1.0 L/min kg waste, respectively,
for 150 days. The waste samples were obtained from
Odayeri Sanitary Landfill in Istanbul, and the average composition of solid wastes landfilled at the test cells was
44% organic (food and yard wastes), 8% paper, 6% glass,
6% metals, 5% plastic, 5% textile, 9% nylon, 8% diaper,
and 9% ash and other materials [12]. The amount of solid
waste disposed in each of the reactors was approximately
20 kg.
2.2. Experimental Study

Leachate samples (250 ml aliquots) were collected after 1- or 2-week intervals, placed in high density polyethylene (HDPE) bottles, and stored in a refrigerator at 4 °C
until analysis. Leachate samples collected from reactors
were analyzed to determine pH, alkalinity, conductivity,
chloride (Cl−), chemical oxygen demand (COD), biological oxygen demand (BOD), total Kjeldahl nitrogen (TKN),
and ammonia nitrogen (NH3-N). All analyses were conducted according to the relevant methods described in
Standard Methods of APHA 2005. Non-biodegradable
fraction of COD was analyzed according to the method
described by Park et al. [36].
3. RESULTS AND DISCUSSION
3.1. Leachate Quality
3.1.1. pH

FIGURE 1 - Schematic view of landfill bioreactors.

The lower part of the reactors consisted of 10-15 cm
gravel drainage with a perforated pipe (2.5 cm diameter)
inserted to collect and discharge the generated leachate.
Leachate samples were collected opening the discharge
valve on a daily basis at the beginning of the experiment,
and at 1- or 2-week intervals for the following period.
Collected leachate samples were kept at 4 °C in plastic

Variations of pH values of the leachate samples collected from anaerobic and aerobic landfill reactors are
given in Fig. 2a. The pH values of leachate of the anaerobic reactor was less than 5.5 until day 100 (Fig. 2a), which
reflects the accumulation of fermented acids (acidogenesis phase). Thereafter, the pH value increased little bit and
it was around 6 until the end of study. It can be concluded
that methanogenesis phase has not begun and stabilization
has not occurred in the anaerobic reactor. The pH values
of leachate from aerobic reactors were >7, except for the
initial 40 days, possibly because high-degree aerobic degradation resulted in less acidification
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FIGURE 2 - Variations of pH (a), alkalinity (b), conductivity (c), and chloride (d) in leachate generated from aerobic and anaerobic landfill
bioreactors.

dissolved in leachate [37]. The pH increased swiftly from
5-6 at the beginning of the study to around 7 (40th day),
and then ranged between 8-9 until the end of the study.
Aeration limits the anaerobic fermentation reactions, removed degradable organic materials easily [38], and produce large amounts of acids for considerably reducing the
pH value [27]. In addition, aeration can drive out CO2 from
the reactor pore spaces, thus preventing pH decrease. It can
also be concluded from the results herein that no significant difference is observed in pH values of leachate samples of aerobic reactors operated with different aeration
rates.
3.1.2. Alkalinity

The alkalinity of water is a measure of acid neutralization capacity and is due primarily to the salts of weak
acids. If the acid concentrations (H2CO3 and VFA) exceed
the available alkalinity, the landfill bioreactor will ‘‘sour’’,
severely inhibiting the microbial activity, especially that of
methanogens. Neutral pH conditions between 6.5–8.2 are
appropriate for methanogens to continue their activities [39].
The continuous hydrolysis of solid waste is followed by
the microbial conversion of biodegradable organic content
resulting in the production of intermediate VFAs at high
concentrations. In the methane fermentation phase, the pH

value is elevated, being controlled by the bicarbonate
buffering system [40]. A balance between acid production
and acid consumption is essential for a stable anaerobic
process running at the highest possible rate. Adequate alkalinity, or buffer capacity, is necessary to maintain a stable
pH in the digester for optimal biological activity [41]. An
alkalinity level ranging from 1000 to 5000 mg CaCO3/L
was recommended [42]. Ozturk [41] concluded that in anaerobic systems, total alkalinity value required for optimum
methane production is 2000–3500 mg/L CaCO3. Alkalinity
values of leachate samples of anaerobic and aerobic landfill rectors are given in Fig. 2b. The results show that alkalinity levels in the reactors were >3500 mg CaCO3/L from
the beginning to the end of the study.
3.1.3. Conductivity

The conductivity of a solution reflects its total concentration of ionic solutes, and is a measure of the solution’s
ability to convey an electric current. The variations of conductivity values of leachate samples in anaerobic and
aerobic reactors are illustrated in Fig. 2c. As shown in
Fig. 2c, the variation of conductivity values of leachate in
all of the aerobic reactors followed a decreasing trend.
The conductivity value of R2 reactor decreased from the
initial value of 18.85 to 12.22 mS/cm after 150 days while
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for reactors R3, R4 and R5 it decreased from 19.25, 19.63
and 18.87 mS/cm to 18.04, 19.28 and 17.2 mS/cm after
150 days, respectively. The decrease in conductivity was
due to the washout of some easily mobilized ions, such as
metals, chloride and sulfate, combined with other factors,
such as the conversion of sulfate to sulfide under increasingly reducing conditions, and the subsequent precipitation of sulfide as heavy metal-sulfides which would tend to
withdraw significant ionic strength from solution. When
solid waste stabilized, easily mobilizable ions were washed
out continuously, and surplus oxygen gradually created
oxidized conditions which resulted in partial dissolution of
the precipitates in leachate, thus resulting in the increase
of conductivity after the decrease in the initial phase [23].
From Fig. 2c, it can be seen that reactor R2, operated with
0.1 L/min kg waste aeration rate, was the most effective
aerobic reactor. No considerable change was observed in
conductivity values of anaerobic reactors.
3.1.3. Chloride

Chloride is a non-degradable conservative parameter
and its concentration change is commonly used to assess
the variation of leachate dilution. Ehrig and Scheelhaase [43]
suggested that there is no observable difference in chloride
concentration between acidogenic and methanogenic phases
[17]. Figure 2d shows the variation of chloride levels determined in leachate samples collected from anaerobic and
aerobic reactors. The average chloride concentration of R1
reactor was approximately 2555 mg/L. The results indicate
that the chloride concentration in anaerobic reactor was
approximately constant. The chloride is washed out from
the landfill via leachate recirculation. Leachate recirculation only, would lead to chloride removal less than that
dissolved in the leachate, and thus, leachate chloride value
increased. This fact can also explain the inconsiderable
decrease in anaerobic reactor. Aeration might also maintain a chloride concentration balance between dissolution
and removal [23]. It is observed that pH (Fig. 2a) and Cl−
concentrations began to increase simultaneously in the aerobic reactors. This situation can be explained by the findings
of Manning and Robinson [44] and Bilgili et al. [17]. As a
result of the increase in pH, the dissolution of chloride increases and thus, the chloride concentration in the leachate
increases. At the beginning of the landfilling operation, Cl−
concentrations were 1420, 1840, 2120 and 1740 mg/L for
the R2, R3, R4 and R5 reactors, respectively. After 50 days
of operation, Cl− concentrations began to rise rapidly and
reached values of 2640, 3500, 3600 and 2960 mg/L after
85 days for R2, R3, R4 and R5 reactors, respectively.
After this rapid increase, no considerable change was observed during the rest of the study. Cl− concentrations
within the R2, R3, R4 and R5 reactors were determined to
be 2820, 3780, 4260 and 3350 mg/L, respectively, after
150 days.
3.1.4. BOD5 and COD

Biological oxygen demand (BOD5) represents the biodegradability of organic materials in a sample, and chemi-

cal oxygen demand (COD) is an oxygen equivalent measure of organic content. COD and BOD5 are often used to
determine the degree of degradation of the municipal solid
waste (MSW) [26]. The BOD5 concentrations of the anaerobic and aerobic reactors are given in Fig. 3a. At the early
stages of the process, similar BOD5 values were measured in all reactors (30000 mg/L). After 60-days aeration,
BOD5 values for all aeration rates decreased to around
2000 mg/L. Thereafter, BOD5 concentrations decreased
slightly till the end of the study, and were determined to be
1700, 1200, 1300, and 1000 mg/L for R2, R3, R4, and R5
reactors, respectively. No significant difference was observed in BOD5 removal in leachate samples collected from
aerobic reactors operated with different aeration rates. The
BOD5 results show a similar trend with that of COD in the
landfill reactors. The BOD5 concentration of R1 reactor increased from 24200 mg/L to 52000 mg/L during the study
while BOD5 concentrations of the aerobic reactors (R2,
R3, R4 and R5) decreased from 33200, 29050, 24934 and
42667 mg/L to 400, 1500, 800 and 1000 mg/L (beginning
of the study to 150th day of operation).
COD concentrations in aerobic landfill reactors presented a stable descending trend which can be divided into
three stages. In the first stage, COD concentration was reduced rapidly because of the high content of organic compounds in the waste. In the second stage, COD concentration descended slightly, then a large quantity of propagated
microorganisms decreased the content of organic compounds
in waste, but when microorganism propagation came to an
attenuation stage, biodegradation of organic compounds
weakened. The third and the last phase was the stable
phase [37].
As can be seen from Fig. 3b, the COD concentrations
of leachate samples collected from anaerobic and aerobic
landfill reactors were determined to be relatively high at
the beginning of the study with values ranging between
35000 - 62000 mg/L. The results show that COD concentrations of aerobic reactors (R2, R3, R4 and R5) dramatically decreased to around 5500, 6700, 7400 and 9200 mg/L
(80th day of operation), respectively, and then gradually
stabilized at a level of 5000 mg/L at the end of the study
period when the simulated landfill reactors entered the
stabilization stage [45].
In anaerobic reactor (R1), COD concentration increased from 46686 to 87650 mg/L from the beginning to
the end of the study. As time passed, oxygen in anaerobic
landfill was exhausted, and then anaerobic microorganism began to dominate in anaerobic conditions; most complex organic compounds were degraded into smaller molecules, which could be dissolved in leachate, thus resulting
in COD increase [37]. As can be seen in Fig. 3b, aerobic
degradation of solid wastes is much faster than anaerobic
one, and waste stabilization time is significantly shorter in
aerobic landfills. Fast reduction of organic pollutants in the
leachate was initiated by aerobic microorganisms carrying
out rapid degradation of organic compounds when compared to anaerobic microorganisms [28].
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FIGURE 3 - Variations of BOD5 (a), COD (b), BOD5/COD (c), and total COD/max COD (d) in leachate generated from aerobic and anaerobic landfill bioreactors.

The BOD5/COD ratio indicates the amount of biodegradable compounds in the leachate. BOD5/COD ratio between 0.02 and 0.13 implies that the leachate has a low
biodegradability. Ratio between 0.4 and 0.8 implies high
biodegradability of the leachate [42]. As the organic biodegradation occurs, the BOD5/ COD ratio decreases [23].
Although the criteria vary due to several factors, there is a
common thought that stabilized landfill leachate has a
BOD 5/COD value of <0.1 [35]. Figure 3c shows the
BOD5/COD ratios of the anaerobic and aerobic reactors.
Initial BOD5/COD ratios of aerobic reactors were determined to be higher than those of anaerobic reactors because
amount of biodegradable compounds was higher in aerobic
reactors. It can be seen from the results that the initial
BOD5/COD ratio increased with the increasing rate of
aeration in aerobic reactors. Initial BOD5/ COD ratios were
determined to be 0.51, 0.72, 0.72, 0.67 and 0.69 for R1, R2,
R3, R4 and R5 reactors, respectively. BOD5/COD ratio of
aerobic reactors decreased below 0.10 after 150 days of
operation. At the end of the study, BOD5/ COD ratio of
anaerobic reactor was determined to be 0.59 indicating instability. It can be concluded from these results that aerobic test cells had reached a stable state in a shorter time.

The ratio of total COD to maximum COD indicates
waste stabilization degree of organic fraction during the
experimental study. Total COD to maximum COD ratios
of leachate samples collected from anaerobic and aerobic
reactors are given in Fig. 3d. As seen from Fig. 3d, COD
removal in aerobic reactors were determined to be >80%
after 75 days of operation whereas COD removal rates at
the end of the study were determined to be 90, 89, 93, and
88% for R2, R3, R4, and R5 reactors, respectively. These
results indicate that aeration accelerates waste degradation
in landfills and improves leachate quality.
3.1.5. Non-biodegradable COD

After the biological treatment, wastewater can contain various compounds, such as residual substrates (rapidly, slowly and non-biodegradable), inter- and final- products, and soluble microbial products [46]. Inert COD components in wastewaters and soluble and particulate inert
metabolic products occurring in the system must be determined in order to assess suitable operation conditions
providing with correct modeling and design [47]. Similarly, leachate from landfill also includes the same compounds. Hence, the capabilities of the present leachate
treatment processes are quite limited due to the high con-
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tents of both initially present inert COD in influent and
inert COD produced by microbial activities. Therefore,
fractions of COD play an important role in the design of
leachate treatment plants. The determination of particulate
and inert fractions of wastewaters is also important in
order to regulate the discharge standards and operating
conditions [47].
The results are given as the ratio of total inert COD
(Si) to total COD (St) in Fig. 4. Initial ratios of inert COD
were at very low levels in all reactors. The increasing rate
of inert COD has changed according to organic material
decomposition process and rate. In R2 reactor, inert COD
began to increase after 35 days of operation. In R3, R4 and
R5 reactors, inert COD began to increase after 25 days of
operation. Si/St ratio reached values >40% on day 75 in all
aerobic reactors. No considerable change was observed
after that time, and the rate of inert COD was determined
to be around 50% at the end of the study for aerobic reactors. No significant change of Si/St ratio was observed in
anaerobic reactors because methanogenic conditions and,
thereby, no considerable change in COD concentrations,
did not occur in anaerobic reactors during the study. It can
be mentioned that 150 days is a short time for anaerobic
degradation of solid wastes. More time is required for
reaching stabilization phase. It can be concluded that the
total inert COD increases as landfill stabilizes in aerobic
landfill applications.

TKN contents fell rapidly in the aerobic reactors (R2, R3,
R4 and R5) after day 60 indicating effective nitrogen
removal by aeration, but at different rates (Fig. 5a).

FIGURE 5 - TKN (a) and NH3-N (b) in leachate generated from
aerobic and anaerobic landfill bioreactors.

FIGURE 4 - Variations of Si/St ratios in anaerobic and aerobic
landfill bioreactors.
3.1.6. TKN and NH3-N

Anaerobic biodegradation of MSW (containing proteins and amino acids) causes slow release of nitrogen
forms, mostly the soluble NH3-N. Many researchers state
that leachate containing high ammonia nitrogen is the most
significant long-term pollution problem [15, 17, 48-50],
and so a further NH3-N treatment is urgent. On the other
hand, many researchers reported that aeration of landfill
sites enhanced ammonia nitrogen removal during the stabilization of solid wastes [15-17, 49]. Mertoglu et al. [16]
reported that NH3-N decreased from 250 to 30 mg/L within 250 days aeration confirming the results herein. The

Ammonia concentration in leachate fluctuated before
the first 60 days but presented a stable descending trend
thereafter, which was different from that in anaerobic
reactor in which ammonia concentration in leachate will
accumulate for a long time (Fig. 5b). NH3 level in anaerobic reactor (R1) was around 1200 mg/L, and in aerobic
reactors (R2-R5) descended quickly from the 60th to the
100th day of the study; the reducing rate began to decrease
after 100 days and concentration was approximately
150 mg/L after 120 days. After150 days, the effluent
level of NH3-N in the leachate was extremely low because
there was no longer enough nitrogen from the nitrogenous
fractions of the biodegradable waste. Therefore, the landfill entered the stabilization phase [45]. Propagation of nitrobacteria (self-nutrition bacteria) was restrained by high
contents of organic compounds; therefore, the nitrification
was very weak in prophase. On the other hand, very high
ammonia concentration restrained the activity of microor-
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ganism and made biodegradation unstable. With nitrobacteria adapting to conditions and the organic compounds concentration descending, nitrification began to strengthen, and
more ammonia was transformed to nitrate, and ammonia
level began to decrease gradually [37]. Additionally, it can
be concluded that TKN and ammonia removal in aerobic
reactors increases as the aeration rate increases. Ammonia
removal rates obtained in R2, R3, R4 and R5 reactors
were 63, 70, 85 and 86%, respectively.

kinetic model was conducted as a conceptual approach
for the determination of degradation rates of the major
contaminants of leachate, such as COD, BOD5, and NH3N. Assuming waste degradation occurs with respect to
first-order reaction rate, waste degradation rate coefficients of aerobic reactors (R2, R3, R4 and R5) were calculated with regard to COD, BOD5 and NH3-N removals.
First-order kinetic model equation can be expressed
as follows:

3.2. Degradation rates for leachate contaminants in aerobic
reactors

Especially the need for closure of old unsanitary landfills and constructions of new sanitary landfill sites, rehabilitated and sealed unsanitary landfills must be kept under
control in terms of leachate and landfill gas emissions for
many years. Reducing the waste stabilization time would
offer reuse of these sites in a shorter time for different
purposes. Identification of the degradation rate of the solid
wastes by determining the reduction rate of the leachate
contaminants is significant for this purpose. First-order

C
= exp(−k × t )
C0
where, C is the contaminant concentration at time t,
C0 is the contaminant concentration at time t=0, k is the
first-order kinetic coefficient, and t is time.
First-order kinetic model results of COD, BOD5 and
NH3-N concentrations of leachate collected from aerobic
reactors after reaching the maximum values are given in
Figs. 6-8, respectively. First-order degradation rates of the

FIGURE 6 - Kinetics of COD variations in aerobic reactors.
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FIGURE 7 - Kinetics of BOD5 variations in aerobic reactors.

leachate samples collected from landfill reactors operated
with different aeration rates were calculated, and the results
are given in Table 4. Degradation rate constants calculated
for COD, BOD5, and NH3-N removal in R2, R3, R4 and
R5 reactors were 7.869, 9.636, 7.395 and 8.045 year-1;
7.869, 9.636, 7.395 and 8.045 year-1, and 7.869, 9.636,
7.395 and 8.045 year-1, respectively. From these results, it
can be concluded that aeration has no considerable effect
on COD, BOD5 and NH3-N removal.

3.3. Modelling Inert COD fractions of leachate in aerobic
bioreactors

As seen from Figs. 2, 3 and 5, biological degradation
in aerobic reactors was complete after the 140th day of the
study while acetogenesis phase was still dominant in the
anaerobic reactor. First-order kinetic model cannot be
conducted for the determination of incomplete degradation of the major contaminants of leachate, such as COD,
BOD5, and NH3-N, and waste degradation rate coefficients of the anaerobic reactor (R1) cannot be calculated.

where, A0 is Si/St ratio at the beginning of the experimental study, A is the Si/St ratio, Amax is the maximum
value of Si/St ratio, m is the slope, and L is the time for the
beginning of the increase of Si/St ratio. Experimental and
model results for the variations of Si/St ratios by time and
model coefficients calculated are given in Fig. 9 and Table 3, respectively. Gompertz model coefficients for R2,
R3, R4 and R5 reactors were calculated to be 0.97, 0.99,
0.98 and 0.99, respectively. Results indicate the nonbiodegradable fraction of COD can be modeled by the
Gompertz equation with high correlation coefficients.

Determination of non-biodegradable inert fractions of
leachate is significant in the design of leachate treatment
plants. The variations of inert COD fractions to total COD
ratios by time were modeled by using a modified Gompertz equation as follows:
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FIGURE 8 - Kinetics of NH3-N variations in aerobic reactors.

NH3-N

BOD5

COD

TABLE 2 - First order degradation rates for COD, BOD5, and NH3-N in aerobic reactors.
Parameter
k, year–1
Statistical parameters
SSE
R–square
RMSE
k, year–1
Statistical parameters
SSE
R–square
RMSE
k, year–1
Statistical parameters
SSE
R–square
RMSE

R2
7.869

R3
9.636

R4
7.398

R5
8.045

206.5
0.8881
6.427
6.497

342.9
0.8683
8.281
14.739

151.4
0.933
5.502
8.304

181.9
0.8776
6.032
16.25

252.7
0.7576
7.109
3.332

16.28
0.9751
1.804
3.906

91.79
0.8449
4.285
3.066

72
0.9525
3.795
5.041

0.3158
0.683
0.2513

0.2023
0.666
0.2012

0.3379
0.664
0.26

0.0161
0.966
0.0568

TABLE 3 - Gompertz model coefficients for inert COD fraction of leachate from aerobic reactors.
Coefficient
A0
Amax
m
L

R2
0.033
0.4835
0.0118
36.25

R3
0.043
0.4895
0.0136
16.9
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R4
0.066
0.4443
0.0096
15.79

R5
0.014
0.5373
0.0088
8.85
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fuse density. In the second stage, the settlement of the
refuse is due to the quick degradation of the organic substances in the landfill. During this stage, the total volume
of landfill decreases quickly because of the decomposition of the organic matter in the landfill. Therefore, the
second stage is an instability stage. The settlement occurring in the third stage is due to the slow degradation of
refuse. In this stage, the refuse is gradually stabilized and
the settlement changes of landfill become smaller and
smaller [45].

FIGURE 9 - Gompertz model for Si/St ratio in aerobic reactors.
3.4. Settlement

The rate and the magnitude of landfill settlement depend primarily on the waste composition, operational practices and factors affecting biodegradation of landfill waste
[24]. Previous studies have reported that the settling rates
of a landfill followed, with good agreement, the COD
release in the leachate [51]. Therefore, the settlement of
landfill is an important aspect of the stabilization process.
Settling process can be divided into three stages. The
highest rates of MSW settlement occur during the first
period when MSW contains the maximum biodegradable
organic matter [9]. During the first stage, the settlement is
due to the self-weight pressure. In this stage, the settling
rate becomes slow gradually because of the increase of re-

Tables 4 and 5 show the changes of MSW settlement
during the experimental study. The results demonstrated
that the total volume of the landfill reactors decreased
over time as expected. The effective volume of the reactors was 0.113 m3. The settlement amount in the aerobic
reactors was determined by measuring the height and
weight of the wastes landfilled in the reactors at the beginning and at the end of the study. By the end of the
study, volumetric reduction was calculated to be 0.059;
0.079; 0.064 and 0.074 m3 for R2, R3, R4 and R5 reactors, respectively. MSW settlement was determined to be
52, 70, 57 and 65% on the volume basis for R2, R3, R4
and R5 reactors, respectively. Dry weights of waste landfilled in the reactors were determined to be 6.8 kg at the
beginning of the study. After 150 days of operation, dry
weight of the wastes in the R2, R3, R4 and R5 reactors
were found to be 2.7, 1.7, 2.5 and 1.1 kg, respectively.
Solid waste settlement on mass basis was calculated to be
60, 75, 63 and 84% for R2, R3, R4 and R5 reactors, respectively. Settlement in anaerobic reactor was not measured because biodegradation was not finished at the end
of the study.

TABLE 4 - Settlement and volumetric reduction in aerobic reactors.
Reactor
R2
R3
R4
R5

Settlement (cm)
47
63
51
59

Volumetric reduction (m3)
0.059
0.079
0.064
0.074

Volumetric reduction (%)
52
70
57
65

TABLE 5 - Settlement and mass reduction in aerobic reactors.
Reactor
R2
R3
R4
R5

Dry weight at the beginning of the
study (kg)
6.8
6.8
6.8
6.8

Dry weight at the end of the
study (kg)
2.7
1.7
2.5
1.1

4. CONCLUSIONS
In the present study, experimental results of pilotscale anaerobic and aerobic landfill reactors with leachate
recirculation were presented. The effect of aeration rate
was investigated by means of leachate quality (pH, alka-

Mass reduction as dry
weight (%)
60
75
63
84

linity, conductivity, chloride, chemical oxygen demand,
biological oxygen demand, total Kjeldahl and ammonia
nitrogen, and landfill settlement at four different aeration
rates of 0.1, 0.3, 0.6 and 1.0 L/min kg. Based on the analysis of leachate composition and solid waste settlement,
no significant effect of the aeration rate on the variations of
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pH, chloride, alkalinity, COD, BOD5, TKN, and NH3-N
parameters was observed. After 75 days of operation,
COD reduction was >80% in all of the aerobic reactors
reaching more than 85% at the end of the experiment.
BOD5 removal efficiencies of R2, R3, R4 and R5 reactors
were determined to be >95%. Changes of COD and BOD5
decrease in leachate during aeration were similar at all
aeration rates. Results suggest that nitrification and denitrification occurred simultaneously in the aerobic landfill
bioreactors. Therefore, aeration can enhance the transformation and removal of nitrogen. Total nitrogen removal
efficiencies obtained in R2, R3, R4 and R5 reactors were
47, 69, 64 and 58%, respectively, while ammonium removal efficiencies were determined to be 63, 70, 85 and
86%, respectively. It can be seen from the results that no
considerable differences were observed in TKN and ammonium removal in the aerobic reactors operated with different
aeration rates. It was also concluded that the MSW settlement had reached 52, 70, 57 and 65% on volume basis,
and 60, 75, 63 and 84% on mass basis for R2, R3, R4 and
R5 reactors, respectively, at the end of the experiment due
to the biodegradation of the organic matter in solid waste.
The results show that leachate recirculation with aeration
could enhance and accelerate the conversion and stabilization of solid waste and the lowest aeration (0.10 L/min kg
waste) rate was the most viable one. Further studies should
be extended to determine the optimum aeration rate on
waste stabilization (<0.10 L/min kg waste).
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PRESENCE AND DISTRIBUTION OF
TOXIC TRACE ELEMENTS IN WATER AND SEDIMENTS OF
THE SOUTHERN TOGO RIVERS WATERSHED, WEST AFRICA
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ABSTRACT
The Haho, Mono and Zio Rivers watershed covers
about 3000 km2 of southern Togo in West Africa and is
important to both recreational and other activities such as
fishery, irrigation in the region. In order to assess current
water and sediment quality conditions, distribution of various
trace metals and heavy metals were determined in river
sediments at 23 sampling stations in the watershed. Concentrations of selected heavy metals (As, Cd, Co, Cr, Cu,
Ni, Pb, Se, and Zn) in surface and core sediments sites in
Lomé coastal region were studied in order to understand
metal contamination due to industrialization, urbanization,
and economic development in Lomé. Sediment and water
samples were collected in summer 2008. Trace metals and
heavy metal concentrations in surface sediments varied
from 0.130-0.829 mg/kg for As, 16-125 for Ba, 0.0160.121 mg/kg for Cd, 3 to 23 mg/kg for Co, 11 to 26
mg/kg for Cr, 3 to 23 mg/kg for Cu, 3-7 mg/kg for Pb, 5
to 44 mg/kg for Ni, 0.063-0.0425 mg/kg for Se, 10 to 35
for Va, and 6 to 26 mg/kg for Zn. The metalloids antimony as well as beryllium, silver, mercury, thallium, and molybdenum showed a value of <2 mg/kg or little variation
with regard to base line concentration. The concentration of
arsenic in water samples was varied from 3.0 to 6.46 ppm
for arsenic in Lake Togo, 3.0 to 4.9 ppm for Mono River
samples, 3.4 to 4.0 ppm for Zio River, 3 to 5.92 ppm for
Haho River. According to EPA arsenic permissible level
[0.1 mg/l] these values show a 31% up to 65 % increase
above MCL. The lead average concentrations in water
samples were found to be high but they varied. Lead was
recorded higher in samples from Haho and Mono Rivers
(samples H1[0.04 mg/l], LT10 [0.1 mg/l] and M5[0.5
mg/l]and Z3 [0.07mg/l]). Comparing these values to EPA
[MCL0.015 mg/l] the water samples showed a 25% up to
700 % increase above MCL in some locations.
Index of Geo-accumulation (IGeo) were calculated to
assess whether the concentrations observed represent background or contaminated levels. The highest levels of metals
* Corresponding author

were found to be at the confluence of the Mono and Haho
River streams, indicating the impact of the effluents of the
industrial activity as well as hazardous waste dumping in
the vicinity of Lomé and other big cities along the rivers.
The arsenic retention in the sediments was highly variable
and controlled by local processes as a result of the natural
weathering process of metamorphic bedrock. Results indicated that the potential toxicity of marine environment
can cause adverse biological effects to the biota directly
and the human health indirectly through food web chain.

KEYWORDS: Heavy metals, sediments, geochemical assessment,
arsenic speciation

1. INTRODUCTION
Unlike many organic contaminants that lose toxicity
with biodegradation, metals cannot be degraded further
and their toxic effects can be long lasting. While their concentrations in biota can increase through bioaccumulation,
heavy metals are also known to have toxic effects at very
low concentrations [1]. Sediments play a useful role in the
assessment of heavy metal contamination in aquatic environment. In unperturbed environments, heavy metals are
preferentially transferred from the dissolved to the particulate solid phase and as a result metal concentrations in
sediments are generally much higher than in the overlying
water and therefore more easily detected. The advantage
of using sediments is that the analytical problems associated
with the detection of low but significant amounts of metals
in water do not have to be addressed. Also, continuous
monitoring of water is not necessary as sediment concentrations indicate contamination loads over longer periods
of time. Heavy metals occur in the environment both as a
result of natural processes and as pollutants from human
activities. Contamination of the aquatic environment by
metals has risen in recent years due to population increase
and industrial development [1]. The contamination of rivers
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by heavy metals and the different kinds of pollution is a
serious environmental concern. Research efforts have
focused primarily on salt marshes, estuaries and coastal environments since these highly productive and sensitive areas
are often directly and most seriously affected and exposed
to environmental problem because of their proximity to
sources of pollution. Nevertheless, in recent years effluent
discharges have been reduced considerably and the main
concern has therefore shifted from the impact of direct
loading to possible effects of contaminants in the sediment
caused by these discharges [2]. Metals tend to accumulate
in sediments from where they may be released, moving up
through the food chain [3, 4]. Sediments in river react as
traps for pollutant elements, especially for trace elements.
Also, they can be a source of contaminants [5]. Little is
known about the bioavailability of metals associated with
sediments. However, it is becoming increasingly important
to understand metal accumulation within food chain, because once these heavy metals reach human, they may
produce chronic and acute diseases. Various estuarine and
coastal species have been studied with respect to their
differing abilities to concentrate certain metals and the
effects that metal exposure can produce on them [6]. This
study focuses on concentrations of major heavy metals
that were extracted from the stream sediments located along
a stream system in a populated region of southern Togo.
Stream sediments were used because heavy metal concentrations become selectively enhanced within geochemical
phases in sediments.
2. MATERIALS AND METHODS
2.1. Description of study area

The Zio, Mono, and Haho Rivers originate from northern Togo and enter the Atlantic Ocean through various
residential and industrial regions near Lomé, the capital of
Togo. Rivers originates in mountainous regions with valleys covered with savanna forests in the north. The Zio
River with a length of 167 originates from Agou Mountains, SW of Togo and contains 162km2 watershed with
an average discharge of 5-6 m3/s [7]. The Haho River with
a length of 199 km length is second largest river in Togo
with average discharge of 6-7 m3/s. The Haho River enters the Lake Togo through NE of Lomé. After flowing
through a network of connected lagoons and inlets, it flows
into the Atlantic Ocean. The Mono River is the largest
river with a length of 500 km, a watershed of 21,300 km2,
and an average of flow rate of 10-38 m3/sec. This river is
shared by Benin and Togo in east, which originates from

Northern Togo and flowing to the SE of Togo and continues flowing to Benin, the neighboring country (Table 1).
On the condition that access is gained to the fringes
of this river, recreational grounds or areas near rivers can
be accounted as attractive regions. These rivers are one of
the important nourishing rivers for species in ocean as
well as sediments discharge.
With population growth near rivers, pollutants from
industries are discharged into rivers and brought to the estuaries via fluvial transport. Most pollutants are discharged
from agricultural activities and some local industries.
2.2. Sample collection

Prior to the fieldwork and sediment and water sampling, the containers or plastic jars were washed with 1-N
HCl. Then they were rinsed with deionized water for removing dust or any potential contamination. For water
samples bottles, 100 ml–polyethylene bottles were acid
washed with 1N hydrochloric acid in lab, labeled and
rinsed with deionized water, capped and placed in plastic
bag. Water samples were collected in 23 sites of the Haho
(including Lake Togo), Mono and Zio Rivers (Figure 1).
The same sampling locations were chosen for water and
sediments in Lake Togo (LT1-LT12 and LTc1-LTc12;
letter “c” stands for “core” samples).
The project used fine grained silt and clay sediment
samples (sieved PE-mesh of 63 µm to restrict the grain
size) for consistency in measured concentration. Sediment
samples were collected in 23 sites of the three rivers. The
samples were wet sieved and the sediments smaller than
63 µm were saved for chemical analysis. The sediments
were transported to Los Angeles. Higher heavy metal concentrations are generally found on smaller grains of sediment because of the higher surface area to grain-size ratio
[8].
At the time of sediment sampling simultaneously 23
water samples were collected from river waters and lakes
from the same location according to the National Field
Manual for the Collection of Water Quality Data [9].
2.3. Chemical extraction and analytical methods

Sediment extraction and analytical methods: They were
tested at the American Environmental Testing Laboratory
Inc. in Burbank, CA, USA. The method 6010B/7000CAM
Title 22 Metals (SW-846) was used for all sediments samples [10]. Arsenic, cadmium and selenium concentrations
were determined using ICP-MS (Method 6020B) [10].

TABLE 1 - Hydrological characteristics of Rivers in the coastal basin of Togo [6].
River

Length

Watershed area

Flow rate

Tributaries

Origin

Mono
Zio
Haho

500 km
176 km
199 km

21 300 km2
2 800 km2
No data avail.

38-10 m3/s
6 m3/s
7 m3/s

Amou, Anié, Ogou, amoutchou
Petits affluent
Lili et Yoto

Mountains Tchaoudjo
Mountains Togo
Mountains Atakora
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FIGURE 1- Map of sediment and water sampling locations. Sampling locations is shown as H for Haho River samples (H1, H2, and H3), LT
for Lake Togo (or Lac Togo) Samples (LT 1-12 ; and LT-c1-LTc8), M for Mono River samples (M1-M5), and Z for Zio River samples (Z1,
Z2). LT or Lake Togo samples are 2 groups, where were taken in the same location, one LT -SS (surface sediment) and second LT-C or Lake
Togo Core samples. The later were taken from depth of 10-180 cm every 20 cm interval and were not shown here on the above map. Water
samples and sediment sampling locations are the same. The water samples were collected from surface.

FIGURE 2- pH and Temperature (oC) variations of water for Zio, Haho, Lake Togo, and Mono Rivers at various stations. (n=23)

Analyses for water samples were conducted at University of Lomé, (UL) Togo using AAS (Thermo Orion).
Calibration was carried out daily with freshly prepared As,
Cd, and Pb standards. Different standards include 0.1, 0.5,
1, and 2 ppm.

3. RESULTS
3.1. pH/temperature fluctuations

The pH results for 23 samples showed little variation
upstream and downstream in all 3 rivers. The individual
test near ocean showed slightly alkaline water due to

mixing of ocean water by tidal activities. The average pH
range fluctuated between 7.05 and 7.68 (Figure 2).
3.2. Heavy metal and trace element concentration

The values of heavy metals present in sediment and
water samples for the period June 2008 to September
2008 are given in Tables 2, 3 and 4. Some values were below the detection limit.
The trace metal contents of studied coastal sediments
of 3 rivers watershed were very high with values ranging
between 0.130-0.505 mg/kg for As; 16-73 mg/kg for Ba;
0.034-0.121 mg/kg for Cd; 11-24 mg/kg for Cr; 3-23 mg/kg
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TABLE 2- Analysis of Surface Sediment of Lake Togo in Southern Togo
Watershed (taken from 0-20 cm depth); BDL = Below Detection Limit [2.5mg/kg]
[mg/kg]
sample #s
Antimony
Arsenic
Barium
Beryllium
Cadmium
Chromium
Cobalt
Copper
Lead
Mercury
Molybdenum
Nickel
Selenium
Silver
Thallium
Vanadium
Zinc

LT-SS 1

LT-SS 3

LT-SS 4

LT-SS 5

LT-SS 6

LT-SS 8

<2.5
0.379
24.9
<2.5
0.121
16.2
8.3
3.65
3.3
<2.5
<2.5
19.3
0.136
<2.5
<2.5
11.2
14.8

<2.5
0.470
51
<2.5
0.055
17.8
7.25
5.5
3.05
<2.5
<2.5
20.2
0.180
<2.5
<2.5
12.4
13.6

<2.5
0.399
73
<2.5
0.094
23.6
22.9
<2.5
4.07
<2.5
<2.5
43.6
0.091
<2.5
<2.5
18.7
24.7

<2.5
0.505
56.5
<2.5
0.060
20.2
7.2
6.35
4.65
<2.5
<2.5
21.5
0.230
<2.5
<2.5
14
15.4

<2.5
0.484
16.1
<2.5
0.071
11
8.15
3.05
<2.5
<2.5
<2.5
14.8
0.133
<2.5
<2.5
10
9.95

<2.5
0.469
53.5
<2.5
0.335
17.2
6.95
5.6
3.3
<2.5
<2.5
18
0.157
<2.5
<2.5
12.4
12.4

LT-SS
12
<2.5
0.130
66
<2.5
0.455
13.3
3.25
9.2
4.35
<2.5
<2.5
11.2
0.194
<2.5
<2.5
12.3
21.9

TABLE 3 - Analysis of Core Sediment every 20 cm interval from 0 to 160 cm;
BDL = Below Detection Limit. [2 mg/kg](EPA standard and procedure CAM Title 22 Metals (SW-864).
Samples
[mg/kg]
Antimony
Arsenic
Barium
Beryllium
Cadmium
Chromium
Cobalt
Copper
Lead
Mercury
Molybdenum
Nickel
Selenium
Silver
Thallium
Vanadium
Zinc

LT-C 1
0-20
<2
0.261
40.4
<2
0.365
15.6
8.65
7
2.55
<2
<2
17.7
0.217
<2
<2
12.7
13.1

LT-C 2
20-40
<2
0.306
42.5
<2
0.445
15.1
6.35
8
2.9
<2
<2
15.2
0.285
<2
<2
11.5
13

LT-C 3
40-60
<2
0.545
39.5
<2
0.035
16.3
8.9
6.75
<2
<2
<2
19.2
0.207
<2
<2
12.4
11.8

LT-C 4
60-80
<2
0.253
46.3
<2
0.040
13.3
7.1
7.9
2.75
<2
<2
14.9
0.215
<2
<2
11.6
12.1

LT-C 5
80-100
<2
0.315
53.5
<2
0.054
16.3
11.3
10.4
3.15
<2
<2
20
0.269
<2
<2
15
14.8

LT-C 6
80-120
<2
0.350
63.5
<2
0.401
22.2
15.4
8.3
3.5
<2
<2
28.1
0.189
<2
<2
17.4
17.9

LT-C 7
120-140
<2
0.256
51.5
<2
0.035
26.7
16
7.1
3
<2
<2
28.7
0.207
<2
<2
16.5
16.5

LT-C 8
140-160
<2
0.390
74.5
<2
0.037
24.1
13.1
7.6
3.3
<2
<2
35.2
0.228
<2
<2
17
16.3

TABLE 4- Analysis of selected surface sediment of Mono, Zio and Haho Rivers in
Southern Togo Watershed [taken from 0-20 cm depth]; BDL = Below Detection Limit [2mg/kg]
[mg/kg]/ sample #s
Antimony
Arsenic
Barium
Beryllium
Cadmium
Chromium
Cobalt
Copper
Lead
Mercury
molybdenum
Nickel
Selenium
Silver
Thallium
Vanadium
Zinc

M1
<2
0.545
120
<2
0.021
17.1
9.7
10.9
5
<2
<2
10.5
0.212
<2
<2
29.1
16.3

M2
<2
0.820
40.2
<2
0.425
14.2
5.9
6.8
7.25
<2
<2
6.25
0.150
<2
<2
18.4
25.7

M3
<2
0.484
105
<2
0.19
15.6
8.4
8.6
4.4
<2
<2
8.6
0.180
<2
<2
29.7
12.3
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M4
<2
0.226
28.7
<2
<2
13.6
3.7
9
5.55
<2
<2
4.8
0.063
<2
<2
34.6
6.45

M5
<2
0.351
76
<2
0.155
14.4
7.1
7
3.6
<2
<2
7.85
0.131
<2
<2
23.7
9.9

Z2
<2
0.477
62
<2
0.021
18.5
14.5
8.05
6.7
<2
<2
9.95
0.185
<2
<2
26.1
12.5

H3
<2
0.343
125
<2
0.085
26.1
3.9
22.5
4.7
<2
<2
19.2
0.425
<2
<2
35
26.3

© by PSP Volume 20 – No 7a. 2011

Fresenius Environmental Bulletin

for Co; 3-9 mg/kg for Cu; 3-5 mg/kg for Pb; 11-44 mg/ kg
for Ni; 0.019-0.230 mg/kg for Se; 10-19 mg/kg for V and
10-25 mg/kg for Zn. The concentrations of beryllium, mercury, molybdenum, silver, thallium were analyzed but were
below the detection limit of 2.5 mg/kg. The concentration
for the selected metals in analyzed Mono River sediments
samples are presented in Figure 3. Arsenic and selenium
showed the maximum concentration for all locations. The
regional distribution of trace metals in studied river sediments indicate that the contents of Cr, Cu, Ni, Pb, Sr, V
and Zn increased downstream whereas cadmium contents
decrease downstream. The higher cadmium values were
found mostly in sampling location near areas of phosphate
mining.
There were no major changes in concentration of copper and cadmium from surface to depth of 180 cm below
the surface, whereas the arsenic, zinc and chromium showed
a slight change in the concentration range from surface to
the depth of 180 cm. Selenium also showed a very slight
change in concentration toward the depth of 180 cm. At
the depth of 40 cm the arsenic concentration abruptly increased. Comparing this value with the other values we
would consider this an anomaly.
FIGURE 3 - Concentration of arsenic, cadmium, and
selenium in different locations in Mono River watershed.

FIGURE 4 - The concentration of core samples from surface to the bottom of 180 cm (every 20 cm interval)
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FIGURE 5- Statistical analysis for different elements. Box plot representation showing variation of concentrations for trace elements
in sediments for different rivers. Error bars represent deciles (10th and 90th percentiles), and the filled squares represent the means.

Arsenic, barium, and nickel were the most abundant
elements, their concentration ranging from 0.13 to 0.82 mg/
kg for arsenic, and 16 to 125 mg/kg for barium and 4.843.6 for nickel. Chromium, cobalt, selenium, vanadium,
and zinc showed the second highest concentrations values, ranging from 11-26.7 mg/kg for chromium, 3.25-22.9
mg/kg, 3.25-16mg/kg for cobalt, 0.063-0.425 mg/kg for
selenium, 10-35 mg/kg for vanadium 6.45-26.3 mg/kg for
zinc.
In general, elemental concentrations from the sediment
samples were also different among the 3 rivers. In the Lake
Togo, values for the all samples taken from core sediments were about 1.79 greater for the most of elements.
Haho and Zio rivers also showed greater concentrations in
the samples closer to the shoreline.
3.3. Water sample analysis

The chemical analysis of water provides considerable
insight into the water quality of local lakes, rivers, ocean in
the region. The test results for lead, arsenic from 23 sample
locations indicated a higher contamination than the EPA
Maximum Contamination Limit (MCL) level [10] for all
3 rivers. Arsenic and lead average concentrations in water
samples were found to be high but they varied. Arsenic
was recorded higher in samples from Haho and Mono

Rivers (samples H1 [5.9 mg/l], LT 9 [6.46 mg/l] and M5
[4.9 mg/l]). According to EPA, the arsenic permissible
level is 0.1 mg/l. This shows 31% up to 65 % increase
above MCL (Figure 6- A).
3.3.1. Arsenic content in river water

The Haho River among the rivers in southern Togo
showed the maximum concentration (Figure 6- B).
3.3.2. Lead content in river water

Lead concentration was the highest in Haho River
samples. The Haho River flows into the Lake Togo.
Higher concentrations of lead (Pb) were found in the Lake
Togo sediments (Figure 9-right) because the clay particles, which act as carrier for this element, were transported far away from the river bed and settle on the lake bed.
The lead average concentrations in water samples
were found high but varied. The lead was recorded higher
in samples from Haho and Mono Rivers (samples H1
[0.04 mg/l], LT10 [0.1 mg/l] and M5 [0.5 mg/l] and Z3
[0.07mg/l]). According to EPA, the arsenic permissible level
is 0.015 mg/l [10]. This shows an increase of more than
25% above Maximum Contamination Level in some locations. (Figure 7 A and B)
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FIGURE 6- (A) The concentration of arsenic in waters in all water samples taken from Haho, Zio and Mono River (n=23).

Concentration (ppm)

Arsenic contamination in Water of 3 Rivers in southern
Togo
5
4
3
2
1
0
Haho

Mono

Zio

Rivers
FIGURE 6-(B) The concentration of arsenic in waters of Haho, Zio and Mono River (n=23).

FIGURE 7- (A) Concentration of Pb in water samples (n=23).
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FIGURE 7- (B) A comparison of concentration of Pb in Mono, Haho and Zio Rivers waters. The graph shows different concentration for
Lake Tog o (the mouth of Haho River) , Mono, and Zio River. The Lake Togo sediments concentration is much higher than the other two.

For these distribution patterns, physical transport by
saltation and the sorting of sediments according to the
density of particles are the most important factors. According to BRGM [7] such a distribution of trace metals
in marine sediments has been reported from other bays
and estuaries. As found in this study, the highest trace
metal contents have been found in areas with elevated
compound of fine sediment in clay fraction. The maximum
permissible concentrations of lead in drinking water, soil and
food as per US-EPA are 0.1 mg/l, 300 µg/kg and 2.5 mg/kg
respectively [10]. The average values of lead concentration in all the sediment samples were found above the limits. But in water samples, the mean value (0.005 mg/kg)
was found lower than the permissible level. The concentration of bioavailable lead with respect to the total content in
water samples was found at an average of 13 %.
3.4. Sediment analysis
3.4.1. pH

The reason for some pH functions may relate to the
kind of rocks or soil around a watershed over which runoff passes can also affect the overall pH. If limestone is
present, the alkaline rocks may neutralize the acidic water. Algal blooms may cause the water’s pH to become
more basic. As aquatic plants decompose, they release
carbonic acid into the water. Acid rain is caused by increased amount of nitrogen oxides and sulfur dioxides as
well as automobile and coal-fired power plant emissions.
Nitrogen oxides and sulfur dioxides are changed to nitric
acid and sulfuric acid when they interact with water in the
atmosphere. These acids combine with moisture in the air
and fall to the Earth as acid rain or snow. Consequently,
the pH of rain influences the overall pH of the watershed.
3.4.2. Heavy metals in sediments

Sediments are good markers for contaminant levels
since water quality may vary significantly in time and space,

sediment quality represents an average condition. Therefore, for our contaminant project, sediments are the matrix
of choice for long-term quality and trend monitoring.
With respect to interpretation of the results, concentrations are compared firstly to the NOAA Marine Sediment
Quality Guideline values (Table 5), which designates an
Effects Range Low (ERL) and an Effects Range Medium
(ERM) [12]. In the absence of a NOAA-defined ERL for
a substance, the Canadian Interim Marine Sediment Quality Guideline (ISQG) [11,12] value has been used. This
table also presents the Probable Effects Level (PEL) [12]
given by Environment Canada.
3.5. Overall sources of pollution of metals in Haho, Mono,
and Zio Watershed

There are various sources of pollution identified to
have impacts on the quality of water in southern Togo River watershed discharges from various factories along the
rivers (e.g. The TOGOTEX factory in southern Togo [13].
According to the latest report [13] this textile printing
factory discharges 600 m3/day of untreated effluents into
the water courses. These effluents are very alkaline (pH
12), poorly biodegradable and loaded with chemical pollutants. The sediment analyses revealed significant levels
of chromium and nickel downstream from the discharge
point where Mono and Haho River streams joining together. Another source of contamination is the urban
effluents from local cities along the river that are composed of runoff water, domestic wastewater and slaughterhouse effluents. The untreated discharges are dumped in a
tributary of the Haho, Mono and Zio Rivers.
3.5.1. Arsenic and Arsenic Speciation

The arsenic problem in Togo may be the combination
of three factors: a) a source of arsenic (arsenic may be present in the aquifer sediments), b) mobilization (arsenic is re-
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TABLE 5 - Sediment Quality Guidelines from NOAA (USA) [11] and Environment Canada [12]
Chemical
As
Cd
Cr
Cu
Pb
Hg
Ni
Ag
Zn

dry weight
dry weight
dry weight
dry weight
dry weight
dry weight
dry weight
dry weight
dry weight

ERL Unit
0.082 mg/g
1.2 mg/kg
81 mg/kg
34 mg/kg
47 mg/kg
0.001 mg/kg
21 mg/kg
1 mg/kg
147 mg/kg

ERM/ Unit
70 µg/g
9.6 µg/g
370 µg/g
270 µg/g
220 µg/g
0.71 µg/g
52 µg/g
3.7 µg/g
N/A

leased from the sediments to the groundwater) and c)
transport (arsenic is flushed away in the natural groundwater circulation). The arsenic concentration shows a concentration more than 50 times higher compared to EPA
standard (5µg/g or 0.005 mg/kg dry weight) [10] and
NOAA ERL (8.2 µg/g or 0.082 mg/kg dry weight) [11].
Total arsenic concentrations in sediment profiles near
shorelines varied spatially between sampling locations.
Arsenic concentrations were the lowest in sample M4
(0.226 mg/kg) and highest (0.820 mg/kg) in the surface
sediment of Mono River samples. There was no clear pattern on arsenic distribution with depth. In Lake Togo region the core sediments, concentration range was between
(minimum) 0.262 mg/kg and (maximum) 0.545mg/kg.
There was a slight change in the concentration level of
arsenic from surface to the bottom (up to 180 cm below
surface) in this region. This may indicate that arsenic can
accumulate in the sediments and in reducing sediments.
To understand the concentration of the arsenic in water we describe geology of the crystalline bedrock of Togo
along with 2 major scenarios:
3.5.1.1. Geology and Geochemistry of Southern Togo Bedrock

The Precambrian-Paleozoic crystalline bedrock of
Togo (African shield) consist of metamorphic rocks including mainly of gneiss, quartzite.
In many literatures [14], the notable arsenic concentration trends are reported in close proximity to the Precambrian-Paleozoic contact. Pyrite and hematite are the
most probable sources of arsenic in these regions. Minerals
present in the outcropping rocks that may be influencing
the chemistry of the river sediments, particularly with the
origin of high arsenic concentrations. The outcropping
rocks including the Palime-Amlame Pluton (PAP) in
southern Togo, consist of silica-rich to intermediate granitoids, including enclaves of mafic igneous rocks and geneisses. [14]. Arsenic occurs as a major constituent in more
than 200 mi-nerals, including elemental arsenic, arsenides,
sulphides, oxides, arsenates and arsenites. The greatest
concentrations of these minerals occur in mineralized
areas and are found in close association with the transition
metals as well as Cd, Pb, Ag, Au, Sb, P, W and Mo, which
were considered according to Agbossoumonde et al. [14]

ISQG/Unit
7.24 µg/g
0.7 µg/g
52.3 µg/g
18.7 µg/g
30.2 µg/g
0.13 µg/g
N/A
N/A
124 µg/g

PEL/Unit
41.6 µg/g
4.2 µg/g
160 µg/g
108 µg/g
112 µg/g
0.7 µg/g
N/A
N/A
271 µg/g

as trace-element and rare-earth element chemistry for
granitoids from PAP. The weathering and erosion of
bedrock may have released these minerals. The arsenic
retention in the sediments is highly variable and controlled by local processes as natural weathering of silicarich to intermidiate granitoids bedrock. Arsenic concentrations in metamorphic rocks tend to reflect the concentrations in their igneous and sedimentary precursors. Most
contain around 5 mg kg-1 or less. Metamorphic rocks
(gneiss, slates, phyllites) typically have the highest concentrations with an average of 18 mg kg-1[15]. The heavy
metals analyzed (Pb, Cr, Cd and Ni) were detected in
most of the sites because they may be related to traffic
[16].
Scenario # 1:
Arsenic can be strongly adsorbed by iron and aluminum oxides minerals in oxidizing environments and in
reducing sediments [18]. As(III) can form insoluble precipitates with sulfides [18]. Chemical equilibrium modeling
indicates that orpiment (As2S3) is likely to form at high
arsenic and sulfide concentrations in saline and alkaline
conditions [19]. Arsenic concentration in the core sediments
samples in Lake Togo (LTc1-LTc8) showed buried surface sediments, with peak arsenic concentrations occurring
at 10 cm depth intervals (in 10-180 cm). The elevated arsenic concentration in lake sediments indicate that the
sediment serves as a sink for arsenic. Soluble arsenic compounds or arsenic-sulfide complexes may be possible in
reducing environments [20,21], and such arsenic complexes
may be present within the study area and may contribute to
enrichment of soluble arsenic. How much of a role these
mechanisms play in affecting the fate of arsenic in drainage disposal requires further examination on arsenic speciation in sediments as well as their transformation and partitioning dynamics.
Arsenic here generally may not be controlled by iron
and iron hydroxide as usual instead we can find evaporate
minerals might be found in river system in southern Togo
due to a high rate of evaporation during the dry season period. High salt concentrations may also occur in dry season
when evaporated irrigation waters are returned to the
rivers. In soil and sediment of mining activity the phosphate may play a role for arsenic concentration increase.
Phosphate enhances the mobility of arsenic in well-aerated
soils by competing for adsorption sites [22]. Re-aeration of
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flooded soils changes the oxidation state of arsenic and
extent of arsenic sorption. Flooding and drying soils enhances the extent of arsenic sorption [23, 24].

mobilization of arsenic in wet season. The groundwater
carrying dissolved arsenic may be introduced to the surface through gaining or effluent streams.

Scenario # 2:
Two possible hypotheses for causing of arsenic contamination in groundwater

3.5.2. Barium

(1) Pyrite Oxidation Hypothesis
According to Fazal (2001) [25] arsenic is assumed to
be present in certain sulfide minerals (pyrites) that are
deposited within the aquifer sediments. Due to the lowering of water table below deposits (in dry seasons), arsenopyrite oxidized in the vadose zone releases arsenic, which
is adsorbed on iron hydroxide. During the subsequence recharge period (wet seasons), iron hydroxide releases arsenic into groundwater. According to this hypothesis, the
origin of arsenic rich groundwater is as a part man-made
(by extensive irrigation) or naturally occurring phenomenon
(change of wet/dry period), which is a recent phenomenon.
The intensive irrigation development in dry season might
help to lower groundwater table supporting the above hypothesis.
(2) Oxy-hydroxide Reduction Hypothesis
Arsenic is assumed to be present in alluvial sediments
with high concentrations in sand grains as a coating of
iron hydroxide. The sediments were deposited in valleys
eroded in the delta when the stream base level was lowered due to the drop in sea level during the last glacial
advance.
The organic matter deposited with the sediments reduces the arsenic bearing iron hydroxide and releases
arsenic into groundwater. According to this hypothesis,
the origin of arsenic rich groundwater is due to a natural
process, and it seems that the arsenic in groundwater has
been present for thousands of years without being flushed
from the continental terminal sediments [26].
Overall, the elevated concentrations of arsenic stem
from its high natural background in the region mostly Precambrian metamorphic and magmatic rocks. Geochemical
prospecting has covered most of the country and several
areas have been highlighted for potential diamond, gold
mined base metal deposits. Togo produces minor
amounts of gold and diamonds from artisanal workings.
Dissolved arsenic is believed to be derived from mineralized zone [27]. According to Boyle and Jonasson (1973)
[15], arsenic concentrations in metamorphic rocks tend to
reflect the concentrations in their igneous and sedimentary precursors. Most contain around 5 mg/kg or less. Metamorphic rocks such as slates and phyllites, typically
have the highest concentrations with an average of ca.
18 mg/kg. The arsenic retention in the sediments is highly
variable and may be controlled by local processes as a result of natural weathering of crystalline bedrock. The local
processes such as Fe precipitation of streambed might
scavenge arsenic from system. The elevated concentrations
in post mining activity region results in flushing and re-

The distribution of barium in the sediments of Lake
Togo Surface Sediments was recorded between minimum
16 to 73 mg/kg. There are several sampling sites in the
lower part of the Haho and Mono Rivers with anomalous
high levels compared to other locations. The highest concentration, 73 mg/kg was found in samples LT-SS4, M1
(120 mg/kg) and H3 (125 mg/kg), however this is not an
element of concern with respect to environmental toxicity.
One reason for higher concentration of Barium in these
locations could be explained by a high clay content in bed
rock sediments in the phosphate mining region.
3.5.3. Cadmium

The maximum permissible levels of cadmium in drinking water, soil concentrations never exceed the NOAA
ERL value of 0.012 mg/g [11,12]. The cadmium concentration in water samples collected from Zio, Haho and Mono
Rivers in southern Togo was much below the permissible
limit. It was found that an average value (0.069 mg/kg) of
cadmium in the sediment samples is much above the
permissible levels. Digenetic condition was the most
important factor for distribution of cadmium in Lake
Togo samples from surface to the depth of 180 cm below
the surface. There was no significant change in the concentration level from surface to the depth of 180 cm.
3.5.4. Chromium

The maximum permissible level of chromium in drinking water/sediment according to the NOAA ERL value is
81mg/kg [11,12]. From average values, it was found that
all the samples collected from the three sources contained
chromium above the permissible levels. The water samples were not measured for chromium concentration. The
sediment analyses revealed significant levels of chromium
and nickel downstream from the discharge point of the
printing and textile factory in the watershed.
3.5.5. Copper

The range varied between 3 and 9 mg/kg in sediment
samples. The permissible concentrations of copper in soil
and sediments are 34mg/kg according to the NOAA ERL
[11,12]. It was found that all the samples collected were
above the copper contamination limit.
3.5.6. Lead

The excessive lead concentration in water as well as
sediment samples may originate from the long years usage of leaded gasoline and leakage of these pollutants into
the surface water and sediments. The lead concentration
in water was increased following rain and precipitation in
some sampling locations. The levels never exceeded the
NOAA ERL value of 47 mg/kg [11,12].
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3.5.7. Mercury and Molybdenum

The results of mercury and molybdenum show that
both are below detection limit in sediment samples.
3.5.8. Nickel

The NOAA ERL [11,12] (21 mg/kg) was always exceeded and Ni concentrations were higher than the ERM
(52 mg/kg) values at several sites. The highest concentrations were found near the mouth of the Haho River at the
Lake Togo. The elevated content reflects a high natural
background, but could be augmented though mining activities and or the point source pollution from textile industry.
3.5.9. Selenium

Selenium values were all above background level [10]
(EPA, 0.05 mg/kg). Lake Togo surface samples (LT-SS)
showed a range of 0.091-0.194 mg/kg. The Lake Togo
core samples (LT-c) showed higher concentration (0.1890.285 mg/kg). The Mono river sediment samples (M1-M6)
showed a range of 0.063-0.212 mg/kg. Samples from Zio
River (Z2) and Haho River (H3) showed the highest concentration with 0.477 mg/kg and 0.343 mg/kg respectively.

tions of a given substance in the environment as well as
very small anthropogenic influences. The index of geoaccumulation provides a simple and quick method to determine the “extent of pollution” in a lake or river bed sediment by means of the trace element load in sediments
above background values, but it does not give further information to the mobilization and bioavailability of the
trace element [29]. The Igeo value reflects the degree of
contamination of the sediments by a metal.
The value of the geoaccumulation index is described
by the following equation:

where:
Cn - arsenic content in tested soil,
Bn - background content; here the average arsenic
content in the earth crust of 1.5 mg/kg kg [30].
The interpretation of the obtained results is as follows:
TABLE 6- Index of Geo-accumulation for arsenic,
cadmium and selenium comparing their intensity.

3.5.10. Vanadium

This transition metal was found in different sampling
regions. Among Lake Togo core sample LT-c7 showed
the highest (17 mg/kg) and the LT-c2 showed the lowest
concentration (11.5 mg/kg).
The Haho River sediment sample (H3) showed the
highest concentration level (35 mg/kg). Most likely the
source of contamination would be the industrial activity
along the river and non point sources as industrial run off.

If

Igeo≤ 0

If

0 < Igeo<1

uncontaminated to moderately contaminated

If

1 < Igeo<2

moderately contaminated,

If

2< Igeo<3

moderately to heavily contaminated,

If

3 < Igeo<4

heavily contaminated,

If

4 < Igeo<5

Heavily to very heavily
contaminated,

If
3.5.11. Zinc

The zinc concentration is overall higher in all locations. In Lake Togo core samples, there is a significant increase in the concentration of zinc from surface to the depth
of 180 cm. The concentration at site H3, with 26 mg/kg,
exceeded the Canadian Interim Marine Sediment Quality
Guideline (ISQG) value (124 µg/g) [11,12]. The major
source of this metal is the electronic parts and automotive
parts and other solid waste get discharged to rivers and
their tributaries.

As
Cd
Se

practically uncontaminated,

Igeo≥1
Haho
River
3
4
4

Very heavily contaminated.
Lake
Togo
3
4
3

Mono River

Zio River

4
3
2.5

4
2
3

The index of geoaccumulation shows that the water
and sediments of Lake Togo, Zio and Haho Rivers are
moderately to strongly contaminated with arsenic.
4. CONCLUSION

3.5.12. Geoaccumulation factor (Igeol)

The assessment of sediments enrichment with elements can be carried out in many ways. The most common ones are the index of geo-accumulation and enrichment factors. A quantitative measure of metal pollution in
aquatic sediments was introduced by [28], which is called
the “Index of Geo-accumulation”. Numerous researches
have employed it to assess the contamination of soils and
sediments. It determines contamination by comparing current metal contents with pre-industrial levels. The content
accepted as background is multiplied each time by the
constant 1.5 in order to take into account natural fluctua-

The Zio, Hao and Mono Rivers watershed in southern
Togo are located essentially in the Togolese territory. It
includes a complex system of wetlands (brackish coastal
lagoons and flood plains) which represents the main freshwater inflow. We collected sediment and water samples
from Zio, Hao and Mono Rivers in southern Togo and carried out reconnaissance chemical analysis in order to evaluate their chemical characteristics and possible source of
contamination in their environment. The following conclusion may been drawn from the results of this study: The
surface water and river sediments of Haho, Mono and Zio
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rivers as well as Lake Togo contain relatively high levels
of potentially toxic metals such as Cd, Cr, Cu, Ni, V, U,
and Zn. In sediment samples apart from Barium, other
metals concentrations did not vary much. The concentration of arsenic in water samples was varied. According to
EPA arsenic permissible level (0.1 mg/l), these values show
a 31% up to 65 % increase above MCL. The lead average
concentrations in water samples are found high but varying. The lead was recorded higher in samples from Haho
and Mono Rivers. Comparing these values to EPA (MCL
0.015 mg/l) the water samples show a 25% up to 700 %
increase above MCL in some locations. One possible
source of lead in water may be the use of unleaded gasoline in Togo until 2005. Through calculation of Igeo anthropogenic activities were shown to be the main source
of the contamination input in the rivers environment. The
non-point source pollution gets to the marine ecosystem
by means of rivers and their tributaries. The highest levels
of metals were found to be at the location where Mono and
Haho River streams joining together, indicating the impact of the effluents of the industrial activity as well as
hazardous waste dumping in the vicinity of Lomé. The
average concentrations of metals in water example arsenic
and lead are found varying but not in many areas. However, the water samples from different location showed
high concentrations in arsenic and lead particularly at the
confluence of Haho and Mono Rivers as it was stated for
contamination of sediment. The arsenic retention in the
sediments is highly variable and may be controlled by local
processes such as weathering of metamorphic bedrock.
Hence, it becomes necessary that the waste management
should be properly maintained for the future generation.
Besides, diversion of sewage lines and stopping of waste
disposal into rivers and estuaries would help to reduce
deterioration of water quality and for the survival of rare
varieties of plants, species in water, human and vegetation. Thus, the current situation represents a serious threat
to the regional marine ecosystem and to human health
through the food chain.
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