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EFFECTS OF BROWN COAL, SLUDGE, THEIR MIXTURES AND
MINERAL FERTILISATION ON COPPER AND ZINC CONTENTS
IN SOIL AND ITALIAN RYEGRASS (Lolium multiflorum Lam.)
Barbara Symanowicz and Stanisław Kalembasa*
Soil Science and Plant Nutrition Department, Siedlce University, 14 Prusa street, 08-110 Siedlce, Poland

ABSTRACT

are not exposed to considerable concentrations of heavy
metals in oder to protect the human food chain.

A three-year pot experiment was conducted by the
random method. The aim of the study was to determine
the changes of copper and zinc contents in organic materials in both soil and Italian ryegrass (Lolium multiflorum
Lam.), caused by the use of brown coal, sludge and their
mixtures, as well as NPK fertilization. The total content
of Cu and Zn in organic materials in soil and dry matter of
the grass was determined by ICP-AES on an emission
spectrometer with inductively excited plasma, after their
previous dry mineralization. The average copper content
in dry matter of Italian ryegrass (Lolium multiflorum
Lam.) was 15.4 mg kg-1 d.m. and that of zinc 105.9 mg .
kg-1 of d.m. The highest copper content was found in dry
matter of the test plant in plots where sludge from Drosed
(sewage from a slaughter and processing of poultry meat
factory) and sewage sludge from a mechanical – biological sewage treatment plant in Siedlce was used, whereas
the highest zinc content was found on the plots where
sludge from Siedlce was used.
KEYWORDS: brown coal, waste activated sludge, Italian
ryegrass, copper, zinc

1. INTRODUCTION
Insufficient production of natural fertilizers and systematic decrease in organic matter content in soils of Poland has forced researchers to seek for other sources of
organic matter, including brown coals and sludge [1-4]. In
some EU countries, the use of sewage sludge as organic
fertilizer [5] is encouraged because of its organic matter
content and concentration of some plant nutrients, for example microelements. On the other hand, sewage sludge
might contain some heavy metals, such as Zn and Cu, which
very often cause environmental contamination. Therefore,
by the utilization of sewage sludge, all these aspects must
be taken into consideration, especially that grazing animals
* Corresponding author

The availability of heavy metals applicated in the soil
with the mixture of sewage sludge and brown coal depends
on different factors i.e. soil pH or SOM (soil organic matter) content. The problem of heavy metals is usually more
important in soils which have low pH values. Moreover,
the influence of soil pH may be greater on the availability
of heavy metals applicated with different residues from
agriculture, industry and municipal husbandry than of that
being native in soil.
The waste materials mentioned above are also a source
of macro- and micro-nutrients [1, 6]. They can be used in
the fertilization of some plants, provided they do not contain harmful amounts of heavy metals and are not affected
by sanitary infection [3, 7]. Copper and zinc are among the
trace elements necessary for animals and plants, but they
are also included in the heavy metal group [8]. Their content in soil and plants should be carefully monitored because potentially lethal levels can be achieved in animal
diets without any observable effect on the plants [9, 10].
Molybdenum is a typical example of this [11]; its content
in fodder may be low (less than 0.5 mg kg-1 d.m.), yet it
may have a toxic effect of Cu in sheep, even at its normal
levels (8-10 mg kg-1 d.m.) [12].
The decrease of heavy metal availability from sewage
sludge applicated to soil with low pH, especially on acid
soil in the mixture with brown coal, is not well-known
and has not been extensively studied.
The aim of this study was to determine changes in Cu
and Zn contents of organic materials, in soil materials used
in pot experiments, and in the biomass of Italian ryegrass
(Lolium multiflorum Lam.), caused by brown coal, sludge
and their mixtures as well as NPK fertilization.
2. MATERIALS AND METHODS
A three-year pot experiment was conducted by a random method against a control (loamy sand - LS) in three
replications. The soil material used in the experiment had
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the following physicochemical properties: pH in KCl mol
dm-3 – 7.0, Corg. – 9.2 g kg-1, Nog. – 0.74 g kg-1, Hh – 29.2
mmol(+) kg-1, S – 15 mmol (+) kg-1, available P, K and
Mg in soil (mg kg-1) – 59.0; 106.3 and 29.1, respectively.
Total Cu in soil was 8.69 mg kg-1, and hat of Zn 37.8 mg
kg-1 d.m. The brown coals (often called soft) from Sieniawa
and Konin which have low energetic values are classified
as wastes. In this experiment, activated sludges from sewage purification plants, municipal-industrial sewage at
Siedlce, wastes from Drosed factory (sewage from slaughter and processing of a poultry meat factory) and Łuków
(municipal sewage and sewage from a meat processing
factory) were used. The chemical composition of materials used in this experiment: brown coal from Sieniawa pH in KCl mol dm-3 – 7.1, Corg. – 569.7 g kg-1, Nog. – 6.5 g
kg-1, brown coal from Konin - pH in KCl mol . dm-3 – 6.8,
Corg. – 541.0 g kg-1, Nog. – 6.2 g kg-1, sludge from Siedlce
- pH in KCl mol dm -3 – 5.2, C org. – 330.0 g kg-1, N og. –
50.8 g kg-1, sludge from Drosed - pH in KCl mol dm-3 –
5.4, Corg. – 310.0 g kg-1, Nog. – 55.4 g kg-1, sludge from
Łuków - pH in KCl mol dm-3 – 5.0, Corg. – 337.0 g kg-1, and
Nog. – 57.0 g kg-1.Waste brown coal, sludge, their mixtures
(ratio of 1:5) and manure were added to pots filled with
soil (8 kg) at 7.5% (0.6 kg) of the soil mass in a pot. Mineral fertilization was also applied as polifoska 8 (before
sowing) and ammonium nitrate applicated after first and
second cuts at the ratio of 1:1:1 (N:P:K) per pot. Seeds of
Italian ryegrass (Lolium multiflorum Lam.), variety Kroto,
were sown (1 g per pot). The grass was harvested four
times each year. The samples were dried and ground.
After the experiment was completed, soil samples were
taken, dried and sieved through a 1-mm sieve. Plant samples (1 g) and soil samples (3 g) were weighed into porcelain crucibles (in three replications) and mineralized in a
muffle furnace at 450 °C. The temperature of the mineralization process was gradually increased from 100 to 450 °C,
by 100 °C every hour. Whenever the samples were not

completely oxidized, H2O2 was added. After the crucibles
were cooled down, 5 ml of HCl diluted with water (ratio
of 1:1) was added. After carbonates were decomposed
and silica was precipitated, the deposit was evaporated to
dryness. Subsequently, the ash was treated with 10 ml of
10% HCl and filtered through a hard filter to a 100 cm3
calibrated flask with deionized water. The prepared materials were then used for ICP-AES determination of Cu
and Zn using an emission spectrophotometer with inductively coupled plasma, manufactured by Perkin Elmer
(Optima 3200 RL) [13].
The results were worked out statistically by analysis of
variance (F – Fisher-Snedecors test). If significant differences were found, Tukey’s test was applied at the significance level of p = 0.05.
3. RESULTS AND DISCUSSION
Changes in soil pH during the experiment (before and
after) are presented in Table 1. Average values of pH (in 1
mol dm-3 KCl) of the soil used in the experiment were
within the “acidic to neutral” range. The highest pH was
determined in control soil with added sludge. When a mixture of brown coal from Sieniawa and sludge from Siedlce
and a mixture of brown coal from Konin and sludge from
Siedlce and Łuków were used, the soil pH remained at a
constant level. On the other plots, it gradually decreased
in subsequent years.
The components used in the experiment contained
variable amounts of copper and zinc (Table 2). The lowest
amount of Cu and Zn was found in brown coal from Konin (Cu – 5.7mg kg-1 d.m., Zn – 5.8 mg kg-1 d.m.). The
levels of Cu and Zn found did not exceed the highest
acceptable values for those materials [3, 7]. The highest
levels of Cu and Zn were found in sludge from Łuków.

TABLE 1 – The values of pH in subsoil samples in particular objects before the beginning and ending of the experiment.

1. Control (loamy sand)
2. Brown coal from Sieniawa

pH in 1 mol KCl dm-3
Before beginning the
researches
7.0
6.2

After ending
researches
6.9
5.4

3. Brown coal from Konin
4. Sludge from Siedlce
5. Sludge from Drosed

6.6
6.9
6.5

5.9
6.9
6.4

6. Sludge from Łuków
7. Brown coal from Sieniawa + sludge from Siedlce

6.9

6.4

5.8
6.5
6.2

5.8
5.8
5.7

5.9
6.9

5.9
6.1

6.0
5.6

6.0
5.9

Objects

8. Brown coal from Sieniawa + sludge from Drosed
9. Brown coal from Sieniawa + sludge from Łuków
10. Brown coal from Konin + sludge from Siedlce
11. Brown coal from Konin + sludge from Drosed
12. Brown coal from Konin + sludge from Łuków
13. Farmyard manure
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TABLE 2 - The contents (mg . kg-1 d.m.) of copper and zinc in soil material, brown coals, waste activated sludges and FYM (farmyard manure) used in the experiment.
Content (mg kg-1 d.m.)
Copper
Zinc
8.6
37.8
7.0
56.2
5.7
5.8
36.0
218.4
39.4
241.3
55.6
754.3
25.8
139.0

Component
Loamy sand
Brown coal from Sieniawa
Brown coal from Konin
Sludge from Siedlce
Sludge from Drosed
Sludge from Łuków
Farmyard manure
d.m. = dry matter

45
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Objects (according to table 1)
Before the experiment
After the experiment
FIGURE 1 – The content of copper (in mg . kg-1 d.m.) in soil material before and after the experiment (LSD0.05 for: objects before the experiment – 0.8; objects after the experiment – 0.9).
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FIGURE 2 – The content of zinc (in mg kg-1 d.m.) in soil material before and after the experiment (LSD0.05 for: objects before the experiment –
2.1; objects after the experiment – 1.1).
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Copper and zinc levels in soil before and after the experiment are shown in Figs. 1 and 2. The addition of
waste organic matter (brown coal, sludge, their mixtures
and FYM-farmyard manure) to soil evidenced increasing
Cu and Zn levels in the first year but decreasing trends in
the samples taken after ending of experiment. Considerable amounts of the micronutrients may have been introduced to the soil with the mineral fertilizers (polifoska).
After the end of the experiment, Cu and Zn in soil were
on low level because both elements were taken by the
tested plants. Cu and Zn levels found in loamy sand (control plot) have been confirmed in other studies [14].
The high levels of the elements in soil after the threeyear experiment cycle may indicate the possibility of
using such substrates for further studies when the basic
mineral fertilization is supplemented.
Table 3 shows the changes in copper content in biomass of Italian ryegrass (Lolium multiflorum Lam.)
brought about by the factors examined in the experiment.
Copper is one of the micronutrients which is indispensable for the growth and development of higher and lower
plants as it performs vital physiological and biochemical
functions in them, but it is also a heavy metal [15]. The
average copper content determined in the dry biomass of
Italian ryegrass was 15.4 mg kg-1 of d.m. Statistical analysis has shown significant differences of Cu content
brought about by the factors examined in the experiment,
when used alone or in combination. The significantly
highest Cu level (16.8mg kg-1 d.m.) was found in Italian
ryegrass harvested in plot 5 (sludge from Drosed), and in
Italian ryegrass harvested in plot 4 (sludge from Siedlce –
16.8mg kg-1 d.m.). The analysis of variance showed significant and gradual decrease in Cu content of Italian
ryegrass (Lolium multiflorum Lam.) over the years of the
experiment (from 22.7 mg kg-1 d.m. during the first year
of the experiment to 10.3 mg kg-1 d.m. in the third year).
The statistical calculations confirmed the existence of a
significant relationship between the effects of different

types of waste and their mixtures used and the years of
the experiment. The copper levels determined in the experiment were within the normal range for plants [16, 17].
The results obtained in this study were about 3 times
higher than the findings of [18], in which spent substrate
from mushroom production was used.
The average level of Zn in Italian ryegrass was equal
to 105.9 mg kg-1 d.m. (Table 4), and was significantly
different depending on the factors examined, when used
alone or in combination. The addition of sludge as well as
a mixture of brown coal and sludge significantly increased Zn level with regard to ryegrass harvested in the
control plot. Zinc amount (dry matter) of Italian ryegrass
in the last year of the experiment was decreased by 41.6%
compared to that of the first year. According to Table 4,
the content of Zn in the biomass of ryegrass was highest
in the 2nd year as compared to 1st and 3rd year experiment
(in plots 2, 3, 6, 11 and 13), probably caused by the mineralization process of organic compounds in the second
year of experiment and the biological sorption in the first
and third years. The zinc content found in this study was
about twice lower than that in other studies [19], in which
reculter (organic-mineral fertilizer based on brown coal
with a low calorific value) was used on soils contaminated with Cd, Pb and Zn. The results obtained in the experiment were within the normal range for plants [16, 17].
The correlation coefficients (r = 0.54 for Cu and r = 0.41
for Zn) of Cu and Zn in soil and biomass of Italian
ryegrass indicate a significant positive relationship. The
increase of heavy metal contents in plant biomass usually
is caused by their increasing availability in soil [20].
Table 5 shows the percent of copper intake by the test
plant biomass. The highest total intake with biomass of
Italian ryegrass was found in plots where waste brown
coal samples from Sieniawa (12.8% of the total Cu content in soil) and Konin (8.9% of the total Cu content in the
soil) were used. The average total intake of Cu with the
test plant biomass was about 6.1%. Italian ryegrass har-

TABLE 3 - The content (in mg kg-1 d.m.) of copper in biomass of Italian ryegrass over the three years of experiment.

Objects
1. Control (loamy sand)
2. Brown coal from Sieniawa
3. Brown coal from Konin
4. Sludge from Siedlce
5. Sludge from Drosed
6. Sludge from Łuków
7. Brown coal from Sieniawa + sludge from Siedlce
8. Brown coal from Sieniawa + sludge from Drosed
9. Brown coal from Sieniawa + sludge from Łuków
10. Brown coal from Konin + sludge from Siedlce
11. Brown coal from Konin + sludge from Drosed
12. Brown coal from Konin + sludge from Łuków
13. Farmyard manure
Means
LSD0.05 for: objects (A) – 3.1; years (B) -1.0; interaction (AxB) – 5.4; (BxA) -3.7.
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1st
19.9
23.3
21.2
23.1
25.4
20.8
22.8
22.4
23.5
24.4
22.5
23.5
21.7
22.7

Cu content
(mg kg-1 d.m.)
Years
2nd
10.7
15.5
13.3
14.0
11.7
16.2
13.2
12.8
12.4
13.3
14.3
13.7
9.4
13.1

Means
3rd
9.2
8.3
7.7
13.4
13.4
10.9
11.5
10.1
10.4
8.6
11.5
9.2
9.3
10.3

13.3
15.7
14.1
16.8
16.8
16.0
15.8
15.1
15.4
15.4
16.1
15.5
13.5
15.4
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TABLE 4 - The content (in mg .g-1 d.m.) of zinc in biomass of Italian ryegrass over the three years of experiment.
The content of zinc
in mg . kg-1 d.m.
Years
1st
2nd
105.2
87.0
91.4
102.5
102.8
128.4
193.1
172.7
168.9
152.3
87.0
117.9
151.0
141.9
127.2
110.3
113.6
104.5
124.5
114.0
99.6
106.5
153.0
143.2
81.7
113.8
123.0
122.7

Objects
1. Control (loamy sand)
2. Brown coal from Sieniawa
3. Brown coal from Konin
4. Sludge from Siedlce
5. Sludge from Drosed
6. Sludge from Łuków
7. Brown coal from Sieniawa + sludge from Siedlce
8. Brown coal from Sieniawa + sludge from Drosed
9. Brown coal from Sieniawa + sludge from Łuków
10. Brown coal from Konin + sludge from Siedlce
11. Brown coal from Konin + sludge from Drosed
12. Brown coal from Konin + sludge from Łuków
13. Farmyard manure
Means
LSD0.05 for: objects (A) – 16.4; years (B) – 5.5; interaction (AxB) – 28.4; (BxA) – 19.8.

Means
3rd
60.6
63.4
66.3
79.1
76.6
71.4
91.5
70.5
72.1
79.3
79.5
64.4
59.8
71.9

84.2
85.8
99.1
148.3
132.6
92.1
128.1
102.7
96.8
105.9
95.3
120.2
85.1
105.9

TABLE 5 - The uptake (in %) of copper by biomass of Italian ryegrass over the three years of experiment.

Objects
1st
4.4
3.9
3.3
1.5
1.3
1.1
1.2
1.6
1.4
1.9
2.0
1.5
2.4
2.1

1. Control (loamy sand)
2. Brown coal from Sieniawa
3. Brown coal from Konin
4. Sludge from Siedlce
5. Sludge from Drosed
6. Sludge from Łuków
7. Brown coal from Sieniawa + sludge from Siedlce
8. Brown coal from Sieniawa + sludge from Drosed
9. Brown coal from Sieniawa + sludge from Łuków
10. Brown coal from Konin + sludge from Siedlce
11. Brown coal from Konin + sludge from Drosed
12. Brown coal from Konin + sludge from Łuków
13. Farmyard manure
Means

Cu uptake (%)
Years
2nd
1.8
5.2
4.3
1.3
0.9
0.9
1.6
1.2
1.4
1.6
1.6
1.1
1.3
1.9

3rd
1.4
3.6
3.2
2.4
2.3
1.2
2.4
1.5
1.7
1.6
2.2
1.2
1.8
2.0

Means

Sum

2.5
4.9
4.2
1.9
1.9
1.2
2.1
1.6
1.7
1.9
2.1
1.5
2.0
2.0

7.8
12.8
8.9
5.3
4.6
3.3
5.4
4.4
4.6
5.2
5.9
3.9
5.6
6.1

TABLE 6 - The uptake (in %) of zinc by biomass of Italian ryegrass over the three years of experiment.

Objects
1st
5.5
4.7
2.8
2.3
2.4
0.4
1.5
1.6
0.5
1.8
1.6
0.8
1.6
2.1

1. Control (loamy sand)
2. Brown coal from Sieniawa
3. Brown coal from Konin
4. Sludge from Siedlce
5. Sludge from Drosed
6. Sludge from Łuków
7. Brown coal from Sieniawa + sludge from Siedlce
8. Brown coal from Sieniawa + sludge from Drosed
9. Brown coal from Sieniawa + sludge from Łuków
10. Brown coal from Konin + sludge from Siedlce
11. Brown coal from Konin + sludge from Drosed
12. Brown coal from Konin + sludge from Łuków
13. Farmyard manure
Means

vested in plots where sludge from Łuków was used accumulated the lowest Cu amount in biomass (3.3% of the
total Cu content in the soil) during the three years of the
experiment.

Zn uptake (%)
Years
2nd
3.5
12.0
6.3
3.0
4.9
0.6
3.2
1.9
1.0
2.5
2.3
1.1
2.9
3.5

3rd
2.3
8.0
4.9
2.6
3.5
0.6
3.5
1.9
1.0
2.7
2.8
0.8
2.2
3.0

Means

Sum

3.6
8.6
4.8
3.1
4.0
0.6
3.0
1.8
0.9
2.5
2.3
1.0
2.4
3.0

11.3
24.8
14.0
7.9
10.8
1.7
8.2
5.6
2.7
7.1
8.3
2.8
6.9
8.7

Average zinc uptake by the test plants was 7.8% of
the total Zn in soil during the three years of the experiment (Table 6). The highest uptake was observed in plots 2
and 3, where waste brown coal was used, while the small-

806

© by PSP Volume 21 – No 4. 2012

Fresenius Environmental Bulletin

est amounts of zinc were accumulated by the test plant
harvested in the plot where sludge from Łuków was used.
Accumulation of the largest amounts of Cu and Zn in
Italian ryegrass biomass may have been associated with a
high yield achieved in those plots as well as higher levels
of available forms.

[11] Symanowicz, B., and Kalembasa, S. (2009) The influence of
application on the waste organic materials and their mixtures on
the changes of content iron and molybdenum in soil and Italian
ryegrass (Lolium multiflorum Lam.), Environmental Protection
and Natural Resources, 40: 660-668.

Changes in soil properties that affect the form and bioavailability of heavy metals, mainly those that are derived from sewage sludge, should be considered in decisions related to the adequate use of this residue as a fertilizer [21].

[13] Szczepaniak, W. (2005) Instrumental methods use in Analitycal
Chemistry, Ed, PWN, Warszawa, 165-168.

[12] Galler, J. (1993) Die häufigsten Schwermetalle in der menschlichen Lebenswelt. Der Förderungsdienst, 1: 6-8.

[14] Czekała, J., and Jakubas, M. (2000) The occurrence Cu, Zn and
Mn in cultivables soils, Advances of Agricultural Sciences Problem, 471: 219-228.
[15] Ruszkowska M., Wojcieska-Wyskupajtys U. (1996) Physiological and biochemical functions Cu and Mo in plants, Advance of
Science of Committee “Person and Environment”, 14: 104-110.

4. CONCLUSIONS
The waste organic materials and their mixtures used in
the experiment increased Cu and Zn contents in soil before
starting the experiment.
Waste brown coal, sludge and their mixtures significantly differentiated Cu and Zn content in the dry matter
of Italian ryegrass, and it decreased in successive years of
the experiment.
The Cu and Zn levels determined in the experiment
lay within the acceptable limits for these elements in
fodders.

[16] Gorlach, E. (1991) The content of trace elements in fodder plants
as meter of their value, Advances Sciences AR in Krakow,
262(34): 13-22.
[17] Gorlach, E., and Gambuś, F. (2000) Toxic trace elements in soils
potentially – excess, harmfulness and counteraction, Advances of
Agricultural Sciences Problem, 472: 275-296.
[18] Kalembasa, D., and Wiśniewska, B. (2004) The utilization of
mushroom bed for the recultivation of soils, Soil Science Annual,LV(2), 209-217.
[19] Tujaka, A., and Terelak, H. (2005) Effect of „Reculter” on chemical composition crop yield and agricultural usability of the plants
cultivated on Cd, Pb and Zn contaminated soils, Advances of Agricultural Sciences Problem, 506: 497-505.
[20] Krebs, R., Gupta, S. K., Furrer, G., Schulin, R. (1998) Solubility
and plant uptake of metals with and without liming of sludgeamended soil. J. Environm., Qual., 27: 19-23.
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DECOLORIZATION OF THE TEXTILE DYES
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ABSTRACT
In this study, decolorization of Reactive Blue 220,
Acid Red 414 and Basic Yellow 28, decolorization kinetics, and biodegradability of intermediates after ozonolysis
were studied. Effect of pH on ozonolysis was studied, and
pH 3 was the best among pH values of 3, 7 and 11. The
decolorization kinetics of these dyes can be described by
a first-order reaction model, and the first-order rate constants of RB 220, AR 414 and BY28 were 0.175-0.1303,
0.164-0.096 and 0.2092-0.1154 min-1, respectively. Total
organic removal was determined to be 24.74, 17.15 and
23.37% for RB220, AR 414 and BY 28, respectively,
after 30-min ozonation of 800 mg L-1 dye. The respirometric biologic oxygen demand of Pseudomonas putida (30-min
ozone treatment of 800 mg L-1 of dye) was 490, 460 and
451 for RB220, AR 414 and BY 28, respectively. Our
results showed that ozonation is an effective way to remove the color from aqueous solutions of these dyes, and
that the by-products are non-toxic to P. putida.

KEYWORDS: Textile dye; ozonation; biodegradation; Pseudomonas putida; wastewater treatment

1. INTRODUCTION
Dyes are used in many industrial processes, especially
in the textile industry that applies dyeing and finishing
technologies to color natural and synthetic fibers. The spent
dye solution, along with un-reacting chemicals, is discharged into the wastewater treatment system, and the
main source of dye contamination in the environment is
untreated wastewater. Even small quantities of dyes in the
water can be a visible problem. Moreover, dyes and/or their
* Corresponding author

intermediates are toxic, mutagenic, and carcinogenic for
many aquatic organisms [1, 2]. Most dyes comprise refractory molecules, which are difficult to degrade biologically, due to their complex aromatic structure.
Synthetic dyes exhibit considerable structural diversity. The chemical classes of dyes most frequently used on an
industrial scale are azo, anthraquinone, sulfur, indigo, triphenylmethyl and phthalocyanine derivatives. Because different synthetic dyes exhibit various biological activities,
our knowledge of their behavior in the environment, and the
health hazards involved in their use, is still incomplete [3].
A number of physicochemical methods have been developed to remove synthetic dyes from wastewaters, and/
or to decrease their impact on the environment. Conventional wastewater treatment methods, such as biological
processing, adsorption, coagulation, and flocculation, are
successful for color removal, but they also cause new
problems [4, 5]. Excess sludge production due to pollution is not degraded, and only changes phase from
wastewater to biomass or sludge. In recent years, advanced oxidation processes (AOPs) have been used as an
alternative technology based on the degradation of organic pollutants, ozonolysis [6], Fenton [7], photocatalysis
[8], and wet-air oxidation [9, 10]. Among the AOPs, treatment with ozone processes has yielded the most favorable
results [11]. The oxidation potential of ozone is 2.07 V,
and its high oxidation potential allows it to degrade most
organic compounds [12].
Decolorization reactions carried out on dye solutions
can produce many intermediates, such as aldehydes and
phenols which are attractive reactives for the ozonolytic
reaction [13-15]. Some intermediate products of dyes, such
as phenols, can be toxic to aquatic organisms [16-18].
In the present study, three commonly used textile dyes
(Acid Red 414, Basic Yellow 28 and Reactive Blue 220)
were chosen as model compounds to obtain detailed information on decolorization, decolorization kinetics, total organic carbon (TOC), chemical oxygen demand (COD) removal, and biodegradability (BOD5) after ozone treatment.
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2. MATERIALS AND METHODS
2.1. Ozonation experiments

The three textile dyes, AR 141, BY 28 and RB 220,
were obtained from Berdan Textile Company, Adana,
Turkey. The experiments were performed by passing ozone
into 800 ml dye solution in a 1.2-L closed cylindrical glass
reactor. Effect of initial pH (3, 7, and 11) on dye decolorization by use of ozonolysis was studied at 400 mg L-1
initial dye concentration. The solution pH was adjusted
using 0.1 N H2SO4 or NaOH. Effect of initial dye concentrations (50, 100, 200, 400, 600, and 800 mg L-1) on decolorization was performed during 30 min.
Ozone gas was produced from pure oxygen (99.9%)
by an Ozo-1VTT ozone generator (Ozomax, City, Canada). The gas flow-rate was controlled by a flow-meter on
the oxygen gas tube, and the ozone was diffused into the
reaction mixture through a glass sparger at the bottom of
the reactor. All experiments were performed at ambient
temperature, 20±0.5 °C.

were decreased to 2.9, 3.4 and 5.9, respectively, at the end
of 9 min ozonation time. These pH declines can be explained with organic acids formed after ozonation of dyes,
such as oxalic acid.
Ozone reacts with organic compounds in two different ways, depending on pH. One of them is direct attack
at acidic pH, and the other is free radical attack at basic
pH [20]. Electrophilic attack by molecular ozone is very
selective, and pi(π) electron-rich carbon atoms multiply
bonded components, such as carbon–carbon and nitrogen–nitrogen. Hydroxyl radical formed via self decomposition of ozone is a very powerful (E0 = 2.80 V) and nonselective oxidant. At higher pH values, the amount of hydroxyl radicals was much more than at lower pHs since
self decomposition of ozone to form hydroxyl radicals
was proportional with pH increase [21, 22]. With respect
to persistence of hydroxyl radicals, the ozone might also
react with hydroxyl radicals during the ozonolytic reaction. As a result, the efficiency of ozonation of dyes decreased at basic initial pH, and the efficiency order was
observed to be pH 3 > pH 7 > pH 11.

2.2. Analytical methods

At time intervals (0, 3, 6, 9, 12, 15, 20, 25, 30 min), 5 ml
samples were taken to determine the decolorization of these
dyes spectrophotometrically (Shimadzu, UV-1800). TOC
and COD reduction rates were determined using the Hach
Lange TOC and COD analysis test kit (Hach Lange, DR
2800). All measurements were made, at least, in duplicate
or triplicate.
2.3. Respirometric toxicity testing

Respirometric BOD5 was determined using the Lovibond Oxidirect BOD measurement system, and Pseudomonas putida (NRRL B-14888) was used as test organism
for culture media and cultivation following [19]. The pH
of the sample was adjusted to 7 by use of 1 M H2SO4 or
1 M NaOH before starting respirometric BOD5 measurements. Respirometric tests were carried out under thermostatically controlled conditions at 20 °C. Blanks were performed with minimal medium. All measurements were
made, at least, in duplicate or triplicate.

3.2. Effect of Initial dye concentration

Effect of initial dye concentrations on the decolorization are shown in Figs. 1, 2 and 3. The change in absorption value was used as a measure of decolorization during
ozonolysis reaction. Required time for the color removal
increased with increasing initial dye concentration from
50 to 800 mg L−1. It was observed that the more diluted
the initial solution, the faster was the decolorization. When
the initial dye concentrations were 50 and 100 mg L-1, the
color of dye solutions was removed completely for each
dye after 12 min of ozonation.
At higher initial dye levels, ozonation achieves only a
limited amount of pollutant (i.e. dye) removal, because an
increase in the initial pollutant concentration corresponds
to an increase in by-product concentration of the solution.
Subsequently, the available ozone will be consumed both
for the continuing degradation of the original pollutant,
and for oxidation of intermediates. Thus, this will cause a

800

3. RESULTS AND DISCUSSION

RB220

700
600

Rate of ozonolytic decolorization of the dyes was related to initial pH, with degradation during 30 min, and
was markedly better at pH 3 (98 %) than at pH 7 (86 %)
or pH 11 (89 %). In the acidic conditions, more than 50 %
decolorization was obtained within 9 min of reaction time.
It was observed that the efficiency of decolorization of
each dye was inversely proportional with increase of pH.
Therefore, further experiments were carried out at pH 3.
The pH values of reaction media were also determined to
be acidic, for each initial pH after ozonation experiments.
The initial pH values of reaction media, 3.0, 7.0, and 11.0,
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3.1. The effect of pH on ozonolytic decolorization
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FIGURE 1 - Effect of initial dye concentration on decolorization of
RB220.
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3.3. Effects of ozonolytic degradation on COD and TOC
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COD and TOC changes were slower than removing
the color from the dyes. Ozonolytic degradation on COD
and TOC removal were carried out with 800 mg L-1 initial
concentrations, at pH 3. The COD and TOC removal of
the dye solution was monitored at regular time intervals.
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FIGURE 2 - Effect of initial dye concentration on decolorization of
AR414.
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FIGURE 3 - Effect of initial dye concentration on decolorization of
BY28.

decrease in pollutant degradation rate, yielding lower overall pollutant removal within the same period compared to
that with lower initial pollutant concentration.
The complete decolorization of dyes by use of ozone
is not only dependent upon their concentration, but also
upon their structure. Increase in decolorization time reflects increase in number of azo groups. Similar results
were reported by Muthukumar et al. [22].
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FIGURE 5 - Linear pseudo first -order kinetics of AR414.
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Plots of linear form of pseudo first-order kinetic
model for the 3 dyes are given in Figs. 4-6, and parameters values in Table 1. The model constant decreased as
the initial dye concentration increased from 50 to 800 mg
L−1. Pseudo first-order regression coefficient of the
straight line was 0.985-0.999, thus showing that the decolorization kinetics under the given test conditions fitted
well to this model.

100 mgL

1

(1)

Pseudo first-order rate constants were calculated from
the slope of plot of − Ln(Ct / C0 ) versus t.
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FIGURE 4 - Linear pseudo first-order kinetics of RB220.
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FIGURE 6 - Linear pseudo first -order kinetics of BY28.
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TABLE 1 - Pseudo first-order rate constants for RB220, AR 414 and BY 28 at different initial dye concentrations.
Dye conc.
(mgL-1)
50
100
200
400
600
800

RB 220
k (min-1)
0.175
0.167
0.1594
0.1443
0.1374
0.1303

AR 414
k (min-1)
0.164
0.154
0.1487
0.134
0.114
0.096

r2
0.997
0.998
0.998
0.997
0.993
0.986

BY 28
r2
0.996
0.997
0.999
0.997
0.987
0.966

k (min-1)
0.2092
0.1785
0.1599
0.1444
0.1246
0.1154

r2
0.993
0.995
0.99
0.996
0.985
0.971

TABLE 2 - Percentage removal rates of TOC and COD from 3 textile dyes during a 30-min ozonolysis reaction.
AR 414

BY 28

TOC

COD

TOC

COD

TOC

0
0
5.39
13.83
17.63
20.86
31.07
36.51
48.19

0
4.59
9.69
9.69
15.82
19.9
20.92
24.49
24.74

0
0
0
8.37
10.81
15.44
19.18
25.03
27.09

0
0
4.53
5.83
10.03
10.36
13.92
16.5
17.15

0
0
7.93
11.99
14.6
18.53
24.17
34.22
41.19

0
2.37
7.1
10.06
12.43
15.68
16.27
21.89
23.37

500

30 min ozone treated
RB220
AR414
BY28

400
-1

Although reduction of both COD and TOC were incomplete after 30-min ozone treatment, reduction of COD
was more efficient than that of TOC for each of the 3 dyes
(Table 2). The percentage of COD removed after 30 min
was 48.19, 27.09 and 41.19% for RB 220, AR 414 and
BY 28, respectively.
Ozone attacks the active sides of main molecules, and
many intermediates are formed during ozonolytic reaction. For this reason, the initial COD value of dyes increased in the first 1-3 min of ozonolytic degradation. The
TOCt/TOC0 ratio is helpful to assess the mineralization
dyes, but the ozonolytic reaction of dye solutions can produce many intermediates, such as aldehydes and phenols,
and thus complete TOC removal cannot be observed under
the experimental conditions. After loss of volatile compounds from the aqueous solution during ozonation, corresponding percentages of TOC removed after 30 min were
24.74, 17.15 and 23.37% (Table 2).
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FIGURE 7 - Comparison of BOD5 results of ozone and non-ozone
treated dyes.

0.6
Ozon treated

3.4. Respirometric toxicity
0.5

Degradation products of textile dyes are colorless
aromatic amines with reduced azo-bonds in the dye molecules. However, such amines are often more toxic than
the parent molecules, and resistant to further degradation.
Respirometric BOD5 values after 30 min of ozone treatment were determined to be 490, 460 and 451 mg O L-1
for RB220, AR 414 and BY 28, respectively. Our results

BOD5/COD

Pseudomonas putida (NRRL B-14888) was used as
test organism to determine respirometric BOD5 [19]. After
30-min ozone treatment, RB220, AR 414 and BY 28 dye
samples (800 mg L-1) were used for respirometric toxicity
testing (Fig. 7).

Ozon treated

Ozon treated

0.4

RB220

AR414

BY28

0.3
0.2
0.1
non ozon treated

non ozon treated

non ozon treated

0.0

FIGURE 8 - Comparison of BOD5/COD results of ozone and nonozone treated dyes.
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showed that the BOD5 of the main dye molecules was
very low, approximately 50 mg O L-1, and respiration of
P. putida was inhibited. Similar results were indicated by
Boschke et al. [19] for some textile dyes, and most dyes
were chemically stable and resistant to microbiological
attack [23]. The BOD5/COD ratio of non-ozone treated
RB220, AR 414 and BY 28 were very low (about 0.03)
showing that these dyes are not mineralized by biologic
degradation processes in the environment (Fig. 8) without
any physicochemical treatment. But, BOD5/COD0 ratio of
ozone-treated RB220, AR 414 and BY 28 dyes were 0.54,
0.6 and 0.53, respectively. These values were markedly
higher than those for the non-ozone treated dyes.
Ozonation of dyes results in partial mineralization, efficient color removal, enhanced biodegradability, and destruction of phenolic compounds. However, many intermediates, such as aldehydes, organic acids and phenols, can be
toxic to aquatic organisms [18]. These respirometric toxicity test results herein demonstrated that the by-products
formed after ozonation were not toxic to P. putida.
Biological treatment of industrial effluents offers considerable advantages, including being relatively inexpensive, environmentally friendly and producing non- toxic
end products. However, most dyes are chemically stable
and resistant to microbiological attack. Thus, a combination
of biological and chemical treatments can successfully
remove chemically stable substances from wastewaters.
4. CONCLUSIONS
Ozonoloytic decolorization of RB 220, AR 414 and
BY 28 was examined, and optimum decolorization was
achieved at pH 3. COD removal rates were 48.19, 27.09
and 41.19 % for RB 220, AR 414 and BY 28, respectively, whereas TOC removal was 24.74, 17.15 and 23.37 % for
RB 220, AR 414 and BY 28, respectively. Pseudo firstorder kinetic model was a good fit to experimental data.
The BOD5 values for 30 min ozone-treated dyes (at 800
mgL-1) were 490, 460 and 451 mg L-1 oxygen for RB 220,
AR 414 and BY 28, respectively. The BOD5/COD ratios
of non-ozone treated RB 220, AR 414 and BY 28 were
very low (0.03), showing that these dyes were not mineralized by biologic degradation. Ozonation can be a suitable
environmentally friendly oxidation process to successfully
remove color from aqueous solutions. All dyes tested were
non-toxic for P. Putida, but it was observed that they exhibited resistance to microbiological attack.
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INFLUENCE OF DIFFERENT CHEMICAL COMPOUNDS
ADDITION INTO MEDICAL WASTE ASH TO
REDUCE LEACHING OF VITRIFICATES
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ABSTRACT
Medical ash samples collected from a hospital incinerator in the province of Lodz, Poland, were vitrified
using thermal plasma. To reinforce the stability of the
vitrificates, six different chemical compounds in varying
percentages were added: SiO2, Na2B4O7, CaCO3, KNO3,
CaF2, and BaSO4. The results show that the addition of
certain chemical compounds to medical waste ash prior to
thermal plasma stabilization influences the amount of
heavy metal leaching and the vitrification process itself.
KEYWORDS: Medical waste, incinerator ash, vitrification, heavy
metal leaching

1. INTRODUCTION
Medical fly ash and boiler dust, the by-products of
incinerating medical waste, were classified as group 19 by
the European Commission in the European catalogue of
hazardous wastes – waste treatment facilities with codes
19.01.13 and 19.01.15 [1]. The handling and disposal of
such hazardous waste material within the European Union
is specified in the Council Directive on hazardous waste
[2]. Before dangerous waste material can be disposed of
in a landfill, it must be stabilised in order to reduce the
potential of environmental contamination [3]. The European
Council decision [4] established the criteria and procedures for accepting hazardous waste material to be disposed
of in a landfill. These regulations establish the chemical,
physical, and geological characteristics of the waste that
can be stored and/or disposed of at a given facility. One of
the chemical characteristics that determines whether a hazardous waste product is suitable for disposal is the product's
stability with respect to heavy metal leaching.
* Corresponding author

Certain hazardous waste products must first be processed in order to fulfil the strict requirements for landfill
disposal in Europe. One such technique is thermal plasma
stabilization which turns certain types of highly hazardous
waste material into less hazardous products. Thermal plasma
stabilization and conventional vitrification effectively converts toxic compounds into a glassy product called a vitrificate [5-10]. Vitrificates leach much less and generally
fall within the acceptable limits for disposal in landfills
without harmful effects to the ecosystem. This process is
also quite often included in the wide concept of environmental management planes as the effective method of
waste utilization [11, 12].
The research presented here investigated the stability
of vitrified medical ash after mixing six different chemical compounds in varying amounts to the ash prior to
thermal plasma stabilization. The goal was to find the best
proportion of the following compounds to reinforce the
stability of the vitrificate with respect to heavy metal
leaching and improve processing parameters with respect
to thermal plasma stabilization: SiO2, Na2B4O7, CaCO3,
KNO3, CaF2, and BaSO4.
2. MATERIALS AND METHODS
2.1. Ash Samples

The ash samples used in this experiment were collected from a medical waste incineration plant in the
province of Lodz, Poland. The collected samples were
grate ashes and chimney filter fly ashes.
2.2. Sample Analyses
2.2.1. Ash Chemical composition

The chemical composition of the ash was determined
by Atomic Absorption Spectrometry using the graphite
furnace AAS-GF (air-acetylene flame) as described in the
European Standard [13]. Table 1 presents the ash chemical composition results.
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The EA 1108 CHNS – O Analyzer Fisons Instrument
equipped with Auto – sampler AS 128, GC column SS PQS
(2 m) and Thermal Conductive Detector (TCD) was used
to measure carbon, hydrogen, and sulphur in the ash. The
process required burning the samples in an oxygen stream
flow at 60 ml/min and then purging it with helium flow at
120 ml/min. The combustion temperature was measured
to be 1020ᵒC, the temperature of the oven was 60ᵒC, and
the temperature of the gas flow was 190ᵒC.
Carbon, hydrogen, and sulphur concentrations were
measured based on their combustion products CO2, H2O,
and SO2 respectively. The Software Eager 200 [14] program was used to produce the analyses results.
Instrument calibration was based on 2, 5-Bis- (5-tertbutyl-benzoxazol-2-yl) – thiophen (BBOT) (Cas Number:
7128-64-5) standard with the following known proportions
expressed in percentage by mass of the following elements: carbon 72.53 wt%, nitrogen 6.51 wt%, hydrogen
6.09 wt%, oxygen 7.43 wt% and sulphur 7.44 wt%.
2.3. Heavy metal leachability

Metal leachability was tested based on the leaching
tests method following the European Standard 12457 [15]
specified to granulated wastes and sludge leaching tests
analyses. The analyses of vitrificates (stabilised ash forms)
were carried out according to the European Standard method
[13]. The metal concentrations in water extracts were measured by Atomic Absorption Spectrometry Graphite Furnace
AAS-GF (air-acetylene flame). The GBC 932 Plus spectrometer with a GF 3000 graphite furnace was used.
2.4. XRD analysis

The XRD studies were done on powdered samples.
The analysis was conducted by PANanalytical Model
X’Pert PRO MPD using Cu Kα radiation source in the 2θ
range from 5° to 90° at 40 kV and current 40 mA. The
crystalline phases were identified according the International Centre of Diffraction Data – PDF – 2.

2.5. Ash Vitrification

The medical waste ash samples were stabilised using
plasma vitrification. The same process was also applied to
a set of ash samples that were modified with the addition
of SiO2, Na2B4O7, CaCO3, KNO3, CaF2, and BaSO4 in
different wt% ranging from 2 – 20.
Vitrification was carried out using the “Little JetArc”
plasma device designed and constructed by the Institute of
Electrical Apparatus Technical University of Lodz [16].
Plasma is directly generated by this device in a DC arc
forming between the graphite crucible melting chamber
acting as the anode and a graphite rod cathode. Ash stabilization using the plasma device was run within an argon
medium for 300 s with a delivered power of 1400 W. The
MINOLTA/Land – Cyclops152 pyrometer measured the
temperature of the melted substance between 600 and
3000°C.
2.6. Vitrificate Hardness

The hardness of the vitrified substance was measured
using a Cemex testing machine. Micro Vickers hardness
measurements were made on the vitrificate's top surface.
Indentation parameters were set as 10 s loading time and
average thickness was derived from five measurements
with a pressure of 0.1 N.
3. RESULTS AND DISCUSSION
The results of the chemical analyses of the medical
ash (Table 1) indicated that silica, aluminium, calcium,
carbon, sulphur and oxygen are the primary constituents
found in the waste samples under investigation. These
results were confirmed by XRD analysis shown in Figure
1. The first three constituents make up approximately 80%
of the total mass of the ash sample which is enough to
melt the waste ash and form a glassy product (vitrificate).

TABLE 1 - Chemical composition of medical ash mixture
Compound
SiO2
Al2O3
CaO
Fe2O3
K2 O
MgO
Na2O
ZnO
MnO
CuO
PbO
BaO
CrO
NiO
CoO
CdO
Ctotal
S
H

Ash Mixture [wt % d.m.]
48.60
16.80
10.10
4.11
1.07
0.99
0.73
0.58
0.18
0.03
0.02
0.02
0.02
0.01
0.01
0.01
8.60
4.30
0.63
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FIGURE 1 – XRD analysis of medical waste ash sample

TABLE 2 - Leaching test results for medical ash (MA) and vitrificates [mg L-1]
Type of sample
MA

Added
compound
No addition
No addition
SiO2

KNO3

Na2B4O7
VITRIFICATES
CaF2

Na2CO3

BaSO4
No addition
[mg kg-1d.m.]
*- no information about a limit value
CD 2003/33/EC

0%
5%
10%
15%
20%
2%
10%
15%
20%
2%
5%
10%
15%
2%
10%
15%
20%
2%
10%
15%
20%
2%
10%
15%
20%

Zn

Co

Fe

Cu

Pb

Ni

Cr

Cd

Mn

11.20
1.290
1.060
0.720
0.280
0.230
1.160
1.150
1.200
1.235
0.970
0.800
0.995
1.270
1.260
1.130
1.070
1.050
1.290
1.291
1.303
1.330
1.500
1.620
1.740
1.690

1.08
0.490
0.320
0.180
0.090
0.090
0.530
0.660
0.790
0.880
0.460
0.388
0.340
0.525
0.490
0.470
0.450
0.461
0.491
0.494
0.500
0.511
0.520
0.760
0.940
0.980

35.90
0.320
0.233
0.160
0.090
0.090
0.720
0.940
1.100
1.190
0.290
0.260
0.360
0.410
0.330
0.350
0.390
0.420
0.320
0.360
0.402
0.450
0.410
0.490
0.570
0.620

5.30
0.178
0.141
0.093
0.054
0.051
0.180
0.177
0.180
0.180
0.169
0.166
0.182
0.189
0.178
0.174
0.189
0.206
0.182
0.199
0.237
0.276
0.160
0.156
0.157
0.168

6.73
0.166
0.137
0.083
0.037
0.041
0.164
0.164
0.165
0.165
0.159
0.157
0.159
0.177
0.165
0.161
0.162
0.163
0.163
0.164
0.184
0.243
0.163
0.163
0.162
0.162

2.01
0.016
0.011
0.008
0.004
0.004
0.021
0.033
0.056
0.076
0.011
0.010
0.013
0.022
0.018
0.020
0.024
0.031
0.017
0.018
0.020
0.025
0.016
0.017
0.018
0.019

0.120
0.009
0.007
0.004
0.002
0.002
0.016
0.020
0.030
0.032
0.008
0.007
0.011
0.013
0.009
0.009
0.008
0.008
0.012
0.016
0.021
0.026
0.008
0.008
0.008
0.009

1.000
0.005
0.003
0.002
0.000
0.000
0.005
0.005
0.005
0.005
0.005
0.005
0.005
0.005
0.005
0.007
0.008
0.010
0.006
0.007
0.007
0.007
0.004
0.003
0.003
0.003

12.10
0.040
0.030
0.020
0.005
0.006
0.040
0.038
0.039
0.041
0.033
0.030
0.040
0.040
0.044
0.048
0.056
0.077
0.040
0.040
0.041
0.040
0.037
0.039
0.040
0.040

200.0

-*

-*

100.0

50.00

40.00

70.00

5.000

-*
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The focus of this research was to evaluate the stability of vitrificates and how to improve their stability with
the addition of varying amounts of different chemical compounds during the vitrification process. Vitrificate stability
here is directly related to vitrificate leachability. Table 2
presents the leaching results for the medical waste ash
sample and the different vitrified ash mixtures.
None of the leachability test results exceeded the heavy
metal concentration threshold found in the European Council decision CD/2003/33/EU [4]. Heavy metal leaching from
vitrificates was further reduced by at least a factor of ten
compared to the sample medical waste ash results. With
the addition of SiO2, all leaching test results were lower
than the results obtained for ash vitrificates without the
addition of any chemical compounds. As shown in Table 2,
the mixing of the six chemical compounds into the medical
waste ash prior to vitrification did influence vitrificate
leaching. Furthermore, in some cases the addition of certain
chemical compounds produced vitrificates whose leachability increased thus producing a more unstable vitrificate
with respect to disposal requirements.
The chemical and physical properties of the final products obtained in the vitrification process are often compared
to the behaviour of glass or ceramics in various environments. The observed properties depend on the structure of
the ceramic grains and how the grains are bound together.
Ionic bonds form between quasi-spherical bodies of anions and cations and covalent bonds form between atoms.
These two important chemical bonds control vitrificate
stabilization under a variety of conditions [17].
The stabilization and solidification properties of the
vitrificates are also dependent on the original composition
of the incinerated waste. Some of the elements found in
waste material called glass formers, i.e. Si, B, P, Sb, and
Ge and inter-mediate formers, i.e. Al, Be, and Pb, determine the final structure of the final products. The compositions of the medical ash used in the experiments were
predominantly made up of silica and aluminium, both of
which influenced the stable glass structure of the vitrificates. Calcium also appeared as one of the main elements
in the ash mixture. The effect of calcium found in the
waste is a reduction in the glass polymerization making
the final product less resistant to chemical reactions and
physical processes.
The compounds added to the medical ash included
some of the elements which significantly impact the final
glass structure and its stability (see Table 2). Added com-

pounds such as CaCO3, KNO3, and CaF2 contain modifier
elements as the cations that reduce the strength of the
chemical bonds and increase the leachability of the heavy
metals from the vitrificates. Only silica added to the ash
mixture increased the stability of the final glassy products
in all the analysed samples. Some interesting results were
observed when Na2B4O7 was added to the sample. In this
compound there are two elements that influence the structure of the vitrificates: sodium and boron. The influence
of sodium as the modifier decreased the strength of the
final product structure, However boron, which represents
the glass former elements, reduced the leachability of the
heavy metals compared to the results obtained after analysis of vitrificates without the addition of this compound.
The modification of the medical waste ash samples
with the addition of different chemical compounds also influenced the thermal plasma stabilization process parameters which are presented in Table 3. The vitrification process could be made economically more attractive by decreasing the temperature and energy requirements during
processing. The leaching test results based on the addition
of the six chemical compounds showed the differences
between the final vitrified products with respect to their
chemical stability.
When observing the original vitrification process while
there were changes in the parameters being registered,
temperature did not change significantly. However, after
adding the six chemical compounds into the initial ash
mixture for the experiment, a significant decrease in all
cases was observed. This result justifies adding the compounds to the initial medical ash composition prior to
vitrification. Consequently, the amount of energy used for
processing can be reduced resulting in a reduction in the
cost of the plasma treatment process.
The hardness tests (Table 3) provide another measure
of the vitrificates' stability. The harder it is, the more stable
it is. The results show that the added chemical compounds
to the medical waste ash can increase or not change at all
a vitrificate's hardness compared to the unmodified medical waste ash.
Based on the leaching tests, hardness tests, and temperature range required during the vitrification process, the
two chemical compounds that produced the most favourable results are SiO2 and Na2B4O7. If one wants to transform
medical ash waste into a stable product that is stable and
solid for disposing it into a landfill then these two chemical
compounds should be considered.

TABLE 3 - Influence of the compounds addition for the vitrification process parameters
Added compound
No addition
SiO2
KNO3
Na2B4O7
Na2CO3
CaF2
BaSO4

Temperature [°C]
1476 – 1640
1386 – 1550
1089 – 1449
1020 – 1442
935 – 1381
1578 – 1611
1571 – 1585

Energy [kJ]
129.5
124.9 – 128.0
104.1 – 126.2
95.1 – 126.5
83.1 – 122.3
129.5 – 131.2
128.7 – 130.2
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Hardness [HV]
524
527 – 541
508 – 516
534 – 542
518 – 520
--514 – 529
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4. CONCLUSIONS
Hazardous medical waste ash is generally treated prior
to disposing it into a landfill. The results of this study
showed that vitrified medical waste ash is physically and
chemically stable but the vitrificates' stability can be modified through the addition of varying amounts of chemical
compounds.
The advantage of mixing chemical compounds into
the medical waste ash prior to vitrification is that it can
produce a more stable vitrificate that leaches less and also
reduces energy requirements during thermal plasma stabilization. This work showed that SiO2 provides the best
results in all the analysed samples. The addition of
Na2B4O7 in 2% and 5% per volume also increased the
chemical stability of the final compounds as well as their
hardness contemporaneously reducing the temperature
range and energy requirements.
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OCCURRENCE OF HIGH ARSENIC GROUNDWATER AT
THE DATONG AND HUHHOT BASIN, NORTHERN CHINA:
HYDROCHEMICAL AND ISOTOPIC INVESTIGATION
Xianjun Xie*, Yanxin Wang, Junxia Li, Chunli Su, Qian Yu and Ya Wu
School of Environmental Studies & State Key Laboratory of Biogeology and
Environmental Geology, China University of Geosciences, 430074 Wuhan, China

ABSTRACT
In order to better understand the mechanism of high
arsenic groundwater occurrence at the Datong and Huhhot
Basin, hydrochemical and isotopic investigation was conducted. There are marked differences in solute chemistry
between the Datong and Huhhot Basin groundwater.
Mineral weathering is the predominant evolutionary
mechanism of groundwater chemistry in the Huhhot Basin. In contrast, cation exchange combined mineral
weathering governs the hydrochemical composition of
groundwater in the Datong Basin. Elevated arsenic concentrations in groundwater in the both basins can be explained
by evoking reductive dissolution of Fe oxides/hydroxides.
Environmental isotopes and factor analysis indicate that
irrigation or salt flushing play a significant role in the
mobilization of arsenic in the Datong Basin. Periodical
irrigation and salt flushing practice can result in the
change of the redox condition and then cause the transformation between Fe oxides/hydroxides and amorphous
FeS and FeCO3 (siderite) resulting in the enrichment of
arsenic in the groundwater. In contrast, elevated arsenic
concentration in the Huhhot groundwater can be explained
by the reductive dissolution of Fe oxides/hydroxides.

KEYWORDS: Environmental isotopes; Factor analysis; Arsenic;
Redox condition; Hydrochemical processes

tamination of groundwater in this region has become a
major threat to the sustainable and safe water supply, especially due to the occurrence of high arsenic groundwater.
High concentration of arsenic in groundwater has been
reported in this region, including Datong Basin [2-4] and
Huhhot Basin [5, 6]. The maximum detected concentration of arsenic in groundwater from Datong and Huhhot is
up to 1820 and 1490 µg/L [3, 5], respectively. Long time
intake arsenic contaminated groundwater has caused severe
arsenism to the local population in the both Datong and
Huhhot Basin. Therefore, it is imperative to understand
the mechanism of high arsenic groundwater occurrence in
order to decrease the health risk to the local presidents.
Although the large scale of the groundwater arsenic
problem and the severe health effects were reported in the
Datong and Huhhot Basin, the causes of the high concentration of arsenic in the groundwater are not well understood. The Huhhot Basin and Datong Basin are both located in northern part of the China and are separated by
180 km between two basins (Fig. 1A). Some studies have
been conducted on hydrogeology and geochemistry of the
Datong and Huhhot Basin to reveal the mechanism of
arsenic mobilization in the aquifers, individually [2, 5-7].
The current study differs from the previous studies as it
involves a comparison of the hydrogeochemistry, 2H and
18
O between the two basins. The basins experience very
similar climate and geologic background and high arsenic
concentrations in groundwater. Through the comparison,
we can find out the controlling hydrochemical processes
of arsenic mobilization at these two sites.

1. INTRODUCTION

2. MATERIALS AND METHODS

Northern China is a typical arid/semiarid area. Groundwater is used as the water resource for domestic and agricultural purposes in this region [1]. Because of no accessibility to surface water, dependency on groundwater increased significantly with the development of local society and economy. However, widely occurring geogenic con* Corresponding author

2.1 Study areas

Datong basin (covers an area about 7600 km2) is a
part of the Shanxi Rift system and is located in the Northeastern of Shanxi Province, China [8]. Datong Basin experiences a typical arid to semiarid climate with the average
precipitation between 225 and 400 mm (75 % to 85 % of
rain falls in July-August) and evaporation more than
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FIGURE 1 - Location of the study areas (A), physiographic characteristics of the Datong Basin (B) and physiographic characteristics of the
Huhhot Basin (C)

2000 mm [2]. It is bounded by Hengshan Mountains,
Guancen Mountains and Hongshou Mountains in the
southeast, west and northwest of the basin, respectively
(Fig. 1B). The outcrops are mainly consisting of Neoarchaean Hengshan Complex, Lower Paleozoic (Cambrian
and Ordovician) limestone, Permian to Cretaceous siliciclastic rocks (sandstone clastic shale, carbonaceous
shale and black shale). The basin is composed of Pliocene
to Pleistocene unconsolidated sediments with various
depths from 1500 m to 3500 m [9]. The piedmont sediments are mostly alluvial-fluvial gravel and coarse sand,
while those of the central part of the basin are lacustrine
and alluvial-lacustrine sandy loam, silt, silty clay and clay
with high organic contents.
The groundwater in Quaternary aquifers of Datong
occurs in four aquifer groups [2]: (1) Phreatic aquifers. From
the mountain front to the Basin center, the thickness of

the aquifers gradually decreases and the lithology changes
from gravel to ﬁne sand and silts. In the central part of the
Basin, the burial depths of groundwater in the aquifers
range between 4 and 10 m; (2) Shallow semi-conﬁned
aquifers. The changes in thickness and lithology are similar
to those of the phreatic aquifers. These aquifers are composed of late Pleistocene and Holocene sediments. In the
central part of the Basin, the burial depths of groundwater
in the aquifers range between 10 and 50 m; (3) Medium
conﬁned aquifers with early Pleistocene and middle Pleistocene sand and sandy gravel. The burial depths of groundwater in the aquifers range between 50 and 150 m; (4) Deep
conﬁned aquifers with early Pleistocene and Pliocene ﬁne
sand and silt. The burial depths of groundwater in the
aquifers are more than 150 m.
In the Datong Basin, groundwater is mainly recharged
by vertically inﬁltrating meteoric water, laterally ﬂowing
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groundwater from bedrocks along the mountain front, and
irrigation return ﬂow. Discharge occurs mainly via evapotranspiration and artiﬁcial abstraction [2].
Huhhot Basin as a part of the Tumet Plain is located
in the Inner Mongolia, China [6]. Huhhot Basin is located
in a region experiencing an arid climate with an average
annual precipitation of around 440 mm (mainly during
July to September). It is bounded to the north, east, and
south by Da Qing Shan Mountains and Manhan Mountains (Fig. 1C). The bedrock around the basin is mainly
Proterozoic nonmylonitic crystalline rocks, Permian granitoid gneiss and schist, Cambrian-Ordovician sedimentary
rocks, Permian-Jurassic sand-stone, siltstone, conglomerate and coal, and Cretaceous siliceous volcanics. The basin
is comprised mostly of alluvial and lacustrine sediments.
Maximum thickness of the Quaternary sediments is about
1600 m, and the thickness is highly variable both horizontally and vertically. Holocene sediments are typically
coarser-grained in the basin margins than in the low lying
central parts of the basin. Sandy horizons occur within the
Holocene sequence in the upper 40 m or so and these form
a shallow aquifer. The deeper aquifer exists at depths generally greater than 100 m [6].
In the Huhhot Basin, recharge to the groundwater occurs mainly along the basin margins. With the similar
conditions to Datong Basin, artiﬁcial abstraction is the
dominant discharge process of groundwater at Huhhot.
2.2. Sampling and analysis

Total of thirty-five groundwater samples were collected
from the Datong Basin during August 1-9, 2010. Temperature, redox potential (Eh), pH and EC were measured on
site using HACH instrument meters when sampling. All
instruments were calibrated before the measurement. The
redox active water quality parameters such as NH4+, Fe2+
was determined using a HACH DR2800 spectrophotometer. Alkalinity was determined by titration methods within

24 hours after sampling. Water samples for metal, and
other ion concentration measurements were filtered with
0.45 µm filters and acidified with ultra-purified HNO3 to
pH< 2. The samples for anions concentration analysis
were filtered with 0.45 µm filter without acidification. All
groundwater samples were collected from domestic wells
and pumped for 5-10 minutes before sampling. After sampling, the samples were transported to the lab for chemical
analysis within one week. The trace metal ions were measured by inductively coupled plasma mass spectrometry
(ICP-MS) (PerkinElmer ELAN DRC-e). Major ions were
determined using inductively coupled plasma atomic emission spectrometry (ICP-AES) (Thermo Elemental IRIS
Intrepid II XSP). Anions concentrations were determined
using ion chromatography (IC) (Metrohm 761 Compact
IC). All measurements were carried out at State Key Laboratory of Biogeology and Environmental Geology,
China University of Geosciences in Wuhan. Analytical
precision as reported by the laboratories were better than
5 % for all hydrochemical parameters.
Values of δ18O and δ2H were measured using Finnigan MAT 253 mass spectrometer at MOE Key Laboratory
of Biogeology and Environmental Geology, China University of Geosciences in Wuhan. Values of δ18O were
determined via equilibration with H2O-CO2 at 25oC for 24 h
and analyzed by continuous-flow mass spectrometry using
a Thermo Finnigan Gas Bench. Values of δ2H were measured by reaction with Cr at 850oC, using an automated
Finnigan MAT H/Device. Values of δ18O and δ2H were
measured relative to internal standards calibrated using VSMOW. Isotopic compositions are reported in standard δ
notation representing per mil deviations from the VSMOW standard. Precisions for δ2H and δ18O are ±1.0
and ±0.1‰, respectively.
Multivariate statistics was used to investigate relationships of hydrochemical parameters among the samples.
Factor analysis was done on the standardized data set using

TABLE 1 - Summary of physico-chemical parameters of groundwater from Datong and Huhhot Basin
Datong Basin
Ave
8.2
-24.5
523
255
12.1
242
0.691
5.9
329
37.1
66.5
189
76.7
111
-10.5
-84
-0.7

Max

Min

Huhhot Basin
Ave
7.4
279.1
319
139
15.2
43.1
1.26
4.2
118
56.5
30.3
110
249
955
-11.4
-85
6.2

Max
Min
pH
8.6
7.5
8.7
6.8
Eh (mV)
173.9
-201.5
669.0
74.0
HCO3- (mg/L)
1106
225
814
72
Cl (mg/L)
2600
7.4
918
7.3
NO3- (mg/L)
226
BD
186
0.09
SO42- (mg/L)
2612
BD
352
BD
+
NH4 (mg/L)
2.57
BD
6.65
0.002
K (mg/L)
57.7
0.01
51.6
0.55
Na (mg/L)
1850
12.5
296
14.5
Ca (mg/L)
175
4.7
135
7.0
Mg (mg/L)
458
12.5
90.0
9.7
As (µg/L)
1050
0.88
1490
5.25
Mn (µg/L)
385
0.02
853
5.5
Fe (µg/L)
533
13.1
3970
5.6
δ18O (‰)
-8.0
-11.9
-9.4
-13.0
δ2H (‰)
-67
-96
-65
-99
d-excess
9.1
-10.6
17.6
-0.8
BD: Below the detected limit
Hydrochemical data of Huhhot Basin from Mukherjee et al. [5] and the δ2H and δ18O values of Huhhot groundwater from Smedley et al.[6]
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the statistical software package SPSS version 13. The
original hydrochemical data set of the Huhhot Basin is
taken from Mukherjee et al. [5].
3. RESULTS AND DISCUSSION
3.1. General hydrochemistry
3.1.1. Major solutes in groundwater

In the Datong Basin, the groundwater samples are
typically Na-HCO3 and Na-Cl type water (Fig. 2A). The
dissolved ionic species are dominated by HCO3-, Cl and
Na in the central part of the basin. While in the mountain
front recharge area, the groundwater is dominated by CaMg-HCO3 type water and HCO3-, Ca and Mg are the major
dissolved species in the groundwater. Groundwater is alkaline with an average pH value of 8.11. An evolution from
water dominated by Ca and Mg to K and Na cations can
be discerned (Fig. 2A). Our previous study indicates that
groundwater chemistry is mainly governed by silicate dissolution in the Datong Basin [7]. The relationship between
Na-Cl and (HCO3-+2SO42-)-2(Ca+Mg) (Fig. 3A) indicates
that cation exchange between Na and Ca and Mg may
have affected the major ion chemistry of groundwater at
Datong. Cation exchange resulting in the release of adsorbed Na from the aquifer matrix to groundwater is promoted by relatively long residence times. Therefore, the
general trend of major chemistry of groundwater from
mountain front area to the center of the basin is probably
the result of water-rock interaction [10].
The groundwater from the Huhhot Basin is commonly
Na-HCO3, Ca-HCO3 type water (Fig. 2B). HCO3-, Na and
Ca are the primary hydrochemical components in groundwater (Table 1). From the recharge area to the discharge

FIGURE 3 - The plots of Na-Cl vs. (HCO3-+2SO42-)-2(Ca+Mg) in
groundwater from Datong (A) and Huhhot Basin (B)

FIGURE 2 - The Piper plots of groundwater from Datong (A) and Huhhot Basin (B).
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area, groundwater chemistry evolves from Mg-HCO3 and
Ca-Mg-HCO3 type waters to Na-Cl-HCO3 type waters.
The pH of groundwater is circum-neutral to slight alkaline
ranging from 6.7 to 8.7. According to hydrochemical study
conducted by Mukherjee et al. [5], major ion evolution of
groundwater is dominated by weathering of silicates. No
obvious correlation can be observed between Na-Cl and
(HCO3-+2SO42-)-2(Ca+Mg) (Fig. 3B) indicating cation exchange can not explain the hydrochemical evolution of
groundwater in the Huhhot Basin.
In general, weathering of bedrock has a significant effect on the chemistry of the groundwater in both Datong
and Huhhot Basin. Mineral weathering is the predominant
evolutionary mechanism of groundwater chemistry in the
Huhhot Basin. By contrast, cation exchange combined mineral weathering governs the hydrochemical feature of
groundwater in the Datong Basin. Cation exchange reaction might be a reﬂection of the longer residence time and
slower hydrodynamics at Datong.

3.1.2 Redox-sensitive components

In the Datong Basin, the Eh values of groundwater
samples are usually low ranging from -201.5 to 173.9 mV
with the mean of -24.5 mV. Low NO3- and SO42- concentration was detected in most groundwater samples. High
concentration of NH4+ (with the mean values of 0.69
mg/L), Fe (with the mean values of 111 µg/L) and Mn
(with the mean values of 76.7 µg/L) were detected in Datong ground-water. The concentration of arsenic in groundwater varies between 0.88 to 1050 µg/L with the average
value of 189 µg/L (Table 1). The Eh values of the Huhhot
groundwater ranging from 74 to 669 mV are higher than
those of Datong groundwater. Like in Datong Basin, low
NO3- and SO42- concentrations were detected in groundwater from the Huhhot Basin with the mean values of 15.2
and 43.1 mg/L, respectively. Meanwhile, high concentration of NH4+ (with the mean values of 1.26 mg/L), Fe
(with the mean values of 955 µg/L), and Mn (with the
mean values of 249 µg/L) were observed in Huhhot
groundwater. Huhhot groundwater generally contains
high arsenic concentration with the maximum value up to
1490 µg/L (Table 1).

FIGURE 4 - The relationship between arsenic and selected redox sensitive components in groundwater from Datong Basin. A: As vs. NO3-;
B: As vs. SO42-; C: As vs. NH4+; D: As vs. Fe+Mn
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In general, the low Eh values and high NH4+ and dissolved Fe concentration indicate strongly reducing conditions of the Datong groundwater. High concentration of
HCO3- coupled with low NO3- and SO42- concentration in
groundwater could be due to the microbial mediated NO3and SO42- reduction and organic matter oxidization. Relative high Eh values infer a suboxic condition groundwater
at Huhhot [5]. The hydrochemical data suggest that the
Datong groundwater may have experienced longer resident time and slower hydrodynamics, which is favorable
to the prevailing reducing condition in aquifers. This can
explain the lower Eh values of the Datong groundwater
compared to thse 6f the Huhhot groundwater. In addition,
compared with the Huhhot groundwater, the Datong
groundwater has lower dissolved Fe and Mn concentrations, which could be related to more reducing conditions. In anaerobic aquifers, FeCO3 (siderite), amorphous FeS and MnCO3 (rhodochrosite) preferentially
precipitate [11], descreasing concentrations of dissolved
Fe and Mn. The low sulfate and nitrate in the Datong
groundwater could be attributed to the microbial reduction processes. Thus, the observed negative correlation
between dissolved As and NO3- and SO4- (Fig. 4A and B)

indicates that microbial reduction process is favorable to
arsenic enrichment in groundwater at Datong. Dissolved
Fe and Mn probably originated from microbial processes
since the rate of microbial Fe and Mn reduction usually
exceeds that of the abiotic processes [12, 13]. According
to our previous study, Fe oxides/hydroxides are the major
source of arsenic in the aquifers [3] and microbial mediated nitrate, sulfate and As-bearing Fe(III) mineral reduction can release arsenic into groundwater. However, the
expected positive correlation is not observed between dissolved Fe+Mn and As in groundwater from Datong Basin
(Fig. 4D). Formation of FeCO3, amorphous FeS and MnCO3
may result in the observed poor correlation between dissolved As and Fe+Mn (Fig. 4D). The Eh values of the Datong groundwater (ranging from -201.5 mV to 173.9 mV)
indicate that reduction of Fe and Mn oxides and hydroxides and formation of siderite, amorphous FeS and rhodochrosite might have occurred.
The higher Fe and Mn concentrations, but lower HCO3concentration, were observed in the Huhhot groundwater. Similar conditions, low NO3- and SO42- concentrations
in the Huhhot groundwater could be due to microbial
reduction processes. The negative correlation between

FIGURE 5 - The relationship between arsenic and selected redox sensitive components in groundwater from Huhhot Basin. A: As vs. NO3-;
B: As vs. SO42-; C: As vs. NH4+; D: As vs. Fe+M
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As and NO3- and SO42- (Fig. 5A and B) indicates that the
reducing condition is favorable to arsenic enrich-ment in
groundwater at Huhhot. High dissolved Fe and Mn concentration could be related to microbial Fe(III) minerals
reduction as mentioned above. Unlike in Datong Basin,
good correlation between As and Fe+Mn is observed in
the Huhhot groundwater indicating that Fe and Mn oxides/hydroxides reduction could be the controlling factor
for the enrichment of arsenic in the groundwater. According to the study conducted by Smedley et al. [6], Fe oxides are a potential source of arsenic and reductive dissolution of Fe oxides under the reducing condition is the
potential mechanism for arsenic release. The hydrochemical parameters suggest that arsenic enrichment in groundwater in the both Datong and Huhhot basin is governed by
different hydrochemical processes. However, the reducing
environment is favorable to the arsenic enrichment in
groundwater in the both basins.

of water. The deuterium excess (‘‘d-excess’’), deﬁned by
Dansgaard [20] as d =δ2H-8δ18O. Evaporation can generally result in the decreasing in d-excess values. Fig. 7 shows
the relationship between δ18O and the d-excess (ranging
from +9.1‰ to -10.6‰ and from +17.61‰ to -0.8‰,
respectively for the Datong and Huhhot groundwater) in
the groundwater. The low d-excess values of the Datong
and Huhhot groundwater indicate impact of evaporation
on the groundwater chemistry. In general, δ18O was negatively correlated with the d-excess (Fig. 7). In arid and
semi-arid areas such as Datong and Huhhot, usually only
large rainfall events or irrigation and salt flushing practices with lower stable isotope compositions are able to recharge groundwater [21]. Therefore, some Huhhot groundwater samples contained relatively low δ18O values and
higher d-excess values also can be explained by evaporation, in spite of the waters still having relatively low δ18O
values.

3.2 Environmental isotope

Plot of δ2H vs. δ18O (Fig. 6) shows that δ2H and δ18O
values of groundwater from two basins are comparable. In
both basins, groundwater samples plot very close to the
Global Meteoric Water Line (GMWL) [14] indicating a
meteoric origin of groundwater. The Datong and Huhhot
groundwater δ18O and δ2H values define two regression
lines with the same slopes (Fig. 6):
δ2H=7δ18O-10.9 (Datong)
δ2H=7δ18O-3.9 (Huhhot)
The low slope is characteristic of water subject to
evaporation through a dry surface layer due to nonequilibrium isotope fractionation under the low moisture
condition [15-19]. Therefore, the lower slope values of the
regression line for Datong and Huhhot groundwater than
that for Global Meteoric Water Line (GMWL) (δ2H=
8δ18O+10) indicates an evaporation effect.

FIGURE 6 - The plot of δ2H vs. δ18O in groundwater from Datong
and Huhhot basin. The δ2H and δ18O value of Huhhot groundwater
from Smedley et al. [6]

The d-excess value is an important indicator of the
evaporation effect on the physicochemical characteristics

FIGURE 7 - The plot of d-excess values vs. δ18O values in groundwater from Datong and Huhhot basin. The δ2H and δ18O value of
Huhhot groundwater from Smedley et al. [6]

From the δ18O vs. Cl concentration plots (Fig. 8A),
for Datong groundwater three trends can be observed: (1)
δ18O values increased drastically with moderate change of
Cl concentration. This reflects the effect of evaporation
on groundwater because evaporation can modify the δ18O
values of groundwater with moderate change of Cl concentration. (2) Sharply increased Cl concentrations with
no variation of δ18O values. It could be related to vertical
mixing of recharge water such as irrigation return or
flushing water with pore water or the transpiration process. Lower recharge can lead to a greater potential for
transpiration to occur in the unsaturated zone. As discussed above, only large rainfall events or irrigation and
salt flushing practices can recharge groundwater at Datong and Huhhot. Accordingly, significant increased Cl
concentrations with no change of δ18O values csn be contributed to vertical mixing of recharge water such as irrigation return or flushing water with pore water. Because
of the wide distribution of saline soil, periodical flushing
of salt has been a common practice in the Datong Basin.
Due to the dissolution of halite, mixing by irrigation re-
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the evaporation trend. No leaching trend can be observed
for Huhhot groundwater. The effect of irrigation on the enrichment of arsenic in groundwater has been well documented [22-24]. Dissolved natural organic matter and nitrate and sulfate bearing fertilizer can enhance redox reactions and result in low Eh values of groundwater. The observed lower Eh values in Datong Basin groundwater could
be related to the periodical irrigation and salt flushing practice.
3.3 Factor analysis of hydrochemical parameters

Factor analysis was performed on groundwater samples from both basins to further elucidate the mechanism of
arsenic enrichment in groundwater. Hydrochemical parameters including HCO3-, Cl, NO3-, SO42-, NH4+, K, Na, Ca,
Mg, pH and Eh were evaluated in factor analysis. Metal
trace elements including As, Mn and Fe were also considered. The results of factor analysis are listed in Table 2. Factor analysis in this study was used to demonstrate the possible hydrochemical processes, which may
have an influence on arsenic mobilization. The first four
principal factors, which explain more than 80 % of the
total variance in the data set, were deduced. Therefore, the
first four primary factors can explain a large percentage of
the variance expressed by the data matrix.

FIGURE 8 - The relationship between δ18O and Cl concentration in
groundwater from Datong (A) and Huhhot basin (B)

turn and flushing water can result in the large variation of
Cl concentration with no significant change of the δ18O
values. (3) δ18O values changed with minor variation of
Cl concentrations. This could be due to mixing of lateral
recharge water with groundwater because both of them
contain low Cl concentrations but different δ18O values.
Fig. 8B shows that most Huhhot water samples plot close
to the recharge and mixing trend and some samples fall on

In the Datong basin, factor 1 has strong positive loadings on Cl, Mg, Na, SO42-, Ca, Fe and Mn. These parameters are the dominant components of salt. The presence of
SO42-, Ca and NH4+ is the typical characteristics of fertilizer input from the surface. The loading of Fe and Mn
could be related to the reductive dissolution of Fe and Mn
oxides/hydroxides. As discussed above, periodical irrigation and salt flushing practice can cause the change of the
redox condition of subsurface groundwater and result in the
reductive dissolution of Fe and Mn oxides and hydroxides.
The coupled occurrence of these components could be
attributed to irrigation and salt flushing. Thus, factor 1 is
called the irrigation and salt flushing factor. Factor 2 has
high loadings on pH, NH4+, and As. The factor 2 is arsenic enrichment factor. The presence of NH4+could be due
to the microbial activity. Microbial mediated Fe(III) re-

TABLE 2 - Loading for varimax-rotated factor matrix in four-factor model
Factor
pH
Eh
HCO3Cl
NO3SO42NH4+
K
Na
Ca
Mg
As
Mn
Fe

1
-0.46
0.03
0.26
0.92
0.13
0.90
0.49
0.18
0.88
0.74
0.95
-0.20
0.84
0.77

Datong Basin
2
3
0.57
-0.53
-0.80
-0.30
-0.14
-0.02
0.02
-0.05
-0.33
0.61
-0.22
0.05
0.41
-0.25
0.14
0.83
-0.04
0.13
-0.42
0.32
-0.09
0.22
0.77
-0.09
0.14
-0.13
0.00
0.01

Huhhot Basin
4

1
0.10
0.29
0.89
0.88
0.42
0.79
-0.10
0.89
0.76
0.05
0.85
0.08
-0.05
-0.19

0.20
0.31
0.87
0.24
0.45
-0.03
0.31
-0.08
0.31
-0.25
0.10
-0.04
-0.27
0.02
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2
0.13
0.76
-0.28
0.40
0.60
0.55
-0.64
-0.04
0.44
0.92
0.43
-0.08
0.34
-0.18

3
0.14
-0.38
-0.08
0.05
-0.25
-0.12
-0.04
-0.18
0.16
0.26
-0.04
0.86
0.84
0.89

4
0.92
0.16
0.01
0.11
-0.32
0.05
-0.33
0.02
0.09
-0.02
0.01
0.14
0.10
-0.01

© by PSP Volume 21 – No 4. 2012

Fresenius Environmental Bulletin

duction and ammoniﬁcation can form aqueous Fe(II), and
NH4+ ions, and near neutral pH [25].
Fe-bearing oxide/hydroxides are the dominant carriers of arsenic in aquifer sediments from Datong [3]. The
reductive dissolution of solid Fe(III) minerals can cause
the mobilization of arsenic. Factor 3 has positive loading
on NO3-. Origin of NO3- is generally from agriculture,
industry and domestic sewage. Therefore, factor 3 is called
the nitrate contamination factor. Factor 4 has positive loading on HCO3-. Microbially mediated oxidation of sedimentary organic matter leads to the low Eh values and low
SO42- and NO3- concentrations, and produces CO2 which
in turn promotes the dissolution of carbonates and increases HCO3- concentrations [2]. Therefore, the factor 4
is the microbial activity factor. The factor analysis indicates that chemical addition associated with irrigation and
salt flushing, microbial driven Fe(III) and SO42- reduction
and ammoniﬁcation governed the hydrochemistry of the
groundwater at Datong. The results suggest that microbially driven Fe(III) reduction and organic matter oxidation
could be the controlling process of arsenic enrichment in
groundwater at Datong.
In the Huhhot Basin, factor 1 has positive loadings on
HCO3-, Cl, SO42-, K, Na, and Mg. The input of these solutes could be resulting from minerals weathering as
demonstrated by Mukherjee et al. [5]. Factor 1, therefore,
is water-rock interaction factor. Factor 2 has positive
loadings on Eh, NO3- and Ca. Loadings of NO3- and Ca
can be attributed to the agricultural activities. The upper
surface is the greatest biogeochemical activity zone and
the input of NO3- can enhance the redox reactions driven
by microbes. Microbial activities can result in the low Eh
values between -500 to 0 mV [25]. The positive loading
on Eh, NO3- and Ca may indicate microbial activities
associated with the agricultural chemicals addition. Thus,
factor 2 can be called microbial activity factor. The factor
3 has strong positive loadings on Fe, Mn and As. Factor 3
is As enrichment factor. The presence of Fe and Mn could
be due to the reductive dissolution of Fe and Mn oxides/
hydroxides under reducing condition. It is consistent with
the con-clusion inferred from the correlation between
dissolved As and Fe+Mn in groundwater (Fig. 5D). Reductive dissolution of Fe and Mn oxides/hydroxides has
been suggested to explain the generation of high arsenic
groundwater at Huhhot [5, 6]. Factor 4 is characterized by
strongly positive loading on pH. The positive loading on pH
in the groundwater warrants further investigation. In generally, the processes including water-rock interaction,
reductive dissolution of Fe and Mn oxides/hydroxides
control the hydrochemistry of the groundwater. Moreover,
enrichment of arsenic in groundwater can be attributed to
the reduction of Fe and Mn oxides/hydroxides at Huhhot.

environment is favorable to the mobilization of arsenic in
both basins. The data from the present study are consistent with the viewpoint that arsenic is released from Fe
oxides/hydroxides by complex biotic reduction processes
[26, 27, 28]. In the Datong Basin, irrigation and salt flushing may play a significant role on the mobilization of arsenic. The importance of human activities such as irrigation
practice on the mobilization of arsenic has been well
documented in Southwestern Idaho [24], Cambodia [29]
and Bengal delta, India [30]. Slow hydrodynamics combined with irrigation and salt flushing practices can result
in the lower Eh condition of Datong groundwater. Under
strongly reducing conditions, reduction of Fe oxides/ hydroxides and the formation of amorphous FeS and FeCO3
(siderite) may have occurred. It can be supported by the
results of siderite saturation index calculated by Guo and
Wang [31]. Compared with amorphous FeS and FeCO3
(siderite), Fe oxides/hydroxides has stronger ability to adsorb arsenic [32]. Thus, the reductive dissolution of Fe oxides/ hydroxides and precipitation of amorphous FeS and
FeCO3 (siderite) can result in the enrichment of arsenic in
groundwater.
In the Huhhot Basin, under moderately reducing condition, Fe oxides/hydroxides reduction occurred within the
aquifer, but the formation of amorphous FeS can not be
expected. According to the study conducted by Smedley et
al. [6], arsenic is mainly associated with Fe oxide minerals. Therefore, the reductive dissolution of Fe oxides/
hydroxides leads to the generation of elevated arsenic
concentrations in the Huhhot groundwater.
4. CONCLUSION

3.4 Possible mechanism of arsenic mobilization

Hydrochemical comparison was conducted on groundwater from Datong and Huhhot Basin. In general, there are
marked differences in solute chemistry between the Datong and Huhhot Basin groundwaters. The Datong
groundwater is typical Na-HCO3 and Na-Cl type, but the
major-ion composition of the Huhhot groundwater is
dominated by a mixed ion (Ca-Na-HCO3-Cl) hydrochemical facies. Mineral weathering is the predominant evolutionary mechanism of groundwater chemistry in the
Huhhot. In contrast, cation exchange combined mineral
weathering governs the hydrochemical evolution of the
Datong groundwater. The relationship between arsenic
and redox sensitive species indicates that the reducing
conditions are favorable to the enrichment of arsenic in
groundwater in both basins. The dissolution of Fe oxides/hydroxides, and precipitation of amorphous FeS and
FeCO3 (siderite) is the major process controlling the mobilization of arsenic at Datong, while Fe oxides/hydroxides reductive dissolution governs the enrichment of arsenic in Huhhot groundwater.

From above discussion, it can be concluded that the
groundwater experienced the different hydrochemical processes in the Datong and Huhhot Basin. However, reducing

The δ2H and δ18O values of the Datong groundwater
are comparable to those of the Huhhot groundwater. They
indicate a precipitation recharge with moderate evapora-
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tion in both basins. In addition, a vertical leaching and
mixing process associated with irrigation and salt flushing
practice can be deduced in the Datong Basin. Periodical
irrigation and salt flushing practices can result in the
change of the redox conditions, dissolution of Fe oxides/hydroxides, and precipitation of amorphous FeS and
FeCO3 (siderite). Moreover, the addition of agricultural
chemicals associated with irrigation and salt flushing can
enhance the redox reactions and lower the Eh values of
groundwater. However, the potential inﬂuence of irrigation and salt flushing on arsenic behavior warrant further
investigation. In contrast, no significant human activities
impact has been detected in the Huhhot groundwater. The
reductive dissolution of Fe oxides/hydroxides can well
explain the occurrence of elevated arsenic concentrations
in Huhhot groundwater.
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ABSTRACT
The effects of types and concentrations of surfactants,
which include cetylpyridium chloride (CPC), cetyltrimethyl
ammonium bromide (CTMAB), sodium dodecyl sulfate
(SDS), sodium dodecylbenzene sulfonate (SDBS), Tween
80 (TW80), Triton X-100 (TX100) and Brij 35, on the solubility enhancement and biodegradation of phenanthrene as
well as the bacterial activity in aqueous phase were investigated. The values of molar solubilization ratio (MSR)
for CPC, CTMAB, SDS, SDBS, TW80, TX100 and Brij
35 were measured as 0.0304, 0.0378, 0.00557, 0.00359,
0.0100, 0.0106 and 0.00626, respectively. The solubilization capacities of different type surfactants followed the
order of cationic > nonionic > anionic ones. The inhibition extent of surfactants to phenanthrene degradation as
well as bacteria growth followed nonionic < anionic <
cationic ones. The inhibitory effects were more obvious
with increasing surfactant concentrations. The first-order
kinetic model well described phenanthrene biodegradation
in surfactant solutions. Given the surfactant concentration,
the rate constants (λ) in the presence of nonionic surfactants (λ > 1.5 h-1) were greater than anionic ones and even
much larger than cationic ones. Comparatively, non-ionic
surfactants seemed to be suitable for surfactant-enhanced
bioremediation (SEBR) of PAH-contaminated soils. The
results showed that the potentially available surfactants in
SEBR depend greatly on their types and concentrations.

KEYWORDS: surfactant; solubilization; biodegradation; phenanthrene; polycyclic aromatic hydrocarbons (PAHs)

1. INTRODUCTION
Polycyclic aromatic hydrocarbons (PAHs) are common environmental pollutants introduced by industrial
operations using fossil fuels as well as by natural events
* Corresponding author

such as forest fires [1-3]. PAHs are ubiquitous pollutants
found in soil at wood preservation plants, gas works, oil
refineries, runoff from asphalt pavement, and combustion
process. PAHs are often highly toxic, mutagenic, and carcinogenic [4], so they represent considerable environmental
concerns [5-7]. PAHs released into soil environment could
be eliminated through volatilization, photo-oxidation, chemical oxidation, bioaccumulation and biodegradation, etc.
However, the principal process for successful removal
and elimination of PAHs is microbial transformation and
degradation [8-12].
Phenanthrene, a three-ring PAH, is an appropriate
model compound to investigate the capability of microbial
cells to transform and degrade PAHs. The main factor
limiting the biodegradation of phenanthrene and other
PAHs is their extremely low solubility [13]. Application
of surfactants has been suggested as a possible way to
increase bioavailability, and thus, biodegradation of these
compounds. In some cases, the surfactants have been
reported to facilitate biodegradation as a result of solubilization or dissolution of aromatic compounds [14-16]. In
other cases, the surfactants have no effect on contaminant
removal due to various reasons [17], which are partly attributed to surfactant as preferential growth substrates by
degrading microorganisms or to their toxicity. The effect
of surfactant on pollutant biodegradation depends on a
number of factors including type of surfactant, its applied
concentration, and the type of contaminants and identity
of microorganisms present in the medium [18, 19].
With the increasing environmental awareness, readily
biodegradable surfactants are preferred in in situ remediation applications [20-22]. However, their solubilization
capacities and effects on biodegradation of pollutant are also
of important considerations while choosing suitable surfactants. In addition, PAH utilization is very slow due to
its low water solubility, leading to a low bioavailability to
the microorganisms. The surfactants tend to increase PAH
availability by partitioning of hydrocarbon molecules into
micellar phase and lowering the interfacial tension between water phase and hydrocarbons and thus actively
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desorbing hydrocarbon molecules from soils. Recently,
attention has been drawn toward diverse PAHs-metabolizing bacteria, degradation mechanisms, assimilation of
PAHs into bacterial strains and related catabolic genes [2325]. However, most degradation studies with surfactants
were only concerned with one type surfactant. To our
knowledge, few studies were conducted to monitor the
effect of various types of surfactants on bioremediation of
PAHs by bacteria.
Here, cetylpyridium chloride (CPC), cetyltrimethyl
ammonium bromide (CTMAB), sodium dodecyl sulfate
(SDS), sodium dodecylbenzene sulfonate (SDBS), Tween
80 (TW80), Triton X-100 (TX100) and Brij 35 were chosen to be the representatives of surfactants. The objectives
of this study are (i) to use cationic, anionic, and nonionic
surfactants (CPC, CTMAB, SDS, SDBS, TW80, TX100
and Brij 35) to enhance the solubilization of phenanthrene;
(ii) to determine the inhibitory effects of applied surfactants
to bacteria and (iii) to elucidate the effects of types and
concentrations of surfactants, on biodegradation of phenanthrene.
2. MATERIALS AND METHODS
2.1. Materials

Phenanthrene (purity > 98%) was obtained from
Aldrich Chemical Company and used as received. CPC,
TX100, Brij35 and TW80 were purchased from Acros
Organics and used without further purification. CTMAB,
SDS and SDBS were obtained from Tokyo Kasei Kogyo
Co. Ltd., Japan. The characteristics of the selected surfactants are given in Table 1. HPLC-grade methanol was purchased from Shandong Yuwang Chemical Institute. Deionized water from a MilliQ-element purification system (MilliQ-element, USA) was used in preparing samples.
2.2. Bacterial culture and media

A mixed bacterial culture was isolated from activated
sludge of the Anning Sewage Treatment Plants, China.
Before the microorganisms in the mixed culture were utilized to perform the biodegradation experiments, they were
acclimatized to phenanthrene for 3 months. The mixed
culture was fed between 4 days intervals with phenan-

threne and medium solution. The mineral medium (MM)
was composed of (g/L): K 2HPO 4 (1.5), KH 2PO 4 (0.85),
NH4NO3 (1.0), MgSO4·7H2O (0.2) and CaCl2 (0.2). MM
also contained trace elements as following (mg/L),
MgSO4·7H2O (1.0), FeSO4·7H2O (1.0), MnSO4·H2O
(0.36), ZnSO4·7H2O (0.3), CoCl2·6H2O (0.1) and
CaCl2·2H2O (1.0) [14]. Phenanthrene was added at an
initial concentration of 0.1 mg/L, subsequently was increased to 0.5, 1.0, 2.0, 5.0 and 10 mg/L. The resultant
mixed culture was capable of complete phenanthrene degradation. The mixed culture was identified as a mixture of
bacteria by dying and morphological observation under
microscope. The phenanthrene-degrading microorganisms
were collected from the mixed culture by centrifugation at
5000 rpm for 15 min and washed three times with physiological saline. The harvested microorganisms were suspended in the potassium phosphate buffer solution (0.1
mmol/L, pH 7.0), with an optical density of 0.1 at 600 nm
before being used as inoculums.
2.3. Phenanthrene solubilization tests

Batch tests for observing apparent solubility enhancement with surfactant addition were conducted. 150 mL
volumetric flasks were used for batch experiments with an
excess amount of phenanthrene crystal. A series of different concentrations of surfactant solutions (cationic ones,
100, 200, 400, 600, 800, 1000, 2000, 4000 mg/L; anionic
ones, 100, 500, 1000 , 2000, 4000, 6000, 8000, 10000 mg/L
and nonionic ones, 10, 50, 100, 500, 1000, 2000, 4000,
6000 mg/L) were added to the flasks. The flasks were
sealed and equilibrated for 72h at 30 oC on a rotary shaker
(150 rpm). The samples were centrifuged for 30 min at
4000 rpm to separete the undissolved phenanthrene. HPLC
(Thermo Advantage 4000, USA) was used to measure
the phenanthrene concentrations of the samples. The
apparent solubilities of phenanthrene at each surfactant
concentration were determined by calculating the mean
value of duplicated samples. The surfactant concentration
was kept the same in both standard and sample solutions to
eliminate the effects of surfactants on determining phenanthrene solubility. Methanol was added to the standard solutions of phenanthrene and kept at 10% (v/v) because of its
low solubility in water (1.18 mg/L, 25ºC). Thus, methanol
in the sample solutions was also maintained at 10% (v/v).

TABLE 1 - Characteristics of surfactants used in this study

a

Surfactant

Molecular structure

CPC
CTMAB
SDS
SDBS
TW80
TX100
Brij35

C16H33(NC5H5)Cl
C16H33N(CH3)3Br
C12H25OSO3Na
C12H25C6H4SO3Na
C17H35COOS6(OCH2CH2)20OH
C8H17C6H4(OCH2CH2)9.5OH
C12H25(OCH2CH2)23OH

Molecular weight
(g/mol)
358
364
288
348
1309
625
1200

HLBa

CMCb (mg/L)

Type

16.0
40
10.6
15.0
13.5
16.9

322.2
335.29
1586
963.2
73.76
167.4
66

C
C
A
A
N
N
N

HLB: hydrophile-lipophile balance. bCMC: critical micelle concentration. C: cationic surfactant; A: anionic surfactant; N: nonionic surfactant
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2.4. Growth of bacteria and biodegradation of phenanthrene

2.5. HPLC analysis

HPLC analysis was carried out with an instrument
which possessess two pumps, an autosampler, and a photodiode array detector. After filtration using syringe filters(0.22 µm), the aqueous samples were injected into a
reversed-phase C18 column. The elution was carried out
by pumping methanol and water (80:20 v/v) isocratically
at a flow rate of 1.0 mL/min. The absorbence was measured at a wavelength of 254 nm for phennanthrene.

CTMAB
CPC
SDS
SDBS
TW80
TX100
Brij35

140
120

Phenanthrene (mg/L)

Stock solution (1 g/L) of phenanthrene was prepared
with methanol. Phenanthrene dissolved in methanol was
transferred into a series of flasks. Then methanol was
allowed to evaporate overnight and a thin phenanthrene
crystal layer was obtained at the bottom of flasks. 40 mL
of surfactant solutions with different concentrations, 5 mL
of bacterial culture and 5 mL of media were added to each
flask. Then the flasks were placed in the shaker at a speed
of 150 rpm and a temperature of 30 oC, and harvested at 4
h intervals. Triplicates of samples and abiotic control
were prepared. Abiotic control was prepared with killed
culture by 100 g/L of sodium azide in order to minitor the
loss of phenanthrene.
Growth of phenanthrene degrading culture in the absence of and in the presence of phenanthrene was monitored by measuring the absorbance at 600 nm with UVVIS spectrometer (Shanhai Jingke). 2 mL of aliquots was
drawn from each flask and absorbance was measured
using undisposable cuvettes. For phenanthrene degradation, the reaction solutions were sampled at the required intervals, diluted with methanol and filtered through 0.22 µm
syringe filter. Phenanthrene was analyzed in the filtered
solutions using HPLC. Standard solutions of phenanthrene were prepared using methanol solution (80:20 v/v)
and phenanthrene was quantified from the calibration.

100
80
60
40
20
0

0

2000

4000

6000

8000

10000

Surfactant concentration (mg/L)
FIGURE 1 - Solubilization of phenanthrene by surfactants

per mole of surfactant added to the solution [26]. In the
presence of an excess of hydrophobic organic compound,
MSR can be obtained as follows:
MSR = (SPAH,micelle– SPAH,cmc) / (Csurf - CMC)

Where SPAH,cmc (mol/L) is the apparent solubility of a
PAH compound at the CMC (mol/L); SPAH,micelle (mol/L)
is the total apparent solubility of the PAH compound in
micellar solution at a particular surfactant concentration
(mol/L) greater than the CMC; and Csurf (mol/L) is the surfactant concentration at which SPAH,micelle was evaluated.
The values of MSR can be obtained from the slope of the
line over CMC. Since the surfactant’s cost corresponds to
mass of surfactant purchased, solubilization results were
also calculated in terms of absolute surfactant’s concentration. With the quantity of surfactant and PAH solubility
expressed in g/mL in the solution, then the mass solubilization ratio (WSR) can be defined as

3. RESULTS AND DISCUSSION

WSR = (SPAH,micelle– SPAH,cmc) / (Csurf - CMC)

3.1. Solubilization of phenanthrene

Fig. 1 shows the solubilization of phenanthrene by
CPC, CTMAB, SDS, SDBS, TW80, TX100, and Brij 35,
respectively. In the absence of surfactant, solubility of
phenanthrene was determined to be 1.18 mg/L. The apparent solubility of phenanthrene increased proportionally
with surfactant concentration. A significant enhancement of
apparent solubility of phenanthrene was observed above
the CMC. For example, in 2000 mg/L concentrations of
CPC, CTMAB, SDS, SDBS, TW80, TX100, and Brij 35
solution, the solubilities of phenanthrene were 64.0, 69.8,
4.35, 3.19, 19.9, 20.5, and 12.9 mg/L, respectively.
Based on the solubility test results, the effectiveness
of the seven types of surfactants for solubilizing phenanthrene was elucidated. From the slope of the plot over
CMC, molar solubilization ratios (MSR) were calculated
as the number of moles of organic compound solubilized

(1)

(2)

Experimentally measured values of MSR for CPC,
CTMAB, SDS, SDBS, TW80, TX100, and Brij 35 were
0.0304, 0.0378, 0.00557, 0.00359, 0.0100, 0.0106 and
0.00626, respectively (Table 2). The solubilizing capacity
of the surfactants for phenanthrene quantified by MSR
values yielded the following efficiency scale: CTMAB >
CPC > TX100 > TW80 > Brij35 > SDS > SDBS. This
shows that the capability of surfactant to solubilize phenanthrene follows the order of cationic surfactants >
nonionic surfactants > anionic surfactants. When the
surfactant concentration is greater than its CMC, the
measured solubility of phenanthrene in solution increased
significantly with increasing surfactant concentration and
showed a linear relationship. By nonionic surfactants, the
enhanced solubility of phenanthrene was in the order
TX100, TW80, and Brij35. This may be attributed to the
different numbers of polyoxyethyl of the surfactants. The
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linear description of surfactants on solubilization of the

phenanthrene was

TABLE 2 - Solubilization data of phenanthrene by surfactants
Surfactant
CPC
CTMAB
SDS
SDBS
TW80
TX100
Brij35

R2
0.9985
0.9984
0.9657
0.9964
0.9974
0.9965
0.9993

Regression Equation
S = 0.0362C - 10.2
S = 0.0374C - 8.53
S = 0.0068C - 14.0
S = 0.004C - 5.77
S = 0.0116C - 1.49
S = 0.0142C - 5.16
S = 0.0068C - 0.431

mainly due to the formation of surfactant micelles. The
linear relationship regression results, MSR and WSR
values for phenanthrene are summarized in Table 2.
3.2. Effects of surfactant on the growth of bacteria without
phenanthrene

Fig. 2 shows the effects of the tested surfactants on
the growth of bacteria in the absence of phenanthrene. The
experiments were carried out by adding 40 mL different
concentration of surfactants (i.e. CPC, CTMAB, SDS,
SDBS, TW80, TX100, Brij 35) in 150 mL of mineral
growth medium containing 5 mL of inoculums.
Obvious inhibitory effects of CPC and CTMAB at
300, 500, 1000, 2000 and 4000mg/L on growth of bacteria were observed. The results obtained showed that there
was no increase in the bacterial growth which was observed within 96 hours. The absorbance of bacteria decreased gradually in the CTMAB solutions. In the CPC
solutions, the results showed no change in the bacterial
growth.
In the case of SDS, a slight growth was observed.
However, the absorbance increased up to 0.057 and 0.043
given 3000 and 4000 mg/L of SDS concentration. The
results showed that phenanthrene-degrading bacteria could
utilize low concentrations of SDS as substrate. In the case
of SDBS, taking the following concentrations into consideration 3000, 4000, 5000, 6000 and 7000 mg/L, no
obvious absorbance ehnacement was observed.
In contrast, nonionic surfactants could be utilized by
phenanthrene-degrading bacteria as carbon sources to
different extent (Fig. 2). When TW80 concentration was
100 mg/L, no obvious growth was observed during the
experimental period. When the concentrations were 500
and 1000 mg/L, the absorbance did not increase significantly. When the concentrations of TW80 were increased
between 2000 and 4000 mg/L, the growth curves showed
the obviously expected latent and expansionary phases,
which indicates that TW80 (a kind of food additives) could
be used as substrate for phenanthrene-degrading bacteria.
In the TX100 solution systems, the number of bacteria
increased gradually with time increase. After 76 hours, a
rapid growth period occurred. In Brij 35 solutions, the
bacteria grew slowly during the experimental time, with
absorbance between 0.026 – 0.071 within 96 hour. Com-

WSR
0.0362
0.0374
0.0056
0.004
0.0115
0.0142
0.0067

MSR
0.0304
0.0378
0.00557
0.00359
0.0100
0.0106
0.00626

paratively, TW80 was opted to be utilized as substrate by
phenanthrene-degrading bacteria based on the above
experimental results.
The biodegradability of the surfactant is a complex
variable. On the one hand, it is certainly desirable that the
surfactant biodegrades at subsurface conditions, and that
the biodegradation does not interference with the biodegradation of dissolved or desorbed contaminant (e.g. phenanthrene). On the other hand, the cost of the surfactant
makes it important to note that the surfactant biodegrades
at a sufficiently slow rate in order to solubilize or desorb
the contaminants as much as possible.
3.3 Degradation of phenanthrene and growth of phenanthrene-degrading bacteria

Fig. 3 shows the phenanthrene degradation in aqueous phase in the presence of surfactants with different
concentrations. The presence of surfactant above the CMC
led to solubilization of the phenanthrene crystals and increased solubilities of phenanthrene in the liquid phase.
The phenanthrene biodegradation control data showed that
a loss of volatility of phenanthrene was negligible throughout the experiment. A distinct inhibitory effect of phenanthrene biodegradation was observed in the presence of
CTMAB and CPC. The inhibitory extents were positively
proportional to the concentrations of CTMAB and CPC.
Within 96 hours, the maximum percentages of phenanthrene degradation were 88.1% and 92.8% in the presence
of 300 mg/L of CTMAB and CPC, respectively. However,
the percentages decreased to 21.5% and 17.3% in the presence of 1000 mg/L of CTMAB and CPC. Although the
cationic surfactants on the solubility of phenanthrene are
good, the presence of them leads to bactericidal action. The
cationic surfactant CTMAB and CPC are used in herbicides
and germicides owing to its known biotical properties
which may not generally be appropriate for bioenhancement purposes in soil remediation application.
Phenanthrene biodegradation in the presence of SDS
and SDBS was somewhat different from that in the presence of cationic surfactants. A distinct effect of phenanthrene biodegradation was observed above the concentrations of 3000 mg/L of SDS and SDBS. But phenanthrene
in SDS and SDBS solutions was not removed thoroughly
within the specific 96 hours period. The maximum removal rates were 95.8% and 84.3% in the presence of
3000 mg/L of SDS and SDBS. The residual concentra-
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tions of phenanthrene at 96 hour with SDS, in which the
concentrations of SDS were 3000, 4000, 5000, 6000 and
0.04
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FIGURE 2 - Effects of surfactants on the growth of phenanthrene
degrading bacteria without phenanthrene.
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FIGURE 3 - Phenanthrene biodegradation in surfactant solutions.
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7000 mg/L, were 0.35, 0.38, 0.58, 0.87 and 0.99 mg/L,
respectively. The residual concentrations of phenanthrene
at 96 hour with SDBS when prepared with the concentrations of 3000, 4000, 5000, 6000 and 7000 mg/L, were 0.76,
0.93, 0.98, 1.04 and 1.68 mg/L respectively. In addition,
the degrading rates decreased with increasing anionic
surfactant concentrations (see following discussion). Surfactants may improve the mass transfer of solid hydrocarbons, thereby increasing the availability to microorganisms. However, with high CMC and low solubilizing capacity, SDS would not enhance availability of contaminants significantly.
As for the effects of nonionic surfactants, TW80,
TX100 and Brij35, on phenanthrene degradation, a distinct disappearance of phenanthrene was observed. The
concentrations of surfactants were 100, 500, 1000, 2000
and 4000 mg/L. The addition of nonionic surfactants can
significantly enhance the solubilization and phenanthrene
dissolved in micelle phase and aqueous phase was rapidly
biodegraded within 96 hours. Fig. 3 shows that ~ 9 mg/L
of phenanthrene in 100, 500, 1000, 2000 and 4000 mg/L
of TX100 solution disappeared by 99% within 52, 56, 56,
64 and 68 h, respectively, while the corresponding time
cost were 48, 48, 52, 52 and 52 hours in Brij 35 solutions,
and 60, 76, 80, 96 and 88 hours in TW80 solutions. Degradation of phenanthrene in Brij 35 solutions was slightly
faster than the others. A slow degradation of phenanthrene
in TW80 solutions may be attributed to the preferential
biodegradation of TW80 by phenanthrene-degrading bacteria (Fig. 2). However, the degradation of phenanthrene in
nonionic surfactant solutions was more complete and faster
than those in cationic and anionic surfactant solutions.

under the same conditions a progressive degradation of
phenanthrene was observed in SDS and SDBS solutions.
However, the rate of phenanthrene depletion in CTMAB,
CPC, SDS and SDBS solutions were significantly slower
than that observed in the nonionic surfactant TW80,
TX100 and Brij35. In all experiments, the best surfactant
to treatment was nonionic surfactant TW80, TX100 and
Brij35 with λ > 1.5 h-1. The result showed that nonionic
surfactant in this medium could enhance the phenanthrene
biodegradation extent and accelerate the biodegradation
rate and thus reduce the time for remediation of soils
contaminated by PAHs.
TABLE 3 - First order degradation of phenanthrene in surfactant
solutions.
Surfactant
CPC

CTMAB

SDS

SDBS

The first-order biodegradation kinetics model can be
used to describe the biodegradation behavior of phenanthrene in the presence of these surfactants. During this
experiment, the phenanthrene content in water phase decreased with time (Fig. 3). The equation below can be used
to express the phenomenon of biodegradation of phenanthrene:
C=C0e-λt

TX100

(2)

where C0 denotes the initial phenanthrene content in
aqueous solutions, C denotes the phenanthrene content at
a time t, and λ denotes biodegradation rate accorded with
the first-rate kinetics equation dC/dt = λC. The half life
(t1/2) of phenanthrene biodegradation can be derived as
follows:
t1/2=0.693/λ

TW80

(3)

On the basis of numerical analysis, the kinetic parameters for phenanthrene biodegradation such as biodegradation constant (λ), coefficient of correlation (R2) and half
life (t1/2) in the experiments are listed in Table 3. For
cationic or anionic surfactants, the rate constants decrease
with increasing surfactant concentrations. The results
showed that phenanthrene was not significantly degraded
in high concentration of 2000 and 4000mgL-1 of CPC and
CTMAB (λ ≈ 0 for phenanthrene). On the other hand,

Brij35

Concentration
(mg/L)
300
500
1000
2000
4000
300
500
1000
2000
4000
3000
4000
5000
6000
7000
3000
4000
5000
6000
7000
100
500
1000
2000
4000
100
500
1000
2000
4000
100
500
1000
2000
4000

λ
(h-1)
0.088
0.052
0.016
0.005
0.002
0.062
0.037
0.02
0.006
0.006
0.124
0.112
0.089
0.077
0.078
0.071
0.064
0.063
0.06
0.043
0.145
0.145
0.145
0.124
0.155
0.366
0.335
0.338
0.311
0.284
0.346
0.345
0.322
0.344
0.347

R2
0.964
0.9851
0.9123
0.5421
0.2237
0.8977
0.7689
0.9208
0.5823
0.6689
0.9846
0.9644
0.9488
0.9497
0.9502
0.898
0.9191
0.9478
0.9531
0.9788
0.8418
0.8001
0.8001
0.9226
0.8298
0.954
0.9686
0.9822
0.9582
0.9723
0.8874
0.8979
0.8936
0.9006
0.8996

t1/2
(h)
7.9
13
43
140
350
11
17
35
120
120
5.6
6.2
7.8
9.0
8.9
9.8
11
11
12
16
4.8
4.8
4.8
5.6
4.5
1.9
2.1
2.1
2.2
2.5
2.0
2.0
2.2
2.0
1.9

The growth curves of mixed culture on phenanthrene
with different surfactant concentrations are shown in Fig. 4.
It was clearly shown that the curves of bacterial growth in
CTMAB and CPC solutions indicate that there was significant impact of CTMAB and CPC (300, 500, 1000, 2000,
4000 mg/L) on the growth of bacteria above the CMC. In
the cationic surfactant solutions, the bacterial growth
curves were almost identical compared to those with no
phenanthrene (Fig. 2). In SDS and SDBS surfactant (3000,
4000, 5000, 6000 and 7000 mg/L) solutions, the bacteria
grew slow and the situation was the same as that with no
phenanthrene (Fig. 2) at large. Fig. 4 also illustrates the
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bacterial growth curves in the presence of phenanthrene
using TW80, TX100 and Brij35 with the concentrations
as 100, 500, 1000, 2000 and 4000 mg/L. The absorbance
of 100mg/L
of TW80 solution was the same as without
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As illustrated above, the continuous disappearance of
phenanthrene during the experiment indicated the phenanthrene-acclimatized microorganisms were capable of
degrading phenanthrene in the nonionic surfactant micelles. Considering bacterial growth and phenanthrene
degradation in this experiment, nonionic surfactant increased the dissolution rate of phenanthrene, which subsequently leads to an increase in the activity of the phenanthrene degrading bacteria. Schippers et al. [27] reported
that there are three possible mechanisms that can be used to
explain the enhanced biodegradation of PAH by the surfactant addition. The first one is that bacteria might be able
to utilize micelle solubilized/partitioned PAHs directly
through their cell membrane. The second method is that
surfactant can increase mass transfer of PAH into the
aqueous phase, and bacteria might subsequently use the
aqueous phase PAHs. The third one is that surfactant might
change the hydrophobicity of the cell, and the changed
hydrophobicity might enhance the direct attachment of cell
to PAHs.
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phenanthrene. The presence of TW80 at concentrations of
2000 mg/L and 4000 mg/L was found to stimulate the
bacterial growth and an exponential growth curve was
obtained. In the TX100 solutions, the growth trend was
more prominent after 72 hours. This phenomenon was
mainly due to the complete degradation of phenanthrene
by the phenanthrene-degrading bacteria within 72 hours.
As for Brij 35, the absorbance increased obviously within
80 hours. This phenomenon was caused by the bacteria
because it mainly utilized phenanthrene before the expected 80 hours period.
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4. CONCLUSIONS

0.2

The results obtained in this study showed that the addition of surfactant has different effects on the solubilization and biodegradation of phenanthrene. Experimentally
measured values of MSR for CPC, CTMAB, SDS, SDBS,
TW80, TX100, and Brij35 were 0.0304, 0.0378, 0.00557,
0.00359, 0.0100, 0.0106 and 0.00626 respectively. The
solubilizing capacity of the surfactants for phenanthrene
quantified by MSR values produces the following scale of
efficiency: CTMAB > CPC > TX100 > TW80 > Brij35 >
SDS > SDBS. TW80, TX100 and Brij35 were suitable for
the enhancement of the apparent solubility and biodegradation of phenanthrene. The first-order kinetic model can
well describe the biodegradation of phenanthrene in the
presence of these surfactants. The enhancement of biodegradation efficiency followed the order of Brij35 ~
TX100> TW80> SDS> SDBS> CPC > CTMAB.
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FIGURE 4 - Effect of surfactants on the growth of phenanthrene
degrading bacteria during phenanthrene-biodegradation experiments.
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ABSTRACT
Microcystis has become increasingly dominant during
periods of algae bloom in freshwater environments where
phosphorus (P) is usually the primary element limiting its
propagation. In order to understand the mechanism of
Microcystis dominance, the present study investigates the
physiological, biochemical and ultrastructural responses of
Microcystis aeruginosa (FACHB 469) to eight different inorganic phosphorus (Pi) concentrations under batch culture
condition. The results showed that growth of M. aeruginosa
was significantly restrained when Pi concentration was
below 0.20 mg/L. Its alkaline phosphatase activity (APA)
was induced under P deficiency stress and there was also
a negative correlation between APA and external Pi concentration. Nevertheless, polyphosphate bodies (PP) were
observed after M. aeruginosa, pre-cultured under Pi starvation, was exposed to higher Pi concentration. These results suggest that APA induction uptake and storage strategies of P might have ensured the dominance of M. aeruginosa in the freshwater environment with varying Pi
concentrations.

KEYWORDS:
Alkaline phosphatase activity; Microcystis aeruginosa; Inorganic
phosphorus; Oxygen evolution activity; Polyphosphate bodies

1. INTRODUCTION
Eutrophication has become a world-wide phenomenon leading to vast proliferation of cyanobacteria particularly in highly eutrophic lakes. Frequently, Microcystis is
the primary species in this type of environment and has
received increasing attention due to its toxicity and massive propagation, therefore greatly threatening the quality
of drinking water and leisure activities [1]. The increase in
* Corresponding author

a number of nutrients including carbon (C), nitrogen (N),
and phosphorus (P) is associated with eutrophication in
natural freshwater. Although P is widely distributed in
earth’s crust (about 0.1% by weight), its availability for
organisms is restricted. Previous studies have shown that
P and phytoplankton biomass are significantly correlated
[2, 3], and P is often the limiting nutrient not only in oligotrophic freshwater, but also in meso-eutrophic and
eutrophic waterbodies [4]. In addition, it has been shown
that Microcystis sp. growth is inhibited under P-limited
conditions [5, 6].
Inorganic phosphorus can be immediately utilized by
phytoplankton. However, organic phosphates usually have
to be hydrolyzed by alkaline phosphatases (AP) before they
can be assimilated [7]. The alkaline phosphatase activity
(APA) can be induced when inorganic phosphorus (Pi) is
low [7]. As a consequence, APA is considered an indicator
of P availability [8, 9]. On the other hand, the P uptake
system is highly activated under phosphate limitation, and
the cyanobacteria cells can store P in the form of polyphosphate bodies (PP) when the external P rapidly increases [10]. In addition, PP are used by cyanobacteria as
intracellular P reserves and can help them to overcome
short periods of P starvation [11].
Previous studies have described changes in cyanobacterial species composition and distribution in several water
bodies [12, 13], in response to spatio-temporal variability
of Pi concentration [11]. Field observations have been
conducted to investigate the succession of cyanobacterial
species during bloom formation [14, 15]. However, experiments under controlled conditions may be helpful to quantify the relationships between nutrients and cyanobacteria
abundance.
The present investigation examines the lowest threshold Pi concentration at which M. aeruginosa can grow
exponentially in batch culture conditions, and its physiological response to different Pi concentrations. In addition, the P uptake and storage strategies of M. aeruginosa
under controlled laboratory conditions were determined.
The objectives are to understand how M. aeruginosa
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overcomes periods of P deprivation, and how it becomes
the dominant species in a P enriched environment. This
research should assist a better understanding of the dominance of Microcystis in natural water bodies with varying
Pi concentrations.

P＝Pm * tan h (α*I/Pm)＋Rd [14].
where P represents photosynthetic rate at a given irradiance; I, irradiance; Pm, the light-saturated photosynthetic rate; α, photosynthetic efficiency; Rd, the dark respiration rate. The light saturation point (Ik), Ik＝ (Pm-Rd)/ α.
At the light saturation point, O2 evolution activity was
measured using a Clark oxygen electrode (Hansatech, UK)
kept at 28°C by a recycled water bath thermostat (Polystat
refrigerated bath, Cole Parmer Inc.).

2. MATERIALS AND METHODS
2.1. Organisms and culture conditions

The algal strain, Microcystis aeruginosa 469, was
provided by the FACHB (Freshwater Algae Collections,
Institute of Hydrobiology of the Chinese Academy of Sciences). It was cultivated at 28°C with an irradiance of 25 µ
E·m- 2·s – 1 under12h/12h light-dark cycles in the HGZ
medium [16]. By changing the amount of K2HPO4 (the reduced amount of K2HPO4 was replaced by equimolar KCl)
in the HGZ medium, we prepared the experiment medium
at 8 different Pi concentrations (P equivalent): 0.00 mg/L,
0.002 mg/L (normally considered the critical Pi concentration to trigger the cyanobacterium bloom in lakes [17]),
0.02 mg/L, 0.20 mg/L, 0.50 mg/L, 1.00 mg/L, 2.00 mg/L,
and 6.95 mg/L, equivalent to Pi concentration in the basic
media. The pH values of the media were adjusted to 8.0.
2.2. Treatment of P starvation of algal strain

Algal cells in the exponential growth phase were collected by centrifugation at 4000 rpm for 7min, washed
3 times with distilled water to remove excess of P on
cell surfaces, and re-suspended in a P-free HGZ medium
(the original medium without K2HPO4). To validate that
Pi concentration in the cells was almost zero, the optical
density at 680nm (OD680) was determined every 48 h until
its variability was within the range of ± 5% and the orthophosphate concentration below 0.01mM [18]. After starvation, the cells were inoculated into 250 ml Erlenmeyer
flasks containing 150 ml HGZ medium with eight different Pi concentrations as explained in previous section.
2.3. Measurement of algal growth

Chlorophyll a (Chl a) of algal cells was extracted
with acetone and estimated every 48 h according to Arnon
in 1949 [19].
2.4. Determination of alkaline phosphatase activity (APA)

Phosphatase activity was determined using paranitrophenyl phosphate (p-NPP) as substrate for phosphomonoesterase as previously described by Berman [20]. One
unit of enzyme activity (U) was defined as the amount
expressed in µg of para-nitrophenyl (p-NP) released by
1mg of Chl a per hour. APA was estimated every 2 days in
triplicate. The means of APA in the exponential growth
stage from day 12 to 28 after inoculation were calculated.
2.5. Determination P-I equation and oxygen evolution activity

The photosynthesis–irradiance (P-I) equation was obtained by measuring oxygen evolution at different irradiance intensities through the following equation:

2.6. Preparations for the transmission electron microscope
(TEM)

The cells after P starvation were inoculated into 250
ml Erlenmeyer flasks containing 150 ml fresh HGZ medium at three Pi concentrations (0.00 mg/L, 6.95 mg/L, and
20.0 mg/L) and cultured for 14 days before TEM observation. The TEM procedure was performed following the
method described by Venter et al. [21]. The deposition of
PP involves the appearance of electron transparent areas
in the nucleoplasm and the deposition of polyphosphate
on and near this structure [22].
2.7. Data analysis

One-way analysis of variance (ANOVA) was used to
test the significance of the differences in O2 evolution
activity among eight different treatments and in APA
among 3 Pi treatment groups (<0.2, 0.2, and >0.2 mg/L).
All statistical analysis and plotting were completed by
SPSS 13.0 and Origin Pro 8.
3. RESULTS
The growth of M. aeruginosa at eight different Pi concentrations is shown in Fig. 1. The cells in the medium with
the initial Pi concentration of less than 0.02 mg/L were
unable to reach exponential growth. Though there was a
period of exponential growth at Pi concentration of 0.2
mg/L, but the growth rate declined approximately 15 days
later. When Pi concentration was higher than 0.50 mg/L,
the cells rapidly entered into and remained in the exponential growth phase during the incubation period.
The Ik of M. aeruginosa was derived from the P-I
equation (Fig. 2) and it was approximately 255 µ Em-2s-1
PAR. The O2 evolution activity increased with the increase of Pi concentration and reached a maximum at the
Pi concentration of 6.95 mg/L. After incubation for 14
days, the O2 evolution activities in the medium with Pi
concentration ≤ 0.20 mg/L were significantly lower than
those with Pi concentrations ≥0.5 mg/L (P<0.05) (Fig. 3).
APA reached a peak after 16 days under Pi concentration below 0.02 mg/L, but 28 days for those at Pi concentrations of 0.2 - 0.5 mg/L (Fig. 4). It was also estimated that the mean APA in the P free treatment reached
almost 700 U/mg Chl a, and that at higher Pi concentrations such as 6.95 mg/L, Pi treatment was just 50 U/mg
Chl a in the APA exponential growth stage, which showed
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FIGURE 4 - Changes in alkaline phosphatase activity (APA) over
time at different Pi concentrations (The error bars indicate standard deviation).

that the APA value was negatively associated to the initial
Pi concentrations to some extent. The APA from M. aeruginosa at Pi concentrations of <0.2 mg/L and 0.2 mg/L
were significantly higher than those in Pi concentration >
0.2 mg/L (P<0.01) (Fig. 5).
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FIGURE 1 - Growth of M. aeruginosa at different Pi concentrations
(The error bars indicate standard deviation).
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mg/L and 20.0 mg/L) (Fig. 6). The size of the detected PP
in M. aeruginosa using TEM was about 0.4 µm (Fig. 6)
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4. DISCUSSION

FIGURE 3 - Photosynthetic O2 evolution rate of M. aeruginosa
strains grown for 14 days at different Pi concentrations (The initial
O2 evolution rate of M. aeruginosa before innoculation is
250.23µmol O2mg Chl a-1 h-1. The error bars indicate standard
deviation and different letters indicate significant difference at
P<0.05 level).

Previous studies have shown that P deficiency limits
algal growth by comparing algal activities at different Pi
concentrations [23, 24]. Our results also reveal that P deficiency restrains the growth of M. aeruginosa and further
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FIGURE 6 - P storage with inoculation of M. aeruginosa strains for 14 days at three Pi concentrations (A, B, P free; C, 6.95 mg/L P treatment; D, E, 20.0 mg/L P treatment). A and B, observed polyhedral bodies (PH) and their magnified view in P deficient condition; C, D, and
E, observed polyphosphate bodies (PP) and their magnified view in P enriched environment

demonstrate the threshold value of initial Pi concentration, i.e., 0.20 mg/L, which can ensure the exponential
growth phase in batch cultures (Fig. 1). Additionally, the
O2 evolution activity also indicates the threshold value of
Pi concentration at 0.20 mg/L (Fig. 3). Compared to the
growth of M. aeruginosa in treatments with Pi concentrations ≥ 0.5 mg/L, M. aeruginosa at 0.20 mg/L Pi concentration showed no difference in growth before 16 days of
incubation (Fig. 1). However, a significant decrease in O2
evolution activity (P<0.05) was observed after 14 days
(Fig. 3). This result suggests that algal cells may firstly
reduce photosynthesis under P deficient conditions.

A variety of microorganisms including bacteria can
produce alkaline phosphatase (AP) [25, 26], and more
than 50 species of cyanobacteria can synthesize the extracellular phosphatase to utilize organic P when it is the
only available P source [27]. Despite previous studies
reporting that AP excreted from cyanobacteria could not
be detected or observed in natural aquatic environments,
the present study confirms that M. aeruginosa can synthesize AP. The reason explaining the results from this previous study might be that cyanobacteria in natural water
bodies have luxury uptake ability and can store a large
amount of P in P enrichment, and therefore they are more
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tolerant to P deficiency stress and it is unnecessary for them
in natural environment to activate the procedure to synthesize AP.
Fitzgerald and Nelson [28] found that AP excreted by
algae in P deficient conditions was 25 times higher than
that in a P-enriched environment. Previous studies have
shown that phytoplankton can be synthesized and excrete
AP when P availability was low and that APA was inhibited when P bioavailability increased, corroborating that
APA can be used as an indicator of P deficiency. In accordance with results from previous studies [29, 30], we
found that APA was 9 times higher than that in P sufficient conditions and we also found a significant negative
correlation between APA and initial concentrations of Pi
in the medium (P<0.01).
Algal responses to P limitation are species-specific
[24]. For M. aeruginosa, its mechanism of P luxury uptake could assist it to overcome P deficient conditions. M.
aeruginosa did not reach exponential growth phase until
day 6 (Fig. 1) when the algae finished absorbing external
P to saturation, indicated by the non-decrease of residual
Pi concentrations [6]. This is probably related to the time
needed for a P starved cell to build up a new metabolic
mechanism for its growth and reproduction [31]. In addition, residual Pi in the medium did not decrease after M.
aeruginosa entered into the exponential growth phase [6].
Thus, M. aeruginosa can grow exponentially with the P
stored in the cells. This luxury uptake of P in M. aeruginosa was also demonstrated by the observation of PP in
higher Pi concentrations (Fig. 6).

5. CONCLUSION
M. aeruginosa can store P in the form of polyphosphate bodies (PP) in P enriched environment, and its
growth is significantly restrained when Pi concentration is
below 0.20 mg/L as shown by the results of Chl a, O2
evolution, APA in cells. Furthermore, its APA was induced under P deficiency stress, and- was also a negative
correlation between APA and external Pi concentration.
Specifically, M. aeruginosa restrains unnecessary P consumption by reducing photosynthesis, and produces alkaline phosphatase (AP) to utilize organic P in P deficient
conditions. These series of strategies may give M. aeruginosa an advantage in competition over other algae in
natural environments. Nevertheless, why M. aeruginosa
can survive and become dominant in worldwide natural
water systems with significant variability in Pi concentration is worthy of further investigation.
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The most common P storage products of cyanobacteria are polyphosphate bodies [22, 32]. These polyphosphate bodies can function as a metabolic sink of P (Fig. 6)
[32]. Some algal species can absorb phosphate and store it
in the form of PP at higher external Pi conditions [22, 11],
and the stored P could be utilized to maintain proliferation
for a short period [11]. Besides phosphorus, polyphosphate bodies normally contain other elements, mostly
potassium, calcium and magnesium, which are available
during phosphate uptake [22, 32]. One or more PP can
form in one cell, and the diameter of PP in our study was
about 0.4 µm, which was much less than the maximum
diameter of 1.5 µm previously observed in other studies
[22]. Other factors such as sulphur starvation and nitrogen
limitation can affect PP formation. It has been reported
that deposition of polyphosphate bodies (or granules)
occurs in other cyanobacteria (Calothrix elenkinii, Nostoc
punctiforme and Rivularia biasolettiana) [11, 33], but
there is no clear evidence of their formation in Microcystis aeruginosa. Therefore, the structure of PP needs further
research including using techniques such as spectrum of
energy dispersion and nuclear magnetic resonance spectroscopy.
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ABSTRACT
Frequent cases of soil and water contamination by
perchlorates, and consequent toxicity to plants, animals and
humans have drawn attention worldwide. Anthropogenic
actions are the main cause for this pollution. Due to high
levels of oxidation, perchlorates are commonly used to
produce solid propellants for rockets and missiles, fireworks, and air bag inflators and also as bleach in paper
industry. In this work we assessed the effects of ammonium and sodium perchlorates singly and in mixture to
Daphnia magna by studying the endpoints: immobilization, reproduction, growth and feeding activities.
At short time exposures characterized with immobilization and feeding parameters, ammonium perchlorate
was 10 times more toxic to D. magna than sodium perchlorate. On the other hand, toxicity was similar when a
long-term exposure with reproduction parameter was
carried out. The mixture toxicity approach also showed that
sodium perchlorate was ruled for synergistic patterns when
dominant in the short-term exposure tests. When evaluating
the reproductive effort by using the number of neonates,
the concentration addition model was the best fit.
This study shows that the different properties of two
chemicals, highlighting the possible synergy that can occur
when chemicals are present in mixtures, will be of high relevance to improve Cumulative Risks assessment procedures.
KEYWORDS: Perchlorates; mixture; synergism, acute toxicity;
chronic toxicity; Daphnia magna.

1. INTRODUCTION
Mixture toxicity and multiple stresses is one of the
considerable areas where risk assessment of chemicals
should and has been considerably improved. The shift
from a single-compound to a cumulative approach has
consequences for the assessment of exposure, effects and
* Corresponding author

risks. In addition, new techniques for chemical detection
lead to the acknowledgement of new threats to the environment and human health [1, 2]. Perchlorates (ClO-4) have
become of environmental concern after being found in
several water supplies in 1997, in the United States of
America [2]. They had been detected in groundwater,
drinking water, soils and vegetation and were found in
places with routinely use of explosives, solid propellants,
rockets, missiles and fireworks, wastewater and industrial
discharge or urban runoff, and are known to be also released to the environment by research laboratories and
fertilizers [1-3]. The Massachusetts Public Water Supplies
detected in 2005 perchlorate concentrations ranging from
783 – 1300 µg/L, in a condominium nearby a bedrock
aquifer, possibly due to blasting activities (http://www.
mass.gov/dep/cleanup/sites/percsour.pdf). In Europe, little
information is available on perchlorates in the environment, however perchlorate concentrations of 0.8 mg/L
were recorded in soil leachates collected from an oakhornbeam forest, in northeast Vernun (France, in addition
to heavy metals and chlorates (71 mg/L) [4].
Although some data about the ecotoxicological effects
of perchlorates was reported for the zebra fish (Danio
rerio) [5], the frog Rana sphenocephala [6], the fish Gosterosteus aculeatus [7], or the molly fish Poecilia sphenops
[8], effects on invertebrates have not been widely studied.
The survival and reproductive success of earthworms [9]
and the acute and chronic toxicity of the larval mosquito
Culex quinquefasciatus [10] are examples of what have
been described.
Perchlorate salts often appear associated with other
(per)chlorates or chemicals and therefore their joint toxicity is a key factor to be studied in addition to single
chemical toxicity.
The aim of this study was to evaluate the combined
effects of ammonium and sodium perchlorates using
Daphnia magna as a model organism. To achieve this goal,
a first approach to detect toxicity patterns of their single
toxicity was carried out. This information will be used as
crucial foundations for the combined experiments, since
prediction and modelling of mixture toxicity is based on
single toxicities.
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2. MATERIAL AND METHODS
2.1. Test-organisms and test-chemicals

Experiments were carried out with Daphnia magna
Straus, clone K6 (originally from Antwerp, Belgium), and
cultures kept in controlled laboratory cultures for more
than 3 years. The cultures were maintained with 25 daphnids per 1 L glass beaker with 800ml of ASTM hard water [11], renewed three times a week, and daily fed with
Pseudokirchneriella subcapitata (Korshikov) Hindak at a
concentration of 3×105 cells/ml supplemented with an
organic additive of seaweed extract of Ascophyllum
nodosum [12]. The cultures were kept in a 16:8 h
light:dark cycle regime, at 20±1 ◦C.
Daphnids were exposed to ammonium perchlorate
(CAS Nº 7790-98-9; Prolabo, VWR International), and
sodium perchlorate (CAS: 7601-89-0; 98% purity; SigmaAldrich) singly and as a binary mixture. In order to calculate the real concentration, ammonium was analysed and
converted to the related perchlorate, by using the Nessler
Method (Test Kit Model of Hatch).
2.2 Bioassays
2.2.1 Immobilisation bioassay

Immobilisation tests, which indicate the near future
lethality and defined as their inability to swim within
15 seconds, after gentle agitation of the test vessel (even
if they can still move their antennae, were performed accordingly to the OECD 202 guideline [13] using neonates
(<24 h old) obtained from the third to fifth brood.
Five chemical concentrations plus a negative control
(ASTM only), with five replicates each were used. In
each replicate, five neonates were exposed in a 50ml test
solution. No food was provided during the test period.
The test was run for 48h, at 20±1ºC and with a 16:8 h
light:dark photoperiod. After gentile stirring, the number
of daphnids immobilised was recorded after 24 and 48–
hrs of exposure and the LC50 values calculated. Conductivity, dissolved oxygen, pH and temperature were also
recorded for test validation [13].
A reference test with potassium dichromate (K2Cr2O7)
was also performed as a positive control, and its 24 h LC50
value was calculated within the range of the values (0.6–
1.7 mg/l) as required in the OECD protocol [14].
Nominal concentrations of perchlorate salts ranged
from 500 to 4000 mg/L for sodium perchlorate, and from
250 to 650 mg/L for ammonium perchlorate.

The experimental setup included five replicates per
treatment and five individuals per replicate. An ASTM
hard water control was also used in these experiments.
Daphnids were randomly placed in 170ml beakers with
100 ml of test solution and fed for 24-hrs with Pseudokirchneriella subcapitata (5×105 cells/ml).
To determine the initial algae concentration and also
to exclude the effect of perchlorates on algae growth, a
blank set of 3 replicates (with algae and no daphnids) was
set up for each test concentration. Experiments were carried out in the dark to maintain uniform feeding rates and
avoid algae growth [16] during the 24-hrs exposure time
[17]. At the end of the exposure period, algae in solution
were re-suspended by stirring and its absorbance values
were determined at 440nm by spectrophotometry (Jenway
6505 Spectrophotometer UV-VIS). Algae absorbance was
converted into cell density using the equation cells/ml=
(ABS*7925350)-17107.5, where ABS is the absorbance
at 440 nm and cells/ml is the number of cells per ml present. Individual feeding rates (cells/individual/hour) for
24-hrs exposure were determined according to the method
given by Allen[18] and Taylor et al.[17].
Nominal concentrations of the perchlorate salts ranged
from 100 to 2000 mg/L for sodium perchlorate and from
100 to 600 mg/L for ammonium perchlorate.
2.2.3 Reproduction bioassay

Chronic toxicity tests were performed according to
the OECD 211 guideline [14] using neonates (<24 h old)
obtained from the third to fifth brood.
Nine ammonium perchlorate concentrations and seven
sodium perchlorate concentrations, plus a negative control
(ASTM only) with ten replicates each, were used. In each
replicate, one neonate was exposed in a 50ml test solution
at 20±1 ◦C and with a 16:8 h light:dark photoperiod.
Daphnids were daily fed with P. subcapitata and an organic
additive [12], and were transferred to new test medium
every two days.
The number of neonates and female mortality were
recorded daily during the test period of 21 days. At the
end of the test-period, the growth of the adults was also
determined by measuring their body length (excluding the
anal spine and antennas) under a stereomicroscope.
Nominal concentrations of the perchlorate salts ranged
from 10 to 130 mg/L for sodium perchlorate and from
40 to 200 mg/L for ammonium perchlorate.
2.3 Statistical analysis for single chemical exposures

2.2.2 Feeding Inhibition bioassay

Organisms with less than 24h old were transferred
from the main cultures to new culture beakers and maintained at the same conditions until 4 to 5 days old (equivalent to the fourth instars). At this life stage daphnids can
complete a feeding inhibition bioassay (24-hrs exposure)
within a single moult cycle, avoiding a possible moulting
interference in daphnids’ feeding [15].

The immobilization of daphnids was observed at 24
and 48-hrs of exposure and the LC50 values calculated
using the Probit Method [19].
For the feeding inhibition and reproduction bioassays,
one-way analysis of variance (ANOVA) using the SigmaStat statistical package [20] were used to test for statistical differences between different perchlorate concentra-
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tions. Whenever significant differences between treatments were found the post-hoc multiple comparison Dunnett's method was performed [21]. Whenever data were not
normally distributed, the heterogeneity of variance test
failed and data transformation did not correct for normality,
a Kruskal–Wallis ANOVA on Ranks was performed [21],
followed by the Dunn's method when significant differences were found.
ECx values were calculated, when possible, with a
sigmoidal curve using the software package SigmaPlot
[22].

activity and reproduction were compared with expected
combined effects calculated from the single compound
exposure, using the reference conceptual models concentration addition (CA).
The concept of CA assumes that both individual toxicants with the same mode of action (MoA) act upon the
same biological system (i.e. same molecular target) and
contribute to a common response in proportion to their
respective toxicities. In addition, when two chemicals have
the same mode of action they will behave as a dilution of
one another. This conceptual model is mathematically expressed as:

2.4 Experimental set up and statistical analysis for mixture
exposures

For the mixture exposure experiments, the methodology described above was used with some adaptations. For
each experiment, single exposures for both perchlorates
were carried out simultaneously as the binary mixture
treatments.
Although full factorial design covering all of the
available range/area of concentrations was used for the
acute exposure, a fixed ratio design, excluding high concentrations where high toxic units would be observed,
was applied for the chronic exposure.
To address the toxicity effects of perchlorate mixtures,
the observed combined toxic effect for survival, feeding

n

∑ Ci / EC xi = 1

i =1

where Ci is the concentration of the chemical i in the
mixture, and ECxi is the effect concentration of the
chemical i that produces the same effect (x%) as the
whole mixture.
The approach to evaluate patterns of response provided by our data was based on the one described by Jonker
et al. [23], and using the MIXTOX model that was developed specifically for analysis of deviations from mixture
conceptual reference models, where interactions can occur.

TABLE 1 - Analysis of mixture toxicity data and interpretation of additional parameters (a and b) that define the functional form of deviation pattern from the reference model concentration addition (CA) (adapted from Jonker et al. [23]).
Deviation Pattern

Parameter a

synergism | antagonism

a>0: antagonism

Parameter b

(S | A)

Dose-ratio dependent (DR)

a<0: synergism
a>0: antagonism except for those mixture
ratios where negative b value indicate
synergism

b i >0: antagonism where the toxicity of the
mixture is caused mainly by toxicant i

a<0: synergism except for those mixture
ratios where positive b value indicate
antagonism

b i <0: synergism where the toxicity of the
mixture is caused mainly by toxicant i

b DL>1: change at lower EC50 level
a>0: antagonism low dose level and
synergism high dose level
b DL =1: change at EC50 level
Dose-level dependent (DL)
0<b DL <1: change at higher EC50 level
a<0: synergism low dose level and
antagonism high dose level
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b DL <1: No change but the magnitude of
S/A is DL dependent
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3. RESULTS

After fitting our data to the CA model, the conceptual
model was extended with deviation functions to describe
interactions for synergistic/antagonistic interactions, dose
level and dose ratio dependency. The extra parameters
needed for the deviation functions form a nested framework. Then data fitted to the conceptual model or to their
deviations are compared using the method of maximum
likelihood and the best fit chosen. When there was a descriptive deviation model statistically identified, the effect
pattern was deduced directly from the parameter values as
described below.

3.1 Single exposure tests

Ammonium and sodium concentrations obtained
from the exposure solutions were converted in perchlorate
concentrations and variation from real to nominal concentration was between 5-15%. Therefore, nominal concentrations will be used from here after.
The LC50 values of the immobilization tests and EC10
values of the reproduction and feeding tests calculated
from the single exposures are presented in Table 2.

The extra parameter “a” of the synergy/antagonism deviation model (S/A model) can become negative orpositive, respectively. If a = 0, the S/A model reduces to the
reference model. For dose level dependency, a second
parameter “bDL” is included in addition to the “a” parameter, to generate the dose level (DL) deviation model. The
value of “a” indicates the deviation at low doses (i.e., a >
0: antagonism and a < 0: synergism) while the value of
“bDL” indicates at what dose level the deviation changes
(i.e., from antagonism to synergism, or vice versa).

In the feeding inhibition tests, a significant impairment on the feeding activity was recorded when daphnids
were exposed to ammonium perchlorate concentrations
higher than 150 mg/L (Fig. 1; One Way ANOVA, F24,11=
518.88; p<0.001). The NOEC for the 24-hrs exposure
period was of 100 mg/L. During the 4h post-exposure
period, it was possible to still detect the effects from remained ammonium perchlorate toxicity for daphnids preexposed to 550 and 600 mg/L.
For the sodium perchlorate exposure, feeding activity
was significantly impaired at 1000 and 2000 mg/L (Fig. 1;
Kruskal Wallis Analysis of Variance, H=22.40, DF=11,
p<0.05).

To describe deviations of dose ratio (DR) dependency, a second parameter “bDR” is included in addition to
“a”. In this deviation function the parameter bDR allows
the deviation from either reference model to depend on
the composition of the mixture.

Daphnids exposed to ammonium perchlorate showed
a decrease on the total number of neonates produced after
21 days (Fig. 2). When exposed to higher concentrations
than 100 mg/L, reproduction was significantly impaired
(One Way ANOVA, F90,9=17.56, p<0.001; NOEC=80mg/L).
After 21 days, it was also observed that daphnids exposed
to 120mg/L and higher concentrations were significantly
smaller when compared to the controls (One Way ANOVA,
F90,9=15.78, p<0.001).

More details can be checked on Table 1 and also in
the work described by Jonker et al. [23]. As this approached is based on regression models, in mixture experiments only one replicate per treatment was used, and
liability of results were controlled by the negative control
but also by the single exposures, where ECx were also
calculated and compared to previous results from single
exposures [24]. For the reproductive output the total
number of neonates (using the cumulative data) from the
21days test was fitted to the conceptual model CA, to
check the similarity on the response pattern.

For sodium perchlorate the LOEC value for the total
number of neonates was 130mg/L (Fig. 2). Daphnids’
length was significantly smaller at concentrations equal or
higher than 70mg/L (NOEC=50 mg/L).

TABLE 2 - Effect concentration values (mg/L) of ammonium and sodium perchlorates, and their respective counter ions, on the survival
(LC50), feeding and reproduction (EC10) of Daphnia magna.

-

-

Chemical

Ammonium perchlorate
(mg/L)

ClO4
(mg/L)

NH4+

Sodium perchlorate
(mg/L)

ClO4
(mg/L)

Na+

LC50 - 24h

652.06

552.12

99.94

4914

3991

923

LC50 - 48h

396.21

335.48

60.73

3925

3188

737

EC10 reproduction

120.22

101.79

18.43

104.23

84.65

19.58

EC10 feeding

281.83

238.63

43.2

>2000

>1624

>376

848

© by PSP Volume 21 – No 4. 2012

Fresenius Environmental Bulletin

160
140

*

*

*

total neonatos
per daphnia

120

*

*

100

*

*

80
60
40
20
0
0

40

60

80

100

120

140

160

180

0

200

10

30

50

70

90

110

130

[NaClO4]
(mg/L)

[NH4ClO4]
(mg/L)

FIGURE 1 - Feeding rate of Daphnia magna exposed for 24-hrs to ammonium perchlorate (left graph) and sodium perchlorate (right graph).
* p<0.05, Dunn's Method, comparing with the control (0 mg/L).
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FIGURE 2 - Reproduction effort of Daphnia magna, expressed as total number of neonates after a 21days exposure to ammonium perchlorate (left graph) and sodium perchlorate (right graph). * p<0.05, Dunnett's Method, comparing with the control (0 mg/L).
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FIGURE 3 - Dose–response data for survival of Daphnia magna exposed singly and in mixtures to ammonium and sodium perchlorates. The
left graph show a dose ratio deviation and the right graph the relationship between observed data and modelled values.
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FIGURE 5- Dose–response data for reproduction of Daphnia magna exposed singly and in mixtures to ammonium and sodium perchlorates
(expressed as total number of neonates). The left graph shows a perfect fit to the Concentration Addition conceptual model and the right
graph the relationship between observed data and modelled values.

3.2 Mixture exposure tests

4. DISCUSSION

In the immobilization test, a deviation from the CA
model occurred, showing a dose ratio pattern (Fig. 3).
Synergism was related to high levels of sodium perchlorate, while antagonism was present when ammonium perchlorate was dominant in the mixture (L=11.65; r2= 0.862;
a=-4.37; b=9.10; p<0.001).
In the feeding inhibition test, the pattern was similar
with a deviation from the CA conceptual model to dose
ratio (Fig. 4). Similarly to the immobilization test, synergism was connected to the presence of high levels of sodium
perchlorate and antagonism was dependent on ammonium
perchlorate (SS=3.38x109; r2=0.362; a=-28.69; b=243.26;
p<0.05).
For the reproductive output, when compared the total
number of neonates to the modelled data, a better fit to the
CA conceptual model with no significant deviation was
concluded (SS=3.46x104; r2=0.260; p<0.001) (Fig. 5).

The two perchlorates showed to have low to medium
hazard for D. magna because the concentrations used in
this study and that caused an effect on their life-traits are
high and only found in the environment in or near industrial sites. Perchlorate concentrations in groundwater reached
3.7 g/L near a manufacturing facility, to 640 mg/L at a
rocket factory, and to 169 mg/L in an ammunition plant
site in the USA [25, 26]. For surface water, data is
scarce but perchlorate was found at concentrations of 130
and 480 mg/L near sites of rocket factories [25]. Based on
the well-known effects and mode of action of perchlorates,
it is expected that this ion employs its toxicity to organisms
that have a thyroid, therefore this chemical has low toxicity
on invertebrates. Despite that, this work aimed to showed
results for mixture toxicity patterns, on how two similar
compounds, differing only on their salt composition, can

850

© by PSP Volume 21 – No 4. 2012

Fresenius Environmental Bulletin

have different toxicity ranges; also in addition our results
will lead to question the assumption that is usually made
using ammonium counterion (i.e. ammonia toxicity) as
pattern to account acute and chronic toxicity of salts that
have ammonium in their constitution [27].
Both the ammonium and sodium perchlorates are
highly soluble in water. This fact has been suggested by
Liu et al. [28] in order to explain the differences in their
toxicity on zebra-fish. Moreover the excretion of ammonia compounds is very toxic to aquatic species [e.g. 29]
and ammonium perchlorate can originate perchloric acid
and ammonia. Ammonium chloride is also toxic to D.
magna with an LC50 value of 161 mg/L (information from
Sigma-Aldrich), or a 4d LC50 of 223–278 mg/L (CV=
7.9%) [30]. These values are lower than the LC50 value for
ammonium perchlorate. Considering the example for the
LC50 value of 161 mg/L and dissociating ions, NH4+
would contribute with 54.2 mg/L , and this is in the same
range of our results (Table 2). In another study conducted
with Daphnia pulex exposed to ammonium chloride, a
LC50 value was reported as 247.1 mg/L (st. error of 8.3)
[31], with NH4+ contributing with 83.2 mg/L. In these
examples the contribution of NH4+ is quite similar, differing only in the counter ion.
Li [32] evaluated the toxicity of ammonium perfluorooctanoate (APFO) to D. magna and this chemical showed
higher toxicity than ammonium perchlorate exposures in
the present study. The LOEC of APFO for reproduction
was reported as 32 mg/L which is three times lower than
the one calculated in our study. In this case, the counterpart of NH 4+ was 1.3 mg/L. Colombo et al. [27] also
found similar patterns for APFO with a LOEC value of
44.2 mg/L (with 1.85 mg NH4+/L). These authors also
concluded that ammonium ion can be used to account for
the observed acute or chronic toxicity of APFO as this
compound is completely ionised.
Regarding all of the parameters described above and in
the light of the differences in toxicity between ammonium
salts this conclusion may not be true for all, and more
caution has to be made regarding read-across in these cases
where ammonium is present. Comparing the examples listed
above, differences in toxicity are also related to the anion
present, and therefore studies like this are important.
At the lethal toxicity level, sodium perchlorate showed
to be 10 times less toxic than ammonium perchlorate. The
same pattern was also observed for the feeding rates. However, at reproduction level, the differences were not significant when comparing both perchlorates, which had
similar EC10 values. This might be related to the salt
anions present and the time of exposure.
Osmoregulation in daphnids is driven by sodium
pumping from the epithelial cytoplasm to the hemolymph,
with an additional exchange of internal bicarbonate for
chloride in the medium [33]. It has also been suggested
that sodium uptake and/or elimination might be related to
ammonia exchange.

Daphnids can maintain their osmotic loads by impermeabilizing their bodies, lowering the internal concentration of solutes [33]. When salts are in high concentrations in the medium and/or for long term exposures this
balance might be impaired leading to higher toxicities.
For shorter periods, their physiology might cooperate and
be able to maintain an accurate osmoregulation.
In some published data, authors refer to parameter
values for toxicity of perchlorate and often there is no
information on the salt present. As an example, Dean et
al. [25] reports some data found in the literature from the
EA Engineering, Science and Technology, where they
obtained an acute toxicity for perchlorate of 490 mg/L for
Daphnia magna. This value is in accordance with the
ones exhibited in the present study for ammonium perchlorate, however is far from the one found for sodium
perchlorate.
The acute and chronic effects of sodium perchlorate
were reported for several test-organisms. For the rainbow
trout and bluegill sunfish, the 96-hrs EC50 was calculated
to be 2010 mg/L and 1470 mg/L, respectively [25]. For
Chironomus tentans, the 48-hrs LC50 was of 8100 mg/L
and the EC50 for emergence, growth and reproduction
were of 146 mg/L, 363 mg/L and 211 mg/L, respectively
[25]. All these data showed similar trends to the one from
our study for sodium perchlorate.
When looking at perchlorate effects in Danio rerio
exposed for 10 weeks to 10 and 100mg/L, perchlorate
caused thyroidal hypertrophy and colloid depletion. On
the other hand, egg fertilization and embryo hatching rates
were unaffected, but fertilized egg diameter and larval
length were increased by parental exposure to perchlorate
[34].
In the study where the mosquito Culex quinquefasciatus was exposed for 10 days to perchlorate, the LC50 value
of 74 ±8.0 mg/L was calculated [10]. During the chronic
tests performed in our study no mortality was observed.
Therefore, daphnids can be considered less sensitive than
this mosquito species as their LC50 differed in almost a
factor of 5, for the ammonium perchlorate case.
In the study of Park et al [35] the mosquitofish Gambusia holbrooki was exposed to sodium perchlorate and
an LC50 value of 404 mg/L was reported, while growth
was inhibited at 10 mg/L, and perchlorate had a stimulatory effect on fecundity and egg/embryo mass, at least for
some treatments.
When assessing mixture patterns, few studies were
found where one perchlorate salt was part of a binary
mixture. The joint toxicity of sodium arsenate and sodium
perchlorate was tested in larvae of Danio rerio and the
pattern of response for their acute toxicity followed the
conceptual model of CA [28]. Regarding toxicokinetics,
Liu et al [5] showed that when D. rerio was exposed to
the same mixture, both chemicals reduced the uptake but
enhanced the depuration of the other chemical.
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As also mentioned by other authors, response patterns
of composite mixtures is species and endpoint specific
[36-38]. In our study, different patterns were also observed in different endpoints and exposure times. Sodium
perchlorate showed to be the dominant chemical during
short-term exposures, inducing synergism in the immobilization and feeding test. In the reproduction test, CA was
the model which best fit the cumulative number of neonates.
Using the approach of Guilhermino et al. [39], we also
checked if results on the number of juveniles obtained on
the first brood showed the same pattern as at the end of
the test. This was not observed and a dose ratio dependency
was achieved with the nested modelling, with ammonium
perchlorate, which was noted as the dominant chemical of
the mixture. When evaluating only single perchlorate exposures, the pattern advocated by these authors for some
chemicals (NaBr, DCA, Cd and parathion) was also not
observed. For ammonium perchlorate, differences in neonate numbers were also seen at 200 mg/L (when compared to the control), and for sodium perchlorate no differences were observed on the 1st brood, showing that
both perchlorate salts take different times of exposure to
induce toxicity, even though after 21 days they will end
up with similar trends.
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ABSTRACT
The removal of heavy metal ions by microorganisms
may present an alternative method for their removal from
wastewater. In this study, 10 cyanobacteria were isolated
from Kucukcekmece Lagoon (Turkey). All the isolates
were examined for nickel(II) concentrations in the range
of 5-25 mg/L. EC50 values of the isolates were determined
by probit analysis. Synechocystis sp. BASO403 (EC50 of
17.41 mg/L) and Synechocystis sp. BASO404 (EC50 of
2.56 mg/L) were selected among the isolates based on
their capacity to produce extracellular polysaccharides
(EPS; 143 mg/L and 44 mg/L), respectively, for removal at
15 mg/L Ni(II) concentration. The BASO404 isolate displayed a higher Ni(II) removal (95%), especially on the
cell surface, than BASO403 (51%) after a 7-days incubation period. A reverse relationship between EPS capacity
and Ni removal (p<0.01) was indicated, but a positive
correlation was observed between EPS capacity and Ni
toxicity (p<0.01). It is suggested that EPS from two isolates of Synechocystis sp. play a protective role for Ni(II)
toxicity.

KEYWORDS: heavy metal, nickel(II) removal, extracellular polysaccharides (EPS), cyanobacteria

1. INTRODUCTION
Heavy metal contamination in water is currently a
very significant problem all over the world. Heavy metals
present in the environment pose a serious threat both to
the environment and human life [1, 2]. Increasing
knowledge on the ecotoxicological effects of heavy metals and increased regulatory requirements for their reduction in industrial wastewaters have revealed the need for
further research to remove such metals in wastewater
treatment processes [3]. These pollutants enter the environment through a variety of human activities, such as mining, refin-
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ing and electroplating industries [4]. Effluents from these
industries actually contain a variety of heavy metals, such
as cadmium, copper, chromium, nickel, lead and zinc,
which significantly contribute to the increasing toxic substances in the aquatic environments [3].
Of these metals, Ni, used extensively in industries, is
often encountered in wastewaters [5]. Nickel also has been
identified as a component in several enzymes, participating
in important metabolic reactions like ureolysis, hydrogen
metabolism, methane biogenesis and acitogenesis [6, 7].
Some microorganisms (i.e. cyanobacterium Oscillatoria sp.)
have demonstrated an absolute metabolic requirement for
Ni as a cofactor of certain enzymes [8]. Nickel compounds
increased the incidence of nasal and lung cancer, mostly
due to occupational exposures [9]. In the U.S.A., the Environmental Protection Agency (EPA) proposed a permissible maximum of 0.1 mg/L Ni concentration in wastewater
[10]. However, Ustun et al. [11] found a Ni(II) level of
0.24 mg/L in Kucukcekmece Lagoon (Istanbul, Turkey).
The search for new technologies to remove toxic metals from wastewaters has directed research toward biosorption and/or bioaccumulation, based on the metal binding
capacities of various biological materials [12]. Biosorption means the passive process by which a metabolically
inactive biomass adsorbs metal ions. This depends on the
affinity between the metallic species or their ionic forms
and the binding sites on the molecular structure of the cell
wall [13-15]. Bioaccumulation is the term usually employed to describe the active sequestering of metal ions
by a metabolically active biomass [16].
Several reports are presented on metal biosorption
and/or the bioaccumulation potential of various species of
bacteria, fungi and algae [17-20]. However, very few studies have been conducted on cyanobacteria. Most classes of
microorganisms and cyanobacteria produce extracellular
polysaccharides (EPS) [21, 22] and play a significant role
in the aggregation of bacterial cells in flocs, biofilms, stabilization of biofilm structure, retention of water, formation
of a protective barrier that prevents harmful effects, and in
the biosorption of heavy metals from metal-contaminated
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effluents [23, 24]. The ionizable functional groups of
EPS, such as carboxyl, phosphoric, amine, and hydroxyl
groups aid in metal chelation [24].
The aim of this study was to assess the removal potential selectively of Ni(II), when present in aqueous solutions, by two EPS-producing cyanobacterial isolates
BASO403 and BASO404. Moreover, for the first time, it
was also attempted to better understand the role of EPS in
the toxicity and accumulation of Ni(II).
2. MATERIAL AND METHODS
2.1. Isolation and culture conditions

10 unicellular cyanobacteria were isolated from the
Kucukcekmece Lagoon in İstanbul, Turkey with very finetipped glass rod. The pure isolates were classified according to ‘Bergey’s Manual of Systematic Bacteriology’ (2001)
and the isolates were identified as Synechocystis sp. also
based on 16S rRNA. The isolates were maintained in BG11 medium [NaNO3, 15; K2HPO4, 0.4; MgSO4·7H2O, 0.75;
CaCl2·2H2O, 0.36; citric acid, 0.06; iron(III) ammonium
citrate, 0.06; Na2–EDTA, 0.01; Na2CO 3, 0.2 g/L, 1 ml
trace elements solution, (H3BO 3, 61; MnSO 4·H 2O, 169;
ZnSO4·7H2O,
287;
CuSO4·5H2O,
2.5;
(NH4)6Mo7O24·4H2O, 12.5 mg/L) pH 6.8] for toxicity assay, EPS production and for Ni(II) bioaccumulation [25].
Cyanobacterial cultures were grown under cool white
fluorescent light with an intensity of 3000 lux at 22-25 °C
with light/dark cycle of 12h/12h using an incubator shaker
(MINITRON).
2.2. Preparation of metal solutions

Metal solutions used in this study were prepared by
diluting 1000 mg/L stock solutions of Ni(II) that, in turn,
were obtained by dissolving NiSO4.6H2O (Merck) in double-distilled water. Before mixing with the cyanobacterial
cultures, the stock solution was diluted to the desired concentrations (5, 10, 15, 20, 25 mg/L) from the main stock
solution of Ni(II) for toxicity assay.
2.3. Assessment of Ni(II) toxicity

To determine nickel toxicity in the 10 cyanobacterial
isolates, chlorophyll-a values were measured at 48-h
intervals for 14 days [26]. The concentrations of chlorophyll-a in acetone (80%) extract were calculated from the
following equations (A750 was subtracted to correct for
light scattering):
[chlorophyll-a (mg/ml)] = (A664 – A750)*11.92
The degree of growth inhibition by Ni in cyanobacterial isolates was calculated on the 6th day. EC50 (heavy
metal concentration, which reduces the population growth
to 50% of the control) was determined on the 6th day by
probit analysis from the percentages of growth inhibition
range between 5-25 mg/L Ni(II) concentrations [27].
2.4. Extracellular polysaccharides (EPS) extraction

EPS were extracted by the modified procedure of Cérantola et al. [28]. After 30 days of cultivation, equal
biomasses (OD664, 2.5) of all the isolates were harvested
at room temperature by centrifugation at 10,000 rpm for
10 min. The supernatant was removed. A pellet was dissolved in 1 ml of deionised water and boiled for 15 min. It
was then kept at room temperature for 10 min and 3 µl of
85% TCA was added. The mixture was centrifuged at
10,000 rpm for 30 min. The supernatant containing the
EPS was pooled, and an equal volume of ethanol was
added. The mixture was maintained at 4 oC overnight and
then centrifuged again at 10,000 rpm for 30 min. The
precipitate was then washed twice with 96% ethanol and
centrifuged at 10,000 rpm for 30 min. The final precipitate was dissolved in 1 ml deionised water and stored at 20 oC. The total carbohydrate content of the EPS samples
was determined by the method of Dubois et al. [29] using
glucose as the reference standard.
2.5. Metal removal studies

Synechocystis sp. BASO403 and Synechocystis sp.
BASO404 were chosen based on their EPS capacity for
Ni(II) removal assay. Nickel removal by both the isolates
was evaluated with a modified method employed by
Matsunaga et al. [30]. Herein, 15 mg/L was taken as the
initial metal concentration. Removal experiments were
performed at pH 6.8 in batch system with living cells in
250-ml Erlenmeyer flasks containing 50 ml of Ni(II) solution (15 mg/L) at 25 oC. The pH of the media was not adjusted, to determine the endurance of the living cells to pH
conditions found in wastewaters. Samples were analyzed at
time intervals of 0-7 days. Ni(II) removal was determined
as Ni(II) in the medium, Ni(II) adsorbed on cell surfaces,
and Ni(II) accumulated within the cells. The concentration
of Ni(II) was measured with an ICP-MS system (Agilent
7500a). The nickel removal rate (%) was calculated as
follows: (amount of removed Ni)/(amount of initial Ni) x
100.
Samples were centrifuged (10,000 rpm) and residual
Ni(II) in the medium was determined in the supernatant.
The pellet was further washed with 1 ml of 10 mM EDTA
solution for desorption of Ni(II) from the cell surfaces and
centrifuged (10,000 rpm) once again. Ni(II) adsorbed onto
the cell surfaces was separated from this supernatant. The
amount of intracellular accumulation of Ni(II) was determined by measuring the Ni(II) content in the pellet, and
re-suspended and sonicated (Vibra Cell) at 50 MHz on ice
in 1 ml of 1 N HNO3 using an atomic absorption spectrophotometer [31].
To determine the effect of Ni(II) on the viability of
the cultures, chlorophyll-a values were also determined on
the initial day and the 7th day. One medium flask without
Ni(II) was prepared as control.
2.6. Statistical analysis

All experiments were conducted in triplicate and the
mean values are presented. Statistical analysis was per-
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formed using SPSS 13.0 Bivariate Correlation Analysis.
The Pearson rank order coefficient was determined to compare EPS production between Ni(II) toxicity and Ni(II)
bioaccumulation by Synechocystis sp. BASO403 and
Synechocystis sp. BASO404.
3. RESULTS
3.1. Ni(II) toxicity and EPS concentrations of Synechocystis
sp. Isolates

10 unicellular cyanobacterial Synechocystis sp. isolates were sampled from Kucukcekmece Lagoon in İstanbul, Turkey. EC50 and EPS values of the isolates are listed
in Table 1. The mean EC values and their 95% confidence
intervals (CI) are also shown in Table 1. Isolate codes were
given based on the culture collection of microalgae of Gazi
University, Ankara. The EC 50 values of the 10 isolates
ranged from 2.56 to 17.41 mg/L. Synechocystis sp.
BASO403 (EC 50 of 17.41 mg/L) was the isolate most
resistant to Ni(II). On the other hand, Synechocystis sp.
BASO404 (EC 50 of 2.56 mg/L) was the most sensitive
to Ni(II). EPS concentrations of the 10 isolates ranged from
44 to 143 mg/L. Synechocystis sp. BASO403 (143 mg/L),
Synechocystis sp. BASO401 (121 mg/L) and Synechocystis
sp. BASO400 (93 mg/L) were observed to be high EPSproducing isolates whereas Synechocystis sp. BASO 408
(53 mg/L) and Synechocystis sp. BASO404 (44 mg/L)
were low EPS-producing ones. There is correlation between the EC50 values and EPS production of the isolates
(p<0.01). Cyanobacterial isolates were identified by amplification and sequencing of their 16S rRNA gene. Phylogenetic analysis of the nearly complete sequences data
was done by BLAST. Alignment and further analysis in
the database revealed that the isolates display about 9899% similarity to Synechocystis sp. PCC 6803.
3.2. Ni(II) removal

Synechocystis sp. BASO403 and Synechocystis sp.
BASO404 were chosen, based on their EPS production
capability for Ni(II) removal. The results of the Ni(II) removal for both isolates are given in Figs. 1 and 2. Synechocystis sp. BASO404 was observed to be the most effective

isolate for Ni(II) removal. Removal of Ni(II) by Synechocystis sp. BASO404 (95%) was higher than that of Synechocystis sp. BASO403 (51%) in the adsorbed fraction. Ni(II)
removal by both isolates (BASO403 and BASO404) in
single ion solutions was very rapid, and the metal accumulation capacity was saturated on the 5th day. However,
bioaccumulation of Ni(II) by the cells was not detected in
the present study.
To determine the effect of Ni(II) metal ions on the
growth of isolates, chlorophyll-a content was also determined, during the removal assays (initial and 7th day).
Chlorophyll-a values decreased in the presence of Ni(II)
compared with the free metal cultures on the 7th day. Both
isolates (BASO403 and BASO404) were affected by Ni(II)
when compared with the control, 47% and 56%, respectively (Fig. 3). Both isolates were observed to still maintain
viability. There is no correlation between Ni(II) uptake and
EPS (p<0.01).
TABLE 1 - Extracellular polysaccharide (EPS) concentrations and
EC50 with confidence interval values (in brackets) of the isolates.
Isolatesa

EPS concentrations (mg/L)b

EC50 values
(mg/L) at the 6th day

Synechocystis sp.
93±2
13.24 (11.42-15.06)
BASO400
Synechocystis sp.
121±4
16.57 (14.16-18.98)
BASO401
Synechocystis sp.
58±3
7.12 (6.74-7.50)
BASO402
Synechocystis sp.
143±2
17.41 (15.28-19.54)
BASO403
Synechocystis sp.
44±3
2.56 (2.22-2.90)
BASO404
Synechocystis sp.
57±2
2.88 (1.94-3.82)
BASO405
Synechocystis sp.
68±4
8.67 (6.62-10.72)
BASO406
Synechocystis sp.
58±2
7.27 (6.74-7.80)
BASO407
Synechocystis sp.
53±3
3.04 (2.88-3.20)
BASO408
Synechocystis sp.
62±2
7.38 (5.36-9.40)
BASO409
a
Isolate codes according to the culture collection of microalgae of Gazi
University; b values are the means±SD of triplicate measurements.
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FIGURE 1 - Ni(II) removal of Synechocystis sp. BASO403 [15 ppm Ni(II), pH 6.8].
100
90
80

% 	
  Ni(II)

70
60
50
40
30
20
10
0
0'

5'

10'

30'

60'

120'

1440'

2880'

4320'

5760'

7200'

8640'

10080'

T im e 	
  (m inute s)
Ni(II)	
  in	
  the	
  medium

Ni(II)	
  ads orbed

Ni(II)	
  ac c umulated

FIGURE 2 - Ni(II) removal of Synechocystis sp. BASO404 [15 ppm Ni(II), pH 6.8].
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FIGURE 3 - Chlorophyll-a values of Synechocystis sp. BASO403 and Synechocystis sp. BASO404.

4. DISCUSSION
Biological materials, especially bacteria, cyanobacteria, algae, yeasts and fungi, are receiving increasing attention to remove and recover heavy metals due to their good
performance, low cost, and substantial availability. Biosorbents are cheaper, more effective alternatives to remove
metallic elements, especially heavy metals from aqueous

solutions [32]. In this context, biosorption mechanism has
been identified in most heavy metals. But the metabolic
mechanisms of bioaccumulation for cyanobacteria are not
fully known. In many studies, microorganisms exposed to
Ni, exhibited either extracellular binding and non-specifical
adhering, or were actively transported as a low-affinity form
[9-33]. This study focused on understanding the possible
Ni(II) uptake mechanisms by living cells.
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Cyanobacteria, as all living organisms, have developed a set of mechanisms that control and respond to the
uptake and accumulation of heavy metals, viz., a reduction in metal intake, extracellular sequestration localization/compartmentalization inside the cell, energy-dependent
efflux [34], and synthesis of thiol-containing compounds,
such as metal-binding proteins (metallothioneins - MTs)
which can sequester metal ions [35]. Functional groups
are known to be able to bind heavy metals. The common
functional groups are amino, carboxylic, sulfhydryl, phosphate and thiol ones [36]. EPS were especially involved in
heavy metal adsorption due to their functional groups, such
as uronic acids [22-37]. The authors concluded that the
dominant reactive sites on the cyanobacterial cell wall are
the carboxyl groups, and they represent the most important sink for metal ions at near neutral pH [38, 39].
Many researchers have also observed that heavy metal
exposure affected the monosaccharide composition and
uronic acid contents of EPS [40, 41].
In this study, Synechocystis sp. isolates (BASO403
and BASO404) were chosen, based on their EPS production (143 mg/L and 44 mg/L, respectively), and thus the
adsorbed removal capacities of both isolates were determined to be 51 and 95%, respectively. Observations in the
present study clearly revealed no correlation between
Ni(II) removal and EPS (p<0.01). However, a good correlation was observed between the EC50 values and EPS
production by both isolates (p<0.01). Results showed that
EPS appears to play a protective role for Ni(II) toxicity on
cyanobacteria. Several authors reported that the toxicity
of Cr(VI) is not related closely or exclusively to Cr(VI)
removal [42-44]. Vesentini et al. also reported the protective role of fungal mucilaginous material for copper toxicity [45].
The BASO403, which produced higher EPS, was most
resistant to Ni(II) (EC50 17.41 mg/L). However, its Ni(II)
removal was low. Therefore, EPS production by both isolates was assumed to be associated with Ni(II) resistance.
Kazy et al. [46] reported that EPS production by a copperresistant isolate of Pseudomonas aeruginosa was considerably higher than that of its copper-sensitive counterpart.
Also, Ozturk et al. [47] reported that Cr(VI)-resistant
Methylobacterium mesophilium MU141 exposed to 15
and 35 ppm Cr(VI) concentrations, produced more EPS
than its control cells, although BASO404 which produced
lower EPS, has shown higher removal capacity, and the
viability of the isolate was mostly affected. Ni(II) might
affect the EPS composition, especially carboxyl groups
(uronic acids) and monomer structures. The adsorption of
heavy metal ions by binding the metals to cell walls was
recognized as a highly beneficial property of most cyanobacteria [48]. Ozturk and Aslim [49] reported that the monomer composition of EPS of the Chroococcus sp. H4
changed after exposure to Cr(VI).

adhere to the surface molecules, such as EPS that can exhibit a saturation level in which no more metallic ions can
adhere [48]. In living cells, metal bioaccumulation can
occur inside the cell but efflux mechanisms may predominate. These processes have been reported in studies with
Pseudomonas aeruginosa and Cupriavidus metallidurans
[49].
Synechocystis sp. BASO404 has a fair enough removal capacity when compared with Synechocystis sp.
BASO403. The differences in removal capacities could
probably be ascribed to the different properties of the functional groups that belong to EPS, and the surface area.
Ni(II) in water is known to generate very stable aqueous
complexes [50]. Thus, it probably becomes poorly exchangeable with the protons binding to the active sites of
the samples.
Also, viabilities of the isolates were determined by
measuring chlorophyll-a. Therefore, chlorophyll-a values
of both Synechocystis sp. isolates were significantly affected by 15 mg/L Ni(II) at pH 6.8. Gikas [5] reported
that Ni inhibited the microbial growth at relatively high
concentrations. On the other hand, Wang and Wood’s
[51] study indicated that most of the tested species (several algal and cyanobacterial species) had an optimum pH
of 8.0 for Ni accumulation.
Cyanobacteria are one of the biomaterials possessing
a high potential to remove heavy metals from wastewater
[52]. Many authors have evinced interest in Ni(II) biosorption since then [3, 53, 54]. However, very little information is available on the removal of Ni(II) by living
cyanobacterial cells. Corder and Reeves [55] reported that
the nickel-binding capacity of the living cells of Anabaena flos-aquae was 0.006 g Ni/g dry cell at <20 mg/L Ni
concentrations, confirming our results.
Based on the data presented in this paper, the toxicity
of Ni(II) is not related closely and exclusively to Ni(II)
removal, as suggested by several authors [56, 57]. In the
present study, a negative correlation was significantly determined between EPS production and Ni(II) removal (p
< 0.01).
In conclusion, EPS produced by Synechocystis sp.
BASO403 and Synechocystis sp. BASO404 demonstrated a
positive correlation between Ni(II) resistance but a negative
correlation with Ni(II) removal. Synechocystis sp. BASO404
can be seriously considered as a very promising biosorbent
for removal of Ni(II) from aqueous environments. Further
studies are necessary to better understand the complex
mechanisms of Ni(II) removal. Also further observations
are required to identify the EPS monomer composition,
uronic acid groups and metallothionein proteins (MTs) of
this isolate.

Living cells can perform two processes. One is the
active metabolism where metals accumulate within the
cell, and the other is the passive metabolism where metals
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ABSTRACT
This article examines two types of membrane bioreactors (MBRs): attached growth membrane bioreactors
with media (MBR-A); and suspended growth membrane
bioreactors without media (MBR-S) to comparatively
evaluate microbial characteristics of and efficiency of
pollutant removal of contaminants in Yangtze raw river
water. The results indicated that both MBRs were highly
efficient at removing pollutants from real raw water.
Analysis of the water samples’ biomass and biological
activities showed that suspended microorganisms in MBRA predominated in the biomass phase while the adhesive
microorganisms in MBR-S did not. As shown by Phospholipid Fatty Acid (PLFA) analysis, higher total biological activity in MBR-A results from the abundance of microorganisms and higher proportion of Gram-negative bacterium. Extracellular Polymeric Substances (EPS) analysis
showed that MBR-S demonstrated greater membrane flux

while the amount of EPS was higher in MBR-S than in
MBR-A. Consequently, EPS is likely not the primary
factor in membrane fouling.

KEYWORDS: MBR; drinking water; biomass; microbial activity;
PLFA; EPS; Yangtze river

1. INTRODUCTION
Biological treatment or bio-filtering is used to reduce
organic matter and NH4+-N to and prepare raw water for
human consumption, and is widely used in water treatment
plants. Despite its wide usage, bio-filtering has many shortcomings, including complex water and air distribution
systems, backwash requirements, occasional massive bio* Corresponding author
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film sloughing and high nitrite residue in the effluent [1,
2]. Rapid economic growth and the lack of effective environmental protection practices in China often lead to
serious source water quality deterioration. The pollution
of source water introduces an array of challenges to conventional drinking water treatment processes, and more
effective alternatives to bio-filtering demand attention.
The membrane bioreactors (MBRs) process is an
emerging bio-treatment technology that uses an activated
sludge bioreactor and microfiltration membrane to treat
contaminated raw water. In recent years, MBRs have gained
unprecedented popularity in the treatment of municipal and
industrial wastewater and landfill leachate [3-5]. MBRs
offer several advantages over other conventional processes:
higher biomass concentration, less sludge production, lower
sensitivity to contaminant peaks, and improved effluent
quality [6-8]. Further, MBRs combine with conventional
water treatment operations like coagulation, flocculation,
sedimentation, filtration and disinfection.
In treating drinking water, biomass is difficult to aggregate because of the oligotrophic environment of the
water, and MBRs retain most of the existing bacterial cells,
providing significant retention of and sometimes increasing biomass. MBRs also favor the development of a selected microbial consortium that can remove refractory
organic contaminants and other bio-available materials
beyond the easily biodegradable organics [9]. Detailed
investigation of MBR application is increasing due to the
many benefits of its application [10-13].
Several authors have investigated the efficacty and
potential of MBRs for drinking water treatment. McAdam
and Judd [14] evaluated the feasibility of laboratory-scale
extractive and diffusive MBR-S for drinking water denitrification. Urbain et al. [15] investigated the only full-scale
potable de-nitrification MBR that used pressure-driven
membranes. Li and Chu [11] found that MBR-S removed
nearly 60% of influent total organic carbon (TOC) and reduced over 75% of trihalomethane formation potential
(THMFP). The integration of immersed membranes and
enhanced coagulation has been successfully applied to
drinking water purification for NOM, color and DBP removal by Best et al. [16]. Investigation of this process
remains in its infancy, but the the application of MBRs
will continue to increase. Most research focuses on the performance of single type MBRs in pollutant removal, while
research about microbial biomass, activity, and community structure remains sparse. This study embarks on investigation of this area.
The behavior of EPS as a fouling mechanism in
membrane bioreactors is unclear. Extracellular polymeric
substances (EPS) usually consist of proteins, carbohydrates, nucleic acids, lipids, and humic acids located at or
outside of the cell surface. Total proteins and polysaccharides are the dominant components typically found in
extracted EPS [17]. Some researchers [18, 19] suggest that
EPS is primarily responsible for membrane fouling in MBR
systems. Other researchers [20] deem that the fouling be-

havior is influenced by the physical characteristics, specifically particle size, of the biomass in the MBRs rather
than the biological characteristics or EPS content.
In this study, actual raw water from the Yangtze River was used as the influent to simulate the real envi-
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ronment. The microbial characteristics suspended (activated sludge) and attached (biofilm) MBR were investigated to gather information on microbial biomass, activity, and community structure via the PLFA profile. Total
proteins and polysaccharides were used to represent the
total amount of EPS, a potential cause of membrane fouling. Finally, the study investigated the relationship between the performance of the MBRs and bacterial communities.

Raw Yangtze River water was treated with full-scale
coagulation and sedimentation, stored in a tank, and subsequently subjected to MBR-A and MBR-S. The characteristics of the water are displayed in Table 1.
2.2 The pilot-scale MBRs

Two parallel pilot-scale MBR systems (Figure 1) were
established. These two MBRs differed only in the growth
type of the microbial biomass. Part of the MBR-A biomass consisted of biofilm attached directly to barriers,

2. MATERIALS AND METHODS
2.1 The influent

TABLE 1 - The characteristics of influent
Temperature
o
C

pH

Turbidity
(NTU)

UV254
(cm-1)

CODMn
(mg•L-1)

NH4+-N
(mg•L-1)

Benzene*
(µg•L-1)

Trichloroethylene*
(µg•L-1)

22~25

6.7~8.1

9.07

0.0371

2.02

1.28

70.74

419.80

*: These two compounds were added into influent

FIGURE 1 - Diagram of the pilot-scale MBRs

which were cylindrically-shaped, included a cross inside
each cylinder, and made of high-density polyethylene
(0.95 g/cm3). The barriers were 10 mm long, 10 mm in
diameter and occupied 35% of the reactor volume. MBR-S
did not contain barriers and thus most of its biomass was
suspended activated sludge. Both MBRs have an effective
reaction volume of 4 L. The membrane area in each reactor
was 0.4 m2, and the Polypropylene hollow fiber membrane
had an average pore diameter of 0.10 µm. Both MBRs were

in a sequencing operation pattern with a 45-minute pumping
and a 15-minute stop. Air supply through diffusers was
monitored by a flow-rate meter that sat below the membrane
modules. This positioning induced across-flow velocity
along membrane surfaces while supplying oxygen. The
ratio of air and influent was maintained at 20~100:1.The
effluent was drawn in with suction using a pump connected with the modules. The hydraulic retention time (HRT)
was in the range of 0.75-1.5 h.
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2.3. Analytical methods
2.3.1 Water quality analysis

Chinese standard methods were used to conduct the
water quality analysis [21]. Chemical oxygen demand
(CODMn) was determined by the potassium permanganate
oxidation method. UV absorbance at 254 nm (UV254) was
recorded using a spectrometer (752N/ UV-2101PC). NH4+N was measured using the reagent colorimetric method.
Turbidity was monitored by a turbidimeter (2001P, HACH).
VSS was performed using the weight loss method. Benzene
and Trichloroethylene were determined by purge and trapgas chromatography (Tekmar 3000 and Agilent 6890 GCFID /ECD). The GC was operated in the splitless mode and
the injector port temperature was maintained at 300 oC for
normal operation. For the cryotrap system the temperature
was set at -80 oC. The GC–MS interface temperature was
250 oC. Helium carrier gas was held at a rate of 1 ml/min
using electronic pressure control. The GC temperature
programming was held for 5 min at 35 oC, then increased
at 10 oC/min to 60 oC. It was then increased at 30 oC/min
to 220 oC and held at that temperature for 14 min. A
Hewlett-Packard 5989B MS Engine equipped with EI was
used to acquire mass spectrometric data.
In this paper, UV254 was also considered to have the
dimension of concentration because it includes various organic pollutants in raw water [11].
2.3.2 Microbial biomass and activity analysis

To determine the total microbial activity and biomass,
The sample was transferred to a 100 ml sterilization jar
and not rinsed. 10 ml of sterile water was added to the jar
along the side for determination of attached and suspended microbial activity and biomass. Gently rinsing the
sample and then discarding a mixture containing suspended
biomass, and repeated three times. This allowed for
measurement of attached microbial activity and biomass.
The difference between total microbial activity and biomass and attached microbial activity and biomass provided the measurement of suspended microbial activity and
biomass.
Microbial biomass was measured using the phospholipid method [22]. A calibration curve established with inorganic phosphate (K2HPO4) was used to convert absorbance at 610 nm to nmol P (1 nmol P is equivalent to about
108 cells at the size of E.coli). The amount of microbial
biomass was then converted to mg P/L. Microbial activity
was estimated using the oxygen consumption per unit
reactor volume (or biomass) per unit time, i.e. the specific
oxygen uptake rate (SOUR) [23, 24].
2.3.3 Phospholipid fatty acid (PLFA) analysis

Fatty acids in the form of hydrocarbons, fatty alcohols, or other complex compounds such as phospholipids
(PLFAs), peptidolipids and glycolipids constitute microbial lipids. Phospholipids are essential components of

cells and the types and amounts of phospolipids in organisms of the same taxa are relatively constant and heritable
[25]. Thus PLFA analysis is a widely used method to
evaluate microbial community structure.
Microbial community structure was characterized by
PLFA profiles of the samples and a detailed description of
the PLFA methodology used may be found in Hannam et
al. [26] First, lipids were extracted from the samples of each
reactor. A mixture of 15.6 ml phosphate buffer (3.6 ml),
CHCl3 (4ml) and MeOH (8 ml) was added into a 50 ml
conical flask containing the samples and allowed to stand
for 12 hours at room temperature. Following this, 4 ml
CHCl3 and 3.6 ml phosphate buffer were added again.
After 12 hours of standing, the organic phase containing
the lipids was partitioned in the bottom. After discarding
the upper aqueous the organic phase was dried down by
N 2.
Phospholipids separation was completed using silicic
acid column chromatography. First, the silicic acid chromatography column at the bottom of the vacuum bottle
received a 3-5 ml CHCl3 wash. Then the lipids were transferred to chromatography columns with CHCl3. After 5 ml
CHCl3 and 10 ml Acetone were added to the chromatography column, liquid in the silicic acid chromatography
column was extracted with a vacuum pump. The polar lipid
was eluted into a tube by adding 5 ml or more MeOH to
the silicic acid chromatography column, and then MeOH
was dried down by N2.
The PLFA were released as fatty acid methyl esters
(FAMEs) by using a 1 ml mixture of toluene and MeOH
(1:1) and a 1 ml KOH solution (0.2 M). The determination of FAME samples was carried out with an Agilent
6890 GC system equipped with a flame ionization detector (FID). 2 µl samples were injected each time and nitrogen was used as a carrier gas. The GC oven temperature
was initially 80 oC and raised at 20 oC min-1 to 160 oC.
After holding at 160 oC for 1 min, it was then increased to
280 oC at 4 oC min-1 and held at 280 oC for 10 min. The
injector and detector were held at 280 oC and 300 oC. The
peaks were identified using a standard sample (Supelco
37 Component FAME Mix, 1000 µg/ml in CH2Cl2, 1 ml,
Sigma Aldrich China).
2.3.4 Extraction and determination of EPS from the mixed
liquor and biofilm

Extracellular polymeric substances (EPS) were extracted according to the chemical reagents method described by Liu and Fang [27]. Before extraction, a sludge
suspension was first de-watered by centrifugation. Approximately 40 ml was taken from each reactor and added
to a centrifuge tube and then centrifuged at 3000 rpm for
5 min. After discarding the upper aqueous phase, about
20 ml of extractants, including 2% EDTA and 0.9% NaCl,
were added to the residues. The EDTA solution for dilution was pre-heated to 70 oC in a water bath for 30 min
and then placed in an ice mixture for 2 hr at 0 oC.
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Finally, the separation of EPS from treated sludges was
carried out by two centrifugations: the first at 3000 rpm for
10 min and the second at 14000 rpm for 15 min.
2.3.5 Chemical analysis

Polysaccharide and protein content in EPS was analyzed using the anthrone-sulfuric acid method [28] and
the Coomassie Brilliant Blue method [29] .
2.3.6 SEM observation of the membrane

The membrane surface was observed with a scanning
electron microscope (SEM) (S-4800, HITACHI). A piece
of membrane was fixed in 2.5% glutaraldehyde for 12 h at
room temperature, was washed twice with a 1 M phosphate buffer, and then was dehydrated with a graded ethanol series (50%, 70%, 80%, 90%, 95%, 100%; 15 min
each). The samples were then gold-coated by a sputter and
observed under a scanning electron microscopy (SEM).
3. RESULTS AND DISCUSSION
3.1. The performance of MBRs in contaminant removal

Organic matters, indicated in this study by UV254,
CODMn and NH4+-N, were the predominant contaminants
in the raw water. Benzene and TCE were chosen as toxic
compounds to simulate the impact of adverse environmental shock loadings. The removal of these contaminants and turbidity are shown in Figure 2.

Both MBR-S and MBR-A were highly efficient at
removing contaminants from raw water. Both MBRs
achieved high benzene and TCE removal efficiencies of
over 98%. The removal of CODMn was 23.76% in MBRA and 22.77% MBR-S, both significant percentages considering that the concentration of CODMn was as low as
about 2.0 mg/L in the influent. The average UV absorbance at 254 nm (UV254) all dropped over 23% after the
MBR treatment. Biological nitrification was better than
organic degradation performance: over 48% of NH4+-N
was removed. Because of bio-flocculation and membrane
filtration in MBR-A and MBR-S, particulate matter and
microorganisms were effectively removed with a turbidity
removal efficiency of more than 75%.
Organic matter in raw water may include particulate
organic matter (POM) and dissolved organic matter (DOM).
It is much easier to remove POM using the conventional
treatment chain of coagulation, sedimentation, and sandfiltration, whereas DOM proves a greater challenge to
remove. In this study, the raw water was first treated by
coagulation and sedimentation, and POM was effectively
removed as expected. It is possible that the the removal of
CODMn in both MBRs may have resulted from the original reduction of DOM. The average DOM removal of both
MBRs was 23.26%, a figure that is coincident with the re-
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FIGURE 2 - Removal of different contaminants in two MBRs

sults achieved by other researchers [30]. NH4+-N in water
is the predominant chlorine consumer during disinfection.
Because more than 48% of NH4+-N in each MBR was
removed, chlorine disinfection for the treated water will
be more effective and the amount of chlorine required for
such treatment will decrease. Subsequently, reduction of

both CODMn and chlorine demand by MBRs will decrease
THM and other DBP formations.
There was a slight difference in overall removal efficiency between MBR-S and MBR-A that may be explained by the following research on microbial characteristics.
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3.2 Microbial biomass and activity

Table 2 shows the microbial biomass and activity in
the two MBRs. Microbial biomass, microbial activity per
unit volume and per unit biomass were 328 mg P/L, 0.07
mg O2/(L·min), and 2.13×10-4 mg O2/(mg P·min) in
MBR-S. The counterparts in MBR-A were 290.1 mg P/L,
0.079 mg O2/(L·min) and 2.72×10-4 mg O2/(mg P·min). It
can be concluded that though MBR-S had a higher biomass, its lower microbial activity per unit biomass resulted in nearly equivalent activity per volume, which was
more practically significant.
However, an interesting phenomenon was that in the
MBR-A, most of the biomass existed as suspended
sludge. In this reactor, the suspended biomass contributed
235.1 mg P/L of the total biomass, 0.059 mg O2/(L·min)
and 2.50×10-4mg O2/(mg P·min) of the microbial activity per unit volume and per unit biomass, respectively. The
MBR-A reactor was a mixture of attached and suspended
growth type, and the suspension was the primary growth
choice for the microorganisms. This phenomenon suggested that the microbial community structure of the two
growth type reactors may not be so distinct.
3.3 PLFA analysis

A PLFA profile was used to analyze the microbial
community structure in the two MBRs. Percentages of
PLFA components of microbes are shown in Table 3. Some
differences were found in the respective PLFA community
structures. The microbial diversity in MBR-A was slightly
higher than that in MBR-S, and some PLFA species occurring in MBR-A were not found in MBR-S.
The two MBRs had the same predominant PLFAs
and their relative abundances were quite similar. Gramnegative bacteria, indicated as C16:1 and C18:1ω9t, occupied about half of the total PLFA quantity in both

MBRs. Moll et al. [31] and Kalmbach et al. [32] have
reported that Gram-negative bacteria are predominant
microbes in a drinking water treatment environment. This
was confirmed again here using the PLFA method.
The above investigation showed slight differences in
the microbial biomass and activity between the two MBRs.
The membrane filtration could retain almost all of the
sludge particulates and thus resulted in an accumulation of
sludge. Compared with attached growth, the suspension
growth as activated sludge was superior in mass transfer
and nutrient up-take when the environmental conditions
were moderate. This is likely because of less resistance from
the attached biofilm. So the growth of suspended biomass in
MBR-A was not inhibited by the attached biofilm; furthermore, it even outcompeted the growth of attached biofilm.
The outcome was as shown above: the plastic carriers did
produce the expected biomass and activity increase. The
two reactors performed nearly identically.
3.4 Membrane flux and Membrane fouling

EPS and other related parameters were determined in
this study (Table 4).
Unlike other parameters, polysaccharide and protein
levels in the two reactors were substantially different.
Levels were 136 mg/L and 7.3 mg/L in MBR-S, and 65.8
mg/L and 3.4 mg/L in MBR-A. MBR-S had almost twice
the EPS of MBR-A, which suggested that suspended
biomass produced EPS more effectively. However, the
membrane flux in MBR-S was 185.3 L/(m2·d) and 177.4
L/(m2·d) in MBR-A, suggesting that the impact of EPS on
membrane fouling may be negligible in this study.
SEM images were taken to determine the morphology
of the fouling layer on the membrane surface (Figure 3).
The SEM images showed that the fouling layers were
built upon the membrane surfaces of both MBR-S and

TABLE 2 - Microbial biomass and activity in MBRs
Type
MBR-S
Biomass / (mg P/L)
328
Activity per unit volume / (mg O2/(L·min))
0.070
-4
Activity per unit biomass / (10 mg O2/(mg P·min))
2.13
*: The values in the bracket were the corresponding ones of the suspended biomass in MBR-A

MBR-A
290.1 (235.1)*
0.079 (0.059)
2.72 (2.50)

TABLE 3 - Percentages of PLFA components of microbes in MBRs
Compound
MBR-S
MBR-A

A-S
A-A

C14:0

C15:0

2.25
2.22

0.53
0.94

C16:1
40.01
46.02
53.45

C16:0
22.48
21.33
17.67

C17:0
0.7
0.71

C18:2ω6c
4.24
1.15
1.75

C18:1ω9c
9.4
3.56
3.81

C18:2ω6t

TABLE 4 - EPS and related parameters in MBRs
Type
Polysaccharide / (mg/L)
Protein / (mg/L)
VSS / (mg/L)
Membrane flux / (L/(m2·d))

MBR-S
136
7.3
2955
185.3
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MBR-A
65.8
3.4
2035
177.4

C18:1ω9t
17.28
22.58
16

C18:0
6.59
1.89
1.95

C20:4ω6
0.85
1.51
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Hydraulic retention time / (h)

1.29

1.35

FIGURE 3 - SEM images of fouling layers on the membrane surfaces for MBRs (a) MBR-S; (b) MBR-A; (c) a cross-section of MBR-A

MBR-A but that the two fouling layers were different.
The fouling on the membrane surface of MBR-S appeared

seriously polluted MBR-A (Figure 3c) revealed that membrane pores were filled with pollutants.

top surface

top surface

bottom surface

bottom surface

a

b

c
to be much looser than that of MBR-A. This indicated
that membrane fouling of MBR-A was more serious than
membrane fouling of MBR-S, though the EPS concentration in the latter was much higher than in the former. One
main cause might be the considerable amount of the biofilm carrier and its alleviation of the shear force of the
uprising air.
From SEM photographs (Figures 3a and b), it can be
seen that both surfaces of the two MBRs attached a number of pollutants. Observation of a cross-section of the

4. CONCLUSION
Based on the results of this pilot study, the following
conclusions can be drawn. When treating surface water
from the Yangtze River, MBR-S and MBR-A performed
roughly the same removals of typical contaminants. The
predominant growth type in MBR-A was also suspended,
which led to the comparably close microbial biomass,
activity and PLFA community profile with MBR-S. The
EPS produced in each type were different, but they were
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insignificant in membrane fouling. The impact of microbial growth type on the performance of the MBRs was not
significant.

[12] Ergas, S.J. and Rheinheimer, D.E. (2004) Drinking water denitrification using a membrane bioreactor. Water Research
38, 3225-3232.
[13] Crespo, J.G., Velizarov, S. and Reis, M.A. (2004) Membrane
bioreactors for the removal of anionic micropollutants from
drinking water. Current Opinion in Biotechnology 15, 463-468.
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SIMULATION OF THE FAR-FIELD DILUTION OF
EFFLUENTS INTO THE GULF OF PATRAS (GREECE)
Nikolaos Th. Fourniotis and Georgios M. Horsch*
Department of Civil Engineering, University of Patras, 26 500 Patras, Greece

ABSTRACT
The spread of the sewage plume, discharged into the
Gulf of Patras, is studied using three-dimensional numerical simulations, for both winter and summer regimes, when
the receiving waters are homogeneous and stratified, respectively. The hydrodynamic circulation in the Gulf and
the advection-diffusion of the effluent are simulated using
the MIKE-3-FM code. Both the cases of a conservative
and non-conservative pollutant species are examined. In
all the cases, the simulations show that dilutions greater
than 200 are achieved, even for conservative pollutants. It
is therefore confirmed that the advection-diffusion field
established by the hydrodynamic circulation in the Gulf of
Patras ensures adequate dilution of the plume. Further,
since the sewer system of the City of Patras is a combined
sanitary-storm system, based on the results of the simulations, the maximum concentrations of partially treated
sewage that can be released into the Gulf without exceeding the limits imposed by regulations have been calculated
to be 106 FC/100ml for the winter, and 2 105 FC/100ml
for the summer.

KEYWORDS: 3D modelling; far-field; hydrodynamic circulation;
MIKE 3 FM (HD, TR); Patras Gulf; sewage plume

1. INTRODUCTION
The Gulf of Patras (Fig. 1a, also referred to as "the
Gulf", for brevity) is vulnerable to pollution, particularly
at its southeastern region, where the city of Patras is located. The environmental pollution hazards include many
continuous sources, such as municipal sewage discharge,
distributed sources, such as agricultural wastewater, and
sporadic ones, such as oil spills and shipping accidents.
Patras’ Water Resources Authority (hereafter referred to as
M.E.W.S.P.) aims at reducing the annual nutrients loads
discharged into the Gulf in order to maintain the delicate
ecological balance and to avoid the risk of the degradation
of the marine environment.
* Corresponding author

The only comprehensive collection of field measurements performed throughout the entire Gulf of Patras is
that of Papailiou [1], which aimed at assessing the state of
pollution in Gulf’s ecosystem. That study showed that the
Gulf of Patras maintained an adequate level of selfcleaning. Despite these findings, and in agreement with
EU Directive 91/271/EEC regarding the disposal of urban
wastewater, M.E.W.S.P set as a target, since its foundation
in 1989, the construction and operation of a biological
wastewater treatment plant, to prevent degradation of the
Gulf’s water quality [2]. In order to ensure an adequate
basis for the accurate design of the outfall pipe, a study
was commissioned, in 1992, to map in detail the marine
conditions in the vicinity of treated water outfall. The
findings of that study of Ferentinos et al. [3] were compatible with the findings of Papailiou [1], and M.E.W.S.P.
constructed a sewage scheme during the year 2000 for the
city of Patras, which will eventually accomplish biological treatment of the wastewater of a population of over
180,000 inhabitants.
Presently, the treated effluent of nearly 1 m3s-1 is discharged into the Gulf through a 905 m pipe at a depth of
32.5 m below Chart Datum. The 1 km long wastewater
discharge pipe has a 68 m long diffuser at the end, consisting of eighteen ports with a 20 cm diameter.
Wastewater which exits from the diffuser begins to rise
immediately and forms a buoyant jet/plume. During the
time between leaving the diffuser and reaching its equilibrium height (which, in the case of homogeneous water, is
the water surface), the wastewater undergoes most of its
dilution by entraining seawater into the plume. This is the
initial dilution, or near-field dilution of the plume. When
the buoyant plume reaches the water surface, it appears as a
boil [4]. It then advects and diffuses both horizontally and
vertically, within the ambient flow field, effecting the farfield dilution. In the present paper, we are concerned with
the far-field behavior of the treated sewage plume only,
which forms within the hydrodynamic circulation of the
Gulf’s waters.
The present study is based on coupled, threedimensional numerical simulation of the circulation and
the transport of sewage in the Gulf of Patras. We use the
three-dimensional, finite volume code MIKE 3 FM [5, 6].
Two modules of the code have been used, each addressing
a part of the problem: MIKE 3 FM (HD) hydrodynamic
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module [5] simulates the circulation of the Gulf, while the
MIKE 3 FM (TR) transport module [6] performs the simulation of the plume transport, resulting in the far-field
dilution of the sewage wastewater. Due to the spatial
resolution limitations of the numerical model, the initial
dilution cannot be resolved, so that, in the numerical model,
the outfall is implemented as a point source at the bottom
of the Gulf, within the numerical cell which corresponds
to the location where the diffuser has been constructed.
This procedure requires proper selection of the dimensions of the numerical cell so that the measured effluent
dilution at the free surface is matched.
In the simulations presented below, the emphasis is
on the description of the results of the simulations within
a region of 10 km from the shore, which includes the
swimming zone and the outfall location (Fig.1b).

the deep Gulf of Corinth (maximum depth 900m), on the
east, with the Ionian Sea, on the west.
The Gulf is bracketed between two sills; one that lies
along the line Tourlida (Messolongi lagoon) to Cape
Araxos (also called Cape Pappas), at the border between
the Ionian Sea and the Gulf of Patras, and the other at the
Straits of Rio-Antirio, which connect the Gulf of Patras
with the bay of Nafpaktos, at the entrance of the Gulf of
Corinth (Fig. 1a). The Gulf of Patras is 40-50 km long,
10-20 km wide, and has an area of 535 km² and a maximum depth of 138 m. It is centered at 38o latitude, which
corresponds to a UTM-34 zone. On the SE coast of the
Gulf lies the Port of the city of Patras, the only major port
of the Gulf.
Fresh water influx into the Gulf is due to the rivers
Evinos and the streams Pirros and Glafkos. The discharge of
these rivers [7], however, is small and not important to the
overall hydrodynamic circulation [8]. Also, it is worth emphasizing that the ephemeral streams of Pirros and Glafkos
dry out completely during the summer.
2.2. The modeling method
2.2.1. The hydrodynamic code and the advection – diffusion
code

The hydrodynamic circulation in the Gulf has been
simulated using the commercially available CFD code
MIKE 3 Flow Model FM (where FM stands for Flexible
Mesh) [5]. The details for the parameters of the simulations of the hydrodynamics can be found in [8]. Here, we
merely note that the turbulence closure was effected using
the standard k-ε model in the vertical and the Smagorinsky model in the horizontal. The advection and diffusion of the sewage plume is simulated utilizing the CFD
code MIKE 3 FM Transport Module (TR). This is a modeling system that simulates the spreading and fate of dissolved or suspended substances in an aquatic environment
under the influence of the fluid transport and associated
dispersion processes. The substances may be conservative
or non-conservative. The hydrodynamic basis for the
Transport Module (TR) is calculated with the Hydrodynamic Module (HD) [6].

(a)

2.2.2. Computational domain and grid

2.1. The study area

The numerical representation of the coastline and the
bathymetry of the Gulf of Patras were based on digital
maps of the Greek Hydrographic Service of the Hellenic
Navy. The details of the computational grid (Fig. 2a) are
similar to those described by Fourniotis and Horsch [8]; in
the present simulations, however, 15 layers over depth have
been used instead of 10. Further, in the vicinity of the
outfall a much finer grid is required for adequate simulation of the spread of the sewage plume. Thus, a threezone, non-uniform computational mesh was generated for
the discretization of the southeastern side of the Gulf,
where the plume is released (Fig. 2b).

The Gulf of Patras (Fig. 1a) lies in Western Greece. It
is a 56 m-deep (mean depth) marine embayment that links

The first zone (A) covers a cyclical sector (on the horizontal plane) of the outfall, centered on the shore, 4 km in

(b)
FIGURE 1 - (a) The Gulf of Patras as seen from Google Earth. The
locations of open boundaries of the numerical simulations are
marked with white lines as OB1 (in the west) and OB2 (in the east).
The location of outfall pipe is marked with a white line. (b) Detail of
the southeastern region of the Gulf, where the outfall pipe is located.
The location of the Patras’ Sewage and Waste Water Treatment
Plant (S.W.W.T.P.) is also indicated.

2. MATERIALS AND METHODS
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radius and consisted of cells, the characteristic dimension
of which lies between 50 to 100 m, gradually increasing
outwards. Adjacent to zone (A) lies zone (B), of the form
of an annular sector, where the grid size increases gradually to 500 m. Then, lies another annular sector (zone C)
where the grid size increases up to 1000 m, meshing into
the main body of the Gulf. The dimensions of the cell
within which the sewage discharge is located is taken into
account while matching the dilution estimated to be achieved
by the diffuser. Further, the resolution within the region of
the outfall (zone A) also enters the calibration which aims at
achieving a value for the initial dilution at the free surface
of the order of 100 [9]. The mesh details in the vicinity of
the outfall are shown in Fig. 2b. The overall number of
horizontal cells in the whole domain is 18867 (or 9778
nodes), and the spatial grid resolution ranges from 100 m
near-shore (only at the vicinity of the outfall) to 1000 m
in the offshore region. This scheme was adopted in order
to keep the discretization computationally economical,
while trying to enhance, to the degree possible, the accuracy of the simulations.
The number of layers over depth was 15. A time step
as small as 4 sec was required to satisfy the CourantFriedrichs-Lewis (CFL) criterion and avoid divergence. A
typical simulation run using MIKE 3 FM (HD) required
about 50 hrs for a steady state solution (wind-induced

circulation), which corresponds to a 6-day simulation in
physical time on a Pentium 4, 3.2 GHz PC.
2.2.3. Boundary and initial conditions

The computational boundary consists of the solid
boundary (solid bottom and the coasts) and two open
boundaries located at the Oxeia island-Bay of Killini line,
in the west, and the Mornos-Drepanon pass, in the east.
These have been denoted as OB1 and OB2, respectively, in
Fig. 1a.
All solid boundaries are treated as impermeable, no
slip boundaries, where the term no slip should be interpreted, in the context of the k-ε model, in terms of wall
functions. Care has been therefore taken to ensure that the
roughness height be less than half the height of the bottom cell. A problem with the roughness height may arise
with nearshore cells because of the use of the σcoordinate transformation. In our simulations the maximum water depth at the end of the neashore cells is
greater than 3 m. Since 15 equidistant layers have been
used, the minimum height of the bottom cell center is
1.5m/15=0.1 m. Thus, half this height is equal or greater
than the roughness height which has been taken equal to
0.05 m. In regions beyond the cell adjacent to the coastline the local depth is larger and we are safe a fortiori.

(a)

(b)
FIGURE 2 - (a) Bathymetric map of the Gulf of Patras, with isobaths shown every 15 m. Superimposed is the unstructured triangular mesh.
Axis annotation in Easting and Northing is displayed in meters; superimposed on the map is the geographical net of longitude (E) and latitude (N). The co-ordinate system refers to UTM-34. (b) Mesh details at the southeastern region of the Gulf.
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As discussed in section 3 below, the circulation in the
Gulf of Patras is caused by the action of the wind, and the
tide, which is co-oscillating with the tide from the Ionian
Sea (open boundary OB1 in Fig 1a). Thus, at the open
boundaries, tidal elevation data derived from the analysis
of measurements of the sea surface elevation were used as
boundary conditions. The harmonic analysis was performed by Achilleopoulos [10] on data collected during
the campaign of Papailiou [1]. Further details concerning
the tidal boundary conditions can be found in Fourniotis
and Horsch [11]. The simulations presented herein have
been performed using the same free surface boundary
conditions for both the winter and the summer tide-induced circulation in the Gulf.
Concerning the initial conditions, all simulations
were initiated from the state of rest, where the free surface
was set equal to the mean sea level. For the simulation of
the winter circulation, the density of the water was kept
constant, in accordance with measurements. The summer
stratification is, according to field data [1], essentially due
to temperature stratification. The initial condition of the
stratification used for the simulation of the summer circulation was one dimensional (i.e. with no horizontal varia-

tions), constructed by averaging five typical vertical temperature profiles (Fig. 3a, b) and calculating the corresponding density profile. In this calculation the value of
the salinity was set, in accordance with the data, equal to
38.5 psu.
2.2.4. Parameter values of the transport module

In the present study, the advection-diffusion of two
generic species - Component-1 conservative and Component-2 decaying- carried with the sewage plume discharged
in the Gulf of Patras, is studied. The normalized source
concentrations of the two components were both set to 1 at
the effluent source, while the initial and boundary conditions in the water body at constant values of 0. The initial
salinity of the effluent was set to be 0 psu, in all the cases
examined, whereas the initial temperature of the effluent
was assumed to be the same as that of the receiving waters in the winter and 20 oC during the summer.
Additional parameters which enter the simulation are
the effluent discharge, Q, the time for 90% decay, T90, the
decay constant, k, and the eddy diffusivity; their values
were set as follows.

(a)

(b)
FIGURE 3 - (a) Vertical temperature profiles of the summer months [1]. The mean profile, used in the simulations, is with gray line. (b)
Interaction of the buoyant plume with the stratification.
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According to M.E.W.S.P. [9], during first phase of
operation of the Sewage Water Treatment Plant, which
covers the period 2000-2015, a mean effluent discharge rate
of 0.5 m3s-1 is expected, with a minimum value of 0.3 m3s-1
and a maximum peak value of 0.8 m3s-1. Anticipating,
however, the system growth, the value of Q was set equal
to 1 m3s-1 in the present study; and this value was added as
a source term in the computational cell within which lies
the diffuser on the sea floor. Next, based on measurements
of FC bacterial decay rates under varying light conditions,
[9] proposed an average T90 of 3 h, or an average decay
rate, suitable for the long-term model simulations, equal
to k = 2.132 x 10-4 s-1. This value of T90 is within the
range of values found in the literature (e.g. [12]). In order,
however, to get an estimate for the concentration field
under nighttime conditions or during cloudy days, runs
were also made using T90 values of 30 h. Finally, different
values of the eddy diffusivity were specified in the horizontal (νh) and vertical directions (νv), respectively. In the
horizontal direction a constant value of 0.01 m2s-1 was
specified (e.g. [13]). In the vertical direction the value of
the eddy diffusivity was specified, in the spirit of Reynolds analogy, as νv/σT, where σT is the turbulent Prandtl
number. Consistency with the empirical constants for the
k-ε turbulence model would require the value of σT to be
0.9, corresponding to a scaling factor of 1.1. In the present
paper, however, a value of 1 was specified as recommended by Rodi [14], and quoted by DHI [5].
3. RESULTS AND DISCUSSIONS
3.1. Hydrodynamic characteristics of the Gulf of Patras

The hydrodynamic circulation in the Gulf of Patras is
induced by the wind and the tide and two distinct modes
have been revealed by the field campaign of Papailiou
[1]: the winter mode which is barotropic and the summer
mode which is baroclinic since the Gulf becomes stratified. Both of these modes have been simulated numerically using the present model by Fourniotis and Horsch [8]
(wind-induced barotropic flow), Fourniotis and Horsch
[11] [15, (tidal barotropic flow) and Fourniotis [16] (stratified flow). Very briefly, the results pertinent to the present study can be summarized as follows.
The currents induced by the average winter wind
speed were found to be of the same order of magnitude as
tidal currents within the main body of the Gulf, but much
smaller than the tidal ones at the straits of Rio-Antirio. In
the vicinity of the outfall, close to the area of interest,
peak currents range from 20 cms-1 to about 5 cms-1, while
the main direction of the currents is along local depth
contours and reverse twice a day, showing the strong
semidiurnal tidal component.
The stratification retains its structure in the vicinity of
the outfall when the winds are light or of short duration
and in this case higher values of currents have been predicted to develop in upper layer during the summer circu-

lation. When, on the contrary, the wind blows for hours,
nearly the same values are predicted for both the winter
and the summer wind and tide-induced flow.
Further details concerning the numerical simulations
can be found in the references given above.
3.2. Validation of the simulated circulation

The field measurements concerning the hydrodynamic circulation in the Gulf of Patras are rather sparse. Three
data sets are, however, available for comparison with the
outcome of the above described simulations: 1) tidal elevations measured during the campaign of Papailiou [1], 2)
currents measured at the Rio-Antirio straits and 3) satellite images of the surface temperature field, the latter two
measured during the field investigation of the flow at the
Rio-Antirio straits by Hadjitheodorou et al. [17].
Papailiou [1] reports the minima and maxima of the
tidal elevations measured at three different locations in
the Gulf of Patras: the first two are at either ends of the
Gulf, whereas the third is at an intermediate location, i.e.
at the Port of Patras. The first two have been exploited to
drive the numerical simulations of the tidal circulation,
and the third has been used for comparison. This comparison is shown in Fig. 4(a): the simulated values are within
5% of the measured values. This is considered to be satisfactory, although the details of the simulation curve are
partly due to lack of reported measurements between the
minima and maxima.
Current measurements (Fig 4b) at the Rio-Antirio
straits have been reported by Hadjitheodorou et al. [17],
as part of a field study of the flow at the straits that preceded the construction of a 2.5 km cable stayed bridge.
The comparison between the simulated and the measured currents is, at first sight, mediocre. The reason for
this discrepancy was found to be the inadequate resolution
of the bathymetry of the straits provided by the available
general maps [16]. Additional detailed measurements of
only one cross section exist, at the site where the bridge
was built. Once these additional bathymetry data were
introduced in the numerical representation of the bathymetry, the numerically simulated currents were reduced by
roughly 30% at that section. Unfortunately, this is not the
cross section where the currents were measured. If, however, this correction is applied mutatis mutandis in the
cross section where the currents were measured, then the
agreement between measured and simulated currents is
greatly improved (see dotted line in Fig.4 (b), labeled as
“corrected values”).
Finally, the surface temperature field of the Gulf of
Patras during the summer stratification determined by
satellite images and the corresponding simulated temperature field produced are given in Figs 5(a, b). The integer
numbers which appear in these figures label the isotherms
every half a degree oC, with the value of “1” corresponding to the highest temperature found on the free surface.
The agreement between them is satisfactory.
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(a)
(b)
FIGURE 4 - (a) Comparison of tidal elevation measurements at the Port of Patras (solid dots) with simulations (solid line), (b) Comparison of
measured currents at Rion-Antirrion with simulated currents (for comments, see text).

.

(a)

(b)

FIGURE 5 - (a) Satellite images of the surface temperature (SST) of the Gulf of Patras and the Nafpaktos Bay [17], (b) Simulated freesurface temperature field.

3.3. Effluent concentration distributions

In the present section we examine the spreading of
the treated sewage plume discharged in the Gulf of Patras,
both in homogeneous and stratified waters, under the action
of the tide and the wind. From the simulations of the hydrodynamic circulation it follows that, close to the shores,
the wind-induced currents become more important, since
the tidal currents weaken there considerably. Further, we
can anticipate that stratification will significantly influence the spreading of the plume under examination, since,
during the summer, the thermocline is well above the discharge point (Fig.3b).
Given the variety of wind conditions that can be examined, it is reasonable to focus on those, among the locally prevailing, that can be expected to have the most adverse
effect on the swimming zone. Taking into consideration

the enhancement of mixing and dilution with in-creasing
wind-speed, we choose to examine winds of mean to low
speed, e.g. 6 ms-1, blowing along the SW (225o) and NE
(45o) direction, which is the prevailing in the region direction.
The spreading of the plume is most readily visualized
through isopleths of a conservative tracer, initially well
mixed within the plume. To address environmental regulations concerning bathing areas, we also follow a non-conservative tracer, the decay constant (k) of which, as discussed in section 2.2.4 above, has been chosen to characterize fecal coliforms.
Three different cases are treated for both the winter
and the summer regimes. In the first case the circulation is
driven by the action of the tide alone, with no wind forcing. In the second and third cases the circulation is driven
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by the combined action of either NE or SW winds, respectively, and the tide.

treated effluent is in thermal equilibrium with its environment and has therefore the same temperature as the
(homogeneous during the winter) sea water. After reaching the sea surface, the effluent will remain there due to
its buoyancy, and spread horizontally under the influence
of advection and diffusion. Clearly, then, the point where
the effluent surfaces (referred to as “point zero” below)
will be the point of highest concentration.
Under windless conditions (first case considered), the
simulation shows that the surface wastewater field acquires a quasi-steady, elongated shape around point zero,
and, from Fig. 6a, it can be estimated that, at the shore

3.4. The winter regime

As is well known, when the wastewater exits from the
diffuser, it forms a freshwater plume which, under the
effect of the buoyancy force moves upwards, while being
diluted through entrainment of sea water and deflected by
the local currents, until it reaches eventually the free surface. During the winter, buoyancy is due exclusively to
the differences in salinity between the effluent and the sea
water, because we assume that, before being released, the

(a)

(b)
FIGURE 6 - (a) Surface concentration field established under windless conditions during the winter regime. Station 1, referred to in Fig. 7 is
marked as t1. (b) Surface concentration field established under the action of NE wind during the winter regime.
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ues higher than 2000 near the coast up to the swimming
zone. These values of the concentration of non-conservative
species (specifically FC) are considered non detectable [9];
therefore, under all meteorological conditions, the effects of
the discharge disappear within a radius approximately 500 m
from the outfall point. Bathing areas located close to the
coastline, at a minimum distance of 700 m from the discharge point, are not affected by the presence of the outfall system. Generally, all simulations for the non-conservative pollutant show that FC remain confined in an area in
the vicinity of the outfall, within a radius of almost 500 m.

FIGURE 7 - The temporal variation of the concentration of the
conservative pollutant under windless conditions in station t1, the
location of which appears in Fig. 6a.

line, the dilution is greater than 200 (1:0.004). The major
axis of the elongated surface wastewater field is 4-5 km
parallel to the shoreline, and this shape is largely determined by the weak, oscillating nearshore tidal currents.
Based on the theory of Brooks [18], calculations using the magnitude of the simulated currents in the region
of the outfall predict dilutions 300 to 400 at a distance of
800 to 1000 m from the discharge point. This magnitude
is compatible with the simulated dilutions, except for the
period of slack waters, during which simulated the dilutions are of the order of 200 as can be seen in Fig. 7 for
station 1, the location of which is marked in Fig. 6a.
The mechanics of spreading of the effluent that reaches
the surface is essentially different in presence of wind. That
is because in this case, the surface currents move along
the wind direction, in this shallow region, and there is no
oscillation on the sea surface. Accordingly, the shape of the
effluent spreading on the surface is dictated by the direction
of the wind in relation to the shoreline. Specifically, northeasterly winds restrict the plume and advect it southwards,
until it hits the coast, but by that time, it has caused higher
dilution than the dilution reached under calm conditions.
In Fig. 6b, it can be seen that the surface effluent field is
confined within an approximately elliptically-shaped area,
which has a major axis of 2-3 km, oriented along the wind
direction. The dilution factor near the shore is greater than
1000 (1:0.001) (Fig. 6b). The case of southwesterly wind
is straightforward, since the currents created by this wind
advect the plume towards NE, away from the shores,
towards the open waters of the Gulf.
The same three cases described for the conservative
pollutant, were simulated for the non-conservative species
as well. The main features of the pollutant field on the sea
surface are similar with the corresponding conservative
case. Again, the shape of the distribution is oriented along
the wind-driven currents, i.e. southwest in the case of
northeasterly wind and towards southeast in the case of
southwesterly wind. In the vicinity of point zero, within
approximately a radius of 100 m, the dilution values vary
in the range of 10-100, and then rapidly increases to val-

In conclusion, based on the above simulations, as expected, the most adverse condition during the winter regime is that of no wind (i.e. calm weather conditions), and
as expected it is under this condition that the highest concentrations of the conservative pollutant are observed near
the coasts, up to the swimming zone.
3.5. The summer regime

The same three cases examined for the winter period,
have been also examined for the summer, when the presence of stratification alters the dynamic behavior of the
plume considerably. The summer stratification is depicted
in Fig. 3b, for a cross section of the point of discharge. In
this case the buoyant plume interacts with the stratification, and an early instance in the evolution of this interaction is shown in Fig 3b, for windless conditions. The buoyancy of the plume is created as a result of both salinity and
local temperature differences between the effluent and the
receiving waters. The simulations show that for this stratification the effluent plume is trapped in the vicinity of the
thermocline, in a layer between 10 and 25 m below the
surface, as has been also observed by other researchers
(e.g. [19, 20]). As a result, the effluent concentration field
on the sea surface is negligible, while below the thermocline, a 7-8 km band of high concentrations develops
parallel to the coast (Fig. 8a), due to the weak nearshore
tidal currents which oscillate. The low dilutions (high concentrations) predicted by the simulations, range from less
than 100 (or 1:0.0105 in the scale of Fig. 8a) in the diffuser’s vicinity, to more than 500 (1:0.002) near the edge
of the band (Fig. 8a). The height to which the plume rises,
in presence of the given stratification, has been found to
agree closely with simplified design calculations based on
Robert’s theory [21-23], for a plume rising in presence of
a low current. The corresponding initial dilution values
are D1 = 138 and D1 = 92 for winter and summer, respectively (using Robert’s notation). Finally, a vertical cross
section, parallel to the coast, depicting the spreading of
the plume at the thermocline level, is shown in Fig. 8b.
The case of the plume spreading in stratified waters
in presence of wind is essentially different from the corresponding problem in homogeneous waters. The reason is
that for low to medium winds of relatively short duration,
i.e. for winds that do not disturb the stratification, the
wind-induced currents are confined in the epilimnion. Thus,
the plume which spreads below the thermocline, remains
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(a)

(b)
FIGURE 8 - Effluent concentration distributions for the summer regime, (a) beneath the thermocline, (b) on a vertical cross section parallel
to the coastline.

unaffected by the wind, and is dominated by the action of
the tide, which is not restricted by the presence of stratification.
The situation is different for winds of long duration
or winds which exceed about 5 ms-1, because in this case
enough mixing is induced in the epilimnion for the stratification to be affected or even destroyed. In this case, the
plume reaches the sea surface and is therefore advected
by surface currents along the direction of the wind, as can
be seen in Fig.9a; in this case the currents ensure the
desired dilution. Part of the plume is, however, again held
at the level of the thermocline, where it spreads under the
influence of the oscillating, weak tidal currents (Fig. 9b).
The result of different mechanisms acting on different
levels (i.e. wind on the surface and tide below the thermocline) can be seen in the concentration field in the vertical
cross section in Fig. 9c. In all, the simulations show that
the dilution of conservative pollutants is greater than 300
in the swimming zone.

Finally, the simulations show that, under the same
conditions, the non-conservative species behaves in an
analogous way, and decay ensures greater dilutions. In the
close vicinity of the outfall point, i.e. in an approximately
100 m radius from the discharge, the dilution values vary
in the range of 10-100, and then they rapidly increase to
values higher than 2000 near the coasts up to the swimming zone. As mentioned for the winter regime, these
values of non-conservative species are considered nondetectable [9]; therefore, under all meteorological conditions, the effects of the discharge disappear within about
500 m from the outfall point. Bathing areas located in the
vicinity of the coastline, i.e. 900-1000 m approximately
from the discharge point, are not affected by the presence
of the outfall system.
Thus, numerical predictions have shown that the most
adverse conditions for the summer regime are created by
northeasterly winds, which entrain the treated sewage
towards the southwestern coasts.
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(a)

(b)

(c)
FIGURE 9 - Concentration field established under the action of a northeasterly wind during the summer regime, (a) on the free surface, (b)
under the thermocline, (c) on a vertical plane.
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TABLE 1 – Characteristics of the results of the most important scenarios for the winter and summer regimes.
Minimum Dilution (1:C)
(200 m from the shoreline)

Wind VelocSeason

C ity
ase

(m/s), Direction
1

Winter Regime
(homogeneous
waters)

2
3

Calm
(45o)

Summer Regime
(stratified
wa-

5

ters)
6

6, NE Wind

6, SW Wind
(225o)

4

Calm
(45o)

Conservative

6, NE Wind

6, SW Wind
(225o)

3.6. Effect of the diel-cycle-variation of the decay constant on
the FC concentration

As already discussed in the section on Parameter
values of the transport module, the decay constant assumes values on a wide range due to the T90 diel-cycle
variations. These variations are also induced by the entrapment of the plume within the pycnocline during the
stratification period, preventing it to reach the surface. In
this case the dilution near the swimming zone has been
computed to be greater than 350 (1: 0.0028). This effect
has a subtle ramification on the determination of the worst
case scenario: whereas the worst case for the conservative
species is that of NE wind, which pushes the plume closer
to the shore, the worst case for the non-conservative species is that of no wind, because in the presence of the wind
the pycnocline is disturbed and the plume reaches the surface where exposition the sunlight accelerates decay.
The results of the most important scenarios examined
are summarized in Table 1 above. These results give the
lowest values of dilution attained during the evolution of
the phenomenon, for the corresponding meteorological
conditions and under tidal action.
4. CONCLUSIONS
In this paper the three-dimensional numerical model
MIKE 3 FM (HD & TR) was used to investigate the effect of the treated sewage plume discharged into the Gulf
of Patras on the swimming zone waters near the location
of the outfall. The model produced simulations of the
spatial dilution of the plume in the coastal environment as
a function of wind-speed and direction, which, together
with the tide and the seasonal stratification, determine the
hydrodynamic circulation in the Gulf.
In the winter regime, the treated effluent always rises
to the free surface. In the absence of wind, adequate dilution is found to be produced by the tidal oscillation of the
nearshore waters; when present, wind causes further dilu-

>200
(1:0.0048)
>1000
(1:0.0010)
undetectable
>500
(1:0.0020)
>300
(1:0.0032)
>1500
(1:0.0007)

NonConservative
>2000
(1:0.0005)
>3000
(1:0.0003)
undetectable
>350
(1:0.0028)
>3000
(1:0.0003)
undetectable

tion. In the summer regime, even in presence of wind, the
stratification prevents the effluent plume from rising to
the free surface so long as stratification remains strong.
Nevertheless, the nearshore tidal oscillations, which remain unaffected by the stratification, produce again adequate dilution, before the advent of the treated effluent in
the swimming zone. If wind produces enough mixing to
destroy the stratification nearshore, then, it also produces
adequate dilution.
Thus, even for the most adverse cases examined, adequate dilution of the effluent was found to be achieved
due to the circulation of the Gulf at the nearshore region
close to the swimming zone, both in the winter and in the
summer. Specifically, the conservative constituents of the
effluent achieved dilution values greater than 200, while
the non-conservative constituents were found to be practically non-detectable, acquiring values greater than 2000
near the coasts, except for the case of calm weather conditions, where the sewage plume is trapped within the
pycnocline, during the summer regime. In the latter case
the dilution is 350. The sewer system of the city of Patras,
however, is a combined sanitary and storm sewer system.
It is therefore useful to examine the FC concentration
limits of partially treated sewage that can be released into
the Gulf without exceeding the regulations, which stipulate that FC concentrations at the swimming zone should
not exceed the value of 500FC/100ml [2]. Since the concentrations at the swimming zone depend on the T90 parameter we examine three cases: 1) Using T90=3 hr, which
is the value that has been determined by M.E.W.S.P.,
when the plume reaches the free surface, concentrations
of the order 106 FC/100ml can be released without exceeding the limit. 2) Using T90=30 hr, which is a value
characteristic of nighttime/cloudy day or when the plume
is trapped within the seasonal pycnocline, during the
stratification period, releases should not exceed a value of
2 105 FC/100ml in order to meet the regulations. 3) Finally, in order to get an upper limit, FC can be approximated
as conservative species, in which case the releases should
not exceed the order of 105.
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With the current mode of operation, then, of the biological treatment plant, any impact of the outfall on the
nearby beaches has been found to be negligible, and,
according to the simulations, there is compliance with
New Directive 2006/7/EC and with Greek Directive
46399/1352/3/7/1986. The simulation tools developed in
the present work will be useful in studying future modes
of operation of the biological treatment plant, which will
become necessary when the projected increase in the
population of the City of Patras will materialize.
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ABSTRACT
The nitrogen and phosphorus removal behaviours under high agitation level in non-aeration tank were studied
on bench-scale experiments with reversed A2/O (anoxic/
anaerobic/aerobic) process. The results show that low detectable dissolved oxygen and high efficiency mass transfer
caused by intensive stirring obviously improved N and P
removal from highly concentrated synthetic wastewater.
With synthetic wastewater containing 400 mg chemical
oxygen demand (COD)/L, 40 mg ammonia nitrogen (NH4N)/L and 6 mg orthophosphate (PO4-P)/L and a reflux ratio
of 300%, the average ammonium, nitrate and phosphate
concentrations of the effluent in the reactor achieved
0.28 mg/L, 2.91 mg/L and 0.30 mg/L, respectively. Meanwhile, the level of dissolved oxygen (DO) in non-aeration
tank was detected to be within 0.28-0.50 mg/L. Bench scale
tests indicated that stirring intensity significantly affected
the simultaneous nitrification, denitrification and phosphorus removal in biological N and P removal process. Moreover, experiments of the bench scale tests suggested that
simultaneous nitrification, denitrification and P removal
had been achieved with high agitation rate. With a standard oxygen transfer rate (SOTR) of 7.8×10-5 kg O2/h in
the bench experiment, 29.9% of the ammonium and
97.3% of the phosphate were removed after 3-h stirring
without nitrate and nitrite accumulation.

KEYWORDS: simultaneous nitrification and denitrification, biological phosphorus removal, non-aeration, high agitation, reversed
2
A /O process

* Corresponding author

1. INTRODUCTION
Eutrophication threats normal function of urban water
environment in China. Although the mechanism of eutrophication occurrence is complex, high contents of
nitrogen, phosphorus and other nutritive substances in
water are the fundamental reason. So, stringent nutrient
levels had been required in the effluents to protect natural
water from eutrophication [1, 2]. However, because of high
pollution levels in urban domestic wastewater, the effluent
quality of traditional activated sludge process in China
could not constantly fulfill discharge requirements of
national discharge standard of pollutants for municipal
wastewater treatment plant first class Level A (GB189182002, NH4≤5, TP≤0.5, TN≤15 mg/L). Recently, lots of
works on research of N and P removal have been done in
China. Bo Zhang [3] put forward the reversed A2/O process. The flow chart of reversed A2/O process is shown in
Fig. 1. By adjusting the rate of sludge return, both N and
P removal can be achieved [4].
Simultaneous nitrification and denitrification (SND)
has been accepted as one of novel and cost-effective biological nitrogen removal processes [5-8]. Moreover, some
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processes have achieved biological P removal with simultaneous nitrification and denitrification. In the Orbal process, an initial aerated-anoxic phase (DO＜0.1 mg/L) provides the conditions for simultaneous nitrification and denitrification [9]. The simultaneous nitrification, denitrification
and P removal (SNDPR) [10, 11] process has an aerobic
phase with DO = 0.5±0.1 mg/L, with nitrification/ denitrification via nitrite and simultaneous phosphate uptake.
In this paper, the effect of low detectable DO caused
by intensive agitation on the realization of SNDPR was
studied. Due to the SNDPR in non-aeration tank, the effluents of sewage treatment plants maintained their original
processes which could meet the discharge requirements of
GB18918-2002 first class Level A steadily. In addition, as
results of lower pollution in the aeration system, the oxygen supply rate was economized greater than with original
aeration methods, suggesting a better way for energy
saving.
2. MATERIALS AND METHODS
2.1. Plug flow reactor operation

In this study, one plug flow reactor was operated on
reversed A2/O process. The flow chart is shown in Fig. 1.
The reactor was inoculated with activated sludge taken
from Tuandao wastewater treatment plant in Qingdao city,
China showing a high capacity of N and P removal. Synthetic wastewater was fed continuously. The working volume of the reactor was 24 L and the flow-rate was 2 L/h. The
reactor was averagely divided into 4 parts, and the volumes
of anoxic/anaerobic/aerobic zone were 6 L, 6 L and 12 L,
respectively. The hydraulic retention time (HRT) was 12 h.
Every day, 1.2 L of sludge was removed to keep the sludge
retention time (SRT) at 20 days. In the anaerobic and
anoxic zones of the reactor, mixing was supplied with
electric agitators and the value of DO was monitored at
0.28-0.50 mg/L. Oxygen was supplied by an air compressor, allowing for DO concentration to be at 3-6 mg/L. The
sludge return ratio was 300%. The reactor worked since the
middle of March 2010 and had shown stable nutrient removal performance before the experiments were carried out.

FIGURE 1 - The flow chart of reversed A2/O process.

To simulate the nitrate in the returned sludge, KNO3 was
added into the synthetic wastewater.
To clarify the influence of different agitation levels on
P and N removal, the following bench experiments were
performed. Liquid mixture (2 L) was taken into the reactor, and 1 L supernatant was removed after sedimentation.
Then, the reactor was put onto a CJJ78-1 magnetic stirrer
(Meixiang, Shanghai, China) and different rotation speeds
provided different SOTRs (7.8×10-5 kgO2/h, 2.3×10-5
kgO2/h). Simultaneously, the reactor was filled with 1 L
culture medium containing nitrate. The reaction lasted for
3 h. Samples were taken every 30 min and the concentrations of nitrate, nitrite, ammonium and phosphate were
determined.
In this study, the agitation level was characterized by
SOTR. Tap water was used to do the control experiment.
Na2SO3 was added into the tap water to deplete DO. Keep
stirring, the DO started to increase after the Na2SO3 was
exhausted. DO values were measured and recorded automatically every 30 seconds with a LDO HQ10 (HACH,
USA). The SOTR was calculated by software (OCAW
AQUADATA).
With the SOTR of 7.8×10-5 kgO2/h, ammonium was
partially removed and no nitrate was formed. According
to the biological nitrogen removal theory, it was accepted
that ammonium can be removed by simultaneous nitrification and denitrification, transformed into cellular materials
or oxidized into nitrous oxide and evaporate. To determine
the way of nitrogen transformation in this experiment, we
did the following experiment with a 2-L beaker. Liquid
mixture (2 l) from the second oxic zone of the plug flow
reactor was settled and 1 L supernatant was removed.
Then, 1 L culture medium (nitrate concentration 5 mg/L)
without carbon sources and phosphate was rapidly put
into the reactor. Meanwhile, the rotation speed was set
to SOTR as 7.8×10-5 kgO2/h. Samples were taken every
30 min in the following 3 h for nitrate, nitrite, and ammonium analysis.
2.3. Culture medium

The culture medium was composed of (per L of water):
0.291 g CH3COONa, 0.124 g CH3CH2COONa, 13.5 mg
KH2PO4, 22.5 mg K2HPO4.3H2O, 0.153 g NH4Cl, 76.8 mg
MgSO4, 62 mg CaCl2 and 0.2 ml of micro-nutrient solution. The micro-nutrient solution contained (per L of distilled water) [12]: 9 g FeCl3.6H2O, 0.875 g H3BO3, 0.15 g
CuSO4.5H2O, 1g KI, 0.688 g MnCl2, 0.313 g NaMoO4.2H2O,
0.688 g ZnSO4.7H2O, and 0.563 g CoCL2.6H2O. The mixed
influent contained 400 mg/L COD, 6 mg/L soluble orthophosphate (SOP) and 40 mg/L ammonium.
2.4. Analytical methods

2.2. Bench scale experiments

The effect of stirring intensity on N and P removal
was determined in 2-L beakers. For bench experiments,
the sludge was collected from the second oxic zone of the
plug flow reactor (concentration was 3.2-3.5 g VSS/L).

The reactor was monitored through chemical analytical techniques. Samples were taken regularly from both
reactors, during the bench tests and in the parent reactor
throughout. Nitrite, ammonium, SOP, mixed liquor suspended solids (MLSS) and mixed liquor volatile suspended
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nitrate (mg/L)

solids (MLVSS) were measured according to standard
method (APHA, 1995). Nitrate was analyzed by using an
UV spectrophotometer method. COD was measured using
reagent tubes purchased from HACH Company (USA);
DO was detected with a LDO HQ10 (HACH, USA).
3. RESULTS
3.1. Phosphate and nitrogen removing performance in plug
flow reactor
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As shown in Fig. 2, the plug flow reactor exhibited
good P removal performance after the acclimatization
under the high agitation level. The average phosphate value
of the influent was 5.82 mg/L. More than 95% of the phosphate was removed, and the phosphate in the effluent was
constantly below 0.5 mg/L.
Ammonium removal remained stable (Fig. 3). The
average ammonium values of influent and effluent were
37.61 mg/L and 0.28 mg/L, respectively. The average
ammonium removal rate reached 99.31%.

3

6

FIGURE 2 - Phosphate removal in plug flow reactor. (□ influent; ■
effluent; ● removal rate).
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FIGURE 4 - The nitrous evaluation in the effluent of the plug flow
reactor. (▲ nitrate; △ theoretical nitrate value).

In plug flow reactor, the sludge return ratio was 300%.
Assuming that the ammonium in the influent was fully
oxidized into nitrate, and the nitrate in the returned sludge
was completely reduced to gaseous nitrogen, the theoretical value of nitrate in the effluent should be a quarter of
the influent ammonium content. The theoretical nitrate value
in Fig. 4 is calculated according to the daily ammonium
content of the influent (Fig. 3). However, the nitrate monitored in the reactor was quite lower than the theoretical
value. Actually, nitrate in the effluent was far below 5 mg/L.
It suggested that net nitrogen loss had been achieved in the
reactor. In this experiment, DO in non-aeration tank was
detected to be 0.28-0.50 mg/L. Possibly, the DO caused
by stirring intensity in this culture medium had contributed to this nitrogen loss? Were simultaneously nitrification
and denitrification active inside this reactor? To clarify
this phenomenon, the following experiments were carried
out.
3.2. Bench experiments

Bench experiments were carried out to study the influence of stirring intensity on phosphate and nitrogen removal, and to determine the way of ammonium transformation.
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Figure 5 shows the kinetic study of nitrogen in different agitation levels. As shown in Figs. 5a and 5b, nitrate
disappeared in the first 0.5 h. Ammonium decreased in
the two reactors with different SOTRs, but the net removed ammonium was significantly different. With a
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FIGURE 3 - Ammonium removal in plug flow reactor. (□ influent; ■
effluent; ● removal rate).
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FIGURE 6 - The transformation of ammonium under stirring
intensity conditions ((■) ammonium; (▲) nitrate; (▼) nitrite) with
SOTR = 7.8×10-5 kgO2/h). Culture medium was supplied without
carbon sources and phosphate.
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-1

(b)
FIGURE 5 - The effect of agitation levels on nitrogen transformation ((■) ammonium; (▲) nitrate; (▼) nitrite) with (a) SOTR =
2.3×10-5 kgO2/h and (b) SOTR = 7.8×10-5 kgO2/h.

SOTR of 7.8×10-5 kgO2/h, the ammonium consumption
was 6 mg/L in the bench experiment, which had removed
29.9% of ammonium (Fig. 5b). In contrast, ammonium
decreased but slightly after 3-h agitation with a SOTR of
2.3×10-5 kgO2/h (Fig. 5a), and merely 1.9 mg/L ammonium was consumed. It seems that ammonium removal
was closely related to agitation. In addition, neither nitrate
nor nitrite was accumulated throughout the reaction

Figure 6 responded the conversion way of ammonium
to clarify the way of nitrogen removal in Fig. 5b. In this
experiment, culture medium without carbon sources and
phosphate was supplied. In this condition, denitrification
could not be achieved. With the same SOTR of 7.8×10-5
kg O2/h as in the previous experiment, the ammonium was
reduced to 8.05 mg/L. Meanwhile, the increasing amount
of the nitrite and nitrate reached 5.73 mg/L and 1.52 mg/L
respectively, agreeing well with the ammonium consumption. Nitrate instead of nitrite was the major nitrification
product.
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FIGURE 7 - The transformation of phosphate under stirring intensity conditions ((♦) SOTR = 2.3×10-5 kgO2/h; (◄) SOTR = 7.8×10-5
kgO2/h).

As shown in Fig. 7, despite the similar phosphate release, the phosphate uptake rate was quite different with
different SOTRs. In the case of SOTR (7.8×10-5 kg O2/h),
P started to be released and the phosphate concentration
rose from 18.83 to 33.59 mg/L rapidly in the first 30 min.
Then, the phosphate decreased dramatically in the rest of
the time. By the end, about 97.34% of the phosphate was
removed after 3-h stirring. Moreover, the phosphate in the
effluent was below 0.5 mg/L. In the reactor with low agitation level (2.3×10-5 kg O2/h), the phosphate increased higher
but the phosphate uptake rate was significantly lower.
The phosphate in the effluent was 47.28 mg/L and only
3.33 mg/L was consumed. Consequently, it is suggested that
phosphate removal may be achieved under high agitation intensity (e.g. 7.8×10-5 kg O2/h) as well as with nitrogen
removal.
4. DISCUSSION
4.1. The effect of agitation on biological nutrient removal

Figures 5 and 7 show that agitation could directly affect biological ammonium and phosphorus removal in the
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bench experiments. Compared with nutrient removal in low
stirring intensity (2.3×10-5 kg O2/h ), 29.9% of the ammonium and 97.3% of the phosphate were removed during
the high stirring period (7.8×10-5 kg O2/h ).
4.2. Simultaneous nitrification, denitrification and phosphorus removal under intensive stirring

Under intensive stirring (Fig. 5b, 7.8×10-5 kg O2/h),
about 6 mg/L ammonium was removed, and no nitrite or
nitrate was accumulated. Ammonium could be consumed
by cell material synthesis. The MLVSS increased but slightly
after the experiment. Assuming the formula of microbe cell
is C5H7NO2, the ammonium nitrogen consumed by cell
material synthesis was not higher than 1.24 mg/L. Net nitrogen loss had been achieved in stirring intensity bench
experiment reactor (Fig. 5b). Ammonium was transformed
into nitrate and nitrite without carbon sources and phosphate in culture medium (Fig. 6), which meant that intensive stirring allowed the oxygen in the air to diffuse toward and get dissolved in the water. It also meant that
disappeared ammonium in the reactor (Fig. 5b) would not
be oxidized into nitrous oxide and evaporate by anaerobic
ammonium oxidation (ANAMMOX). It is reasonable that
the lack of carbon sources has caused this difference between Fig. 5b and Fig. 6. Consequently, it is suggested that
nitrate and nitrite were reduced to nitrogen or other gaseous
nitrogen in the case of culture medium with carbon
sources in it. In brief, simultaneous nitrification and denitrification had been achieved under stirring intensity conditions (Fig. 5b with SOTR = 7.8×10-5 kg O2/h ).
DO has been recognized as one of the key factors in
SND. Figure 5b shows that simultaneous nitrification and
denitrification occurred under low oxygen conditions
(SOTR = 7.8×10-5 kg O2/h), which was consistent with
previous findings. Zeng et al [10] showed that SND was
achieved at low DO level (0.5 mg/L). DO in the intensive
stirring reactor was much lower than 0.5 mg/L. In Fig. 6,
where no COD but only ammonium was fed to the reactor, nitrate and not nitrite was found to accumulate in Fig.
6, indicating that in our system SND might have proceeded via nitrate, but not nitrite. It is suggested that ammonium was oxidized to nitrate and reduced to nitrogen or
other gaseous nitrogen through simultaneous nitrification
and denitrification under intensive stirring.

sludge disappearing during the first 0.5 h. According to
SND achieved with intensive stirring conditions in the
bench experiments and the results in Fig. 4, in the plug
flow reactor, the use of agitation in conventional nonaerobic (anaerobic and anoxic) zone could enable or improve efficient biological nutrient removal in conventional process.
5. CONCLUSIONS
Nitrogen and phosphorus could be removed simultaneously in the reactor. With the SOTR of 7.8×10-5 kg
O2/h, 29.9% of the ammonium and 97.3% of the phosphate were simultaneously removed through SNDPR in
bench-scale experiments. According to the bench scale
experimental results, low detectable DO and high mass
transfer efficiency caused by stirring intensity in this
culture medium had contributed to simultaneous nitrification, denitrification and phosphate removal activity inside
the plug flow reactor.
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Throughout 3 h of intensive stirring, release and uptake of P under stirring intensity conditions was similar to
transformation of P with anaerobic and aerobic conditions
(Fig. 7, SOTR = 7.8×10-5 kg O2/h). 97.3% of the phosphate was removed at the end of the experiment, which
suggested that SNDPR maybe possible with just stirring
conditions.
4.3. Net nitrogen loss in plug reactor

In the reversed A2/O process, the reversed process
gives denitrification the priority in getting substrates to
assure through reduction of nitrate. In the bench scale experiments, the KNO3 simulated the nitrate in returned
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TRACE METAL DISTRIBUTION IN
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ABSTRACT
Phytoplankton and macrophytes are major primary
producers and play important roles in driving the biogeochemical cycling of trace metals in aquatic ecosystems. In
this study, we examined the distribution of trace metals in
lake water and sediments of different lake zones (phytoplankton- and macrophyte-dominated) in a large, shallow,
eutrophic freshwater lake in summer. The labile metal
concentrations in lake water were determined with diffusive gradients in thin films (DGT) technique. Metal concentrations in bloom assemblages and macrophyte materials were measured. The results demonstrated that dissolved metal concentrations exhibited dramatically different distribution patterns in different lake zones, whereas
metal concentrations in sediments were less influenced.
Cadmium (Cd) was highly accumulated by Microcystis
(cyanobacteria) bloom assemblages, suggesting that the
decay and deposition of Microcystis-bloom detritus may

contribute to the enriched Cd in the phytoplanktondominated lake zone. The dissolved and labile copper (Cu)
and zinc (Zn) concentrations were quite low in macrophyte-dominated zone, which may be attributed to the
bioaccumulation of metals by aquatic macrophytes. Concentrations of labile chromium (Cr) and lead (Pb) in lake
water were less influenced by environmental factors,
which could be attributed to the higher affinity of these
two metals with the sediment particles. Overall, the results of this study implied that different ecological types
might have different influences on the transportation and
fate of trace metals in aquatic environments, and different
metals were characterized with dissimilar cycling behaviors.
KEYWORDS: Trace metal distribution; Cyanobacterial bloom;
Macrophytes; Diffusive gradients in thin films
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ly little work about the effects of cyanobacterial bloom
assemblages and macrophytes on distribution of trace
metals in this eutrophic lake.

* Corresponding author

1. INTRODUCTION
Metal contamination in aquatic environments is mainly
subject to external inputs (e.g., anthropogenic inputs) and
internal inputs (e.g., metals released from the contaminated
sediments), which possesses potential risks to aquatic organisms as well as human beings [1]. Trace metals in natural waters can be associated with various compartments,
for example, dissolved organic and inorganic ligands or
biogenic and abiogenic particles [2]. Because physical,
chemical, and biological processes can have profound influences on the transportation and fate of different metals, the
distribution of trace metals might vary greatly within different aquatic ecosystems [3]. A considerable amount of research has been conducted to investigate the distribution of
trace metals in different aquatic ecosystems [4, 5]. However, the causes of spatial variation of different metals in
aquatic ecosystems are still complicated and need to be
better understood.
Phytoplankton and macrophytes are major primary
producers and play important roles in driving the biogeochemical cycling of trace elements in aquatic ecosystems.
Phytoplankton can act as both carriers and potential sources
for metals in eutrophic aquatic environment. Trace metals
are accumulated by phytoplanktonic cells during blooms
[6, 7]. The cells serve as a vector by trapping metals from
one place to another, leading to the transport of metals in
aquatic ecosystems [8, 9]. The intracellular metals would
be released into surrounding waters when the bloom assemblages decomposed, leading to the enhancement of
trace metals in aquatic environments [6, 10]. In contrast,
aquatic macrophytes are well known accumulators for
heavy metals, which can be frequently used for removal of
heavy metals during wastewater treatment [11, 12]. In spite
of the fact that the bioconcentration of trace metals by
phytoplankton and macrophytes has been well documented, their ecological implications in natural aquatic environments were not well illustrated.
Metal contamination and eutrophication are two interrelated problems affecting Lake Taihu, one of the largest,
shallow freshwater lakes in China. Two distinct ecological states, the phytoplankton- and the macrophytedominated lake zones, exist in Lake Taihu. The phytoplankton-dominated zone is subject to intensive cyanobacterial blooms in summer [13, 14], and the macrophytedominated zone is characterized by many submersed
macrophytes and clear water at the mean time [15]. A
number of previous studies have examined the interactions between macronutrients and cyanobacterial blooms
in Lake Taihu [16]. In contrast, there has been surprising-

The bioavailability of trace metals to aquatic organisms is thought to be related to the concentrations of labile
metal fractions (free metal ions and/or weakly complexed
metal species) [17]. The recently developed technique of
diffusive gradients in thin-films (DGT) was shown to be
effective in determination of labile metal species in aquatic
systems [18-20]. In the present study, the spatial distribution of trace metals in lake water and sediments of the
phytoplankton- and macrophyte-dominated lake zones of
Lake Taihu were determined, and metal concentrations in
bloom assemblages as well as macrophyte materials were
analyzed. The DGT technique was applied to determine
the labile metal concentrations in lake water. The aim of
this study was to examine the influence of different ecological types on the distribution of trace metals in the
same lake ecosystem, especially focusing on the transport
and fate of different metals that were affected by cyanobacterial blooms and macrophytes.
2. MATERIALS AND METHODS
2.1. Sampling areas

Lake Taihu (30o55′–31o33′ N, 119o55′–120o36′ E) locates in the southeastern part of the Yangtze Delta, China,
which is the third largest freshwater lake in China. It is a
shallow, eutrophic freshwater lake characterized by a mean
depth of 1.89 m, a surface area of 2338 km2, and an average hydraulic retention time (HRT) of 270 days [21]. There
are two distinct ecological states in Lake Taihu (Figure 1).
The northern part of the lake, Meiliang Bay, is characterized by intensive Microcystis (cyanobacteria) blooms in
recent decades especially during summer [13, 14]. In
contrast, the southern part of the lake, Xukou Bay and
East Bay, is mostly covered by various submersed macrophyte communities [15].
Samplings were conducted in July of 2009. There
were 25 sampling sites distributed at four sampling areas:
11 sites at Meiliang Bay, 2 sites at the center of the lake, 8
sites at Xukou Bay, and 4 sites at East Bay. Cyanobacterial assemblages were collected at the B1, B2, B3, and B4
sites at Meiliang Bay, and the submerged macrophytes
were sampled around sites X1, X2, X4, and X7 (Figure 1).
The sampling sites M1, M8, and M11 at Meiliang Bay,
C1 and C2 at lake center, X1, X4, and X7 at Xukou Bay,
and E2 and E4 at East Bay were deployed with DGT
devices for labile metal measurement.
2.2. Sample collection and preparation

Water samples were collected using a 2-L plastic water sampler at 50 cm depth, stored in acid-washed poly-
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FIGURE 1 - Sampling sites in Lake Taihu. The M1 to M11 at Meiliang Bay, C1 and C2 at the lake center, X1 to X8 at Xukou Bay, and E1 to
E4 at East Bay were sites for water and sediment sampling. Sites B1 to B4 at Meiliang Bay were for cyanobacterial bloom assemblages sampling. Sites M1, M8, and M11 at Meiliang Bay, C1 and C2 at lake center, X1, X4, and X7 at Xukou Bay, and E2 and E4 at East Bay were
deployed with diffusive gradients in thin-films (DGT) for labile metals measurements.

ethylene bottles and transported to the laboratory quickly.
The samples were then filtered through 0.45 µm Millipore
filters under clean-room conditions and then acidified with
superpure HNO 3 (1%) before analysis of the dissolved
metal concentrations. Trace metal concentrations were
measured by inductively coupled plasma mass spectrometry (ICP-MS, Perkin-Elmer). Additional samples were collected for dissolved organic carbon (DOC) analysis (filtered
through 0.45 µm membrane and analyzed with TOC
5000A). The Microcystis cell numbers were counted under a
microscope. Water parameters including water temperature, pH, and turbidity were measured on location at each
sampling site using the YSI-6200 multi-parameter model
(YSI Inc., USA). The pH values ranged from 8.3 to 9.6
and the water temperature ranged from 30.2 oC to 33.2 oC
at all sampling sites (p > 0.05). For calculation of labile
metal concentrations, the concentrations of cations (e.g.,
K+, Ca2+, Na+, and Mg2+) in lake water were determined
by inductively coupled plasma atomic emission spectroscopy (ICP-AES, Perkin-Elmer).
The labile metal concentrations in lake water were
investigated using DGT devices. The DGT devices passively accumulated labile species from waters in situ. At
each sampling site, more than two DGT devices were
deployed for metal collection. All the loaded DGT devices (Chelex-100 resins, 0.82 mm diffusive gel, 3.14 cm2
window) were purchased from DGT Research (Lancaster,
UK, http://www.dgtresearch.com). The DGT devices were
deployed in each sampling site for 3 days. All deployments were fixed at 50 cm below the surface water with
nylon cable, heavy stone, and surface buoy. At the end of
the deployment period, the DGT devices were rinsed with

deionized water, placed individually in clean plastic bags
and then transported to the laboratory. The upper membranes and diffusive gels were peeled off using acidwashed plastic tweezers, and the resin gels were retrieved
by immersion individually in acid-washed polyethylene
vials with 1 M nitric acid (prepared from superpure nitric
acid) for 24 h. After appropriate dilution, the metal concentrations were analyzed with ICP-MS. Labile metal concentrations were calculated according to previous studies
[18-20].
The surface sediments (from a depth of approximately
3 cm) were sampled using a polypropylene column sampler. Replicate sediment samples at each site were collected
and homogenized. The sediments were frozen at -70 oC
and then dried with a freeze dryer (LABCONCO,
FreeZone12) to a constant weight. The dried sediments
were ground in an agate mortar, sieved with a 0.1-mm
nylon sieve, and used to analyze metal contents. Cyanobacterial assemblages were collected at four stations in
Meiliang Bay (Figure 1), where large quantities of bloomforming cells were assembled in the surface water. The
collected cells were rinsed with ultra-pure water (Milli-Q,
18.2 MΩ cm−1) and then stored at -70 °C. Examination
under a microscope demonstrated that more than 90% cells
of the phytoplankton assemblages belonged to Microcystis
spp. Different macrophyte species including Vallisneria
natans, Potamogeton malaianus, Ceratophyllum demersum, and Elodea nuttallii were available in summer.
Replicate samples of each species were collected. The
leaves were rinsed thoroughly with ultra-pure water, frozen at -70 oC, freeze dried, grounded and saved for metal
analysis.
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2.4. Geochemical mapping and statistical analysis

The spatial distribution of trace metals in lake water
and sediments of different lake zones were presented with
a grid-based contour map using the metal concentrations
as input data. The software Surfer (Version 8.0) was used
and the Kriging geostatistical method was adopted to
interpolate the data from the study area.
Differences between samples were tested using oneway ANOVA and post hoc comparisons using SPSS (version 13.0, SPSS Inc.). Statistical significance was acceptable at p < 0.05.
3. RESULTS AND DISCUSSION
3.1. Environmental characteristics of different lake zones

The cell density of Microcystis, DOC concentration,
and water turbidity in different lake zones are shown in
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Sediment samples were digested following the method
used by Yu et al. [22]. To summarize briefly, approximately 0.2 g of sediment samples, 2 mL of HNO3 (69%, superpure), and 6 mL of HCl (35%, superpure) were
added into the Teflon digestion vessels. The vessels were
closed tightly and shaken gently and then pre-digested at
room temperature for 2 h. Then the vessels were put in a
microwave oven (Speedwave® four Microwave Digestion
System, Germany) for digestion using the EPA 3051 program. The obtained mixtures were diluted with ultra-pure
water and then centrifuged to remove particulate residues
for analysis. Reagent blanks and an international certificated standard reference material of sediment (IAEA-158)
were digested following the same protocol for analytical
quality control. The recovery rates for the analyzed metals
were within 85-110%. Bloom assemblage and macrophyte samples were digested following the method described by Ho et al. [23]. Briefly, approximately 0.1 g of
sample was pre-digested at room temperature for 2 h with
3 mL of HNO3 (69%, superpure), then digested within a
heat block at 50 oC for 5 h, 85 oC for 48 h, and 100 oC for
1 h. After cooling, the digested solutions were diluted
appropriately before analysis. The reagent blanks were
digested using the same protocol.
Trace metal (Cd, Ni, Cu, Zn, Cr, and Pb) concentrations were measured by ICP-MS. During analysis, all
specimens were run in batches that included blanks, a
certified reference material, and the specimens. To ensure
analytical accuracy and prevent inaccurate measurements
due to instrumental drift, a standard for all metals was
checked every 20 specimens, and the standard curve was
analyzed when needed.

5

2.3. Metal measurement and accuracy control
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FIGURE 2 - The average values of Microcystis cell density, dissolved
organic carbon (DOC) concentration, and water turbidity in different lake zones of Lake Taihu. NTU: nephelometric turbidity units.
Values are means ± SD (n ≥ 4). Different letters above the column
indicate significant difference between the two values (ANOVA, p <
0.05). MLB: Meiliang Bay; LC: lake center; XKB: Xukou Bay; EB:
East Bay. Only one value was available at lake center thus the value
was not included in statistical analysis.

Figure 2. The values of these parameters in Meiliang Bay
were significantly higher than those in Xukou Bay and
East Bay (p < 0.05). The horizontal distribution of cyanobacterial blooms in Lake Taihu is strongly affected by
wind conditions. Lake Taihu area experiences the southeast summer monsoon. When blooms were initiated in
summer, the physical force of the southeast wind may
blow the bloom-forming cells in surface water from southeast to north or northwest, leading to the accumulation of
cyanobacterial assemblages in the north or northwest
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regions especially in Meiliang Bay [13, 14]. Microcystis
were the dominant species, accounting for more than 90%
of the total cell number of the bloom assemblages. No
macrophytes were observed at the sampling sites of
Meiliang Bay and lake center, whereas plenty of various macrophytes were observed at Xukou Bay and East
Bay (Figure 1). The values of physical and chemical parameters were comparable between Xukou Bay and East
Bay. These two bays were mostly (> 85%) covered by
submerged, floating-leaved, and emergent macrophytes
and characterized by high clarity of lake water. Based on
the results of previous reports, the biomass of aquatic
vegetation in this region were always more than 1 kg/m2
in summer [15, 24].
3.2. Metal concentrations in lake water of different lake zones

The geochemical maps of dissolved metals in lake
water of phytoplankton-dominated zone (Meiliang Bay)
and macrophyte-dominated zone (Xukou Bay) are shown
in Figure 3. The measured metals (Cd, Ni, Cu, Zn, Cr, and
Pb) showed similar spatial distribution patterns. Generally, the distribution of metals at Meiliang Bay displayed
typical concentration gradients from north to south (Figure 3a), and more than a 3.7-fold difference between the
highest and the lowest concentrations of Cd, Ni, Cu, Zn,
or Pb was observed. In contrast, the distribution of metals
in Xukou Bay showed less variation (Figure 3b), and the
Cr, Cu, or Zn concentrations varied by only a factor of
1.6-fold in this area.

The average concentrations of dissolved metals in
different lake zones are shown in Figure 4. Generally, the
dissolved metal concentrations at Meiliang Bay were
significantly higher than those at Xukou Bay and East
Bay, and no significant differences were observed for the
values of Xukou Bay and East Bay. The average concentrations of Cd, Ni, Cu, and Pb at Meiliang Bay were more
than 3 times higher than those at Xukou Bay and East
Bay, and the Zn and Cr concentrations in Meiliang Bay
were more than 1.5 times higher (p < 0.05). Despite the
large variations, the dissolved metal concentrations in
Lake Taihu were within the ranges reported for the Yangtze River in China [25].
Average concentrations of labile metal species in lake
water of different lake zones are shown in Figure 5. The
concentrations of labile metal species accounted for about
19%, 21%, 13%, 20%, 11%, and 3% of the dissolved
metal concentrations for Cd, Ni, Cu, Zn, Cr, and Pb respectively. Generally, the values of labile metal concentrations among different lake zones varied less compared
with the dissolved metal concentrations. The average
concentrations of labile Cd, Ni, Cu, and Zn at Meiliang
Bay were significantly higher than those at Xukou Bay
and East Bay (p < 0.05), and the concentrations of labile
Cr or Pb were comparable among different lake zones (p
> 0.05). The concentrations of labile Cd, Cu, Zn, Cr, and
Pb at lake center were comparable to those at Meiliang
Bay.
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FIGURE 3 - Geochemical maps of dissolved metal concentrations (µg/L) in Meiliang Bay (a) and Xukou Bay (b) of Lake Taihu.

3.3. Metal concentrations in the sediments, bloom assemblages, and macrophytes

The dispersal of metals in the sediments was not quite
similar as those in lake water. Metal concentrations in the
sediments showed less variation, and comparable metal
concentrations were observed among different lake zones
(p > 0.05) (data not shown). The average concentrations of
metals in the sediments, bloom assemblages, and macrophytes are shown in Figure 6. The Cd concentrations in
the bloom assemblages were approximately 20 times
higher than those in the sediments (p < 0.05). In contrast,

the Cu, Zn, Cr, and Pb concentrations in the sediments
were significantly higher than those in the bloom assemblages (p < 0.05). Strikingly, the Cr and Pb concentrations
in the sediments of different lake zone were more than 10
times higher than those in the bloom assemblages. The Ni
concentrations in the assemblages were comparable to
those in the sediments. The Ni, Cu, Cr, and Pb concentrations in the macrophytes were significantly lower than
those in the sediments except for Cd and Zn (p < 0.05)
(Figure 6).
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3.4. Metal distribution in Lake Taihu influenced by different
ecological types

Previous studies demonstrated that the Cu, Mn, Ni,
Pb, and Zn concentrations in surface sediments of northern Lake Taihu were higher than those in other lake zones
[26, 27]. These studies attributed the elevated metal concentrations only to the anthropogenic activities, without
acknowledging the confounding influence of cyanobacterial blooms. The discharge of municipal and industrial
wastewaters from inflow rivers seems to contribute less to
the enhancement of metal concentrations at Meiliang Bay
these years, because the government has cut down the
anthropogenic inputs at Meiliang Bay after the year of
2007 and the amount of metals from inflow waters reduced dramatically [28]. The results of our present study
implied that the partitioning and distribution of trace
metals in different lake zones of Lake Taihu were mainly
influenced by physicochemical and biological processes.
The elevation of metal concentrations in phytoplanktondominated zone (Meiliang Bay) was likely due to the
cyanobacterial blooms.
Different ecological types may have unique influence
on trace metal distribution in aquatic environment. The
intensive outbreak of cyanobacterial blooms is postulated
to affect metal distribution and cycling in eutrophic waters [29]. Microcystis cells floating on the water surface

can be blown to the windward shore and substantially
aggregated in certain lake zones to form blooms. The cells
could concentrate metals from lake water and then attract
metals from other lake zones into the phytoplanktondominated zones [9, 29]. After cell lysis, the intracellular
metals would be released into the lake water, leading to
an increase in dissolved metal concentrations [6, 10].
The Cd concentrations in lake water of Meiliang Bay
were significantly higher than those in Xukou Bay and
East Bay (Figure 4 and 5). The Cd concentration in bloom
assemblages was approximately 20 times higher than
those in the sediments and macrophytes in the present
study (Figure 6), suggesting that the Cd accumulated in
bloom assemblages might contribute to the higher concentration of dissolved Cd in phytoplankton-dominated
lake zone (Meiliang Bay). In previous studies, we also
found that the Microcystis sp. has a greater ability to concentrate Cd [30]. Luoma et al. [9] also reported that Cd
concentrations in phytoplankton were higher than those in
suspended particulate material (SPM). Therefore, the
bloom-forming Microcystis assemblages might be a major
carrier for transportation of Cd from the open water of
Lake Taihu to the northern Meiliang Bay and a cause of
the increased Cd concentrations in Meiliang Bay. The
dissolved Ni concentrations in Meiliang Bay were significantly higher than those in Xukou Bay and East Bay (Fig-
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ure 4), and the Ni distribution trend was similar to that of
Cd in lake water, suggesting that the Ni distribution might
be also influenced by the blooms.
Macrophytes can reduce water flow velocity and stabilize sediments, thus affecting metal partitioning in the
aquatic ecosystems [12]. Xukou Bay and East Bay are
macrophyte-dominated lake zones, where the flourish of
macrophytes in summer reduces the water turbidity. The
dissolved Cu and Zn concentrations were lower in macrophyte-dominated zones (Xukou Bay and East bay) in the
present study (Figure 4), which might be attributed to the
immobilization and incorporation of metals by the submerged macrophytes [31].
3.5. Other factors influencing the metal partitioning and
distribution

It has been recognized that metal speciation is of
more importance than its total concentration. The DGT
technique has been proposed as a relevant tool to study
metal bioavailability. In the present study, most of the
DGT measured labile Cd, Ni, Cu, and Zn concentrations
followed the similar trends as dissolved metal concentrations in different lake zones except for Cr and Pb (Figures
4 and 5). Less than 30% of dissolved metals were labile
species, suggesting that more than 70% of dissolved metals were bounding with dissolved organic matters. The
DOC concentrations in Meiliang Bay were significantly
higher than those in other lake zones (Figure 2), which
might influence the labile metal concentrations. Although
the dissolved Cr and Pb concentrations in Meiliang Bay
were higher than those in other lake zones, the concentration of labile Cr and Pb were comparable among different
lake zones (Figures 4 and 5), suggesting that the strong
association of Cr and Pb with dissolved organic agents
might reduce the metal bioavailability and prevent metal
accumulating by the DGT.

In conclusion, the results of present study demonstrated that the metal distribution patterns were distinct in
phytoplankton- and macrophyte-dominated lake zones of
Lake Taihu. Physicochemical and biological processes
were suggested to contribute to the spatial variations of
trace metal concentrations. Different metals were characterized with dissimilar cycling behaviors. The Cd was
highly accumulated in cyanobacterial bloom assemblages,
which might lead to the retention and enhancement of Cd
in the phytoplankton-dominated lake zone. The variations
of Cu and Zn concentrations in the macrophyte-dominated
lake zone might be attributed to the growth of plenty of
submerged macrophytes in summer. The Cr concentrations
in lake water were less influenced by various factors,
which might be due to the higher affinity of Cr for the
sediment particles. The results of this study can be used
for further understanding the status of metal contamination in Lake Taihu in the future.
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The partitioning of trace metals between dissolved
and particulate phases has profound influences on metal
transport and fate in aquatic environments [11, 32]. Different metals have different affinities for association with
the biogenic or abiogenic particles, thus different metals
in water and sediments might distribute differently in the
lake [3, 6]. Elements regenerated near the sediment-water
interface would diffuse upward into the water column
with suspended sediments, leading to the increase of metal concentrations [33]. Previous studies demonstrated that
concentrations of metals such as Ni, Cu, and Zn elevated
as a result of diagenetic remobilization and desorption
from suspended sediments [34]. In the present study,
resuspension of sediments at Meiliang Bay (elevated
turbidity as shown in Figure 2) may contribute to the
enrichment of dissolved metals in water columns [32].
For example, the Cr concentrations in the sediments were
more than 10 times higher than those in the bloom assemblages or macrophyte materials (Figure 6), suggesting that
the suspended sediment particles may contribute to the
elevated Cr concentrations in lake water.
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ABSTRACT
To assess the risk of aflatoxin B1 (AFB1) in fermented
soy sauce in China, the occurrence and level of AFB1 was
analyzed in 209 samples randomly collected from the north
and south of China, by direct competitive enzyme-linked
immunosorbent assay (ELISA). In this investigation, AFB1
was detected in 188 samples (89.95%). The AFB1 level of
positive samples ranged from 0.10 to 2.60 ng/ml and the
median was 0.30 ng/ml; only two samples exceeded the
maximum permitted limit for AFB1 by European Union
(2 ng/ml), whereas all samples were below the Chinese
regulation (5 ng/ml). There is a significant difference between the northern and southern samples (p<0.05), and
the fermented soy sauce from the south of China showed
higher level of contamination for AFB1. Moreover, daily
intake and population risk of AFB1 through the fermented
soy sauce were estimated by a probabilistic approach
using the Monte Carlo method. Results showed that AFB1
intake ranged from 1.33E-5 to 0.266 ng/kg bw/day, and
the potential risk for cancer was 4.124E-7 to 0.014 cancers/year/100,000 people. It is concluded that there was
low exposure to AFB1 via fermented soy sauce in China.
However, because China has a high incidence of hepatitis B
surface antigen-positive (HBsAg+) individuals, so the population risk of AFB1 from soy sauce is relatively higher
than in other countries. This is the first study to evaluate
exposure and risk of AFB1 in fermented soy sauce in
China, and this research will contribute to provide data to
risk analysis of AFB1 in China.

KEYWORDS: Risk assessment, aflatoxin B1, fermented soy
sauce, ELISA, Monte Carlo
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1. INTRODUCTION
AFB1 is a hepatotoxin, mutagenic, carcinogenic and
immunosuppressive agent, for present known toxin toxicity strongest, produced as secondary metabolite by Aspergillus flavus, Aspergillus parasiticus, Emericella astellata, Aspergillus nomius and Aspergillus fumigatus [1-4].
Aflatoxicosis has been reported in humans, in many parts
of the world. Because AFB1 can lead to necrosis, liver cell
death, immunosuppression and hepatic carcinoma [5-7], it
has been classiﬁed as a Group I human carcinogen by the
International Agency for Research on Cancer [8].
Soy sauce, a Chinese traditional fermented condiment, is made from soybean and wheat. Because AFB1 is
a prevalent contamination in raw materials used for food
processing [9-13], and is stable throughout processing, soy
sauce is easily be contaminated with aﬂatoxins. In previous
reports, AFB1 was detected in soybean [14-16] and soy
sauce [17]. Some researches on investigation of AFB1 from
food consumption (rice, corn, maize, cereal, barley, nut,
spice) have been conducted [18-20]. However, limited
information about the risk assessment of AFB1 in fermented
food has been published. As an essential condiment, the
Chinese consume large amounts of fermented soy sauce
every year. Especially, there is a high rate of hepatitis B
surface antigen-positive (HBsAg+) in China. Therefore, it
is particularly important to evaluate the risk of AFB1 from
fermented soy sauce to Chinese health.
Monte Carlo simulation is the method most commonly
used for classical probabilistic risk assessments, and uses
mathematical or statistical models to estimate the frequency
in which an event will occur. Over the past 10 years, Monte
Carlo technique has been incorporated into some most
important risk assessments [21]. Now, Monte Carlo has
been used to evaluated the risk of heavy metal, dioxins
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and dioxin-like PCBs in medicine and milk [22, 23]. In
this study, we surveyed the contamination of AFB1 in
fermented soy sauce using ELISA, then basing on the
survey data and the dietary intake data of soy sauce in the
Chinese with age greater than 20 years [24, 25], daily
intake and population risk of AFB1 were estimated by
Monte Carlo simulation.
2. MATERIALS AND METHODS
2.1. Sampling

A total of 209 samples were collected from different
brands during the period of September 2008 to May 2010.
For these samples, 91 soy sauces were randomly purchased from the regions of North China (Shanxi, Shaanxi,
Shandong, Liaoning) and 118 soy sauce samples came
from the regions of South China (Jiangsu, Zhejiang,
Shanghai, Guangdong). Once received in the laboratory,
the samples were stored at 4 °C for analysis.
2.2. Chemicals and materials

ELISA kit for AFB1 was purchased from Wuxi ELISA
Bio-technology Co., Ltd (Wuxi, China). Most of the reagents
were contained in the ELISA kit which included a microtiter plate coated with capture antibodies, AFB1 standard
solutions (0, 0.1, 0.25, 0.5, 1.0, 2.0 ng/ml), peroxidase
conjugated AFB1, substrate (hydrogen peroxide), chromogen (tetramethylbenzidine), and stop solution (2 N
sulphuric acid). Phosphate Buffer Solution (PBS) was
prepared by mixing 0.55 g sodium dihydrogen phosphate
monohydrate with 2.85 g disodium hydrogen phosphate
dihydrate and 9 g sodium chloride, and ﬁlling up to 1000
ml with distilled water. The other chemicals, such as
chloroform, anhydrous sodium sulfate, methanol, sodium
chloride, and Tween-20 were purchased from Sinopharm
Chemical Reagent Co., Ltd (Shanghai, China). AFB1
standard was purchased from Sigma-Aldrich Co (St, Louis,
MO, USA). All the chemicals were of analytical grade.
2.3. Extraction of AFB1

The method used for AFB1 extraction from fermented
soy sauce was according to the People's Republic of China
National Standard 5009.22-2003 (GB/T 5009.22-2003).
Each sample (10 g) was mixed with 15 ml of chloroform
and 0.4 g of sodium chloride in a 125 ml separating funnel
by shaking for 3 min, and separating funnel was standing
until separation into aqueous and chloroform phase containing the AFB1. Then, chloroform phase was released.
The aqueous phase was extracted again with 5 ml of fresh
chloroform. The two chloroform layers were pooled and
filtered with Whatman paper No.1 containing 5 g of anhydrous sodium sulfate that could remove water. The
chloroform was then dried under nitrogen gas. Finally, the
residue was dissolved with 2 ml of methanol/PBS (20＋80,
v/v) for further analysis.

2.4. Analysis of AFB1 by ELISA

The AFB1 was analyzed by direct competitive ELISA
[26] with some modification. ELISA is adopted by the
AOAC Official Method 990.32 and USDA/GIPSA 200609 to determine AFB1; it is also applied in soy sauce by
the People's Republic of China Ministry of Health and
Standardization Administration of China. The assay is
based on conjugation of pure AFB1 to an enzyme and the
competition between this conjugate and (free) AFB1 in the
product for AFB1-specific antibodies coated onto microtiter well walls. First, each well was washed three times
with 250 µl of PBST (PBS with 0.05% Tween 20, v/v).
Secondly, 50 µl of standard solutions and prepared samples were added into separate wells, next added 50 µl of
enzyme conjugate to every well, then incubated for 30 min
at 37 °C in the dark. After incubation, the liquid was removed from the wells, and the wells were washed three
times with PBST. In the next stage, 50 µl of substrate (hydrogen peroxide) and 50 µl of chromogen (tetramethylbenzidine) were added to each well and incubated for 15 min
at 37 °C in the dark. Finally, 50 µl of the stop reagent was
added to each well. The absorbance was measured at 450 nm
in an ELISA reader (Multiskan MK3, Thermo Scientific,
New York, USA). The concentration of AFB1 was calculated according to the Ridasoft Win (R-Biopharm, Darmstadt, Germany).
In order to validate this method, 5 ml of soy sauce
were spiked with AFB1 at levels of 0.1, 1.0 and 10 ng/ml,
respectively. Then, the AFB1 concentrations were determined by ELISA. All experiments were carried out in
triplicate. Results showed that the lower detection limit
was 0.1 ng/ml, and the recovery rate was 87-95%, with a
mean coefﬁcient of variation of 10%; the linearity of the
method was assessed by standard ranging from 0.1 to 2.0
ng/ml (R2=0.9973).
2.5. Exposure assessment of AFB1 in fermented soy sauce

Exposure of population to AFB1 can be estimated
through the daily intake of the toxin in Chinese with age
greater than 20 years. Daily intake of AFB1 was calculated by the following formula [18]:

DI =

(C × IR × ED × EF )
BW × LT

(1)

where, DI is the daily intake of AFB1 (ng/kg bw/day);
C is the concentration of AFB1 in fermented soy sauce
(ng/ml); IR is the daily ingestion of fermented soy sauce
(ml/day); ED is the exposure duration (years), life expectancy at birth is 74.51 years (Central Intelligence Agency,
2009), so the exposure duration is from 20 to 74.51 years,
equal to 54.51 years; EF is exposure frequency (365 days/
year); BW is the average adult, bw = body weight (60 kg)
[27]; LT is the lifetime (74.51 years × 365 days/year).
2.6. Population risk of AFB1 in fermented soy sauce

Food contaminated with AFB1 has been concerned by
all the countries and international organizations in the
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world. It was evaluated by Joint FAO/WHO Committee
on Food Additives (JECFA) in the 31th, 46th and 49th
meeting. AFB1, however, is a genotoxic, carcinogen, so the
safety factors used for non-genotoxic carcinogens cannot
apply. Therefore, most agencies have not set a daily tolerable intake for AFB1. The population risk of cancer
caused by the intake of AFB1 through soy sauce was
calculated by multiplying the daily intake of AFB1 with
cancer potency. JECFA reviewed the potency estimate
from the epidemiological studies and chose separate potency estimate for hepatitis B surface antigen-positive
(HBsAg+) and hepatitis B surface antigen-negative
(HBsAg-) individuals. In HBsAg+ individuals, the cancer
potency
is
0.3
cancers/year/ng
of
AFB1/kg
bw/day/100,000 people; In HBsAg- individuals, the cancer
potency is 0.01 cancers/ year/ng of AFB1/kg
bw/day/100,000 people [28].
In April 2008, the Ministry of Health of the People’s
Republic of China released that the rate of HBsAg+ was
8.57% in the Chinese general population aged 15-59 years.
Then, the cancer potency of AFB1 in the Chinese population was calculated by the equation: (91.43% × 0.01) ＋
(8.57% × 0.3) = 0.035 cancers/year/ng of AFB1/kg bw/
day/ 100,000 people.
2.7. Statistical analysis

All experiments were carried out in triplicate and the
data were analyzed with SPSS 11.5 (SPSS Inc., Chicago,
IL USA). A probability value of 0.05 was used to determine the statistical significance between north and south.

Percentiles and median value were used to express distribution of AFB1 in soy sauce in order to facilitate the
comparison of high and low values. Box plot was applied
to describe the AFB1 contamination in every province.
The probability distribution of AFB1 in sample and soy
sauce intake in Chinese were fitted by @ RISK 4.5 software (Palisade Corporation, Ithaca, New York, USA). To
evaluate the risk of AFB1 in fermented soy sauce, AFB1
daily intake and population risk were assessed by @
RISK 4.5 using Monte Carlo simulation.
3. RESULTS AND DISCUSSION
3.1. Occurrence of AFB1 in fermented soy sauce in China

In this investigation, AFB1 was analyzed in 209 Chinese fermented soy sauces by direct competitive ELISA.
The natural occurrence of AFB1 in samples for this study
is summarized in Table 1. Only for the calculation of the
incidence, values below the limit of detection were considered as negative. It is observed that AFB1 was present
in most of the samples but the values were concentrated in
a lower level. In eight provinces, 81.82-96.30% of the
samples were contaminated. AFB1 was detected in 89.95%
of the total samples (range: 0.10-2.60 ng/ml), Furthermore,
the mean and median AFB1 concentrations were 0.40 ng/ml
and 0.30 ng/ml, respectively. Of the AFB1-positive samples, only 2 samples exceeded the maximum permitted
limit by European Union (2 ng/ml), whereas all samples
were below the Chinese regulation (5 ng/ml).

TABLE 1 - Incidence and range of AFB1 level in Chinese fermented soy sauce.
Region

North

South
Total

Province
Shaanxi
Shanxi
Shandong
Liaoning
Shanghai
Zhejiang
Guangdong
Jiangsu

n

Positive sample (%)

24
22
23
22
27
23
26
42
209

22(91.67)
18(81.82)
20(86.96)
18(81.82)
26(96.30)
21(91.30)
24(92.31)
39(92.86)
188(89.95)

Median
0.15
0.20
0.20
0.15
0.40
0.50
0.40
0.30
0.30

Range
0.10-1.60
0.10-1.0
0.10-1.20
0.10-1.10
0.10-2.40
0.10-1.50
0.10-1.80
0.10-2.60
0.10-2.60

As shown in Figure 1, the southern samples (Shanghai, Zhejiang, Guangdong, Jiangsu provinces) showed
higher outliers and extreme values than the northern samples (Shanxi, Shaanxi, Shandong, Liaoning provinces).
According to statistical analysis, there is a significant
difference between the two regions on the level of contamination (p<0.05). In the north of China, the climate is
traditionally hot and dry; in contrast, south is characterized by high temperature, humidity and rainfall that favour the development of toxin-producing Aspergillus spp.
We found the differences in AFB1 contamination was in
parallel with the findings of some previous reports [29].

AFB1 in fermented soy sauce (ng/ml)
Mean±SD
25th percentile
75th percentile
0.32±0.41
0.10
0.37
0.22±0.25
0.10
0.30
0.28±0.31
0.10
0.40
0.23±0.27
0.10
0.22
0.57±0.54
0.30
0.60
0.52±0.36
0.20
0.70
0.48±0.39
0.20
0.62
0.45±0.50
0.20
0.50
0.40±0.42
0.10
0.50

95th percentile
1.52
0.97
1.16
1.05
2.16
1.42
1.55
1.77
1.25

Previous surveys have reported on the occurrence of
AFB1 in other fermented food. For example, 10% of the
peanut butters and 5% of the kaomak (fermented rice)
contained large amounts of aflatoxins in Thailand [17];
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Researchers reported that dietary exposure was estimated to be 11.7–2027.0 ng/kg bw/day in Guangxi province, China [32]. In addition, Kim [30] calculated that the
probable daily intake (PDI) was 0.04 and 0.25 ng/kg bw/day
for kanjang (fermented soy paste) and dwenjang (fermented soy sauce) in Korea, respectively. Dietary intake

FIGURE 1 - Box plot of AFB1 contamination in different provinces.

Total aﬂatoxins were detected in 12 samples (13.6% of
incidence) including seven red pepper powders, two red
pepper pastes in Korea [9]; AFB1 was found in 35 of 60
(58.3%) meju samples (crushed fermented soybean cakes)
with an average concentration of 7.3 µg/kg by ELISA in
Korea [30]; 1 of 7 soy sauces was contaminated with AFB1
(1.81µg/kg) in Korea [31]; AFB1 was the predominant
toxin detected abundantly and frequently at a level up
to 68.51 µg/kg in 41 of 50 peanut butter samples and
20.45 µg/kg in 37 of 100 sesame pastes in China [11]. It
is concluded that AFB1 in Chinese soy sauces has a high
contamination rate with low concentrations, with regard
to other countries.
3.2. Exposure assessment of AFB1 in Chinese soy sauce

Estimation of AFB1 daily intake was based on food
consumption and contamination data. To reduce uncertainty and improve reliability, a probabilistic approach was
applied to the actual survey data. The levels of AFB1
contamination in Chinese fermented soy sauce were fitted
to exponential distribution by @ RISK 4.5 (Figure 2), and
the function was as follows:

f ( x) =

e

−x

β

(2)

β

Where, the value of β is 0.40. In addition, the data of
fermented soy sauce consumption in China was obeyed to
lognormal distribution with the formula:

f (x ) =

1
x 2π σ

e

1 ⎡ ln x − µ ⎤
− ⎢
2 ⎣ σ ⎥⎦

2

(3)

Where, the values of µ and σ are 2.13 and 0.21, respectively.
Based on the data, the simulation of AFB1 intake was
performed (Table 2 and Figure 3). The exposure to
AFB 1 through the ingestion of fermented soy sauce
ranged from 1.33E-5 to 0.266 ng/kg bw/day, and the
values of mean and median were 0.0387 and 0.0255 ng/kg
bw/day, respectively.
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of AFB1 due to soy sauce was 0.185 ng/kg bw/day in
Korea [31]. Compared with other countries, it is clear that
AFB1 intake from soy sauce in China is relatively low.
However, Kuiper-Goodman [33] suggested that 0.016 ng/kg
bw/day could be regarded as virtual safe dose. Therefore,
the Chinese soy sauce poses a possible health risk to the
public in China.

FIGURE 2 - Distribution of AFB1 in Chinese fermented soy sauce
(fit to exponential distribution).

FIGURE 3 - Daily exposure to AFB1 via fermented soy sauce in
China by Monte Carlo simulation.

TABLE 2 - Estimated daily intake of AFB1 and cancer risk via the ingestion of fermented soy sauce in China by Monte Carlo simulation.
Percentile
Median
Daily intake of AFB1
(ng/kg bw/day)
Estimation of cancer risk
(cancers/year/100,000 people)
3.3. Population risk

0.025
1.040E-3

Mean ± SD
0.039±0.044

th

Range

25

1.327E-5-0.266

0.007
0.419E-3

1.462E-3±1.522E-3 4.124E-7-0.0143

To estimate the potential cancer risk of AFB1 to Chinese by consuming fermented soy sauce, the population
risk of AFB1 for cancer was evaluated using Monte Carlo
method (Figure 4). As shown in Table 2, the population
risk was from 4.124E-7 to 0.014 cancers/year/100,000
people, with the mean value of 1.46E-3. At the 90th percentile and 99.9th percentile, the population risk was
3.26E-3 and 9.41E-3 cancers/year/100,000 people, respectively. The potential risk of AFB1 was estimated to
be 0.00004–0.00005 cancers/year/100,000 people in
Japan [19]. Even though dietary exposure to AFB1 from
Chinese fermented soy sauce was low, the rate of HBsAg+
population was high. It is clear that population risk of AFB1
from soy sauce in China is higher, compared with Japan.
Therefore, it is very important to regulate and monitor
AFB1 contamination in food to decrease the risk of AFB1.

95th

99th

0.054

0.118

0.265

1.923E-3

4.457E-3

7.338E-3

75

th

FIGURE 4 - Simulation of cancer risk by intake of AFB1 in fermented soy sauce in China.
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4. CONCLUSION
Based on the results, it is concluded that AFB1 contamination in soy sauce in China is widespread but with
low level. This assessment demonstrated that AFB1 of soy
sauce presents a low risk. However, there is a high rate of
HBsAg+ individuals in China. In addition, fermented soy
sauce is not the only source of exposure to AFB1. Accordingly, continuous monitoring of soy sauce is necessary in
China. Manufacturers should strictly control AFB1 contamination in raw material and improve production conditions to prevent the exposure to AFB1.
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ABSTRACT
In this study, it is aimed to examine the level of some
elements (zinc (Zn), chromium (Cr), lead (Pb), and cadmium (Cd)), and some liver enzymes (AST, ALT) in the
blood-serum of workers at car-repairing shops in the vicinity of Van, Turkey. Examining material was made from the
blood taken from the workers at the car-repairing shops,
and from those who live far away of that cite as control.
Personal habits were taken into consideration while this
investigation was fulfilled. It was found that for the workers at the car-repairing shops, the quantity of AST was
27.31+9.50 U/L and for the control group it was 19.56+
4.97 U/L. For the workers at the car-repairing shops and the
control group the quantity of ALT was 35.00+ 12.62 U/L
and 18.72+ 4.70 U/L respectively. It was significantly
lower in the group with the workers at the car-repairing
shops patients than in the control group (P<0.001). The
level of Pb in the blood samples of the workers was
0.0630+0.051 µg/100ml, while in the blood of the control
group it was 0.0240+0.017 µg/100ml and Pb level was
significantly higher than those of controls (P<0.05). The Cd
level of the blood samples was 0.0058+0.002 µg/100ml,
and in the control group it was 0.0028+ 0.002 µg/100ml
and serum Cd levels were found increased in the workers
group than in the control (P<0.05). The quantity of Zn
was found 0.3800+0.085 µg/100ml for the workers, and
for the control group it was 0.3400+0.062 µg/100ml. The
Cr quantity was found 0.077+0.011 µg/100ml, and for the
control group it was 0.047+0.019 µg/100ml. This leads to
the result that due to industrial plants and technological
contamination people get easy sick at an early age. As a
result the risk of cancer increases. We are sure that this
study will contribute the future studies. Therefore it is
very important that persons working in industrial zones
should be more careful, and have to take relevant precautions when working.

* Corresponding author
KEYWORDS: enzyme (AST, ALT), zinc, chromium, lead, cadmium, blood serum.

1. INTRODUCTION
Parallel to the development of industrial technology,
water, air and soil meeting substances harmful to health
are an important toxicological problem in recent years
with which humanity is confronted with. The event of
contamination of the environment is caused by increasing
production in order to provide better living environment
conditions for the increasing population. When excessive
increase in the production is higher than the renewal capacity of nature, pollution of the environment begins [1].

Many elements used in the industrial technology are
significant elements which pollute the environment and
most of them include living organisms, toxic or carcinogenic effects [2]. We can give elements such as beryllium,
arsenic, cadmium, lead, bismuth as examples. It was scientifically proven that technological developments creating industrial revolution and intensively revealing today,
cause major environmental problems [3]. Heavy metals
can be emitted both in elemental and compound (organic
and inorganic) forms. Anthropogenic sources of emission
are the various industrial point sources including former
and present mining sites, foundries and smelters, combustion product and traffics [4].
Environmental contamination and exposure to heavy
metals such as cadmium and lead is a serious growing
problem throughout the world. Cadmium is absorbed by
the body through the lungs and the digestive tract. In the
work environment, absorption through the lungs is of essential importance [5]. Recent animal studies have demonstrated a rapid increase in peroxidation processes related
primarily to lipids, associated with increased activity of
aminotransferases in rabbits exposed to high Cd concentrations, which is probably due to the liver damage. We
do not know if humans get any of these diseases from
eating or drinking cadmium. Cadmium salts are more
toxic than those of zinc. The Department of Health and
Human Services (DHHS) has determined that cadmium
and cadmium compounds may reasonably be anticipated
to be carcinogens [6,7].
Zinc is an essential element in our diet. Too little zinc
can cause health problems, but too much zinc is also
harmful. Taken over longer periods, it can cause anemia,
pancreas damage, and lower levels of high-density lipoprotein cholesterol.
Chromium has three main forms: chromium (0),
chromium (III), and chromium (VI). Chromium (III) compounds are stable and occur naturally in the environment.
Chromium (0) does not occur naturally and chromium
(VI) occurs only rarely. Chromium is essential for the
insulin molecule to bring glucose into the cells for glycoloysis- the first step in ATP production [7].
Many elements are required in the synthesis of substances such as proteins and amino acids. This is a structural function of elements and the elements are an essential component of the final product.
Toxic concentrations occur naturally [8]. Normal
amount of zinc is necessary for some enzymatic functions
and exists as structural element in most of the proteins.
Copper exists in some enzymes and exists in many invertebrate organisms as blood protein respiratory pigment. In
the literature it was seen that especially zinc and copper
have been used for the treatment of some diseases in
living creatures. Furthermore, zinc and copper cause over
secretion and kill some organisms harmful to living or-
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ganisms [9]. Trace elements are the most important biological element in terms of human beings [8]. Studies
have shown that many diseases occur due to trace element
deficiency [10].
The aim of the present study was to investigate the
changes occurring in serum levels of essential trace element (zinc, chromium), heavy metals (lead, and cadmium)
and some liver enzymes in the car-repairing workers.
2. MATERIALS AND METHODS
2.1. Material

In this study blood samples of 36 industry workers
aged between 35-40, who have worked in the Van Industrial zone for 15-20 years, were used as material and for
the control group blood samples of 18 persons aged between 35 and 42 in healthy conditions living outside the
industrial zone were considered. In the car-repairing
workers, 28 persons were smokers. In the control group 7
persons were smokers. Informed consent was obtained
from all participating subjects before the initiation of the
study which was carried out according to the rules of the
Declaration of Helsinki and the study was approved by
the local ethics committee. Blood samples of both groups
were centrifuged between 15-30 dk. to take their serums
and spectropotometric determine (Shimadzu UV-1800,
Japan) the enzyme activity (AST, ALT). The remaining
serum was kept in the deepfreeze for determination of
zinc, chromium, lead and cadmium. Element measurements were executed in Atomic Absorption Spectrophotometer (PYE UNICAM SP 2900).
2.2. Method
2.2.1. AST measurement

For measurement of Pb, 5, 10 and 20 µg/100ml
standard lead solution, for measurement of Cd 0.5, 1 and
1.5 µg/100ml standard Cd solution, and for measurement
of zinc 5, 10 and 20 µg/100ml standard zinc solution, for
measurement of Cr 4, 8 and 16 µg/100ml standard Cr
solution was prepared.
Serum was separated by centrifugation and the samples were processed immediately. After that, 5 ml deionized water was taken, 5 ml perchloric acid (HClO4) was
added. Then 5 ml nitric acid (HNO3) was mixed. Then it
was cooled down and 100 ml deionized water was added
to the solution. In order to get rid of other metals and
contaminations, 20% nitric acid was added and finally the
AAS indication method was applied [13]. T-test commands. The analyses which were performed at the comparison of contaminate and control group were made with
Student T- test [14].
3. RESULTS
Some elements (zinc, chromium, lead and cadmium)
of blood serums and some liver enzyme activities (AST,
ALT) of workers at the industrial zone in Van are given in
Figures 1 and 2. The amounts for AST and ALT were
given as U/L, and for Zn, Cr, Pb and Cd were given as
µg/100ml.
The AST level of the control group was 19.56+ 4.97
(U/L) while it was found to be 27.31+ 9.50 (U/L) in the
car-repairing workers (Figure 1).
The study included a total of 54 subjects (36 the carrepairing workers and 18 control group). The ALT level
for the control group was 18.72 + 4.70 (U/L) while the
ALT level for the car-repairing workers was found as
35.00+ 12.62 (U/L). (p<0.001) (Figure 2).

α-cetogulutarat reacts with L-aspartat and forms Oxalo-acetate and L-glutamat, and then Oxalo- acetate reacts
with NADH + H and forms Malat and NAD. The kit used
in this study was provided by the company BoehringerMannheim with the serial number 2987959. Temperature
was set to 37 ˚C during the test and to the tampon solution
(tris tampon solution), 0.2 ml serum was added to achieve
a mixture. Enzyme activity was performed in 340 n [11].
2.2.2. ALT measurement

α-oxoglutarat reacted with L-alanine to form Lglutamat and Pyruvate, then Pyruvate reacts with NADH
+ H to form Lactate and NAD. The kit used in this study
was provided by the company Boehringer-Mannheim
with the serial number 1876805. Temperature was set to
37 ˚C during the test and to the tampon solution (tris tampon solution), 0.2 ml serum was added to achieve a mixture. Enzyme activity was performed in 340 n [12].
2.2.3. Zinc, chromium, lead and cadmium indication in serum

FIGURE 1 - AST Level in the Contaminated and Control group
(mean±SD)
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FIGURE 2 - ALT Level in the Contamine and Control groups
(mean±SD)

Pb level of the workers at the car-repairing shops was
found as 0.0630+0.0510 (µg/100 ml), but for the control
group it was 0.0240+ 0.017 (µg/100 ml). The difference
in value between the groups was considered to be significant (p<0.05) (Figure 3).

FIGURE 4 - Cd Level in the Contamine and Control groups
(mean±SD)

Zn level of the car-repairing workers were found as
0.3800+0.0850 (µg/100 ml) whereas this situation for
control group was 0.3400+0.0620 (µg/100 ml). The difference in the values between the groups was considered
not to be significant (Figure 5).

FIGURE 5 - Zn Level in the Contamine and Control groups
(mean±SD)
FIGURE 3 - Pb Level in the Contamine and Control groups
(mean±SD)

Cd level of the workers at the car-repairing shops was
found as 0.0058+0.0029 (µg/100 ml) whereas this situation for control group was 0.0028+0.0020 (µg/100 ml).
The difference in value between the groups was considered to be significant (p<0.05) (Figure 4).

Cr level of the car-repairing workers were found as
0.0770+0.01100 (µg/100 ml) whereas this situation for
control group was 0.0470+ 0.0190 (µg100 ml) (Figure: 6).
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FIGURE 6 - Cr Level in the Contamine and Control groups
(mean±SD)

4. DISCUSSION
Enzymes have very important vital functions. Therefore, especially AST, ALT enzymes were analyzed in this
study. The amount resulting from the interaction of enzymes and metals was determined. These heavy metals
may negatively effect the lives of human through nutrition, air, contact [13,15]. In a study performed by Sevelius [16], ALT and AST concentrations were analyzed,
and it was determined that for patients with liver problems, ALT concentration has been increased to important
levels. A further result of this experimental study was an
increase in significant levels for serum transferase enzyme activities. In another study by Riedler et al. [17],
evaluating increases in ALT and AST activities for patients with liver problems, important parameters ALT and
AST were found and this was related to the disease. For
acute and chronic liver damage cases, it was expressed
increase and decrease for various parameters such as
hemoglobin, white blood cells, red blood cells and clotting factors. In the present study, serum ALT and AST
levels were significantly higher at the car-repairing workers compared to healthy human (Fig. 1.2). This is in compliance with previous studies [16]. The reason for this
results from the fact that probably these persons are continuously in contact with metal compounds due to their
job. In literature, significant relevance in terms of statistics in serum ALT and AST levels for experimentally
acute liver toxicities was found for dogs [16]. On the
other hand, a normal level of ALT and AST and only an
increase in GGT activity were reported in sheep exposed
to industrial emission and a lower level of ALT and AST
activities were noted in sheep with lead acetate toxicity.
Increase activities of both ALT and AST may be due to

increased cellular basal metabolic rate, irritability and the
destructive chances of liver [18].
Heavy metals ions such as zinc, cadmium, chromium
were seen that the mortality rate in industrial zones where
persons are working in such environment, smoke and
other lead poisonings are seen as gastro-intestinal, nervemuscle and brain diseases, abnormal changes in blood
formation and kidney abnormalities. The zinc-element is a
cofactor for many metalo-enzymes, and is included in the
structure of enzymes such as carbonic anhydrase, alcoholdehydrogenase, glutamic dehydrogenase, kidney phosphatase, carboxy peptidase, red blood cell carbonic anhydrase. It has an important relation between
cell division, gene, nucleic acid and protein metabolism.
Zn, also is active for growth and development of living
things, sexual maturation, immune function, endocrine
and metabolic events, has also a role in initiating DNA
synthesis. In human, the zinc amount in serum decreases
in infection and liver cirrhosis. In addition, if zinc is taken
in too high amounts, toxically effects can occur [19].
In the present study, Zn level of the the car-repairing
workers was determined as higher than control group, but
it was not statistically significant. Zn levels remained
within the normal range (0.60-1.10 mg mL) since this is
the first study measuring the level of Zn in contaminate
groups. The probable reason for Zn may be caused by
acute phase protein and cytokines. Therefore in some
humans the amount of zinc may be at a high level. This
study provided supports the related literature [20]. The
zinc concentration may decrease due to decrease or
change of body acids. Nevertheless, decreasing gastrointestinal absorption at human and tissue- specific absorption of zinc may contribute various effects [10]. However,
adverse symptoms in humans are observed large amounts
of zinc fumes or accidental ingestion of unusually large
amounts of zinc [21]. Both acute and chronic zinc toxicity
include vomiting, diarrhea, lack of appetite, lethargy, and
pale gums. High levels of zinc exposure may also cause
acute kidney failure [22]. Zn cause general low cellular
immune response and decreased secretion of interferon-γ,
tumor necrotic factor–α and interleukin–2 in control groups
(Fig. 5). Therefore, micronutrient supplements (that is, Zn)
may protective as potent at the workers the car-repairing
shops
Lead (Pb) increases oxidative stress and it are toxic
and carcinogenic metal. In addition, the epidemiological
literature for an association between lead exposure and
brain tumor is inconclusive [23]. Pb level was significantly
higher than those of controls (P<0.05). The probable reason
for Pb is toxicity and a carcinogenic metal [24]. Pb has
been shown to pass the blood– brain barrier, which may
result in elevated lead levels in brain tissue. The analysis
of the results in the group of workers exposed to high Pb
concentrations involved the comparison of the mean values with the results obtained in the control group.
Chromium is encountered in every branch of industry, chromium compounds in direct contact on the skin
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and inside the mouth, can cause allergic dermatitis, and
wounds. Teeth and tongue are painted yellow. It was
reported that through inhalation of dust and fumes, as a
result of severe respiratory tract infections and pneumonia, lung cancer may occur [24]. In comparison between
the workers at the car-repairing shops and control groups
serum Cr level was significantly higher than workers at
the car-repairing shops compared to control group and
this result was in compliance with the relevant literature
[25]. Cr is thought to play a facilitative role in carcinogenesis, involving inhibition of DNA synthesis and repair,
oxidative damage and interaction with DNA-binding
proteins and tumor suppressor proteins.
In the studies made by Duruibe et al. [26] it was
shown that poisoning of workers with lead compounds in
Turkey is seen very often. The increasing consumption of
cxadmium in the industry and daily life has caused significant increase of cadmium contamination in humans and
animal environment. Cadmium is taken in by inhalation
of people working in industrial fields [27]. This element
taken into the body inhibits the sulfhydrylous enzyme
systems necessary for metabolic function cell metabolism
of elements such as selenium, calcium and iron [28]. Despite of the knowledge that cadmium causes negative effects to the nature, it is very often used in the industry
nowadays [29]. Cadmium contamination increases parallel to industry and agriculture expansion. Poisoning effects of cadmium generally are seen as kidney and lung
disorders due to long term contact/ inhalation. Taking in
large amounts of cadmium may lead to hypertension,
proteinuria, emphysema, ostteomalacia, and prostate and
lung cancer cases [30]. Severe exposure may result in
pulmonary odema and death. Pulmonary effects (emphysema, bronchiolities and alveolitis) and renal effects may
occur following subcronic inhalation exposure to cadmium and its compounds [31]. In our study, serum Cd levels
were higher in the contaminated group than in those of the
control. Cd is known to be one of the most toxic environmental and industrial pollutants. Its industrial applications were developed based on its unique chemical and
physical properties. Most studies have not given information on a number of relevant confounders by Cd. Cd is
established toxic and is a carcinogenic metal [23]. In the
present study, level of Cd has shown and it was higher at
the workers the car-repairing shops and the difference was
significant (p<0.05). According to these results it was
seen that significantly the industrial plants are responsible
for environmental contamination with concern to Cd. The
results achieved are parallel to the findings of the literature [32-35] As a result, carcinogenic elements (that is,
Cd) may act as either genotoxic or epigenetic carcinogens.

result appeared in terms of statistic (p<0.001). These
results comply to previous studies [34]. In this study it
was seen that individuals as much or more significantly in
higher rates than environmental contaminations people
are exposed to heavy metals due to their work [35]. Similarly, there were no statistically significant differences
between smokers and nonsmokers or between individuals
working in the department.
It is clear that this level will even increase more in the
second half of the 21st century. This leads to the result
that due to industrial plants and technological contamination, people get easy sick at an early age. As a result the
risk of cancer increases. We are sure that this study will
contribute the future studies. Therefore it is very important that persons working in industrial zones should be
more careful, and have to take relevant measures when
working.
This research was undertaken to investigate the age
dependence of the liver enzyme (AST, ALT), toxic metals
(Pb, Cd), essential metals (Zn, Cr) in city populations as
an index of internal exposure. Toxicological investigations are obviously required in human who have been
exposed to significant amounts of toxins.
5. CONCLUSION
In this study, it was found that individuals in and
around industrial zones have high heavy metal levels in
their blood serums and that the probable reason for this
may be the spreading of heavy metals in the environment
and these persons continuously being in this environment.
The study described the research of effects that the environment pollution and smoking have in Cd, Pb, Zn,Cr
concentrations in human blood as well as in the correlation between levels both of them. Also the study described the research of effects that air pollution and smoking were very important factors for the level of Cd, Pb
concentrations in blood which had an inhibitory effect in
liver enzyms (AST, ALT).

In Figures 1 and 2, the AST amount for the workers
the car-repairing shops was as found higher than control
group. The ALT amounts, the result for the workers the
car-repairing shops was found as higher, and the result of
the control group was lower and an even more important
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COSTS PERTAINING TO THE COLLECTION, TRANSPORTATION AND DISPOSAL OF DOMESTIC SOLID WASTES AND
GENERAL CITY CLEANING IN THE CITY OF ISTANBUL
Cevat Yaman*
Head of Department of Environmental Protection and Control, Istanbul Metropolitan Municipality, Istanbul, Turkey

ABSTRACT
While the costs for collecting and transporting domestic solid wastes in Istanbul are 31.53 $/ton and 8.16
$/ton respectively, the cost for disposing domestic solid
wastes (including landfill leachate treatment, landfill
construction and operation cost of landfills and composting facility) is 9.68 $/ton. In this case, collection, transportation and disposal of a ton of solid waste costs approximately 49.40 $. A significant rate of 64.19% of the
total costs of domestic solid waste activities in Istanbul is
constituted by the cost of collecting domestic solid wastes.
As for the transportation and disposal costs of solid
wastes, they occupy 15.52% and 20.29%, respectively, of
the total cost. In this study, data pertaining to the analysis
of collection of domestic solid wastes by district municipalities, transportation of the wastes to transfer stations,
transportation from transfer stations to landfill areas, disposal in the landfill areas and the general cleaning works
all around Istanbul, and the costs of waste disposal and
city cleaning were analyzed.

KEYWORDS: Domestic solid waste; collection; transportation;
disposal; environmental cleaning cost.

1. INTRODUCTION
Management of domestic solid wastes is a common
and important topic particularly in developing countries and
crowded cities [1]. Regardless of the magnitude, socioeconomic characteristics and complexity of the waste
management program of a given municipality, management of domestic solid wastes is an ever growing problem
all around the world and particularly in industrialized
countries [2-7]. In the recent years, considering the importance of cost, health and environmental issues, many
municipalities particularly in industrialized countries had

to reconsider their solid waste management programs and
to put forth an effective cost analysis in collection, transportation, processing and disposal basis. Regional properties, amount and composition of solid wastes, the implemented technology, collection range and transportation
distance, and personnel and disposal costs affects the
economy of solid waste management [8].
Collection of domestic wastes nearly occupies 50%
of the total yearly cost of domestic solid waste management [9]. This service varies according to parameters such
as geographic conditions, number of the containers used
and collection frequency. After the collection of domestic
solid wastes, next step is transfer and transportation. The
functional element of transfer and transportation covers
two stages. These are (1) transfer of wastes from smaller
collection vehicles to bigger transport equipments and
then (2) transportation of wastes to processing and disposal areas. Transfer is usually carried out in a transfer
station [9]. Transfer stations are an important part of
modern solid waste management systems [10-13]. After
the transfer, domestic wastes are usually subjected to
recovery, recycling and final disposal processes.
Within the boundaries of Istanbul Metropolitan Municipality, a daily amount of 15,500 tons solid waste is generated as 10,000 tons in the European side and 5,500 tons in
the Anatolian side. 93% of the generated waste is disposed
through landfilling method. These wastes are brought to a
total of seven domestic solid waste transfer stations, as
three in the Anatolian Side (Hekimbasi, Aydinli,
Kucukbakkalkoy) and four in the European Side (Baruthane, Yenibosna, Halkali and Silivri). In these stations,
wastes are transferred from small-volume collection vehicles to vehicles of bigger volumes, and transported to the
landfill areas in Sile-Komurcuoda in the Anatolian side
and Kemerburgaz-Odayeri in the European side for disposal.
In Turkey, it is stipulated that solid waste collection
services in metropolitan cities are to be carried out by district and first tier municipalities, while transportation made
through transfer stations and regular storing or disposing
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of wastes with other methods are to be realized by metropolitan municipalities.
Domestic solid waste and general city cleaning cost
components of Istanbul Metropolitan Municipality can be
divided into four groups. These are collection of domestic
solid wastes and transportation to transfer stations, transportation from transfer stations to landfill areas, disposal
of wastes (landfilling, composting, landfill leachate treatment, etc.) and the maintenance of general city cleaning
activities (manual sweeping activities of district municipalities, shore and sea surface cleaning activities, and the
mechanical and manual sweeping activities carried out by
Istanbul Metropolitan Municipality (IMM)). The biggest
part of the costs pertaining to the mentioned activities is
constituted by the solid waste collection and transportation services.
In this present study, total environmental cleaning
costs were examined by evaluating data pertaining to economic analysis of the activities of collecting, transporting
and disposing domestic solid wastes generated within the
boundaries of IMM and general city cleaning activities.

The primary factors affecting collection cost are discussed below.
2.2. Vehicle Fuel Cost Analysis

The district municipalities of Istanbul usually use vehicles with collection capacities varying between 12 and
15 m3. In calculating the vehicle fuel cost of the domestic
waste collection activities of district municipalities, it was
assumed that waste collection vehicles with 13+1.5 m3
hydraulic compression are used. Table 1 presents the
monthly fuel cost analysis. In calculating the monthly fuel
cost of a vehicle, the hourly fuel consumption of a waste
collection vehicle was taken as basis and the monthly
operation hours and the liter price of fuel were considered. Total fuel cost of a collection vehicle was calculated
as follows.
Fuel Cost ($/month) = Fuel consumption (lt/hour)*
Daily operation time (hours/day)* Monthly operation time
(days/month)* Fuel Price ($/lt)
(1)
As it is seen from Table 1, monthly fuel consumption
cost of a 13+1.5 m3 hydraulic compression waste collection vehicle was found out to be 4,103.01 $.
2.3. Vehicle Depreciation Cost Analysis

2. COST ANALYSIS
2.1. Approximate Cost Calculation for Collection of Domestic
Solid Wastes

The answer of the question pertaining to solid waste
management is a highly complex one [8]. Characteristics of
the location, amount and composition of the solid waste,
type of the implemented technology, collection and transfer, distance and labor costs are the factors affecting solid
waste management cost [14,15]. Among these, collection
is an important part of management that affects cost. The
service of collecting domestic solid wastes within the
boundaries of district is provided by district municipalities. According to the data of the first quarter of 2011,
from the total 39 districts within Istanbul, approximately
15,500 tons of domestic solid waste is collected daily.
Collection process is carried out by means of varying
vehicles and systems according to the settlement status of
the districts and amount of wastes. The primary factors
that affect the collection cost of wastes are the fuel of the
collection vehicle, vehicle depreciation and personnel
expenses. Other factors that affect collection cost are
amount of the collected waste, physical properties of the
wastes, types and capacities of the collection vehicles and
distance of the settlements from transfer stations.

Depreciation reflects the value loss of economic assets in time. The purpose of depreciation is to renew this
economic loss of value. In order to calculate depreciation,
it is necessary to know the service life and the scrap value
of the related economic asset. Service life of an economic
asset is its shortest life calculated in accordance with the
economic conditions, technological developments and
physical conditions. Theoretically, within its service life
the economic value has to be completely subjected to
depreciation.
There are many methods used in calculating depreciation. The primaries of these are the straight-line depreciation, depreciation based on working hours and the declining balance depreciation method. Although the declining
balances method is known to be the most realistic one for
calculating vehicle depreciation, in the present study the
depreciation method according to the working hours stipulated for vehicles by the Ministry of Environment and
Urban Planning of the Republic of Turkey was taken as
the basis. Vehicle depreciation cost was formulized as
shown below.
Depreciation Cost ($/month) = Coefficient * Current
market value of the vehicle ($) * Daily operation time
(hours/day) * Monthly operation time (days/month)
(Coefficient = 0,000171)
(2)

TABLE 1 - Monthly fuel cost analysis of domestic waste collection vehicle.
Vehicle
13+1.5 m3 HYDRAULIC
COMPRESSION WASTE

Quantity

Daily working time of
the vehicle
Hour

Monthly
working time
of the vehicle
Day

1

8,00

26.00

Amount

913

$/lt

Fuel consumption of the
vehicle
lt/hour

1.97

10.00

Fuel unit
price

Unit fuel
cost

Total fuel cost

$/month

$/month

4,103.01

4,103.01
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COLLECTION VEHICLE
TOTAL
TABLE 2 - Monthly depreciation cost analysis of domestic waste collection vehicle
Vehicle

Daily working
Monthly working Purchase Value
time of the
time of the vehicle of the Vehicle
vehicle
Hour
Day
$

Amount
Quantity

13+1.5 m3 HYDRAULIC
COMPRESSION WASTE
COLLECTION VEHICLE

1

8.00

26.00

4,103.01

Unit Depreciation
Cost

Total Depreciation
Cost

$/month

$/month

1,754.04

1,754.04

TOTAL

1,754.04

49,315.07

TABLE 3 - Monthly personnel cost analysis for domestic waste collection
Item
No
1
2

Cost Type

Amount

Driver
Waste Collection
Worker

Persons
1

Times of Gross
Insurance Risk
Minimum
Premium Rate
Wage
%
2.4
2

2

2.2

Gross Food Expenditure

2

Gross Transportation Unit MonthExpenditure
ly Cost ($)

Total Cost

$/day
3.84

$/day
2.74

$/month
1,464.28

$/month
1,464.28

3.84

2.74

1,202.89

2,405.79

TOTAL

3,870.07

The conditions and costs of these calculations are
presented in Table 2.
2.4. Personnel Cost Analysis

In Turkey, personnel cost calculations of public tenders are made according to the labor calculation module
of the Public Procurement Authority (PPA) [5]. The personnel cost of collecting domestic solid wastes and transporting to transfer stations was calculated by estimating
that each collecting vehicle has crew of three, as one driver
and two collectors, and the results of the analysis were
shown in Table 3. While the monthly cost of a collection
vehicle driver is 1,464.28 $, the monthly cost of a collection personnel is 1,202.89 $. In this case, the total personnel cost for a single collection vehicle is 3,870.07 $.
The approximate cost calculation regarding the collection of domestic solid wastes is made below by taking
the vehicle fuel, depreciation and personnel cost into
consideration.

2.5. Approximate Cost Calculation Concerning Collection of
Domestic Solid Wastes

Variety of solid waste collection systems affects collection costs. Collection costs depend on variable components peculiar to the district as the amount of collected
waste, carrying capacity of the vehicle and the number of
trips it makes to the transfer stations, and fixed components that have the same calculation method such as fuel,
depreciation and personnel costs.
In Table 4 the approximate collection cost of a single
solid waste collection vehicle, including vehicle, personnel and outfit costs and 18% contractor's profit, is given in
both monthly and yearly basis. The approximate total
monthly cost of vehicle, depreciation and personnel was
accepted as 11,542.65 $.
By dividing this cost to the average waste amount,
number of trips and the number of working days in a month
of district municipalities the waste collection cost per ton of

TABLE 4 - Monthly cost for a solid waste collection vehicle
Item
No

Cost Type
Unit

#1

Vehicle Expenses
Vehicle Expenses
Vehicle Expenses

FUEL
DEPRECIATION
Total

#2

#3

Personnel Expenses
Driver
Collection Worker
Total
Material & Outfit Expenses
Cleaning materials and personnel outfits
COST TOTAL

914

Amount

Cost

Cost

Quantity

$/month

$/year
(12 months)

1
1

4,103.01
1,754.04
5,857.05

49,236.12
21,048.48
70,284.60

1
2
3

1,464.28
2,405.79
3,870.07

17,571.36
28,869.48
46,440.84

54.79
9,781.91

657.48
117,382.92

y

er

r
a

u
ece

y

asa

ece

e

i

u
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18% Contractor’s Profit
1,760.74
GRAND TOTAL
11,542.65
TABLE 5 - Approximate costs for collecting one ton of domestic solid waste in Istanbul

Population

Annual Average
Domestic Waste
Amount (ton)

Annual Generated
Waste Amount per
Person (ton)

14221
375208
188011
364682
738809
590063
219145
248467
269481
184390
246136
248084
204873
182017
62001
168438
461072
446777
338329
431147
474259
309624
532835
416515
432199
695988
438257
585196
256442
280802
138797
291063
468274
28119
317337
603431
526947
185819
292430

12,371
159,279
58,747
125,611
251,975
204,098
116,130
141,787
115,727
119,057
95,213
137,545
86,327
82,562
22,176
86,505
127,160
185,980
125,283
250,226
146,995
109,342
229,245
153,341
167,556
268,836
167,193
206,859
94,237
124,680
69,844
85,624
144,504
14,143
179,008
227,542
213,058
83,410
130,878

0.87
0.42
0.31
0.34
0.34
0.35
0.53
0.57
0.43
0.65
0.39
0.55
0.42
0.45
0.36
0.51
0.28
0.42
0.37
0.58
0.31
0.35
0.43
0.37
0.39
0.39
0.38
0.35
0.37
0.44
0.50
0.29
0.31
0.50
0.56
0.38
0.40
0.45
0.45

Average Vehicle
Capacity (m3)

15
12
13
17
13
11
13
14
14
10
11
8
15
17
13
13
15
14
13
10
12
15
11
13
9
13
9
14
12
12
12
11
14
13
7
11
15
10
12
GENERAL AVERAGE

waste can be found. While doing these calculations, it was
accepted that a vehicle makes 2 trips in a single day and
works 26 days in a month.
In Table 5 approximate solid waste collection costs
per ton of districts of Istanbul are presented. According to
this, the average total cost for collecting one ton of domestic solid waste is seen as 31.56 $ Istanbul-wide. From
this, the cost of collection of the total 15,500 tons of domestic solid waste generated within one day can be calculated as
15,500 ton * 31.56 $ = 489,180.00 $/day on daily basis,
(3)
489,645.00 $/day * 365 = 178,550,700.00 $/year on
yearly basis
(4)

Number of
Vehicles
(quantity)

Daily Average Domestic Waste Generated in District (ton)

7
24
24
12
38
35
20
18
28
25
33
27
24
21
12
19
27
56
36
54
24
23
45
39
28
27
23
23
7
39
26
19
25
8
35
39
39
11
34

35
413
152
337
691
562
327
320
327
330
265
360
220
213
57
169
344
458
327
699
401
295
653
421
453
673
457
550
249
550
189
220
390
40
466
593
579
221
317

21,128.93
138,511.85
Daily
Average
Vehicle
Trips
(number)
6
76
18
32
85
85
46
36
44
72
34
124
24
23
8
21
36
50
54
124
44
40
109
63
67
83
68
59
23
49
27
23
39
8
110
82
76
28
48

Domestic Waste
Amount Carried
per Trip (ton)
5.8
5.4
8.4
10.5
8.1
6.6
7.1
8.9
7.4
4.6
7.8
2.9
9.2
9.3
7.1
8.0
9.6
9.2
6.1
5.6
9.1
7.4
6.0
6.7
6.8
8.1
6.7
9.3
10.8
11.2
7.0
9.6
10.0
5.0
4.2
7.2
7.6
7.9
6.6

2.6. Approximate Cost Calculation of Transportation of Domestic Solid Wastes

Domestic Solid Waste Transfer station is a facility
where the domestic solid wastes collected by district municipalities by means of hydraulic compression small volume waste collection vehicles, are transferred to leak proof
transportation vehicles with bigger volumes by means
of several systems. In order to not to harm the environment in terms of smell, dust, noise and view, it is necessary to carry out discharging and loading operations in
indoor buildings.
30-35% of the solid wastes collected in Istanbul is
gathered in three transfer stations in the Anatolian side

915

Appr
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and stored in the Sile Komurcuoda Landfill Facility. On
the other hand, in the European side there are four transfer
stations and the disposal of the collected wastes are carried out in the Odayeri Landfill Facility and the Kemerburgaz Compost Facility with a capacity of 1,000 tons/day.
The vehicles bringing the solid wastes to the stations
are weighed at the entries of the stations and registered
accordingly. The vehicles that are permitted into the station after being weighted, first stop alongside the garbage
water discharge chutes on the upper platform road and discharge garbage water. After this process, the vehicles are
directed to upper platform for discharging the waste.
Wastes are either loaded into silos by means of a compactor or onto semi-trailers by means of a horizontal compression equipment. After the silos or semi-trailers are fully
loaded, they are sealed and prepared for transportation.
While approximately 22 to 23 tons of waste can be carried
with a single trip with silos, with semi-trailers averagely
25 tons of waste can be carried.
General cost components of transfer stations are fuel,
depreciation, personnel-operation and repairs-maintenance
expenses. Due to the fact that the prices determined by
public authorities are not compatible with international
applications, they cannot realistically reflect market prices
[16]. With the 4734 numbered Law, the obligation to
comply with the unit prices determined by public authorities was abolished and the principle of realistic determination of the approximate cost by the administrations by
means of carrying out detailed market researches was
adopted.
On the other hand, it was stipulated that while the approximate cost is realistically determined by carrying out
detailed market researches, all kinds of financial components have to be bind on information-document. What it is
to be understood from the necessity of binding the approximate cost on information and documentation is that, instead
of randomly determining the components that constitute
the cost of the task, they are to be reasoned in an understandable and realistic way. In this frame, in associating
the financial components concerning the vehicles with
information and documentation, the analysis of the Ministry of Environment and Urban Planning was preferred.
The primary factors that affect the cost of the transfer
of wastes are vehicle depreciation, vehicle fuel cost,
maintenance and repair costs and personnel expenses.

2.8. Vehicle Depreciation Cost

There are many methods used in calculating depreciation. The primaries of these are the straight-line depreciation, depreciation based on working hours and the declining balance depreciation method. Although the declining
balances method is known to be the most realistic one for
calculating vehicle depreciation, in the present study the
depreciation method according to the working hours stipulated for vehicles by the Ministry of Environment and
Urban Planning was taken as the basis.
For the operating hours of the vehicles, the ministry
determined the economic life (N) as six years and operation duration (n) as 2,000 hours, and thus the depreciation
period as (N1) 12,000 hours.
Hourly costs of the vehicles (depreciation= A/N) is
calculated by dividing a vehicle’s equipment-including purchase price (A) to the depreciation period (N1=6 years) of
the vehicle.
The following formulations apply for the vehicles:
• Hourly depreciation : (A/N1)
• Spare parts : (0.53*A)/N1
• Repairs and maintenance : (0.13*A)/N1
• Capital interest insurance storage :
[0.08*(N+1)*A]/2*N1
• Transportation assembly disassembly: 0.02*A/n
Where
A: Machinery equipment purchase price ($)
N: Depreciation period (year)
N1: Depreciation period (hour)
n: Total time the machinery operates in a year (hours)
A sample depreciation cost analysis carried out according to the machinery analysis of the general price
analyses of the Ministry of Environment and Urban Planning and within the scope of the work of transporting the
domestic solid wastes in the Anatolian side of Istanbul
from transfer stations to landfill area is shown in Table 6.
2.7. Vehicle Fuel Cost

Fuel consumptions of the vehicles used in cleaning
activities take the first place among the energy expenses
that occur within the scope of cleaning activities. Fuel
consumption of all machineries included in the general

TABLE 6 - Sample depreciation cost analysis (for 48 vehicles used in transporting domestic solid wastes in the Anatolian side of Istanbul
from transfer stations to storage area)
Transfer Stations
Hekimbasi
Aydinli
Kucukbakkalkoy
TOTAL

Price of
Vehicle
$
104,110
104,110
104,110

Depreciation
$/Year
516,587
516,587
428,110
1,461,284

Spare Parts, Repair Maintenance, Insurance Assembly Disassembly, Repair and Other
$/Year
547,708
547,708
453,900
1,549,316

916

TOTAL
$/Year
1,064,295
1,064,295
972,010
3,100,600
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price analysis of the Ministry of Environment and Urban
Planning is defined with the pos. number 04.109 and the
amount entering into unit manufacture is set forth as
0.150 kg/BG hours. However, considering the increase of
the technical capacities of machineries in line with the
technological developments, the Ministry of Public Works
decreed that, being effective from the date of 01.01.2002,
57% of the diesel fuel entered into unit manufacture is to
be taken as basis (by taking 0.0853 kg/BG hours instead
of 0.150 kg/BG hours; 0.0853/0.1500 = 0.57) and in this
way it will be adapted to the real fuel consumption.
In the machinery analyses of the unit price analyses
of the Ministry of Environment and Urban Planning, fuel
consumptions of the vehicles as the diesel fuel entered
into unit manufacture were determined as follows:
a)

04.109 Vehicle fuel (Diesel) : 0.08530 kg/BGS

b)

04.109 Diesel (Machine oil, oakum, equivalent):
0.0171 kg/BGS

Fuel consumptions of distance going vehicles in a
unit time cannot be exactly compared with the consumptions of machinery. Fuel consumptions of machineries are
nearly the same for vehicles of the same type and power.
As for distance going vehicles, engine revolution is not
fixed and the power needed for movement varies according to the load of the vehicle, condition of the road, condition of traffic, speed, wind, technical properties of the
vehicle and accessories.

In this case, the vehicles to be used in the transportation of municipality wastes cannot be considered as exclusively distance going vehicles or machineries. Due to
the physical conditions of transfer stations, fuel consumption also occurs during loading and discharging operations. Also, loading – discharging and outlines of different transfer stations differ from each other. In this respect,
fuel consumptions were examined per trip and were calculated according to the analysis of the Ministry of Public
Works by taking the trip durations as basis.
Although the minimum power of 42 tons load capacity vehicles is set forth as 400 HP, it was considered that
the vehicles cannot constantly produce 400 HP through
the whole trip duration and the average vehicle power was
assumed to be 375 HP. In this respect, hourly fuel consumption is
= 0.57*(0.0853+0.0171)/0.85*375=25.75 L/hour.
A sample fuel cost analysis carried out for the work
of transporting domestic solid wastes in the European side
of Istanbul from transfer stations to landfill area is shown
in Table 7.
2.9. Maintenance-Repair Costs

For calculating maintenance and repair costs, initial investment costs are taken as basis. According to this, while
the maintenance and repair costs of buildings is calculated
as 1% of the initial investment costs of the buildings, for
the maintenance and repair costs of machineries and
equipments it is calculated as 5% of their initial investment cost.

TABLE 7 - Sample fuel cost analysis (for the 65 vehicles used in the European side of Istanbul for transporting domestic solid wastes from
transfer stations to landfill areas, Diesel fuel: 1.81 $/lt)

Baruthane
Baruthane –
Compost
Yenibosna
Halkali
Silivri
Grand
Total

Waste
Amount
Ton/Year
850,000

Carrying
Capacity
Ton/trip
23

50,000
1,000,000
1,200,000
120,000
3,220,000

Number of
Trips
Trip/Year
36,957

Duration
of Trips
Hour
1.25

km
25

Fuel Consumption
lt/trip
32.19

23

2,174

23
23
23

43,478
52,174
5,217

1.28

28

33.05

71,840

110,087.46

1.75
1.75
3.50

40
40
99

45.06
45.06
90.13

1,959,284
2,351,141
470,228

3,002,385.34
3,602,862.41
720,572.48

6,042,058.31

9,258,784.50

Distance

140,000

Fuel Consumption
Lt/year
1,189,565

Fuel Consumption
$/year
1,822,876.81

TABLE 8 - Personnel cost analysis (for 560 personnel working in transporting domestic solid wastes from 7 transfer stations to the storage
areas)
Cost Type
Cost Type

Personnel
Number

Engineer
Technician
Shift Chief
Shift Supervisor
Driver
Station Worker
TOTAL

Person
5
5
7
20
282
241
560

Times of gross
minimum
wage
4.5
3
2.5
2.5
2.5
2

Gross
Transport
Cost
$/day
3.29
3.29
3.29
3.29
3.29
3.29

917

Gross
Food
Cost
$/day
3.84
3.84
3.84
3.84
3.84
3.84

Unit Cost

Total Cost

Total Net Wage

$/month
2,760.83
1,914.66
1,632.60
1,632.60
1,632.60
1,350.54

$/year
165,649.80
114,879.60
137,138.40
391,824.00
5,524,718.40
3,905,761.68
10,239,971.88

$/year
96,787.20
67,237.80
80,342.64
229,550.40
3,236,660.64
2,291,302.68
6,001,881.36
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2.10. Personnel Cost

Personnel cost calculations of public procurements
are made according to the labor calculation module of the
Public Procurement Authority (PPA). The personnel cost
calculation per vehicle for collection of domestic solid
wastes and transportation to transfer stations was made by
estimating that the collecting vehicles has a personnel of
three, as one driver and two collectors. Table 8 presents
the sample personnel cost analysis for Istanbul.
2.11. Approximate Cost Calculation for Transportation of
Domestic Solid Wastes

Figure 1 presents the cost component rates of the Baruthane and Yenibosna Transfer Stations in the European
side and the Kucukbakkalkoy and Aydinli Transfer Stations in the Anatolian side, and the average transportation
costs per ton are displayed. Other energy expenses made
for operating transfer stations are quite insignificant when
compared to the fuel costs.

As it can be seen from Figure 1, majority of solid
waste transfer costs is formed by fuel and personnel cost
components. Repair-maintenance and depreciation costs
are nearly equally effective. The average cost per ton of
solid waste transfer activities carried out in Istanbul is
8.16 $.
Considering that the average cost for transporting 1
ton of domestic solid waste from transfer stations to storage area is 8.16 $ and that the daily average amount of
waste transported from transfer stations to storage area is
15,500, then the annual transportation cost in Istanbul can
be calculated as:
8.16*15,500*365= 46,165,200.00 $.
Within the scope of transporting domestic solid
wastes from transfer stations to storing areas, the cost of
transporting 1 ton of domestic solid waste for 1 km distance was found out as 0.20 $/ton-km, as it can be seen
from Table 9.

FIGURE 1 - Financial Distribution of Istanbul Solid Waste Transfer Activities
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TABLE 9 - Domestic solid waste transportation unit prices from transfer stations
Transfer Station
Baruthane
Yenibosna
Halkali
Silivri
Hekimbasi
Aydinli
K. Bakkalkoy
AVERAGE

Unit Cost ($/ton)
6.12
8.02
7.97
18.42
8.03
10.11
8.11
8.16

Distance to Storage Area (km)
25.00
40.00
40.00
99.00
45.00
56.00
46.00

2.11. Disposal of Domestic Solid Wastes and Approximate
Cost Calculation

Storing the wastes without control affects human
health negatively and causes hard-to-recover, or sometimes
permanent damages to the air, water and soil as the receiving environments. Due to this reason, in order to prevent waste leakage to mix with groundwater, avoid waste
gas to directly mix with the atmosphere and cause global
warming, and to ensure that the pollution in earth stratum
to affect the flora and the fauna, implementing "Regular
Landfilling" is a must.
In regular landfill areas, any damages to the environment from leachate to be stored by using clay layer, geomembrane, geotextile and filter-intended river gravel, are
prevented. In order to prevent the environmental and health
problems in the landfills, drainage layers for leachate and
gas collection system for the control of the landfill gas
must be formulated.
In landfill areas, wastes are disposed by means of celling method. This method is preferred due to the fact that
it prevents smell generation, and thus minimizes insect,
domestic animals and bird concentration, and it provides
ease in operation, construction and waste disposal. Platforms of necessary dimensions and strength are prepared
in order to ensure that the vehicles will not get stuck, will
be able to move easily and will not cause congestion. For
the base of the platforms, well compressed filling materials and quarry stone are used.

Unit Cost ($/ton-km)
0.25
0.20
0.20
0.19
0.18
0.18
0.18
0.20

Wastes discharged from silos or semi-trailers are
spread by dozers and compressed with compactors. Waste
spreading and compression operations are made with 1/3
slope in order to ensure that the wastes will not slip and
the daily surface soil that will laid on top will not permit
high amounts of rain water into the landfill. At the final
elevation, the wastes are covered with insulation materials
and soil, and greening implementation starts.
Table 10 presents the cost items for storing domestic
solid wastes in Istanbul and the approximate costs for
yearly storage. According to this, the yearly approximate
cost of landfilling and disposal by composting in Istanbul
is 56,441,375.00 $.
2.12. Cleaning Services in Istanbul and Approximate Cost
Calculation

The role of environmental and cleaning investments
in rendering Istanbul a livable city is significant. One of
the important indicators of urban life quality in a city is
the cleanness of the streets of that city. General city cleaning works are carried out in order to prevent all kinds of
visual pollution in the main arterial roads and squares of
Istanbul.
Within the scope of general city cleaning services,
cost analysis of the Istanbul-wide mechanical cleaning,
Istanbul-wide manual cleaning, shore and beach cleaning,
sea surface cleaning services provided by Istanbul Metropolitan Municipality, and the manual cleaning activities

TABLE 10 - Approximate unit costs for yearly solid waste storage
Work Description

Unit

Amount

Item
Distribution, spreading, compression of domestic
wastes discharged in Odayeri Landfill Area, application of daily soil coverage (including labor, fuel,
depreciation and energy cost)
Treatment of Leachate in Odayeri Regular Storing
#2
Area and operation of the facility
Distribution, spreading, compression of domestic
wastes discharged in Komurcuoda Landfill Area,
#3
application of daily soil coverage (including labor,
fuel, depreciation and energy cost)
Treatment of Leachate in Komurcuoda Landfill Area,
#4
partial transportation and operation of the facility
GRAND TOTAL
#1

Approximate
Price

Unit

Cost

$

$/year
(12 months)

ton

3,650,000

8.28

30,222,000.00

m3

540,000

7.50

4,050,000.00

ton

2,007,500

9.25

18,569,375.00

m3

480,000

7.50

3,600,000.00
56,441,375.0

919
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carried out by district municipalities were carried out. It
was projected that 328 personnel and 116 vehicles are
used as part of the mechanical cleaning activities carried
out throughout Istanbul. As seen in Table 11 and Table
12, the yearly cost of the Istanbul-wide mechanical and
manual cleaning works is approximately 29672823,62
$/year and 5688008,7 $/year, respectively.
It was projected that 400 personnel are employed for
the manual cleaning activities carried out throughout
Istanbul.
As summarized in Table 13, the approximate cost of
the shore, beach and sea surface cleaning activities carried
out in Istanbul is 7,944,919.46 $/year.

As part of the manual cleaning works carried out in
the districts of Istanbul, it was assumed that approximately 7,000 cleaning personnel are employed and the monthly cost of one personnel is 986 $ (140% of the minimum
wage + transportation + food).
In this case, manual cleaning cost was found as =
7,000 workers * 986 $/month * 12 month/year =
82,824,000.00 $/year.
Table 14 shows that yearly budget of the city
cleaning services for Istanbul is expected to be around
126 Million $.

TABLE 11 - Mechanical cleaning cost analysis –IMM
Item No

Cost Type

Cost
$/year
(12 months)

Unit
#1

Vehicle Expenses
Vehicle Expenses
FUEL
Vehicle Expenses
DEPRECIATION
Repair, Maintenance Spare Part and Other

8,501,826.36
4,982,630.14
5,281,587.95
22,519,253.34

Total
#2

Personnel Expenses
Personnel Expense
GRAND TOTAL

7,153,570.28
29,672,823.62

TABLE 12 - Manual cleaning cost analysis –IMM
Item
No
#1
#2
#3
#4
#5
#6
TOTAL

Work Type

Worker

Amount

Unit

Cleaning Worker
Shift Chief
Cleaning Vehicle Driver
Double Cabinet Truck
Minibus Vehicle Price
Damper Truck Price

345
5
50

12
12
12
9.470
3.640
3.280

Month
Month
Month
Shift
Shift
Shift

Offer
Price ($)
932.86
993.95
963.4
68.31
70.79
86.5

TABLE 13 - Shore and beach cleaning & sea surface cleaning cost analysis – IMM
Item No

Cost Type

#1
#2
TOTAL

Sea Surface Cleaning
Shore and Beach Cleaninig

Cost
$/year (12 months)
2,352,625.21
5,592,294.25
7,944,919.46

TABLE 14 - Approximate yearly cost of city cleaning activities
Item No

Cost Type

#1
#2
#3
#4
TOTAL

Istanbul-wide Mechanical Cleaning Works (IMM)
Istanbul-wide Manual Cleaning Works (IMM)
Shore, Beach and Sea Surface cleaning works (IMM)
District Municipalities Manual Cleaning (District Municipalities)
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Cost
$/year (12 months)
29,672,823.62
5,688,008.70
7,944,919.46
82,824,000.00
126,129,751.78

Unit

Cost ($)
3,862,040.40
59,637.00
578,040.00
646,895.70
257,675.60
283,720.00
5,688,008.7
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TABLE 15 - Unit costs concerning domestic solid waste activities
Activity
Collection of Domestic Solid Wastes
Transportation of Domestic Solid Wastes
Disposal of Domestic Solid Wastes (Leachate Treatment, site
construction, operational cost of landfill and compost facility)
TOTAL

Unit Cost ($/ton)
31.56
8.16

Price ($/year)
178,550,700.00
43,186,800.00

Weight (%)
64.19
15.52

9.68

56,441,375.00

20.29

49.40

278,178,875.00

100.00

3. CONCLUSIONS
In conclusion of the study, as it can be seen from Table
15, the approximate cost of the activities of collecting domestic solid wastes throughout Istanbul, transporting them
from transfer stations, disposing wastes and purifying
waste leakages was calculated to be around 278 million $.
The yearly cost of the general city cleaning services
for Istanbul is approximately around 126 Million $. In
order to optimize the costs concerning disposal of solid
wastes and general city cleaning, at first the activities with
the highest cost, namely solid waste collection activities
have to be optimized. In comparison with other cost components, the cost of domestic solid waste disposal is rather low. Due to this reason, properly determining the
number of personnel to be employed, effective management of the personnel, optimization of collection of domestic solid wastes and increasing the number of transfer
stations as part of planning environmental cleaning activities can be considered important objectives in reducing
costs.
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ABSTRACT

1. INTRODUCTION

Many plants had been used as raw materials in drug
development. One of them is a tropical plant native to
Southeast Asia, named Garcinia cambogia. The extract
obtained from Garcinia cambogia fruits presents hypolipidemic properties, which arise from its high flavonoid
content. The aim of the study was to validate the ability of
HCA-containing Garcinia cambogia extract and flavonoids on cardiac lipid and protein metabolism in old and
obese rats fed high lipid diet. Thirty female, one-year-old
Sprague-Dawley rats were used and separated into three
equal groups. Group 1 (control group) was fed basal diet,
while the diets of both group 2 and 3 contained vegetable
oil and cholesterol (3%). 4.5 % Garcinia cambogia extract
was added to the diet of group 3 from day 45. At the end of
75 days trial period, heart samples of all animals were
promptly excised and homogenized. Cardiac total protein,
triglyceride and cholesterol concentrations were determined in post-mitochondrial fractions of the samples. The
administration of diets containing vegetable oil (10%) and
cholesterol (1.5%) in high levels in group 2 caused an
insignificant increase in triglyceride and cholesterol levels
of heart compared with control group. Also feeding with
4.5% Garcinia cambogia extract added to the diet and
starting on day 45 caused an insignificant decrease in
triglyceride and cholesterol levels in group 3 compared
with group 2. Levels of cardiac total protein showed no
significances between groups. All these findings suggest
that there is a suppressive effect of HCA-containing
Garcinia cambogia extract on cardiac lipid and protein
metabolism in rats fed high lipid diet. According to these
results, Garcinia cambogia can be recommended as a
therapeutic agent against coronary heart disease by reducing cardiac triglyceride and cholesterol levels.

Garcinia cambogia, known as Malabar tamarind, is a
plant that belongs to the genus Garcinia of the family
Clusiaceae (Guttiferae) [1]. The extract, obtained from
Garcinia cambogia fruits, has been suggested to have antifungal, anticancer, antihistamine, antiulcerogenic, antimicrobial and antiviral pharmacological properties [2]. Additionally, the extract presents hypolipidemic properties, which
arise from its high flavonoid content [3], and also antiadipogenic and appetite suppressor effects in experimental
animals [4].
The fruit rind of Garcinia cambogia contains (-)hydroxycitric acid (HCA) which inhibits ATP-citrate-lyase
enzyme that catalyzes the cleavage of citrate to oxaloacetate
and acetyl coenzyme A. This action reduces the acetyl-coA
pool and limits the availability of 2-carbon groups required
for fatty acid and cholesterol biosynthesis [5]. This had
led to suggestions that HCA administration could inhibit
lipogenesis which was confirmed by several studies, resulting in in vivo an in vitro inhibition rates of lipogenesis
in tissues known to convert carbohydrates into fatty acids
(liver, adipose tissue and small intestine) after HCA administration [6].
Cholesterol is a major risk factor for coronary artery
disease. Consumption of diets including high-saturated fat
and cholesterol are associated with increased risk of coronary artery disease [7]. A number of epidemiological studies suggested that dietary flavonoids have a protective role
against coronary heart disease [8], and it was also reported
that flavonoid intake is inversely correlated with mortality
due to coronary heart disease [3, 9]. This study was designed to validate the ability of HCA-containing Garcinia
cambogia extract and flavonoids on cardiac lipid and protein metabolism in old and obese rats fed high lipid diet.
2. MATERIALS AND METHODS

KEYWORDS: Garcinia cambogia, high lipid diet, total protein,
triglyceride, cholesterol

2.1. Treatments of animals and dietary

* Corresponding author

This research project was conducted from 01.05.2007
to 01.11.2009. Thirty, 1-year-old female Sprague-Dawley
rats, weighing 229 g on average, were housed individually

923

© by PSP Volume 21 – No 4. 2012

Fresenius Environmental Bulletin

in standard cages (33x23x12 cm) under controlled conditions of temperature, lighting and humidity. Rats were
randomly assigned to 3 experimental groups of 10 animals each. Diets and tap water were given ad libitum.
Garcinia cambogia rind fruit extract was provided by
General Nutrition Products, Inc., SC, USA. After 1-week
adaptation to housing conditions, group 1 (control group)
was fed basal diet (2% liquid vegetable oil, 0% cholesterol), while the diets of group 2 and 3 contained vegetable
oil (2% liquid- and 5% hydrogenated-vegetable oil) and
cholesterol (3%). Also, 4.5% (w/w) Garcinia cambogia
extract containing 65% HCA was added to the diet of
group 3, from day 45 of experiments. Composition and
calculation of nutrients in diets are indicated in Table 1.
The trial period was 75 days.
At the end of the trial period, all animals were euthanasied by diethyl ether overdose, sacrificed, and heart
samples were promptly excised, weighed and homogenized (3 g of each heart sample). Post-mitochondrial fractions (PMF) were obtained as described by Adaramoye et
al. [10] and Galobart et al. [11], and were stored at -4 oC
until analysis.
2.2. Assay procedures

Cardiac total protein, triglyceride and cholesterol
concentrations were determined using an autoanalyzer
(Tokyo Boeki Medical System TMS1024) and commer-

cial kits (Reactivos Spinreact, S.A., Girona, Spain) in
PMF samples.
2.3. Statistical analysis

The statistical comparisons of PMF total protein, triglyceride and cholesterol between groups were evaluated
with one-way ANOVA. A statistical significance was
considered at P ≤ 0.05. SPSS statistical software package
(version 10.0) was used for statistical analysis. All results
were displayed as means ± SE.
3. RESULTS
The administration of diets containing vegetable oil
(10%) and cholesterol (1.5%) in high levels in group 2
caused an insignificant increase in triglyceride and cholesterol levels of heart compared with control group. Also
feeding with 4.5% Garcinia cambogia extract, added to
the diet and starting on day 45, caused an insignificant
decrease in triglyceride and cholesterol levels in group 3
compared with group 2. Total protein levels of group 3
were found to be higher than control and group 2.
No statistically significant changes were observed in
weights of heart tissues, and in the activities of cardiac
total protein, triglyceride and cholesterol concentrations
between groups (Table 2).

TABLE 1 - Composition and calculation of nutrients in diets.
Group 1
Group 2
Group 3
Composition of nutrients (%)
Cracked barley
23
11
5.5
Cracked wheat
42.5
42.5
52.5
Rasmol
15
15
5
Soybean meal
14.5
17.5
17.5
Fish meal
2
3
4
Liquid vegetable oil
2
2
2
Vitamin-mineral mixture
1
1
1
Cholesterol
3
3
Hydrogenated vegetable oil
5
5
Garcinia cambogia extract
4.5
Calculation of nutrients
Metabolisable energy (MJ/kg)
12.5
13.7
13.7
Crude Protein (%)
19.5
19.5
19.5
Vitamin-mineral mixture, kg: Vitamin A 12.000 IU, Vitamin D3 1.500 IU, Vitamin E 104 IU, Vitamin K 15 mg, Vitamin B1 14 mg, Vitamin
B2 11 mg, Vitamin B6 14 mg, Vitamin B12 20 mg, Folic acid 2.5 mg, Nicotinic acid 78 mg, Pantothenic acid 26 mg, Biotin 334 mg, Choline
chloride 1635 mg, Selenium 0.36 mg, Cobalt 0.46 mg, Iodine 1.41 mg, Zinc 95 mg, Manganese 68 mg, Copper 20 mg, Iron 104 mg

TABLE 2 - Effect of Garcinia cambogia extract on cardiac total protein, triglyceride and cholesterol of rats fed high lipid diet.
Total Protein

Triglycerides

Cholesterol

(g/100 g)

(mg/100 g)

(mg/100 g)

Group 1

2,56 ± 0,43

281,43 ± 75,17

62,29 ± 9,52

Group 2

2,47 ± 0,74

314,90 ± 90,29

66,10 ± 20,15

Group 3

2,46 ± 0,87

280,75 ± 66,70

64,08 ± 20,28

Group 1: Control group; Group 2: High lipid diet-fed group; Group 3: High lipid diet-fed group and Garcinia cambogia extract-supplemented (after
day 45) group. Results are the means ± SD (n=10). P< 0.05 compared with control.
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4. DISCUSSION
Garcinia cambogia, also known as Malabar tamarind,
is popularly used as an ingredient of dietary supplements
for weight loss in developed countries. (-)-Hydroxycitric
acid (HCA), the primary acid in the fruit rinds of
Garcinia cambogia [12], has been shown to be active in
suppressing appetite and body fat accumulation in experimental animals [13, 14]. Obesity, particularly with visceral fat accumulation, is a serious risk factor for socalled lifestyle-related diseases, such as cardiovascular
disease. Therefore, antiobesity foods and food ingredients
may avert obesity, possibly leading to prevention of lifestyle-related diseases, if they are effective in reducing
body fat accumulation [15].
HCA is a potent competitive inhibitor of ATP-citratelyase enzyme which is an extramitochondrial enzyme
catalyzing citrate to oxaloacetate and acetyl coenzyme A
[16]. By this inhibitory action, HCA reduces acetyl-CoA
pool, thus limiting the availability of 2-carbon groups
required for fatty acid and cholesterol biosynthesis. In this
respect, HCA might promote weight maintenance by
inhibiting or limiting de novo lipogenesis capacity [17].

In a study of Uko et al. [21], it was reported that high
levels (20 mg/100 g body weight) of Garcinia kolatreated Wistar albino rats showed an insignificant decrease (P<0.05) in serum total protein. Similarly, the data
of Adaramoye [20] in male to strain mice treated with a
high dose of kolaviron (200 mg/kg body weight), showed
an insignificant decrease (P<0.05) in levels of serum
protein. On the contrary, Saito et al [16] stated that in
Zucker obese rats fed (30.2 g HCA/kg diet) Garcinia
cambogia-containing diet leads to an insignificant increase in serum total protein levels. In this study, addition
of 4.5% Garcinia cambogia extract to diet caused an
insignificant slightly decrease in cardiac PMF total protein. This data was contrary to that of Saito et al. [16] but
showed parallelism to the data of Adaramoye [20] and
Uko et al. [21].
In conclusion, all these findings suggest that there is a
suppressive effect of HCA-containing Garcinia cambogia
extract on cardiac lipid and protein metabolism in rats fed
high lipid diet. According to these results, Garcinia cambogia can be recommended as therapeutic agent against
coronary heart disease by reducing cardiac triglyceride
and cholesterol levels.

Dietary cholesterol has been reported to promote the
elevation of plasma cholesterol. It has been reported that
the presence of high cholesterol in the diet exhibited to
elevate serum and aortic tissue cholesterol and aortic
atherosclerosis. Previous studies indicated that there is a
linear correlation between dietary cholesterol intake and
mortality from heart diseases [10].
Hertog et al. [9] reported an irreversible correlation
between dietary flavonoid intake and the incidence of
coronary artery disease in elderly men. In a study of Keli
et al. [18], it was suggested that certain flavonoids may be
stored in blood vessels and there exert antiatherogenic
effects.
Koshy and Vijayalakshmi [3] studied the impact of
certain flavonoids on lipid profiles. They reported that
administration of flavonoids from Garcinia cambogia
produced a significant reduction in the concentrations of
cholesterol and triglycerides in the hearts of SpragueDawley male rats. Percentage of reduction from Garcinia
cambogia in the heart was 29% in case of cholesterol but
22% in case of triglycerides. They also reported that very
high doses are ineffective. In another study, it was observed that Garcinia cambogia flavonoids made effective
reductions in cholesterol and triglyceride levels in the
hearts of normal and hypercholesterolemic SpragueDawley male rats [19]. In the present study, feeding of
Garcinia cambogia extract added to atherogenic diet
caused an insignificant decrease in heart triglyceride and
cholesterol levels of rats. These data show similarity to
the studies of Koshy et al. [19] and Koshy and Vijayalakshmi [3]. The reasons of this reduction may be due to
the hypolipidemic activity of HCA, found in Garcinia
cambogia extract in terms of inhibition of cholesterol
synthesis and suppression of body fat accumulation.
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