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DRINKING WATER HETEROTROPHIC PLATE COUNT:
MONITORING METHOD PRECISION
Bingjie Zhao, Andrew Amis Randall* and James S. Taylor
University of Central Florida, Civil and Environmental Engineering Department, P.O. Box 162450, Orlando, FL 32816-2450, USA

ABSTRACT
A method was developed to monitor precision for
heterotrophic plate count (HPC) using both blind duplicates
and lab replicates as part of a project looking at pilot drinking water distribution systems. Precision control charts were
used to monitor for changes in assay variability with time
just as they are used for chemical assays. In adapting these
control charts for the HPC assay, it was determined that
only plate counts ≥ 30 cfu per plate could be used for
Quality Assurance (QA) purposes. In addition, four dilutions were used for all known Quality Control (QC) samples to insure counts usable for QC purposes would be obtained. As a result there was a 50% increase in the required
labor for a given number of samples when blind duplicates
and lab replicates were run in parallel with the samples.
The distributions of the duplicate and replicate data were
found to be significantly different and separate control charts
to monitor precision were used. The data did not have a
normal distribution so a probability based analysis for
setting up the warning limit (WL) and control limit (CL)
was developed and compared with the standard method of
the National Institute of Standards and Technology (NIST)
guidelines. The procedure developed gives a method for
monitoring precision for HPCs so that decreases in precision can be identified and corrective action taken.

Protection Agency (USEPA) suggests HPC not exceed
500 colony-forming units per mL (CFU/mL) primarily
because high HPCs interfere with coliform detection [7].
Currently the quantitative quality assurance (QA) tools
used for monitoring accuracy and precision of chemical
assays are not used for microbiological measurements [8]
except enumeration of microspheres [9]. In this paper we
develop a quantitative QA/QC method for monitoring HPC
precision. National Institute of Standards and Technology
(NIST) guidelines for precision [10] specify warning limits
(WL) and control limits (CL) at 2 and 3 standard deviations
above the average range of duplicate samples. For data
with a normal distribution, 5% of valid observations will
exceed the WL and 0.3% of the valid observations will
exceed the CL. Out of control conditions (i.e. requiring
corrective action) occur when a single range value exceeds
the CL or when two consecutive values exceed the WL. For
HPC this methodology has been adapted without any
assumption concerning data distribution. In this case, the
limits serve as monitoring benchmarks of unusual events
with the precision compared to past performance rather than
to known probability boundaries. Analysis of the probability distribution of the complete data set also allowed a
WL and CL with probabilities equal to 5 % and 0.3 % to be
determined and compared to the NIST formula WL ad CL.
2. MATERIALS AND METHODS

KEYWORDS: Quality Control (QC), heterotrophic plate count
(HPC), warning limit (WL), control limit (CL)

1. INTRODUCTION
Enumeration of bacteria in potable water via the cultivation-dependent method of heterotrophic plate count
(HPC) has been used for more than 100 years [1-3]. Concern surfaces periodically regarding the health effects of
HPC [4], however Stine et al. [5] suggests that only 0.048
to 4.5% of bacterial ingestion is from water, with the
majority coming from food [6]. The US Environmental
* Corresponding author

2.1. Sampling Locations

There were 14 identical drinking water pilot distribution systems (PDSs) that were operated for a year and
sampled weekly for the QA data discussed in this paper.
The pilot distribution systems consisted of 6 meters of
0.15 meter diameter PVC pipe, 6 meters of 0.15 meter
diameter lined cast iron pipe, 3.7 meters of 0.15 meter diameter unlined cast iron pipe, and 12.2 meters of 0.05 meter
diameter galvanized steel pipe. The pipes were aged pipes
taken from the full scale distribution systems of the utilities participating in the study. Most duplicates and replicates for HPC samples were taken at the influent or effluent standpipe of several different PDSs which were randomly selected each week. In addition some replicate and
duplicate HPC samples were taken from the tanks that fed
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the potable water to the PDSs. The potable water feeding
the PDSs was a blend of treated groundwater, surface water, and reverse osmosis permeate which simulated the
water received for the full scale systems of the utilities involved in the study. Biofilm HPC coupons were sampled
every 6 weeks during the study and QA duplicate coupons
were incubated for each of the 4 pipe materials and sampled in randomly selected PDSs for each biofilm sampling event. Some of the bulk and biofilm HPC replicates
and duplicates taken were known ahead of time to be QA
samples, while others were blind duplicates where the
analyst did not know which PDS the sample had been
taken from.
2.2. HPC Measurement

HPC was measured by putting a 0.1 mL aliquot taken
from a 100 mL bulk water sample onto R2A agar spread
plates. Incubation was at 25 degrees Celsius for 5 days,
with triplicate plates for each sample dilution. There were
two dilutions for each sample. Four dilutions were used for
lab replicate QA samples and for the known blind duplicates (since the samples that had blind duplicates were
unknown only two dilutions were used just as other samples).
2.3. Biofilm HPC Measurement

Biofilm HPC was measured the same way as bulk
HPC except the samples were scraped from coupons which
had a diameter of 2.54 centimeters for a surface area of
5.06 cm2 except for the lined cast iron coupons which had
an area ranging from 3.0 to 4.5 cm2 (they were not always
perfectly round). All coupons (for each of the 4 materials)
were made from aged pipe from the full scale distribution
systems just as the PDS pipes were. Coupons colonized
by biofilm were sampled and rinsed carefully with phosphate buffer solution (PBS) twice. The biofilm was manually detached from the coupon using a sterile cell scraper
(sterilized with 70% Ethanol and flamed) into 10 mL of
sterile PBS. Samples were homogenized by using a tissue
blender (Tissue TearorTM, Biospec products, Inc,
Bartlesville, OK, USA) at 5000 rpm for 2 minutes. The
tissue homogenizer probe was cleaned in 10% bleach
solution for 15 seconds and then in DI water for 15 seconds between two samples. The sample was then diluted
and spread on R2A agar plate as described in the preceding HPC measurement section. Incubation was at 25
degrees Celsius for at least 5 days, with triplicate plates for
each dilution of a sample. There were two dilutions for
each sample, including the samples with corresponding
blind duplicates. Four dilutions were used for lab replicate QA samples and the known half of the blind duplicates.
3. RESULTS AND DISCUSSION
3.1. HPC Duplicates and Replicates Distribution Tests

After completion of the project it was possible to go
back and determine the type of distribution that described
the bulk HPC and BFHPC. In addition it was obvious that
the NIST calculated warning limit (WL) and control limit
(CL) did not correspond to 95% and 99.7% probability
(e.g. only a 5% probability that a valid observation would
exceed WL) as they would for a normal distribution. This
made it desirable to develop a method to select a WL and
CL for these non-normal distributions where the probability was the same as the NIST WL and CL for a normal
distribution once sufficient data has been gathered (initially
the NIST WL and CL can be used as a starting point).
Statistical tests during the study showed that the log
range (which was used as the QC statistic) of duplicates
was more variable than those of replicates. As a result the
QC analysis was conducted separately for duplicates and
replicates. Separate precision control charts are provided
for blind duplicates and lab replicates in Fig. 1 and Fig. 2,
respectively. As indicated in these figures, the warning
and control limits were initially established from the first
30 ranges not exceeding the CL. Thereafter, the limits
were based on the most recent set of 30 observations that
did not violate the control limit. When an outlier showed
up in the chart, it would not be used in the WL and CL
calculation. The separated duplicate and replicate control
chart worked well for this study. Since December 5th (as
shown in Fig. 1 and Fig. 2 ), there was an upward trend in
both control charts based on the duplicates and replicates.
In January the increase became significant enough to
trigger an investigation into possible problems in the
analytical system. The reason was found to be a change in
storage times for the samples by a new analyst, with the
excessive storage times (from 24-48 hours in the past to
over a week with the new analyst) being the probable
explanation for the higher variability.
EasyFit®(MathWave Technologies, Dnepropetrovsk,
Ukraine) was employed to test the HPC QC data’s distribution. Duplicate and replicate log HPC ranges were used
in the distribution test. Through Kolmogorov Smirnov,
Anderson Darling and Chi-Squared distribution fit tests,
both duplicate and replicate log HPC ranges fitted a loglogistic distribution as shown in Fig. 3 and Fig. 4. The
log-logistic distribution has certain similarities to the
logistic distribution. A random variable is log-logistically
distributed if the logarithm of the random variable is logistically distributed. For a continuous function, the probability density function (PDF) is the probability that the
variate has the value x. Since for continuous distributions
the probability at a single point is zero, this is often
expressed in terms of an integral between two points. In
these two figures, the empirical probability density function (PDF) was displayed as a histogram consisting of
equal-width vertical bars, each representing the number of
sample data values falling into the corresponding interval,
divided by the total number of data points. The theoretical
PDF is displayed as a continuous curve properly scaled
depending on the number of intervals. The scaling means
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multiplying the PDF values by the interval width. Duplicate and replicate data were divided into 20 intervals in

Dupe range

Fig. 3 and Fig. 4.

WL

CL

Log tansformed HPC range (cuf/ml)

3.0
2.5
2.0
1.5
1.0
0.5
0.0
01/23 02/22 03/24 04/23 05/23 06/22 07/22 08/21 09/20 10/20 11/19 12/19 01/18 02/17
Date(01/23/2006-02/17/2007)
FIGURE 1 - Bulk HPC precision control chart based on duplicates
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Dupe range

WL

CL

Log tansformed HPC range (cuf/ml)

1.2
1.0
0.8
0.6
0.4
0.2
0.0
03/14 04/13 05/13 06/12 07/12 08/11 09/10 10/10 11/09 12/09 01/08 02/07
Date (03/14/2006-02/07/2007)
FIGURE 2 - Bulk HPC precision control chart based on replicates
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FIGURE 3 - HPC duplicate QC data probability density distribution (log-logistic)

FIGURE 4 - HPC replicate QC data probability density distribution (log-logistic)
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For application of NIST guideline warning and control limit probabilities, it has been assumed that 5% of
valid observations will exceed the warning limit and 0.3%
of the valid observations will exceed the control limits.
Control violations occur when a single event exceeds the
control limit or when two consecutive events exceed the
warning limit. For a normal distribution, it is assumed that
5% of valid observations will exceed the warning limit
(average±2×standard deviation) and 0.3% of the valid observations will exceed the control limit (average±3×standard
deviation).
Using the full complement of duplicate and replicate
QC analysis for the project according to the NIST standard, the associated control limits and warning limits for
duplicate ranges were 1.04 and 0.79 (log transform). The
control limits and warning limits for replicate ranges were
0.44 and 0.33 (log transform). In Fig. 5 and Fig. 6, cumulative distribution plots were used to determine the actual
probabilities of the NIST WL and CL. The cumulative distribution function (CDF) was the probability that the variate takes on a value less than or equal to x. From Fig. 5,
10.0 % of valid observations exceeded the NIST warning
limit from Fig. 1 of 0.79 and 6.7% of the valid observations exceeded the NIST control limit from Fig. 5 of 1.04.
With replicates QC samples, the percentage over the NIST
warning limit and NIST control limit (Fig. 6) was 14.4%
and 9.4%. To compare these NIST WL and CL values with
the actual probability bounds for this log-logistic distribution the 95% and 99.7% probability bounds were assigned
on Fig. 5 and Fig. 6 also. The warning limits at 95%

probability (i.e. a 5% probability of a valid measurement
exceeding this value) for duplicate and replicate HPC ranges
were 1.31 log and 0.72 log respectively. For both duplicates and replicates the actual 95% probability boundary
was higher than the NIST control warning limit. The control limits corresponding to 99.7% probability were both
off of the chart, and were higher than the highest observed
values in Fig. 1 and Fig. 2. As a consequence the NIST
WL and CL were useful for relative comparison of HPC
precision but were extremely conservative with respect to
actual probabilities (i.e. they would indicate a QC violation when there was nothing wrong). Thus the identification of trends or of higher frequency of NIST control violations over time were rational ways to identify possible
control violations, but the normal NIST rules for control
violations (2 consecutive observations over the NIST WL,
or one observation over the NIST CL) would be overly
conservative, even misleading, for HPC enumeration.
The NIST specified limits may be adopted independently of any assumed distribution of the data as an
arbitrary baseline. If there is no knowledge of the distribution of the data, the limits serve as an indicator of relative change in the variability of a measurement system. If
the distribution is known, then it is possible to determine
the actual probability that corresponds to the limits as
defined by NIST, or to determine the WL and CL based
on probability rather than the NIST calculation. When
starting however, a certain amount of data must be
obtained
be-
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Probability Density

1.1

99.7 %
1

0.9

9
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0.8
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0.5
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FIGURE 5 - HPC QC data cumulative probability distribution function plot (based on duplicates)
99.7 %

Cumulative Distribution
1

0.9
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FIGURE 6 - HPC QC data cumulative probability distribution function plot (based on replicates)
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TABLE 1 - HPC duplicate and replicate NIST WL and NIST CL data summary
Total Number of Observations
No.
190
183

HPC duplicates
HPC replicates

Number > WL
No.
%
38
20.0%
45
24.6%

WL<Number<CL
No.
%
17
9.0%
14
7.7%

Number>CL
No.
%
21
11.1%
31
16.9%

TABLE 2 - Comparison of normal distribution WL and CL with real distribution WL and CL

HPC duplicates
HPC replicates

NIST WL
from chart
(+/- 2s)
0.79
0.33

NIST CL
from chart
(+/- 3s)
1.04
0.44

WL at 95% from Cumu- CL at 99.7% from Cumu- Percent Change of
Percent Change of
lative Probability Density lative Probability Density the WL vs. the NIST the CL vs. the NIST
Function
Function
WL
CL
1.31
2.80
39.69%
62.86%
0.72
1.01
54.17%
56.44%

fore this can be accomplished, and for many studies there
may be insufficient observations to determine the CL since
the probability of 0.3% (3 out of a thousand) implies that
as a minimum many hundreds of observations would be
needed to observe even one true CL violation based on
probability.

tions exceeded the NIST WL and CL. The warning limit
and control limit from the NIST calculations used during
the project were compared with those obtained from the
Cumulative PDF (CDPF in Fig. 5 and Fig. 6) and are shown
in Table 2. It suggested if it was assumed 5% of the observations would exceed the warning limit, the warning limit
should be 1.31 for duplicate samples and 0.72 for replicate
samples, which is significantly different from the NIST
WL and CL used during the study (0.79 and 1.04 respectively). The CPDF warning limits were 39.69% and 54.17%
greater than the NIST warning limits for duplicates and

Table 1 describes the total number of duplicate and
replicate samples and the numbers over the warning limit,
over the control limit and between these two limits. It can
be seen that much more than 5% and 0.3% of the observa1

0.9

0.8

0.7

f(x)

0.6

0.5

0.4

0.3

0.2

0.1

0
0

0.2

0.4

0.6

0.8

1

1.2

1.4

1.6

1.8

2

2.2

2.4

x

FIGURE 7 - BF HPC pooled QC data probability density distribution (Wakeby distribution)
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Cumulative Distribution

1

0.9

0.8

0.7

F(x)

0.6

0.5
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0.2
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2
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FIGURE 8 - BFHPC pooled QC data cumulative distribution function plot

replicates. The CPDF control limits were 62.86% and
56.44% more than the NIST limits.

based on the NIST WL and CL, which are associated with
5% and 0.3% probabilities, are inappropriate. By using a
traveling WL and CL based on the last 30 log ranges the

3.2. Biofilm HPC (BFHPC) Pooled QC data Distribution Fit
Tests

Although for BFHPC, duplicate and replicate warning limits and control limits were statistically different,
the data sets were not big enough to separate them and still
be able to test the distribution. The pooled samples (duplicates plus replicates) were tested and fitted the Wakeby
probability density distribution best as shown in Fig. 7.
The actual warning limit and control limit according to
NIST formulas were 0.47 and 0.61 (log transform). However, from Fig. 8, 4% of the observations would exceed the
NIST control limit and 7.5% the NIST WL. Thus they had
very different probabilities than a normal distribution (0.3%
and 5% from the NIST standard).
BFHPC QC data was analyzed using the pooled total
number of duplicate and replicate samples. The range values were categorized with respect to the NIST WL and CL
used in the study (Table 3). The WL and CL from the
cumulative distribution function were 0.54 and 1.32, which
were 12.96% and 53.79% greater than the NIST limits.
3.3. Suggested HPC QC Chart Set-up

NIST WL and CL are the most practical boundaries to
use for monitoring precision for HPC enumeration at the
beginning of a study. However, since HPC data was not
normally distributed the definitions of control violations
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relative change in variability can be monitored. Thus a
consistent trend of increasing variability would be the
observation that will alert the investigators to look for the
source of the increase. As the cumulative data increases, it
should also be possible to determine a WL5% (i.e. the WL
based on 5% probability) versus the NIST WL (average +
2 ×standard deviation). The WL5% could be used in conjunction with the NIST WL and CL. However determining the CL0.3% will not be practical for many studies due
to the large number of observations needed to determine
it. Thus HPC QC monitoring should be based on the following control violations: a) consistent trend of increasing
variability (i.e. higher NIST WL and CL) over 7 sampling
events (similar to the NIST definition of control violation
due to trends) or b) two consecutive observations exceed
the WL5%. In addition if it is noted that the periodic NIST
CL violations have increased as a fraction of the total QC

observations (i.e. a trend of more NIST CL violations
than in the past) this would also be considered a control
violation that should be investigated.
The first 60 pairs of sample and duplicate data were
used here to make an example of setting up the QC chart.
The initial NIST WL and CL were obtained at 0.300 and
0.378 using the first 30 pairs of data that were not excluded
as CL violations (in this example 4 pairs of data were excluded which exceeded the NIST CL calculated as each
new duplicate pair came in).
To compare with the WL5% gained from the CDF plot,
the cumulative distribution function plot calculation is
listed in Table 4 by using the 60 initial observations from
the duplicate HPC QC data. 60 observations were separated into 10 groups and the bins were 0.14.

TABLE 3 - BF HPC pooled, duplicate and replicate NIST WL and NIST CL data summary

BF HPC Pooled
BF HPC duplicates
BF HPC replicates

Total Number of Observations
No.
77
32
45

Number > WL
No.
%
5
6.49%
1
3.13%
4
8.89%

WL<Number<CL
No.
%
2
2.60%
0
0.00%
2
4.44%

Number>CL
No.
%
3
3.90%
1
3.13%
2
4.44%

TABLE 4 -Simple example for HPC duplicate QC chart set-up (cumulative distribution function calculation)
Data Characteristics
max
1.39
min
0.01
N
60
Cumulative Distribution Function Estimation
Bins
Count
0
0
0.14
28
0.28
17
0.42
7
0.56
1
0.7
4
0.84
1
0.98
1
1.12
0
1.26
0
1.4
1

Total
0
0.47
0.75
0.87
0.88
0.95
0.97
0.98
0.98
0.98
1
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FIGURE 9 - HPC duplicate data setup new QC chart by cumulative distribution function plot

The WL5% can be obtained from the cumulative distribution function plot as shown in Fig. 9. The warning
limit was 0.700 (log transformed). The observations exceeding this WL5% were only 3 and exactly 5% of valid
observations are expected to exceed the WL5%. The NIST
WL for the first 60 duplicate QC data was 0.409. In those
60 observations, there were 8 observations exceeding the
NIST WL, which was 13.3 % of total observations. Thus
if sufficient historical data exists the WL5% can be estimated with well under 100 duplicate pairs and used for
QC purposes.
4. CONCLUSIONS
• A quality control method was developed which allows
monitoring of HPC for precision. The method involves
a modification of traditional methods that use range for
assessment of precision. In this case, a log transform
of the observations is used to generate a range statistic
that is homogeneous over a large variation in HPC values. NIST WL and CL are used to monitor relative
changes in variability rather than using them as probability boundaries.
• HPC precision was quantified only for HPC values
derived from raw plate counts ≥ 30 cfu. Four dilutions
were used on all known QC related samples.
• Laboratory replicate samples yielded a lower variability than blind duplicates for HPC, presumably due to
elimination of variance associated with collection of
separate field samples.
• HPC duplicate and replicate data distributions were
investigated. Log-logistic distribution fit the data the
best.

• BF HPC pooled duplicate and replicate data distributions were best fit by the Wakeby distribution.
• NIST WL and CL are the most practical boundaries to
use for initial monitoring of precision for HPC enumeration. However, since HPC data was not normally
distributed the definitions of control violations based on
the NIST WL and CL, which are associated with 5%
and 0.3% probabilities, are inappropriate.
• HPC QC monitoring should be based on the following
control violations: a) consistent trend of increasing
variability (i.e. higher NIST WL and CL) over 7 sampling events (similar to NIST definition of control violation due to trends) or b) two consecutive observations
exceeding the WL5 %. However care must be exercised
since an accurate estimation of WL5% is only possible
after a very significant amount of data has been obtained. For example with 60 replicate or duplicate pairs
there would be somewhere on the order of an average
of 3 pairs exceeding the WL5% but it would also be
possible for this number to vary significantly with only 60 pairs. The estimation of WL5% would continue to
improve as more replicate or duplicate pairs were obtained. A suggested minimum would be 60 pairs to
provide an initial estimation of WL5%., and as more
pairs come in to continue to improve the WL5% estimate
using all data that do not exceed the current NIST CL,
which should be based on the most recent 30 pairs of
data.
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ABSTRACT
A geochemical and mineralogical study of surface water and sediment was performed at an abandoned Pb-Zn
mining site containing neutralised acidic mine drainage at
Gyöngyösoroszi in Hungary to estimate the risk of the remobilisation of potentially toxic elements along the Toka
Stream from the sediment as a secondary source of contamination. The study was performed in the dry season. The
sediment of the discharge at the neutralised mine drainage
contains primarily amorphous iron hydroxide; however,
despite neutralisation, the concentrations of Zn, Cd, As
and Pb are still above levels that could potentially cause
environmental risk. In addition, the further presence of As,
Cd, Cu, Hg, Pb, and Zn was identified in high concentrations at the abandoned mine tailing. The difference in the
composition of the sediment in equilibrium with the water
and that of the dried sediment suggest that Al, Mn, and Ni
are released and transported primarily in solution. However, because the water quality of the Toka stream that has
been affected by the abandoned mining site is under rehabilitation, the quantity of the potentially toxic element concentrations in the solution were low, with the exception of
Cd and Zn, which were identified at high concentrations;
this was particularly observed at the mine tailing discharge.

weathering of pyrite at the mining sites contributes to the
formation of acid mine drainage (AMD) and is therefore
the dominant process that controls heavy metal mobility
and speciation [1-3]. Pyrite oxidation is a complex process because it involves numerous biogeochemical pathways. In the absence of buffering agents, the oxidative
weathering of pyritic ores results in a decrease in pH,
which increases the solubility of heavy metal-containing
minerals [4-6]. In addition, along streams and rivers, tailing sediments and overbank sediments that are present
downstream represent the risk of heavy metal remobilisation as a secondary source of pollution [7-10]. As a result
of the absorption, coprecipitation and secondary mineralisation that are specific to heavy metal species, the concentrations in solution show a certain removing order downstream of the discharge point [11, 12], although hydrological seasons definitely affect the spatial variation, fate and
transport of metals [13-15]. Under certain geochemical and
hydrological circumstances, AMD can generate significant
loads of contaminants that acidify streams and reservoirs
[16]. Therefore, even at abandoned mining sites, in addition to monitoring, the continuous neutralisation of the
effluents of the mine and the tailings is required to reduce
the environmental risk that is posed by heavy metal migration [17].
The aim of the present study was to investigate the
quality of the surface water of the stream sediments of the
Toka bed stream, which are affected by an abandoned PbZn mine and its tailing dump in North Hungary, with respect to potentially toxic elements in a summer dry season.

KEYWORDS:
abandoned mining site, heavy metal, surface water, sediment

1. INTRODUCTION
2. MATERIALS AND METHODS
Along streams and rivers, neutralised acidic mine
drainage and abandoned tailing sediments that are present
downstream still represent the risk of heavy metal remobilisation as a secondary source of pollution. The oxidative
* Corresponding author

2.1. Site Description and Sampling

In Gyöngyösoroszi, North Hungary, nearly 2.1 Mm3
of sulphide-bearing mining waste was abandoned in 1986.
Starting in 1952, Pb and Zn were mined with a flotation
technique, and the tailing dump was continuously charged
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(a)

(b)

(c)

FIGURE 1 – Geographical location of (a) Hungary, (b) Mátra Mountain and (c) Watershed of the Toka Stream. Sampling points – A: neutralised acidic mine drainage, B: industrial reservoir, C1: mine tailing discharge, C2: mine tailing discharge drainage, which was dried out at
the date of sampling and D: Toka stream below the Gyöngyösoroszi village (S: sediment; W: water sample)

with the mining waste. The site is now under rehabilitation, and it will be submitted to a new revegetation process by the end of 2011. There are two water discharges
to the Toka stream: a discharge (C1) from the tailing
dump, where remediation has not yet been completed, and
another discharge (A) from the AMD that was treated
with Ca(OH)2 and settled (Fig. 1).
At the sampling points A and C1, the water and sediment samples were taken (long. 47°51'53.02" N, lat.
19°52'23.69" E, and long. 47°50'25.39" N, lat. 19°53'18.95"
E, respectively) in a dry season during September, 2009.
In addition, dry sediment was obtained, in which the secondary mineralisation on the surface of the tailing discharge channel was assumed (C2; long. 47°50'24.70" N,
lat. 19°53'19.91" E). Additional water samples were procured downstream from the Toka; one (B) was obtained
from the tube that transports water from Toka to the flotation processing and another (D) was obtained from below
the bridge downstream of the village (long. 47°50'49.85"
N, lat. 19°52'34.63" E, and long. 47°49'10.90" N, lat.
19°53'56.87" E, respectively).
C1S is the sediment that was obtained from the drainage of the mine tailing where possible natural neutralisation processes by original buffering agents may have
occurred during the last three decades, while C2S represents the sediment that was formed when the water drainage from the tailing dried out, and its total element con-

tent appeared in solid phases. Therefore, C1S primarily
represents small particles of primary minerals and chemical forms that are unstable in solution of less than pH
5.90, which precipitate and are transported further in the
solid phase, while in C2S, all of the elemental content that
was released from the mine tailing should be found in its
precipitated form. Because AS is the sediment that resulted
from the artificial neutralisation of the AMD with Ca(OH)2,
which was added in this sample, primarily hydroxides and
sulphates were expected as the precipitates.
2.2. Sample treatment and analyses

The sediment samples were first air-dried and then
sieved using a standard sieve with a 2-mm diameter
(Fritsch, Germany). The mineralogical composition of the
sediment was determined using a Philips X-Pert MPD Xray diffractometer. The crystalline phases that were obtained using a computer program (X Pert High score 2002,
Philips) were selected by comparing the d-values from the
JCPDF cards that were listed in the Powder diffraction
file [18]. A semi-quantitative mineralogical analysis was
performed as described by Boldrin et al. [19]. The elemental concentrations in the sediments (f <2 mm) were
determined in aqua regia extracts at the ACTLABS commercial laboratory, Ontario, Canada, using inductively
coupled plasma mass spectroscopy (ICP-MS) and the program “Ultratrace 2”. The solution was diluted and ana-
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lysed using a Perkin Elmer SCIEX ELAN 6100 ICP-MS
instrument for 44 elements. For the discussion, the elements that were typically present at the Pb-Zn mining sites
were selected; any potentially toxic elements with very low
concentrations, e.g., Ag, Sn and Hg, were omitted.
Water samples were taken manually, and they were
deposited directly into pre-cleaned 250-mL PFA bottles.
In the laboratory, they were acidified by the addition of
super-pure concentrated HNO3 (0.5 mL in a 250-mL sample) and were additionally digested by UV irradiation (24 h,
150 W low-pressure Hg-lamp) to destroy any organic matter.
The water samples were analysed using high resolution
inductively coupled plasma mass spectroscopy (HR ICPMS). For ICP-MS, the detection limit for all of the elements was below 1 ug L-1. The measurements were repeated three times for each sample. Before the ICP-MS analysis
was performed, the samples were filtered (0.45 µm polycarbonate). Element2 HR ICP-MS (Thermo Finnigan,
Bremen, Germany) was used for the determination of
23 trace elements. The samples for the analyses were
prepared in pre-cleaned polyethylene tubes by adding
100 µL of concentrated HNO3 and 50 µL of indium (115)
internal standard (0.1 mg/L) into 5 mL of a sample aliquot.
The concentrations of the elements were determined by
means of external calibration plots. No special setup of the
instrument operating conditions was needed [20]. The pH
of the water samples was measured in the laboratory by
Orion PerpHecT Meter, model 320 using a combined
glass electrode.
3. RESULTS AND DISCUSSION
3.1. Sediment samples

Mineralogical composition: the mine tailing was previously assessed based on hyperspectral remote sensing
data that were obtained under the Hysens Programme. According to the results, the contents include sulphides, such
as pyrite, sphalerite, galena, buffering agents, such as
calcite and illite, and iron-bearing minerals, such as siderite, jarosite and goethite [21]. In addition, the mineral
composition of the mine tailing was analysed by XRD and
SEM/EDX; the results have been provided by Kovács et al.
[22].
The XRD analysis of all of the samples studied in the
present work showed that the dominant mineral phase was
quartz [SiO2], which is a primary mineral. The minor mineral was calcite [CaCO3], which was found only in the AS
sample at the neutralised mine drainage at an abundance of
10-30%, while anorthite [CaAl2Si2O8] in the C2S sample
and muscovite [KAl2Si3O10(OH)2] in the AS sample were
found at an abundance of 5-10%. A significant difference
was found in the trace minerals (<5%), such as in the C1S
sample, where pyrite [FeS], tetrahedrite [(Cu, Fe, Zn, Ag)24
(Sb, As)8 S26], sanidine [KAlSi3O8], muscovite, and illite
[(K,H3O)(Al,Mg,Fe)2(Si,Al)4O10[(OH)2,(H2O)]] were detected; in the C2S sample, [Al3(SO4)2(OH)5·9H2O] was pre-

sent. In the AS sample, butlerite [Fe (SO4)(OH)·2H2O] and
illite could be identified. The mineralogical composition of
the samples is detailed in Table 1.
By comparing the assumed mineralogical composition of the mine tailing and the measured composition of
the sediment, among the tracers, no secondary Pb- and
Zn-bearing minerals or other potentially toxic elements
could be identified with XRD. In addition, ferric hydrate,
[Fe4O3(OH)6] or jarosite, [KFe3(OH)6(SO4)2], could not be
identified as secondary minerals of pyrite, and gypsum,
[CaSO 4·2H 2O], which is a commonly occurring mineral
where acidic mine drainage is neutralised with added
Ca(OH)2, was absent as well. Therefore, it can be assumed
that the significant retention of solid phases that bore potentially toxic elements occurred in both the sediment that
resulted from the artificial neutralisation of the acid mine
drainage and the mine tailing, in which natural geochemical processes, such as zonal acidification, neutralisation and the redistribution of particles, were confirmed.
The results for the trace minerals, however, can only be
considered tentative due to the limitation of the XRD
method.
TABLE 1 – Minerals in the sediment samples detected by XRD
Mineral
Quartz
Calcite
Anorthite
Muscovite
Pyrite
Tetrahedrite
Sanidine
Illite
Butlerite
Talc
Tridymite
Tetradymite
Sophiite
Gupeiite
Halite
Sylvite
Sodium tecto-alumotrisilicate
Al3(SO4)2(OH)5·9H2O
Zirconia
Lavendulan
Tricopper(I) tetraselenoantimonate
+: presence of the mineral

C1S
+
+
+
+
+
+

C2S
+
+
+

AS
+
+
+

+
+

+
+
+
+
+
+

+
+
+

+
+
+
+

Total element concentrations: concentrations of the
selected elements and the maximum admissive values
(MAD) for geological media in Hungary are presented in
Table 2. The highest concentration of Fe that was found
in the C1S sample cannot be explained with the trace
minerals that were found in that location because neither
hematite nor goethite was found. Therefore, it can be
assumed that Fe is in the form an amorphous iron hydroxide. The existence of tetrahedrite in the C1S sample can be
supported by the elevated concentrations of Zn, Ag, Sb,
As, Cu and S that were observed. The highest concentration of Al that was found in the C2S sample can justify the
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formation of the white secondary aluminium phase, such
as Al3(SO4)2(OH)5·9H2O. In a weathering study of pyrite,
Darmody et al. [23] reported that the white coatings that
were formed at pH >5 were Al compounds. The highest
concentration of Ca that was found in the AS sample supports the identification of calcite by XRD. The presence
of butlerite can be explained as weathering product of
pyrite, while Tl that was found in the investigated sediments was also detected in a pyrite slag deposing area by
Yang et al. [24].
TABLE 2 - Concentrations of major and selected trace elements in
sediments and the relevant maximum admissive values for geological media
Element
C1S
C2S
AS
MAD*
Fe (%)
4.42
3.37
2.07
Al (%)
2.7
4.08
1.4
Ca (%)
0.75
1.78
3.24
Mg (%)
0.47
0.59
0.37
S (%)
1.019
0.362
0.221
K (%)
0.22
0.25
0.15
Mn (mg kg-1)
599
876
1800
Ni (mg kg-1)
8.4
15.1
10.9
40
-1
Cu (mg kg )
220
44.5
10.8
75
Zn (mg kg-1)
670
218
1200
200
As (mg kg-1)
240
64.9
22.3
15
Cd (mg kg-1)
2.2
0.9
8.6
1
-1
Pb (mg kg )
939
85.9
30.3
100
Ag (mg kg-1)
1.68
0.172
0.063
Sn (mg kg-1)
8.15
1.9
0.76
-1
Tl (mg kg )
2.63
1.54
0.67
Cr (mg kg-1)
25.2
36.2
17.9
75
Hg (mg kg-1)
1.760
1.040
0.137
0.5
C1S: tailing discharge sediment; C2S: dried tailing discharge sediment;
AS: treated AMD sediment; * MAD – maximum admissive value established by the Decree of the Hungarian Ministry of Environment and
Water, Ministry of Health, and Ministry of Agricultural and Rural
Development No. 6/2009 (14.04.2009), Appendix 1

Despite the neutralisation and sedimentation of the
acidic mine drainage, the concentrations of Zn, Cd, and As
that were detected in AS were still above the levels that
could potentially cause environmental risk, and these elements were further transported in a small particle solid
phase in the Toka Stream even though the trace mineral
hosting could not be identified with XRD.
When considering C1S and C2S, the difference in the
element concentrations is an indicator of the stability of the
potential hosting solid phases. The higher element concentrations in C1S, which particularly included Fe, Cu, Zn, As,
Cd, and Pb, indicate that these elements are the least stable
mineral forms in solution under the pH and chemical composition of the drainage. However, for C2S, in which the
dried sediment had a higher element concentration, which
included Al, Mn, and Ni, the difference indicates that the
element content was released and transported primarily in
solution in the surrounding environment of the Toka Stream
valley.
When compared to the MAD values for geological
media (Table 2), the C1S sample shows that several toxic
elements, including Cu, Zn, As, Cd, Pb, and Hg, occur in
elevated concentrations, and they can potentially cause

toxic effects under variable environmental conditions, e.g.,
pH change or microbiological transformation, which could
lead to dissolution if they were transported.
3.2. Surface waters

Element concentrations and pH of water: the pH values, element concentrations and the relevant environmental quality standards for the surface water are given in
Table 3.
The release from the acidic mine drainage that was
neutralised with Ca(OH)2 is represented by AW, in which
the Mn and Al concentrations can be considered to be
high; however, the concentration of Fe was slightly elevated according to the Hungarian Standard 12749:1993
(which, however was not valid in 2010). According to the
relevant environmental quality standards that were provided in Directive 2008/105/EC, the Cd concentration just
reached the maximum allowable concentration given for
waters with hardness of ≥ 200 mg CaCO3 L-1. According to
the Water Quality Classification for the Danube River
Basin [25], the concentrations of Cu, Pb, Ni and Cr were
below the target values, while As was approximately 2.5,
Cd was approximately 15, and Zn was approximately
30 times higher than the corresponding values. Based on
the data that were cited by Fügedi [26], in 2004, the
effluent of the mine that lacked neutralisation contained
13,371 µg L-1 Zn, while the treatment resulted in 456 µg L-1;
this is more than three times higher than the actually measured value. The concentration of Cd in the treated effluent
was reported to be 2.1 µg L-1 in 1994, while in 2004, it was
found to be below the detection limit; however, ICP-MS
technique identified its presence at approximately 1.5 µg L-1.
The concentration was found to be 1.24 µg L-1 in 1994,
and it has been reported to be currently below the detection limit, although ICP-MS identified its presence in low
concentrations, but the concentrations were higher than in
1994. The concentrations of Cu and Pb were already found
to be low for both the untreated and treated effluents in
1994.
The BW sample represents the water quality of the
Toka Stream downstream from the mine. The concentrations for most of the elements were lower than for the AW
sample, the elevations in Ni and Zn concentrations were
also not considerable, and pH was close to a natural value.
For the DW sample, among the measured elements, only the
dissolved Pb and As concentrations were slightly higher
when they were compared to the BW sample. However, at
the sampling time, potentially toxic element concentrations in Dw sample did not reflect the direct additional
effect of the mine tailing. The C1W sample represents the
output of the mine tailing entering the Toka Stream through
a channel, which seasonally dries out (represented by the
C2S sample). Here, excluding Al, all of the element concentrations were very much higher than for the AW sample, though the pH was 5.90 due to the natural geochemical neutralisation processes in the abandoned mine tailing.
Fe concentration was 22, Mn was 18, Ni was 112, Cu was
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TABLE 3 - Concentrations ± standard deviations of elements in µg L-1 determined in water (detection limit for all elements is below 1 ug L-1),
pH and the relevant environmental quality standards
Elements AW
ICP-MS

BW
ICP-MS

C1W
ICP-MS

DW
ICP-MS

Fe

465

± 23

398

± 8

10175 ± 257

37

± 1

EQS*
AA-EQS
Inland surface
waters
NG

Al

400

± 26

109

± 3

355

5

± 2

NG

NG

NG

Mn

750

± 23

595

± 22

13412 ± 317

74

± 11

NG

NG

NG

Ni

0.29

± 0.05

0.63

± 0.02 32.6

± 0.9

0.82

± 0.03

20

NA

1

Cu

0.30

± 0.02

0.37

± 0.04 21.7

± 0.2

1.2

± 0.1

NG

NG

2

Zn

138

± 7

221

± 9

2612

± 193

143

± 2

NG

NG

5

As

2.3

± 0.2

1.4

± 0.1

2.69

± 0.09

2.0

± 0.1

NG

NG

1

Cd

1.46

± 0.07

1.44

± 0.03 9.4

± 0.5

0.61

± 0.03

0.41

± 0.01

0.29

± 0.01 2.1

± 0.1

1.83

± 0.05

≤0.45 (class 1)
0.45 (class 2)
0.6 (class 3)
0.9 (class 4)
1.5 (class 5)
NA

0.1

Pb

≤0.08 (class 1)
0.08 (class 2)
0.09 (class 3)
0.15 (class 4)
0.25 (class 5)
7.2

Tl

2.4

± 0.1

1.60

± 0.03 1.56

± 0.09

0.88

± 0.03

NG

NG

NG

Cr

0.026

± 0.004 0.094 ± 0.004 0.06

± 0.01

0.024 ± 0.004 NG

NG

2

pH

4.0

7.4

NG

6.5-8.5

6.1

5.9

± 4

NG

MAC-EQS
Inland surface
waters
NG

Target Value for Danube River Basin**
NG

1

AW: treated AMD; BW: industrial reservoir; C1W: tailing discharge; DW: Toka Stream at Gyöngyösoroszi village. * EQS: Environmental quality
standards for inorganic micropollutants according to the Directive 2008/105/EC, AA: annual average, MAC: maximum allowable concentration; for
Cd, EQS values vary depending of water hardness specified in five class categories (Class 1: <40 mg CaCO3 L-1, Class 2: 40 to <50 mg CaCO3 L-1,
Class 3: 50 to <100 mg CaCO3 L-1, Class 4: 100 to <200 mg CaCO3 L-1, and Class 5: ≥ 200 mg CaCO3 L-1 ; ** Target values for Danube River Basin
according to the Trans National Monitoring Network (TNMN) Yearbook 2001, published by the International Commission for the Protection of the
Danube River (ICPDR); NA: not applicable; NG: not given

72, Zn was 19, and Cd was 6.5 times higher, approximately than the corresponding values for the neutralised AMD.
Thus, in rainy seasons, the mine tailing having very high
element concentrations for most of the measured elements
compared to Bw and Dw, definitely has negative effect on
the water quality of the Toka stream. In this way, dissolved
Zn and Cd concentrations are expected to be even higher
than at the neutralised AMD discharge point.
Considering Tl, although it is not controlled by any
EU or national surface water quality standards, in the AW
sample, it was found to be ten times higher than the data
that were suggested as a maximum in the FOREGS database for Hungary (0.22 µg L-1) [27], and it was more than
three times higher than the maximum that was suggested
by the Canadian Water Quality Guidelines (0.8 µg L-1 for
fresh water) [28].
3.3. Relations between sediment and water composition

Considering the relations between the element content of the water and the sediment samples, the locations
A and C1 can be compared. For the neutralised acidic
mine drainage and the abandoned mine drainage, the
equilibria that were assumed between the solid and water
phases that based on the low flux for the former case and
no flux at all in the latter case resulted in different ratios.
In the former (A), all of the elements were concentrated in
the sediment, while in the latter (C1), only Fe, Al, Cu, As,
and Pb were concentrated in the sediment, whereas Mn,

Ni, Zn, and Tl still remained in the solution in considerable amounts. High concentrations of toxic elements Cu,
As and Pb in the sediment suggest their adsorption on
amorphous iron hydroxide [29].
Concentrations of toxic elements Mn, Ni, Cu, Zn, Cd
and Pb in water of treated effluent are significantly lower
than in the mine tailing effluent, suggesting their efficient
removal from the water. Some of them, such as Mn, Zn
and Cd are possibly incorporated in calcite structure,
detected by XRD in sample A. Mn behaves similarly to
Zn and Cd. These metals are strongly sorbed under neutral pH conditions, although in acidic conditions are readily desorbed and are stable in solution.
Altogether, the results for the dry season revealed that
most of the investigated elements remained within the
area of the mine, which suggests their significant removal
from solution by neutralisation. However, the mine tailing
is a considerable source of the potentially toxic elements,
since its effluent enters the Toka stream in rainy seasons,
and its element concentrations are very high both in solution and sediment. However, in rainy seasons, water flow
rate of the Toka stream and that of the AMD also increases contributing to dilution, while sediment transport may
take place, as well. Thus the overall effects of the AMD
and the mine tailing to the water quality of the Toka stream
should be approached in a more complex way, in-cluding
geo-hydrological aspects. As seasonal water quality variations were found for rivers affected by acid mine drainage
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at other, similar sites [30], further studies will aim to
monitor changes in the rainy seasons to investigate the
complex effect of different water loads on both the dissolution and desorption from the contaminant sources and
the dilution by the surface water.

REFERENCES
[1]

García, C, Ballester, A., González, Blázquez, M.L. and
Acosta, M. (1996). Chemical and microbiological transformations in a pyritic tailing pond. Minerals Engineering, 9
(11), 1127-1142.

[2]

Hayes, K.F., and Traina, S.J. (1998). Metal ion speciation
and its significance in ecosystem health. In: Huang, P.M,
Adriano, D.C., Logan, T.J., and Checkai, R.T. (Eds.), Soil
chemistry and ecosystem health. SSSA Special Publication
52, Madison, USA, 45-84.

[3]

Lacal, J., Silva, M.P., García, R., Sevilla, M.T., Procopio,
J.R., and Hernández, L. (2003). Study of fractionation and
potential mobility of metal in sludge from pyrite mining and
affected river sediments: changes in mobility over time and
use of artificial ageing as a tool in environmental impact assessment. Environmental Pollution, 124, 291-305.

[4]

Salomons, W. (1995). Environmental impact of metals derived from mining activities: Processes, predictions, prevention. Journal of Geochemical Exploration, 52, 5-23.

[5]

Fowler, T.A., and Crundwell, F.K. (1999). Leaching of zinc
sulfide by Thiobacillus ferrooxidans: Bacterial oxidation of
the sulfur product layer increases the rate of zinc sulfide dissolution at high concentrations of ferrous ions. American Society for Microbiology, 65 (2), 5258-5292.

[6]

Puura, E. and Neretnieks, I. (2000). Atmospheric oxidation of
the pyritic waste rock in Maardu, Estonia, 2: An assessment
of aluminosilicate buffering potential. Environmental Geology, 39 (6), 560-566.

[7]

Pagnanelli, F., Moscardini, E., Giuliano, V. and Toro, L.
(2004). Sequential extraction of heavy metals in river sediments of an abandoned pyrite mining area: pollution detection
and affinity series. Environmental Pollution, 132, 189-201.

[8]

Cappuyns, V., Swennen, R., Vandamme, A. and Niclaes, M.
(2006). Environmental impact of the former Pb-Zn mining
and smelting in East Belgium. Journal of Geochemical Exploration, 88, 6-9.

[9]

Giuliano, V., Pagnanelli, F., Bornoroni, L., Toro, L. and Abbruzzese, C. (2007). Toxic elements at a disused mine district: Particle size distribution and total concentration in
stream sediments and mine tailings. Journal of Hazardous
Materials, 148, 409-418.

4. CONCLUSIONS
The discharges of abandoned Pb-Zn mining sites, such
as Gyöngyösoroszi in Hungary, of both acidic mine drainages that are neutralised and mine tailings still require
continuous monitoring because under acidic to near neutral
pH values, most of the dissolved potentially toxic elements
are present in elevated concentrations; downstream of the
mine discharge, these may still cause inadequate water
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ABSTRACT

vacrol, eucalyptol etc.) in natural herbal extracts (thyme,
eucalyptus, etc.).

In this study, the safety dose of Eucalyptus camaldulensis hydrosol on carp (Cyprinus carpio) was investigated. Powdered eucalyptus leaves were mixed with deionized water and then distilled. The hydrosol was added into
aquariums at doses of 0.05, 0.10 and 0.15 ml L-1. Temperature, pH, hardness and dissolved oxygen level of the
water were recorded before and after hydrosol adding.
The control and test experiments were repeated three times.
Data obtained from the safety dose tests of E. camaldulensis hydrosol were evaluated using the Probit Analysis
Statistical Method. The 5-h LC50 value (95 % confidence
limit) of the safe dose of E. camaldulensis hydrosol was
estimated to be 0.93 ml L-1 (0.03-0.11). It can be seen that
0.05 ml L-1 doses of eucalyptus hydrosol do not create
any kind of mental disorder. In the fish exposed to 0.10
and 0.15 ml L-1 doses, some mental disorders (rolling,
numbness) and, at the end of 5 h, mortality in all the trial
fish have been determined. The number of dead fish was
significantly exposed to E. camaldulensis hydrosol (P<
0.05).
KEYWORDS:
Hydrosol, Eucalyptus camaldulensis, Cyprinus carpio

1. INTRODUCTION
Antibiotics have been used to protect hydrophilic beings from pathogens, to stimulate growth, and to enhance
the productivity for long years. However, it is illegalized
to give antibiotics in food as growth performance enhancer both in Turkey and EU countries because of the increasing risk of resistance against pathogens in animals [1,
2, 3, 4] and in terms of food safety [5, 6] These conditions
have accelerated studies for developing new feed supplements as an alternative to antibiotics. Researchers have
focused especially on essential oils (thymol, eugenol, car* Corresponding author

Eucalyptus is a diverse genus of trees (rarely shrubs),
and its homeland is Australia. Eucalyptus type has come
to Turkey with E. camaldulensis type in 1885. As it is an
exotic type and grows fast, eucalyptus trees are widespread
in subtropical parts of Turkey [6]. Eucalyptus in Turkey
was used in packaging, wallboard and toy industries as fuel
wood. However, nowadays, it has been used for different
aims, such as treatment with the help of nectars [7].
Eucalyptol, one of the valuable materials used in
chemistry and obtained by distillation of eucalyptus leaves,
is a potent antiseptic and anti-bacterial agent and often used
externally in the treatment of small cuts, wounds, burns,
sores and ulcers.
The use of floral waters, also known as hydroliths and
hydrosols, has gained increasing speed in alternative medicine. Floral waters are formed during the extraction process when the botanical material is subjected to distillation. They contain water-compatible constituents and are
free of very lipophilic substances that make up the essential oils. It is this filtered water, with remaining plant and
fragrance molecules that are referred to as floral waters,
hydrolytes or hydrosols [8].
Dogs and horses are tolerable to volatile oil just like
humans, but since cats do not have enzymes in their liver
which break down this oil that can cause toxicity, they are
not tolerable. Thus, hydrosols can be used on cats safely.
Birds are more sensitive, and the recommended dose is 24 drops of a hydrosol in a bowl of fresh water [9]. Essential oil from the leaves of E. camaldulensis ranges from
less than 1 to over 2 % (main component is 1.8 cineole,
15-78 %). Other constituents in the leaves are flavanoids
tannins, resins and waxes [10]. The common species in
Turkey is E. rostrata (E. camaldulensis) [11].
Moderate use of eucalyptus is considerably safe but
excessive amounts can be harmful because of congestion
(excessive accumulation of blood in a body part), especially in aquatic creatures. Antiviral, antibacterial, antifungal and insecticidal effects of eucalyptus leaves in
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almost all species are known [12, 13] but have been rarely
observed in hydrophilic beings. In literature reviews, no
studies have been found on the safety dose of eucalyptus
leaf hydrosols (E. camaldulensis) on carp (C. carpio).
In this study, applicability of hydrosol therapy in aquaculture has been investigated. The aim of the study was
to determine the safety dose of hydrosols obtained from E.
camaldulensis. In the second stage, therapy doses and
methods were determined [14, 15].
2. MATERIALS AND METHODS
2.1. Experimental part

Thirty C. carpio fish were used in this study (average
weight 475±11 g, length 31.0±4.0 cm) and fed for 1 week
in stock aquariums to be acclimatized. After adaptation
period, 90 fish (3 replicates) were transferred to 50-L
aquariums. Temperature, pH, hardness and dissolved oxygen level of the water were recorded before and after addition of hydrosols.

of the water before hydrosol applications are shown in
Table 1.
TABLE 1 - Physical characteristics
of aquarium water used in experiments.
Temperature
(oC )

pH

Hardness

Dissolved oxgenDO (mg/L)

19

7.8

31d (310
CaCO3)

6.67

After determination of temperature, pH, hardness and
DO level of water, the hydrosol was added and carps were
transferred into aquariums. Hydrosol concentrations were
set up using doses of 0.05, 0.10 and 0.15 ml L-1 to determine mortalities and effects on both pH and DO. The data
were observed macroscopically. In the second and third
experimental groups (0.10 and 0.15 ml L-1), after 2.5 h,
lethargy could be seen. Breathless and jumping fish were
seen within 4.5 h and all the fishes were dead within 5 h.
(Tables 2 and 3). No mental behavior and/or mortality
were observed in fish at the dose of 0.05 ml L-1 (Tables 2
and 3).

2.2. Preparation of spice hydrosol

Eucalyptus (E. camaldulensis) was purchased from
Kırkambar Baharat Firm/Turkey. C. carpio was obtained
from Pertek Dam Lake (Turkey). A 200-g sample of E.
camaldulensis was ground in an omni mixer. The hydrosol of E. camaldulensis spice was obtained by 1-h hydrodistillation with 500 ml water (1:10; w/v). Then, the oil
was removed by a separation funnel. Hydrosols were kept
in sterile dark-colored bottles (500 ml) under refrigerated
conditions until use.
2.3. Experimental design

A total of 90 fish were used in the experiments. They
were divided into 3 groups of 30 animals as follows:
Group 1 (low concentration): hydrosol-added group at a
dose of 0.05 ml L-1, Group 2 (mid-concentration): hydrosol-added group at a dose of 0.10 ml L-1, Group 3 (high
concentration): hydrosol-added group at a dose of 0.15 ml
L-1. The experiment period was determined as 1 week.
During the experiment, the fish of each group were examined macroscopically.
2.4. Statistical analyses

For statistical analyses, the statistical software package SPSS (version 10.0, SPSS Inc. Chicago, Illinois, USA)
was used. Data were evaluated using the Probit Analysis
Statistical Method. LC50 values (95% confidence limit)
were calculated, and significance levels between the LC50
values obtained and the different exposure times were analyzed using a chi-square test.
3. RESULTS
Initial temperature, pH, hardness and dissolved oxygen values of water were determined. Physical properties

TABLE 2 - Macroscopic symptoms observed in fish exposed to
different hydrosol levels and pH concentrations.
Hydrosol concentrations

pH

Macroscopic symptoms

Group 1 (0.05 ml L ),
n=10
Group 2 (0.10 ml L-1),
n=10

7.90

Group 3 (0.15 ml L-1),
n=10

7.93

No behavioral changes were
observed in fish.
Fish rolled within 2 h. After
2.5 h, lethargy were seen and,
finally, fish died after 5 h.
Fish rolled and laid on its side
within 15 min. Lethargy was
seen within 25 min and,
finally, fish died after 5 h.

-1

7.87

TABLE 3 - Macroscopic symptoms observed in fish exposed to
different hydrosol and DO concentrations (mean values + SD).
Hydrosol concentrations
Group 1 (0.05 ml L-1),
n=10
Group 2 (0.10 ml L-1),
n=10

Group 3 (0.15 ml L-1),
n=10

Dissolved
Oxygen
(DO)
7.3
7.1

7.5

Macroscopic symptoms

No behavioral changes were
observed in fish.
Lethargy was observed
within 2-2.5 h. Breathless
and jumping fish were seen
within 4.5 h and, finally, fish
died after 5 h.
Lethargy was recorded
within 15 min. Then, only
sudden swimming was seen
within 25 min and fish
become very calm. Finally,
fish died within 5 h.

Temperature was 20 °C during the experimental period, and pH increased when compared to the initial value.
A similar finding was observed for DO. LC50 value for E.
camaldulensis hydrosol was 0.93 ml L-1 (Table 4).
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TABLE 4 - The safety dose of E. camaldulensis hydrosol on common
carp (n=30 for each of 3 replicates).
Concentrations (ml L-1)

Numbers of dead fish
5h

Control
0,05
0,10
0,15

0
0
23
30

limited on that of herbal extract hydrosols [21, 27, 28].
The safety dose of E. camaldulensis hydrosol has never
been studied before. Especially wild eucalyptus is endemic
in Turkey, and so it has a special importance for this
study. Fish mortality may be due to volatile oil or other
components of hydrosols, and results herein will be a
reference for future investigations.

LC50= 0,93 ml L-1 (0.03-0.11)

Χ2 value: 0,041 P<0.05
*LC50 values with different superscripts are significantly different (p <
0.05).
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4. DISCUSSION
Herbal products are traded as fresh and dry products,
or as essential oils, and generally used as raw materials for
the extraction of active substances or chemical precursors,
and mainly for the production of teas, homemade-remedies,
fluid extracts and also powders resulting from dried and
comminuted plants, or from drying an extract [16].
Water distillation (hydrosol), the oldest and cheapest
distillation method, is used by most of the researchers.
Studies have been conducted on antimicrobial properties
of herbs, spices and their derivatives, such as essential oils,
extracts, hydrosols and decoctions [17-23]. Herbal extract
hydrosols are mostly used as antimicrobial agents to prevent the deterioration of stored food by bacteria [21, 24].
Boyraz and Ozcan [25] reported on the in vitro growth
inhibition activity of different derivatives (essential oil,
hydrosol, ground material and extract) of Saturaje hortensis L., collected in Turkey, against two phytopathogenic
fungi, Alternaria mali and Botrytis cinerea.
Safety dose of rosemary hydrosol (Rosemarinus officinalis) on carp (C. carpio) was investigated by Basar and
Dorucu [26]. They used 0.05, 0.075 and 0.10% doses of
hydrosol to determine the corresponding fish mor-tality
periods. Their results showed that behavioral changes in
experimental fish were not observed at 0.05% hydrosol
doses, but all fish were dead at 0.075 and 0.1 % hydrosol
doses within 1 h.
Our study was focused on the safety dose of E.
camaldulensis hydrosol on common carp, and fish mortality was determined. Hydrosol doses of 0.05, 0.10, and
0.15 ml L-1 on common carp were used in this study, and
macroscopically obtained data showed that all fish were
dead at 0.10 and 0.15 ml L-1 levels within 5 h whereas
mental behavior and mortality were not observed in fish
at the dose of 0.05 ml L-1. Our results suggest that LC50
for E. camaldulensis hydrosol is 0.93 ml L-1.
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ABSTRACT
Photocatalyst of TiO2-ZrO2 was successfully prepared
by sol-gel impregnation method containing pure TiO2 and
zirconium (IV) oxide chloride as precursor. The samples
were characterized by X-ray powder Diffraction (XRD),
Transmission Electron Microscopy (TEM) and surface area
and porosity analyzer. The composite photocatalyst was
composed of anatase phase TiO2 and tetragonal phase ZrO2.
ZrO2 could not only effectively suppress the antase phase
transforming to rutile phase, but also enlarge the surface
areas of samples from the result of XRD and surface area
and porosity analyzer analysis. The composite photocatalysts exhibited higher photocatalytic efficiency than pure
TiO2 in the degradation of trclosan under UV irradiation.
The kinetics of composite photocatalyst at different Ti/Zr
molar ratios as well as the photocatalytic reduction of
triclosan at calcination temperatures was studied. The photocatalytic degradation of triclosan was corresponded to
first-order kinetics at different Ti/Zr molar ratios; the reaction rate constant of photocatalyst in optimal preparation
condition was 1.7 times higher than that of pure TiO2. The
reduction of triclosan was decreased as the elevation of
calcination temperature. The orthogonal array design test
was also applied to obtain the optimal parameters and the
order of influencing parameters was: catalyst dosage >
temperature > pH > TCS initial concentration.

agent in a variety of consumer products such as tooth
paste, detergent, soap, shampoos, skin care creams, cosmetics[1, 2]. Triclosan, which is a lipophilic and phenolic
compound (octanol-water partition coefficient log Kow=
4.8, ionization constant pKa = 7.9) and hard to be decomposed against hydrolysis, has been detected in aquatic
environment (waste water, surface water and lake sediments) [3-5] and even been found in human milk, plasma
and fatty tissues [6, 7]. Fig.1 shows the chemical structure
of triclosan. The metabolic systems may be disturbed by
triclosan though it is not acutely toxic substance investigated by Wang and Jacobs [8, 9]. In addition, Environmental Protection Agency of United States (EPA) has
reported that carcinogenic dioxins may arise in the manufacture of triclosan and dioxins can be formed by the sunlight irradiating the triclosan-contaminated natural water
[10]. Due to its widely existing and potential carcinogenic
effects, the presence of triclosan in the aquatic environment and its potential adverse impacts on ecological and
public health are followed closely.

FIGURE 1 - Chemical structure of triclosan
KEYWORDS:
triclosan, photocatalysis, TiO2-ZrO2, sol-gel impregnation

1. INTRODUCTION
Triclosan (5-chloro-2-(2,4-dichlorophenoxy) phenol,
TCS), as one of pharmaceutical and personal care products (PPCPs), has been widely used as an antimicrobial
* Corresponding author

The removal of triclosan from natural waters has
drawn extensive interests [2, 11-13]. Traditional processes,
such as coagulation, thermal destruction, adsorption, can
remove most recalcitrant organic chemicals and still be
used widely today. However, the drawbacks of traditional
methods, for example long period of treatment requiring
and large energy input, cannot be easily overcome. Photocatalysis can provide a cost-saving alternative method to
remove organic contaminants from aquatic environment as
a promising technology [14-17]. Titanium dioxide (TiO2) is
widely applied in heterogenous photocatalysis because of
its excellent physical and chemical properties. Under UV
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irradiation, TiO2 can be photoactivated and generate hydroxyl radicals (·OH) which could mineralize most organic
compounds for its strong oxidation. Yu et al. [18] has
investigated the intermediates produced by the synergetic
of TiO2 and H2O2 on photocatalytic degradation of triclosan. They found that the photocatlytic process was a
friendly method for removal of triclosan, no chlorinated
dibenzo-p-dioxin congener or other potential toxic substances were detected comparing with photolysis [19, 20].
However, there are still space and necessity for us to further improve the photocatalysis to degrade contaminants
in aquatic environment.
Photocatalyst improving has been regarded as a great
potential approach for enhancing the photocatalytic ability. Usually, TiO2 couples with another metal oxide can
obtain high efficiency through increasing charge separation and long lifetime of charge carriers as well as low
recombination probability between the electrons and holes
[21, 22]. Composite photocatalyst (La2O3-TiO2, ZnO-TiO2,
WO3-TiO2, etc) has been investigated and proved to be an
effective route for enhancing the photocatalytic activity
[22-24]. This can control the interfacial charge transfer
effectively for enhancing the efficiency of electrons and
holes separation due to applying the electron accepters and
donors to trap the electrons and holes of conduction band
and valence band, respectively. Zr has similar physicochemical properties with Ti as well as their oxides because they are in the same family group (IVB); both of
ZrO2 and TiO2 are n-type semiconductors. The incorporation of ZrO2 is considered to be a highly potential approach to improve the thermal stability and photocatalytic
activity of TiO2, and the combination of TiO2 and ZrO2
has been investigated for its advantages such as strong
acid-base, extended specific surface area and mechanical
strength [25-27].
According to our knowledge, there is no report on the
photocatalytic degradation of triclosan with other photocatalysts except TiO2. In this context we develop a reliable composite photocatalyst TiO2-ZrO2 for photocatalytic
degradation of triclosan. The purpose of this work was to
prepare TiO2-ZrO2 photocatalyst by sol-gel impregnation
method and evaluate the performance of photocatalytic
ability for removing triclosan. The effects of Ti/Zr molar
ratio and calcination temperature were investigated base
on the mechanism of photocatalytic degradation of
triclosan. The orthogonal array design test was also conducted to obtain the optimal degradation condition and the
most significant influential factor.
2. MATERIALS AND METHODS
2.1. Reagents

5-chloro-2-(2,4-dichlorophenoxy) phenol (Triclosan,
purity≥ 97%), titanium dioxide (TiO2 purity≥ 99.8% ,
anatase, ca. 40 nm) and zirconium (IV) oxide chloride
(ZrOCl2·8H2O, purity≥ 98%) were purchased from Alad-

din reagent Co., Ltd., China. Ammonia (NH3·H2O, purity
25%), sodium hydroxide (NaOH, AR) and silver nitrate
(AgNO3, AR) were purchased from Sinopharm Chemical
Reagent Co., Ltd., China and used in the experiments
were of analytical grade and without further purified.
2.2. Preparation of ZrO2-TiO2 photocatalyst

Sol-gel impregnation method was used to prepare
TiO2-ZrO2 binary semiconductor with ZrOCl2·8H2O and
TiO2 (purity≥99.8%, anatase, ca. 40 nm) as precursors [28].
Different Ti/Zr molar ratios were obtained by precipitation
of ZrOCl2·8H2O on TiO2 suspension in deionized water;
Ammonia was used as precipitating agent dropping slowly
into the above suspension until the gel formed. The gel
stayed overnight and then filtered and washed repeatedly
with plenty of deioinzed water until no Clˉexisting tested
by AgNO3. Finally, the gel dried in an oven at 100 ℃ for
10 h, the obtained powder was grinded as small as possible
with agate mortar and calcined in the air at different temperatures for 2 h in the furnace. The obtained sample was
named TZ (eg.TZ500-1.0, 500 and 1.0 were the calcination temperature and Ti/Zr molar ratio, respectively)
2.3 Samples characterization

X-ray powder diffraction (XRD) patterns were recorded on a Bruker D8 Advance diffraction spectrometer
(Germany) using Cu Kαradiation (λ= 0.154056). Data were
collected from 2θ=10°～90° in a step-scan mode (step
0.02°, time per step 0.1 s). Qualitative phase analysis was
performed with software MID Jade 5.0 [29]. Transmission
electron microscope JEM-200CX TEM (Japan) was used
for observing the morphology of the TiO2-ZrO2 photocatalyst. The samples were dispersed in ethanol solution and
treated by ultrasonic for 10-15 min. Then, a few drops of
the resultant suspension were dropped onto a copper grid
before observing. The surface areas of the powders were
measured by N2 adsorption at 77 K with ASAP 2020M+C
BET surface area analyzer (USA).
2.4 Photocatalytic experiments

Photocatalytic experiments were carried out in a
home-made experimental device using a high pressure
250 W Hg lamp (250 W×365 nm, TianMai Light Source
Co., Ltd., China) as light source. Aqueous solution of TCS
(300 ml) at pH value of 11.0±0.2 adjusted with 1 mol/L
sodium hydroxide, which was selected to increase the
solubility of TCS, was filled in the device. The initial
concentration of 50 mg/L TCS was carried out in the
experiments which the process could be seen clearly. Before each experiment, 30 mg catalyst was dispersed in the
solution, pH was adjusted to 11.0±0.2 with sodium hydroxide and stirred with magnetic stirrer for 20 min to reach
adsorption equilibrium in dark. All the experiments were
performed at ambient temperature (18.0±1.0℃). At preselected time intervals, 5 ml aliquots were taken from the
suspension and put into glass vials after filtered through
micro syringe filter membrane (0.45 µm).

1226

© by PSP Volume 21 – No 5a. 2012

Fresenius Environmental Bulletin

2.5 Kinetic experiment

The procedure of kinetic experiment was identical to
that of photocatalytic experiments. The aqueous samples
were taken out at preset time intervals. Effects of different
Ti/Zr molar ratios calcined at 500 ℃ were investigated.
The photocatalytic degradation kinetic on TCS was calculated by first-order kinetic equation (1):
ln(C0/Ct)=kt
(1)
Where C0 was the initial concentration of TCS, Ct
was the instant concentration of TCS, k was reaction rate
constant and t was time interval, respectively.
2.6 Orthogonal array design test

Orthogonal array design test was a statistical method
which was employed to obtain the optimization in various
interaction parameters. Compared to the same number of
studied factors in the conventional method, the orthogonal
array design test was time-effective and enhanced the
identification of parameters interactions. On the basis of
numerous literatures and our work, significant influence
parameters such as TCS initial concentration, TZ500-1.0
initial dosage, pH and temperature were selected for op-

timization. The photocatalytic experiment was performed
with orthogonal array method employing the orthogonal
array of an L9(4)3 type which was corresponding to the
LRuns(Factors)Levels shown in Table 1.
TABLE 1 - Parameters used in the orthogonal array test
variable
TCS concentration(mg/L)
TZ500-1/1 dosage (g/L)
pH
temperature ( )

Level 1
40
0.1
10
25

Level
Level 2
35
0.3
11
35

Level 3
30
0.5
12
45

Where Lruns was the total number of experiments that
should be conducted, Factors were the significant parameters that could affected the experiments, and Levels were
the level effects of each factor, respectively. It could be
seen that 4 factors, each at 3 levels, a total of 9 experiments were conducted for photocatalytic degradation of
TCS as shown in Table 2 [30]. The optimal condition was
obtained from the photocatalytic degradation of TCS
experiments.

TABLE 2 - Test runs used in orthogonal array test
Experiment
number
1
2
3
4
5
6
7
8
9

TCS concentration (mg/L)
40
40
40
35
35
35
30
30
30

TZ500-1.0
dosage (g/L)
0.1
0.3
0.5
0.1
0.3
0.5
0.1
0.3
0.5

2.7 Determination of triclosan concentration

The concentration of TCS was analyzed by high performance liquid chromatography (Agilen1200-HPLC,
Agilent Co., USA) consisting of Diode Array Detector.
The mobile phase methanol/ water (90:10, v/v) with a
shim-pack reverse phase column (250 mm×4.6 mm) were
used. Injection volume was 20 µl, a flow rate was 1 ml/min,
and column temperature was set at 35 ℃ and detection
wavelength was 280 nm, respectively. All the samples were
collected and filtered through micro syringe filter membrane (0.45 µm) before HPLC analysis.
3. RESULTS AND DISCUSSION
3.1 X-ray powder diffraction (XRD)

XRD patterns of samples at different calcination temperatures and Ti/Zr molar ratios were shown in Fig.2. The
anatase phase (101) of TiO2 and tetragonal phase (111) of
ZrO2 were observed. No trace diffraction of rutile phase

pH

temperature ( )

10
11
12
11
12
10
12
10
11

25
35
45
45
25
35
35
45
25

was detected for TiO2-ZrO2 photocatalysts even with heat
treatment at 800 ℃, while the temperature of anatase to
rutile was 550 ℃-600 ℃ [31, 32]. Therefore, ZrO2 as stabilization agent could effectively retard the transformation
from antase to rutile phase. All the indices of crystal face
shown in Fig.2 were assigned to TiO2 and ZrO2 indicated
that no solid solution formed in preparation of composite
photocatalyst by sol-gel impregnation method. This was
because Zr4+ could not be incorporated into the lattice of
TiO2 for Zr4+ radius (0.080nm) being larger than Ti4+
radius (0.068nm); only located on the surface of TiO2 in
the form of zirconia.
Fig.2a, Fig.2b and Fig.2c showed diffraction peaks of
the different Ti/Zr molar ratios of samples calcined at 500,
600 and 700 ℃, respectively. It could be clearly observed
that the diffraction peaks of samples became broader with
the elevation of Ti/Zr molar ratio at the same calcination
temperature indicating that poor crystallinity formed at
high Ti/Zr molar ratio. This could be explained that the
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increased, the characteristic diffraction peaks became
sharper. This indicated that the crystallinity of prepared
samples was improved at higher temperature. However, the
growth of crystallinity could reduce the reaction constant
shown in Table 4. The average crystallite sizes of selected
samples were calculated according to the Scherrer formula:
D=0.9λ/βcos.
(2)
Where D is the crystallite size, λ is the wavelength of
the incident X-rays (Cu Kα=1.5406 Å), β is the full width
at half-maximum of the diffraction peak, and θ is the
Bragg angle. The crystallite size of selected samples were
calculated and summarized in Table 3. It was proposed
that TiO2 and ZrO2 crystal grain growth inhibition might
be a mutually process in the preparation, and the smallest
crystallite size was TZ500-1.0 which might be presented
the highest photocatalytic active.

110
004

tetragonal phase ZrO2 might be dispersed in the bulk phase
of sample and the growth of ZrO2 crystallinity would be
inhibited as the amount of TiO2 increasing.
Fig.2d displayed the diffraction peaks of samples at
Ti/Zr molar ratio 1.0 calcined at 300, 400, 500, 600, 700
and 800 ℃. Only TiO2 diffraction peak could be observed
when the sample calcined at 300 ℃ implying that ZrO2
phase was amorphous. The diffraction peak of tetragonal phase of ZrO2 was appearing when the sample was
heated to 400 ℃, which was indicated that the ZrO2 phase
was in the process of nucleation and initial crystallization.
The amorphous－tetragonal phase transition temperature
was 400 ℃. Until the temperature reached 500 ℃, the diffraction peak of ZrO2 crystal totally appeared suggesting
that 500 ℃ was the temperature where ZrO2 phase totally
transformed from amorphous to tetragonal phase. It was
also observed that as the calcination temperature further

011
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FIGURE 2 - XRD patterns of TiO2-ZrO2 photocatalyst calcined at 500 °C and pure TiO2 (a), 600°C (b), 700°C (c). The photocatalyst TZ-1.0
calcined from 300 to 800 °C were shown in (d).
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TABLE 3- Crystallinity size and specific surface area of samples

3.2. Transmission Electron Microscopy (TEM) images

calcination temperature (℃)
25
500
500
500
500

Morphologies of pure TiO2, TZ500-0.25, TZ500-0.5,
TZ500-1.0 and TZ500-2.0 with the images were given in
Fig. 3. The aggregation phenomena occurred in all the
samples indicating that TiO2-ZrO2 photocatalyst would
aggregate somewhat when calcined at high temperature.
The particle of pure TiO2 had sphere-like morphology as
shown in Fig. 2a. A typical heterogeneous combination
microstructure of TiO2 and ZrO2 particles combined with
each other was shown in the Fig. 3(b), Fig. 3(c) Fig. 3(d)
and Fig. 3(e). The surface of the TiO2 particle was nonuniformly combined with ZrO2. The amount of ZrO2 located on the TiO2 surface was decreased as the Ti/Zr molar
ratio increasing. The ZrO2 located on the surface of TiO2
was associated with concentration of solid-solid interfaces
which potentially led to the synergistic effects in

sample
TiO2
TZ-0.25
TZ-0.5
TZ-1.0
TZ-2.0

crystalinity size
(nm)
15
11
11
10
13

surface area(m3/g)
99.3
99.5
104.4
106.4
122.3

TABLE 4- Reaction rate constant
and correlation coefficient for sample
Sample
TiO2
TZ500-0.25
TZ500-0.5
TZ500-1.0
TZ500-2.0

reaction rate constant k (s-1)
0.01359
0.01583
0.01798
0.02276
0.01751

Correlation coefficient
(R2)
0.98786
0.98567
0.98719
0.98595
0.99459

(a)

(b)

(c)

(d)

(e)
FIGURE 3 - TEM images of pure TiO2 (a), TZ500-0.25 (b), TZ500-0.5 (c), TZ500-1.0 (d) and TZ500-2.0 (e)
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photochemical reactions proved in the photocatalytic experiment.

that of pure TiO2 due to the synergetic effect of TiO2 and
ZrO2 combination.

3.3 Surface area analyzed by surface area and porosity analyzer

100

The data of surface areas of pure TiO2, TZ500-0.25,
TZ500-0.5, TZ500-1.0 and TZ500-2.0 were obtained
from the surface area and porosity analyzer, and the
Brunauer-Emmett-Teller (BET) method was applied for
calculating the surface areas of the selected samples,
which involved the using of the BET equation:
-1

-1

-1

Q· (P/P0) = (Qm·Cm) +(C-1) · (Qm·Cm) · (P/P0)

-1

reduction(%)

80

dark TiO2
dark TZ500-1/1
light only
TiO2
TZ500-1/1

60

40

(3)

Q was the quantity adsorption of the gas adsorbed at a
relative pressure P/P0 and Qm was the quantity adsorption
of the adsorbate constituting a monolayer of the coverage,
the term C was the BET constant. The resultant BET
specific surface areas were calculated by equation (3) was
listed in Table 3. The specific surface areas of composite
photocatalysts were larger than pure TiO2. This indicated
that ZrO2 could effectively enlarge the surface area by
inhibiting the growth of grain which had been reported
[33, 34]. The largest surface area was TZ500-2.0, whereas
the crystal size was larger than other samples except pure
TiO2 shown in Table 3. It probably due to particles aggregated and non-interagglomerated pores when the amount
of TiO2 was excess, which might contribute to enlarge the
surface area of composite photocatalyst. It was consistent
with the result of TEM.
3.4 Photocatalytic experiments

The photocatalytic degradation of TCS solution with
photocatalysts was tested and the results were given in
Fig.4. It could be clearly seen from Fig. 4 that the TCS
removal of TZ500-1.0 was slightly higher than that of
pure TiO2 in the dark because of its larger surface area
which was corresponding to the result of surface area and
pore analyzer. However, both reduction of pure TiO2 and
TZ500-1.0 could be negligible comparing to that under UV
irradiation. The removal of TCS was about 26.8% under
UV irradiation only in 2 h. In the photocatalytic degradation course with TiO2, the concentration of TCS dropped
by 62.4% after UV irradiation for 1 h and decreased from
50.1 mg/L to 9.4 mg/L after 2 h. As for ZrO2-TiO2 photocatalytic process, composite photocatalyst TZ500-1.0
exhibited much higher efficiency than that of TiO2 in the
photocatalytic process. During in the irradiation of 2 h, the
TCS concentration decreased from 50.1 mg/L to 3.4 mg/L,
and nearly 79.0% target contaminant was removed in 1 h as
shown in Fig. 4. This might be explained that ZrO2 could
be a charge separation centre to enhance the charge trapping and inhibit the electron and hole (e-/h+) pair recombination. Simultaneously, ZrO2 could raise the surface area
proved by surface area and pore analyzer analysis which
provide surface sites to adsorbe more reactants molecules
such as TCS and hydroxyl radicals (·OH) for enhancing
photocatalytic activity. Therefore, the photocatalytic efficiency by composite photocatalyst was much higher than

20
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FIGURE 4 - Photocatalytic activity comparison between the composite sample and pureTiO2
3.5 Kinetic experiments

Photocatalytic reaction was a complex process, which
could be affected by various factors, such as Ti/Zr molar
ratio. Fig. 5 illustrated photocatalytic degradation kinetic
on different Ti/Zr molar ratios. Here, pure TiO2 was a
reference was shown in Fig. 5. The photocatalytic degradation of TCS with photocatalysts was in accordance with
first-order kinetics. The corresponding kinetic of TCS
photocatalytic degradation with various catalysts is presented in Table 4. It was found that all samples calcined at
500 ℃ exhibited higher photocatalytic efficiency than that
of pure TiO2 because of mixed crystalline structure formation. The results also displayed that the reaction rate
constants increased with the increasing of Ti/Zr molar ratio,
and the highest photocatalytic degradation efficiency
appeared at Ti/Zr molar ratio 1.0 and reaction rate constant was 0.2276 which was 1.7 times higher than TiO2.
Based on the experimental results, it could be that TiO2
loaded with a certain amount of ZrO2 may prolong the
lifetime of electrons. It was well known that separation of
electron and hole could take place in the binary oxide of
TiO2 and ZrO2 [35]. Since, the conduction band (CB) and
valence band (VB) of TiO2 energy level corresponded
within the band gap of ZrO2. More electrons and holes
were produced on the surface of the photocatalyst with the
increasing of the Ti/Zr molar ratio when the light irradiated,
and most of the electrons excited from ZrO2 and TiO2
would automatically transfer to the CB of TiO2 according
to the thermodynamic principle, and large amount of electrons and holes would be reacted with electron acceptor
(dissolved oxygen) and electron donor (OH- and TCS)
adsorbed on both surface of the catalysts, respectively.
The surface area of the photocatalyst was also increased
with the Ti/Zr molar ratio increasing which was proved
by surface area and pore analyzer. It was not only enhanced the adsorption ability but also could prolong the
life of the electrons and hole. However, the photocatalytic
degradation constant was decreased when the Ti/Zr molar
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ratio was further increased to 2.0 also shown in Fig. 5.
TiO2 gave the adverse effect with the Ti/Zr molar ratio
further increasing to 2.0. This suggested that TiO2 would
be a recombination centre which could enhance the electron-hole recombination efficiency, and affect the hydroxyl radical formation as well as reduce the light utilization. Therefore, the optimal molar ratio of Ti/Zr was 1.0
concluded from the experimental result, obviously.
TiO2
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TCS of TZ-1.0 samples calcined at 500, 600 and 700 ℃
were 93.17%, 92.41% and 91.14%, respectively. It is
attributed to the crystallinity size of photocatalyst. The
decreasing photocatalytic degradation efficiency of TCS
with the elevation of calcination temperature implies that
calcination temperature could influence the growth of the
crystallinity; a similar result was reported by Wang and Li
[36]. The crystallinity size was becoming larger with the
growing of the crystallinity when calcined at higher temperature, which well agreed with the data estimated by
XRD as shown in the Fig.2(d); the average crystallite
size of ZrO2 derived from XRD pattern using Scherrer
equation considering full-wide-at-half maximum(FWHM)
for (011) diffraction line of tetragonal phase ZrO2 on
Ti/Zr molar ratio 1.0 was 10nm, 12nm, 13nm and 15nm
for calcined at 500, 600, 700 and 800 ℃, respectively.
Higher temperature could accelerate the crystallite size
and aggregate, which probably affect the photocatalytic
efficiency of TCS degradation. From Fig.6, it apparently
can be concluded that 500 ℃ was the optimal calcination
temperature for all the composite photocatalyst and the
highest TCS reduction was shown on Ti/Zr molar ratio
1.0 calcined at 500 ℃.
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FIGURE 5 - Kinetics of triclosan degradation of photocatalysts
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The calcination temperature was another important influence factor in the photocatalytic degradation reaction.
Fig.6 showed that the effect of calcination temperature on
the photocatalytic activity of the ZrO2-TiO2 photocatalyst.
Apparently, the elevated calcination temperature resulted
in photocatalytic efficiency decreasing. The orders of samples photocatalytic performance were as following: TZ5000.25 TZ600-0.25 TZ700-0.25, TZ500-0.5 TZ600-0.5
TZ700-0.5, TZ500-1.0 TZ600-1.0 TZ700-1.0 and
TZ500-2.0 TZ600-2.0 TZ700-2.0. From the above orders, it clearly could be seen that the maximum photocatalytic activity of ZrO2-TiO2 sample appeared at 500 ℃ at
the same Ti/Zr molar ratio among the above samples. The
reduction of TCS of each sample calcined at 500 ℃ were
86.41%, 89.21%, 93.17% and 89.80% for TZ-0.25,TZ0.5, TZ-1.0 and TZ-2.0, respectively; the reduction of
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FIGURE 6 - The impact of calcination temperature on photocatalytic degradation of trilcosan by composite samples at different molar
ratios

TABLE 5 - The results of orthogonal test of triclosan
Items
1
2
3
4
5
6
7
8
9
Average 1
Average 2
Average 3
Range

A
1
1
1
2
2
2
3
3
3
0.865
0.887
0.872
0.022

B
1
2
3
1
2
3
1
2
3
0.913
0.880
0.830
0.083

C
1
2
3
2
3
1
3
1
2
0.905
0.866
0.853
0.052
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D
1
2
3
3
1
2
2
3
1
0.843
0.902
0.879
0.059

Removal ratio
0.9020
0.8886
0.8037
0.9211
0.8396
0.9008
0.9165
0.9112
0.7869
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3.7 Orthogonal array design test

The results of the orthogonal array design test are
shown in Table 5. It could be clearly seen that the photocatalyst dosage was the most important parameter among
the four factors as there are the largest range values among
all range values shown in Table 5 The parameters influenced the removal of TCS analyzing by range analysis
method; the order of these influence parameters was
shown as follows: catalyst dosage > temperature > pH >
TCS initial concentration according to the range value.
The optimal influential parameters for TCS removal were
0.1 g/L, 45 ℃, 11.0 and 35 mg/L for dosage, temperature,
pH and initial concentration, respectively. Photocatalyst
dosage was more significant than other influential parameters. It is well known that ·OH plays the key role in the
photocatalytic process, and it was produced via photocatalyst when UV irradiated. However, when the photocatalyst dosage was increased, the photocatalytic degradation
of TCS was decreased. This could be due to the solution
becoming turbid with the increasing of catalyst concentration which was against light scattering and the reduction
of light penetration. Another possible reason might be that
the active sites would be inactive by photocatalyst collided
at high loading.

TiO2-ZrO2 photocatalysts calcined at 500 ℃ showed the
higher photocatalytic activity than samples calcined at
600 and 700 ℃. Photocatalyst dosage was the most significant parameter for removal of triclosan in the photocatalytic experiment, and optimal influential parameters
were 0.1g/L, 45 ℃, 11.0 and 35 mg/L for dosage, temperature, pH and initial concentration, respectively.
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TREATMENT OF p-NITROPHENOL-CONTAMINATED
SOIL BY MICROWAVE RADIATION WITH GRANULAR
ACTIVATED CARBON AS ABSORBENT
Haiyan Zhou, Li Lin, Linling Wang* and Xiaohua Lu*
Environmental Science Research Institute, Huazhong University of Science and Technology, Wuhan 430074, P R China

ABSTRACT
Microwave (MW) treatment of p-nitrophenol (PNP)contaminated diatomite, with granular activated carbon
(GAC) as MW absorbent, was investigated. GAC addition
evidently promoted PNP degradation efficiency, and PNP
removal rates increased with GAC dosages. The addition
of water also enhanced removal efficiency to some extent.
The effect of initial PNP concentration was minute. The
degradation mechanism of PNP by MW radiation was also
explored, and about 10% PNP was adsorbed on GAC. Very
few PNP and decomposition products were detected in
MW-radiated soils and tail gas, as detected by HPLC and
GC-MS. Thus, the mechanism was likely that, in addition
to very small amounts by volatilization and about 10%
adsorption on GAC, PNP and the decomposition products
in soil were either mineralized directly to CO2 and H2O,
or tightly bound to soil and retained indefinitely. Finally,
PNP-contaminated soil was simulated and treated by MW
remediation, and MW was proven to be an alternative and
feasible technology for PNP-contaminated soils.

KEYWORDS: Microwave; soil treatment; p-nitrophenol; activated
carbon; Fe; MnO2

1. INTRODUCTION
As a typical semi-volatile toxic organic pollutant, PNP
is difficult to degrade under natural conditions, thus posing
a high risk towards ecosystem and human beings. It can
damage the central nervous system, liver, kidney and blood
of humans and animals [1]. As an important and versatile
industrial organic compound, PNP and its derivatives are
widely used as chemical raw materials and intermediates
in the fields of pharmaceuticals, pesticides and dyestuffs
[2]. During the manufacture and application, PNP and its
* Corresponding authors

derivatives were inevitably released into water, sediment
and soil. Therefore, they are ubiquitously distributed in the
environment.
Up to now, studies on PNP in the environment have
been focused on their determination [3-8], remediation of
contaminated water [9-16], and bioremediation of PNP in
soils [17-20]. However, less research work on the chemical remediation of PNP-contaminated soil was reported
[21]. Because of the toxicity and bio-resistance of PNP,
bioremediation was generally limited for sites highly contaminated by PNP. Under such circumstances, physical and
chemical remediation methods are more suitable, such as
photo-degradation [21] or ozonation and Fenton reaction
[22], but degradation efficiency was not high.
Nowadays, MW has been found applications not only
in the fields of industrial drying and heating operations but
also in the field of environment, such as puriﬁcation of
wastewater [23-26] and remediation of contaminated soil
[27, 28]. Compared to other soil treatment technologies,
such as soil vapor extraction, surfactants or solvent ﬂushing,
chemical oxidation and biological treatment, MW can
achieve a faster removal of pollutants not affected by soil
permeability [28]. Since Dauerman et al. [29, 30] firstly
employed microwave energy for decontamination of soil
and obtained promising results, MW irradiation has been
investigated as an innovative approach in the remediation
of soils contaminated by PCBs [31-34], chloramphenicol
[35], aromatic hydrocarbons [36, 37], crude oil [38],
HCB [28], etc. Besides, Cravotto et al. [39] combined
solid Fenton-like reagents with microwave in the decontamination of soils containing persistent organic pollutants (4-chloronaphthol, 2,4-dichlorophenoxyacetic acid,
p-nonylphenol). The contaminants were removed mainly
by three ways, volatilization (volatile and some semivolatile materials), decomposition for non-volatile materials and encapsulation by vitrified soils under high temperature. Although there were many research works on
MW remediation of soil, no work was reported so far on
MW remediation of PNP-contaminated soil. Therefore,
the objective of this study was to apply microwave radiation to treat PNP-contaminated soils.
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2.3 Analysis

2. MATERIALS AND METHODS
2.1. Chemicals and materials

PNP (AR) was obtained from Acros Organics, Belgium. Fe and MnO2 were purchased from Tianjin Kermel
Chemical Reagent Corporation. Granular activated carbon
(GAC) was purchased from Shanghai Experimental Reagent Corporation. Before using GAC, it was immerged in
10% HCl for 24 h and heated in boiling water for 30 min,
washed with deionized water to neutral pH, dried at 105 °C
for 5 h, and then stored for usage [35]. Deionized water
was obtained from a Millipore Milli-Q system. All the other
reagents were above analytical grade.
Simulated PNP-contaminated diatomite was prepared
by spiking 100 g of dry diatomite with PNP methanol
solution to obtain a content of 100 mg kg-1, and then dried
in air for 24 h to evaporate the methanol. Clean soil was
sampled from Huazhong University campus (defined as
campus soil, CS), air-dried, and then sieved through 50mesh sieve. The content of organic matter in CS was
measured to be 2.75 %. Spiked CS was prepared in the
same way as PNP-spiked diatomite.
2.2. Procedures

PNP-contaminated soils were mixed with certain
amount of MW absorbent, and placed in a quartz column
vessel (22 mm i.d.). Then, the vessel was radiated in a
Mider MM721AAU-PW domestic MW oven (750 W,
2.45 GHz). After radiation, the soil was cooled to room
temperature for further analysis. At least, triplicate runs
were carried out for all the cases. The quartz vessel was
open in the MW oven when experiments of condition
optimization were carried out.
In order to reveal whether the PNP was vaporized or
not, an experimental system was designed (Fig. 1). A quartz
vessel (40 mm i.d.) was placed in the MW oven and went
through the hole on the top of the oven, being connected
with a two-stage gas collecting bottle. The bottles contain
either 10 ml of NaOH solution (1 mol/L) for absorbing
PNP steam, or methanol for collection of tail gases, sequentially.

FIGURE 1 - MW experimental system: (1) Microwave oven, (2)
quartz vessel, (3) even soil and GAC, (4) gas collection bottles, both
loaded either with NaOH or methanol.

For the determination of PNP in soil, 1 % NaOH solution was used as extractant when Fe or MnO2 powder
was used as MW absorbent , but 1 % NaOH aqueous and
methanol solution (40 % water + 60 % methanol, v/v)
with GAC as MW absorbent. The cooled soil was transferred to a glass tube, and mixed with 5 ml extractant. The
extraction was assisted by ultrasonication (20 kHz) for
30 min. After centrifugal separation at 4000 rpm for 10 min,
the supernatant was filtrated using a 0.45-µm membrane
and analyzed by HPLC. The recoveries of PNP from soil
by the above analysis method were proven to be > 80 %.
HPLC (Hitachi, Japan) was equipped with an UVVIS detector L-7420 (detection wavelength 317 nm) and a
reverse-phase Akasil C18 column (250 × 4.6 mm i.d., 5 µm,
Agilent Technologies, China). The mixture of methanol
and 0.1% acetic acid solution (45:55, v:v) was set as mobile phase with a flow-rate of 1.0 ml/ min..
A Varian Saturn 2100T GC-MS, equipped with a
Factor Four capillary column (DB-5 ms, 30 m×0.25 mm,
0.25 µm), was used for identifying intermediates. GC
temperature program started at 50 °C which was held
for 10 min. Then, the column was heated at a rate of
10 °C/min to 260 °C (held for 10 min). The flow-rate of
carrier gas (He, 99.995%) was 1.0 ml/min. The inlet temperature was 250 °C, split ratio was 10, and injection
volume was 1 µl. MS was equipped with an electron ionization source (scan range from m/z 40 to m/z 500).
3. RESULTS AND DISCUSSION
3.1. Effect of microwave absorbent

Three MW absorbents, powdered MnO2, powdered
Fe and GAC, were investigated in this study. A total of
0.5 g of PNP-contaminated diatomite with different MW
absorbents was irradiated by microwave energy for 20 min.
The removal rates of PNP under conditions of different
MW absorbents and dosages are shown in Fig. 2. Removal
at 0 min resulted from PNP recovery in pretreatment
process, being <10 % without MW absorbent. No apparent degradation was achieved when MnO2 was employed,
increased to 24 % when 0.2 g of Fe powder was added but
with 0.2 g GAC, the removal was up to 84 %. Two types
of PNP-contaminated diatomite, with and without MW
absorbents, were extracted by NaOH under identical circumstances in order to determine PNP adsorbed on them.
About 7% was adsorbed on either MnO2 or Fe, and about
10% PNP was adsorbed on GAC. Except the PNP adsorption on MnO2, Fe and GAC, PNP degradation rates were
1, 17 and 75%. Based on these results, GAC was selected
as the most effective MW absorbent.
In general, dry soil is almost transparent to microwave, and it cannot be heated directly up to a high temperature under microwave radiation. Most organic contaminants in soil are non-polar organic compounds and
also transparent to microwave. When contaminated soil is
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treated by microwave radiation, it is necessary to add MW
absorbents to improve absorption and heat-transfer capability of the system. The addition of MW absorbents benefits the conversion of microwave energy into thermal one
[33], and finally enhances the treatment effects for organic
contaminants in soil. Activated carbon and many magnetic
transitional metals and their compounds absorb MW energy strongly and heat certain surface pots up to a high
temperature. Sometimes, MW-induced catalytic oxidation
occurs simultaneously. Abramovitch et al. [32] found high
decomposition efficiency during MW radiation of PCBs,
by the addition of graphite and metal rod. Yuan et al. [28]
used MnO2 powder as MW absorbent to remediate HCBcontaminated soil, and obtained a complete removal of
HCB in 10 min MW radiation by addition of H2SO4 (50 %).
With different MW absorbents, contaminants were degraded
to varying degrees. Due to the chemical reactions and
different dielectric constants of Fe powder, MnO2 powder
and GAC, their presence in soil influenced the MWabsorbing ability of the whole soil system. In the presence
of MW, MnO2, a MW-absorbing material, was converted
to microwave-transparent Mn3O4 [28], explaining why no
obvious effects were observed with MnO2 as MW absorbent. Iron oxides were generated from Fe in the microwave field, and iron oxides absorbed MW as well [28].
Therefore, the effect was better with Fe as MW absorbent
rather than MnO2. Besides, the dielectric constant of GAC
is much higher than those of both other absorbents, and
even their products in MW field, which means that MWabsorbing ability of GAC surpasses the others. So with
GAC as MW absorbent, the temperature under MW radiation was higher and, consequentially, the effect of degradation was better.

results, water was considered as an assistant material cooperating with the 3 foresaid absorbents to investigate the
effect of water content (Fig. 3). It was found that adding
water into the system slightly promoted the remediation

FIGURE 2 - Removal of PNP by microwave with different microwave absorbents.
3.2. Effect of water content in soil

Water, added or contained in damp soil, is also a favorable MW absorber. When 1 ml of water was added to
the soil, the removal rate was <20 %. Based on the above

FIGURE 3 - Effect of water content with MW absorbers: (a) MnO2,
(b) Fe and (c) GAC

1236

© by PSP Volume 21 – No 5a. 2012

Fresenius Environmental Bulletin

of PNP in soil (with removal rates increasing by 8 % for
Fe, 7 % for MnO2 and 2 % for GAC). Adding water into
soil could not only increase the dielectric constant of the
soil, but also enhanced the migratory movements of contaminants in it. Considering that practical soils contain
certain water amounts themselves, in the following experiments water was not added to raise the efficiency.

10 min, GAC in the vessel was still black and granular
(almost the same state as before MW treatment). However, when the diatomite together with GAC was MWradiated for 20 min, GAC in the vessel became gray powder, PNP adsorbed was easier to be desorbed by NaOH.
Therefore, degradation efficiency decreased slightly.

3.3. Effect of soil mass

It is widely accepted that the volume of a material is
an important factor determining the MW energy absorption [40]. In this experiment, the ratio of soil mass to GAC
mass was kept as 5:1, which means addition of 0.1, 0.2,
0.3, 0.4, and 0.6 g of GAC, respectively, into 0.5, 1, 1.5,
2, and 3 g of soils, and the mixtures were irradiated by
MW for 20 min. The removal of PNP increased with the
increase of soil mass (Fig. 4). With soil/GAC ratio of 5:1,
the removal of PNP increased from 53 to almost 100 %
when soil mass increased from 0.5 to 3 g. The reason may
be that as to a certain ratio of the soil and GAC, more soil
mass means more total quantity of GAC and hot spots in
the system resulting in a higher temperature, which is
favorable for the removal of PNP from the soil.
FIGURE 5 - Effect of initial concentration of PNP.
3.5. Effect of microwave power

A total of 0.5 g of PNP-contaminated soil (100 mg/kg)
was mixed with 0.2 g of GAC and irradiated by MW to
investigate the effect of MW power. The results in Fig. 6
show that a higher power resulted in a higher PNP removal.
The removal increased as MW time increased within 0–
15 min, but tended to be steady after 15 min. When contaminated soil was irradiated by 700 W MW for 10 min,
92 % of PNP in the soil was removed. The removal was
stable, even with prolonged MW time.

FIGURE 4 - Effect of soil mass.
3.4. Effect of initial PNP concentration

Fig. 5 demonstrates for 10 min MW irradiation, the
lower the initial PNP concentration, the better the remediation effect. The removal of 10 mg/kg PNP-contaminated
soil was 80 % with irradiation for 2 min. However, the
removal was <30 % when initial PNP concentration in
soils was 500 mg kg-1. For the same concentration, remediation effect was enforced with prolonged MW time. For
500 mg/kg PNP-contaminated soil, the removal increased
from <30% to 90%, with MW time prolonged from 2 to
10 min. When MW time was >10 min, removal rates for all
soils with different concentrations of PNP were approx.
90 % with slightly decreasing effect. The decrease was
due to desorption of adsorbed PNP on GAC. When PNPcontaminated diatomite and GAC were MW- radiated for

FIGURE 6 - Effect of MW power.
3.6. PNP degradation mechanism

PNP is a semi-volatile toxic organic pollutant with a
melting temperature of 112 °C and flash point of 169 °C,

1237

© by PSP Volume 21 – No 5a. 2012

Fresenius Environmental Bulletin

and its volatile and decomposition temperatures are 216 and
279 °C, respectively. Under the conditions of MW radiation,
the temperature of the soil reached approx. 800 °C, detected
by a sheltered type-K thermocouple. Therefore, except about
10% adsorption on GAC, PNP in the soil might be volatilized, decomposed, or even mineralized directly into CO2
and H2O.
In order to reveal whether the PNP was vaporized or
not, an experimental system was designed as in Fig. 1. A
total of 0.5 g PNP-contaminated diatomite (10000 mg/kg)
mixed with 0.2 g of GAC was MW-irradiated for 15 min
in this system, and removal rate was found to be >90%.
Two bottles were loaded with 10 ml of 1 mol/L aqueous
NaOH solution to absorb the tail gas. After irradiation,
both the liquid soil extract and tail gas solution were analyzed by HPLC. The results showed that PNP in tail gas
solution was <1 % of that in initial PNP-contaminated soil,
which means the evaporation contributed negligibly to
PNP removal from soils. Acid dissociation constant (pKa)
of PNP is 7.15. When pH is >7.15, PNP is mainly dissociated; meanwhile, when pH is <7.15, PNP is mainly of
molecular status. Diatomite pH used in this work was
measured to be 8.30 (soil/water, 1:2.5), and 93.4% PNP in
soil was calculated to be dissociated, and in this form,.
PNP was difficult to volatilize from soil. Therefore, very
few PNP was observed in tail gas solution. Despite of
several small new peaks appearing in the chromatograms
of tail gas solution and soil extract liquid, the concentrations were too low to identify. This suggests that during
MW, PNP was decomposed, but the decomposed products were ignorable.
To further investigate the by-products of PNP degradation, GC-MS was applied to identify the intermediate
products in soil extract liquid and tail gas solution. Besides, methanol was used as gas collecting solution instead of NaOH solution. The mixture of 0.5 g of diatomite
(10000 mg/kg) together with 0.2 g of GAC was used in
the experiment, and in either extract liquid from soil sample or gas collecting solution concentrated 10-fold by a
Nitrogen Evaporator for sample concentration, no new
relevant products were detected on the total ion chromatogram, except of some high boiling point alkyl hydrocarbons which might be generated by MW irradiation of GAC
[35], and some siloxanes which might be due to diatomite.
Windgasse [29] investigated the removal of hazardous materials from soils by MW irradiation and found that
MW irradiation resulted in the removals of volatile and
semi-volatile organic pollutants from soils but no decomposition occurred, as the removal was caused by vaporized steam. Abramovitch et al. [26, 32, 33, 37] applied
MW energy into decomposition of hexachlorobenzene
(HCB), pentachlorophenol (PCP), 2,2’,5,5’-tetrachlorobiphenyl and 2,2’,4,4’,5,5’-hexachlorobiphenyl-contaminated
soils but no decomposition products were observed by
GC-MS. The same results were also reported by Yuan et
al. [28]. Concerning PCP, it was found that 94 % was
removed but also no decomposition products were de-

tected. With regard to 2,2’,5,5’-tetrachlorobiphenyl and
2,2’,4,4’,5,5’-hexachlorobiphenyl, trace amounts of decomposition products were detected (they were too minute
to identify). The remaining decomposition products were
probably either mineralized or tightly bound to the soil.
When 14C-2,2’,5,5’-tetrachlorobiphenyl was used with thinner pencil lead, 27 % was desorbed and 1-2.5% of 14CO2
was evolved. The remaining materials could not be extracted
from the soil under any conditions, and this suggests that
the dechlorinated fragments were very tightly bound, and
possibly encapsulated by the vitrified soil.
To sum up, the mechanism of PNP decomposition using GAC as MW absorber is complex. In addition to about
10% adsorption on GAC and negligible volatile volatilization, PNP and its possible decomposition products in soil
were likely to be either mineralized directly to CO2 and
H2O, or tightly bound to soil and retained indefinitely.
3.7. Remediation of simulated PNP-contaminated soil

Based on the above research on diatomite, MW irradiation was further applied to treat PNP-contaminated
campus soil which is more complicated in components.
The effect of GAC dosage, soil mass, MW time and power
were investigated as described above for contaminated
diatomite, and results were found consistent with that of
diatomite. Degradation efficiencies of PNP increased with
the increase of amounts of GAC and MW time until 15 min,
and then became steady after 15-min radiation. The degradation efficiencies increased as the soil mass increased.
When 4 g of soils were treated, about 96 % removal rate
was achieved.
4. CONCLUSIONS
A systematic research was carried out to explore the
MW remediation of PNP-contaminated soil. Conclusions
are drawn as follows:
(1) Among Fe, MnO2 and GAC, GAC was proven to
be the best MW absorbent, promoting MW treatment of
PNP-contaminated soil remarkably. The PNP removal
efficiency increased with the increase of GAC dosage.
Addition of water could also enhance the removal efficiency
to some extent. The effect of initial PNP concentration was
minute beyond a certain MW time and power. In order to
get an even higher removal of PNP, prolonged MW times
and more MW power should be considered. MW radiation assisted by GAC could be an effective technique for
the remediation of PNP-contaminated soil.
(2) Less than 1 % PNP of the initial quantity in gas
collecting solutions and some ignorable new products in
soil extract liquid were detected by HPLC, and only about
10% PNP was adsorbed on GAC. Thus, the mechanism
was likely to be that in addition to small weak volatilization and adsorption effects. PNP and the possible decomposition products in soil were mineralized directly to CO2
and H2O, or tightly bound to soil and retained indefinitely.
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(3) MW radiation was applied to treat simulated PNPcontaminated campus soil, and satisfying removal efficiency was achieved. MW radiation could be considered
as an alternative and environmental-friendly technology
to treat PNP-contaminated soils in practice.
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ABSTRACT

1. INTRODUCTION

An assessment of the levels of commonly investigated
PBDE congeners as well as BB-153 in different sewage
sludge types was conducted. Sewage sludge samples were
collected bi-monthly from 4 WWTPs and analyzed using
a high capillary gas chromatograph equipped with electron
capture detector (GC-µECD). The overall mean concentrations of the 8 PBDE congeners were in the range of 1.02–
814, 1.16–487 and 0.18–4330 ng/g for Potsdam, Cape
Flats and Bellville (Old and New) WWTPs, respectively.
Similarly, the overall mean concentrations of BB-153 were
18.0, 1.11 and 0.82 ng/g for Potsdam, Cape Flats and
Bellville (Old and New) WWTPs, respectively. The statistical analyses revealed that there were significant variations in contaminants’ concentrations from plant to plant as
well as from one sampling period to the other. Changes in
the composition of wastewater influx reaching the WWTPs
from time to time, and possible changes in the lifestyle of
people connected to these plants, could be responsible for
the observed trend. Most of the congeners investigated were
found to accumulate in the secondary sludge suggesting that
sorption of PBDEs to finely suspended particles could be
an important mechanism for their removal from the aqueous media. The dominance of major congeners of PBDE
technical formulations in most samples further suggests
that both domestic and industrial wastewater could be
potential sources of PBDEs received by these treatment
plants.
KEYWORDS: PBDEs, sewage sludge, wastewater treatment
plant, Cape Town.

* Corresponding author

Polybrominated diphenyl ethers as well as polybrominated biphenyls are important classes of brominated
flame retardants, which have been widely studied in different environmental matrices. These chemicals have been
used extensively to flame-retard various consumer products
including furniture, television, computers and other electrical and electronic products in order to reduce the likelihood of ignition during their usage [1, 2]. Since these
chemicals are mostly added to the polymeric materials, the
tendency for them to leach out of these products during
usage is most probable. Their presence in the environment
and in humans has resulted into increased criticism on
their usage globally. Consequently, measures had been
taken both at regional and international levels to regulate their production and usage. In the EU, for instance,
the penta- and octa-BDE technical formulations have been
banned since 2004 [3, 4]. Recently, the UNEP also took a
decisive stand by including the major congeners of these
formulations as well as hexabromobiphenyl (BB-153)
into the Annex A list of persistent organic pollutants
(POPs) in their 4th Conference of Party meeting in Geneva, Switzerland, May 2009 [5]. Although these regulatory
measures might result in immediate emission reduction of
these chemicals into the environment, several tonnages of
these chemicals stored up in products previously treated
with them will continue to constitute an important pathway of their release into the environment.
Majority of the products to which these chemicals
have been applied are mostly kept at homes, offices, cars,
and other indoor microenvironments. Being additive flame
retardants, PBDEs as well as PBBs may be released from
these products during their usage, or when discarded into
dumpsites. A significant amount of these contaminants may,
therefore, make their way into the sewer systems, espe-
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cially during floor cleaning, washing and other sanitation
exercises. Effluents from industries, which are mostly
generated from spillages and other manufacturing processes, are often treated together with domestic effluents
in most wastewater treatment plants (WWTPs). In South
Africa, it is a common practice to simultaneously treat
these effluents together with leachate derived from landfill
sites handling municipal wastes, although there are dedicated facilities for the treatment of leachate generated from
landfill sites handling hazardous wastes in most of the
cities.
PBDEs, like most organic pollutants, could bind to
suspended particulates in these aqueous matrices, hence
making them to concentrate in the settled sludge during
WWTP treatment processes. Of all the pollutant removal
mechanisms, sorption of organic pollutants to solids has
proven to be the most effective one for the removal of
PBDEs in WWTPs. More than 90% removal of PBDEs
has been reported through this mechanism [6, 7]. Removal
of PBDEs through volatilization could also be significant,
especially for the lower brominated congeners. This mechanism could be playing a significant role to the overall atmospheric PBDE burden around these treatment facilities.
Generally, WWTP processes result in the generation of
enormous quantities of sewage sludge, which are often
thickened to reduce their hazardous microbial content and
nuisance from odor [8, 9].
Sewage sludge continues to be an important complex
matrix serving as a sink to many toxic metals and organic
pollutants. Interestingly, some of these organic chemicals
may undergo rapid biotransformation or degradation during
the wastewater treatment processes; others do not easily
degrade. The concerns over the accumulation of harmful
chemicals in sewage sludge have continued to limit its
beneficial use globally. In South Africa, for instance, only
28% of the sludge generated at the sewage plants are used
beneficially [10]. Traditionally, WWTP-derived sludge often
applied to agricultural soils or used as compost serves as
viable means of their disposal. This practice, though is
beneficial, might represent an important pathway of persistent organic pollutants redistribution in the environment. Recent studies have demonstrated that plants are able
to take up certain organics, especially PBDEs in sludgeamended soils and related agricultural soils [11-13]. Accumulation of these contaminants in edible plants, especially those often eaten raw or uncooked, could present an
additional exposure route to humans via food consumption. Similarly, grazing animals could be exposed to these
contaminants while feeding on pastures grown on sludgeamended soils. Some could possibly feed on these sludges
during grazing, thus, pre-disposing humans to these harmful chemicals through the food-chain, especially via the
human milk [14]. Sludges derived from WWTPs have been
classified into different categories in South Africa based on
their pathogenic content, and on certain hazardous metals
[15]. However, the development of this guideline did not
take into consideration a number of emerging organic con-

taminants, especially PBDEs, which are mostly concentrated in sewage sludge. Consequently, this study was aimed
to determine the levels of commonly investigated PBDE
congeners as well as BB-153 in sewage sludge samples
collected from 4 WWTPs within the city of Cape Town,
South Africa. It is also part of our objectives to identify
the possible sources of these PBDEs as well as BB-153 in
the wastewaters treated by these plants.

2. MATERIALS AND METHODS
2.1. Chemicals and materials

All organic solvents used for the analysis (n-hexane,
dichloromethane, acetone and isooctane) were of proanalysis grade, purchased from Merck (Modderfontein,
South Africa), and doubly-distilled prior to use. Anhydrous
sodium sulphate was purchased from Radchem (Pty) Ltd.
(Roodepoort West (Guateng), South Africa). Silica gel (60–
200 µm) and copper powder were supplied by SigmaAldrich (Aston Manon (Guateng), South Africa). Highpurity gases (helium – 99.999%; nitrogen 99.999%) were
purchased from Afrox (Pty) Ltd. (Cape Town, South Africa). Pentachloronitrobenzene (PCNB) (as surrogate standard), native individual PBDE standard and mixed PBDEs`
standard (EO5278) employed for identification and quantification were produced by Cambridge Isotope Laboratories
(CIL) (Andover, MA, USA). These were locally supplied
by Industrial Analytical (Pty) (Midrand (Guateng), South
Africa). BDE 77 (as surrogate standard) was supplied by
Sigma-Aldrich (Aston Manon (Guateng), South Africa).
2.2. Sampling procedure

Sewage sludge samples were collected bi-monthly
from 4 WWTPs between April 2010 and March 2011.
These samples were collected mainly from the primary,
secondary and sludge de-watering units of each plant, into
clean 1-L wide-mouth amber glass bottles. All the samples
were iced immediately upon collection and kept in the
refrigerator on arrival at the laboratory. Because the process design of each plant differs in many respects from
one another, the types and numbers of samples collected
from different plants also differ. Of the 4 WWTPs monitored, 3 have the conventional activated sludge system
while the 4th has a modern bio-reactor system. Since the
bioreactor system does not have a primary settling unit,
only the secondary and de-watered sludge was monitored
throughout the study period. The detailed description of
each of the WWTPs monitored in this study is presented in
Table 1.
2.3. Sample pre-treatment and preparation

On that same day of sample collection, the supernatant aqueous media over some of the samples were discarded. The settled liquid sludge was thoroughly mixed
by shaking and poured onto a clean folded aluminum foil
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placed in an oven set at 50 oC for drying. The dried sludge

samples were then ground using ceramic pestle and mortar,

TABLE 1 - Characteristics of WWTPs investigated in this study.
WWTPs
Cape Flats
Potsdam
Bellville Old
Bellville New

Treatment process used
Activated sludge + primary sedimentation + maturation ponds
Primary sedimentation + activated sludge + maturation pond
Activated sludge + primary sedimentation
Extended aeration activated sludge (Bio-reactor)

and were finally sieved with a 500-µ mesh size stainless
steel sieve.
About 5 g of the dried sewage sludge sample was
weighed into a pre-extracted glass thimble for soxhlet extraction. Prior to extraction, samples were spiked with
known amounts of the surrogate standards (PCNB and
BDE 77) employed to monitor the analytical recovery of
the target analytes. Copper powder, activated in situ during the sample extraction with n-hexane/acetone combination, was used to remove traces of elemental sulphur that
could possibly interfere with the analysis of the target
compounds [16]. For this purpose, 2 g of copper powder
was added to the dried sludge sample prior to extraction.
Each of the samples was thereafter extracted with 300 ml
of n-hexane/acetone (3/1, v/v) for 16 h.
The extracts obtained were concentrated to about 2 ml
using a rotary evaporator. Depending on the degree of viscosity of the extracts obtained, 2–3 drops of conc. H2SO4
were generally added and gently swirled to allow for proper
mixing [17]. These setups were allowed to stand for about
30 min before purification of the extracts. This was done by
subjecting the extract to a multilayer column chromatography employing different forms of silica gel. Basically,
this clean-up procedure was done in accordance with the
USEPA Draft Method 1614 for the analysis of PBDEs in
wastewater and bio-solids, although, with some modifications. The glass column was packed from the bottom
with 1 g activated silica gel (previously baked at 240 oC
overnight), 4 g basic silica gel (30% NaOH, w/w), 1 g
activated silica gel, 8 g acidic silica gel (44% H2SO4,
w/w), 2 g activated silica gel, and 4 g anhydrous sodium
sulphate.
The packed column was pre-conditioned with 50 ml
of doubly-distilled n-hexane to remove trapped air and
background contaminants within the column. The nhexane layer over the uppermost layer in the column was
maintained at 2 mm to prevent further infiltration of air
into the column. The concentrated extract in n-hexane was
then quantitatively transferred into the column and eluted
with 125 ml of n-hexane. The eluate was concentrated to
about 1 ml using a rotary evaporator. Further concentration of extract was done upon the addition of 300 µl of
isooctane under a gentle stream of nitrogen to a suitable
volume. The prepared samples were then kept in the refrigerator until the final instrumental analysis.
2.4. Instrumental analyses

Design capacity
200
47
9
46

(Mℓ/d)

Population equivalents
1,645,000
385,000
592,000

In this study, the routine analysis of all the analytes
was done using a GC-µECD (Agilent 6890). The GCµECD was equipped with an Agilent 7890B auto sampler.
The chromatographic separations of tri- to heptaBDEs as
well as BB 153 were performed using a DB-5 MS column
(60 m length, 0.25 mm i.d. and 0.1 µm film thickness).
Helium gas was employed as the carrier gas with a flowrate of 1.5 ml/min using a constant flow mode. Highpurity nitrogen gas was used as make-up gas for the detector at a flow-rate of 30 ml/min. The injector and detector temperatures were set at 280 and 300 oC, respectively.
The oven temperature was programmed as follows:
100 oC held for 2 min, ramped at 20 oC/min to 220 oC; it
was further ramped at 4 oC/min to 300 oC and held for
7 min. A 1-µl standard and experimental sample was injected using splitless injection mode. Quantification was
based on peak areas of target compounds using external
calibration technique. Five to six calibration levels containing 1, 5, 10, 25, 50 and 100 ng/ml for all target compounds, except BDE-183, which had a calibration level of
5, 10, 25, 50 and 100 ng/ml. Identification of analytes was
done by comparing the retention times with those of reference standards.
Similarly, BDE 209 analysis was done using a shorter
GC capillary column (DB-5 MS: 15 m, 0.25 mm i.d. and
0.1 µm film thickness). The oven ramping was as follows:
100 oC held for 1 min, ramped at 50 oC/min to 150 oC,
finally to 310 oC at 12.5 oC. During this analysis, both the
injector and detector were maintained at 250 and 300 oC,
respectively. The optimum column flow was 3.0 ml/min
at a constant flow mode while the combined flow (column
+ make-up gas) through the detector was set at 45 ml/min.
A single-point calibration with a concentration of 2000
ng/ml was employed for the quantification of BDE 209.
The linearity (r2) of the calibration plots for each target
analyte was greater than 0.99925.
2.5 Quality control and quality assurance

Most of the glassware employed in this study were
amber glass bottles; those that were not, were shielded
with aluminum foil. For instrument performance, regular
injection of solvent blanks and standard solutions of target compounds was done before and during instrumental
analyses. The sensitivity of the ECD detector was equally
assessed through regular injection of a calibration standard (100 ng/ml) before the commencement of real sample
analysis. The performance of the methods employed was
evaluated by recovery experiments. In this case, a labora-

1244

© by PSP Volume 21 – No 5a. 2012

Fresenius Environmental Bulletin

tory reference sludge sample was prepared by continuously extracting about 20 g of dried sludge sample for about
24 h. From this sample, three sub-samples were obtained
and spiked with 0.5 ml of 100 ng/ml (1000 ng/ml for BDE
209) standard mixture containing all the target compounds, and extracted as previously described in subsection 2.3. The recovery of all the target compounds
ranged between 105 (BDE 183) and 184% (BDE 99). In
addition, a procedural blank (anhydrous Na2SO4) was processed with every batch of 8 samples. Only traces of BDE
47, 99 and 183 were found in these samples. The values
were subtracted from those reported where these are particularly significant. Additional information on the performance of the analytical method employed is reported
elsewhere [18]. Recovery of surrogate standards ranged
between 58 (BDE 77) and 102% (PCNB). Hence, the
results presented in this study were not surrogate recovery-corrected. The method detection limit (MDL) was
estimated for each compound through repeat analysis (n=7)
of low-spiked samples. Sewage sludge samples were
spiked with 2.5 ng (25 ng for BDE 209) of each compound and left for 1 h to equilibrate before extraction. The
MDL obtained, defined as 3-fold standard deviation of
these replicates, ranged between 0.03 (BB 153) and 0.25
ng/g (BDE 209). All data were processed with Microsoft
Excel software (2007 version). Duncan`s Multipe Range
test was done using Statistical Analysis Software (SAS v
9 for Windows). ANOVA and PCA analyses were performed with SPSS 19.
3. RESULTS AND DISCUSSION
3.1 PBDEs distribution and variations in sludge samples

The concentrations of selected PBDE congeners as
well as BB-153 monitored in different sewage sludge types
collected from Potsdam, Cape Flats and (Old and New)
Bellville WWTPs are presented in Tables 2, 3 and 4, respectively. The overall mean concentrations of the 8 commonly investigated PBDE congeners in these samples were
in the range of 1.02–814, 1.16–487 and 0.18–4330 ng/g for

Potsdam, Cape Flats and (Old and New) Bellville, respectively. Similarly, the overall mean concentrations of BB153 were 18.0, 1.11 and 0.82 ng/g for Potsdam, Cape
Flats and (Old and New) Bellville WWTPs, respectively.
Generally, the results obtained in this study showed a
somewhat consistent trend, except for certain months
where extremely high levels of these contaminants were
observed. Interestingly, the major congeners of both octaand deca-BDE technical formulations were those contributing the most to these elevated levels. In Potsdam
WWTP, for instance, the total mean concentration of
PBDEs was highest in the secondary and de-watered
sludge during the September sampling regime. A similar
trend was also observed in other WWTPs during July,
August and September sampling regimes. Although the
reasons for the upsurge in PBDE levels in these samples
were unknown, a possible explanation could result from
some of our observations during the sampling exercise. It
was observed in some of the WWTPs, especially at the
Potsdam WWTP, that untreated industrial effluents were
off-loaded from heavy-duty tankers. These effluents were
mixed with the wastewater to be treated at the inlet section of the plant. Some of these industries might have
been sited in locations that were not connected to the
urban sewer system, thus would require the transportation
of effluents generated from their processes to the nearby
WWTP for treatment. Depending on the origin of these
effluents, a significant amount of these contaminants could
be contributed through this practice. Secondly, there were
several construction and rehabilitation works taking place
at some of the WWTPs during these periods. The rehabilitation of the sludge digestion units at the Cape Flats WWTP
was notable. It is, therefore, likely that certain materials containing these contaminants could be released from these
activities during these periods. Lastly, the reprocessing of
demolition materials at the landfill site, which is adjacent
to the Bellville WWTP might contribute significantly to the
observed levels. Indoor environments, which are known to

TABLE 2 - Mean (±standard deviation) concentrations (ng/g) of selected PBDE congeners and BB 153 in sewage sludge samples collected
from Potsdam WWTP.
Sample type Sampling
period
Primary
May.‘10
sludge
Jul. ‘10
Sept. ‘10
Nov. ‘10
Jan ‘11
Mar. ‘11
Secondary May.‘10
sludge
Jul. ‘10
Sept. ‘10
Nov. ‘10
Jan ‘11
Mar. ‘11
De-watered May.‘10
sludge
Jul. ‘10
Sept. ‘10
Nov. ‘10

Target compounds
BDE 28
BDE 47
0.91±0.77 3.82±0.17
2.20±1.19 6.51±4.35
2.93±1.44 13.57±2.58
0.36±0.16 3.60±0.32
0.91±0.15 1.50±0.03
3.00±0.31 2.35±0.09
27.64±2.61 31.83±2.03
2.11±0.07 1.03±0.03
0.07±0.11 842.64±66.45
1.49±0.27 1.75±0.20
0.44±0.44 2.67±0.06
0.72±0.25 1.12±0.11
7.80±0.08 3.75±0.08
1.68±0.53 1.33±0.43
ND
586.01±60.10
1.93±0.36 38.26±7.59

BDE 100
2.10±0.27
9.10±3.05
7.19±0.36
1.51±0.36
0.18±0.09
0.75±0.47
12.78±0.70
0.48±0.04
122.12±57.01
0.56±0.10
0.30±0.17
0.65±0.51
0.89±0.04
2.43±1.59
50.80±38.99
7.97±2.81

BDE 99
1.13±0.27
2.22±1.04
4.69±0.07
1.12±0.06
1.91±0.15
0.50±0.55
7.30±2.22
1.54±0.05
421.90±55.10
0.97±0.73
1.13±0.11
1.89±0.46
4.26±0.06
1.39±0.88
231.14±61.21
1.21±0.004

BDE 154
0.04±0.07
3.86±3.19
3.40±0.31
0.71±0.20
0.27±0.05
1.05±0.20
1.11±0.08
0.80±0.37
153.96
0.39±0.10
1.15±1.01
0.25±0.08
0.05±0.01
0.23±0.02
66.83±44.14
2.59±0.87

BB 153
0.22±0.38
3.73±0.37
ND
ND
0.12±0.05
0.27±0.07
0.74±0.06
0.33±0.15
159.12±38.90
0.37±0.05
0.41±0.15
0.15±0.04
0.32±0.07
0.14±0.01
157.28±196.55
0.05±0.01
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BDE 153
2.02±0.70
11.09±0.98
42.98±2.86
3.91±0.34
2.23±0.51
2.45±0.30
1.70±0.21
1.40±0.81
1472.12±427.63
1.13±0.41
2.12±0.32
1.39±1.03
1.24±0.28
1.15±0.13
798.04±305.81
28.01±1.88

BDE 183
2.95±0.37
74.85±4.29
8.53±3.30
1.51±0.34
0.52±0.23
0.55±0.28
2.80±1.39
2.22±0.73
3486.15±912.30
0.74±0.22
0.96±0.26
0.78±0.15
1.35±0.21
3.59±2.44
2286.09±916.02
13.08±2.82

BDE 209
ND
450±13.2
0.49±0.04
0.28±0.10
0.78±0.20
3.69±2.57
1930±1700
ND
10.1±1.25
1.13±0.32
0.79±0.29
17.9±3.27
437±85.8
69.6±31.2
11.9±1.64
0.47±0.04

∑7PBDEs
38.9 (1.85)
329 (15.7)
250 (11.9)
38.2 (1.82)
22.5 (1.07)
32.0 (1.52)
255 (12.2)
28.7 (1.37)
19500 (928)
21.1 (1.00)
26.3 (1.25)
20.4 (0.97)
58.0 (2.76)
35.4 (1.69)
12100 (574)
279 (13.3)

∑8PBDEs
38.9 (1.62)
1680 (69.9)
251 (10.5)
39.0 (1.63)
24.8 (1.03)
43.0 (1.79)
6030 (251)
28.7 (1.20)
19500 (814)
24.5 (1.02)
28.7 (1.19)
74.1 (3.09)
1370 (57.1)
244 (10.2)
12100 (504)
280 (11.7)
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Jan ‘11
0.63±0.12 2.09±0.63
0.37±0.10
7.65±0.75
1.10±0.98
0.51±0.12
4.10±0.87
4.52±3.75
10.7±6.66
61.4 (2.92)
93.4 (3.89)
Mar. ‘11
0.49±0.04 1.03±0.02
0.19±0.02
0.93±0.004
0.26±0.19
0.12±0.05
1.83±0.99
1.04±0.60
4.77±1.85
17.3 (0.82)
31.6 (1.32)
Values reported are mean and standard deviation of triplicate analyses; ND – not detected; values in parentheses represent mean values of PBDE congeners; ∑7PBDEs denotes sum of tri- to heptaBDEs investigated; ∑8PBDEs denotes sum of all PBDE congeners, including BDE 209.

TABLE 3 - Mean (±standard deviation) concentrations (ng/g) of selected PBDE congeners and BB-153 in sewage sludge samples collected
from Cape flats WWTP.
Sampling
Location
Primary
sludge

Sampling Target compounds
period
BDE 28
BDE 47
BDE 100
BDE 99
BDE 154
BB 153
BDE 153
BDE 183
BDE 209
∑7PBDEs
∑8PBDEs
Apr.‘10
16.3±10.9
602±71.6
34.8±8.11 37.5±12.8
6.90±1.53 4.04±0.98 22.8±9.27 150±32.4
613±290
2610 (124)
4450 (185)
Jun. ‘10
NA
NA
NA
NA
NA
NA
NA
NA
NA
Aug. ‘10
3.81±2.19
12.6±0.25
44.9±1.27 11.5±5.52
12.1±9.14 2.10±2.10 3.84±2.34 6.43±0.85
30.5±12.2
286 (13.6)
377 (15.7)
Oct. ‘10
2.44±0.49
4.14±0.05
0.15±0.04 3.68±0.38
0.70±0.47 0.21±0.01 0.75±0.04 1.33±0.29
88.9±21.2
39.6 (1.88)
306 (12.8)
Dec. ‘10
0.83±0.06
3.56±0.55
0.68±0.16 1.51±0.55
0.64±0.68 0.45±0.55 0.87±0.10 ND
2.79±0.57
24.3 (1.15)
32.6 (1.36)
Feb. ‘11
6.31±3.16
10.7±0.92
2.18±1.16 15.9±2.08
1.18±0.48 0.25±0.43 42.6±4.92 5.90±3.19
1.62±0.22
254(12.1)
259 (10.8)
Secondary Apr.‘10
NA
NA
NA
NA
NA
NA
NA
NA
NA
sludge
Jun. ‘10
NA
NA
NA
NA
NA
NA
NA
NA
NA
Aug. ‘10
0.67±0.07
3.53±0.24
7.79±0.42 2.49±0.22
1.50±0.16 1.45±0.57 1.98±0.27 1.86±0.25
4360±1140
63.8 (2.66)
13100 (487)
Oct. ‘10
1.10±0.45
0.97±0.37
0.57±0.37 25.84±0.96 1.79±1.44 0.13±0.03 0.38±0.05 0.88±0.28
10.3±1.70
94.9 (3.95)
126 (4.66)
Dec. ‘10
ND
0.09±0.01
ND
ND
ND
ND
ND
ND
10.4±9.63
0.27 (0.01)
31.4 (1.16)
Feb. ‘11
2.01±1.11
3.41±0.31
1.11±0.05 3.35±0.50
0.73±0.04 ND
1.99±1.73 3.86±1.49
66.3±33.3
49.3 (2.06)
248 (9.19)
DAF
Apr.‘10
10.0±2.89
4.89±0.24
2.01±0.35 1.83±1.54
2.08±0.14 0.65±0.13 9.80±1.93 4.85±1.71
2580±643
106 (5.07)
7840 (327)
sludge
Jun. ‘10
NA
NA
NA
NA
NA
NA
NA
NA
NA
Aug. ‘10
2.41±1.67
9.30±3.33
8.90±4.41 11.9±0.80
14.5±4.49 7.80±4.00 91.9±28.0 742±248
164±86.3
2640 (126)
3140 (131)
Oct. ‘10
0.43±0.36
7.96±1.56
2.45±0.28 1.53±0.16
1.48±0.26 ND
21.9±2.44 8.17±1.21
3.28±1.08
132 (6.27)
141 (5.89)
Dec. ‘10
2.56±2.49
4.94±1.14
1.79±0.37 1.22±0.10
0.99±0.25 0.21±0.15 7.44±0.46 2.85±1.70
15.9±0.49
65.4 (3.11)
113 (4.71)
Feb. ‘11
1.83±0.27
5.60±0.22
1.58±0.10 5.50±0.22
0.41±0.03 0.86±0.11 3.56±0.73 2.82±0.13
162±39.5
63.9 (3.04)
550 (22.9)
Digested
Apr.‘10
10.9±5.71
4.61±2.29
3.63±4.49 7.63±0.89
1.61±0.83 0.23±0.10 13.7±5.97 5.54±1.02
56.7±34.0
143 (6.80)
313 (13.0)
sludge
Jun. ‘10
NA
NA
NA
NA
NA
NA
NA
NA
NA
Aug. ‘10
0.49±0.23
2.49±0.24
10.6±2.28 2.42±0.30
1.20±0.86 0.59±0.45 1.83±0.43 2.75±1.27
13.2±12.3
65.4 (3.11)
105 (4.38)
Oct. ‘10
0.94±0.68
2.34±1.71
4.87±1.06 1.29±0.10
ND
ND
42.3±2.26 11.6±1.93
8.50±0.21
190 (9.05)
216 (8.98)
Dec. ‘10
2.06±0.70
9.43±4.68
3.48±0.69 2.43±1.02
1.97±1.08 1.05±0.17 15.0±5.28 1.93±0.70
13.7±0.81
109 (5.18)
150 (6.25)
Feb. ‘11
NA
NA
NA
NA
NA
NA
NA
NA
NA
Values reported are mean and standard deviation of triplicate analyses; NA – not analyzed; ND – not detected; values in parentheses represent mean values of PBDE congeners ; ∑7PBDEs denotes
sum of tri- to hepta-BDEs investigated; ∑8PBDEs denotes sum of all PBDE congeners, including BDE 209.

TABLE 4 - Mean (±standard deviation) concentrations (ng/g) of selected PBDE congeners and BB-153 in sewage sludge samples collected
from Old & New Bellville WWTPs.
Sample
type
Primary
sludge

Sampling Target compounds
period
BDE 28
BDE 47
BDE 100
BDE 99
BDE 154
BB 153
BDE 153
May.‘10
NA
NA
NA
NA
NA
NA
NA
Jul. ‘10
10.3±1.45
42.1±1.35
6.29±0.74
6.06±0.18
2.12±1.08
1.05±0.56 5.28±0.41
Sept. ‘10 57.6±15.0
27.9±2.25
74.9±28.0
39.9±26.7
17.4±15.7
4.75±7.80 27.82±8.19
Nov. ‘10 0.29±0.01
19.2±1.92
10.0±8.20
79.3±26.0
4.70±3.24
1.37±0.96 6.27±5.23
Jan ‘11
0.31±0.10
1.03±0.31
0.38±0.08
0.88±0.005 ND
ND
0.33±0.33
Mar. ‘11 1.78±0.11
2.23±1.02
1.95±1.20
2.85±1.63
0.77±0.67
ND
3.17±2.96
Secondary May.‘10
NA
NA
NA
NA
NA
NA
NA
sludge
Jul. ‘10
1.63±2.53
5.41±1.88
7.27±1.25
4.75±0.83
5.08±3.88
1.19±0.66 7.58±1.16
(old)
Sept. ‘10 32.4±19.4
69.9±0.56
10.0±1.06
4.37±0.03
0.85±0.33
0.36±0.11 1.26±0.65
Nov. ‘10 2.41±1.19
19.4±4.45
2.77±0.06
4.80±0.61
0.24±0.21
0.12±0.13 1.91±0.73
Jan ‘11
3.32±0.32
11.7±0.29
2.52±0.19
7.41±0.67
1.51±1.03
1.13±0.30 3.20±2.26
Mar. ‘11 1.58±0.10
9.90±0.22
1.72±0.07
4.29±0.06
0.81±0.21
0.32±0.14 1.00±0.16
Secondary May.‘10
NA
NA
NA
NA
NA
NA
NA
sludge
Jul. ‘10
14.5±3.72
19.9±0.45
2.56±0.21
5.22±0.69
1.20±0.61
0.42±0.17 2.65±0.57
(New)
Sept. ‘10 32.4±33.2
1150±706
42.5±30.8
89.2±72.9
34.2±18.3
1.75±3.03 16.8±15.4
Nov. ‘10 0.06±0.03
0.07±0.02
0.03±0.01
0.06±0.01
0.04±0.01
ND
0.09±0.01
Jan ‘11
0.89±0.49
2.51±1.19
2.84±0.15
4.07±0.49
1.93±1.30
0.96±0.80 4.16±1.75
Mar. ‘11 0.71±0.37
3.65±0.33
0.31±0.09
0.81±0.15
0.69±0.25
0.47±0.12 2.55±0.33
De-watered May.‘10
NA
NA
NA
NA
NA
NA
NA
sludge
Jul. ‘10
1.45±1.95
61.8±1.40
6.47±0.29
5.91±1.25
7.25±1.21
0.89±0.63 1.37±0.57
Sept. ‘10 6.73±1.87
77.8±9.41
9.07±0.56
1.27±0.25
4.15±0.07
0.30±0.07 4.14±1.77
Nov. ‘10 6.62±2.78
12.8±9.43
0.52±0.60
0.62±0.86
0.61±0.52
0.44±0.41 7.58±1.84
Jan ‘11
3.89±4.52
17.1±2.44
7.03±0.82
7.88±1.69
6.64±1.79
0.66±0.77 38.5±3.48
Mar. ‘11 1.51±0.32
2.92±0.65
0.23±0.16
0.41±0.11
0.82±0.40
0.30±0.21 4.06±1.00
Values reported are mean and standard deviation of triplicate analyses; NA – not analyzed; ND – not detected; values
denotes sum of tri-heptaBDEs investigated; ∑8PBDEs denotes sum of all PBDE congeners, including BDE 209.

contain high levels of these contaminants, could play a
vital role. While crushing the demolished building materials, considerable amounts of air-borne dust particles are
generated on which the contaminants might be bound. The
prevailing stormy and windy weather conditions could,
therefore, accelerate their rapid deposition and subsequent
transfer into the treatment plants.

BDE 183
NA
14.6±1.24
19.2±8.75
35.8±28.2
0.67±0.64
ND
NA
22.8±12.0
1.20±0.41
0.87±0.19
4.64±0.58
1.88±0.43
NA
1.51±0.87
76.9±92.6
0.19±0.01
2.31±2.05
0.64±0.05
NA
13.2±2.52
4.07±2.78
1.46±0.31
4.72±2.30
1.91±1.34
in parentheses

BDE 209
∑7PBDEs
NA
6300±2500
260(12.4)
34400±7440
794 (37.8)
ND
467 (22.2)
4.44±0.40
10.8 (0.51)
7.27±1.79
38.3 (1.82)
NA
791±185
163 (7.78)
ND
360 (17.1)
1.49±0.43
97.2 (4.63)
3.08±1.15
103 (4.90)
1.80±0.40
63.5 (3.02)
NA
1820±889
142 (6.78)
505±120
4320 (206)
0.92±0.33
1.65 (0.08)
4.12±2.59
56.1 (2.67)
1.37±0.72
28.0 (1.33)
NA
321±277
292 (13.9)
747±465
322 (15.3)
0.23±0.07
90.7(4.32)
1.69±0.60
257 (12.2)
2.11±0.98
35.6 (1.70)
represent mean values of PBDE

∑8PBDEs
19200 (798)
104,000 (4330)
467 (19.5)
24.1 (1.01)
60.1 (2.50)
2540 (106)
360 (15.0)
102 (4.24)
112 (4.67)
68.9 (2.87)
5600 (234)
5840 (243)
4.41 (0.18)
68.5 (2.85)
32.1 (1.34)
1250 (52.3)
2560 (107)
91.4 (3.81)
262 (10.9)
41.9 (1.75)
congeners; ∑7PBDEs

Of all the 22 WWTPs sited in different sub-regions
within the city, the WWTPs investigated in this study had
the largest treatment capacities in each sub-region. These
were generally equipped with facilities to receive and treat
industrial effluents. Although different sludge types were
analyzed, the contaminants were found to concentrate
mostly in the secondary sludge. Of all the WWTPs investigated, the preferential accumulation of PBDE congeners,
especially BDE 209 in primary sludge relative to those
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found in secondary sludge, was notable at the Old Bellville plant (Fig. 1). Six out of nine congeners investigated
had higher levels in secondary sludge than in the primary
sludge. This further suggests that sorption of PBDEs to

finely suspended particles might be playing an important
role in their removal from the wastewater stream. This is
consistent with observations earlier reported [19, 20].

	
  
FIGURE 1 - A graphical representation of mean concentrations of the sum of tri- to hepta-BDEs and tri- to deca-BDEs in the entire study
period.

PBDEs are known to bind with finely suspended particles
whose ultimate settling takes place in the secondary sedimentation tanks. Interestingly, most organic contaminants
do not degrade completely during these treatment processes, hence they tend to accumulate in the sludge.
The statistical analysis (ANOVA) performed on these
data showed that the levels of all the PBDE congeners
varied significantly (p<0.05) from plant to plant. Similarly, variations in contaminants’ concentrations from one
sampling regime to the other were also observed. The observed trends could be attributed to diverse sources of
these contaminants into the wastewater stream being treated
by the WWTPs. Gevao et al. [21] observed a similar trend
in their study, and attributed the inconsistent variations in
PBDE levels to possible changes in the lifestyles of people connected to the WWTPs. The data obtained in this
study were further subjected to the Duncan`s Multiple
Range (DMR) test. This was done to establish possible
variations in the levels of these contaminants by comparing
their mean values in different samples, sampling months
and treatment plants. The analyses revealed that the mean
values of most contaminants did not vary significantly in
each sample types investigated. Only BDE 99, 153, 183
and 209 showed significant differences in these matrices.
While the mean values of BDE 153, 183 and 209 found in

primary sludge were statistically different from those obtained in other sample types, BDE 99 exhibited this difference in the secondary sludge. It is possible that these
congeners could have additional source inputs into the
wastewater system. The possibility of debromination of
highly brominated congeners to produce daughter congeners cannot be ruled out. Studies have shown that some of
these congeners are resistant to biodegradation [22, 23].
Nevertheless, there are growing evidences of both photodegradation and microbial transformation of the highly
brominated congeners reported in the literature [24, 25].
The levels of all the contaminants investigated were
highest during the August/September sampling regimes.
These periods coincide with the late winter and early
spring seasons of the year. Possible changes in the lifestyle of residents connected to these WWTPs during the
cold winter season could contribute to the levels observed.
During these periods, residents stay longer at homes or
offices due to the cold weather conditions, and as such
would normally increase the operating hours of most products, especially electronic and electrical appliances that
contain a significant amount of these chemicals. Consequently, increased leaching of these chemicals is expected
when products’ operating hours are further extended.
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3.2. Potential sources of PBDEs

The WWTPs investigated in this study receive
wastewater derived from different activities. Majority of
these originate from domestic and industrial activities.
Other in-direct but notable possible sources of these
contaminants into the wastewater stream might include
atmospheric de-position, agricultural practices, improper
solid waste management, general cleaning and laundry
operations, recycling as well as from the construction and
transportation sectors. The City of Cape Town is the second largest city in South Africa with an estimated population of 3.5 million people. Of these, about half a million
people reside in informal settlements in different parts of
the city [26]. Some of the WWTPs (Cape Flats and Potsdam) investigated were connected to some of these settlements. Due to the low purchasing power of most residents, they often resort to buying second-hand consumer
products, such as furniture, electrical and electronic appliances as well as carpets and upholstery products to which
these chemicals might have been added. Increased leaching of these contaminants from these products and subsequent transfer to the sewer system during floor cleaning
could contribute considerably to the observed levels.
Furthermore, the city also plays host to a number of
industries ranging from chemical, agro-allied, construction, maritime, tourism to food industries. While most of
these industries might not require the use of the technical
formulations of these chemicals as important inputs, many
inter-related processes involved in their production processes could ultimately trigger their release into the environment. For instance, the wear and tear from heavy-duty
machines in most industries during manufacturing processes and vehicular activities within the city could lead
to the release of these contaminants from the treated
products [27, 28]. During the general house cleaning, a

significant amount of the contaminants could be washed
into the sewer system where they eventually make their
way to the WWTPs.
In addition, the improper management of solid wastes,
especially e-wastes, which continues to constitute a global
challenge, might contribute to the trend in PBDE levels
observed in this study. There are three major landfill sites
which handle different solid wastes generated in the entire
city. While two of these receive mainly municipal wastes,
the other is designated to handle hazardous waste materials. Of the three landfill sites, only the hazardous waste
handling site was equipped with facilities to treat its
leachate. The leachate generated from the other landfill
sites are often pumped to the nearby WWTP for treatment.
A number of waste items, such as old mattresses, plastics,
furniture, toys, carpets, etc., which were generally not regarded as e-waste but could contain these chemicals, were
seen in most of these landfill sites. Due to the high microbial activity as well as the possible interaction of disposed
waste materials with the dissolved organic substances in
these sites, a significant amount of these contaminants
could rapidly leach out of the disposed waste materials
previously treated with these chemicals. Choi et al. [29]
found increased leaching of PBDEs from treated products
in the presence of dissolved humic substances, thus suggesting that microbial as well as chemical processes occurring in landfill sites could facilitate the rapid release of
these chemicals from the treated products.
The principal component analysis (PCA) performed
on these data showed that there are varied sources of these
contaminants into the WWTPs investigated. However, the
pattern assumed by the component plot for Potsdam (Fig. 2),
showed that the PBDE congeners might be associated with
two possible sources as depicted by the two clusters formed.
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FIGURE 2 - PCA component plot for Potsdam sewage sludge samples
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FIGURE 3 - Typical chromatograms of the target compounds: [A] BDE 209 standard (2000 ng/ml) showing some of the degradation products of the congener; [B] BDE 209 in a secondary sludge sample; [C] Laboratory reference sludge sample spiked with tri-hepta-BDE congeners as well as BB-153 standards; [D] Unspiked secondary sludge showing the presence of tri-hepta-BDE congeners as well as BB-153.

In this WWTP, all the congeners, except BDE 28 and
209, showed considerable association or correlation with
one another. By implication, these congeners might possibly originate from the same source. BDE 209 is known to
yield highly brominated congeners, especially some octaand nona-BDEs when subjected to debromination either
via microbial or photo-aided mechanisms. The positive
association between BDE 28 and 209 is still not clearly
understood. The total variance for these two components
was 91.4%, with 72.4 and 19.0% for component 1 and 2,
respectively.
4. CONCLUSION
The occurrence and distribution of commonly investigated PBDE congeners as well as BB-153 in different
sewage sludge types have been investigated. The presence
of BB-153 in most of the samples analyzed suggests that
these contaminants are very persistent in the environment.
Preferential accumulation of most congeners in the secondary sludge was observed. Six out of the nine congeners had higher concentrations in secondary sludge than
in primary sludge. This study also revealed a wide variation in contaminants’ levels in different sample types, sampling periods, and from plant to plant. The observed variations could probably be due to changes in composition of

the wastewater streams reaching the plants from time to
time as well as possible changes in the lifestyle of people
connected to the WWTPs investigated. Since there are no
available records on industrial usage of technical formulations of PBDEs, it is assumed that imported products
containing these chemicals are responsible for the observed levels in different sludge types investigated.
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ABSTRACT
The adsorption reactions of pentachlorophenol (PCP)
onto resin D301, β-FeO(OH) and hydroxyapatite has been
investigated, and resin D301 was the best one among these
three adsorbents. The influence of pH, adsorbent dosage,
isotherms and kinetics on the process of PCP onto resin
D301 has been analyzed. Adsorption was more favoured at
pH 6-9, and 10 mg of resin D301 can remove PCP in aqueous solution completely. The isotherm follows Langmuir
equation with a correlation coefficient of 0.97 and Freundlich equation with a correlation coefficient of 0.954. The

maximum capacity was 166.67 mg/g at 25 °C, and adsorption of PCP onto resin D301 follows the pseudo-firstorder reaction.

KEYWORDS: pentachlorophenol, adsorption, resin D301, aqueous solution
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1. INTRODUCTION

The functional group of the resin D301 is dimethyl ammonium (–N(CH3)2), which means it is positively charged.

Chlorophenols (CPs) are a group of phenolic derivatives whose releases into the environment have drawn the
attention of scientists due to their high toxicity and possible accumulation in organisms. PCP, as the most toxic
substance of CPs, was once used worldwide as wood preservative, herbicide, insecticide and fungicide. PCP is toxic
to all life forms since it is an inhibitor of oxidative phosphorylation [1]. Extensive exposure to PCP could cause
cancer, acute pancreatitis, immunodeficiency and neurological disorders [2]. PCP has been designated as a priority pollutant domestic and international. Nowadays, it is
forbidden in agriculture but not in industry. In addition,
PCP is recalcitrant to degradation because of its stable
aromatic ring system and high chloride content, thus being
persistent in the environment [3]. It also can be detected in
some water-bodies and sediments in China [4, 5].
* Corresponding author

Several methods, such as adsorption [6], biodegradation [7], oxidation [8, 9], reduction [10], photolysis [11]
and photocatalysis [12, 13], have been used to remove
PCP in aqueous solution. At the trace level, adsorption is
usually considered as the most efficient method due to its
versatility [14]. The adsorbents to remove PCP in aqueous
solution include black carbon [14-16], chitin [17], activated carbon [18], bio-adsorbents [19, 20] etc. In addition,
studies on removal of CPs with resins have also been
reported [21]. Resins have the advantages of low costs
and high efficiency. However, β-FeO(OH) has a crystal
structure with hollandite [22], and bead cellulose impregnated with β-FeO(OH) has been proven to be efficient to
remove arsenic groundwater [23]. Hydroxyapatite, with
its 2 main parts of hydroxyl and phosphorite, has a capacity to eliminate lead and cadmium [24].
The aim of this work was to compare the adsorption
effects to PCP with resin D301, β-FeO(OH) and hydroxyapatite as well as the influence of the operational conditions on adsorption process with the best adsorbent, including pH, dosage of adsorbent, adsorption isotherm and
kinetics.
2. MATERIALS AND METHODS
2.1 Materials

Pentachlorophenol (PCP; purity 99.0%) was purchased from Accustandard Incorporated, and acetonitrile
(chromatogram class) from CNW Technologies GmbH.
Water was from Watson, and formic acid from Sinopharm
Chemical Reagent Co. Ltd. β-FeO(OH) and hydroxyapatite were prepared in the lab.
Resin D301 was purchased from Shanghai resin processing plant. It is a kind of macroporous styrene divinylbenzene copolymer with high surface and cell areas.

2.2 Analysis

All experiments were carried out in aqueous solution
and PCP levels in the aqueous solution were quantified
before and after adsorption. Concentrations of PCP solutions were determined by ultra performance liquid chromatography (UPLC; LC-20A, Shimadzu, equipped with
UV detector). The specific conditions for determination
are as follows.
Chromatographic column: Inertsil ODS-SP 250×
4.6 mm, 5 µm; column temperature: 20 °C; mobile phase:
acetonitrile:water = 90:10, with 1 ml/L formic acid added
in water; flow-rate: 1 ml/min; sample size:10 µl; detection
wavelength: 227 nm.
2.3 Batch adsorption experiments
2.3.1. Effect comparison of the adsorbents

In order to choose the best adsorbent, resin D301, βFeO(OH) and hydroxyapatite were added into 250-ml
conical flasks fitted with glass caps containing 50 ml of
0.96 mg/L PCP in each one.
2.3.2. Determination of the proper adsorbent dosage

50 ml of 2 mg/L PCP were added into a series of 100-ml
conical flasks fitted with glass caps keeping initial pH of
the solution around 6. Different amounts of adsorbent between 1.0 and 15.0 mg were placed into these bottles.
2.3.3. Effect of initial pH

50 ml of 2 mg/L PCP were added into a series of 100ml conical flasks fitted with glass caps. The pH was adjusted with 0.1 M HCl or 0.1 M NaOH to the range of 3 to 9.
Thereafter, certain adsorbent amounts were put into the
bottles.
2.3.4. Adsorption isotherms

A series of 50-ml volumes with various initial PCP
levels were added into 100-ml conical flasks fitted with
glass caps keeping initial pH of the solution around 6.
Known adsorbent amounts were then put into the bottles.
All the conical flasks mentioned above were maintained under steady shaking (150 rpm) at 25 °C for 24 h.
The solutions were filtrated and UPLC-analyzed.
The adsorption capacity onto the adsorbent was calculated based on the differences of concentrations of PCP
before and after the experiment [25]:
(C − C e )V
(1)
qe = 0
W
where, C0 and Ce are the initial and equilibrium concentration of PCP (mg/L), and qe is the equilibrium adsorption capacity of PCP on the resin (mg/g), V is the
volume of the solution (L), and W is the mass of the adsorbent (g).
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2.3.5. Adsorption kinetics

50 ml of 2 mg/L PCP were added into a series of 100ml conical flasks fitted with glass caps keeping initial pH
of the solution around 6. Then, known adsorbent amouns
were put into the bottles which were maintained under
steady shaking (150 rpm) at 25 °C, and 1-ml solutions
were sampled at certain time intervals and filtrated before
UPLC analysis. The adsorption capacity at contact time t
was calculated as follows [25]:

qt =

(C 0 − C t )V

(2)

W

where, qt is the adsorption capacity at contact time t
(mg/g), C0 and Ct are the initial concentration of PCP and
that at contact time t (mg/L), V is the volume of the solution (L), and W is the mass of the adsorbent (g).

3. RESULTS AND DISCUSSION
3.1. Effect comparison of the adsorbents

PCP adsorption effects by the 3 adsorbents are shown
in Table 2. It is obvious that adsorption efficiency of PCP
by either β-FeO(OH) or hydroxyapatite was very low.
However, resin D301 had the highest adsorption capacity
of PCP. The reason may be that, besides the van der
Waals force and hydrogen bonds between adsorbent and
PCP molecules, the benzene rings on the resin D301 skeletons can interact with those on the PCP molecules,
which can increase appetency. In this study, resin D301
was chosen as the adsorbent to remove PCP in aqueous
solutions for the following experiments.

TABLE 2 – PCP adsorption effects by resin D301, β-FeO(OH) and hydroxyapatite.
Adsorbent

Adsorbent
(g)

Resin D301

0.11

Adsorbent
concentration (g/L)
2

0.20

4

0.10

2

0.20

4

0.10

2

0.20

4

0

0

Resin D301
β-FeO(OH)
β-FeO(OH)
Hydroxyapatite
Hydroxyapatite
Blank

Volume (ml)

Initial concentration of
PCP (mg/L)

Final concentration of
PCP (mg/L)

50

0.96

ND

50

0.96

ND

50

0.96

0.91

50

0.96

0.96

50

0.96

0.96

50

0.96

0.85

50

0.96

0.96

ND: not detected
3.2. Determination of the proper adsorbent dosage

In order to determine the proper PCP adsorbent dosage, a series of resin D301 amounts (1, 5, 10, 11, 12, 13,
14 and 15 mg) were placed in conical flasks. Removal
efficiency of PCP was calculated according to the following equation:

R=

Ci − C f
Ci

× 100%

(3)

where, Ci and Cf are the initial concentration of PCP
and that after adsorption, respectively.
Fig. 1 shows that the removal efficiency is up to
100% when 10 mg (0.2 g/L) resin D301 was added into
PCP solution. Therefore, the adsorbent dosage is determined to be 10 mg (0.2 g/L) in the following experiments.

FIGURE 1 - Effect of adsorbent dosage on the removal of PCP by
resin D301.
3.3 Effect of initial pH

The effect of pH was studied by adjusting the pH of
PCP aqueous solutions to 3, 4, 5, 6, 7, 8, and 9. The removal effects are shown in Fig. 2. At pH values 3-6, the
adsorption capacity of PCP increased with the increase of
pH. When pH was beyond 6, the removal efficiency of
PCP reached a plateau of 100%.
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calculated to be 166.67 mg/g, and the adsorption equilibrium constant as 1.5 L/mg.

FIGURE 2 - Effect of initial pH on PCP removal rates.

Change in pH can induce charge variation on the surface of adsorbent. On the other hand, the hydrogen ion
concentration influences PCP distribution among the
various species due to its pKa (Eq. (4)) [26, 27]:

FIGURE 3 - Langmuir adsorption isotherms for PCP by resin D301.

The Freundlich equation was also used for calculation:
1
log qe = log Ce + log K F
n
(6)

C 6 H 5 Cl 5 − OH + H 2 O ↔ C 6 H 5 Cl 5 − O − + H 3 O +
pK a = 4.7

(4)

In this study, when experimental pH ranged between
2 and 6, both PCP and PCP- existed. At pH values between
6 and 9, most PCP molecules were dissociated into highly
negatively charged ions. It can be inferred that resin D301
can adsorb both molecular and ion form of PCP. With the
increase of pH, the adsorption capacity rises up due to the
decrease of not only negative charges on the surface of
resin D301 but also electrostatic repulsive-forces between
resin D301 and PCP ions. In addition, resin D301 has a
week ionization in aqueous solution, which turn the functional group (–N(CH3)2) into a positively charged group.
Although the 5 chlorine substituents on PCP molecule act
as strong electron-withdrawing group which decreases the
overall electron density in the π-system of the ring, as pH
increases, more molecular PCP becomes negatively charged
due to ionization of the phenolic hydroxyl groups [14, 28,
29]. Consequently, the electrostatic attraction between the
PCP anions and the positively charged active sites of the
adsorbent promoted the adsorption.
3.4. Adsorption Isotherms

Adsorption isotherm study was carried out by preparing
PCP aqueous solutions with initial concentrations of 3, 5, 8,
10, 15, 20 and 30 mg/L, and adding 10 mg resin D301.
The Langmuir equation was used for calculation:
Ce
C
1
(5)
=
+ e
qe Q0 b Q0
where, Q0(mg·g-1) is saturated adsorption capacity,
and b (L·g-1) is adsorption equilibrium constant.
Fig. 3 shows correlation coefficients of 0.988 for the
Langmuir isotherm model, which can describe the adsorption process well. According to the slope and intercept of
the curve, the adsorption capacity of resin D301 was

where, KF is Freundlich adsorption coefficient.
Fig. 4 shows the fitted curve by Freundlich equation
with a correlation coefficient of 0.954. 1/n was calculated
to be 0.508 (lower than 1), which indicated that resin D301
can adsorb PCP from aqueous solution efficiently.

FIGURE 4 - Freundlich adsorption isotherms for PCP by resin D301.

The adsorption capacity of adsorbent was 166.67 mg/g,
demonstrating a good effect for resin D301 to remove PCP
by adsorption. Meanwhile, resin D301 is easy to obtain
and can remove PCP from water directly without chemical modification. Besides, it is also a low–cost and economical material.
3.5 Adsorption kinetics

Adsorption kinetics were studied by sampling the solutions of the different bottles, one by one after different
times (15, 30, 60, 90, 120, 180, 240, 300, 360, 420, 480,
540 and 600 min).
Adsorption equilibrium time of PCP by resin D301 is
shown in Fig. 5. The removal efficiency of PCP increased
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with the contact time passing by, and reached an equilibrium after 9 h.

pH played a significant role in influencing the capacity of
resin D301 towards PCP. It was more favoured at pH
values from weakly acidic to weakly alkaline, probably due
to the fact that, as pH increases, the more PCP molecular
becomes more and more negatively charged. Consequently,
the electrostatic attraction between the PCP anions and the
positively charged resin D301 promoted the adsorption. The
isotherm follows the Langmuir equation a little better than
the Freundlich equation, with a maximum capacity of
166.67 mg/g at 25 °C. The adsorption process follows the
pseudo-first- order reaction.
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ABSTRACT
In this study, short-term periodic structures of water
level fluctuations are represented to classify hydrological
periods and investigate the corresponding responses of
nutrients, as well as a simple efficiency assessment to
recent water allocations. Five hydrological classifications
representing significant water level fluctuations are identified in three critical stations, respectively. Three stations
represent different background values of nutrient concentrations coupled with different responding rates when
water allocation is implemented. Results show that in Lake
Baiyangdian, a common 228-days periodic component with
alternation in wet and dry periods is found in lake level
fluctuations for daily time series from January, 2007 to December, 2008. Nutrient response to those alternations displays low concentration in dry periods but high concentration in wet periods, in spite of the abnormal change influenced by water allocation. When taken stations into consideration, the response is still robust. However, the significance of the response is below 95% confidence level,
which may be the results of background effects, or dilution effects from water allocation. For a recharging lake,
this work provides a better understanding for depicting
how nutrients varied with significant water level fluctuations. To balance the aquatic ecosystem improvement and
water needs, it is necessary to restrict exogenous pollutant
emissions coupled with more water supplies simultaneously.

KEYWORDS: Water level fluctuations; Nutrient; Response;
Wavelet analysis; Statistical analysis; Lake Baiyangdian

degradation, is one of the important environmental problems in protecting freshwater. Eutrophication reduction
and water quality improvement have been widely recognized [2]. Therefore, it is the fundament to assess effects
of nutrient variations for lake eutrophication improvement
and restoration.
Hydrologic fluctuations (i.e., water level fluctuations)
coupled with their periodic structures are the key elements
affecting habitat and species diversity in fresh water systems [3]. Water level fluctuations, climatically induced or
the result of artificial regulation, can have a profound effect
upon lake processes, especially in shallow lakes [4]. In
shallow lake systems, water level fluctuation could have
an overriding effect on the ecology, functioning, and
management [5]. Some limnological researches suggested
that changes in water levels resulted in high nutrient concentrations [6, 7]. In these and other lakes, increases in
nutrient concentrations may occur as lake level decrease
[8]. However, decreasing water levels in shallow lakes
had also caused decreases in nutrient concentrations because of increasing macrophyte abundance [9]. Thus, two
major and contradictory phenomena that can impact nutrient concentrations in shallow lakes work in opposite directions, with decreasing or increasing water level.
Many researches have assessed water quality changes
based on parameters for statistical tests within a short interval period to determine change in trends or variations [1013]. However, over a high frequency time series, water
quality changes responding to hydrological conditions are
still unclear. In this study, Lake Baiyangdian, a recharging lake, is selected for a case study. The final aim of the
present work is to elaborate the scientific evaluations on
the effects related to the rate, magnitude and timing of
water allocation.

1. INTRODUCTION
Water eutrophication and pollution caused by nutrient
enrichments and sewage emissions affect virtually all
aquatic ecosystems [1]. Eutrophication, as well as water
* Corresponding author

2. MATERIALS AND METHODS
2.1 Study Site and Background

Lake Baiyangdian, the largest natural freshwater body
in the North China Plain, is located 130 km south of Beijing (48°43'–39°02' N and 115°38'–116°07' E) (Fig. 1).
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FIGURE 1 - Geographic location of the study area.

The lake consists of more than 100 small and shallow
lakes linked to each other by thousands of ditches with a
surface area of 366 km2 and an average water depth of 2.5 m
[14]. The climate in this region is characterized as temperate continental monsoon climate with annual mean precipitation of 450 mm, evaporation of 1690 mm and the annual mean ambient temperature of 17 °C. Since the
1980s, Lake Baiyangdian has shrunk and dried up frequently when the water level is less than 5.5 m [15]. Moreover, the lake is a monomictic lake with only one entrance
(NLZ station) accepting pollutant emissions from Fuhe
River (Fig. 1). Recently, it suffers eutrophication and much

of the area has been converted to swamps. In addition,
Lake Baiyangdian is still seriously challenged by the increasingly terrible water quality problems stemming from
pollutant overloads on its natural aquatic systems. Consequently, water allocations have been implemented to prevent lake degradation, at least once per year since 20th
century (Table 1). Water allocation has significantly changed
natural water level fluctuations. Therefore, it is important to
investigate the characteristics of nutrient response to periodic fluctuations of hydrological factor with eco-hydrological factor (e.g., water level), as well as assessment for water
allocation effects.

TABLE 1 - Recent implementations of water allocations to Lake Baiyangdian (2000-2009).
Time period of
water allocation
Jul. 2000
Dec. 2000−Jan. 2001
Feb ,2001−Mar. 2001
Jun. 2001−Jul. 2001
Feb. 2002−Mar. 2002
Apr. 2002−May 2002
Jul. 2002−Aug. 2002
Jan. 2003−Ma. 2003
Feb. 2004−Jun. 2004
Mar. 2005−Apr. 2005
Mar. 2006
Mar. 2006−Apr. 2006
Nov. 2006−Mar. 2007
Jan. 2008−Jun. 2008
Jun. 2009−Jul. 2009
Nov. 2009

Reservoir

Discharge out of the reservoir (104 m3)

Angezhuang
Wangkuai
Angezhuang
Wangkuai
Xidayang
Xidayang
Wangkuai
Wangkuai
Yuecheng
Angezhuang
Angezhuang
Wangkuai
The Yellow River
The Yellow River
Angezhuang
The Yellow River

3111
7902
3287
9079
5015
3873
6108
20000
39000
5863
3200
9000
20000
31200
6974
20000
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Discharge flow into the lake (104
m3 )
1800
4060
2164
4513
3501
1974
3104
11634
16000
4251
828
4844
10010
15660
1725
10000
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2.2 Data Sources

As shown in Fig. 1, the NLZ station is lake entrance
for both water allocation and pollutant emission from Fuhe
River. When water allocation is implemented, the WJZ
station represents slower water level variations compared
with the changes in NLZ station, and then followed by DC
station. Water samples are collected monthly from three
monitoring stations.
Water samples were collected at 0.5 m depth (representative of the mixed water columns) of the lake. The
monitoring water quality parameters included TN and TP
from January 2007 to December 2008. The analytic methods are used based on the “State criteria of the People's
Republic of China, water quality criteria” raised by State
Environmental Protection Administration of China [16].
Ammonium molybdate (spectrophotometric method) and
alkaline potassium persulfate digestion (UV spectrophotometic method) are applied for total phosphorus and total
nitrogen analyses, respectively. The water quality data
and hydrological daily data (water levels from 1st January,
2007 to 31st December, 2008) are all obtained from the
Agency of Environmental Protection of Anxin County,
Hebei Province.
2.3 Methods

To classify the temporal modes of water level fluctuations, we use wavelet power spectrum analysis and the
global variance method. Wavelet spectrum analysis deals
with the identification of cyclical patterns in the data.
Data windowing is used to smooth the power spectrum,
thereby reducing its variance and increasing statistical
confidence [17]. To reach a compromise between strong
smoothing (more confidence but stronger bias) and weak
smoothing (less confidence but less bias) with an acceptable spectral leakage, the power spectrum estimates are
generated using a smoothing Hamming window of variable length [18].
The analysis of accurate periodicities on water level
fluctuations is based on data of daily time series. Two harmonic tools are applied to these data series: classical Fourier analysis and continuous wavelet transform. The classical Fourier transform uses sine and cosine base functions
that have infinite span, are globally uniform in time, and
only reveal the presence of spectral components [19]. For
the Fourier harmonic analysis, we use the conventional
power of 2 Fast Fourier Transform procedures. The decomposition of time series into time-frequency space
allows for the determination of both the dominant modes
of variability and how those modes vary with time. The
classical Fourier analysis and continuous wavelet analysis
use the Morlet wavelet [20].
To determine the common periodic structures of three
stations, we select a common period of above 95% confidence level based on the wavelet global variances. The
main periodic component illustrates structures of water
level fluctuations. The positive amplitudes represent wet
periods while the negative amplitudes represent dry peri-

ods. Nutrients in each individual period show the corresponding values. In each station, the Pearson correlation
coefficients are applied to analyze the nutrient responses
to water level. Moreover, the significant variations of water
level and nutrients under the classified hydrological conditions on three stations are systematically analyzed by oneway ANOVA, and the multiple comparisons are also conducted.
The calculation procedures of wavelet analysis are
coded in MATLAB software (version 7.1 (R14), the Mathwork, Inc. Natick, Massachusetts). The calculation procedures of statistical analysis are programmed in SPSS software (IBM SPSS statistics 18, Polar Engineering and
Consulting, IBM Corporation, Somers, New York).
3. RESULTS AND DISCUSSION
3.1 Classifications of hydrological periodic fluctuations
3.1.1 The wavelet power spectrum analysis and the global
variance

In wavelet transform, the wavelet power can be obtained directly by square of absolute value for transformed data. Figure 2 shows the power of the wavelet
transform for the daily water level fluctuations from 1st
January 2007 to 31st December 2008 at three stations. The
square of absolute value of the transformed data gives
information about the relative power at a certain scale or
period. Figures 2a, 2b and 2c show the actual oscillations
of wavelets of water level fluctuations in NLZ, WJZ and
DC, respectively, rather than just their magnitude.
The wavelet power spectrum reveals that the highest
energy of water level time series appears. The periods of
higher energy changes for water level during the recorded
periods are >32 days for all three stations, especially
concentrated on the period of 128-256 days (Figs. 2a, 2b,
2c). In NLZ station, a relative energy change cored with 32
and 64 days is higher than that at WJZ and DC stations.
Considering NLZ station is the entrance that received sewages from upstream rivers, water level suffers from serious
influence showing a relative higher energy change. Meanwhile, higher energy changes show relative narrow spans at
NLZ compared with that at the other two stations. The
accurate changes of wavelet global variance revealing the
periods of ~128 to 256 days are above the 95% confidence
level for all three stations (Figs. 2d, 2e and 2f).
3.1.2 Classification of water level fluctuations

The above results indicate that the accurate periodic
structures for three stations are ~128 to 256 days based on
the global variances. Consequently, the main periodic components represent the alternations of positive and negative
oscillations of water level dividing the hydrological periods
into wet and dry stages. In order to elucidate structures
visually, we subjectively chose periodic window width of
228 days as main periodic component. To further describe
the significant hydrological classification, we eliminate edge
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FIGURE 2 - Wavelet power spectrum using Morlet mother wavelet for water level fluctuations from January 2007 to December 2008 at NLZ
station (a), WJZ station (b) and DC station (c). The relative low resolution region is the cone of influence, where zero padding has reduced
the variance. Black contour is the 95% significance level, using a white-noise background spectrum. The global wavelet variance (solid line)
for water level at the stations of NLZ (d), WJZ (e) and DC (f), and the dashed line is the confidence for the global wavelet variance, assuming
the same confidence level and background spectrum as in power spectrum.

effects occurring on alternating changes. We take ±10% of
maximum oscillation into consideration as the edge effects
(Figs. 3 a, b, c, d, e, f). Thus, the window width of 228 days
classifies the hydrological periods into 5 stages: Class I,
Class II, Class III, Class IV and Class V (Fig. 3). Wet
stages are represented by Classes I-III owing to the positive oscillations, while Classes IV and V represent dry stages
due to the negative oscillations of water level fluctuations.
The hydrological classifications at the three stations share
the coincident fluctuations shown in Fig. 3.

FIGURE 3 - The wavelet hydrograph in 228-days periodic component: red curve for NLZ station, blue curve for WJZ station and
black curve for DC station. For better classification of water level
periodic structure, ±10% of maximum oscillations are representing
alternated effects which divide the whole time into 6 intervals: a, b,
c, d, e and f. Positive oscillations represent higher water level as
class I, class II and class III. Negative oscillations represent lower
water level as class IV and class V.

3.2 Descriptive statistics for water level and nutrients in five
hydrological classifications

Five hydrological periods are classified based on 228days periodic structures and corresponding water levels at
NLZ, WJZ and DC stations (Table 2). The descriptive statistics (maximum, minimum, mean and standard deviation)
of five classifications in three stations are shown in Table 2.
The results show that the maximum value of water level
appears in NLZ station, and subsequently in DC and WJZ
stations.
The nutrient variation in the corresponding classification is shown in Fig. 4. Generally, variation trends of TN
and TP concentrations are similar, but the values of TN
are approximately ten times higher than that of TP. In
spite of the edge effects, nutrient concentrations present
decreasing trends in wet stages (Fig. 4 - Classes I-III),
while increasing trends occur in dry stages (Fig. 4 - Classes IV and V). The abrupt declining changes of nutrient
concentrations occur in two periods. The first period is
before Class I (2007), and the second is in Class II when
water allocations are implemented; that is, water discharge
from the Yellow River from January to February of 2008.
As a result, water level gradually increased after the two
periods. Moreover, in order to expound these responses,
we simply integrate the three stations as samples of the
whole lake. As shown in Fig. 5, the responses of nutrients
to water level in whole lake are similar with that at the
three separate stations. Based on the obtained results, it is
suggested that the dilution effect of water recharges can
partially relieve water degradation in Lake Baiyangdian.
Nutrient concentrations are actually capable of rapid
response to water level changes. To investigate magnitude
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TABLE 2 - The hydrological classification based on 228-days periodic structures and corresponding water levels in NLZ, WJZ and DC stations.
Hydrological
Duration
Classification
Class I
Class II
Class III
Class IV
Class V

Feb. 2007-Apr. 2007
Nov. 2007-Feb. 2008
Sep. 2008-Dec. 2008
Jun. 2007-Sep. 2007
Apr. 2008-Jul. 2008

NLZ
mean
S.D.
min.
7.14
±0.15
6.72
6.30
±0.02
6.25
7.49
±0.03
7.42
6.37
±0.10
6.18
7.17
±0.25
6.67

max.
7.28
6.32
7.54
6.63
7.47

mean
6.06
5.26
6.43
5.28
6.08

water level (m)
WJZ
S.D.
min.
±0.10
5.83
±0.07
5.16
±0.04
6.36
±0.10
5.07
±0.26
5.59

max.
6.20
5.38
6.48
5.54
6.41

mean
7.08
6.28
7.45
6.30
7.13

DC
S.D.
±0.10
±0.08
±0.04
±0.10
±0.24

min.
6.86
6.13
7.36
6.10
6.65

max.
7.23
6.40
7.49
6.57
7.43

FIGURE 4 - Descriptive statistics for monthly data of water level, TP and TN at the stations of NLZ (a), WJZ (b) and DC (c) from January
2007 to December 2008 in the corresponding hydrological classifications.

FIGURE 5 - Descriptive statistics for monthly data of the whole lake level, TP and TN from 2007 to 2008 under the corresponding hydrological classifications.
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of those responses, correlation analysis between nutrients
and water level can further reveal the responding differences
at different critical stations, while variance analysis can
unveil the magnitudes of differences at different stations.
Lakes with little range of water level fluctuations tend
to have negative impacts on lake ecosystems. Our results
demonstrate that the responses show similar trends but
differences in magnitude for three different critical sites
(Fig. 6). NLZ and DC stations are near the boundary of
lake-existing strong disturbances, and the responses show
faint consistency, while the response displays the clear
responses at WJZ station due to its weak disturbances. For
example, the highest water levels of 7.49±0.02 m and
7.44±0.02 m appear in Class III for NLZ and DC stations,
respectively, while the corresponding nutrient concentrations are showing lower TP concentrations (0.52±0.27 mg/L
and 0.03±0.002 mg/L for NLZ and DC stations), respectively) but higher TN values (23.70±8.00 mg/L and
1.01±0.03 mg/L for NLZ and DC stations, respectively).
The lower nutrient concentration appears when the water
level is high at WJZ station. In addition, regarding the

differences of site background value, the responses in high
background value are even more obscure in magnitude.
For example, the high background values at NLZ station
are about 10-fold larger than those at the other stations.
Nevertheless, when water level fluctuations are taken into
consideration, the results display less responds for TN but
much responds for TP. Moreover, for better understanding nutrient responses to water level fluctuation, proper
site selection with litter disturbances are necessary.
3.3 Nutrients response to water level fluctuations
3.3.1 Relationship between nutrient and water level

The Pearson correlation analysis between nutrient and
water level fluctuation is carried out to study magnitude
of the response. The results demonstrate that significant
correlations between nutrient and water level only occur
in the period of Class II at WJZ station (Table 3). TN
concentration is significantly and positively correlated
with water level (P<0.05), and TP concentration is also
positively correlated with water level (P<0.05). But at
NLZ and DC stations, there are no significant correlations

FIGURE 6 - Water level and nutrient variations in each hydrological period: a, b and c for water level variations at the stations of NLZ,
WJZ and DC, respectively; d, e and f for TP variations at the stations of NLZ, WJZ and DC, respectively; g, h and i for TN variations at the
stations of NLZ, WJZ and DC, respectively; j, k and l for water level fluctuations at the stations of NLZ, WJZ and DC, respectively.
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TABLE 3 - The Pearson correlation coefficient for water level (WL) and nutrients (TN and TP) in the hydrological periods.
Class I (n=3)
WL
TP
TN
NLZ Station
WL
TP
TN
WJZ Station
WL
TP
TN
DC Station
WL
TP
TN
*: P<0.05

1
0.113
-0.087

1
0.98

1
0.539
0.965

1
0.741

1
0.737
0.42

1
-0.304

Class II (n=4)
WL
TP
TN

1

1
0.871
0.925

1
0.988*

1

1
0.961*
0.83

1
0.884

1

1
0.487
0.657

1
0.174

Class III (n=3)
WL
TP
TN

1

1
-0.945
-0.802

1
0.954

1

1
-0.048
0.999*

1
-0.044

1

1
0.882
0.082

1
-0.397

Class IV (n=4)
WL
TP
TN

1

1
0.381
-0.582

1
0.477

1

1
-0.597
0.109

1
0.319

1

1
0.155
0.373

1
0.544

Class V (n=4)
WL
TP
TN

1

1
-0.099
-0.623

1
0.641

1

1

1
0.8
-0.639

1
-0.364

1

1

1
0.886
-0.94

1
-0.674

1

TABLE 4 - The significance test between hydrological period groups for water level (WL) and nutrients using one-way ANOVA.
One-way ANOVA
Hydrological Classification
NLZ station
WL
TP
TN
WJZ station
WL
TP
TN
DC station
WL
TP
TN
*: P<0.05

Sum of
Squares

df

Mean Square

F

Sig.

Between Groups
Between Groups
Between Groups

4.05
7.00
512.73

4
4
4

1.01
1.75
128.18

42.65
2.13
0.59

0.000*
0.135
0.674

Between Groups
Between Groups
Between Groups

3.96
0.03
1.53

4
4
4

0.99
0.01
0.38

40.78
3.04
0.65

0.000*
0.057
0.634

Between Groups
Between Groups
Between Groups

4.02
0.00
4.18

4
4
4

1.00
0.00
1.05

46.74
1.63
1.86

0.000*
0.226
0.177

between nutrients and water level. These inconsistent relationships give a possible potential clue of incapably significant dilution for current water resources to nutrient concentrations when nutrient removal by biological actions is
scarcely considered. In other hydrological classifications,
slight correlations below 95% confidence level are also
drawn. The arbitrary conclusion of denying relationships
about nutrient and water level cannot been deduced due to
the inaccuracies of small sample statistics. Nonetheless, the
evidences of positive correlations between nutrient and
lake level of Class II in WJZ station still imply possible
responds of nutrient to drastic lake level fluctuations.
3.3.2 One-way ANOVA for nutrients and water level

One-way ANOVA analysis is employed to detect the
significant difference for water level fluctuations of classified 5 groups at 3 stations, respectively. Similarly, analysis is also applied to TN and TP concentrations. Table 3
shows that water level fluctuation in 5 hydrological classifications is significant at all 3 stations (p<0.05). The result
validates 228-days periodic structures shown in the result
of wavelet global variances. However, the significant
level of TN and TP concentrations in 5 classifications are
detected below 95% confidence level (Table 4).

Based on results shown in Table 4, multiple comparisons are deduced in 5 hydrological classifications for each
station (Fig. 6). It is found that low TP concentrations are
responding to high water levels in 5 hydrological classifications for all 3 stations, except in Class V for NLZ station (Fig. 6d). That is, high water levels deriving from
water discharges can dilute nutrient concentrations. However, input nutrients from water charges are major factors
which can increase nutrient concentration in the period of
Class V. The reason may be related with the flushing effects of water recharges occurring in the period of Class V.
Besides that, the inputs of industrial and domestic sewages
to Fuhe River cause higher background values of nutrient
concentrations. In addition, TN level variations are less
responding to water level fluctuations (Figs. 6b, 6e and 6h).
It is reported that TN concentrations are influenced by
many biochemical and physical processes, as well as pollutant inputs [21-23].
Nutrient response to water level fluctuations displays
dilution effects after water allocation is implemented, then
effects by following biological actions and biogeochemistry effects. For a majority of water sources, lake ecosystem can be significantly improved, which has been the
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foundation of environment flows [24, 25], while frequent
water allocations considerably increase the costs of material resources. Thus, the insufficient water recharges into
Lake Baiyangdian, can only sustain the lake survival. Decisions related to the rate, magnitude and timing of water
allocation can have broad ecological consequences [26,
27], which constitute the foundation of lake restoration. In
addition, water allocation affects the physical limnology of
aquatic ecosystems, altering nutrient concentration and its
retention time, sediment settling and shoreline development,
etc. [28]. These abiotic impacts, in turn, have biological
effects, via structuring influences on the diversity, density
and the overall resilience of lake biota [29], which can be
particularly susceptible to put more pressure to lake restoration. Thus, for balancing the aquatic ecosystem improvement and water resource needs, it is necessary to restrict
exogenous pollutant emissions coupled with more water
supplies simultaneously.

Scholars and Innovative Research Team in University
(No. IRT0809). We thank C. Torrence and G. Compo for
assistance in the Wavelet analysis.

4. CONCLUSION
Understandings of alternations for hydrological conditions and appropriate classifications to these conditions
are important for corresponding nutrient responses to future
efficiency assessment of water allocation. This study uses
wavelet analysis to classify the hydrological conditions, and
uses traditional statistical methods to analyze respective
nutrient concentrations. Meanwhile, site influences are also
included. The following conclusions can be drawn:
1) wavelet power spectrum analysis displays its efficiency and applicability in water level fluctuations, which
is also demonstrated by statistical analysis. Wavelet analysis can provide useful information for periodic structures
in reflecting ecological conditions.
2) Variations of nutrient concentration in the water
body show indirect relationship with lake level but these
variations are largely owing to water level fluctuations.
The nutrient responses to lake level are widespread, although, at the special site, the response is abnormal. As an
assessment to water allocation, the ignorance of nutrient
response will be bound to undermine the effects of water
allocation.
3) The responding results suggest that recent water allocations for Lake Baiyangdian are necessary to lake
succession but the magnitude is insufficient to lake restoration. For the balance of aquatic ecosystem improvement
and water resource needs, it is necessary to restrict exogenous pollutant emissions simultaneously coupled with
more water supplies.
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HEAVY METAL ACCUMULATION AND
ITS RELATIONSHIP WITH SEDIMENT PROPERTIES IN
EDIBLE RHIZOME LOTUS (NELUMBO NUCIFERA GAERTN.)
FROM AN UNCONTAMINATED FIELD
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ABSTRACT
The accumulation of heavy metals in the lotus root
may cause deleterious effects on human health through
their consumption. Concentrations of heavy metals in edible rhizome lotus and the corresponding sediments were
investigated in the suburb of Zhengzhou and Kaifeng cities
in Henan province, China. Results showed that the concentrations of Cu, Zn, Cd and Pb in the sediments were
below environmental quality standard values, and their
concentrations in the edible rhizome lotus were below the
maximum permissible level. Their contents decreased in
the order of Zn > Cu > Pb > Cd. Thus, the lotus field was
not contaminated with heavy metals, and the rhizome
lotus was secure for human consumption. Additionally,
their bioconcentration factors (BCF) showed a trend in the
order: Cu ~ Zn > Cd > Pb. Further, correlation analysis indicated that Cd and Pb concentrations in rhizome lotus
had negative relation with electrical conductivity of the
sediment, and contents of Cd and Pb in the rhizome lotus
were predominantly affected by salinity cations at low
heavy metal concentration in wetland field. The BCF of
Pb, Zn, and Cu showed negative correlation with organic
material of the sediment. Therefore, the control of sediment salinity decreased accumulation of Pb and Cd in the
rhizome lotus, and the addition of organic material debased availability of Pb, Cu, and Zn.

KEYWORDS: Nelumbo nucifera Gaertn., edible aquatic plant,
heavy metals, accumulation, sediment properties, relationship

1. INTRODUCTION
Lotus plant (Nelumbo nucifera Gaertn.) is an aquatic
emergent angiosperm, distributed in wetlands throughout
temperate and tropical Asia [1]. Lotus root, one of 12 aquatic
* Corresponding author

species used as vegetable, has been cultivated for more
than 2,000 years, and now has been widely cultivated in
almost all provinces of China [2]. The characteristics of
rhizome lotus are the highest plant height, no or few flowers, as well as edible rhizome lotus with highest yield among
seed lotus and flower lotus. Fresh rhizome and torus of
this plant are sold as vegetable on the market, and lotus
root is an important economical crop. Due to industrial,
agricultural and household activities, the contamination of
water-bodies by heavy metal has created serious problems
for traditional cultivation of aquatic food plants [3, 4].
Lotus roots grown under different Cr concentrations showed
appreciable amounts in their tissues, maximum being in
roots [4]. Heavy metal accumulation in crops or plants
may lead to the lowering, damage and alteration of human
physiological functions through the food-chain. Therefore,
the accumulation of heavy metals in the lotus root should
be given greater attention.
Many studies are carried out to determine how soil
parameters and other elements influence the transport of
trace metals in soil-crop ecosystem [5-8]. The relationships
between total metal contents in the soil and the heavy metal
accumulation in tobacco, wheat, rice plant and vegetables
have been investigated under real field conditions [9-13].
The mobility of heavy metals in the soil-plant system depends on their bioavailability, which is mainly affected by
total content of soil heavy metals, soil pH, clay content
and types of minerals, organic material (OM), cation exchange capacity (CEC), oxidation-reduction potential (ORP
or Eh), and plant species. Therefore, soil physico-chemical
properties and plant physiological functions affect the
metal uptake and transport. However, heavy metal accumulation of edible rhizome lotus under natural field is unknown presently. In this article, concentrations of heavy
metals in the rhizome lotus and sediment were detected,
and sediment properties, such as OM, pH, CEC, electrical
conductivity (EC) and available phosphorous (P), were
also determined to investigate their possible influences on
crop metal uptake under real field conditions. The objective of this article was, therefore, to assess food security,
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and understand the accumulation process and mechanism
of heavy metals in the edible lotus plant, and develop
control measures.
2. MATERIALS AND METHODS
The cultivation of rhizome lotus was from March to
September near Zhengzhou and Kaifeng city, Henan province, China. After drainage of all water from the field, the
aboveground parts of lotus plant were removed. The rhizome lotus will not be dug out when it has been ripe for
harvesting but will remain in the field for planting the
new ‘seed’. The edible rhizome lotus parts were collected
in the suburb of Zhengzhou (Chensanqiao, Dawu,
Hegouwang) and Kaifeng (Tubogang, Beishengang, Renhetun) in September, 2006. Their characteristics are 5-7
knots of the main stem, and 120-140 cm length of main
stem of rhizome. Besides the plant samples, corresponding sediments were also collected. The plant samples
were rinsed with tap and distilled water, air-dried, and
then cut into small pieces. The sample was mixed evenly
and oven-dried at 80-90 °C until reaching constant weight.
The dried samples were finely ground to pass a 0.5-mm
nylon sieve. About 5 g of plant samples were put in a
ceramic crucible and pre-ashed on an electrothermal plate.
After most of samples were carbonized, they were transferred to a hot oven and ashed at 450-500 °C for 12 h.
The plant ash was dissolved with 10 ml of 10% HNO3,
filtered if colloids were visible, and then diluted to 50 ml
with distilled water for heavy metal analysis.
The sediment samples were air-dried at room temperature, finely powdered and sieved through a 2-mm nylon
mesh. The digestion of the sediments was carried out in a
Teflon pressure vessel. About 5 g of air-dried soil sample
was dissolved in a mixture solution of HNO3-HClO4-HF
and heated on an electrothermal plate until the digestion
solution became a light yellowish sticky mass. After
completion of the digestion and adequate cooling, the
sample was dissolved with several drops of 10% HNO3,
filtered, diluted to 50 ml with distilled water for heavy
metal analysis.
The organic material, pH, EC and available P of the
sediment were measured with standard methods [14]. OM
was determined by oxidation with K 2Cr2O7. Available P
was extracted with sodium bicarbonate (0.5 mol/L NaHCO3). The pH value of the sediment was measured at the
soil to solution ratio of 1:2.5 in an aqueous suspension of
soil. CEC was determined using Ca(OAc)2.
Concentrations of Cu and Zn in the sediment and rhizome lotus were determined with flame atomic absorption
spectrophotometry (F-AAS) (Hitachi Z-8000, Hitachi Ltd.,
Tokyo, Japan). However, concentrations of Cd and Pb
were determined using graphite furnace atomic absorption
spectrophotometry. All reagents were supra-pure, and highpurity water was employed throughout. A sample of
standard reference material (NIST SRM 2709), a blank,

and a determination in duplicate were included for assurance of analytical accuracy. The analytical results showed
no signs of contamination, and the precision and bias of
the analysis were generally <10 % for metals. The recovery rates for heavy metals in SMR were around 85-105%.
The data analysis was performed using SPSS 13.0 for
windows.
3. RESULTS AND DISUSSION
3.1. Concentrations of heavy metal and properties of sediment

Concentrations of Cu, Zn, Cd and Pb in the rhizome
lotus and sediment, and sediment properties are summarized
in Table 1. Concentrations of heavy metals in the sediment
were 4.81-18.72mg/kg Pb (average 8.98 mg/kg, dw), 0.0170.83mg/kg Cd (average 0.14 mg/kg), 7.10-21.60 mg/kg Cu
(average 12.86 mg/kg), and 9.15-57.89 mg/kg Zn (average 28.32 mg/kg), which were below the environmental
quality standard for soils of China (Grade II) [15], except
for Cd content in Hegouwang2-site. Therefore, the sediment was uncontaminated with heavy metals. Concentrations of heavy metal in sediments sampled from different
regions varied widely. In comparison, the range of Cd
concentration in the lotus field was much wider than that
in the vegetable field (0.13-0.18 mg/kg) or the paddy field
(0.11-0.14 mg/kg) [10, 11]. Concentrations of heavy metals in lotus root field were significantly lower than those
in the soil of Zhuzhou city [5], and that near a non-ferrous
mining and smelting base in Baiyin city [13]. There were
positive relationships between Pb and Cu, Pb and Zn, and
Cu and Zn contents (p<0.01) in the sediment. The contents of Pb, Cu, and Zn were highly correlated with OM
and CEC of the sediment; this is attributed to anthropogenic influence. Due to the use of organic matters and
fertilizers, heavy metal contaminants were added as intrinsic components to the field.
The pH values of the sediment ranged from 7.94 to
8.76, belonging to slightly alkaline. The OM content was
2.96-23.54 g/Kg and varied widely in the different sites.
The use of compost and animal manure as fertilizer for
lotus production resulted in high OM concentration in
some fields; another reason was the occurrence of waterlogging in some areas. Contents of available P, CEC, and
EC in studied sediments also differed markedly between
locations. CEC of sediments ranged from 0.80 cmol/kg to
15.0 cmol/kg, and the maximum value was 17.7 times
higher than the minimum one. In addition, the maximum
value of available P was up to 71.94 mg/kg, which was
14.7-fold higher than the minimum value. The correlation
analysis showed that there were significant correlations
for OM and CEC, OM and pH (p<0.05), while the correlations for other sediment properties were not significant
(Table 2).
3.2. Heavy metal concentrations of rhizome lotus and relationship with sediment properties
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The rhizome lotus had, on average, 7.13 mg/kg (dry
weight, dw) Cu, 14.38 mg/kg (dw) Zn, 0.88 mg/kg (dw)
Pb, and 0.020 mg/kg (dw) Cd (Table 1). The average concentrations of heavy metals in lotus samples were in the
descending order: Zn > Cu > Pb > Cd. The range of heavy
metals was 0.044-0.730 mg/kg (fresh weight - fw) for Cu,
0.552-1.832 mg/kg (fw) for Zn, 0.024-0.102 mg/kg (fw)
for Pb, and 0.0003-0.004 mg/kg (fw) for Cd, and the average concentrations of Cu (0.46 mg/kg fw), Zn (0.94 mg/kg
fw), Pb (0.057 mg/kg fw) and Cd (0.0015 mg/kg fw) were
compared with the maximum permissible level (MPL) of
contaminants recommended for fresh non-leafy vegetables in China [16-18]: 10 mg/kg for Cu, 20 mg/kg for Zn,
0.1 mg/kg for both Pb and Cd (fw basis). Concentrations
of Cu, Zn, Pb and Cd were within these recommended
values. Therefore, the rhizome lotus was uncontaminated
with heavy metals, and secure for human consumption.
The average Pb concentrations in the rhizome lotus
were higher than those in lotus roots (0.18 mg/kg dw)
sampled 1999 near Zhengzhou city [10]. This was possi-

bly due to the fact that the present sample sites were close
to the LianHuo and JingZhu express-ways. Cu and Zn
levels were very lower in the rhizome lotus near Zhengzhou and Kaifeng cities in central China than that in Indian lotus. The Indian lotus had an average concentration of
5197 mg/kg Cu and 3509 mg/kg Zn from northern and
western India. These areas are known for galvanizing and
electroplating industries, steel factories, mining and metal
processing, cement factories and intensive agricultural
activities [3].
Furthermore, correlation analysis showed a positive
correlation between Pb and Cd content in the rhizome
lotus (Table 2). This indicated that Cd and Pb levels in the
rhizome lotus were closely associated, and Cd and Pb had
similar absorption processes and mechanisms. Concentrations of Cd and Pb in the rhizome lotus had negative relation with EC of the sediment; in contrast, they had no
relations with other sediment characteristics (pH, CEC,
OM, available P). The higher EC of the sediment seemed
to embarrass the transfer of Cd and Pb from the sediment

TABLE 1 - Sediment properties and average concentrations of heavy metals in the different locations.
CEC
P
EC
Pb
Cd
Cu
Zn
OM
(cmol/ (mg/kg) (µs/cm)
S
R
S
R
S
R
S
R
(g/kg)
kg)
S1
Chensanqiao1 8.76
6.45
1.4
16.66
481
nd
0.64
nd
0.005
11.10
9.33 24.87 28.12
S2
Chensanqiao2 8.47
5.58
2.6
21.21
227
6.57
1.16
0.057
0.058
11.10
5.15 24.87 10.96
S3
Chensanqiao3 8.44
6.71
2.0
51.24
467
5.59
0.77
0.044
0.012
9.06
8.19 28.59 13.69
S4
Chensanqiao4 8.34
2.96
2.5
48.54
308
4.81
0.77
0.25
0.008
7.10
8.95
9.15
12.75
S5
Dawu1
8.09
10.82
2.0
49.72
332
6.11
0.97
0.09
0.008
9.93
7.55 23.29 12.73
S6
Dawu2
7.94
9.91
4.5
71.53
531
6.10
0.37
0.12
0.009
10.60
0.68 33.54 15.75
S7
Dawu3
8.11
4.37
0.80
15.51
391
5.06
0.90
0.048
0.050
8.69
6.75 17.74 11.79
S8
Dawu4
8.33
3.30
5.2
13.19
263
5.61
0.90
0.054
0.010
8.23
5.88 17.01 17.24
S9
Hegouwang1
8.26
4.40
5.3
5.11
148
5.92
1.29
0.13
0.049
9.05
11.20 17.46 12.91
S10
Hegouwang2
8.11
13.51
11.0
25.75
276
14.08
1.56
0.83
0.033
17.80
8.83 38.63 13.07
S11
Hegouwang3
8.11
15.80
11.0
71.94
177
8.87
nd
0.056
nd
10.70 10.30 21.19 17.47
S12
Tubogang
8.04
22.87
1.6
14.79
441
12.34
1.03
0.086
0.027
18.40
5.12 44.34 12.05
S13
Beishengang1 8.32
12.38
2.9
19.60
458
11.39
0.57
0.079
nm
18.50
9.91
9.63
8.47
S14
Beishengang2 8.25
10.43
7.3
12.89
353
7.75
1.23
0.075
0.022
15.50
3.28 34.44 13.40
S15
Renhetun1
8.14
23.54
9.1
8.20
340
17.49
0.57
0.19
0.016
21.10
4.71 57.89 15.95
S16
Renhetun2
8.12
17.67
15.0
4.57
340
18.72
nd
0.017
nd
21.60
7.99 54.58 15.05
S17
Renhetun3
8.08
14.80
5.1
42.65
425
8.12
0.50
0.13
0.017
11.51
8.29 26.26 11.32
S18
Renhetun4
8.08
14.80
5.1
42.65
425
8.12
nd
0.13
nd
11.51
6.23 26.26 14.38
range
7.94- 2.960.804.571484.810.370.017- 0.0057.100.68- 9.15- 8.478.76
23.54
15.0
71.94
481
18.72
1.56
0.83
0.058
21.60 11.20 57.89 28.12
mean
8.22
11.13
5.24
29.76
355
8.98
0.88
0.14
0.020
12.86
7.13 28.32 14.38
All data are average values. OM: organic material; CEC: cation exchange capacity; P: available phosphorus; EC: electrical conductivity; S: sediment;
R: rhizome lotus; nm: Level below the detection limit (0.002 mg/kg for Cd). nd: not determined. Pb ,Cd, Cu, Zn (mg/kg dw)
No

location

pH

TABLE 2 - Pearson correlation matrix for heavy metal contents of rhizome lotus and sediment properties.
Pb
Cd
Cu
Zn
OM
CEC
pH
EC
P

Pb
1

Cd
0.590*
1

Cu
0.195
0.111
1

Zn
-0.218
-0.489
0.034
1

OM
-0.130
-0.133
-0.166
-0.065
1
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CEC
0.328
0.016
0.076
0.078
0.479*
1

pH
0.006
-0.066
0.337
0.444
-0.534*
-0.351
1

EC
-0.699**
-0.539*
-0.379
0.134
0.174
-0.393
-0.021
1

P
-0.433
-0.485
-0.063
0.021
-0.053
-0.102
-0.275
0.175
1
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OM: organic material; CEC: cation exchange pacacity; P: available phosphorus; EC: electrical conductivity. * Correlation is significant at the 0.05
level (2-tailed). ** Correlation is significant at the 0.01 level (2-tailed)

into the rhizome lotus. Salinity concentration in the sediment affected Cd2+ and Pb2+ accumulation in the rhizome
lotus under wetland field conditions. Salinity cations (including Ca2+, Mg2+) could compete with Cd2+ metal in their
transport across membranes [19]. On the other hand, the
relationship was not found between heavy metal concentrations in the rhizome lotus and that in the cultivated field
(Table 3). Therefore, contents of Cd and Pb in the rhizome
lotus were predominantly affected by salinity cations at low
heavy metal concentration of the sediment in wetland field.
TABLE 3 - Correlation for heavy metal contents of rhizome lotus
and sediment.
sediment
Pb
Cd
Cu
Zn
Pb
0.036
0.467
0.070
0.048
Cd
-0.160
0.042
0.045
-0.075
content
Cu
0.025
0.166
-0.126
-0.418
Zn
0.097
-0.051
-0.130
0.125
Pb
-0.682**
-0.131
-0.673**
-0.502
BCF value
Cd
-0.304
-0.374
-0.222
-0.250
Cu
-0.509*
-0.021
-0.661**
-0.683**
*
*
Zn
-0.541
-0.095
-0.588
-0.775**
*
**
Correlation is significant at the 0.05 level (2-tailed); Correlation is
significant at the 0.01 level (2-tailed).
rhizome lotus

3.3. Heavy metal uptake and relationship with sediment
properties

To appraise the bio-accumulation effects of the rhizome lotus that uptake metal from the sediment, bioconcentration factor (BCF) values were calculated as the ratio
between the concentrations of heavy metals in the rhizome lotus and that in the corresponding sediment (all
dated on dw basis), at each site separately. The range was
0.03-0.22 for Pb (average 0.12), 0.03-1.04 for Cd (average 0.30), 0.6-1.26 for Cu (average 0.63), and 0.27-1.39
for Zn (average 0.62), and the BCF values of heavy metals in the rhizome lotus had the following order: Cu ~ Zn
> Cd > Pb. The Pb and Cd BCF values of the rhizome
lotus were lower than that of rice root (0.27-0.43 for Pb,
0.97-44.13 for Cd) and winter wheat root (1.15-1.32 for
Pb, 13.05-27.6 for Cd) in uncontaminated agricultural
soils [11, 12]. This indicated that uptake of Pb and Cd in
the rhizome lotus from the sediment was weaker than that
by rice root and winter wheat root. Pb and Cd were diffi-

cultly absorbed by the rhizome lotus from the wetland
sediment at low heavy metal concentration under natural
conditions.
The correlation analysis for BCF of heavy metals and
heavy metal contents of the sediment showed that there
was a negative relationship of Pb BCF value with Pb and
Cu content in the sediment (Table 3), and BCF values of Cu
and Zn had negative relationship with Pb, Cu, and Zn contents in the sediment. The heavy metal absorption of lotus
plant was somewhat influenced by co-existing elements.
There was a negative relationship between BCF values of Pb, Zn and Cu and those of sediment OM (p<0.01
for Pb and Zn; p<0.05 for Cu) (Table 4). The organic
matter can regulate the accumulation of heavy metals
through chelation reaction, and the complex compounds
of trace elements with organic material were unavailable
to plants [20]. So, there certainly were negative relationships between OM content in the sediment and Pb, Zn and
Cu uptake of lotus root.
A significant negative relationship was found between Pb uptake and EC value of the sediment (p<0.01),
suggesting that the competition of salt ions with Pb could
decrease Pb absorption by lotus roots. Conversely, there
were significant positive relationships between BCF values of Zn and Cu (p<0.01). This phenomenon could be
due to the metabolic processes of the crops as the two
elements are essential to plants, although they may be
toxic beyond their required concentrations. In addition,
significant positive relationship was also found between
BCF values of Pb and Cu (p<0.05).
4. CONCLUSION
Sediments of lotus fields were uncontaminated with
heavy metals based on the comparison of the contents of
heavy metals in sediment and standard soil/sediments.
The edible rhizome lotus grown in this field was safe for
human consumption. The concentrations of Cu, Zn, Pb
and Cd were below the MPL of contaminants recommended for fresh non-leafy vegetables in China. Additionally, EC and OM of the sediment influenced heavy
metal accumulation of the rhizome lotus in the wetland

TABLE 4 - Pearson correlation matrix for BCF values of heavy metals and sediment properties.

OM
CEC
pH
EC
P
Pb
Cd
Cu
Zn

OM
1

CEC
0.479*
1

pH
-0.534*
-0.351
1

EC
0.174
-0.393
-0.021
1

P
-0.053
-0.102
-0.275
0.175
1
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Pb
-0.769**
-0.266
0.456
-0.668**
-0.203
1

Cd
-0.343
-0.461
0.316
-0.191
-0.379
0.484
1

Cu
-0.572*
-0.257
0.391
-0.417
0.159
0.607*
0.036
1

Zn
-0.625**
-0.366
0.528*
-0.117
0.153
0.357
-0.081
0.695**
1
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Correlation is significant at the 0.05 level (2-tailed); ** Correlation is significant at the 0.01 level (2-tailed).

field. The addition of OM and control of soil salinity were
effective measures to decrease heavy metal accumulation
in the lotus plant.
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ABSTRACT
The adsorption characteristics of phosphate by iron
sludge from water treatment plant are evaluated in a batch
mode. Parameters such as adsorbent dosage, stirring speed,
adsorption time, initial phosphate concentration, pH, temperature and calcinations temperature etc. have significant
effects on phosphate removal by iron sludge. Three isotherm models named Langmuir, Freundlich and Temkin
are tested against the equilibrium adsorption data. The results show that the adsorption of phosphate by iron sludge
can be well described by Freundlich model. Three thermodynamic parameters: standard enthalpy, entropy and free
energy, are calculated and analyzed. The positive ΔH0 indicates that the adsorption of phosphate on iron sludge is
endothermic, and the positive ΔS0 and negative ΔG0 tell
us that the adsorption process is spontaneous.
KEYWORDS: phosphate; iron sludge; drinking water; isotherm;
thermodynamics

1. INTRODUCTION
It is well known that excessive phosphorus (P) is a
limiting element for the eutrophication of natural water
bodies such as lakes and slow-moving rivers [1]. Therefore, phosphate removal from wastewater has received
considerable attention. Many methods such as biological
treatment, chemical precipitation and adsorption etc. have
been developed to remove phosphate from wastewater [2].
The biological method is low-cost, however, the variations
in water quality and temperature make the implementation
of this process difficult for controlling [3]. Chemicals such
as lime, alum, and ferric chloride are the common precipitants for phosphate removal, however, they increase the
operational cost and sludge production [4,5]. Compared
with the chemical precipitation and biological treatment,
phosphate removal by adsorption is useful and economical, and produces only a limited amount of sludge [6].
The key of phosphate removal by adsorption is to choose

* Corresponding author

a suitable adsorbent. Therefore, phosphate removal from
wastewater using adsorption has been studied by many researchers using various adsorbents such as calcium silicate [7], iron oxide tailings [6], activated red mud and fly
ash [8], blast furnace slag [9], aluminum oxide hydroxide
[10], goethite [11], Fe–Mn binary oxide [12], calcined
MgMn-layered double hydroxides [13] and activated alumina etc. [14].
In the process of the production of drinking water,
aluminum or iron based salts is used as coagulant to remove color, turbidity and humic substances, resulting in
the production of alum or iron sludge [15]. Some evidences show that alum sludge promotes removing phosphate in wastewater [4, 16]. However, up to now, little is
known about phosphate removal by iron sludge from drinking water treatment plant. An in-depth laboratory research
was carried out in investigating the characteristics of phosphate adsorption by iron sludge. Understanding those adsorption characteristics is crucial to the effective utilization of iron sludge as an adsorbent material.
The aim of this study is to investigate: (1) the effects
of different factors such as adsorbent dosage, adsorption
time, initial phosphate concentration etc. on phosphate removal; (2) the equilibrium adsorption process of phosphate on iron sludge; and (3) thermodynamics parameters
of adsorption process.
2. MATERIALS AND METHODS
2.1. Adsorbent

Two types of dewatered iron sludge used as adsorbents are obtained from a local drinking water treatment
plant in Ma’anshan city in Anhui province of China. One is
added into polyacrylamide (PAM) in the process of sludge
thickening, while the other is not. The former is called as
ISP, and the later is called as IS. They are dried at 50°C,
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and then are ground and sieved to provide the test adsorbents (ISP diameter <165um and IS diameter <61um).
2.2. Adsorbate

Potassium dihydrogen phosphate (KH2PO4, AR grade)
is used as the source of orthophosphate without further
purification. A standard stock orthophosphate solution of
50mg P/L is prepared by dissolving accurately weighed
sample of potassium dihydrogen phosphate in doubledistilled water. Then artificial wastewater is obtained by
diluting the standard stock orthophosphate solution when
necessary.
2.3. Comparison experiments of phosphate adsorption on
ISP and IS

ISP or IS (0.2g) is added into a series of conical flasks
containing 50mL artificial wastewater with the concentration of 10mg P/L, respectively. Then the conical flasks are
put into water bath thermostat oscillator and are shaken at a
constant speed of 150rpm at 318K. The samples are taken
out at preset time intervals and filtered by using a 0.45 Millipore membrane filter. The phosphate concentrations of
filtrates are analyzed by the molybdenum-blue method [17].
The phosphate uptake at any time, qt (mg P/g), is calculateed by equation (1):

qt =

(C0 − Ct )V
m

(1)

Where C0 and Ct (mg P/L) are the initial and any time
concentration of phosphate in solution, respectively; V
(L) is volume of solution and m (g) represents the weight
of ISP or IS.
The initial pH values of phosphate solutions are adjusted to 7 by adding 0.1M HCl or 0.1M NaOH solutions.
All the experiments are carried out in triplicate and the
average value is given.
2.4. Independent variable experiments

The necessary amounts of adsorbent are added into a
series of conical flasks containing 50mL desired concentrations of phosphate solutions for adsorption studies at the
desired pH values, respectively. Then the flasks are shaken
for 6h at a constant stirring speed and solution temperature.
When studying the impact of one variable on the adsorption, only this variable is changed, while other variables
remain unchanged. All the experiments are carried out in
triplicate and the average value is reported in. The uptake
and removal rate (E) of phosphate after 6h are calculated
by equation (1) and (2), respectively.

E=

(C0 − Ct )
× 100%
C0

speed of 150rpm. Batch equilibrium tests are carried out
at three different temperatures 298, 308 and 318K, respectively. The equilibrium adsorption capacity is calculated
by equation (3):

qe =

(C0 − Ce )V
m

(3)

Where qe (mg/g) is the amount of phosphate adsorbed on the surface of iron sludge at equilibrium, and
Ce (mg/L) is equilibrium concentration of phosphate in
aqueous solution.
2.6. Evaluation parameters of isotherm model

Correlation coefficient (R2) and standard deviation
(S.D.) are used to evaluate the fitted results of equilibrium
experimental data. A standard deviation can be calculated
as following [18]:

S.D. =

∑ [(q

exp

− qcal )/ qexp

]

2

(4)

n −1

Where n is the number of data points; qexp and qcal
are the experimental value and the calculated value by
isotherm model, respectively.
For an adsorption equilibrium model, we hope that
the correlation coefficient can be as high as possible and
the standard deviation as small as possible.
3. RESULTS AND DISCUSSION
3.1. Comparison of phosphate adsorption on ISP and IS

The phosphate adsorbed on ISP and IS are given in
Fig. 1. The results show that after 6h ISP has a phosphate
uptake of 1.73mg/g while IS only 1.12mg/g, which means
the adsorption of phosphate on ISP is much more effective than that of phosphate on IS. This may be due to the
coagulation of PAM in iron sludge. So ISP is used as the
adsorbent in the follow-up experiments.

(2)

2.0
1.8

Uptake of phosphate (mg/g)
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2.5. Adsorption isotherm experiments
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The phosphate solutions with various initial concentrations (5, 10, 15, 30, 50 mg P/L) are adjusted to pH7.0.
ISP (0.2g) is added into the above phosphate solutions,
respectively. Then they are shaken for 14h at a stirring
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FIGURE 1 – Comparison of phosphate adsorption on ISP and IS
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It can also be seen from Fig. 1 that for the used adsorbents of ISP and IS, the uptakes of phosphate increase
to 1.60mg/g and 1.00mg/g rapidly within the first 120min,
respectively; however, the uptakes only increase by
0.13mg/g and 0.12mg/g when the contact time varies
from 120min to 360min. The results indicate that the
adsorption of phosphate on sludge is fast at the initial
stage, and thereafter, it closes to equilibrium slowly. This
phenomenon may be explained by the fact that at the
initial stage of adsorption process, a large number of
adsorption sites of adsorbent surface are vacant and are
available to adsorb the phosphate from solution, but after
a lapse of time, the adsorbent surfaces are gradually saturated by phosphate and the remaining vacant surface sites
are not occupied due to repulsive forces among the solute
molecules adsorbed on the solid.
3.2. Independent variable experiments
3.2.1. Effect of adsorbent dosage

The effect of adsorbent dosage on phosphate removal
is investigated. The solid-liquid distribution coefficient
(KD) of phosphate on ISP and in solution can be calculated by the equation (5):

KD =

(C0 − Ct ) V
×
Ct
m

(5)

50mL solution with phosphate concentration of 10mg/L
and the adsorption active sites are the limited factor of
phosphate removal, while when the adsorbent used is of
more than 0.6g, the surface of adsorbent is not saturated
and the adsorption sites are sufficient and not the limiting
factor of phosphate removal, resulting in the little increase
in phosphate removal.
It can also be seen from Fig. 2 that the KD value increases slowly from 0.28 to 0.97 L/g with the adsorbent
dosage increasing from 0.1g to 0.6g, and thereafter, the
value varies increasingly from 0.97 to 4.39 L/g when the
dosage used is of more than 0.6g. This may be attributed
to the fact that at low adsorbent dosage (<0.6g), the absorbent surfaces are saturated with the phosphate and the
residual concentration in the solution ratio to the phosphate on surfaces is much larger, while at high adsorbent
dosage (>0.6g), the available adsorption sites are not yet
completely occupied and the phosphate in solution ratio to
the phosphate on surfaces is much smaller.
3.2.2. Effect of initial pH of solution

To study the influence of pH on the adsorption of
phosphate on iron sludge, experiments are performed by
varying initial pH values of solution from 3 to 11. The
results are depicted in Fig. 3.

The results are presented in Fig. 2. It can be seen that
the removal rate of phosphate increases from 36.0% to
98.6% with the increase of adsorbent dosage from 0.1g to
0.8g. This is attributed to increased adsorbent surface and
availability of more adsorption sites [19]. Further, when
the adsorbent dosage increases from 0.1g to 0.6g, the
removal rate of phosphate increases from 36.0% to 92.1%
quickly. However, the removal rate of phosphate only increases by 6% when the adsorbent dosage increases from
0.6g to 0.8g. The phenomenon arises because when the
120
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FIGURE 2 – Effect of adsorbent dosage on phosphate removal and
KD (Conditions: 10 mg P/L, pH 7.0, 150 rpm stirring speed, 303K
temperature

adsorbent used is of less than 0.6g, the adsorption active
sites are not sufficient to adsorb the phosphates from the

FIGURE 3 – Effect of initial pH dosage on phosphate removal and
KD (Conditions: 10 mg P/L, 0.2 g adsorbent, 150 rpm stirring speed,
318K temperature)

As can be seen from this plot the highest uptake of
phosphate (2.01mg/g) and the smallest uptake of phosphate (1.63mg/g) are achieved at pH 3 and pH 11, respectively. The decrease in uptake of phosphate with an increase in initial pH of solution indicates that the adsorption of phosphate on ISP is pH dependent. Similar trend is
observed in the adsorption of phosphate on acid mine
drainage sludge [20] and dewater alum sludge [16]. The
dependence on pH of phosphate adsorption on ISP may
be interpreted by the reasons as below: (1) the zero point
of charge ( pH zpc ) of iron or aluminum oxides/hydroxides
is usually considered as around pH 8.0 [20, 21], implying
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faces of ISP carry positive charges, whereas the surfaces
of ISP are negatively charged. At lower pH of solution
(for example pH=3), the surfaces of ISP are positively
charged, facilitating the adsorption of negatively charged
phosphate on ISP due to the electrostatic attractive forces
between phosphate and adsorbent. With an increase in pH
of solution, when the pH of solution is above 8.0 (for
example pH=11), the surface charge is converted to be
negative, adversely affecting the uptake of phosphate on
ISP due to electrostatic repulsive forces between phosphate and adsorbent; (2) phosphate can exist in different
species such as H3PO4, H2PO4—, HPO42— and PO43—,
depending on pH and temperature of solution[22]. Accordingly, in this study phosphate exists in H2PO4— when
pH is 3~7 while phosphate mainly exists in divalent
HPO42— when pH 7~11. The lower the pH value of solution, the more easily the reaction occurs between hydrogen ions and basic functional groups of adsorbent surface,
and the easier the complex reaction between phosphate
and mental ions of sludge surface is, thus resulting in the
higher adsorption capacities of phosphate on iron sludge.
However, when the pH of solution is higher, the amounts
of hydroxyl in solution increase. Some adsorption sites
are occupied by the hydroxyl ions, causing the decrease of
adsorption capacities of phosphate on iron sludge.

implies that the external aqueous film diffusion may become negligible in the adsorption process of phosphate on
ISP when the stirring speed is above 100rpm. The similar
result is observed in the study of phosphate on the calcined metal hydroxides sludge waste [23].
3.2.4. Effect of initial phosphate concentration

Experiments are undertaken to study the effect of
varying initial concentration (5 -50 mg/L) on phosphate
removal by ISP. The results are shown in Fig. 5. It is
evident that the removal rate of phosphate decreases rapidly from 84.0% to 27.3% as the initial phosphate concentration increases from 5mg/L to 50mg/L. This may be
explained by the fact that the available adsorption sites
are the fixed amounts for 0.2g adsorbent of ISP and the
adsorption sites for the phosphate solutions of low concentration are sufficient to adsorb the phosphate from
solutions [24], resulting in the higher removal rate of
phosphate. Conversely, the inadequate adsorption sites for
the phosphate solutions of high concentration cause the
decline in removal rate of phosphate [25, 26].
90
80

3.2.3. Effect of stirring speed

To investigate the effect of stirring speed on phosphate adsorption, experiments are conducted by varying
stirring speed from 100rpm to 180rpm. The results are
given in Fig. 4.
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1.0
0.9

100rpm
200rpm
300rpm

0.8
0.7
0.6
0.5

4.0

Phosphate removal
Uptake of phosphate

Uptake of phosphate (mg/g)

that when the pH of solution is below the pH zpc the sur-

Phosphate removal (%)

© by PSP Volume 21 – No 5a. 2012

0

50

100

150

200

250

300

350

400

Time (t/min)

FIGURE 4 – Effect of stirring speed on phosphate removal (Conditions: 10 mg P/L, 0.2 g adsorbent, pH 7.0, 293 K temperature)

Stirring speed can affect the thickness of fluid boundary layer surrounding adsorbent particles, which further
influences the removal efficacy of phosphate on adsorbent. It is observed that with an increase in stirring speed
from 100 to 180rpm, the removal efficacy of phosphate
on ISP is not improved apparently at the same time. This

It is also clear in Fig. 5 that the uptake of phosphate
on ISP varies from 1.05mg/g to 3.41mg/g with an increase in initial phosphate concentration from 5mg/L to
50mg/L. This shows that the phosphate amount adsorbed
on the surface of ISP increases with the initial phosphate
concentration increasing. The results may be illustrated by
the reasons: (1) the quantity of phosphate in the solution
of high phosphate concentration is much more than that in
the solution of low phosphate concentration; (2) the
chances of interaction between phosphate in solution and
surfaces of adsorbent for the solution with high initial
phosphate concentration are much higher than those with
low initial phosphate concentration [27], causing the
higher possibility of adsorption occurrence of phosphate
on ISP; (3) the phosphate concentration gradient between
solution and surface of adsorbent in the high initial phosphate concentration solution is greater than that in the low
initial phosphate concentration solution, providing the
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greater driving force to overcome the resistance of the
boundary aqueous film layer surrounding the particles of
adsorbent [28] and make the phosphate in solution reach
conveniently onto the surface of adsorbent, and also, the
greater phosphate concentration gradient between surfaces and internal pores of adsorbent in higher initial phosphate solution makes it possible that the phosphate adsorbed on the surfaces of adsorbent is driven into the
internal pores of adsorbent, which may recover the adsorption ability of external surfaces of adsorbent to some
extent to adsorb the other phosphate in solution again.
3.2.5. Effect of temperature of solution

The experiments are performed to determine the effect of temperature of solution on the adsorption efficacy
of phosphate onto the surfaces of ISP by varying temperature of solution in the range of 293- 318K. The results are
given in Fig. 6.

the solubility of iron compounds on the surfaces of ISP,
resulting in more iron hydrolysis complexes for phosphate
adsorption or precipitation [24].
3.2.6. Effect of calcinations temperature of sludge

The calcinations temperature of dewatered iron sludge
probably causes some changes in compound ingredients,
functional groups and active adsorption sites on adsorbent
surface, influencing the efficacy of phosphate removal.
The dewatered iron sludge is calcined for 2h at 50, 200,
300, 580, 850 and 1000℃, respectively. Thereafter, they
are cooled to room temperature (18℃) and used as adsorbent in this study. The results are presented in Fig. 7.
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FIGURE 7 - Effect of calcinations temperature of sludge on phosphate removal (Conditions: 10 mg P/L, pH 7.0, 150 rpm stirring
speed, 12 h contact time, 303 K temperature)
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FIGURE 6 – Effect of temperature of solution on phosphate removal (Conditions: 10 mg P/L, 0.2 g adsorbent, pH 7.0, 150 rpm stirring
speed)

It is obviously observed that the uptake of phosphate
on ISP increases with an increase in temperature of solution. For example, the maximum uptake of phosphate on
ISP is achieved with the value of 1.73mg/g at 318k, while
the smallest uptake of phosphate on ISP occurs with the
value of 1.27mg/g at 293K. This shows that elevating the
temperature of solution facilitates the adsorption removal
of phosphate on ISP. The adsorption of phosphate on ISP
may also be endothermic in nature, thus resulting in the
increased uptake of phosphate with the increase of temperature of solution [29]. The increase in uptake of phosphate on ISP with the temperature of solution increasing
can also be related to the reasons: (1) the decrease in
water viscosity and thickness of boundary layer caused by
the elevated temperature of solution favors the phosphate
in solution reaching conveniently the surfaces of adsorbent to be adsorbed [30]; (2) the elevated temperature of
solution probably produces new active surface sites available for adsorbing the phosphate from solution [31]; (3)
the elevated temperature of solution probably increases

The color in appearance of calcined dewatered iron
sludge at various temperatures from 50 to 1000℃ gradually becomes darker from soil-yellow to brick-red. This
may be due to the fact that high temperature brings iron of
dewater sludge surface into oxides and/or hydroxides. It is
observed from Fig. 7 that the uptake of phosphate increases from 1.44 to 1.60mg/g with the increase in calcinations temperature from 50 to 200 . Thereafter, the uptake
of phosphate decreases to 0.56mg/g when calcinations temperature is elevated to 580 . And at the final stage where
the calcinations temperature increases from 600 to 1000 ,
the uptake of phosphate slowly increases and achieves
0.84mg/g at 800 , and then decreases to 0.29mg/g rapidly
with the calcinations temperature increasing to 1000 . The
removal trend of phosphate on dewatered iron sludge
calcined at various calcinations temperatures can be explained by the reasons: (1) when the calcinations temperature ranges between 50-200 , the water is expulsed gradually from the pores of adsorbent with an increase in calcinations temperature, thus enlarging the surfaces of iron sludge
and giving some new active adsorption sites[8]; in addition, at this stage, the hydrolysis of iron compounds and
PAM coagulant of adsorbent surfaces may be strengthened with the calcinations temperature increasing, en-
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hancing the adsorption ability of phosphate on sludge; (2)
when the calcinations temperature varies in the range of
200-580 , the hydroxyl groups are decomposed and the
hydrolyzates of PAM are burned out with the increase in
calcinations temperature, resulting in the pronounced decrease in uptake of phosphate; (3) the uptake of phosphate
has a slightly increase at 850℃, and this may be due to the
changes in material form of iron sludge because of high
calcinations temperature. The experimental results indicate
that the calcinations temperature of dewatered iron sludge
has a significant effect on the phosphate removal. Considered energy conservation and the fact that the uptake of
phosphate only increases 0.12mg/g when the calcinations
temperature is elevated from 50℃ to 200℃, the iron
sludge calcined at 50℃ is used as adsorbent in this study.
3.3. Equilibrium adsorption isotherm

Adsorption isotherm is essential to a design of adsorption system for it may be used to compare adsorption
performances of different adsorbents and/or illustrate adsorption phenomenon or mechanism [32].
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FIGURE 8 – Adsorption isotherms of phosphate on ISP at 298, 308,
318 K.

Temkin isotherm models respectively, and the fitted results are listed in Table 1. The isotherms determined by
the equilibrium adsorption experiments and predicted by
the isotherm models used are plotted in Fig. 9 respectively.
3.3.1. Langmuir isotherm model

The linear form ( Ce / qe versus

Ce )

of Langmuir

model can be expressed as[33]:

Ce / qe = Ce / qmax + 1/(qmaxb) (6)
Where

qmax

(mg/g) is the maximum amount of

phosphate adsorbed per unit weight of ISP, and b is a
constant about the energy of adsorption (L/mg).
It is found from Table 1 that the correlation coefficients (R2) of Langmuir model at three various temperatures of 298, 308 and 318K are 0.8759, 0.9242 and
0.8794, respectively. Compared with the other isotherm
models used in this study, the correlation coefficients are
the smallest. In addition, it is also observed that the standard deviations (S.D.) of Langmuir model are the largest
among the three models used with the value of 17.5%,
16.1% and 20.3%, respectively. Consequently, considering R2 and S.D. comprehensively, the Langmuir isotherm
model can not well describe the equilibrium adsorption of
phosphate on ISP. Fig. 9 also reflects that the predicted
Langmuir isotherm deviates seriously from the experimental results, also showing that it is inappropriate to use
Langmuir isotherm model to describe the equilibrium
adsorption of phosphate on ISP. The Langmuir isotherm
is based on the assumptions: (1) all sites are equivalent,
(2) adsorption results in monomolecular layer of coverage, and (3) a molecule is adsorbed on a site independent
of the neighboring adsorbed molecules[23]. However, the
adsorption of phosphate on ISP may not satisfy the above
assumptions, resulting in the worse results fitted by
Langmuir model.

The adsorption isotherms of phosphate on ISP at 298,
308 and 318K are depicted in Fig. 8. As can be seen the
equilibrium adsorption capacity increases with an increase
in solution temperature, denoting that elevating solution
temperature favors the adsorption process of phosphate on
ISP. This can further verify that the adsorption of phosphate on ISP may be an endothermic reaction. The experimental data are fitted by Langmuir, Freundlich and

TABLE 1 – Langmuir, Freundlich and Temkin isotherm model constants, correlation coefficients and S.D.
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Where

k f and n are empirical constants.

The fitted results listed in Table 1 clearly show that
the correlation coefficients of Freundlich model are the
largest among the isotherm models used in this study with
the value of 0.9905, 0.9840 and 0.9910 at 298, 308 and
318K, respectively. At the same time, the standard deviations at the temperatures mentioned above with the value
of 4.0%, 5.7% and 4.3% respectively are the smallest,
indicating that the differences between the experimental
results and the calculated values by the Freundlich model
are the smallest. Consequently, considering that both R2
and S.D. are the best values among the employed isotherm models, Freundlich isotherm can well describe the
equilibrium adsorption process of phosphate on ISP. It is
also observed from Fig. 9 that the curves predicted by
Freudlich model approach the experimental values of
equilibrium adsorption, again denoting that the Freudlich
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isotherm model can simulate the equilibrium adsorption
of phosphate on ISP.
Freundlich isotherm model is an empirical equation
describing the adsorption on heterogeneous surfaces or
surfaces supporting sites of various affinities[33]. So the
reason why the adsorption process of phosphate on ISP
can be well described by Freundlich isotherm model may
be that the surface of iron sludge is heterogeneous and/or
porous, which is in consistent with the assumptions of
Freundlich model. The Freundlich constant, n, represents
adsorption intensity or surface heterogeneity of adsorbent,
and can be used to determine whether the pollutant is easy
to be adsorbed by adsorbent. 1/n value between 0 and 1
represents a good adsorption potential of adsorbent [35],
particularly when 1/n varies within 0.1~0.5, the adsorption process is called as “priority adsorption”. It is observed from Table 1 that the 1/n values at 298, 308 and
318K are 0.28, 0.31 and 0.32 respectively, showing they
are all between 0.1~0.5. This reveals that the adsorption
of phosphate on ISP is a priority adsorption process. k f ,
another constant, is related to adsorption capacity and can
be used to signify the adsorption capacity qualitatively.
Table 1 shows that the values of k f are 0.99, 1.04 and
1.19 at 298, 308 and 318K, respectively. This reveals that
the k f value increases with an increase in solution temperature, indicating that elevating temperature favors the
adsorption of phosphate on ISP.
3.3.3. Temkin isotherm model

The linear form ( qe versus ln Ce ) of Temkin isotherm equation is given:

qe = B ln Ce + B ln A

poorer than those of Freundlich isotherm model although
they are better than those of Langmuir model. The larger
standard deviations denote the larger differences between
the predicted by the Temkin model and experimental results, implying that it is not suitable to use Temkin model
to simulate the equilibrium adsorption of phosphate on ISP.
Fig. 9 also gives the curves predicted by Temkin isotherm
model which deviate from the experimental results clearly,
further verifying the lower validity of Temkin model.
Accordingly, Temkin isotherm may not be used to express the adsorption of phosphate on ISP.
3.4. Adsorption thermodynamics

The parameters of adsorption thermodynamics of
phosphate on ISP can be calculated by means of the following equations [36]:

ΔS 0 ΔH 0
−
R
RT

(9)

ΔG 0 = ΔH 0 − TΔS 0

(10)

ln K D =

Where KD (L/g) is the solid-liquid distribution coefficient at adsorption equilibrium and can be calculated by
equation (5); ΔH0 (KJ/mol) and ΔS0 (J/ (mol K)) are the
standard enthalpy and entropy respectively; ΔG0 (J/mol)
is standard Gibbs free energy; R (J/mol K) is universal
gas constant.
ΔH0 and ΔS0 of phosphate adsorption on ISP can be
obtained from the slope and intercept of the linear plot of
ln KD versus 1/T (shown in Fig. 10) respectively. Thereafter, ΔG0 can be calculated according to the equation
(10). The results calculated are listed in Table 2.

(8)

1.0

Where B (dimensionless) is the constant related to the
adsorption heat, and A (L/mg) is the equilibrium binding
constant corresponding to the maximum binding energy.

0.0
-0.5
Ln(KD)

Table 1 shows that the correlation coefficients of
Temkin isotherm model are 0.9789, 0.9584 and 0.9442 at
three temperatures of 298, 308 and 318K respectively.
Compared to the Langmuir and Freundlich models, the
correlation coefficients of Temkin model are obviously
better than those of Langmuir model and slightly poorer
than those of Freundlich model. Only in terms of correlation coefficient, Temkin isotherm model can be used to
describe the equilibrium adsorption of phosphate on ISP.
However, Table 1 also shows that the standard deviations
of Temkin isotherm model with the values of 11.6%,
10.6% and 14.6% at 298, 308 and 318K respectively, are
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FIGURE 10 - Plot of
ISP

ln KD versus 1000/T for phosphate removal on

TABLE 2 – Thermodynamic parameters for phosphate removal on ISP
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It is observed that the values in changes of standard
enthalpy under the experimental conditions are all positive, indicating that the adsorption of phosphate on ISP is
an endothermic process. So higher temperature facilitates
the adsorption reaction, which is consistent with the results obtained earlier where the uptake of phosphate on
ISP increases with an increase in solution temperature.
Table 2 also reflects that the values of ΔG0 are all negative, showing that the adsorption process of phosphate on
ISP is spontaneous. And with an increase in temperature,
the absolute values of ΔG0 also increase. For example, the
values of ΔG0 at 298, 308 and 318K are -17.02, -17.87
and -18.71 KJ/mol, implying that it is favorable for phosphate adsorption on ISP to elevate the temperature. In
addition, the positive values of ΔS0 show that the randomness in the solid-liquid interface increases after the
phosphate adsorption on ISP, further indicating that the
adsorption process is spontaneous.

ince (KJ2011Z042), Key Natural Science Project for University of Ahui Province (KJ2011A055), Research Fund of
Anhui University of Technology for Young Teachers
(QZ201008) and Innovation Research Funds of Anhui
University of Technology for graduate (2011018).

4. CONCLUSIONS
The present study shows that the ISP from drinking
water treatment plant is a promising low-cost adsorbent
for phosphate removal from aqueous solution with the
optimum adsorption capacity of 3.41mg/g. The uptake of
phosphate on ISP increases with an increase in adsorption
time, initial phosphate concentration and solution temperature, whereas decreases with increasing adsorption dosage, initial pH of solution. The ISP calcined at 200 has
maximum phosphate removal efficacy. The equilibrium
adsorption experiments show that Freundlich isotherm
model can well describe the adsorption of phosphate on
ISP. The thermodynamics study indicates that the adsorption of phosphate on ISP is spontaneous and endothermic.
And the values of ΔG0 become more negative with an
increase in temperature, further verifying that elevating
solution temperature favors the adsorption reaction.
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ASSESSMENT OF CURRENT AND
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ABSTRACT
The purpose of this study was the estimation of current and potential water erosion rates in Valencia Province using RUSLE3D (Revised Universal Soil Loss Equation-3D) model with Geographical Information System
(GIS) support. RUSLE3D uses a new methodology for
topographic factor estimation (LS factor) based on the impact of flow convergence allowing better assessment of
sediment distribution detached by water erosion. In
RUSLE3D equation, the effect that vegetation cover has
on soil erosion rate is reflected by the C factor. Potential
erosion indicates soil erosion rate without considering C
factor in RUSLE3D equation. The results showed that 54%
of estimated current erosion does not exceed 10 t/ha.year
(low erosion). In the case of potential erosion rates, 9% of
the area of Valencia Province do not exceed 10 t/ha.year

but 41% exceed 200 t/ha.year. Based on these results, the
current vegetation cover of Valencia Province is adequate
but needs to be conserved to avoid an increase in the
current soil erosion rates as shown by potential erosion
rates.

KEYWORDS:
water erosion, RUSLE3D, GIS

1. INTRODUCTION
Water erosion is a severe and extended issue affecting
all European countries, although with different intensities
[1]. The European Mediterranean countries are particular-
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ly prone to erosion, because they are subject to prolonged
dry periods, followed by heavy erosive rain falling on steep
slopes characterized by fragile soils [1].
The process of soil erosion involves detachment,
transport and consequent deposition. Sediment is detached
from the soil surface both by raindrop impact and by the
* Corresponding author

shearing force of flowing water. The detached sediment is
transported downslope primarily by flowing water, although
there is also a small amount of downslope transport by
raindrop splash [2].
The Universal Soil Loss Equation, USLE, is the most
widely used and accepted empirical soil erosion model for
water erosion assessment. It was developed for sheet and
rill erosion based on a large set of experimental data from
agricultural plots [3]. In 1997, the Unites States Department of Agriculture (USDA) introduced the Revised Universal Soil Loss Equation (RUSLE) in the Agriculture
Handbook No. 703 [4, 5]. USLE was developed for detachment capacity limited erosion in fields with negligible
curvature and no deposition, and represents soil loss averaged over time and total area [6].

The use of USLE and its derivatives is limited to the
estimation of gross erosion, and lack the capability to compute deposition along hillslopes, depressions, or in channels. Moreover, the fact that erosion can occur only along
a flow line without the influence of the water flow itself
restricts direct application of the USLE to complex terrain
within GIS. This one-dimensional structure means that the
equation cannot handle converging and diverging terrain,
i e., real 3-D landscapes [7].
With advances in Geographical Information System
(GIS), erosion models tended to adopt a more explicit representation of the area on which erosion occurs using spatially distributed parameters, providing outputs showing
the spatial variability of the process [8]. GIS-based approaches provide one of the few means available for systematically examining the role of spatial variability in soil
properties, rock types and numerous other geologic and
climatic properties in the evolution of a landscape. The
spatially explicit nature of GIS analyses and the GIS emphasis on incorporating real-world data combine to make
GIS a powerful tool for building insight into the evolution
of complex landscapes and landscape processes [9, 10].
The objective of this study was the assessment of current and potential water erosion rates in Valencia Province with GIS support.

FIGURE 1 - Location of Valencia Province in Valencia Region (Spain).

2. MATERIALS AND METHODS

Castilla-La Mancha and Aragon, and in the south with the
Murcia Region.

2.1. Study Area

Valencia is an autonomous Region of Spain, located
in the East side of the Iberian Peninsula, with 23,255 km²
(8th largest region of Spain; Fig. 1). It is composed of the
provinces of Alicante, Castellon and Valencia. It borders
in the north with Catalonia and Aragon, in the west with

Valencia province is located in the center of Valencia
Region (Fig. 1) between 619012 – 755843 East and 4459315 –
42
83101 North coordinates (European Datum 1950 – 30N).
The capital of the province is Valencia. The study area is
approximately 10,800 km2.
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The principal geographic characteristics of the Region are the Ramblas (dry riverbeds or wadis) having
water only during the rainy season. Their sediment discharges originate principally from erosion, and often these
sediments are not massive.
2.2. Methods

The Universal Soil Loss Equation (USLE) by
Wischmeier and Smith [3], and its current revisions,
RUSLE [5] and RUSLE3D [11], have been used all over
the world in order to estimate the soil mean annual loss per
area unit (T):
T = R · K · LS · C · P

(1)

where, R is the rainfall erosivity factor; K is the soil
erodibility factor; L is the slope length factor; S is the
topographic slope factor; P is the erosion control practice
factor, and C is the cover-management factor representing
the effects of vegetation management (soil covers, soil
biomass). The C value is a ratio comparing the existing
surface conditions at a site to the standard conditions [5].
Potential water erosion is soil erosion rate without taking
into account the vegetation cover.
Specific effects of topography over the soil erosion are
estimated by the one-dimensional factor LS, as the product
of the slope length factor, L, and the slope steepness factor, S. As practised on the field, there is subjectivity in
deciding exactly where to delimit boundaries for the subfield units of LS in RUSLE. The accuracy of where breaks
for L and S values in a given farm field are located relies
on the experience of the field operator partitioning the
field into homogeneous LS units [12]. To minimize human subjectivity in estimation of LS factor, calculations
based on digital elevation models (DEM) and GIS procedures have been developed, focused on a grid-cell based
evaluation of LS factors in a multi-flow context [11, 13, 14].
Based on this concept, RUSLE model is named RUSLE3D
(technique used in this study).

which is assumed to equal the width of a grid cell; b [deg]
is the slope; m and n are parameters for a specific prevailing type of flow and soil conditions; and 22.13 m is the
length and 0.09 = 9% = 5.143 deg is the slope of the
standard USLE plot [11].
LS factor estimation [16] was supported by GIS software, ArcGIS® 9.3 and GvSIG® [17]. The GIS GvSIG
offers very significant advantages in terms of the hydrological analysis having several algorithms included to estimate slope inclination and flow accumulation, in comparison with ArcGIS. GvSIG is a free software, available in
English and Spanish (http://www.gvsig.gva.es/).
To obtain the map with LS factor values and then integrate it into RUSLE3D, the following steps must be
fulfilled:
I. Create a digital elevation model (DEM).
II. Calculate slope inclination map.
III. Calculate flow accumulation map (upslope contribution area).
IV. Calculate specific catchment area map, As.
-2

-1

2.4. Rainfall Erosivity Factor, R (hj.m .cm.h )

This factor represents rainfall power to erode soil surface, and is defined as the product of rainfall energy and
maximum 30-min intensity.
Given the complexity presented by the calculation of
this factor, there are various procedures for its determination, mostly based on regression analysis, where the variables are easily obtainable.
In a report of Roldan [18], a new equation has been
made with high correlation coefficients and welldistributed residuals. The most important result of this
work was an equation made specifically for Mediterranean climate. The advantage is that it only needs annual
precipitation value to calculate the R factor (Eq. 3).
Rannual = 0.007 x Pannual1.577

(3)

2

2.3. RUSLE3D Equation Factors

2.5. Soil erodibility factor, K (t.m .h/ha.hj.cm)

Factor LS (L= slope length factor; S= slope steepness
factor). Spatial Modeling with RUSLE3D

The K factor represents both susceptibility of soil to
erosion, and the amount and rate of runoff. Soil texture,
organic matter, structure, and permeability determine the
erodibility of a particular soil [10, 19].

To incorporate the impact of flow convergence, the
hillslope length factor (in USLE and RUSLE) was replaced by upslope contributing area (RUSLE3D) [15].
The modified equation for computation of the LS factor in
finite difference form in a grid-cell representing a
hillslope segment was derived by Desmet and Govers
[13]. A simpler, continuous form of the equation for computation of the LS factor at a point r=(x,y) on a hillslope,
is [11]:
m

n

⎡ A (r ) ⎤ ⎡ sen b(r ) ⎤
(2)
LS (r ) = (m + 1) ⎢ s ⎥ ⎢
⎥
⎣ 22,13 ⎦ ⎣ sen 5,143º ⎦
where, As [m] is the specific catchment area and is the
upslope contributing area, divided by the contour width

K factor is highly correlated with lithology; therefore,
for the calculation of this factor, a lithostratigraphic vector layer was used (from Spanish Geological and Mining
Institute) and pedological database, courtesy of Valencia
Waste Energy Use.
2.6. Cover-management factor, C (non-dimensional)

The C factor is used to reflect the effect of the protection offered to the soil surface by the vegetative canopy,
and the impacts of cropping and management practices on
erosion rates [5]. When the effect of vegetation cover (C
factor) is not taken into account in RUSLE3D equation,
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the result is the potential erosion rate. The potential erosion assessment shows the variation of soil erosion rates
compared with current erosion rates.
The data for the calculation of this factor was obtained from SIOSE.
SIOSE is the Land Occupation Information System of
Spain, which aims to integrate information from databases
of land-cover and use from the Autonomous Regions of
Spain. The SIOSE is part of the Spanish National Plan of
Monitoring Territory (PNOT), which coordinates and manages the National Geographic Institute of Spain (IGN) and
the National Center for Geographic Information of Spain
(CNIG).
2.7. Erosion control practice factor, P (non-dimensional)

The P factor is the ratio of soil loss with a specific support practice (contouring, strip-cropping, terracing) to the
corresponding loss with upslope and downslope tillage.
In this case, a value of 1 was assigned to P factor, because there is no conservation practice in the study area.
3. RESULTS
3.1. Current water erosion rates

The 54% of the estimated erosion does not exceed 10 t/
ha.year, i.e., approximately 580,000 hectares of the area of

the Valencia Province have minimal risk of erosion (Table 1). Another important fact is that 98% of the area of
the Province does not exceed 200 t/ha.year, i.e., which is
the lowest limit of the classification by FAO et al. [20] for
“very high” erosion rates (Fig. 2). These results imply that
half of the Province does not require conservation techniques but just 2% of the area need urgent treatments.
TABLE 1 - Assessment of current erosion rates calculated with
RUSLE3D in t / ha.year in Valencia Province.
RUSLE3D
Area (%)
Area (ha)

Erosion Rates (t/ha.year)
Low Erosion
(0 a 10 t/ha.year)
Moderate Erosion
(10 - 50 t/ha.year)
High Erosion
(50 - 200 t/ha.year)
Very High Erosion
(> 200 t/ha.year)
Total

53.5

579235

30.1

324787

14.2

153379

2.2
100,0

23319
1080722

3.2. Potential water erosion rates

In this case, the results show (Table 2) that, if vegetation cover is not considered, 9% of the area of Valencia
Province does not exceed 10 t/ha.year, and 41% exceed
200 t/ha.year, i.e., the highest level of risk of erosion (Fig. 2).
These results significantly demonstrate the importance of
vegetation cover with regard to protection of soil.

TABLE 2 - Assessment of potential erosion rates calculated with RUSLE3D in t / ha.year in Valencia Province.
RUSLE3D
Erosion Rates (t/ha.year)
Low Erosion
(0-10 t/ha.year)
Moderate Erosion
(10-50 t/ha.year)
High Erosion
(50-200 t/ha.year)
Very High Erosion
(>200 t/ha.year)

Area (%)

Area (ha)

8.7

94247

18.0

194770

32.5

351157

40.8

440547

Total

100,0

1080722
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FIGURE 2 - Current and potential erosion maps of Valencia Province.

4. CONCLUSIONS
The determination of soil erosion should be the first
element to be considered in planning. Erosion models,
such as RUSLE3D, predict erosion patterns over an area
of study that can be useful as a basis or guide for future
land conservation practices.

[3]

Wischmeier, W.H. and Smith, D.D. (1978). Predicting rainfall erosion losses. A guide to conservation planning. USDA
Agric. Handbook nº 537. pp 58.

[4]

Renard, K.G., Foster, G.R., Weesies, G.A. and Porter, J.P.
(1991). RUSLE: Revised universal soil loss equation. J. Soil
Water Conserv. 46, 30-33.

[5]

Renard, K.G., Foster G.R., Weesies G.A., McCool D.K. and
Yoder, D.C. (1997). Predicting soil erosion by water: a guide
to conservation planning with the revised universal soil loss
equation (RUSLE). Agriculture Handbook No. 703. U.S. Department of Agriculture, Agricultural Research Service.
Washington, Columbia. pp. 404.

[6]

Mitasova, H., Brown, W.M., Johnston, D. and Mitas, L.
(1996b). GIS tools for erosion/deposition modeling and multidimensional visualization. PART II: Unit Stream PowerBased Erosion/Deposition Modeling and Enahced Dynamic
Visualization. Report for USA CERL. University of Illinois,
Urbana-Champaign, IL, pp. 38.

[7]

Moore, I.D. and Wilson, J.P. (1992). Length-slope factors for
the Revised Universal Soil Loss Equation: Simplified method
of estimation. Journal of Soil and Water Conservation 47(5),
423-428.

[8]

Feng, X., Wang, Y., Chen, L., Fu, B. and Bai, G. (2010).
Modeling soil erosion and its response to land-use change in
hilly catchments of the Chinese Loess Plateau. Geomorphology 118, 239–248.

[9]

Finlayson, D. and Montgomery, D. (2003). Modeling largescale fluvial erosion in geographic information systems. Geomorphology 53, 147–164.

RUSLE3D equation allows a more accurate estimation of the distribution of sediment removed by water
erosion effects, and how the vegetation cover affects its
assessment.
All the parameters included in the RUSLE3D equation are important but the results show that the absence of
vegetation would generate a considerable increase in
erosion rates. According to this, we concluded that the
present vegetation cover of Valencia Province is adequate, and has to be protected and conserved in order to
avoid the increase of soil erosion rates.
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ABSTRACT
This study was conducted to investigate the release of
N and P from waste active sludge (WAS) during anaerobic digestion at different pH values and temperatures. Similar to the release of SCOD and solubilization of VSS, the
forms of N and P released were shown to be more dependent on pH than temperature. NH4+-N was the most prevalent form released under acidic pH conditions. Due to
volatilization, the loss of nitrogen (LN) was most prevalent at alkaline pH. Although more P was released at alkaline pH, the concentration of PO43--P at acidic pH was
higher than at alkaline pH because most of P released at
acidic pH existed in the form of PO43--P. Further investigation suggested that most of the NH4+-N and PO43--P
could be efficiently removed by the crystallization of MAP
(MgNH4PO4.6H2O), but the soluble rest nitrogen (SRN)
and soluble rest phosphorus (SRP) could not, which indicated that it is feasible to recover NH4+-N and PO43--P
simultaneously from the digestion supernatant of WAS.
However, the recovery efficiency was substantially dependent on the forms of N and P. Accordingly, it is necessary to transform the SRN and SRP into NH4+-N and
PO43--P before the crystallization of MAP.

KEYWORDS: Waste active sludge (WAS); Anaerobic digestion;
Nitrogen (N); Phosphorus (P); Release

1. INTRODUCTION
Enhanced biological phosphorus removal (EBPR) is
widely accepted as the most economical and sustainable
process for removal of P from wastewater [1]. During
EBPR, sludge microorganisms accumulate excess P in the
form of polyphosphate (PolyP) [2]. Net P removal is then
achieved by wasting sludge after the aerobic period [3]. The

shown to be released into the supernatant during the digestion of WAS [6].
During the treatment processes of WWTPs, the supernatant remaining after digestion is transported back to
the WWTP influent. The supernatant usually contains high
levels of VFAs, N and P, even though the flow-rate is not
large. The concentrations of COD, NH4+-N and PO43--P
generally vary between 1000 and 10,000 mg/L, 200 and
500 mg/L and 100 and 300 mg/L, respectively [7]. The
VFAs act as carbon sources that contribute to the removal
of nutrients from the wastewater, while the NH4+-N and
PO43--P will increase the nutrient loading of wastewater,
and adversely affect the wastewater treatment system [8].
Therefore, NH4+-N and PO43--P should be removed prior
to mixing with the wastewater influent.
There is currently no foreseeable increase in phosphate resources, and the supply of mineral P is anticipated
to be exhausted globally in the mid-21st century [9]. Accordingly, sludge that contains P should be considered as an
important resource. The supernatant of anaerobically digested WAS shows especially high P concentrations, which
make these streams appropriate for P recovery. The simultaneous recovery of N and P by struvite (MgNH4PO4.6H2O,
MAP) crystallization is one of the most widely recommended technologies for treating sludge digester supernatants [10]. Struvite can then be used as an effective slow
release fertilizer in agriculture [11].
Some studies have indicated that the production of
VFAs can be increased significantly by alkaline fermentation of WAS [12, 13]. The effect of pH on P and N release during sludge anaerobic digestion has also been
thoroughly investigated. However, the effects of pH and
temperature on the forms of P and N released are still not
clear. In this study, four laboratory scale digesters were
used to investigate: 1) the effects of pH and temperature
on the forms of VFA, P and N released from the WAS; 2)
the removal or reclamation efficiency of P and N by struvite crystallization from the supernatant.
2. MATERIALS AND METHODS

* Corresponding author

waste sludge contains a high level of PolyP (about 3–6%
of the sludge dry weight).
The treatment and disposal of waste sludge from
wastewater treatment plants (WWTPs) accounts for 25–
65% of the total plant operation cost [4]. Anaerobic digestion is one of the most common biological WAS treatment
processes in use today because it has many advantages,
such as high treatment efficiency, low operation cost and
methane-producing ability [5]. During the anaerobic digestion of WAS, complex organic materials are hydrolyzed and
then fermented into short-chain volatile fatty acids (VFAs).
However, significant amounts of N and P have also been

2.1 Sludge samples

WAS samples used in anaerobic digestion were
collected from the secondary sedimentation tank of an
EBPR WWTP in Shanghai, China. The plant treats about
45,000 m3 d-1 of wastewater (almost 100% domestic sewage) using the anaerobic-aerobic (A/O) process. The collected samples were transported to the laboratory within
2 h of sampling, where they were concentrated by settling
at 4 °C for 60 min. The main characteristics of the WAS
after settling are shown in Table 1.
2.2 Anaerobic digestion experiments
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Four laboratory-scale anaerobic digesters (A, B, C
and D) with a working volume of 2.0 L each were used in
this study. A total of 8.0 L of WAS were divided equally
into the 4 digesters, which were then mechanically stirred
at 100 rpm using magnetic stirrers. The pH values of digesters A and B were adjusted to 5.0 by addition of 2 mol
L-1 HCl while those of digesters C and D were adjusted to
10.0 by addition of 2.0 mol L-1 NaOH. Digesters A and C
were maintained at 30 °C but C and D at 50 °C in a constant temperature incubator. The 4 digesters were flushed
with nitrogen gas (N2) for 2 min before being sealed. This
experiment was conducted for 20 days, and SCOD and
VSS were analyzed every 2 days but the other parameters
every 5 days.

referred to as soluble rest nitrogen (SRN). This nitrogen
included soluble organic nitrogen, NO3--N and N present
in other forms. The surplus after STP was subtracted from
PO43--P in the filtrate, and referred to as soluble rest phosphorus (SRP). These phosphorous parts included soluble
organic phosphorus, polyP and P present in other forms. It
should be noted that the amount of total P in the system
did not vary throughout the sludge digestion process because P is not volatile. However, the amount of total N
would decrease due to the volatilization of NH3, especially
under alkaline conditions. Therefore, the loss of nitrogen
(LN) was calculated by subtracting the TN in the initial
sludge (TNinitial) from the STN together with the SPTN.
The relationships described above can be shown in the
following equations:

2.3 MAP crystallization experiments

After the digestion experiments, the digested WAS
samples were centrifuged at 100×g for 15 min, and the
supernatant was then collected for MAP crystallization
experiments. The pH values of all supernatants were adjusted to 9.0 by the addition of 2 mol L-1 NaOH or HCl
[14]. Magnesium dichloride was added to supernatants to
give a molar ratio of Mg:PO43--P of 2:1[15]. After the
addition of magnesium dichloride, the mixture was stirred
mechanically at 100 rpm for 10 min, and then filtered
through 0.45-µm membrane filters. The filtrate was then
used for analysis of N and P.
2.4 Analytical techniques and data processing

Sludge samples from the digesters were immediately
filtered through a 0.45-µm membrane, after which the
filtrate was analyzed for VFAs, COD, soluble total nitrogen (STN), soluble total phosphorus (STP), NH4+-N and
PO43--P. In addition, the filter was assayed for TN in the
solid phase (SPTN) and TP in the solid phase (SPTP). The
COD of the filtrate was referred to as SCOD. The surplus
after STN was subtracted from the NH4+-N in filtrate and

C SRN = C STN − C NH + − N

(1)

C SRP = C STP − C PO3+ − P

(2)

C LN = CTN int ial − C SPTN − C STN

(3)

4

4

The SCOD analyses were conducted using a Hach
DR/2000. VFA was analyzed by the method of Jiang
[12]. The other sludge parameters, including TSS, VSS,
TN, TP, NH4+-N and PO43—P, were analyzed according to
the standard methods [16]. All the analyses were carried
out in triplicate, and all chemicals used in the analyses
were of analytical grade.
3. RESULTS AND DISCUSSION
3.1. Solubilization of WAS and gas production

Solubilization of sludge, which could be expressed
as the release of organic materials (SCOD) and the decrease of VSS, is the main objective of anaerobic diges-

TABLE 1 - Characteristics of WAS sediment samples
Parameter
Content
Parameter
pH
6.5 (0.2)
TN (mg L-1)
-1
TSS (mg L )
9250 (435)
TP (mg L-1)
-1
VSS (mg L )
7520 (576)
Poly-P (mg L-1)
TCOD (mg L-1)
10750 (653)
Conductivity (µs cm-1)
Note: Standard deviations are shown in parentheses, number of samples = 3.

tion [17]. Fig. 1 shows the release of SCOD and decrease
of VSS with time at different pH values and temperatures.
It was obvious that the SCOD in each reactor increased
gradually with time (Fig. 1a), which indicated that increasing amounts of sludge organics became soluble substrates. The SCOD release in each reactor occurred in the
following order: A<B<C<D. These findings in conjunction with the VSS reduction (Fig. 1b) suggested that high
pH or temperature enhanced the degradation of sludge
when compared to low pH and temperature. The increase
in SCOD and decrease in VSS changed rapidly prior to
day 10, after which they changed relatively slowly. For

Content
592.0 (13)
471.0 (27)
321.0 (74)
420.0 (21)

Parameter
SCOD (mg L-1)
NH4+-N (mg L-1)
NO3--N (mg L-1)
PO43--P (mg L-1)

Content
84.5 (4)
6.0 (1.5)
1.1 (0.5)
1.5 (0.2)

reactors A, B, C and D, 25.9, 28.6, 38.1 and 41.9% of the
COD was released, and the VSS decreased by 33.7, 37.7,
45.0 and 48.5%, respectively, at day 10. These findings
are higher than those reported in previous studies [18], in
which 14.0–18.0% of the SCOD was released and the
VSS decreased by 31.0–35.7%. The reasons for this discrepancy was likely that concentrated WAS (with initial
VSS values of 13,040 mg L-1) were used and the pH
remained near neutral. These findings also indicated that
the WAS hydrolysis rate was accelerated under both alkaline and acidic conditions, which agreed well with the results of previously conducted studies [6]. The SCOD and
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VSS in the reactors at different temperatures but at the
same pH showed no marked differences, indicating that
temperature had only a slight influence on sludge solubilization when compared with pH. These findings were concordant with the results of previous investigations [19]. In
addition, the decrease of VSS showed a trend similar to
the release of SCOD. The average ratios between the SCOD
increase and VSS decrease were 0.968, 0.964, 1.074 and
1.089 mg mg-1, respectively.

FIGURE 1 - Changes in SCOD and VSS with time in different
digesters: (a) SCOD (b) VSS (Error bars represent the standard
deviation of triplicate samples).

The gas production was also measured. Overall, 87.0,
95.0, 55.0 and 63.0 ml of gas were produced in digesters
A, B, C and D, respectively, with CH4 levels of 15 to 25%.
These results suggested that the gas generation pathways
were blocked under both alkaline and acidic conditions,
which is in accordance with the results of many previous
studies [6].

FIGURE 2 – Volatile fatty acids (VFAs) production with time in different digesters (note: HAc = acetic, HPr = propionic, i-HBu = isobutyric, HBu = n-butyric, i-HVa =i so-valeric acid).
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3.2 VFAs production and composition

such as HAc, HPr and HBu, can be formed directly from
the fermentation of carbohydrates, proteins and lipids.
HVa (both n-valeric and i-valeric) can be formed through
reductive domination of single amino acids, which are the
product of protein hydrolysis [6]. In addition, HAc is an
important intermediate during the metabolization of almost all the other VFAs [26].

Sludge hydrolysis, acidification and methanogenesis
are the main processes involved in anaerobic digestion of
WAS, and VFAs are important intermediate products of
these processes [20]. Fig. 2 shows the variation of VFAs
during the digestion of WAS in all the 4 reactors.
It should be noted that the total VFAs production
was always 3–5 times greater at pH 10.0 than at pH 5.0,
regardless of the temperatures. These findings were consistent with the finding that VFA production during sludge
digestion could be markedly improved under alkaline conditions. Some studies have also indicated that the VFA
production was more sensitive to pH than temperature [21,
22].
Interestingly, the total VFAs production in reactor D
was higher than that in reactor C (Figs. 2c and 2d). However, the production of VFAs in reactor A was slightly
higher than in reactor B (Figs. 2a and 2b). These findings
indicated that high temperature could lead to the accumulation of VFAs at alkaline pH, but not at acidic pH. This
was likely due to the volatilization of VFAs at acidic pH
and high temperatures.
In addition, the total VFAs were found to obviously
increase with time at alkaline pH. In contrast, almost no
clear changes in VFAs were observed at acidic pH. VFAs
production was significantly enhanced and maintained at
alkaline pH, while obvious VFAs consumption was observed at acidic pH [21].
The optimum pH values for the operation of acid
phase bioreactors are usually between 5.0 and 6.0 [23].
However, an increase of VFAs in reactors at acidic pH was
not observed in the present study (Figs. 2 a and 2b). The
higher VFAs accumulation at alkaline pH than at acidic
pH was attributed to two reasons. Specifically, the alkaline conditions increased the hydrolysis rate of WAS but
decreased the activity of methanogens [24, 25]. The intense volatilization of VFAs at acidic pH can explain why
the concentrations of VFAs decreased, even though the
sludge hydrolysis was enhanced.
Throughout the experiments, HAc was the most prevalent product in reactors A, B, C and D, accounting for
71.0, 76.1, 58.1 and 52.5% of the total VFAs at the end of
the experiments, respectively. i-HVa was the second most
common product, while HPr was the third one at alkaline
pH. The concentrations of i-HVa and HPr in reactor D were
350 and 223 mg L-1 and accounted for 22.7 and 12.3%
of the total VFAs on day 20, respectively. These results are
quite similar to those of previous studies that revealed that
HAc was the dominant digestion product of batch digestion reactors containing WAS, comprising 43–78% with a
mean of 56.1% of the total VFAs, followed by propionate
[21]. Wang [6] also found that the top three VFAs were
HAc, i-HVa and HPr, regardless of whether the WAS was
pretreated or not.
Carbohydrates, proteins and lipids are the main organic components of WAS [23]. Short-chain fatty acids,

3.3 Release of nitrogen

Nitrogen and phosphorus are the main organic components in WAS. These compounds are naturally released
as the sludge is broken down during digestion. A high level
of nutrient release distinguishes the digestion of WAS and
primary sludge (PS). Fig. 3 shows the changes in N during the digestion of WAS in all 4 reactors. The SPTN
obviously decreases with time, and the concentration of
SPTN at the end of the experiment was 224, 212, 167 and
157mg L-1 in reactors A, B, C and D, respectively. The
degree of N released from sludge can be expressed as (1SPTN/TNinitial). Thus, 62.2, 64.1, 71.8 and 73.4% of the
total N was released during the 20 days of digestion. Therefore, we can conclude that the release rate of N is enhanced
at alkaline pH when compared with that at acidic pH, and
that high temperature had a slightly favorable effect on the
release of N at the same pH. Similar to the solubilization
of sludge, pH had a more obvious influence on the release
of N than temperature.
Of the N released in reactors A and B, NH4+-N was
the most prevalent form, accounting for 53.8 and 48.3%
released at day 20, respectively. The concentration of SRN
was almost equal to that of LN. However, of the N released
in reactors C and D, LN was the most prevalent form, accounting for 46.3 and 48.1% of the N released at day 20,
respectively. The NH4+-N was the second most common
form of N released, while SRN was the least common.
The concentration of NH4+-N at acidic pH is higher
than that at alkaline pH, which is similar to the results of a
study conducted by Chen [6]. They concluded that this
difference was caused by the toxicity of stronger alkaline
conditions leading to decreased activities of sludge hydrolytic enzymes, which resulted in the release of NH4+-N
being repressed. However, the results of the present study
do not support these findings. Conversely, the changes in
SCOD, VSS and (1-SPTN/TNinitial) strongly suggest that
the activities of sludge hydrolytic enzymes were more
active at alkaline pH than at acidic pH, which has also
been reported by Yu [23]. These findings clearly demonstrate that the loss of N caused by the volatilization of
NH3 at alkaline pH can explain why the NH4+-N level is
higher at acidic pH than at alkaline pH. NO3--N and NO2-N were also examined in this investigation, but the levels
were not higher than 3.0 mg/L throughout the experiment
(data not shown). These findings indicated that the majority of SRN was soluble organic N.
NH4+-N was the major N form in the supernatant of
anaerobic digestion, which is consistent with the results of
a study conducted by Ucisik [27]. These findings indicate
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FIGURE 3 - Changes in nitrogen with time in different digesters (note: LN= loss of N, RSN= rest soluble N, SPTN= total N in solid phase ).

that NH4+-N can be removed and recovered effectively by
crystallization of MAP. In addition, some pretreatment
methods, such as ultrasonic and thermal treatment, can
accelerate the release of N; however, organic N was the
major component of the TN released in the supernatant [2830].
3.4 Release of phosphorus

The phosphorus change profiles of the 4 reactors are
shown in Fig. 4. The SPTP decreased with time gradually
in all reactors. The concentration of SPTP in reactors A,
B, C and D was 211, 200, 146 and 121 mg L-1 at day 20,
respectively. Overall, 55.1, 57.4, 69.9 and 74.3% of P was
released in reactors A, B, C and D, respectively, during
the 20 days of digestion. The degree of P released (1SPTP/TP) at alkaline pH was higher than that at acidic
pH, while the degree released at high temperature was
greater than that at low temperature if the pH value was
the same.
Although less P was released at acidic pH than at alkaline pH, the concentration of PO43--P in reactors A and
B was obviously higher than that in reactors C and D.
This was because most of the P released in the supernatant
at acidic pH existed in the form of PO43--P, which accounted for 83.8 and 83.2% of the P released at the end of
the experiment in reactors A and B, respectively. However, the concentration of PO43--P in reactors C and D was
167 and 187 mg L-1, which accounted for 51.7 and 53.5%
of the P released at the end of the experiment, respectively.
Other than the releases of SCOD and N, the release
mechanism of P was more complicated. Except for that
released during hydrolysis, the release of P in the WAS
may have occurred via the bio-action of PAOs or co-

precipitation of phosphate [31, 32]. The pH value is an
important factor influencing the distribution of P forms in
water. The release of P from sediments in rivers and lakes
has been shown to accelerate in response to both alkaline
and acidic pH values [33]. Similar results were also found
during the hydrolysis of WAS [26]. The precipitation between PO43--P and other metallic ions (Ca2+, Mg2+, Fe3+)
will be repressed at acidic pH. In addition, the release of P
was promoted due to the enhanced hydrolysis at alkaline
pH. Furthermore, the release of P was investigated with
many pretreatment methods. Saktaywin [9] found that
PO43--P was obviously released, but that acid-hydrolyzable
phosphorus (AHP) comprised the majority of solubilized P
when WAS were treated with ozone. Wang [29] subjected
the WAS to ultrasonic treatment, which resulted in 80%
of the P being released as PO43--P.
+

3-

3.5 Crystallization of NH4 -N and PO4 -P

The formation of MAP requires the presence of Mg2+,
NH4+ and PO43- ions with an ideal molar ratio of 1:1:1.
The molar concentration ratios of NH4+-N and PO43--P on
day 20 were 2.02:1, 1.78:1, 2.04:1 and 1.78:1 in reactors
A, B, C and D, respectively. The molar concentration of
NH4+-N was greater than that of PO43--P during the anaerobic digestion of WAS [10]. The concentrations of Mg2+ in
the final supernatants were found to be 21.2, 23.5, 19.3 and
20.8 mg/L in reactors A, B, C and D, while the molar
concentrations were 0.88, 0.97, 0.80 and 0.86 mmol L-1,
respectively. Therefore, the deficit of Mg2+ was the main
reason for the formation of MAP. Thus, magnesium dichloride (MgCI2﹒6H2O) was added to supply the Mg2+.
Crystallization experiments were carried out using
200 ml of supernatant from each reactor, and the results
are shown in Table 2. Overall, 60.0, 61.8, 50.3 and 61.3%
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FIGURE 4 - Changes in phosphorus with time in different digesters (note: RSP= rest soluble P , SPTP= total P in solid phase).

TABLE 2 -The changes in the concentration of nitrogen and phosphorus in supernatants before or after crystallization (mg L-1).
Origins of
supernatants
Reactor A
Reactor B
Reactor C
Reactor D

NH4+-N
195 (13)
181 (16)
155 (12)
158 (9)

Before crystallization
SRN
PO43--P
87 (5)
213 (21)
91 (3)
225 (24)
75 (7)
168 (16)
75 (9)
187 (14)

NH4+-N
78 (6)
69 (9)
77 (11)
61 (11)

SRP
41 (3)
46 (6)
153 (17)
160 (23)

After crystallization
SRN
PO43--P
85 (6)
25.5 (1.2)
90 (13)
24.2 (2.3)
79 (12)
23.3 (1.7)
76 (13)
23.7 (3.1)

SRP
42 (5)
46 (6)
143 (19)
158 (14)

Note: Standard deviations are shown in parentheses, number of samples = 3.

of the NH4+-N and 88.0, 89.2, 86.1 and 87.3% of the
PO43--P were removed by crystallization of MAP. However, almost no SRN or SRP were removed.
4. CONCLUSIONS
The release of P and N during anaerobic digestion of
WAS was evaluated with respect to the effect of temperature and pH using 4 laboratory-scale anaerobic digesters.
Among the VFAs produced, HAc was the most prevalent,
followed by i-HVa and HPr at alkaline pH. Similar to the
release of SCOD and VSS, the forms of N and P released
were found to be more dependent on pH than temperature.
NH4+-N and LN were the most prevalent forms at acidic
and alkaline pH values, respectively, which does not
support the theory that NH4+-N is repressed by stronger
alkaline conditions. The volatilization of NH4+-N at alkaline pH explains why NH4+-N at acidic pH is higher than
that at alkaline pH. The concentration of PO43--P at acidic
pH was higher than that at alkaline pH, even though less P
was released at acidic pH. This was likely because most
of the P released in supernatant under acidic conditions
existed in the form of PO43--P. The crystallization exper-

iments indicated that most of the NH4+-N and PO43--P
could be removed by crystallization of the MAP, but only
a small amount of the SRN and SRP could be removed
using this method. Accordingly, it is important to transform the forms of N and P for the recovery of N and P by
MAP crystallization from the supernatant of anaerobic
digestion of WAS.
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DESTRUCTION OF CCl4 BY COPPER CARBONATE
Yi-Chi Chien*
Department of Environmental Engineering and Science, Fooyin University, Kaohsiung City, Taiwan, ROC

ABSTRACT
A rapid CCl4 destruction method at a temperature range
of 400-500 K, mineralization of CCl4 with copper carbonate
(CuCO3), has been studied in the present work. Experimentally, at 493 K, in a single pass of CCl4 vapour through
CuCO3, a nearly complete destruction of CCl4 has been
found. Observations by X-ray diffraction (XRD), X-ray
photo-electron spectroscopy (XPS) and X-ray absorption
near edge structure (XANES) further indicate that chlorine atoms (Cl) in CCl4 can be mineralized by CuCO3 to
yield CuCl species on the CuCO3 surfaces. Over the 533603 K temperature range, CuCO3 is decomposed to CO2
and CuO, and the Cl may be captured by CuO to form
CuCl2. Incorporation of Cl into the CuO or CuCO3 matrix
leads to an increase of the Cu-O bond distance by 0.3-0.4 ≈
. The bond distance of Cu-Cl on CuO is 2.10 ≈ with coordination numbers (CNs) of 0.9-2.7.

KEYWORDS:
Mineralization; CCl4; EXAFS; XANES; CuO; CuCO3

1. INTRODUCTION
CCl4 is widely used as a solvent in plastic, oil, cleaning, paint, and semiconductor industries. The contribution
of CCl4 to the total burden of atmospheric chlorine is about
5%. Due to the long lifetime of CCl4 in the atmosphere
(estimated to be roughly 40 years), CCl4 continues to pose
a threat to stratospheric ozone [1].
CCl4 is classified as a volatile organic compound
(VOC) [2], and has long been suspected to be toxic and
carcinogenic [3]. Methods for destruction of CCl4 include
catalytic incineration, pyrolysis, and photodecomposition
[4-6]. Chlorinated organic wastes may be destroyed in an
incineration process. However, undesirable by-products,
such as polycyclic aromatic hydrocarbons, furans and dioxins, are frequently encountered in incineration processes [6].
In 1996, Burdeniuc and Crabtree [7] presented an effective and inexpensive method for mineralization of CFCs
by passing CFC vapour through a packed bed of powdered
sodium oxalate (Na2C2O4) at 563 K. CFCs can be effect* Corresponding author

tively mineralized by Na2C2O4 to yield stable inorganic
species, such as NaF, NaCl and CO2. However, it was found
that mineralization was suppressed in an early stage of the
process because of obstruction of the Na2C2O4 surface by
the mineralization products (NaF, NaCl or carbon) [8].
Regeneration with water vapour or oxygen at 473-573 K
was found to be very effective in re-establishing the active surfaces of Na2C2O4 [8].
Generally, 63-83% of CCl4 can be mineralized by
CuO at 513-603 K [9]. Since CuCO3 has a lower lattice
energy than CuO [10], mineralization of CCl4 with CuCO3
may be more effective. In addition, CuCO3 is relatively
cheap and available, which makes it economically more
attractive.
Basic understanding of toxic elements in a complex
matrix can aid the development of effective methods for
disposal of hazardous wastes. Extended X-ray absorption
fine structure (EXAFS) spectroscopy is very useful in
providing local atomic structure information, such as oxidation states, bond distances and coordination numbers
[11-13]. Thus, the main objective of the present work was
to investigate the feasibility of a rapid mineralization of
CCl4 with CuCO3. Specifically, speciation of copper during
mineralization of CCl4 was studied by X-ray based spectroscopic methods including XRD, XANES, EXAFS and XPS.
2. MATERIALS AND METHODS
2.1. Experimental procedure

CCl4 vapor (10%) in nitrogen (flow-rate = 30 ml/min)
(GHSV = 1000 h-1) passed through the packed bed containing 2 g of CuCO3 (extra pure reagent, Nippon Shiyaku
Kogyo K. K.) at 493, 553, and 603 K for 300 sec. The
gaseous products were analyzed by on-line FTIR spectroscopy (Bio-Rad FTS-40) with fully computerized data
storage and data handling capability. For all spectra reported, 16-scan data accumulations were conducted at a
resolution of 4 cm-1. Thermal decomposition of CuCO3 was
monitored on a thermogravimetric analyzer (TGA) (Model
SDT 2960 and Thermal Analyst 2000, TA instruments) at a
heating rate of 10 K/min. The off gases were also analyzed by on-line FTIR.
2.2. XRD and XPS analysis

Chemical structures of the mineralization product solids
were characterized by XRD spectroscopy (Rigaku Model
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The XPS spectra of the CCl4-mineralization products
were measured on a Fison ESCA 210 (VG Scientific)
spectrometer with an MgKα X-ray (1253.6 eV) excitation
source and a cylindrical mirror analyzer (CMA). The
anode was operated at 10 kV and 10 mA. The energy of
the sputtering Ar+ gun was 3 kV.

the 493-603 K temperature range for 300 sec. It is very
clear that, at 493 K, mainly CuCO3 is found. For mineralization at higher temperatures (533 and 603 K), CuCO3 is
decomposed to CuO, and a very small amount of CuCl2 at
2θ= 32.5 and 44.0° is also observed by XRD.
100
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CuCO3 à CuO + CO2
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2.3. EXAFS analysis

Mineralization of CCl4 in experiments was carried out
in a CuCO3-packed bed reactor over the 493-603 K range
for 300 sec. The dependence of contact time for mineralization of CCl4 with CuCO3 is shown in Fig. 2. At 493 K,
in an early stage (contact time <60 sec) of the mineralization process, in a single pass through the CuCO3 bed, a
nearly complete mineralization of CCl4 was observed.
Since C2Cl4 or COCl2 was not found during mineralization, one may eliminate the possibility that carbenes are
involved in the mineralization of CCl4 with CuCO3.
Figure 3 shows the XRD patterns of the solid samples
obtained from the mineralization of CCl4 with CuCO3 in
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FIGURE 1 - Thermal decomposition of CuCO3.
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3. RESULTS AND DISCUSSION
The thermal decomposition of CuCO3 between 300
and 1000 K is shown in Fig. 1. It is very clear that, in the
500-600 K range, CuCO3 decomposes to CuO and CO2,
corresponding to a weight loss of about 29%. The main
off gas monitored by on-line FTIR spectroscopy during
thermal decomposition of CuCO3 is CO2. At T>600 K,
copper oxide is the remaining solid species in the decomposition process.

0
300

The EXAFS data were analyzed using the UWXAFS
3.0 and FEFF 8.0 simulation programs [14]. The absorption edge was determined at the half-height (precisely
determined by the derivative) of the XANES spectrum
after pre-edge baseline subtraction, edge-jump normalization and wavenumber-scale conversion. The Fourier transform was performed on k3-weighted EXAFS oscillations in
the range of 3.5-12.4 ≈-1. The standard deviation calculated from the averaged spectra was used to estimate the
statistical noise and error associated with each structural
parameter. Distributions of copper species in the mineralization products were determined by the least-square
fitted XANES spectra [15].

Deriv. Weight, mg K-1

D/MAX III-V) (scanned from 20 to 80o (2θ) at a scan rate
of 0.05os-1). The EXAFS spectra were collected on the
Wiggler beam-line at the Taiwan National Synchrotron
Radiation Research Center. The electron storage ring provided energy of 1.5 GeV and a current of 80-200 mA. A
Si(111) double-crystal monochromator was used for selection of energy with an energy resolution of 1.9×10-4 (eV/eV).
The beam energy was calibrated by the absorption edge of
a copper foil at 8979.2 eV. The EXAFS spectra were collected in the fluorescence detection mode with a Lytle
detector in the region of the Cu K edge at 298 K.

Weight, %
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FIGURE 2 - Dependence of contact time for mineralization of CCl4
with CuCO3 at 493 K (○), 533 K (□) and 603 K (Δ).

In order to better understand the chemical structure of
copper in the mineralization products, the component (CuO,
CuCO3 and CuCl2) fitted XANES spectra have been determined and are shown in Fig. 4. Fractions of copper species
are quantitatively proportional to the height and area of
the near-edge band in the copper XANES spectra. The
XANES spectra are expressed mathematically in the LC
XANES fit vectors by fitting the absorption data within
the energy of 8970-9020 eV. In Fig. 4, 1-2% of CuCl or
CuCl2 are found in mineralization products. It seems that,
at 293 K, CCl4 can be mineralized by CuCO3 forming
CuCl (2%) and CuO (5%). Over the 533-603 K range, 8994% of CuCO3 is decomposed to CuO which mineralizes
CCl4 and forms CuCl2.
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FIGURE 3 - XRD patterns of the product solids from mineralization of CCl4 with CuCO3 at (a) 493, (b) 533 and (c) 603 K for 300 sec.

FIGURE 4 - Component fitted XANES spectra of copper in the product solids from mineralization of CCl4 with CuCO3 at (a) 493 K, (b) 533
K and (c) 603 K for 300 sec. (Solid and dotted curves denote experimental and fitting results, respectively.)
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In a previous study [9], it was found that mineralization of CCl4 with CuO maintained conversions of 63-83%
at 513-603 K. This high conversion process was attributed
to re-established surfaces of CuO during mineralization.
On the contrary, in the present study, at 603 K, a fast deactivation of mineralization (conversion = 30-40%) was observed at contact times of 240-300 sec. It seems that surface obstruction by mineralization product (CuCl2) may
occur in the case of mineralization of CCl4 with CuO that is
formed from decomposition of CuCO3 at 533-603 K.
XPS spectra of the CCl4-mineralization products were
also studied to identify the chemical states of copper and
chlorine on the surfaces. The Cu 2p3/2 and Cl 2p XPS spectra of the mineralization products are shown in Fig. 5. For
all Cu 2p spectra, in addition to two spin-orbit compo-

nents, Cu 2p3/2 and Cu 2p1/2 at 935 and 955 eV, respectively, two intense broad peaks appear at 943 and 963 eV
that are shake-up satellites corresponding to features of
open-shell d species, Cu(II) [9]. The d shells of metallic
copper (Cu(0)) and Cu(I) species are completely filled up
with ten electrons, and the satellite feature almost completely vanishes [16]. The compositional percentages of Cu
and Cl on surfaces of mineralization products, corrected for
the difference in the overall elemental sensitivity, are
estimated to be 28.6-47.0 and 0.6-1.1%, respectively. By
XANES, fractions of CuCl2 or CuCl in the mineralization
product solids ranged from 1.0-2.0%, suggesting that the
mineralization may occur on the surfaces as well as in the
subsurfaces via a surface reestablishment as observed by
Chien and coworkers [9].

FIGURE 5 - XPS spectra of (a) Cu 2p3/2 and (b) Cl 2p of the product solids from mineralization of CCl4 with CuCO3 at 493-603 K for 300 sec.
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Molecular scale data of copper, such as local atomic
structure of copper in terms of bond distance, coordination number and kind of near neighbours in the mineralization process, have, therefore, been studied by XANES
and EXAFS. The K-edge XANES spectra of the CCl4mineralized product solids are shown in Fig. 4. The preedge XANES spectra exhibit a very weak peak at 8977 eV
that is normally attributed to a dipole-forbidden electronic
transition of 1s-to-3d orbital, characteristically for Cu(II)
species. The shoulder at 8984-8988 eV is attributed to a
ligand-to-metal-charge-transfer process and is unique to
open shell Cu(II) species [17]. An intense band at 89959000 eV is due to 1s-to-4p transitions that also indicate
the existence of Cu(II). Reduced copper species, such as
Cu(I) and metallic copper (Cu(0), are not observed in the
mineralization product solids. The existence of Cu(II) species in the mineralization products is also observed by
XPS.

mineralized by CuCO3 to yield CuCl species on the CuCO3
surfaces. Over the 533-603 K temperature range, CuCO3 is
decomposed to CO2 and CuO, and the Cl may be captured
by CuO forming CuCl2. Incorporation of Cl into the CuO
or CuCO3 matrix leads to an increase of the Cu-O bond
distance by 0.3-0.4 ≈. The bond distance of Cu-Cl on CuO
is 2.10 ≈ with coordination numbers (CNs) of 0.9-2.7.
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The structural parameters of the mineralization products are shown in Table 1. The bond distance of Cu-O in
copper carbonate is 1.92 ≈ with a coordination number
(CN) of 2.4. In the second shell, the bond distance and
CN of Cu-(O)-Cu are 2.94 ≈ and 3.9, respectively. It is
found that during mineralization of CCl4 at 493 K, Cl may
insert into the matrix of CuCO3 and form CuCl (CN=0.9)
that is identified by EXAFS. Insertion of Cl into CuCO3
or CuO also leads to an increase of bond distances of CuO and Cu-(O)-Cu but a decrease of their CNs. Formation
of CuCl2 is observed during mineralization at higher temperatures (533 and 603 K).
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ABSTRACT
Bone charcoal (BC) prepared from cow bone is used
as an adsorbent for the removal of hexavalent chromium
from water in this study. The effects of Cr (VI) concentration, pH, contact time and the adsorbent dosage were investigated. The equilibrium data were fitted to Langmuir,
Freundlich, Temkin, Dubinin–Radushkevich, Koble-Corigon
and Redlich-Peterson isotherm models. Apart from R2, four
error functions were used to validate the isotherm and kinetics data. The experimental adsorption isotherm complied
with Freundlich and Koble-Corigon equation models (R2 >
0.99) and the amount of adsorption (qe) was 2.2 mg/g. The
elevation of BC dose led to a decrease in qe and increasing the pH led to the decreasing of Cr (VI) adsorption.
The kinetic studies revealed that the adsorption of Cr (VI)
complied with the pseudo-first-order kinetic (R2 > 0.95).
Analysis of data with Dubinin–Radushkevich isotherm
showed that the energy of Cr (VI) adsorption process onto
BC was 4.36 kj/mol, which implies that the adsorption of
Cr (VI) onto BC is physical in nature.

KEYWORDS:
Adsorption, Chromium, Water treatment, Bone charcoal

1. INTRODUCTION
Chromium is one of the most important heavy metals
whose anions can be found in water as tri and hexavalent
oxidation states. Although Cr (III) plays an important role
in the control of blood sugar levels, however, at high concentrations its damages are similar to Cr (VI). It appears that
both states of this element to be toxic to human; however,
the hexavalent form of Cr is 500 times more hazardous
than the trivalent form [1, 2]. This form of Cr has several
toxic effects on human health such as epithelia and skin
* Corresponding author

irritation, lung cancer, kidney, liver and gastric damages,
dermatitis asthma, nasal septum and penomonitis [3, 4].
Since the carcinogenic characteristics of this pollutant
are confirmed, the responsible organizations such as the
World Health Organization (WHO) and Environmental
Protection Agency (EPA) improved their standards for
drinking water. So, based on WHO set, the maximum
concentration level goal of Cr for drinking water should
not be more than 0.05 mg/l [5]. One of the most important
Cr (VI) discharge to aqueous environments is derived from
industrial waste streams such as pigment manufacturing,
wood preservation, leather tanning and waste disposal
sites leakage [6, 7]. Due to the health effects, the permissible concentration of hexavalent chromium for the discharge on surface water is considered to be 0.1 mg/l. Removal of the excess level of this pollutant from water and
waste streams should be carried out by the appropriate
techniques [8].
At present several methods are available which are applicable for the removal of Cr (VI) from water [9]. Many of
these techniques have their own drawbacks and suffer from
their constraints. However, adsorption is the most popular, promising and versatile technique for the treatment of
contaminated waters and thus, it has gained much attention of the researches [10, 11]. Various sorbents such as
bagasse fly ash, activated slag, cross-linked chitosan, activated carbon, tamarined hull and polymer coated silica gel
have been used for the elimination of the Cr (VI) from
water and waste streams [8, 11]. Some of the adsorbents
are expensive and this constraint can be improved with the
proper selection and application of inexpensive adsorbent
materials [12]. However, in recent years, scientists have
been employing low-cost materials such as local organic
and inorganic sorbents for the elimination of pollutants
from water [13].
This study investigated the purification of Cr (VI)
contaminated water with bone charcoal. We described the
adsorption isotherm studies with the relevant experimental data tested with Freundlich, Langmuir, Temkin
and Dubinin-Radushkevich, Koble-Corigon and Redlich-
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Peterson equations. The adsorption kinetics was tested with
Lagergren models and adsorption energy was calculated
with Dubinin-Radushkevich model.
2. MATERIALS AND METHODS
2.1. Preparation and Characterization of Bone charcoal

Bone charcoal (BC) was prepared and characterized
according to the procedure described previously [14]. The
fresh bone from cattle and sheep was crushed into pieces
of 10–15 cm in length, rinsed three times with water and
boiled at least three times in water for 2 h to remove fate
and residual protein pieces. The bone was dried at 100–
110 ºC overnight and cooled in a desiccator. Pyrolises of
bone was performed in a rectangular furnace that was
externally heated by electric power sources. The pyrolysis
was carried out at 400 ºC for 2 h so that the heating rate
was 35 °k/min. The solid brownish black yield was transported to a desiccator and cooled at room temperature and
pulverized by standard ASTM sieves with a 18-35 range
mesh (0.5-1 mm) [14-16]. The chemical composition of BC
was analyzed using X-ray fluorescence (Philips, Model X
PER MPD). The results of these analyses are shown in
Table 1. Other characteristics of BC are described in our
previous study [14]. In the summary, BC is not uniformly
porous and the size of pores are less than 20 nm, micropore sorbent with Brunauer-Emmett-Teller (BET)
specific surface area 100 m2/g and Barrett-Joyner-Halenda
(BJH) specific surface area 116 m2/g was determined by N2
gas adsorption-desorption. The porosity of BC was determined through the conventional adsorption of nitrogen
gas at 77 K and 91.43 KP pressure [9]. Analysis of data for
calculation of BETSurface area and BJHSurface area (m2/g), pore
volume (cm3/g) and porosity was carried out by Belsorb
software (Ver.5) (data not shown).
2.2. Reagents and measurement method

All chemicals and reagents were of analytical grade
that were used without further purification and purchased
from Merck Co., Germany. All reagents were prepared in

double distillated water. The stock solution of Cr (VI) was
prepared (500 µg/ml) by dissolving K2Cr2O7 in 1.0 L of
distillated water. The test solutions were prepared by
successive dilution of stock solution to obtain the desired
concentrations in the range of 1-2 mg/l. The diphenylcarbazide procedure used for the determination of Cr (VI)
at 540 nm wavelength by using Visible- Cecil-1011 spectrophotometer which is the standard colorimetric method
for the examination of Cr(VI) in aqueous solutions [17-19].
The pH of solutions was measured using a pH meter (Wagteck Mi 151) and adjusted using 0.1 M HNO3 and 0.1 M
NaOH solution. pH-meter was standardized with standard
buffers before every measurement.
2.3. Adsorption Experiments

For convenient evaluation of the effective parameters,
the adsorption of Cr (VI) within BC was performed with
batch procedure (Table 2). These tests were carried out in
a 250 ml high-density polyethylene bottles. The bottles
were stirred with a shaker (GFL 3017) at 150 rpm at room
temperature. The adsorbent was then separated by centrifugation (Eppendorf 5810R) and the residual hexavalent
chromium was determined. The pH of solutions was
measured using a pH meter (Wagteck Mi 151). The pH of
solutions was adjusted at the beginning of the experiments and controlled afterwards and no significant pH
variation was observed during each experiment. All of the
adsorption experiments were carried out at 25±0.5 °C and
the average of three replicates experiments was reported.
The chromium removal efficiency (RE) and equilibrium
adsorption capacity were calculated from Eqs. (1) and (2).

RE = (

qe =

Cini − Ct
) × 100
Cini

(1)

V
× (C ini − C t )
M

(2)

where , Cini and Ct are the initial and concentration at
time t of Cr (VI) (mg/l); qe is equilibrium Cr (VI) concentration on adsorbent (mg/g), V is the volume of solution (L),
M is the mass of BC sample used (g) [20, 21]. Adsorption

TABLE 1 - Chemical composition of BC (%mass)

a

CaO

P2O5

MgO

Zn

Na2O

SiO2

92.896

2.954

0.672

0.664

0.6

0.095

LOI

a

2.06

Others

Total

0.059

100

Loss on ignition

TABLE 2 - Experimental conditions for chromium removal by BC
Experiment
Influence of pH solution
Influence of BC concentration
Influence of chromium concentration and time
Adsorption kinetic of different concentrations
Equilibrium tests

Operational conditions
pH
Chromium concentration (mg/L)
3-10
1.5
3
1.5
3
1-2
3
1-2
3
1-5

1302

BC dose (g/L)
0.5
0.1 -1
0.5
0.5
0.5

Contact time (min)
60
60
30-150
1440
1440
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isotherm studies and relevance experimental data were
tested with two and three-parameter isotherms. Apart from
correlation coefficient (R2), the validity of adsorption isotherm and its goodness-of-fit was evaluated with the Marquardt’s percent standard deviation (MPSD) and the hybrid
error function (HYBRID) which can be described as:
MPSD = 100

HYBRID =
where
iment i,

N
q exp − q cal
1
( ei exp ei ) 2
∑
N − P i =1
qei

(3)

100 N ⎡ (qeiexp − qeical ) 2 ⎤
∑ ⎢ q exp
⎥
N − P i=1 ⎣
ei
⎦

(4)

q eiexp is the observation from the batch exper-

q eical is the estimated from the isotherm for corre-

sponding

q eiexp , N is the number of observations in ex-

perimental isotherm and P is the number of parameters in
regression model. The smaller MPSD and HYBRID values reveal more accurate estimation of qe value [22,14].
Also in kinetics studies apart from the correlation coefficient (R2), the validity of kinetic models was measured by
the normalized standard deviation (NSD), and average
relative error (ARE) which can be defined as:
NSD = 100

ARE =
where

exp
− qtcal ) ⎤
N ⎡ ( qt
1
∑
⎥
i =1 ⎢
N −1
qtexp
⎣
⎦

100 N ( qeexp − qecal
∑
N i =1
qeexp

2

(5)

(6)
i

q texp and q tcal (mg/g) are experimental and

calculated Cr (VI) adsorbed on BC at time t and N is the
number of measurements made. The smaller NSD and
ARE values indicate more accurate estimation of qt values
[14, 22].
3. RESULTS AND DISCUSSION
3.1. Equilibrium adsorption isotherms and kinetics of adsorption of various chromium concentrations

The adsorption isotherms express the specific relationship between the concentration of sorbate and its amount
adsorbed onto sorbent surface at the given experimental
conditions and the equilibrium concentration of sorbate in
the liquid phase. Therefore, analysis of the isotherm data
would be done to determine the maximum capacity of
sorbent and to develop an equation for designing column
purposes. So, in order to describe the chromium uptake
capacity and its adsorption behavior onto BC, isotherm
data obtained were fitted by four “two- parameter isotherm”
including Langmuir, Freundlich, Dubinin-Radushkuvich and
Temkin and two “three-parameter isotherm” including
Redlich-Peterson and Koble-Carrigan [13, 22]. In the case
of three-parameter isotherms, the isotherms constants (ARP
and P) were obtained by maximizing of R2 value using a

trial and error method with using of MAPLE (Ver. 15) and
MATLAB Microsoft, which was optimized after 14 iterations. Tables 3 and 4 indicated the parameters of isotherms
by linear regression methods and the calculated adsorption
isotherm parameters for Cr (VI) adsorption onto BC,
respectively. As demonstrated in Table 3, adsorption of
Cr (VI) within BC comply with both two and three-parameter isotherm models among which Freundlich and KobleCorrigan models turned out to be extremely satisfactory
with the highest values of R2>0.99 and lowest MPSD and
HYBRID values compared to the other adsorption models.
The Freundlich model is an empirical method for adsorbents with heterogeneous adsorbing surfaces. The results
from energy dispersive analysis X-ray (EDAX) and X-ray
diffraction (XRD) analysis showed that the main compound of BC is carbon and hydroxyapatite (data not shown).
This compound may randomly distribute on the surface of
BC that may introduce heterogeneity onto the surface [23].
It is known that 1/n in Freundlich model is the adsorption
intensity and the values of 1/n are laying between 0 and 1
confirmed the favorable conditions for adsorption. The
1/n of the Freundlich isotherm in this study was obtained
0.2. In addition, Koble-Corrigan model is generally applied with heterogeneous adsorption surface [22]. Therefore, these results suggest that surface of BC for adsorption of chromium is heterogeneous and produces a favorable adsorption condition. Dubinin–Radushkevich (D–R)
isotherm usually used to distinguish between physical and
chemical adsorption [24]. In this regard, experimental data
were further interpreted by D–R isotherm. Analysis of
data with D–R isotherm showed that the energy of Cr (VI)
adsorption process onto BC was 4.36 kj/mol. Based on
literature for adsorption type and energy of adsorption, this
range of energy is lower than the typical range of bonding
energy for chemosorption (8-16 kj/mol), and demonstrates
that in the adsorption of Cr (VI) onto BC physisorption
plays a significant role [7]. The kinetic adsorption data is
probably the most important factor in adsorption system
design, to determine the adsorbate uptake rate and the
time required to attain equilibrium for industrial applications. Thus, to provide this data for Cr (VI) adsorption onto
BC, two of the most used kinetic models (pseudo firstorder and pseudo second-order) was evaluated. The linear
mathematical representations and calculated rate constants
of these models are given in Table 4. The adsorption rate
constant for pseudo-first and pseudo-second-order models
was calculated from the slope of the linear plot of Ln(qeqt) versus t and between t/qt against t, respectively. qe is
the amount of Cr (VI) adsorbed(mg/g) at equilibrium and
qt is the amount of adsorption(mg/g) at the time t [25, 26,
27]. Calculated rate constants of kinetic models are shown
in Table 5. Referring to Table 5 and comparison of the R2,
NSD and ARE values of these models suggest that the
equilibrium adsorption of hexavalent chromium onto BC
could be best described with the pseudo-first order kinetic
model. In addition, in this model, the calculated equilibrium adsorption capacities (qe cal) are very close to the
experimental adsorption capacities.
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TABLE 3 - Linearized expressions of adsorption isotherms [11, 19, 20]
Isotherm
Langmuir

Linearized form

Freundlich

Ln

Plot

Parameters
qmax(slope-1)
b(Slope/intercept)

Lnqe vs Ln Ce

KF=exp(intercept)
n= slope
B= slope
KT=B×exp(intercept)
qmax=exp(intercept)
D= -slope
g= slope
BRP= exp(intercept)
ARP*
AKC= slope-1
BKC= (intercept/slope)
P*

Temkin

qe vs Ln Ce

Dubinin- Radushkuvich
Redlich-Peterson

Lnqe vs ε2
Ln[(

Koble-Corrigan

Ln[(

(

vs

)=(

*Optimized with trial and error

TABLE 4 - Calculated isotherm parameters for Cr (VI) adsorption onto BC
Isotherm
Langmuir

R2
0.996

MPSD
54.3

HYBRID
17.9

Freundlich

0.998

3.98

0.062

Temkin

0.988

21.5

1.49

Dubinin- Radushkuvich

0.83

45.84

7.77

Redlich-Peterson

0. 985

10.0266

0.4

Koble-Corrigan

0.999

4.225

0.053

Parameter
qmax=2.2mg/ g
b=3.53(L/ mg)
KF=2.44 (mg g-1)(L mg-1)1/n
n=0.2
B= 0.33
KT=1(L/ mg)
qmax= 1.054 mg/g
D= 0.0263
g= 0.3
BRP= 4.694(L/mg)g
ARP*= 17.7024(mg/ g)(L/mg)
AKC= 18.19(mg/ g)(L /mg)P
BKC= 13.33(L/ mg)P
P*=1.227

TABLE 5 - Mathematical representations and calculated rate constants of kinetic models
First -order kinetics
C0

K1 (1/min)

qe Exp.(mg/g)

qe Cal.(mg/g)

R2

ARE

NSD

6.55

21.15

t
1
1.5
2
Second-order kinetics

C0
1
1.5
2

0.004
0.008
0.006
K2(g/mg/min)

1.99
1.98
1.95

2
1.99
1.96

0.98
0.97
0.95

qe Exp.(mg/g)

qe Cal.(mg/g)

R2

1.99
1.9
1.4

1.88
1.89
1.99

0.95
0.93
0.92

0.003
0.004
0.005

3.2. Effects of BC dose

Although adsorption is a promising and versatile process for water and wastewater purification, however, in
some cases high cost of adsorbents may be recognized as
the biggest barrier to apply it on mass scale. Thus, from
economic point of view the optimization of adsorbent dos-

ARE

NSD

10.9

78.27

age and the best required mass of sorbent for scale-up and
designing of large scale equipment is necessary. The
influence of BC on chromium adsorption was investigated
in a range of 0.1-1 g/100ml under the operational conditions specified in Table 2. The results of percentage removal of chromium at various BC doses are presented in
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Fig. 1. As shown in Fig. 1 increasing BC dosage from 0.1
to 0.7 g/ 100 ml had a positive effect on Cr (VI) removal
efficiency and residual concentration of pollutant on water body however, the elevation of BC dosage beyond this
value was not effective on Cr (VI) adsorption. Based on
this result, it can be concluded that 0.7 g/100 ml of BC is
the optimum mass of this sorbent for Cr (VI) elimination
from water that led to residual concentration lower than
0.05 mg/l as the maximum allowable concentration value
recommended by WHO. Although, increasing BC dosage
led to enhanced removal and low residual of Cr (VI); however, higher dosage of BC led to decreased Cr (VI) adsorption onto BC (mg/g). This phenomenon can be explained by many factors, which can be attributed to the
adsorbent dose. At the start, some of the active adsorption
sites may remain unsaturated and as dosage of BC is increased, this can lead to unfavorable use of sorbent, resulting in reduction of the ratio of Cr (VI) adsorbed to BC
(mg/g). The second reason is that at the higher masses of
BC, adsorbent particles may become agglomerated and
lead to decrease in the available surface for sorption [24].

Increasing of qe(mg/g) with elevation of initial Cr (VI)
concentration may be related to driving forces needed to
overcome the resistances of pollutants migration from the
aqueous solutions to the BC surface. Similar results were
found in previous studies [27]. Comparison of Cr (VI)
uptake capacity by the adsorbent used in this study and
those reported elsewhere is shown in Table 6. It can be
concluded that the sorption capacity of the BC is still
higher than some of the available ones in the literature.
2
1.6

qe(mg/g)
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C0=1 mg/l
C0=1.5 mg/l
C0= 2 mg/l

1.2
0.8
0.4
0
0

30

60

90
Time(min)

120

150

180

FIGURE 2 - Effect of Contact time on Cr (VI) adsorption
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1
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0.6
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0.1
0
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80
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80
Removal effic %

60
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0

BC Dosage (g)

0.5

FIGURE 1 - Effect of BC dosage on Cr (VI) adsorption

1

1.5

2

Residual Cr (mg/l)

100

1.5

Removal Effic (%)

Residual Cr (mg/l)

2

2.5

Cr (VI) Concentration(mg/l)

FIGURE 3 - Adsorption of Cr(VI) in different concentration

3.3. Effect of contact time and Cr (VI) concentration

In this work, influence of different initial chromium
concentration (1-2 mg/L) on adsorption process was investigated under the condition given in Table 2. Figs. 2
and 3, represent the results of the effects of contact time
and Cr (VI) concentration on the adsorption. As illustrated
in Fig 3, it can be concluded that the equilibrium was
reached at 150 min. It is clear that increasing the contact
time beyond the 150 min had not significant impact on
adsorption performance. In addition, Fig. 3 implies that
adsorption led to saturation that displays the possible
monolayer sorption of Cr (VI) onto BC. As shown in Fig. 3,
increasing initial Cr (VI) concentration from 1 up to 2 mg/l
led to decrease of uptake efficiency from 99% to 70% and
increased residual concentration from 0.01 mg/l to 0.6 mg/l
which implies that sorption capacity is dependent on preliminary Cr (VI) concentration. Since in a fixed dosage of
sorbent and identified concentrations of adsorbate, sufficient vacant site of adsorbent is available for pollutant
adsorption, increase of adsorbate concentration led to limited ratio of vacant sites of adsorbent surface to Cr (VI)
concentration, so that a decrease in percentage adsorption
corresponding to an increase in initial adsorbate concentration occurred.

TABLE 6 - Capacity of different sorbent for Cr (VI) adsorption
Adsorbents
Activated Carbon
Rice husks
Saw dust
Coir pith
Clay-Chitosan
Polyvinil Pyrol-coated gel
Soya cake
Bone Charcoal

qe (mg/g)

Ref.

1.6
0.6
1.5
0.2
1.30
1
0.0028
2.2

[29]
[30]
[30]
[30]
[31]
[4]
[32]
This study

3.4. Effect of pH and mechanism of adsorption

Since the pH of the aqueous solution has a key role in
adsorption process, the effect of this parameter on the elimination of Cr (VI) by BC was examined in a range of 3-10
under the conditions provided in Table 2. The means of
three replicate experiments are shown in Fig. 4. As shown
in Fig. 4, it is clear that the adsorption of Cr (VI) is highly
influenced by the solution pH.
As illustrated in Fig. 4, Cr (VI) removal efficiency onto
BC decreases from 98.5% to 55% and residual concentra-
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tion of Cr (VI) increased from 0.07 to 0.18 mg/l, when the
pH solution elevated from 3 to 10. Maximum chromium
adsorption at pH 3 can be explained by the evaluation
influence of pH solution both on the surface charge of the
BC particles and the dominate species of chromium
ions in solution (7).This phenomenon can be explained
according to the pHZPC of the BC and nature of Cr (VI) in
solutions. Based on the previous experiments the pHZPC of
the BC was about 8.3 [28]. This means that the BC surface was negatively charged at solution pHs above 8.3
and chromium ions were repelled by the BC surface resulting in the reduction of Cr (VI) adsorption. At pH
higher than pHPZC, the surface of BC can be deprotonated
in the following reaction [14]:

HAP − OH → HAPO − + H +

(7)

Therefore, in the elevated range of pH, the surface
charge of BC is negative and at pH values below the
pH PZC of BC, the surface of BC was positively charged,
causing better Cr ions adsorption through the electrostatic
attraction. Other than pHZPC the nature of Cr ions in solutions is very important in their adsorption which is dependendent on the solution's pH. In acidic and basic solutions, HCrO4-1, CrO4-2 and CrO7-2 are predominant, respectively [7,8]. Since the pHZPC of BC was determined to
be 8.3, the surface charge of the BC was negative above
this point of pH and only anionic species could be adsorbed on to BC below of its pHZPC and adsorption of
anions forms of Cr (VI) was not suspected beyond pH 8.3
as the negative charges were predominant on BC surface.
Thus, increasing of pH from 3 to higher than pHZPC led to
decreasing of Cr (VI) adsorption onto BC.

ation (NSD) and average relative error (ARE). Furthermore, the isotherm equilibrium studies confirmed that the
Freundlich and Koble-Corrigan forms are best-fitted models for the adsorption process of Cr (VI) by BC. Adsorption
capacity of Cr (VI) was 2.2 mg/g, and optimal dosage of
BC was 0.7 g /L. A result from analysis of data with
Dubinin–Radushkevich isotherm showed that adsorption
of Cr (VI) onto BC is physical in nature. Although, we
found several aspects of Cr (IV) adsorption onto BC; however, further studies will be required to scale-up and optimize process variables.
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ABSTRACT
The extensive utilization of veterinary antibiotics in
agricultural husbandry has led to worldwide pollution in
the soil environment. To better evaluate the fate of the
antibiotic tetracycline (TC) in soil, its degradation in different soil samples was analyzed. Under static experimental
conditions, TC degradation in the selected soils followed
first-order kinetics, with a half-life ranging from 9.68 to
12.31 days. A marked decline in the efficiency of soil TC
degradation was observed in the presence of increasing
organic matter content. In contrast, the microbial community played a minor role in TC soil degradation process.
Upon degradation for 21 days, most of the TC in soil was
degraded; in contrast, minor mineralization of the compounds happened in the process indicating that the formation of intermediate degradation products was of much
possibility. These possible degradation products were then
analyzed using HPLC-ESI-MS, and the analytical conclusion elucidates the mechanisms of TC soil degradation, as
well as the potential proposed degradation pathways.

KEYWORDS: tetracycline, soil degradation, soil organic matter,
Shannon index, LC-ESI-MS

1. INTRODUCTION
Increasing worldwide concerns regarding veterinary
antibiotics used in agricultural husbandry have been recently reported [1-3]. About 50% of the antibiotics in use
were administrated to livestock and aquiculture for therapy and promotional aims throughout the world [2, 4].
Large amounts of these veterinary drugs were released daily

into the environment through excretion, or direct runoff
[5, 6], and some studies attempted to find the approach to
reduce the environmental pollution of antibiotics [7]. Several recent reports indicated that a variety of antibiotics
had introduced into wide environmental matrices including sewage treatment plants, surface water, and soil resulting from the continual utilization of veterinary antibiotics [8-11]. Furthermore, these discharged veterinary antibiotics are more stable against degradation in the depths of
the soil [12, 13], suggesting that soil is an important pool
of veterinary antibiotic residues. Eventually, accumulated
antibiotics in the soil could bring irreversible adversity to
soil ecosystem stability [14, 15], inducing antibiotic resistance genes (ARGs) of bacteria to drugs [16-18] and,
consequently, jeopardizing human health by spreading
through the food-chain, or via ARGs in the environment
[19, 20].
Degradation in the soil is generally considered to be
the primary way that organic contaminants like veterinary
antibiotics decay in the natural environment [21-23]. In
addition, a wide presence of organic matter in soil influences the degradation behaviors of antibiotics [24, 25].
TC is one of the typical antibiotics widely prescribed in
aquiculture and livestocking [26]. The occurrence and
behavior of common antibiotics in the environment has
been frequently reported in recent literature [6, 27, 28],
whereas TC degradation in soil, with regard to the effects
of organic matter and the soil microbial community as well
as its potential degradation pathway, remains unclear. In
this study, we investigated the effects of soil organic matter
and the soil microbial community on TC soil degradation,
as well as the degradation products of TC, and proposed a
degradation pathway in soil.
2. MATERIALS AND METHODS
2.1. Materials and reagents

* Corresponding author
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Tetracycline was purchased from Fluka Co. Ltd (USA).
Acetonitrile, methanol and formic acid were of HPLC
grade (Tedia Company). Other reagents were of analytical
grade and used as received. Ultra-pure water was used
throughout the study from an ultra-filter system (Millipore Corporation). All working solutions were freshly
prepared.
Four different experimental soil types were collected
with a same soil classification of Yellow-brown soil from
the same region of the Zijin mountain of Nanjing, China.
These soils with different land-use characteristics included a soil without farming (1), forestry soil (2), farmland
soil (3), and vegetable plot soil (4). All soils were of a
similar matrix, and the fundamental properties of the four
tested soils are shown in Table 1. The pH values and CEC
of the collected soil samples were close, but with a main
difference between the soil organic matter contents.
TABLE 1 - The fundamental properties of the four tested soils.
pH
(H2O)

Organic
carbon
/g·kg-1

CEC
/cmol·kg-1

Texture

a soil without
farming (1)

6.8

10.04

22.5

loam

forestry soil (2)

6.8

10.85

22.5

loam

farmland soil (3)

6.8

11.26

22.6

loam

vegetable plot
soil (4)

6.9

11.67

22.6

loam

Tested soils

acetonitrile to a final concentrated volume of 1.0 ml for
analysis.
The concentration of TC was measured by HPLC
(Waters 2695/2996 PAD) coupled with a C18 reversed
phase column (250 mm×4.6 mm, 5 µm, Waters, USA) at
30 °C. The mobile phase was acetonitrile/water (50/50, v/v,
pH 3) with a flow-rate of 1.0 ml min-1. Detection was conducted with UV detector at 355 nm. The recovery rate of
the spiked TC was 61.7%±3.4%, and under the combination of extraction and instrument performance, the limits
of detection were 0.05 mg kg-1.
To identify the degradation products of TC, extracted
TC and its analytes were analyzed by LC-MS (Finnigan
LCQ Advantage MAX) with a 10 µl solution injected to
the column [31]. The mobile phase was a mixture of 50%
acetonitrile and 50% formic acid (0.1% by volume) with a
flow-rate of 0.2 ml min-1. The ESI-MS analysis was performed in the negative mode, with a spray voltage of
4.5 kV and an ion-transfer capillary temperature of 200 °C.
Nitrogen was used as sheath gas at a flow-rate of 20 arb
units.
2.3 Soil DNA extraction and purification

2.2. Soil degradation and analytical methods

The spiked TC (5 mg kg-1) added to the selected soils
was performed in triplicate to study soil degradation, and
the incubation for soil degradation was in aerobic and
dark conditions, with a moisture level of 60%. Due to the
difficulty of TC extraction from the soil (high binding
affinity to mineral and organic matter) [29], some special
techniques were used to improve extraction yield, including choices of extraction solutions and different pH conditions. soil samples (5 g) with the spiked TC were extracted
to study degradation kinetics of a specific interval, using a
200-ml extraction solution of 1 mg L-1 DOM (Fluka Co.
Ltd, USA) and 0.05 mol L-1 MgCl2, which readily formed
a chelate complex with metal ions (especially bivalent ions)
[30]. In addition, the pH of the extraction solution was
6 in order to avoid a faster degradation of TC under
basic conditions. Extraction was assisted by ultrasonication (three times for 20 min) to ultimately collect about
500 ml of solution before filtration with folded filters. A
Waters Oasis HLB cartridge was used for the solid-phase
extraction (SPE), preconditioned sequentially with 6 ml of
acetonitrile, 6 ml of ultra-pure water, and 6 ml of 0.1 mol L-1
MgCl2 in weak acid (pH 5.5). Samples were loaded onto
the cartridge and then eluted at a flow-rate of 1 ml min-1.
The HLB column was then rinsed with 10 ml solution
(acetonitrile:H2O = 20:80, 0.01% formic acid) and dried
under nitrogen gas purging for 1 h. The collected volumereduced analytes were then dissolved in 50% aqueous

A 10-g soil sample was mixed with 8 ml DNA extraction buffer (100 mmol L-1 Tris-HCl (pH 8.0), 100 mmol L-1
Na2EDTA (pH 8.0), 100 mmol L-1 sodium phosphate (pH
8.0), 1.5 mol L-1 NaCl, 1% CTAB) and 50 µl proteinase K
(10 mg ml-1) in centrifuge tubes by horizontal shaking at
225 rpm for 30 min at 37 °C [32]. After this, 1.5 ml of
20% SDS was added and the samples were incubated in a
65 °C water-bath for 2 h with gentle end-over-end inversions every 15–20 min. The supernatants were collected
after centrifugation at 9000 rpm for 5 min at room temperature, and transferred into 50-ml centrifuge tubes. Supernatants of extractions were mixed with an equal volume of
chloroform/isoamyl alcohol (24/1, v/v). The aqueous phase
was recovered by centrifugation and precipitated with an
equal volume of 13% polyethyleneglycol (PEG 8000) in
an ice-bath for 1.5–2 h. The pellet of crude nucleic acids
was obtained by centrifugation with a speed of 12,000
rpm for 20 min. Then, it was washed with cold 70% ethanol twice, dried for 10 min, and resuspended in TE buffer,
to get a final volume of 100 µl. The extract was further
purified using a Silver beads DNA recovery kit (Shanghai
Sangon Biological Engineering Technology & Services
Co., Ltd., China).
2.4 PCR amplification of the 16S rRNA gene and DGGE analysis

PCR amplification was performed in a 50-µl volume
containing approx. 20 ng template DNA, 200 mmol L-1 of
each of the deoxynucleoside triphosphates, 0.4 µmol L-1
of each of the primers, 1.5 mmol L-1 MgCl2, Taq precision buffer and 1.25 U Ex-Taq DNA polymerase (Takara,
Shiga, Japan). The primers, F338: 5’-CGC CCG CCG
CGC GCG GCG GGC GGG GCG GGG GCA CGG GGG
GAC TCC TAC GGG AGG CAG CAG-3’ and R518: 5’-
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ATTACC GCG GCT GCT GG-3’, located at the V3 region of the 16S rRNA gene, were utilized to assess bacterial community diversity. PCR amplification was performed
with a Genius thermal cycler (Bio-Rad, USA) using a touchdown thermal cycling program with the following steps:
initial denaturation at 94 °C for 5 min; 20 cycles of denaturation (94 °C for 1 min), annealing (65–55 °C for 1 min,
de-creasing 0.5 °C each cycle) and extension (72 °C for 3
min); 10 standard cycles of denaturation (at 94 °C for 1
min), annealing (at 55 °C for 1 min) and extension (at 72
°C for 3 min); and a final extension at 72 °C for 5 min.
Amplified 16S rRNA gene fragments were analyzed
by DGGE with the Dcode™ Universal Detection system
(Bio-Rad, USA). PCR products were separated with a 6%
polyacrylamide gel (linear gradient of the denaturants
urea and formamide increasing from 30% at the top of the
gel to 60% at the bottom for the separation of the 16S
rRNA fragments). A 40-µl PCR product was loaded for
each sample and the gel was run at 100 V for 12 h at 60
°C in 1 × TAE buffer (40 mmol L-1 Tris (pH 7.4), 20
mmol L-1 CH3COONa, 1 mmol L-1 EDTA). After electrophoresis, the gel was incubated, rinsed, and visualized
with the Quantity-One Analyst software (Bio-Rad, USA).
2.5 Shannon–Wiener Diversity Index analysis

The positions, relative signal intensities and peak areas of the detected bands in each gel track were determined
with Quantity One software. In this study, Shannon–
Wiener Diversity Index was introduced to measure the
rarity and commonness of the species in the soil community, an analysis method often used in biology and ecology that can be described using the following equation
[33]:
s

DSW = −∑
i =1

ni ni
ln
N N

where, C0 is the initial spiked TC concentration in
soil, Ct is the residual TC concentration at experimental
time t, k is the rate constant, and t1/2 is the degradation
half-life.
TC degradation rate constants k were calculated to be
0.0716, 0.0602, 0.0569 and 0.0563 d-1 of soil samples 1-4,
respectively, at the experimental TC initial spiked concentration, linked with the t1/2 of 9.68, 11.50, 12.18, and
12.31 days, respectively. The degradation of TC in soil
suggested that the increasing soil organic matter content
led to decrease in the rate constants, perhaps due to its
simultaneous action as the sorption scavenger of soil TC,
which would attenuate soil TC degradation. In general,
the dependence of TC degradation in soil on environmental
factors is linked to pH value, metal ions as well as soil
organic matter [34], and other factors which would affect
the fate of antibiotics in the environment [24, 35]. In this
study, the selected soil samples were of similar pH, CEC
values and soil matrices, and their main differences were
in organic matter content, demonstrating that a variety of
organic matter contents may be able to induce these
demonstrated differences in degradation half-life.
3.2. Effect of soil microbial community diversity on TC soil
degradation

The microbial community structure analysis of the
soil samples was conducted to reveal the effect of microbial community on the soil degradation of spiked TC. Gel
patterns for the 16S rRNA DGGE-PCR amplicons after
normalization are presented in Fig. 1.

(1)

where, ni is the calculated area of each of the DGGE
electrophoresis bands, N is the total area of the bands in
DGGE profile, and S represents the number of bands.
3. RESULTS AND DISCUSSIONS
3.1. TC degradation in soil matrices

The degradation of spiked TC in soils with the same
initial concentration was investigated. The influence of
the soil matrix on the stability of TC in soils resulted in
consumption of 77-83% of TC in the 4 soil samples after
21 days, reflecting the high degradation efficiency of TC
in the soil matrix. In order to quantitatively investigate the
degradation rate of TC in soils, kinetics were simulated,
and results showed that TC degradation could be described using a first-order model as follows:

Ct = C0 ⋅ e − kt

(2)

t1/ 2 = ln 2 / k

(3)

FIGURE 1 - DGGE profile of the four soil samples: (1) was blank
area soil without farming, (2) was forestry soil, (3) was farmland soil
and (4) was vegetable land soil.
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Further analyses showed an increasing ShannonWeaver index value with increasing content of soil organic matter. Generally, the presence of organic matter in
soil would facilitate microorganism activity, meliorate the
soil microbial community diversity, and subsequently improve the Shannon-Weaver indices [37, 38]. Based on the
postulation that the soil Shannon-Weaver index went up
with the increase of soil organic matter content, it could be
elucidated that TC soil degradation was affected by soil
organic matter rather than microbial community diversity.
This may be attributed to the direct xenobiotic adverse effect of TC on soil bacterium [39], which was mostly differential according to the role of that herbicide atrazine plays
on the bacterium in the soil as concluded by Lin et al. [36].
1.4
shannon index
linear model and 95% confidence limit
2
R =0.9123

12.8

1.2
12.0

1.0

0.8

11.2
Soil organic carbon content
- - - -linear model and 95% confidence limit
2
R =0.9205

10

11

12

13

-1

9

10.4

Soil organic carbon content/ g kg

The intensity of the normalized bands on the gel for
samples from the soil samples without farming (1) and
forestry soil samples (2) were all 5 bands as highlighted in
the DGGE profile, while farmland soil (3) and vegetable
plot soil samples were of all 6 bands, suggesting a higher
abundance of main microbial species in farmland and
vegetable land soils compared to no farming soil and
forestry soil.
The Shannon-Weaver index (Dsw) was calculated from
the DGGE banding pattern according to the number and
relative intensity of bands in the individual sample lane.
The calculated Dsw values of the 4 soil samples from 16S
rRNA were 1.08, 1.20, 1.26, 1.33, respectively, although
all retained a similar main microbial species. Lin et al. [36]
studied the atrazine degradation in constructed wetland
under different salinity and observed a faster decay of organic pollutants with increasing Shannon-Weaver index
values, and ultimately concluded that microbial community would play an important role in the degradation process
of organic contaminants. In contrast, soil microbial community seemed to negatively affect TC degradation in our
study (Fig. 2 as follows), showing a positive correlation
between the degradation half-life and the soil ShannonWeaver index values (R2=0.9123), and this result was
inconsistent with the previous results of Lin et al [35].
Our study showed the relationship between TC soil
degradation half-life and organic matter content, and also
implied that an increase of soil organic matter content
could cause poor degradation efficiency, and ultimately
prolong the degradation half-life of TC in soils.

Shannon index

© by PSP Volume 21 – No 5a. 2012

t1/2 /d
FIGURE 2 - Relationship between degradation t1/2 and Shannon
index, soil organic carbon.
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FIGURE 3 - MS spectra of tentativeTC degradation products in the selected soils (degradation times of 0, 5 days). The insets show the mass
spectra eluted at 1.37 and 1.80 min.
3.3. Identification of TC degradation products in soil and a
proposed degradation pathway

Typically, the degradation of organic pollutants could
lead to the decomposition of structure, and eventually to
the mineralization of the compound [40], while complete
mineralization for most antibiotics is difficult due to their
complicated structure [41]. Interestingly, some organic matters, such as antibiotics, are also often found to be tardily
mineralized in spite of quick reduction during the degradation process [42]. In this study, the remaining TC in the soil
implied an incomplete mineralization and a potential formation of intermediate products [43]. In terms of the former observation, determination of the extracted soil solution was conducted in LC-ESI-MS to identify the TC soil
degradation products, and the obtained MS spectra, taken
at days 0 and 5, are compiled in Fig. 3.
At the retention time of 1.76 min, the TC molecule
was eluted. After soil degradation for 5 days, a new flow

peak was observed at a retention time of 1.37 min, with a
peak decrease in the flow peak at 1.76. Further MS spectra showed that 3 anions (M-H), with m/z values of 384.1,
398.9 and 414.9, were identified, while for the peak at
1.80 min, 2 anions with m/z of 414.9 and 443.0 were identified. The anion with m/z 443.0 was designated to the TC
molecule, suggesting that 3 potential main intermediates
were generated during early TC soil degradation. Based
on LC-MS results, the main degradation products of TC
soil degradation are proposed in Scheme 1.
Product 2 (m/z 414.9) was stemmed from TC degradation via loss of N-methyl due to the low bond energy of
N-C [44]. Further decay of Product 2 led to the generation
of Product 3 (m/z 398.9) and Product 4 (m/z 384.1) via
the loss of amino group and hydroxyl group [42], while
the naphthol ring of TC remained intact for its relatively
stable structure during early TC soil degradation [31].

SCHEME 1 - Proposed soil degradation cleavage pathway of TC and main intermediate degradation products.

4. CONCLUSION
In this study, TC degradation in 4 different soil types
was analyzed. TC degradation in soil could be well fitted
by a first-order model, and its degradation half-life ranged
from 9.68 to 12.31 days in the selected soils under the

experimental conditions, suggesting a weak stability of TC
in soil. The increase of soil organic matter content could
alleviate degradation efficiency and, consequently, decrease
degradation rate constants, perhaps for its strong binding
with the adsorbed TC. The soil Shannon-Weaver index was
not easily apparent with TC soil degradation, indicative of
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a minor contribution of soil microbial community to the
TC soil degradation in the decay process, compared to the
role of soil organic matter. In terms of soil degradation,
only a minor amount of TC molecules was mineralized
because of a relatively slow complete mineralization of
TC in soil, and the degradation of TC was mainly transformed into the intermediate products with similar structures to TC. These intermediate products that mainly remain are the naphthol rings in the potential TC soil degradation pathway.
This work provides novel and important information
about the behavior and fate of TC soil degradation. It
should be noted that the degradation products would remain the key naphthol ring structure in a durable period.
Further studies will focus on the fate of these intermediate
products, and the extended detailed potential environmental
effects to the soil organism, such as the induced effect of
tetracycline antibiotic resistance genes and other low-dose
effects.
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ABSTRACT

KEYWORDS:
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The pollution of the environment with veterinary
therapeutic agents and their metabolites increases due to
the rising doses of applied pharmaceuticals caused by emergence of resistant microorganisms. This phenomenon also
results in implementation of new drugs and higher doses of
pharmaceuticals in veterinary medicine. Moreover, industrial, multi-stand animal farms are responsible for occurrence of places with locally high concentrations of drugs.
The sensitivity of indicator plants to environmental contamination is often used to estimate the degree of environmental degradation. Plants respond to many kinds of
toxic substances in different manners. The phytotoxic effect is a result of interaction between compound and plant
under given environmental conditions.
The aim of the study was to the evaluate phytotoxicity of sulfonamides (sulfamethazine and sulfacetamide) to
seedlings of yellow lupin and lentil. The sulfonamide residue content was determined in the seedlings. All the seeds,
irrespective of the concentration of sulfonamides, germinated with a frequency between 83% (lentil) and 100%
(lupin). With increasing sulfonamide levels, an inhibition of
root elongation was observed in the tested plants. Noobserved-effect-concentration (NOEC) for germinated seeds
was 17.4 mM. The effective concentrations causing a 50%
response (EC50) for lentil and yellow lupin root elongation
were 0.25 and 0.23 mM, respectively. Bacillus stearothermophilus var. calidolactis was used to test sulfonamide
presence in germinating seeds. A change in the color
(purple-violet) of bacteria indicated the presence of sulfonamides in the plant extract. This method detects presence of sulfonamide in plant tissues if the drug is applied
in concentrations equal to, or higher than 0.1 mM. Cyclitol content in roots and shoots was analyzed by gas chromatography. The maximum myo-inositol content was associated with the highest sulfonamide concentration. The
highest content was found in yellow lupin roots, and the
lowest in lentil shoots.
* Corresponding author

1. INTRODUCTION
Antibiotics are used in prevention or treatment of infections in humans and animals, as well as to stimulate
animal growth [1, 2]. They are excreted by the animals
mostly in chemically unchanged form and end up in sewage
plants, or directly in soil and ground water [3]. The European Federation of Animal Health [4] declared that between
1997 and 1999 antibiotic consumption increased by 10%
in Europe. In the USA, 22 700 000 kg antibiotics are
produced yearly, and up to 70% are used in animal production [5]. To reduce the effect of antibiotic-resistance in
humans, European Union issued a ban on feeding animals
with antibiotics that are important for human medicine. In
2006, the ban was extended on all antibiotics and related
drugs. Still, global amount of antibiotics consumed in animal
production is not known, e.g. in Chile about 100-110 tons of
antibiotics are used in veterinary medicine [6]. Taking into
account that up to 75% of antibiotics fed to animals are
excreted unchanged in manure, antibiotics used in veterinary medicine are an important source of environmental
pollution [3]. Some of the commonly applied sulfonamides
(sulfadimethoxine and sulfamethoxazole) have been detected in significant amounts in community sewage sludge.
Composting the sludge, even for 12 months, degrades sulfonamides only to a small degree [7]. Considering that sulfonamides are taken up by plants (corn, lettuce and potato)
[3, 7], it is important to assess the effect of antibiotics on
plant metabolism. It has been documented that antibiotics
perturb root elongation and seed germination [8, 9]. During seed germination, cyclitols are utilized for energy production and carbon substrate synthesis [10]. Moreover,
cyclitols protect plants from osmotic perturbations, which
might be of particular importance during germination and
seedling survival [11]. Gutterman [12] observed that seedling survival of annual desert plants is correlated with cyclitol contents.
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The aim of this study was to estimate the content of
cyclitols in legume plants, lupin (Lupinus luteus) and
lentil (Lens esculenta) roots and shoots, as affected by
different sulfonamide (sulfamethazine and sulfacetamide)
concentrations (0.010, 0.100, 0.250, 1, 5, 15 and 20 mM).
The residues of sulfonamides were determined in seedlings.
The effects of sulfamethazine and sulfacetamide on germination and elongation of roots and shoots of legume
seedlings were also analyzed.
2. MATERIAL AND METHODS
2.1. Seed germination and root growth test

Seeds of yellow lupin (Lupinus luteus) and lentil
(Lens esculenta) were germinated for 9 days in PHYTOTOXKIT™ plates (MicroBio Test Inc., Belgium). Germination was carried out under controlled climatic conditions
(25 ºC, 90 % RH), in darkness. 90 ml of soil (sand, vermiculite, peat 1:0.3:1, v/v/v) were placed in plastic microbiotest plates. The soil was covered with Whatman No. 1
filter paper, and watered with 27 ml distilled water supplemented with sulfamethazine or sulfacetamide (SigmaAldrich) at final concentrations of 0.010, 0.100, 0.250, 1,
5, 15 and 20 mM. The control plants were watered with
pure distilled water. Dry and fresh mass, and electroconductivity (EC) were determined according to ISTA [13].
EC of seedlings soak water (4×10 seedlings, each in 100
ml deionized water for 24 h) was measured using a Hanna
conductivity meter HI 4321.
2.2. Sulfamethazine detection in plant extracts

Polutest®, a kit used for the routine testing of sulfonamide (sulfametazine and sulfacetamide) presence in milk,
was purchased from LAB-Mlek, Poland. Polutest® sensitivity to sulfamethazine ranges from 0.1 to 1.0 µg/mol. The
test contains Bacillus stearothermophilus var. calidolactis
bacteria suspended in 300 µl trimethoprim (2.4 diamino5-(3,4,5-trimethoxybenzyl)pyrimidine) aqueous solutions
of yellow color. Seedlings (1 g) were homogenized in 2 ml
water, and centrifuged at 3,000 g for 10 min. Seedling extract (150 µl; ex) was mixed with milk (50 µl), and 100 µl
of the mixture was applied to a gel and incubated for 3 h
and 15 min at 64 oC. A change in color (purple-violet) of
the Polutest® indicated the presence of sulfonamides in
the plant extract.
2.3. Cyclitol content

Cyclitol (D-pinitol, D-chiro-inositol, and myo-inositol)
contents in the roots and shoots were analyzed by GC according to Piotrowicz-Cieślak [14]. Tissues (30– 0 mg fresh
mass) were homogenized in ethanol:water mix, 1:1 (v/v)
containing 300 µg phenyl-α-D-glucose as internal standard. Homogenate and wash were combined in a 1.5-ml
microfuge tube, heated at 75 ºC for 30 min to inactivate
endogenous enzymes, and centrifuged at 15,000 g for
20 min. The supernatant was passed through a 10,000 MW
cut-off filter (Lida, Kenosha, WI USA). Aliquots of 0.3 ml

filtrate were transferred to silylation vials, and evaporated
to dryness under a stream of nitrogen. Dry residues were
derived from 300 µl of silylation mixture (trimethylsilylimidazole : pyridine, 1:1, v/v) in silylation vials (Thermo Scientific) at 70 ºC for 30 min, and then cooled to
room temperature. One µl carbohydrate extract was injected into a split-mode injector of a Thermo Scientific GC
equipped with FID. Soluble carbohydrates were analyzed
on a DB-1 capillary column (15 m length, 0.25 mm ID,
0.25 µm film thickness, J&W Scientific), and identified
with internal standards as available. Concentrations were
calculated from the ratios of peak areas, for each analyzed
cyclitol, to the peak area of respective internal standard.
Quantities of cyclitols were expressed as means ± SD for
3-5 replications of each treatment.
3. RESULTS AND DISCUSSION
Sulfonamides (i.e. sulfamethazine, sulfacetamide, sulfadimethoxine) are commonly used as veterinary drugs, and
sulfamethazine is applied in highest amounts. The concentrations of some widely used pharmaceuticals, namely,
fluoroquinolones and sulfonamides (sulfadimethoxine and
sulfamethoxazole) were determined in urban sewage sludge
utilized for making compost [7]. Plants respond to many
kinds of toxic substances in different manners. The phytotoxic effect is a result of interaction between compound
and plant under given environmental conditions. The symptoms include morphological deformations and changes in
plant biochemistry [15]. Plant sensitivity to human and
veterinary pharmaceuticals can be used to evaluate the
environmental pollution by these compounds [16]. Lupin
and lentil seedlings responded in a similar manner to
sulfonamides (sulfamethazine and sulfacetamide). All seeds,
irrespectively of the concentration of sulfonamides, germinated with frequencies between 83% (lentil) and 100%
(lupin) (Fig. 1). Seeds were considered to be germinated
when the radicle penetrated the seed coat. With increasing
concentration of both sulfamethazine and sulfacetamide,
an inhibition of root elongation was observed in both
plants (Fig. 2). After 9 days of growth in the soil without
sulfonamides (control soil), lentil roots were shorter than
yellow lupin roots, 62 mm and 87 mm in length, respectively.
Sulfonamides are absorbed by plants and cause inhibition of root elongation of both lupin and lentil plants
(Fig. 2). Intake of toxic substances (e.g. herbicides) was
observed in maturing pods of legume plants, but the seed
coat thickness was an impeding factor [17]. Similar lack
of germination inhibition (germination >85%), as in this
study, was observed in transgenic and non-transgenic
soybean after application of other toxic compounds [18].
In ecotoxicology, root length is considered to be an important morphological parameter of soil contamination.
With increasing sulfamethazine concentration, an inhibition of the root elongation was observed in tested plants
(Fig. 2). Sulfamethazine is taken up by corn (Zea mays L.),
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FIGURE 1 - Germination (o) and electroconductivity (EC) (■) in lupin (panel A) and lentil (panel B) after sulfonamides were applied in
different concentrations to the soil .

FIGURE 2 - Roots (■) and shoots (▲) elongation in lupin (A) and lentil (B) after sulfonamides were applied in different concentrations to the soil.

lettuce (Lactuca sativa L.), and potato (Solanum tuberosum
L.), with concentrations in plant tissues ranging from 0.1
to 1.2 mg/kg dry weight [3]. Sulfamethazine concentrations in plant tissue increased with corresponding increase
of sulfamethazine in soil, which may be caused by applying sulfamethazine contaminated manure. Bioaccumulation of sulphadimethoxine was always higher in roots
than in foliage [19].
The dry mass increased slightly but steadily in both
plants, together with the increase of sulfamethazine or
sulfacetamide concentrations. At the highest sulfonamide
level, the dry mass of both roots and stems did not exceed
15% of fresh mass. Similarly, EC increased steadily with
increasing sulfamethazine or sulfacetamide levels; however, at a lower rate. In the control plants, EC of lupin was
0.11 mS/g dm on average, while in the case of lentil, it was
greater than or equal to 0.35 ms/g dm (Fig. 1).
The root dry mass and seedling EC were measured
9 days after sulfamethazine application (Fig. 1). The dry
mass increased slightly but steadily, together with the
increase of sulfamethazine concentration in the soil. The

EC method was used to evaluate the degree of seedlings
damage. This method was successfully used to ascertain
the degree of freezing injury [20]. EC, similarly to dry mass,
increased steadily. However, EC increase was slower than
that of dry mass (dm) (Fig. 1).
Polutest® method detected the presence of sulfonamides
in plant tissues if sulfacetamide was applied in a concentration equal to or higher than 0.1 mM, and when sulfamethazine was applied at 0.25 mM. It was impossible to
quantify sulfonamide levels in plants with this method
but it was possible to verify the presence of this compound qualitatively (Fig. 2). Sulfonamides detected in the
seedlings were observed to be the first symptoms of necrotic changes in the roots.
The presence of 3 cyclitols, D-pinitol, D-chiro-inositol
and myo-inositol, was detected in lupin and lentil seedlings. myo-Inositol was the predominant carbohydrate in
lupin and lentil seedling growing without sulfonamides
(Fig. 3). The level of this metabolite was 10 times higher
than that of D-chiro-inositol, and 5-fold greater than Dpinitol quantity. In control conditions, and at the lowest
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FIGURE 3 - Cyclitol contents in A – lupin, B- lentil roots, and shoots after sulfonamides (▲ sulfamethazine, ● sulfacetamide) were applied in
different concentrations to the soil.

tested sulfonamide concentration, cyclitol contents (Dpinitol, D-chiro-inositol and myo-inositol) were lowest but
then gradually increased, reaching a maximum at the
20mM level. The type of applied sulfonamide had an effect
on the cyclitol contents in the seedling, with sulfacetamide
leading to higher levels of cyclitols than sulfamethazine.
During seed germination, storage carbohydrates are
broken down to oligo- and monosaccharides [11]. These
metabolites are utilized in the developing tissues for respiration and synthesis of other compounds [21]. Hemicellulose, oligosaccharides from the raffinose family, and galactocyclitols are storage carbohydrates found in lupin seeds
[22, 23]. During germination of lupin and lentil seeds,
oligosaccharides from the raffinose family and galactocyclitols are hydrolyzed to simple compounds [11, 23]. The
cyclitol content in seedlings determines the speed of seed
germination. In the current study, sulfonamides inhibited
the germination process, and the highest cyclitol contents
in seedlings were observed after application of the highest
dose of sulfonamides (Fig. 3). Seeds were extracted with
water, but roots were not visible and seeds did not germinate. No-observed-effect-concentration (NOEC) for germinated seeds was 17.4 mM in both species. Effective
concentrations causing a 50% response (EC50) for lentil
and yellow lupin root elongation were 0.25 and 0.23 mM,
respectively.

4. CONCLUSIONS
In conclusion, it should be noted that the Polutest® or
similar assay kits used in food analyses, provide an easy
way to detect sulfamethazine in analyzed crops. Measurements of root length and analyses of cyclitol contents make
it possible to evaluate the effect of sulfonamide residues
on plants.
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DESIGN OF ENGINEERING TECHNOLOGY MODE OF
DISTRIBUTED BIOMASS COOLING, HEATING AND POWER (CHP)
SUPPLY SYSTEM: THE CASE OF HEPING COMMUNITY, ZIBO
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ABSTRACT
Based on the characteristics of regional biomass resources and the existing research and technological development, a set of new rural engineering technology mode of
distributed biomass cooling heating and power (CHP)
supply system was put forward for Heping Community (a
4.6 km2 new countryside area), Zhoucun District of Zibo
City in Shandong Province, China. The related technologies such as biomass micron fuel (BMF) combustion and
gasification technology, underground river (UR) biogas
production technology and cooling-heating-power triple
cogeneration technology were introduced in the paper. The
project construction content and scale and investment assessment were presented. The economic, social and environmental benefits of the implementation of such energy
supply system were also analysed. The results showed
that: through constructing distributed biomass CHP supply system engineering, the biomass waste pollution can
be completely eliminated; at the same time, a regional
energy self-sufficiency can be achieved and a complete
energy conversion and circular economy mode can be
formed; its energy efficiency, environmental and social
benefits will promote the application and popularization of
distributed biomass CHP energy supply technology in new
countryside areas.

KEYWORDS:
Biomass; Biomass micron fuel (BMF) combustion and gasification; Underground river (UR) biogas production; Distributed energy system; Combined cooling heating and power supply

1. INTRODUCTION

creases dramatically in China. Recently, distributed energy systems (DES) gradually attract the attention of the
people because of its tremendous advantages in greenhouse
gas emissions, environmental protection and energy efficiency [1, 2]. The major area of DES is high-efficiency
cooling, heating and power (CHP) systems in industry and
buildings throughout the world [3]. At present, most such
systems are used in littoral developed areas in China with
natural gas as fuel [4]. Distributed energy systems have
not yet been developed in vast country and western areas
where are suitable to implement DES. There are abundant
biomass resources in rural areas, which is very conducive
to constructing DES. Biomass is best suited for DES due to
its intrinsic properties [5]. The application foreground of
biomass-fueled DES in rural areas is very wide. Although
biomass power generation technology has been mature,
until now, few applications have been reported about bioenergy use in regional energy supply because of its high
run cost. According to the moisture content of biomass,
there are two main kinds of bioenergy utilization methods:
one is fuel preparation and biomass power generation using
low-moisture biomass, e.g. straw [6, 7]; the other is biogas
production and utilization using high-moisture biomass,
e.g. dejections from different animal species and rotten garbage [8-11]. Both methods can not solve energy supply and
environment pollution problems completely in one rural
community. Therefore, it is imperative to explore an effective way to make use of all sources of biomass, including
straw, dejections, garbage for regional energy supply.
In this paper, based on the above idea and the existing
research and technological development, the authors put
forward a set of new rural engineering technology development mode of distributed CHP supply system taking
Heping Community, Zhoucun District of Zibo City,
Shandong Province, China as the reference case.

With the rapid development of economy and the improvement of living standards of the people, especially the
accelerated process of urbanization, the energy demand for
commercial and civilian use of heat, electricity, cool in-

2.1 Background of the community

* Corresponding author

Heping Community, locating in the west of Zhoucun
village in Zibo City, Shandong Province, covers 40,000

2. MATERIALS AND METHODS
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square kilometers. There are 30,000 inhibitants, an industry
garden with over 100 corporations, a pig form of 8000 pigs,
two schools, one hospital and 300 hectares farmlands in
this community. The abundant and diversified biomass
resources including solid waste, dejections, rotten waste,
straw, garden garbage in this region pose a serious threat
to the environment. The industrial base and economic
strength of Heping community is very solid. The total
production value in Heping community is about 6.8 hundred million yuan (RMB) in 2008. In recent years, Heping
community has actively carried out new countryside construction, real estate development and industrial parks
construction. A relatively concentrated block pattern of
living area, schools, industrial areas and breeding areas has
formed in this community with a reasonable layout. The
diversified energy needs of the whole community (industrial
parks, new living areas and schools, etc.) provide a good
user platform for the distributed power supply system. The
authors put forward a process plan considering biomass
resource exploitation, pollution control and energy supply
on the basis of pollution and resource characteristic analysis of the community agroforestry wastes-engineering technology mode of biomass distributed CHP supply system.
The mode is aimed at building an energy self-sufficiency
system in a 4.6 km2 new countryside area. Based on the
multivariate characteristics of biomass resources in this
region, biomass resources will be divided into two categories: high moisture biomass (such as pig manure) and low
moisture biomass (such as straw), and be converted to
medium heating value fuel gas by fermentation technology and mechanical and thermal processing technology,
respectively. The clean high-quality gas can be used as selfsufficiency energy in Heping community for power generation, combined heating, cooling and power production and
pipeline cooking gas. Adopting the above methods, the
energy consumption costs for industrial production and
household living in Heping community will be greatly
reduced and the ecological environment quality of the
community will be significantly improved.

2.2 Technologies used in this DES
2.2.1 Biomass micron fuel combustion and gasification technology

Biomass micron fuel is a new kind of energy materials developed by Huazhong University of Science and
Technology through many years of research and development efforts. The various plant fibers (such as straw,
reeds, garden waste, weeds, vines and other non-food
plants) can be processed into micron sized biomass powder fuel (average particle size of 125µm and max. size of
250µm) [12], named biomass micron fuel (BMF) for short
(Fig.1). Through micron fuel dust clouds combustion
technology [13, 14], the biomass powder will be blown
into combustion stove like dust cloud by air and burn in
the stove. Using certain technical methods, powder pyrolysis, gasification and combustion was finished immediately to achieving efficient combustion. The combustion
temperature of BMF in industrial furnace can reach 1500
℃, fuel efficiency may reach 97%. Using BMF as raw
material, fuel gas production technology from BMF via
pyrolytic gasification and reforming processes has been
developed by Huazhong University of Science and Technology [15, 16]. The powder cloud combustion chamber,
pyrolytic gasification chamber and catalytic reforming
chamber have been integrated in a furnace room in such
biomass gasification and reforming system (Fig.2). BMF
was indirectly heated and pyrolysised by high temperature
(1300 ℃) produced by combustion of a small part of
micron fuel in cracking furnace. Through catalytic decomposition of pyrolysis gas and gas purification process,
high-yield, high-quality gas can be produced. The pyrolysis gasification process is very complete because the raw
material-BMF has small particles. The tar produced during biomass gasification can also be catalyzed to CO and
H2 through catalytic reforming process, thus solving the
problem of tar pollution in biomass gasification. BMF
gasification process diagram is shown in Fig. 3.

A

B

FIGURE 1 - a. SEM micrograph of Biomass micron fuel (BMF) (×1,000) b. Sample of BMF products
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FIGURE 2 - The external-heated BMF gasification and reforming system. 1 BMF feed equipment 2 integrated furnace of heating, pyrolysis
and catalysis 3 feed equipment of raws material for gasification 4 preheating and lifting equipment of raws material for gasification 5 pressure monitoring and explosion-proof device

2.2.2 Biogas production technology with the use of “underground river” digesters

FIGURE 3 - Flow chart of BMF catalytic gasification process

The technology of “underground river” (UR) biogas
production is developed especially for utilizing high moisture biomass, including aquatic plants, dejections from
different animal species, sewage sludge and rotten waste.
The innovation of changing the traditional upright biogas
reactor to horizontal structure is the precondition of largescale commercial production of biogas. Before fed into
the system, biowaste is fluidized by crushing and mixing
with water. The fluidized biowaste flows into the horizontal biogas reactor configuration (Fig.4) and creeps slowly
from the upriver entrance to downriver outlet by gravity.
During the flow process, biogas production from anaerobic fermentation of biowaste has been finished. The biogas residue in the downriver outlet can be discharged by
pump and used as feed or fertilizer. The fluidized biomass
material has a small volume and thus greatly improves the
utilization efficiency of biogas reactor, which making the
large-scale commercial production of biogas feasible [17].

FIGURE 4 - Schematic drawings of the underground river (UR) anaerobic reactor. 1 residue pump 2 filter 3 booster pump 4 biogas transportation pipe 5 user’s pipe 6 feed funnel 7 crusher 8 baffle 9 biogas reactor 10 biowaste-produced biogas
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FIGURE 5 - Sketch map of UR biogas production system

The biogas produced normally contains 60% methane.
After getting rid of H2O, H2S and other components in biogas, the content of methane may reach 90%. Two demonstration projects based on this technology have been constructed in Xiangfan city, Hubei Province and Zibo, Shandong Province. A schematic layout of the biogas production demonstration system is shown in Fig. 5.
2.2.3 Cooling-heating-power triple cogeneration technology

Combined cooling heating and power generation is a
multi-generation technology based on energy cascade use
concept. In this system, energy is cascaded used; high
grade energy is used for generating electricity, low grade
energy (flue gas waste heat, hot water waste heat) emitted
by generators is used for cooling (or heating) [18]; the
comprehensive energy utilization rate may reach more than
80% (maximally reach 90%). The construction of tripledistributed energy system programme is flexible, each has
its own application scope depending mainly on local energy
demand structure. The commonly used modes relevant to
conventional energy are shown as follows: 1) CHP system with backpressure steam turbine 2) CHP system with
combustion turbine 3) Combined cycle CHP system with
back-pressure steam turbine [3]. With the development of
fuel gas technology and the improvement of gas turbines
performance, combined Cooling Heating and Power
(CCHP) systems using gas turbine as power machine has
developed rapidly. Current thermal efficiency of CHP triple
cogeneration system driven by gas engine can reach 80% in
China, most of them are driven by natural gas. But too high
gas prices as an adverse factor has restrained the development of distributed energy systems. As mentioned
above, dry biomass can produce gas by pyrolysis, while
wet biomass also can produce biogas by underground river
biomass fer-mentation technology. If we purified these two
different gases and mixed them in different ratio and utilize them to drive gas turbine, then CHP triple cogeneration is realized based on self-sufficient, high-quality, lowcost biomass gas.

3. RESULTS AND DISCUSSION
3.1. Engineering technology mode design of distributed
biomass CHP supply system in Zibo
3.1.1 Project construction content and scale

In order to make full use of low moisture biomass resources (straw) in Heping community, we plan to design
and construct a 6 t / h of BMF production system and a
6,000 m3 / h biomass gas production system through BMF
pyrolytic gasification and reforming furnace. The region
has 8,000 pigs, the annual manure emissions is about 14,
600 tons. Mixing such manure and the community living
garbage, wet straw and barn wastewater in a certain proportion, a 10, 000 m3 of underground river biogas digester
can be built; the biogas yield is 4,000 m3 / d, at the same
time, it is necessary to construct a 4,000 m3 / d biogas purification system (desulfurization, dehydration). Fuel gas
from dry biomass gasification and wet biomass fermentation
should be cleaned before use. A small part of purified gas
can be used as cooking gas, the majority of gas for power
generation. A 6,000 KW biomass gas power generation
and CHP trigeneration project can be established. The
power can be used for industrial and agricultural production, residents living and service industry. The steam produced by waste heat of power generation can be used to
produce perennial industrial production, winter heating
and summer cooling. The whole biomass distributed energy supply system is controlled by central management
control system to rationally allocate gas supply and power
generation, regional power supply and diversified use of
waste heat of power generation and realize the integrated
automatic control of gas, electricity, steam, heating and
cooling supply. Overall planning and design of energy
supply system project is shown in Fig.6.
3.1.2 Investment assessment

According to the above overall planning and design
programmes and current market prices of related equipments, the initial investment budget was made as follows:
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to meet the requirement of 6,000 KW electricity, seven

1,000 KW generating units should be purchased (one in

FIGURE 6 - Overall planning and design of energy supply system project

TABLE 1 - Cost breakdown of distributed biomass CHP supply system engineering in Heping Community
Investment
budget classification

Unit price
(yuan)

Quantity

BMF production equipment
gas generator
BMF gasification system
Gas storage cabinets
UR biogas production system
Steam boiler
Hot water boiler
Heat refrigerator
Automatic control system

200000
2200000
1000000
200000
1200000
750000
700000
1700000

3
7
3
2
1
3
3
1

Pipeline, materials
housing and infrastructure construction and machinery
Unforeseen expenses

Main technical
performance
indicators
2t/h
400V, 50HZ, 1000KW
3000 m3/h
5000 m3
4000 m3/d
10 t/h, 1.25 MPa
7 Mw, 95℃, 70℃
1.5 million Kcal
Optimal control of CHP supply
pipe materials for steam, heating gas and
fuel gas, civil engineering materials

Total price
(yuan)
600,000
15,400,000
3,000,000
400,000
1,200,000
2,250,000
2,100,000
1,000,000
4,000,000
5,000,000
2,000,000
2,000,000
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Total

38,950,000

reserve), the cost is about 15.4 million yuan (RMB); the
cost of three sets of 2t/h micron fuel production equipment is about 600,000 yuan; the cost of three sets of
3000 m3 / h BMF gasification system (one in reserve ) is
about 2.1 million yuan; the cost of the gas storage cabinets
is about 400,000 yuan; the cost of a 10,000 m3 under
ground river biogas digester is about 1.2 million yuan; the
cost of a steam boiler is about 2.25 million yuan; the cost
of a hot water boiler is about 2.1 million yuan; the cost of
a waste heat refrigerator is about 1.7 million; the cost of
energy transmission pipeline materials for steam, heating
gas and fuel gas is about 5 million yuan; the cost of the
central control system is about 4 million yuan; the cost of
housing and infrastructure construction (such as road) and
machinery is about 2 million yuan; in addition, other unforeseen costs in project management and construction
process are about 2 million yuan. The total investment of
this project is about 38.95 million yuan (Table 1).
3.2. Benefit analysis
3.2.1 Economic benefits from the Project

According to the planning and design programme, the
power rating of biomass energy system is 6000 KW, the
total income of power generation per year is 26.28 million
yuan (6000 kw×0.5yuan/ kwh×24×365h); the steam output from waste heat of power generation is 30t/h
(1.0MPa), the income of steam is 21.024 million yuan
(30t/h×80 yuan/t×24×365 h); at the same time, waste heat
can provide thermol energy for a 6t/h boiler to provide
heating for 30000 m2 house, the income is 0.45 million yuan

(30000 m2×15 yuan/m2); waste heat also can provide
cooling for 20000 m2 classroom of Heping Primary school,
the income is one million yuan (20000 m2×50 yuan/m2);
such system can provide fuel gas for 1000 families, the
total income is 383 thousand yuan (1.5m3×0.7yuan/m 3×
365×1000). Then, the total income is 49.137 million yuan.
As the regional energy demand is uneven, the system can
be run averagely according to 80% of the design capability, the actual income is 39.3096 million yuan per year
(Table 2).
The cost of BMF production is 300 yuan/t, the annual
cost is 15.768 million yuan (300 yuan/t×6 t×24×365); the
annual salary is 0.9 million yuan (60 person×15000 yuan/
person); equipment depreciation is 1.9475 million yuan
per year (calculated at 20 years); Power Consumption is
about 0.3 million yuan; Material consumption is about
0.3 million yuan; Equipment maintenance is about 80000
yuan; Tax is 1.9655 million yuan (39.3096 million yuan×
5%); unforeseen expenses is about 0.3 million yuan; site use
fees is about 75000 yuan; the total cost is 21.636 million
yuan per year (Table 3).
According to expenditure and revenue, the total profit
is 17,673,700 yuan/year. It is estimated that the project investment of 38,950,000 yuan can be recovered within
3 years. As can bee seen from the above calculation, the
implementation of the distributed CHP energy system in
Zhoucun Community has very considerable economic
benefits.

TABLE 2 - Annual income table
Income listing

Unit price

Quantity

Electricity generation
Steam
Household heating
Classroom cooling
Cooking gas
Total
80%

0.5yuan/kwh
80yuan/ton
15yuan/m2
50yuan/m2
0.7yuan /m3

6000×24×365 kwh
30×24×365 ton
30000 m2
20000 m2
1.5×365×1000m3

Total income
(yuan/year)
26,280,000
21,024,000
450,000
1,000,000
383,000
49,137,000
39,309,600

TABLE 3 - Annual cost table
Expenditure listing

Unit price

Quantity

BMF production
Salary
Equipment depreciation
Power Consumption
Material consumption
Equipment maintenance
Tax
Site use fees

300yuan/t
15,000yuan/person/y
38,950,000yuan /20y

6 t/h×24h×365
60 person

39,309,600×5%
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Total expenditure
(yuan/year)
15,768,000
900,000
1,947,500
300,000
300,000
80,000
1,965,500
75,000
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Unforeseen expenses
Total
3.2.2 Social and environmental benefits

300,000
21,636,000
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REMOVAL OF ANTIMONATE IONS FROM AQUEOUS SOLUTION
USING COPPER–ALUMINUM LAYERED DOUBLE HYDROXIDE
Tomohito Kameda*, Mami Nakamura and Toshiaki Yoshioka
Graduate School of Environmental Studies, Tohoku University, 6−6−07 Aoba, Aramaki, Aoba−ku, Sendai 980-8579, Japan

ABSTRACT
Copper–aluminum layered double hydroxide intercalated with NO3− (NO3•Cu–Al LDH) removed Sb(OH)6−
[Sb(V)] in solution. The removal of antimony (Sb) increased with increasing NO3•Cu–Al LDH, regardless of
reaction time. The pH increased from 4 to about 6, and
then remained constant due to the buffering action of
Cu2+. The removal of Sb by NO3•Cu–Al LDH occurred
due to anion exchange between Sb(V) (i.e., Sb(OH)6− in
aqueous solution) and NO3− in the interlayer of Cu–Al
LDH. Some Sb(OH)6− was likely adsorbed on the surface
of NO3•Cu–Al LDH. Conditions were difficult for intercalated OH− to contribute to anion exchange with
Sb(OH)6−. The removal efficiency of Sb decreased as
follows: NO3•Cu–Al LDH > Cl•Cu–Al LDH > CO3•Cu–
Al LDH > SO4•Cu–Al LDH, regardless of reaction time.
CO3•Cu–Al LDH acted as an adsorbent for Sb(V) in
aqueous solution. This reaction occurred around pH 6
when CO32− in the interlayer of Cu–Al LDH reacted with
H+ to produce HCO3−. Therefore, HCO3− in the interlayer
of Cu–Al LDH was exchanged with Sb(V) in aqueous
solution. Among four types of Cu–Al LDHs, NO3•Cu−Al
LDH was superior for the treatment of Sb(V).

KEYWORDS: Copper–aluminum layered
antimonate; removal; anion exchange

double hydroxide;

1. INTRODUCTION
Antimony (Sb) is an unwanted constituent in most
ores and concentrates processed in the nonferrous metallurgical industry, and various types of Sb-bearing intermediate products and process wastes must be treated in an
environmentally acceptable manner. Co-precipitation with
Fe(III) species has been studied as a method to eliminate
Sb from process liquors and effluents [1, 2]. Kang et al. [3]
* Corresponding author

examined the use of coagulation by polyaluminum chloride and ferric chloride for Sb removal, whereas Biswas et
al. [4] examined the removal and recovery of Sb using
metal-loaded saponified orange waste. We examined a
new treatment method for Sb in aqueous solution using
layered double hydroxides (LDHs).
LDHs have anion-exchange capabilities, and are represented by formula [M2+1–xM3+x(OH)2](An–)x/n·mH2O,
where M2+ can be Mg2+, Ni2+, Zn2+, and other doublycharged metal cations, M3+ can be Al3+, Fe3+, and other
triply-charged metal cations, An− can be CO32–, Cl–, and
other negatively charged species, and x is the M3+/(M2+ +
M3+) molar ratio (0.20 ≦ x ≦ 0.33) [5]. LDHs consist of
a stack of M3+-bearing brucite-like octahedral layers in
which a positively charged layer, due to the replacement
of some M2+ ions with M3+ ions, is electrically neutralized
by interlayer anions. The interlayer space is occupied by
water molecules in the hydration shell of the intercalated
anions. Several studies have examined the use of LDHs
and calcined LDHs for the preservation of aqueous environments. We previously reported on the treatment of
hydrochloric acid, fluoride, borate, and tetrafluoroborate
ions in aqueous solutions using Mg–Al oxide [6–11].
LDHs and calcined LDHs can take up oxometalates, such
as SeO32–, SeO42−, AsO33−, AsO43−, TcO4− and ReO4−, in
aqueous solution [12–18]. LDHs, when acting as a hydroxide, also act as a precipitation reagent for heavy metal
ions, such as Cu2+, Pb2+ and Zn2+, in wastewater via hydroxide formation [19]. Recently, we examined the uptake of Sc3+ and La3+ from aqueous solution using ethylenediaminetetraacetate-intercalated Cu–Al LDH [20].
This reaction was performed in aqueous solution at a pH
of 6–6.5. Unlike Mg–Al LDH, the use of Cu–Al LDH for
wastewater treatment does not increase the pH, thus eliminating the need for additional pH control after
wastewater treatment.
In this study, we examined the removal of Sb(V) in
aqueous solution by Cu–Al LDH. We investigated the
anion exchange between Sb(V) (Sb(OH)6−) and an intercalated anion, such as NO3−, Cl−, SO42− or CO32−, in the
interlayer of Cu–Al LDH. We evaluated the effects of
Cu–Al LDH quantity, Cu/Al molar ratio, and intercalated
anions on Sb(V) removal.
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2. MATERIALS AND METHODS
2.1. Preparations of Cu–Al LDHs

NO3•Cu–Al LDHs [theoretical formula: Cu1−xAlx(OH)2
(NO3)x] were prepared via co-precipitation according to the
following method. Mixed solutions (250 ml of 0.5 mol/L)
of Cu(NO3)2 and Al(NO3)3 with initial Cu/Al molar ratios
of 2.0, 3.0, and 4.0 were added to 250 ml of deionized
water while stirring at 30 °C. NaOH (0.5 M) was added to
maintain a pH of 8, and the mixture was stirred continuously at 30 °C for 1 h. The NO3•Cu–Al LDHs were isolated
by filtering, washing thoroughly with deionized water,
and drying the resulting suspensions under reduced
pressure (133 Pa) at 40 °C for 40 h. Nitrogen gas was
bubbled into the solution throughout the operation to
minimize effects of dissolved CO2. CO3•Cu–Al LDH
[theoretical formula: Cu0.8Al0.2(OH)2(CO3)0.1] was prepared by adding mixed solutions of Cu(NO 3 ) 2 and
Al(NO3)3 with an initial Cu/Al molar ratio of 4.0 to a
Na2CO3 solution with 2.0 times the stoichiometric quantity at a constant pH of 10.5. SO 4 •Cu–Al LDH [theoretical formula: Cu0.8Al0.2(OH)2(SO4)0.1] was prepared by
adding mixed solutions of CuSO4 and Al2(SO4)3 with initial
Cu/Al molar ratio of 4.0 to a Na2SO4 solution with 2-fold
stoichiometric quantity at a constant pH of 8.0. Cl•Cu–Al
LDH [theoretical formula: Cu0.8Al0.2(OH)2(Cl)0.2] was prepared by adding mixed solutions of CuCl2 and AlCl3 with
an initial Cu/Al molar ratio of 4.0 to a NaCl solution with
2.0 times the stoichiometric quantity at a constant pH of
8.0.

in HNO3 and analyzed for Cu2+ and Al3+ by inductively
coupled plasma-atomic emission spectrometry (ICP-AES).
They were also dissolved in HCl and HNO3, and analyzed
for NO3−, SO42−, and Cl− using ion chromatography.
For adsorption experiments, the concentrations of residual Sb in the filtrates were determined by ICP-AES,
the concentrations of NO3− released in the filtrates were
determined by ion chromatography, and the products obtained from the Sb(V) suspensions were analyzed by XRD.
3. RESULTS AND DISCUSSION
Table 1 lists the chemical compositions of NO3•Cu–
Al LDHs prepared at initial Cu/Al molar ratios of 2.0–4.0.
The Cu/Al molar ratios were close to the initial ones. The
actual NO3/Al molar ratios were less than the theoretical
value of 1.0 predicted from the theoretical formula of
NO3•Cu–Al LDH. We assumed that the actual contents of
NO3– in the samples were governed by the electric charge
balance of Cu–Al LDH, suggesting that NO3– was intercalated in the interlayer spaces.
TABLE 1 - Chemical compositions of NO3•Cu−Al LDHs prepared
at initial Cu/Al molar ratios of 2.0–4.0.

2.2. Removal of Sb(V) in aqueous solution

An aqueous Sb(V) solution containing Sb(OH)6−
[Sb(V)] was prepared by shaking Sb2O5 [Sb(V)] in deionized water at 50 °C for 72 h. Cu–Al LDHs were added to
500 ml of a 25 mg/L Sb(V) solution, and the resultant suspension was kept at 30 °C for 120 min while stirring. N2
was bubbled into the solution throughout the procedure.
The Cu–Al LDH quantity was 0.5–3 times the stoichiometric amount indicated by Eq. (1):
Cu1−xAlx(OH)2(An)x/n + xSb(OH)6−
= Cu1−xAlx(OH)2[Sb(OH)6]x + x/nAn− (An−: n-valent anion) (1)
The stoichiometric amount can be expressed by the
molar ratio of Al in the Cu–Al LDH to Sb in the Sb(V)
solution, i.e., the Al/Sb molar ratio. That is, Cu–Al LDH
was prepared at Al/Sb molar ratios of 0.5–3. Samples of
the suspension were withdrawn at different times and
immediately filtered through a 0.45-µm membrane filter
after measuring the pH.	
  The filtrates were analyzed for
residual Sb and released NO3−, and Cu(OH)2 was used as
a reference material to investigate their adsorption capacities for Sb(V).
2.3 Characterization methods

Cu–Al LDHs were analyzed by X-ray diffraction
(XRD) using CuKα radiation. The LDHs were dissolved

FIGURE 1 - XRD patterns of NO3•Cu–Al LDHs prepared at initial
Cu/Al molar ratios of (a) 2.0, (b) 3.0, and (c) 4.0.

Figure 1 shows the XRD patterns of NO3•Cu–Al
LDHs prepared at initial Cu/Al molar ratios of 2.0–4.0.
The XRD peaks for NO3•Cu–Al LDHs were attributable
to copper–aluminum carbonate hydroxide hydrate (JCPDS
card 37-630), Cu6Al2(OH)16CO3•4H2O, with the structure
of a LDH. Generally, LDH XRD peaks are indexed based
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on a hexagonal unit cell with basal spacing equivalent to
1/nth of the c parameter, where n is the number of repeat
layers in the unit cell [21]. The basal spacing results for
Al-bearing brucite-like octahedral layers and interlayer
spacing were affected by the size and orientation of the
intercalated anions. The observed basal spacings, d003, were
8.9 Å with a LDH host layer approximately 4.8 Å thick,
and interlayer spacings of 4.1 Å. These results indicate that
NO3– was intercalated in the interlayers of Cu–Al LDHs.
Figure 2 shows the effect of NO3•Cu–Al LDH quantity on Sb removal during suspension of NO3•Cu–Al LDH
(initial Cu/Al = 4.0) in Sb(V) solution. Cu(OH)2 was used
as a reference material, and the amount of Cu(OH)2 was
equal to that of NO3•Cu−Al LDH at Al/Sb = 3. For
NO3•Cu–Al LDHs, Sb removal increased with time at all
Al/Sb molar ratios, and was greater than 98% within 60
min at Al/Sb = 3. In contrast, Sb removal was 34% within
120 min for Cu(OH)2, which indicates that NO3•Cu–Al
LDH is superior to Cu(OH)2 for Sb removal. Sb removal
increased with increasing Al/Sb molar ratio (i.e., increasing NO3•Cu–Al LDH quantity), regardless of time. A
large amount of NO3•Cu−Al LDH was required for high
Sb removal.

[Fig. 1(c)], they were ascribed to copper–aluminum carbonate hydroxide hydrate (JCPDS card 37-630),
Cu6Al2(OH)16CO3•4H2O. This suggests that the products
had a LDH structure, and that Sb removal by NO3•Cu–Al
LDH was caused by anion exchange between Sb(V) (i.e.,
Sb(OH)6− in aqueous solution) and NO3− in the interlayer
of Cu–Al LDH, as indicated by Eq. (1). Sb removal by
Cu(OH)2, however, was probably due to the adsorption of
Sb(OH)6− on the surface of Cu(OH)2. Because Cu–Al
LDH has the basic structure of Cu(OH)2, some Sb(OH)6−
was probably adsorbed on the surface of NO3•Cu–Al
LDH.

FIGURE 3 - Variation in pH with time during suspension of NO3•Cu–
Al LDH (initial Cu/Al = 4.0) in Sb(V) solution. *Al/Sb is the molar
ratio of Al in NO3•Cu–Al LDH to Sb in solution. **The amount of
Cu(OH)2 was equal to that of NO3•Cu–Al LDH at Al/Sb = 3.

FIGURE 2 - Effect of NO3•Cu–Al LDH quantity on Sb removal
during suspension of NO3•Cu–Al LDH (initial Cu/Al = 4.0) in Sb(V)
solution. *Al/Sb is the molar ratio of Al in NO3•Cu–Al LDH to Sb in
solution. **The amount of Cu(OH)2 was equal to that of NO3•Cu–Al
LDH at Al/Sb = 3.

Figure 3 shows variations in pH with time during suspension of NO3•Cu−Al LDH (initial Cu/Al = 4.0) in Sb(V)
solution. At all Al/Sb molar ratios, pH increased from 4 to
~6, and then remained constant. Similarly, the pH of
Cu(OH)2 was ~6 over 10 min. When Mg–Al oxide, obtained by calcination of CO3•Mg−Al LDH, took up Sb(V)
from aqueous solution, the pH after the reaction was ~10
[22]. Note that the treatment of Sb(V) with Cu–Al LDH did
not increase pH due to the buffering action of Cu2+.
Figure 4 shows XRD patterns for products obtained
from the suspension of NO3•Cu−Al LDH (initial Cu/Al =
4.0) in Sb(V) solution at Al/Sb molar ratios of 1–3 after
120 min. Although the XRD patterns of the products were
much broader than those of the original NO3•Cu–Al LDH

FIGURE 4 - XRD patterns of products obtained from the suspension of NO3•Cu–Al LDH (initial Cu/Al = 4.0) in Sb(V) solution at
Al/Sb molar ratios of (a) 1, (b) 2, and (c) 3 after 120 min.

Figure 5 shows the effect of initial Cu/Al molar ratio
on Sb removal during suspension of NO3•Cu–Al LDH in
Sb(V) solution at an Al/Sb molar ratio of 3. At all initial
Cu/Al molar ratios, Sb removal increased with time. The
removal of Sb was greater than 98% within 60 min at
initial Cu/Al molar ratios of 3.0 and 4.0. However, Sb
removal was ~80% within 120 min at an initial Cu/Al
molar ratio of 2.0. As shown in Table 1, actual NO3/Al
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molar ratios were less than the theoretical value of 1.0,
indicating that the remaining positive charge of the Cu–Al
LDH host layer was compensated by OH−. The NO3/Al
molar ratio was 0.4 at an initial Cu/Al molar ratio of 2.0
and was 0.7 at initial Cu/Al molar ratios of 3.0 and 4.0.
This suggests that the amount of OH− was larger than that
of NO3− in the interlayer of Cu−Al LDH at an initial
Cu/Al molar ratio of 2.0. The smaller amount of NO3−,
which contributed to anion exchange with Sb(OH)6−, led
to Sb removal at an initial Cu/Al molar ratio of 2.0 and
was smaller than that at initial Cu/Al molar ratios of 3.0
and 4.0 (Fig. 5). Because the charge density of OH− was
larger than that of NO3−, OH− had a stronger interaction
with the Cu−Al LDH host layer. Therefore, it was difficult
for OH− to contribute to anion exchange with Sb(OH)6−.

LDH, and Cl•Cu–Al LDH were compared to that of
NO3•Cu–Al LDH (initial Cu/Al = 4.0) in aqueous solution.

FIGURE 6 - Effect of initial Cu/Al molar ratio on the Sbremov−
al/NO3 release molar ratio during suspension of NO3•Cu–Al LDH in
Sb(V) solution at an Al/Sb molar ratio of 3.

TABLE 2 - Chemical compositions of Cu–Al LDHs intercalated
with various anions.

FIGURE 5 - Effect of initial Cu/Al molar ratio on Sb removal during suspension of NO3•Cu–Al LDH in Sb(V) solution at an Al/Sb
molar ratio of 3.

Figure 6 shows the effect of initial Cu/Al molar ratio
on the Sbremoval/NO3−release molar ratio during suspension of
NO3•Cu–Al LDH in Sb(V) solution at an Al/Sb molar
ratio of 3. In this case, the Sbremoval/NO3−release molar ratio
refers to that of the amount of Sb removed from the Sb(V)
solution to the amount of NO3− released into the solution.
For initial Cu/Al molar ratios of 3.0 and 4.0, the Sbremov−
al/NO3 release molar ratio reached ~0.3 and 0.4 after 10 min,
and then remained constant. With an initial Cu/Al molar
ratio of 2.0, the Sbremoval/NO3−release molar ratio increased
gradually with time and reached ~0.5 after 120 min. These results confirm that Sb removal was caused by the
release of NO3− from the interlayer of NO3•Cu–Al LDH
[i.e., anion exchange between Sb(V) and NO3− in the
interlayer of Cu–Al LDH], as indicated by Eq. (1). Sbre−
moval/NO3 release molar ratios were less than 1.0, suggesting
−
that NO3 in the interlayer of Cu–Al LDH was also exchanged with OH− in aqueous solution.
Table 2 shows the chemical compositions of Cu–Al
LDHs intercalated with various anions. The Cu/Al molar
ratios of the Cu–Al LDHs were close to the expected value
of 4.0. The Cu–Al LDHs contained SO42− and Cl−. Sb
removal efficiencies by CO 3•Cu–Al LDH, SO 4•Cu–Al

Figure 7 shows the effect of intercalated anions on Sb
removal during suspension of Cu–Al LDHs in Sb(V)
solution at an Al/Sb molar ratio of 3. With all Cu–Al
LDHs, Sb removal increased with time. Sb removal efficiency decreased as follows: NO3•Cu–Al LDH > Cl•Cu–
Al LDH > CO3•Cu–Al LDH > SO4•Cu–Al LDH, regardless of time. Anion charge density decreased as CO32− >
SO42− > Cl− > NO3−. Generally, anions in solution are
readily exchanged with intercalated anions of lower
charge density. Therefore, NO3− and Cl− in the interlayer
of Cu–Al LDH were exchanged with large amounts of
Sb(V) in aqueous solution. In contrast, SO42− in the interlayer of Cu–Al LDH was exchanged with a small amount
of Sb(V) in aqueous solution. Sb removal was 56% after
120 min for CO3•Cu–Al LDH. Typically, it is difficult for
CO32−, with the highest charge density, to exchange with
anions in aqueous solution. However, this reaction occurred at a pH of ~6. In this case, CO32− in the interlayer
of Cu–Al LDH probably reacted with H+, producing
HCO3−. Thus, HCO3− in the interlayer of Cu–Al LDH was
exchanged with Sb(V) in aqueous solution. CO3•Cu–Al
LDH acted as an adsorbent for Sb(V) in aqueous solution.
However, among four types of Cu–Al LDHs, NO3•Cu–Al
LDH was superior for the treatment of Sb(V).
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exchange between Sb(V) [i.e., Sb(OH)6− in aqueous solution] and NO3− in the interlayer of Cu–Al LDH. Some
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of Sb decreased as follows: NO3•Cu–Al LDH > Cl•Cu–Al
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of time. Sb removal was 56% after 120 min for CO3•Cu–
Al LDH. Generally, it is difficult for CO32−, with the
highest charge density, to exchange with anions in aqueous solution. However, this reaction occurred at a pH of
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interlayer of Cu–Al LDH was exchanged with Sb(V) in
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STUDY ON THE PHOTODEGRADATION OF FIPRONIL IN
AQUEOUS SOLUTION UNDER HIGH INTENSITY UV LIGHT
Yanling Qiu, Meng Xu, Zhiliang Zhu * and Jianfu Zhao
Key Laboratory of Yangtze River Water Environment, Ministry of Education,
College of Environmental Science and Engineering, Tongji University, Shanghai 200092, China

ABSTRACT
This work was designed to investigate the photolysis
behavior of Fipronil in aqueous solution under highintensity UV light. The results showed that Fipronil was
photodegraded rapidly, and its primary product was
Fipronil-desulfinyl being unstable under the conditions of
this study. The photodegradation could be described by the
pseudo-first order reaction kinetics equation. The correlation coefficient r2 and the observed pseudo-first order rate
constant were 0.923 and 0.0205 s-1, respectively. In the
presence of humic acid or hydrogen peroxide, the rate of
photodegradation was increased, indicating that both were
photosensitizers for the photodegradation of Fipronil. The
photodegradation pathway was also discussed.

tion process under a xenon lamp corresponded to a desulfinylation and an oxidation. Nigm [10] elucidated two Fipronil photodegradation pathways. Raveton’s study [11]
demonstrated that Fipronil was converted into Fipronildesulfinyl under sunlight or low-intensity UV lamp, and a
large of minor photoproducts were also observed.
O
F3 C
H2 N

CN

S

N
N

Cl

Cl

CF3

KEYWORDS:
Fipronil; photodegradation; humic acid; hydrogen peroxide

Fipronil
FIGURE 1 - Chemical structure of Fipronil.

1. INTRODUCTION
Fipronil (5-amino-3-cyano-1-[2,6-dichloro-4-(trifluoromethyl)phenyl]-4-[(trifluoromethyl)sulfinyl]pyrazole)
(Fig. 1) is a broad-spectrum phenylpyrazole insecticide,
developed by Rhône-Poulenc Agro in 1987, and registered in the United Stated in 1996 [1]. Fipronil has been
demonstrated to block GABA-gated chloride channel and
interfere with the central nervous system of insects [2].
Therefore, it can be used to control a wide range of insects, such as mosquito, locust, fleas, termites and click
beetles [3-5]. In China, Fipronil was once promoted in several provinces as one of 15 promising alternative pesticides [6]. However, considering high toxicity and slow
degradation, most pesticides which contain Fipronil have
been forbidden since October 1, 2009 [7].
Previous studies [8, 9] have shown that Fipronil degradation in aqueous solution under natural conditions is
mainly photolysis and hydrolysis, and photolysis is greater
than hydrolysis. Bobé [8] observed that the photodegrada* Corresponding author

This study was carried out to better understand the
photolysis behavior of Fipronil under high-intensity UV
light. The photodegradation of Fipronil as well as its products in aqueous solution under the radiation of a highvoltage mercury lamp were investigated. As a main constitute in natural water, the effects of humic acid to the photodegradation of Fipronil were studied. The influence of
hydrogen peroxide, which is usually used as a photosensitizer to promote the artificial degradation of many organics, was also verified.
2. MATERIALS AND METHODS
2.1 Chemicals

Fipronil (97.5% purity), Fipronil-desulfinyl (100% purity) were purchased from Dr. Ehrenstorfer GmbH. Acetonitrile and n-hexane were of chromatographic grade,
purchased from CNW Technologies GmbH. Humic acid
was purchased from Shanghai Chemical Reagent Co., Ltd.
Runjie, hydrogen peroxide from Sinopharm Chemical
Reagent Co., Ltd., and water from Watson.
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2.2 Reactor

The photochemical reactor (Fig. 2) was fitted with a
high-voltage mercury lamp (500 W) in the central part, a
quartz cold trap surrounding the lamp, a Pyrex-glass reaction well (500 ml), and a regulated voltage supply.

tures were set at 250 and 300 °C, respectively. Nitrogen
was used as carrier gas with a flow-rate of 1.0 ml/min.
3. RESULTS AND DISCUSSION
3.1 Photodegradation of Fipronil

The exposure of Fipronil to a high-voltage mercury
lamp led to its degradation. A high rate of photodegradation was observed during the first 60 s, and then, the rate
slowed down (Fig. 3). After 220 s, no Fipronil could be
detected in aqueous solution. Representation of the rate of
photodegradation over time can be given by the pseudofirst order reaction kinetic model.

Outlet

Ct = C0e-kt → ln(C0/ Ct) = kt
where, C0 = initial concentration of Fipronil (µg/L),
Ct = concentration of Fipronil (µg/L), t = time (s), and k =
Fipronil photodegradation rate constant (s-1). The curve of
natural logarithm of the ratio of C0 to Ct (ln(C0/ Ct)) versus time was linear (Fig. 4), with the correlation coefficient
r2 of 0.923, and the observed rate constant of 0.0205 s-1.

2.3 Experiments
2.3.1 Fipronil photolysis study

A stock solution of 50 mg/L Fipronil was prepared by
dissolving 5 mg of Fipronil in 100 ml of acetonitrile. The
working solution of 2 mg/L Fipronil was prepared by diluting 50 mg/L Fipronil with water.
A 500-ml aliquot of Fipronil (2 mg/L) was placed in
the reactor and magnetically stirred continuously. After
reaching stable intensity, the high-voltage mercury lamp
was put into the reactor. Then, a volume of 4 ml was collected at a regular time interval of 10 s until 480 s.
A 2-ml volume of n-hexane was added to each sample to extract Fipronil from the water phase. After centrifugal separation, the organic phase was detected by GCECD analysis.

Fipronil
Fipronil-desulfinyl

2000
1000

Concentration(µg/L)

FIGURE 2 - Photochemical reactor

2.3.2 Effect of humic acid on Fipronil photolysis

500

0

A certain amount of humic acid was added to the
working solution of 2 mg/L Fipronil, with the final concentration of 5 mg/L. Then, a 500-ml aliquot of the solution was placed in the reactor. Other steps were the same
as described in 2.3.1.

0
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Time(s)

FIGURE 3 - Concentrations of Fipronil and its metabolites at different times.

2.3.3 Effect of H2O2 on Fipronil photolysis

6

A certain amount of hydrogen peroxide was added to
the working solution of 2 mg/L Fipronil, with the final concentration of 5 mg/L. Then, a 500-ml aliquot was placed in
the reactor. Other steps: see 2.3.1.

5

ln(Co/Ct)

y = 0.0205x + 1.0738

2.4 Analysis

Determinations of Fipronil and its degradation products were carried out on a Gas Chromatograph (Trace GC
2000), equipped with a 63Ni electron capture detector (ECD)
and a capillary column DB-5 (Agilent J&W, 30m × 0.25mm
× 0.25µm). The oven temperature was held at 150 °C
for 2 min, then increased to 280 °C at a rate of 15 °C/min
and held for another 5 min. Injector and detector tempera-
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R = 0.9232

4
3
2
1
0
0

20

40

60

80

100

120

140

160

180

200

220

Time(s)

FIGURE 4 - First-order reaction kinetics equation of Fipronil
degradation.
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The primary photodegradation product of Fipronil
was identified to be fipronil-desulfinyl, and its concentration increased firstly but then decreased (Fig. 3). After
480 s, Fipronil-Desulfinyl could not be detected, indicating it was completely photodegraded under high-intensity
UV lamp. The result disagrees with Raveton’s study [11]
which suggested fipronil-desulfinyl was stable under sunlight or low-intensity UV light with a degradation of only
about 1.4%. However, both studies indicate that light intensity is one of the important factors that influence the stability of fipronil-desulfinyl.
3.2 Effect of humic acid on Fipronil photolysis

There is a large amount of humic acid in natural water
sources. Previous studies have shown that humic acid has
different effects on the photodegradation of different pesticides. Some are photosensitization, while the others show
quenching effects [12, 13]. Taking account of this information, the influences of humic acid on Fipronil photodegradation rate and photoproducts were investigated.

Fipronil
Fipronil-desulfinyl

2000

Concentration(µg/L)

1000

photolysis. This phenomenon may be explained as follows:
under UV irradiation, humic acid would produce reactive
oxygen intermediates like singlet oxygen and hydroxyl
radicals [14, 15]. These reactive oxygen intermediates could
act on fipronil to promote its degradation.
3.3 Effect of H2O2 on Fipronil photolysis

Previous studies [16, 17] have shown that hydrogen
peroxide has sensitization effects on most pesticide photolysis, such as carbofuran and chlorothalonil. Therefore, the
influence of hydrogen peroxide on fipronil photodegradation was also investigated in this study.
As shown in Fig. 6, Fipronil was photodegraded completely within 90 s (observed rate constant 0.0501 s-1) when
hydrogen peroxide was present in the reaction mixture. The
rate of photodegradation increased with an order of fipronil
< fipronil + humic acid < fipronil + hydrogen peroxide,
indicating the effect of hydrogen peroxide was more significant than that of humic acid (Table 1). The photoproduct, fipronil-desulfinyl, degraded quickly and could not be
detected after 260 s. The results indicated that hydrogen
peroxide was a good photosensitizer for the photodegradation of fipronil. The results may be explained as follows: hydrogen peroxide was stimulated by UV light to
generate hydroxyl radicals. Hydroxyl radicals could act
on the aromatic ring to promote the decomposition of
organic matter [18].

500

Fipronil
Fipronil-desulfinyl

2000

0
0

40

80

120 160 200 240 280 320 360 400 440 480

Time(s)

FIGURE 5 - Concentrations of Fipronil and its metabolites at different times in the presence of humic acid (5 mg/L).

The results (Fig. 5) showed that in the presence of humic acid, the rate of photodegradation of fipronil in aqueous solution was slightly increased (observed rate constant
0.0244 s-1). After 200 s, fipronil could not be detected. The
primary photoproduct was still fipronil-desulfinyl, which
was completely degraded within 420 s. The results indicated humic acid had photosensitive effects on fipronil
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FIGURE 6 - Concentrations of Fipronil and its metabolites at different times in the presence of hydrogen peroxide (5 mg/L).

TABLE 1 - Data of Fipronil photodegradation under different conditions.
Substances in
aqueous solution

Undetected Time of Fipronil
(s)

Undetected Time of
Fipronil-desulfinyl (s)

First Order Reaction Kinetics
Equation

Observed Rate
Constant (s-1)

Fipronil (2 mg/L)

220

480

y=0.0205x + 1.0738

0.0205

200

420

y=0.0244x + 1.1495

0.0244

90

260

y=0.0501x + 1.0863

0.0501

Fipronil (2mg/L) +
humic acid (5 mg/L)
Fipronil (2mg/L)+
hydrogen peroxide (5 mg/L)
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FIGURE 7 - Suggested pathway of Fipronil photodegradation.

3.4 Photodegradation pathway of Fipronil

The results presented above suggest that the photodegradation pathway of fipronil under this study’s conditions may be as follows: Fipronil was firstly photodegraded
into fipronil-desulfinyl, and fipronil-desulfinyl was
further photodegraded thereafter. By comparing and referring to other researchers’ studies [10, 11], we inferred
that fipronil-desulfinyl might be degraded into aniline
derivatives or other substances in our experiment. A possible photodegradation pathway is presented in Fig. 7.
However, it needs to identify all the photoproducts in
order to reveal the detailed pathways.

[3]

Gaulliard, J.M. (1996). Le fipronil, insecticide à large spectre
(Fipronil, a broad-spectrum insecticide). Phytoma., 488, 59-61.

[4]

Schlenk D., Huggett D.B., Allgood J., Bennett E., Rimoldi J.,
Beeler A.B., Block D., Holder A.W., Hovinga R. and Bedient
P. (2001). Toxicity of fipronil and its degradation products
to Procambarus sp.: field and laboratory studies. Arch. Environ. Contam. Txicol. 2001, 41, 325-332.
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4. CONCLUSION
Under the high-intensity UV lamp irradiation conditions, the photodegradation of Fipronil was rapid and followed the first-order reaction kinetics. The primary photodegradation product was fipronil-desulfinyl, which would
be further degraded under the same conditions. Both humic acid and hydrogen peroxide have photosensitization
effects on the photodegradation of fipronil, but the effect
of hydrogen peroxide was more significant. More studies
need to be done to reveal the detailed pathway of Fipronil
photodegradation.
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ABSTRACT
Rapid industrial and commercial expansion in recent
years has created the need for more land. One of the options to create more land is to reclaim ex-mining land. Exmining land contains numerous mined out lakes and ponds.
Numerous methods are available to fill these lakes and
ponds. The ex-mining land consists of a variety of materials, such as sand, clay, slime and organic peat. A new landfill method, which is economically competitive, technologically feasible and will not contribute to any environmental
problems, was developed. It is based on flocculation of
slurry slime with Natural Organic Polymer (NOP) or Poly
Vinyl Acetate (PVC), mixed with residual soil and usage
of the flocculated slurry slime as part of the fill material.
The physical and geotechnical properties of the flocculated slurry were assessed by laboratory tests, including pH
and Eh measurements, acid neutralization capacity determination, hydraulic conductivity and comparison and
cost analysis with conventional fill materials, such as sands.
The flocculated slurry slime was slightly alkaline, with
pH 8.4, Eh value of 171 mV, negligible ANC, and hydraulic conductivity of 8x10 –5 - 7x10–4 m/s. It was also
found that the material is unlikely to cause significant
change in redox conditions of the subsurface environment
over a long-term period. The proposed method is more
feasible as compared to other methods in comparison and
cost analysis. In general, the flocculated slurry slime is suitable to be used as a fill material for land reclamation.

KEYWORDS: mining waste land, construction, fill material, classical methods, flocculated slurry slime

1. INTRODUCTION
During recent years, mine land reclamation and ecological rehabilitation has become the subject of common
concern by countries in the world, and this trend is increasingly widespread. Land-use is a decision to be made
* Corresponding author

by the society. Land-use can be changed – society can
decide to change the land-use on a rehabilitated colliery
from crops to housing or industrial estates, but mines
have an obligation to ensure that no net loss in land capability occurs [1]. This must be the primary objective in
rehabilitating mined land. Where land capability is not
preserved, society is deprived of choice. Degraded lands
can potentially support fewer land-use possibilities – no
crops, for instance. Some argue that agreements with
communities regarding land-use can be made prior to
rehabilitation whereby a lower quality of rehabilitation is
acceptable [2, 3]. This may occur, for example, if the premining land capability is arable, but the community is
satisfied with grazing as post-mining land capability.
Such decisions, even when based on community preferences, do not promote sustainability. Soil formation takes
thousands of years and, by only restoring a fraction of the
original land capability, future generations are deprived of
the choices that are available to this generation [4, 5].
Malaysia is an important country in mining production,
and the exploitation of mineral resources plays a decisive
role in national economy development. Currently, the mining industry is responsible for producing a sizeable proportion of the nation’s merchandise export income, and its
relative importance is continuously increasing. Recent
available data (2000) showed that the mining industry
consisted of 87 mines extracting ores of gold, tin, nickel,
copper, aluminium, manganese, iron and chromium [6, 7].
In addition, there are more than 18 establishments producing non-metallic minerals and construction materials. The
number of mining operations is rapidly increasing as explorations continue to take place, particularly in the Perak,
Penang and Selangor states. How to exploit mineral resources rationally but reduce all sorts of adverse effects
on the human environment in its process, is a major event
in people's livelihood [8].
Due to blooming development and rate of urbanization in Peninsular Malaysia in recent years has created the
need of more land, especially land near to the developed
areas. Many urban areas have expanded to mined-out land
which has numerous mined-out ponds. It has been estimated that urban population will double itself every 10 to
15 years and mined-out lakes and ponds in the way of
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urban expansion will be reclaimed and utilized for the
construction of industrial and industrial parks. There are
numerous land reclamation projects being carried out in
Malaysia to increase the total land area by reclaiming the
ex-mining land. Currently, approximately 15% of the land
area of Malaysia has been reclaimed over the last 35 years.
The total reclaimed land area is increasing each year.
Therefore, the amount of fill materials required also increases tremendously as the reclamation is ongoing, and
the future sites to be reclaimed have to encroach into
deeper sea. A large number of ex-mining lands had been
reclaimed in the last decade for construction purposes.
From time to time, cases have been reported in the press
where houses or factories built over reclaimed ground had
problems involving cracks on the walls, ceilings and floors
[9, 10]. These problems are largely due to differential ground
settlements resulting from consolidation of trapped slime
lenses. This is an ongoing problem and will continue to be
as long as buildings are constructed over improperly reclaimed land.
In Malaysia, the most commonly practised method of
reclaiming mined-out ponds by developers of housing
estates or industrial parks is to lower the water level of the
ponds and emplace fill material from one end of the pond.
But “Lowering of Water Level and Emplacement of Fill
Material Method” does not remove the soft slurry slime at
the bottom of the ponds, and is carried out mostly on an
ad-hoc basis without any prior detailed site investigation
[11, 12]. Two other methods, an improvement over the
earlier mentioned method, are the Displacement Method
and Containment Method [13-15]. In the Displacement
Method, fill material is dumped into the pond, resulting in
slurry slime being pushed to one end of the pond, and
displaced slurry slime is dug up and then carried away by
trucks. In the Containment Method, the soft slurry is removed and underlying slime is contained in the pool
within the pond. A geomembrane is then laid over the
slime and fill material is placed on top. To speed up the
consolidation process, vertical sand drains are installed to
drain the slime beneath the membrane [16, 17]. Currently,
most of the fill materials for land reclamation are sands
sourced from seabed, and the cost of the material is a
significant portion of the total project costs. If the flocculated slurry slime (with Natural Organic Polymer (NOP)
or Poly Vinyl Acetate (PVC) as part of the fill material
could be used as fill material for land reclamation, it would
solve the disposal problem and also reduce the construction
cost of land reclamation projects [18, 19].
Land reclamation is a complex, multidisciplinary and
multi-process engineering system, and its implementation
requires a scientific and rational evaluation and planning.
For the mining industry, the land reclamation works were
carried out earlier and have made great progress, but are
still faced with many problems to be improved in the
actual implementation process [20]. The objectives of this
study were to investigate the suitability of using flocculated slurry slime as a fill material and to assess its potential

environmental impact. The physical, geotechnical and
geochemical properties of the flocculated slurry slime were
examined.
2. MATERIALS AND METHODS
2.1. Description of the site

The study area, Bestari Jaya catchment, is located at
30, 24’ 40.41” N and 1010 24’ 56.23” E, and is part of
District Kuala Selangor in Selangor state. Bestari Jaya has
three towns: Mukim Batang Berjuntai, Mukim Ulu Tinggi,
and Mukim Tanjung Karang. The old name of Bestari
Jaya is Batang Berjuntai. 2007, the name Batang Berjuntai was renamed "Bestari Jaya" due to censorship by the
government, as "Batang Berjuntai" had phallic meanings
in Malay. The Bestari Jaya was an old tin mining area for
over 10 years. The whole catchment covers an area of
2656.31 hectares, located downstream at the embankment
of Kampung Bestari Jaya and University Industry Selangor (UNISEL) main campus (Fig. 1). The catchment water
flows downstream to River Ayer Hitam and River Udang
which ultimately end up with Selangor River at 5 km upstream of Batang Berjunti Water Treatment Plant SSP2, a
major water distributor to federal territory (Kuala Lumpur
and Putrajaya) and Selangor state as well [21].
Bestari Jaya has a tropical and humid climate, with
very little variations in temperature throughout the year
(average temperature 32 °C during day and 23 °C at night).
The annual average rainfall is 2000 mm, and 3000 mm
with potential evaporation of 1600 mm per year. The area
consists of myriad ecosystems which can be subdivided
into several categories, such as degraded land, large open
lakes and small ponds, earth drains and wetlands area, tin
tailings (sand and slime tailings), and logged peat swamp
forest land in the east. The contribution of storm water,
peat swamp forest water and recent sand mining activity
has caused severe environmental pollution due to drainage
problems in the area. The area has a lot of big lakes and
small ponds that are interconnected by earth drains. Excess water from these lakes and ponds is discharged to the
existing earth drains at the downstream of the lakes and
ponds. Flow routing had been carried out by applying the
survey data. Some of the lakes flow across the downstream into open spaces and wetlands that run off into
River Ayer Hitam, meet up River Udang, and ultimately
end up to River Selangor at the Jalan Timur Tambahan
road junction, east of UNISEL (Fig. 1) [22].
The wetland (579.7 ha) is stretched along the northwestern border of the site. Several useful plant species
have been seen in the wetland while several harmful weed
species have been also seen in the study area that cause
blocking of water courses, and water becomes foul due to
large masses of water leaves. This area is sandy in texture,
and it is representative of entire ex-mining area in the
country. The parent materials are riverine alluvium ones,
with pH in range of 3.5-5.5 [21].
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FIGURE 1 – Land-use map of ex-mining catchment, Bestari Jaya

FIGURE 2 - Typical subsoil profile from boreholes at ex-mining land.

2.2. Subsoil conditions before reclamation

Prior to the reclamation work, soil investigation was
carried out to gather subsoil information and engineering

properties. Boreholes and trial pits were made at the site
area so that more continuous visual information on the
subsoil materials can be obtained (Fig. 2) [23]. Soft silty
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clay was found at the mining land as well. The average
thickness was about 5 m, and liquid limit and plastic index of the soft clay were in the ranges of 50-80% and 3545%, respectively. Figure 3 shows the properties of the
soft silty clay. It is underlain by a thick layer of medium
to stiff silty clay and medium dense silty sand layers.
Hard or very dense soil layer could only be encountered at
about 45-55 m below the existing ground level [24, 25].
Granite bedrock was encountered in some boreholes at
depths of 50-65 m. Summary of the subsoil profile is as
shown in Table 1.

2.4. Materials

The slurry slime samples originating from the minedout ponds were collected from Bestari Jaya ex-mining
catchment, flocculated by Natural Organic Polymer (NOP)
or Poly Vinyl Acetate (PVC), and then mixed with residual soil [30]. The raw flocculated slurry had particle sizes
ranging from µm to >1 cm in diameter, and particle shapes
ranged from partially rounded to angular. Polyvinyl acetate, PVA, PVAc, poly (ethenyl ethanoate) is a rubbery
synthetic polymer with the formula (C4H6O2)n. It belongs
to the polyvinyl ester family with the general formula [RCOOCHCH2]-, and is a type of thermoplastics.

IUPAC name poly (1-acetyloxiethylene)
2.5. Characterization of physical and geotechnical properties
of flocculated slurry

FIGURE 3 - Physical properties of the soft clay layer.

TABLE 1 - Typical subsoil profile
Reduced
Level (m)
Above 0 m
0 m to -5 m
-5 m to -50 m
Below-50 m

Soil Description
Heterogeneous mining land
Very soft to soft silty clay
Medium stiff or medium
dense silty clay or silty sand
Very dense or hard soft layer

Standard Penetration
Test (SPT) Values
0 to 30
0 to 4
6 to 30
>50

2.3. The potential problems of reclamation

The soft clay layer at the site has low shear strength
and high compressibility characteristics.
Additional loading would be imposed to this soft clay
layer due to the reclamation work. Two major potential
problems were anticipated. These problems were (1) stability and (2) long-term settlement of the reclaimed platform
[26]. Stability analyses were carried out, and it was found
that with a gentle reclaimed platform side slope and proper
control on the backfilling rate, the stability of the reclaimed
platform will be under control, and this should not be a
major concern. The platform will become more stable in
the long term as the subsoil, especially the soft clay layer,
gains strength with time. Settlement analysis indicated that
long-term settlement will be excessive due to the highly
compressible soft silty clay underneath the reclaimed platform [27, 28]. The settlement will take long time to complete. In addition, the highly heterogeneous ex-mines at
the site may also cause unexpected settlement when subjected to fill load which causes the collapse of large voids
within the landfill. The potential biodegradation process
of some organic materials may also contribute to ground
settlement [29].

The tests used for physical and geotechnical characterization of flocculated slurry are shown in Table 1. The
physical and geotechnical tests were conducted in accordance with either British or ASTM Standards. Some of the
test procedures have been described by Head (1982, 1984,
and 1986) [31-33]. The laboratory direct shear test [31]
and triaxial consolidated drained (CD) test [33] were
conducted to measure the stress–strain and shear strength
behaviour of the flocculated slurry.
TABLE 2 - Tests used for characterizing physical and geotechnical
properties of flocculated slurry slime.
Property Tested
Maximum/minimum dry density
Maximum/minimum void ratio
Particle size distribution
Finest content d<0.075 mm (%)
Specific Gravity
Shear Strength
Hydraulic Conductivity

Tests Used (British Standards)
Vibratory Compaction (BS1377)
Vibratory Compaction (BS1377)
Mechanical Sieve (BS1377)
Wet sieving though US#200 sieve
Density Bottle (BS1377)
Direct shear box and trixial shear
apparatus (BS4019)
Constant head permeability test
(BS1350)

2.6. Characterization of geochemical properties of flocculated slurry
2.6.1. General characterization

The flocculated slurry was analyzed for its elemental
content, pH, acid neutralization capacity (ANC), redox
potential (Eh), and electrical conductivity (EC). The pH
of the flocculated slurry at a solid/water ratio of 1/1 was
measured using Hydrolab MS5 USA. The ANC of the
material was determined by titration of a 100-g sample
with 0.02 N HCl. The Eh was determined at room temperature (23 ±2 °C) using a platinum electrode and

1344

© by PSP Volume 21 – No 5a. 2012

Fresenius Environmental Bulletin

Ag/AgCl with 3.33 mol L–1 KCl as reference electrode.
Then, Eh measured using Ag/AgCl with 3.33 mol L–1 KCl
was converted to the equivalent Eh, measured with a
standard hydrogen electrode (SHE) using the following
relationship [34]:
EhSHE = Ehmeasured + 206 – 0.7(t – 25) mV
where, t is the temperature in °C, at which the Eh was
measured.
The EC was measured using a Hydrolab MS5 USA.
The flocculated slurry was submerged in deionized distilled water at a solid/water ratio of 1/1. The set-up allowed oxygen diffusion through the water surface and,
therefore, partially oxic condition prevailed. Measurement
was continued until measured Eh and EC values were stabilized. These measurements monitored the possible timedependent changes in the leachate characteristics under a
partially oxic condition [35]. This simple set-up was designed to simulate field conditions in which the flocculated slurry would be submerged as the groundwater tables
are commonly near to the ground surface in all the reclaimed sites in Malaysia.

which was larger than that of ordinary sand. Generally, fill
material with a large mean grain size is preferred, as the
larger the mean grain size, the greater the hydraulic conductivity and the greater the shear resistance [37].
TABLE 3 - Basic properties of flocculated slurry slime compared
with sand.
Property
Maximum dry
density (Mg m-3)
Minimum dry
density (Mg m-3)
Maximum void ratio
Minimum void ratio
D50 (mm)
Particle size
distribution
Main mineral contents
Specific gravity
Particle shape
Finest content
d<0.075 mm (%)
pH value

Flocculated
slurry slime
2.50

Sand

1.99

1.4-1.6

0.65
0.26
0.50
Well graded

0.7-1.0
0.4-0.6
0.1-0.4
Poorly graded

Polyvinyl chloride
3.57
Sub-rounded to angular

Quartz
2.5-2.6
Subrounded or
subangular
5-10
(clay or silt)
Neutral

4-7 (non cohesive)
8.4

1.8-2.0

2.7. Comparison and cost analysis

In Malaysia, the most common method of reclamation practised by developers for construction purposes is
lowering of water level and emplacement of fill material
method. Two other conventional methods of reclamation
currently practised are the displacement and the containment methods [36, 37]. Comparative analysis of currently
practised methods with the proposed flocculation and
admixing method has been accomplished by the author.
Similarly, theoretical comparison of reclamation costs of
displacement and containment methods, as well as lowering of water and emplacement of fill material and the
proposed flocculation and admixing methods was carried
out but cost analysis of the proposed method was only
explained herein due to the ambiguity of results.
3. RESULTS AND DISCUSSION
3.1. Physical and geotechnical properties of flocculated
slurry

The basic physical properties of flocculated slurry are
summarized in Table 3. The physical properties of local
sand are also included for comparison. The flocculated
slurry had a much higher specific gravity and dry density
than the ordinary sand, which means that the self-weight
of the flocculated slurry is high. This is beneficial for land
reclamation as the larger the self-weight, the larger the
overburden pressure to consolidate the soft mined-out beds.
The typical grain size distribution of the flocculated
slurry is shown in Fig. 4. According to the unified soil
classification system (USCS), the material can be classified as well graded, which is ideal for pavement construction, road construction and land reclamation. The mean
diameter of the flocculated slurry was around 0.5 mm,

FIGURE 4 - Typical particle size distribution curve of flocculated
slurry.

The hydraulic conductivity measured for the flocculated slurry was in the range of 8x10–5 to 7x10–4 m/s depending on the density of the material. The ranges of friction angle measured from shear strength tests are shown in
Fig. 5a for the triaxial CD tests on saturated specimens, and
Fig. 5b for the direct shear tests on dry specimens. The
friction angles measured by the triaxial tests range from
38.9 to 41.6o for loose and 43.5 to 47.0o for dense saturated specimens under a confining pressure of 50-200 kPa
(Fig. 5a). Direct shear tests on dry flocculated slurry indicated that the friction angles for loose specimens ranged
from 29.0 to 40.0 o (Fig. 5b). These values were much
higher than those for sand under the same conditions. This
is a favourable property as high friction angle will ensure
greater slope and foundation stability, which are crucial to
the design of land reclamation [38]. It should be noted
that a range of friction angles is presented instead of just
one friction angle. This is because the friction angle for
the flocculated slurry is affected by the confining pressure
which is a function of depth below the ground level [39].
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FIGURE 5 - Ranges of friction angle measured by: (a) triaxial CD tests on loose and dense specimens, and (b) direct shear tests.

3.2. Geochemical characteristics

The pH of leachate generated from the flocculated
slurry using deionized distilled water at a solid/water ratio
of 1/1 was around 8.4. This pH value is within the common pH range for soils and groundwater. The material had
a rather low ANC (Fig. 6) in comparison with the clay
that underlies the reclaimed sites. Sand has practically
negligible ANC. The ANC of a material is derived from
acid adsorption and dissolution of acid-soluble minerals
[40]. The low ANC value indicates that flocculated slurry
is not resistant to acid attack.

traces of sulphide minerals, or other reduced minerals present in the slurry [41]. These minerals could gradually
oxidize under oxic conditions and release H+ as well as
other ions into the pore water. As a result, there was a
marginal drop in pH from the initial pH 8.4 to a final pH
of 7.9 [42].

FIGURE 7 - Changes of measured redox potential and electrical
conductivity (EC) of submerged flocculated slurry.
3.3. Methods comparison with the newly developed method
3.3.1. Lowering of water level and emplacement of fill material method
FIGURE 6 - The pH - acid titration curves for flocculated slurry
and natural soils.

Another important property of the flocculated slurry
is the Eh value. Initial Eh value (measured with Ag/AgCl
reference electrode) for the flocculated slurry was 171 mV
at a solid/water ratio of 1/1. The deionized distilled water
added to the flocculated slurry originally had a measured
Eh of 289 mV. Therefore, it can be concluded that when
placed in the reclaimed site, the material will create a
slightly reducing condition. The Eh would continue to
decrease rapidly within days after placing in water and
would gradually stabilize thereafter, as illustrated by Fig. 7.
It was found that the values stabilized after 120 days. The
decrease was accompanied by a rise in EC, which could
be attributed mainly to the time-dependent mineral dissolution. These observations were due to the presence of

This method of reclamation is widely practised by
developers of housing estates or industrial parks in Malaysia. Reclamation is often carried out on ad-hoc basis
without any prior site investigation. The water in minedout pond is lowered and fill material, usually tailing sand
from nearby dumps, is pushed in from one end of the
pond [43-45]. The soft slurry slime at the bottom of the
pond is not removed and some of the slurry slime would
seep into the voids of the fill material and other ones,
being consolidated on the pond bottom. It is almost impossible to predict the total time needed for the development of a competent, consolidated ground as classical
methods for determination of consolidation deal with
small strain settlement [46].
This method of reclamation involves dewatering in
the mined-out ponds by pumping out and disposing off
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the supernatant. Any indiscriminate extraction of water
can cause drawdown slope instability, particularly if the
sides of the pond are steep. Secondly, slurry slime is soft
with no bearing strength or shearing strength; the soft
slurry slime would seep into the voids of the fill material,
resulting in localized soft spots. Another shortcoming
with this method is that it is almost impossible to predict
the total time needed for the development of a competent
and consolidated ground in areas reclaimed with this
method [47].
3.3.2. Displacement method

Raju and Hoffman (1996) [48] used this method for a
reclamation project in the Selayang area in Kuala Lumpur, in the 1980s. Soft slurry slime was displaced by pushing in sand fill in a prescribed direction. A layer of geomembrane is laid over the entire pond surface and sunk by
laying sand bags or dipping fill material over it. The slurry slime is then displaced as more fill material is dropped
onto the surface of the geomembrane. When the slurry
slime is displaced, a mud wave is developed in most parts
of the sand fill. This mud wave will increase the height of
the fill material required to displace the slurry slime. After
displacing the slurry slime to one end of the pond, the
slime is excavated. Fill material is then pushed in from
one end of the pond.
A major disadvantage is the incomplete displacement
of slurry slime within the trough of karstic limestone
bedrock topography. In Raju and Hoffman reclamation
project, it was reported that the entrapment of slurry slime
within the troughs of karstic limestone was one of the
reasons for the creation of localized soft spots in the reclaimed ground [48]. As a result of floors, drains and
other poorly supported parts of buildings constructed over
such an area, it suffered damages and cracks were formed.
A second disadvantage is that the displaced slurry slime
has to be discarded, and quite often, is just dumped into
another pond nearby, or into some nearby drainage systems [49].
3.3.3. Containment method

The containment method does not displace the slurry
slime in the pond. Instead, the slime is contained within
the pond and compressed in situ. This method has the
advantage of requiring lesser fill material for the back
filling of the pond. Yee (2010) [50] stated that this method
requires the removal of topmost 500-mm layer of the soft
material. The initial layer of the fill material has to be
placed carefully so as not to exceed the bearing strength of
the underlying soft slime. Geo-membranes are often used
as a separation and reinforcement layer. Fill material is
placed by sand pumping and conveyer belt system in uniform layers with depths not exceeding the bearing capacity
of the underlying slime. The underlying soft slime is allowed to consolidate, whereby resulting in increasing shear
and bearing strengths. When a stable condition is attained,
side tipping can be used to speed up the works. Often

vertical drains are installed to speed up the consolidation
of the slime [51].
Like the displacement method, there are some shortcomings in the containment method as well. Yee [50] stated
that topmost 500-mm of slurry without shear and bearing
strengths has to be removed. However, investigations carried out by the writer showed that slurry slime in the test
ponds was thicker. As such a substantial amount of slurry
has to be removed, it can result in environmental problems.
The initial layer of the sand fill has to be placed very
carefully so as not to exceed the bearing capacity of the
underlying material. The sand fill process has to be carried out in uniform layers with depths not exceeding the
bearing capacity. Such sand filling requirements are difficult to achieve [52].
3.3.4. Admixing of flocculated slurry slime with soils

An alternative method which is economically competitive, technologically feasible and which will not contribute to any environmental problem is to flocculate the
slurry slime with NOP or PVC, and to use the flocculated
slurry slime as part of the fill material. Tests carried out
by Chow and Weng [53] have shown that slurry slime
with NOP or PVAC have higher engineering strength and
better settlements, and a shorter time to achieve complete
settlement. Chow and Weng [53] explained that NOP or
PVAC-flocculated slurry slime admixed with residual soil
or tailing sand distinctly have better physical (i,e. higher
increasing solid concentrations, higher rate of decrease in
the voids ratio and moisture content) and higher engineering strengths (i,e. higher shear strength and higher bearing
strength). The flocculated slurry slime is mixed with either residual granitic or schistose soil, depending on their
availability, or with tailing sand, often found in the tailing
dumps in the vicinity of the ponds. The admixed material is
then emplaced in the pond as part of the fill material [53].
In this proposed method, a holding pond is excavated
beside the pond ear marked for reclamation. An ideal site
for the location of the holding pond is on slightly higher
ground.
Material excavated from the holding pond is used for
the construction of bunds resulting in a higher holding-pond
capacity. Alternatively, the excavated material can be used
as a source of admixing material [54].
Slurry and very soft slime from the bottom of the
pond designated for reclamation is pumped out using
submersible suction pumps until the layer of soft slime is
reached. Mixing is best achieved by passing the slurry and
the flocculating reagents along a 20-50 m long sluice box
fitted with transverse riffles. The flocculated slurry is then
allowed to settle in the holding pond, and the clear supernatant is allowed to be drained off into a nearby pond, or
into the drainage system [55].
The still wet flocculated slurry is then admixed, preferably with granitic soil or schistose soil. The minimum
admixed ratios for granitic soil/NOP-flocculated slurry,
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granitic soil/PVAC-flocculated slurry, Schistose soil/NOPflocculated slurry, Schistose soil/PVAC-flocculated slurry
admixtures are between 0.75-1.00. If tailing sand is used
for admixing, the minimum admixing ratios for tailing
sand/NOP-flocculated slurry and tailing sand/PVACflocculated slurry are between 3.0 and 5.0. The admixed
material is then pushed back into the designated pond in
layers of about 500-mm thickness, taking steps to ensure
that the initial layer of admixed material does not cause a
shear failure in the underlying soft slime [56].
Following this, fill material comprising either tailing
sand or residual soil is emplaced over the admixed material. This method of reclamation does not involve the
dumping of slurry slime into another pond, as it forms part
of the admixture. As such, there will not be environmental
problems.
3.4. Comparative cost of reclamations

A theoretical comparison of reclamation costs of displacement method and containment method, lowering of
water and emplacement of fill material method and the
proposed flocculation and admixing method was carried
out. Costing was carried out for three lakes with sizes of
3, 5 and 10 hectares. Comparison was also carried out for
various pond water depths.
Results showed that lowering of water level and emplacement of fill material method is the cheapest. It costs
only RM 0.74 to reclaim one square foot when the depth
of the pond water is 3 m. The cost, however, increases
with the depth of the pond water, rising to 1.14 per square
foot for a water depth of 5 m, RM 1.54 per square foot for
7 m water depth, RM 1.94 per square foot for 9 m water
depth, RM 2.34 for 11 m water depth, and RM 3.14 for
15 m water depth.
The containment method is the most expensive of the
four reclamation methods discussed above. For a pond
with 3 m of water, the reclamation cost is RM 4.48 per
square foot if the slurry slime to be removed is about 1-m
depth. The cost goes up if the slurry slime to be removed
is thicker, rising to RM 6.30, RM .27, RM 12.05 and RM
15.83 for the removal of 2, 3, 5 and 7 m of slurry slime,
respectively. Likewise, if the depth of water in the pond
increases, the reclamation cost goes up accordingly. Between the displacement method and the proposed flocculation and admixing method, the former method is cheaper
if the pond water is 3 m deep and the slurry to be removed
is between 5-7 m, 9-11 m and 15 m; the displacement
method is also cheaper if the slurry to be removed is less
then 3, 5, and 7 m thick, respectively.
Results of the theoretical costs comparison showed
that the depths of the pond and thickness of the slurry
slime layer to be flocculated or removed are important
factors which affect the cost rate of reclamation. The size
of the pond affects the total costs but not the cost rate.
The lowering of water level and emplacement of fill material method is the cheapest amongst the four methods

discussed. However, this method is also the most inefficient one. The proposed flocculation and admixing method
is environmentally friendly as there is no disposal of slurry
slime from the pond. All the slurry slimes are flocculated
and used as part of the fill material, hence reducing the
amount of fill material as well. The methodology is technically feasible and economically competitive.
4. CONCLUSIONS
In Malaysia, the most common method of reclamation practised by developers of housing estates and industrial parks is lowering of water level and emplacement of
fill material method. This method results in a number of
technical problems, amongst which is that slurry slime
portions are entrapped in the voids of the fill material and
within the troughs of the karstic limestone bedrock. Also,
it is almost impossible to predict the total time required to
achieve a competent and consolidated ground. Two other
conventional methods of reclamation currently practised
are the displacement and the containment methods but
both also have a number of shortcomings. The proposed
flocculation and admixing method is technically feasible,
economically competitive and environmentally friendly. It
is recommended that the slurry slime has to be pumped out
from a pond, flocculated with NOP or PVAC, and then, the
flocculated slurry slime is admixed with residual granitic
or schistose soil, or as a last resort, with tailing sand. The
admixed materials are then put back into the pond as part
of the fill materials.
Investigations on the physical, geotechnical and geochemical characteristics of the flocculated slurry show
that the material has favourable engineering properties
which make it suitable to be used for land reclamation. The
flocculated slurry is rather weathering resistant. The absence of acidic leachate generation due to redox reactions
from the flocculated slurry also rules out the possibility of
acid generation and excessive leaching of the material. In
addition, the material is rather stable in its redox characteristics. However, further studies that focus on field monitoring are still required as there may be unexpected long-term
environmental consequences arising from the massive use
of flocculated slurry in reclaimed sites. Time-dependent
reactions, such as redox processes and mineral dissolution
kinetics under field conditions, and the possibility of catalysis by indigenous microorganisms, must be monitored.
Ultimately, life-cycle assessment approach will be needed
to identify the best solution for the admixing of flocculated slurry with residual soil in Malaysia.
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