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DISTRIBUTION AND ENRICHMENT EVALUATION
OF HEAVY METALS IN EL-MEX BAY USING
A GRAIN SIZE NORMALIZATION MODEL
Maha A.M. Abdallah1*, Nadia B. E. Badr2 and Massoud A. H. Saad3
1

2

Pollution Laboratory, National Institute of Oceanography &Fishers (NIOF), Kayet Bey, 21111 Alexandria, Egypt
Environmental Sciences Department, Faculty of Science, Alexandria University, Moharem Bek, 2511 Alexandria, Egypt
3
Oceanography Department, Faculty of Science, Alexandria University, Kayet Bey, 21111 Alexandria, Egypt

SUMMARY
The concentration and distribution of selected heavy
metals (Pb, Cr, Cd, Co and Zn) in surface sediments of ElMex Bay were studied to determine the extent of anthropogenic inputs from unauthorized agricultural runoff and
industrial wastes, and estimate their enrichment using grain
size normalization model. Generally, grain size in the bay
decreased seaward, and percentage of total organic matter
(TOM) varied from 1.06 to 6.76 %, with a mean of 2.60%.
Analysis of sediments from El-Mex Bay showed that the
concentrations of Pb and Cr had a similar spatial distribution, with highest values of 89.08±1.03 and 116.05±1.00 mg.
kg-1 and lowest ones of 24±1.04 and 36.15±1.05 mg.kg-1,
respectively. Elevated Pb and Cr levels were generally recorded in sediments located in the eastern part of the bay
affected by the Western Harbor. Maximum concentrations
of Cd (12.13±1.10 mg.kg-1) and Co (12.65±0.91 mg.kg-1)
were detected at the inshore stations located in the vicinity
of two land-based sources, Omoum Drain and Iron-Steel
Plant, respectively. In contrast, Zn increased linearly from
176.2±1.90 to 612±1.33 mg.kg-1 in a seaward direction,
due to its higher mobility. The enrichment of heavy metals
in surface sediments of El-Mex Bay showed that Cr, Cd,
Co and Zn were significantly enriched at certain locations,
while Pb had a high level of enrichment throughout the bay.

KEYWORDS:
heavy metals, El-Mex Bay, enrichment factor, background model.

INTRODUCTION
The metal contaminations in the aquatic environments
have received considerable concern due to their toxicity,
abundance and persistence in the environment, and their
subsequent accumulation in aquatic habitats. It has been
recognized for many years that the concentrations of metals

found in dissolved or particulate phase of coastal areas, may
be derived from a variety of anthropogenic and natural
sources [1]. These metals are rapidly and efficiently removed to the sediments via adsorption onto surface particles, precipitation and incorporation into biogenic material
[2, 3]. Many metals can also be incorporated in anomalously
high concentrations in coastal sediments, where industrial
development (harbors and bays) is intense.
The bottom sediments are a matrix of materials composed of detritus, inorganic and organic particles, and are
relatively heterogeneous in terms of their physical, chemical and biological characteristics [4]. The sediments are the
principle sinks for many trace metals and some other pollutants. They provide a long-term record of the effects of
anthropogenic discharges, such as industrial and domestic
effluents. Undisturbed sediments at the bottom of an aquatic
environment contain a historical record of chemical conditions, which allow investigators to assess chemical changes
over time and, possibly, to establish area baseline levels
against which present-day conditions can be compared and
contrasted [5]. Literathy and Foda [6] stated that the analysis of the top surface layer (l-2 cm) provides data on present-day pollution.
During the past decades, as a result of progressive urbanization and industrialization of Alexandria City, large
amounts of various pollutants were discharged into its
coastal waters, especially the western part (El-Mex Bay).
This bay became heavily polluted, due to unauthorized agricultural runoff and industrial wastes. These effluents are
rich in different heavy metals, which are transported either
dissolved in water or suspended in sediments, and stored
in the bottom sediments modifying their natural physicochemical characteristics. Since biotic activities are very intense in such ecosystems, bioaccumulation processes of
heavy metals can turn out to be hazardous for the local
population living along this area and using the bay for
fishing and recreation activities [7].
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Studies on the environmental conditions of El-Mex
Bay have been carried out by several investigators [7-13].
The main aim of this study is to assess the extent of heavy
metal pollution, resulting mainly from industrial discharges
in the bay, to illustrate its pollution situation. The abundance of 5 elements (Cd, Co, Cr, Pb, and Zn) was discussed
in relation to the anthropogenic discharges. The data obtained were treated statistically (grain size normalization
model) to estimate enrichment factors relative to natural
background concentrations.
MATERIALS AND METHODS
Study area

El-Mex bay bordering an industrial zone is located west
of Alexandria City, one of the most densely populated
cities with 6 million people (Fig. 1). This bay extending for
about 7 km between longitude 29° 45ʹ′ and 29° 54ʹ′ E and
latitude 31° 07ʹ′ and 31° 15ʹ′ N, from Agami headland (west)
to the Western Harbor (east), occupies an area of 19.4 km2,

with a mean depth of 10 m and a water volume of 190.3 x
106 m3 [11]. As a consequence of growing heavy industries
(chloro-alkali, cement, chemicals, textile, tanneries, industrial dyes, ink, petroleum refining, meat processing, fish
production, and iron or steel industries) and the uncontrolled disposal of resulting wastes, the coastal water of
El-Mex Bay receives huge amounts of untreated industrial
wastes containing heavy metals like Fe, Mn, Cu, Zn, Cd,
Pb and Ni, dumped directly into the southern part of the
bay via pipelines. In addition, El-Dekhaila Harbor has been
recently constructed at the western side of El-Mex Bay.
The bay receives about 2.547 x 109 m3.y-1 of agricultural wastes mixed with water effluents (surplus water) from
a neighboring sewage-polluted lake (Lake Mariut) with a
rate of 262.8 x 106 m3.y-1 via Omoum Drain [14]. In addition, the bay receives 13 x 106 m 3.y-1 of industrial discharge, as well as water from the Western Harbor amounting to 1.13 x 106 m3.y-1. The residence time of El-Mex bay
water was found to be around 28 days [12]. According to
[15], this bay is considered as an estuarine zone of the
huge agricultural Omoum Drain.

FIGURE 1 - Study area and sampling stations.
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TABLE 1 - Metals extracted from standard reference material (BCSS-1, n = 3).
Concentration
Pb
Co
Cr
Cd
Zn
Metalsa Extracted
22.70
11.4
123
0.30
119
Metalsb Extracted
23.30
13.80
118
0.34
111
Recovery (%)
102
121
96
113
93
a
Certified values corresponding to the total extraction of metals from the standard reference material (BCSS-1).
b
Values of the metals extracted from the standard reference material BCSS-1 in this study.

The seasonal variations in the current patterns in ElMex Bay depend mainly on the wind regime prevailing at
the time. There were pronounced differences in both direction and intensity of surface current in El-Mex Bay, particularly between inshore water in front of the outfalls and
offshore water. Near the industrial and agricultural outfalls, the transport of surface water is to the north, indicating a relatively strong offshore component, which may be
mainly attributed to the effect of the westward outflows.
The most important feature is the existence of an anticline
eddy almost entirely covering El-Mex Bay. As a consequence, these contaminated water discharges from both
agricultural and industrial outfalls are trapped in the surface current system, and transported westward to the Agami
headland [16].
Sample collection

In order to assess the extent of heavy metal contamination in the sediments of El-Mex bay, samples were collected at eight stations during 2006, to provide a broad spatial coverage of the bay and allow assessment of the sediment quality throughout the Bay. The bay has been divided
into three parts (inshore, middle, and outer regions). The
inshore part represents the discharging points of different
sources (stations 1 and 4-6), heavily polluted by unauthorized discharges of agricultural and industrial effluents. The
middle part covers stations 2 and 7, and the outer part stations 3 and 8. Study area and positions of sampling stations
are shown in Fig. 1.
The sediment samples were collected at 8 stations, using an Ekman grab. The samples were taken from the middle of the rap to avoid metal contamination, transported to
the laboratory in acid-washed labeled self-sealed plastic
containers, and kept frozen at -20 °C till analysis.
For the assessment of the background concentrations
of metals, 5 samples of sediments were taken at stations
interspersed throughout the bay, predominantly representing a range of grain sizes from mud to sand. These sediments were collected by scuba divers using 50-cm PVC
tubes with 5 cm in diameter. The cores were kept frozen,
and sub-samples of sediments were taken at a depth of 4050 cm and refrigerated until analysis
Chemical analysis

The surface and cores sediment samples were wetsieved through a 63-mm sieve with distilled water, dried at
105 °C and then homogenized with an agate mortar. Triplicates of sieved, dried and homogenized 1-g samples, with

mesh sizes less than 63 mm [17] were microwave-digested
(Milestone 1200) with a HNO3-HF-HClO4-HCl acid mixture according to [18, 19]. After acid digestion, the sample
solutions were cooled and filtered using No. 541 Whatman
paper. The filtered solution was made up to100 ml with
de-ionized double-distilled water and analyzed for Cd, Co,
Cr, Pb, Zn, Fe and Mn by a F-AAS (Varian Techtron-Model
1250). The data of Fe were used for calculation of background model, and those of Mn for the correlation with cobalt. The accuracy of the analytical procedure was checked
using a triplicate analysis of a certified reference material
(BCSS-1) from the National Research Council of Canada.
The recovery percentage for metals is shown in Table 1.
Quantification of the metals was based on calibration curves
of standard solutions. Total organic matter (TOM)
measurement was made as loss in weight by ignition as
described by Byres et al. [20]. The particle size analysis
was conducted by the pipette method [21].
RESULTS AND DISCUSSION
Texture and total organic matter (TOM)

Table 2 lists the results of texture analysis of El-Mex
Bay sediments, as well as total organic matter (TOM). Generally, the grain-size in El-Mex Bay decreased seaward,
reflecting that the gradual near-shore sedimentation of large
particles leaves finer grains to be deposited in the offshore
environment. The sediments at stations 1, 4, 5 and 6 consist mainly of coarse and medium sand (average value of
96%). However, the middle (station 2) and the outer margin of the bay (stations 3 and 8) are covered by silty sand
type. Station 7 is considered to have the maximum percentage of clay (10%) detected. The percent of clay at the
rest of stations ranged between 1-3%, which is in agreement with [10]. They also found that the grain-size in ElMex Bay has decreased seaward, and its sediments were
derived from mechanical breakdown of coastal and bottom platforms by mean of current and wave action.
Total organic matter (TOM) is one of the most important collectors of pollutants in marine sediments,
and it gives a clear idea about the source of runoff in
any particular area. Organic matter tends to form strong
metallic complexes rendering the metals immobile. The
increase in TOM content may result in increased metal
levels in the marine sediments. The percentage of TOM in
El-Mex Bay varied from 1.06 to 6.76% at stations 1 and 7,
respectively, with an overall mean of 2.60% (Table 2). It is
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noticed that inshore station 7, close to the entrance of the
Western Harbor, had much higher TOM contents (maximum) than those at inshore stations 4-6, which have low
organic matter content with an average value of 2.39%.
Higher TOM contents were recorded in the present study
compared to [22], who found TOM ranging from 0.25 to

3.15% in the samples collected near the outfalls of
Omoum drain and the chloro-alkali plant. The distribution
of TOM is closely related to the grain-size one in El-Mex
Bay [10]. Sakar et al. [23] re-ported that organics were
poorly adsorbed on negatively charged quartz grains,
which predominated El-Mex Bay sediments.

TABLE 2 - Sediment types and percentage of total organic matter (TOM) for sediment samples of El-Mex Bay.
Stations

Sand
%
97.7
49.05
57.3
96.2
94.8
97.1
6.75
53.7

1
2
3
4
5
6
7
8

Silt
%
1.32
48.8
40.1
2.6
3.2
1.9
74.87
43.3

Clay
%
0.98
2.1
2.6
1.2
2.0
1.0
18.38
3.0

Type

TOM
%
1.06
1.64
2.41
2.79
2.00
2.37
6.76
1.76

sand
silty sand
silty sand
sand
sand
sand
clayly silt
silty sand

TABLE 3 - Heavy metal concentrations (mg kg- 1, dry wt) for sediment samples of El-Mex Bay.
Stations
1
2
3
4
5
6
7
8
Average
±
SD

Pb
56.70±1.27
29.26±1.25
62.78±0.95
32.40±0.80
64.78±1.00
24.30±1.04
89.08±1.03
69.12±1.03
53.59

Cd
12.13±1.10
11.88±1.03
4.68±0.95
8.63±1.13
7.41±0.99
8.55±0.91
6.75±1.01
4.70±1.10
8.09

Co
9.73±1.04
6.31±1.30
6.78±0.81
5.71±0.96
12.65±0.91
8.46±1.04
5.63±0.98
7.72±1.07
7.87

Cr
40.29±2.10
38.02±1.00
49.50±1.17
47.45±1.08
41.64±1.10
36.15±1.05
116.1±1.00
65.93±0.95
54.33

Zn
176.3±1.90
516.2±1.27
610.6±1.33
128.8±0.96
264.3±0.86
100.9±1.32
427.0±1.00
219.8±0.93
305.38

22.76

2.84

2.38

26.67

189.4

650
550
450
350

Concentrations (mg.kg-1)

250
150

Pb

120

Cr
Co
Cd

100

Zn

140

80
60
40
20
0
1

2

3

4

5

6

7

8

Stations

FIGURE 2 - Regional variations of heavy metals in El-Mex Bay sediments.
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Heavy metals

The results of Pb, Cd, Co, Cr and Zn are presented in
Table 3 and Fig. 2. The element concentrations indicate a
wide range of variations, with Zn being the most abundant
one in all samples.
Lead (Pb) and Chromium (Cr): As shown in Fig. 2, total
Pb and Cr concentrations in bottom sediments of El-Mex
Bay gave similar spatial distributions, with their highest
(89.08±1.03 and 116.05±1.00 mg kg-1) and lowest (24.0±1.04
and 36.15±1.05 mg kg-1) amounts at stations 7 and 6, respectively. Based on results of total lead, the in-vestigated
clevels can be divided into two categories. The first category is characterized by highly elevated levels of total
lead located at the eastern and middle part of the bay,
except for station 2 (Figs. 1 and 2). At these stations, the
concentrations exceeded 55 mg/kg. Low Pb levels characterized the second category (stations 4-6 located at the
western region of the bay) with values hardly exceeding
30 mg/kg. Lead occurs in nature at an average crustal abundance of 16 mg kg-1. Like soils in the terrestrial system,
sediments are the primary sinks for lead in the aquatic environment. For deep ocean sediments, the natural average
value is about 47 mg/kg, but with wide fluctuations [24].
Lead values in bay, estuarine and other coastal sediments
(marsh environments) have been much altered by human
activities. The present study showed that elevated Pb concentrations are generally recorded in samples from the
eastern part of the study area (stations 7 and 8), due to Pb
release by the Western Harbor discharges (shipyard wastes).
Also, the higher Pb level in the area near the entrance of
the Western Harbor is due to its coverage by fine sand. It
is well-recognized that fine sediments, especially those
coated with organic matter, have a large surface area with
adsorption capacity for metals [25]. Anthropogenic inputs
were considered to be the major source of elevated Pb concentrations in marine sediments [26, 27]. Average Pb in the
sediments of the Western Harbor was observed to be 186
mg kg-1 [28], and 44% of Pb entered El-Mex Bay from
industrial discharges, but only 33% from Omoum drain by
El-Mex pumping station [12]. The annual mean concentration of particulate lead in Omoum drain was estimated
to be 83± 55 nM [29].

The average of Cr in the sediments of El-Mex Bay
was slightly higher than that of Pb (53.54 ± 22.7 mg kg-1).
It is clear from Fig. 2 that the highest Cr values were found
in the eastern stations (7 and 8) within the outlet of the
Western Harbor, 116.10 ± 1.00 and 65.93 ± 0.95 mg kg-1 ,
respectively. They decreased towards the western side recording the lowest concentration of 36.15 ±1.05 mg kg-1
at station 6. The rest of stations had concentrations ranging from 38.02 ±1.00 to 49.50 ±1.17 mg kg-1. Chromium
is of particulate interest because of the toxicity of some of
its compounds [30].
The most widely accepted explanation of the presence
of chromium in the environment is that this metal is a common product used in industrial applications, like leather

tanning, dying, chromium plating, stainless steel and anticorrosive, wood preservatives [31], and dumping of solid
or municipal wastes [32]. So, sediments in bays and coasts
are common sinks for contaminants, including this metal.
In the present study, the main sources of Cr to El-Mex Bay
are wastes of metal-finishing industries, dumping of solid
wastes, and municipal wastes from Western Harbor. Aboul
Dahab [9] found that Cr concentrations in El-Mex Bay sediments ranged from 42 µg.g−1 to 752 mg.kg-1, with an average of 243±213 µg.g−1. They also found a significantly high
Cr level at the outlet of the Western Harbor (978 mg.kg-1).
Cadmium (Cd): Cadmium is toxic, relatively accessible
to aquatic organisms, and included in the list of substances
that should be banned or substantially eliminated from discharges [33]. Its toxicity to fish is equivalent to that of Pb,
but 25 times less than that of Hg [34]. These authors also
stated that Cd accumulates more rapidly in water sediments
than in living organisms. Cadmium may be released to water
via several routes, natural weathering processes, discharge
from industrial facilities, sewage treatment plants, pigments
and discarded plastics [35]. Phosphate fertilizers are also a
major source of Cd input to the environment [36, 37] because cadmium in phosphates ranges from 3 to 100 mg.kg-1
[36, 38].

The spatial distribution of total Cd in El-Mex Bay
sediments showed higher amounts at inshore station 1
(12.13 ±1.10 mg kg-1), and decreased seaward to reach the
lowest level at the offshore stations 3 and 8 (4.68 ± 0.95
mg kg-1 and 4.70 ±1.10 mg.kg-1). Moderate levels of Cd
ranging from 7.41 ± 0.99 to 8.63 ±1.13 mg.kg-1 characterized the rest of the stations 4-6). The higher near-shore concentrations of Cd compared with the offshore ones indicate that it was derived mainly from land-based activities,
and maximum Cd concentrations detected at stations 1 and
2 were due to their location in the direction of the flow
discharging from Omoum drain. Fifty percent Cd in ElMex Bay was derived from agricultural effluents (containing phosphorus fertilizers and trace metals like Cd, Pb and
Zn) discharged into the bay via Omoum drain, and 37%
from industrial effluents and 13% from sewage effluents
[12]. Similarly, the respective load of Cd discharged to the
bay via the last drain was estimated to be about 2.9 metric
tons/year [14]. The concentration of particulate cadmium
(PCd) in El-Mex Bay was observed to be 10.90 ± 7.32 nM
(high annual mean), and chloro-alkali plant as well as petroleum company were responsible for this high input of
PCd to the bay [29]. This may explain the slightly elevated
concentration of Cd at station 4 (affected by Alex-Petrol
company and chloro-alkali plant discharges). The sources of
Cd in El-Mex Bay may also include cement industry (Portland cement factory), affecting concentrations in the nearshore stations 4-6). Cadmium was emitted in high quantities
from the combustion of coal and the production of cements,
as pointed out by [39].
The generally accepted opinion is that the smaller the
size of sediment fraction, the larger the amount of trace
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metals bound to this fraction, and that trace metals are
mainly present in excess in the clay/silt fraction. The unusually high Cd levels in sand fraction previously noted
by Khainy [13] for sediments of the same area, agreed with
our results, negatively correlated between cadmium and
clay fraction (r = -0.84, n = 8, P<0.01). This is according to
findings for sediments from Haifa Bay (Israel) [40]. This
phenomenon was explained by the formation of large agglomerates from smaller particles enriched by contaminants.
However, no relation was found between Cd and TOM of
El-Mex Bay sediments (r = -0.33, n = 7, P>0.1). This indicates that Cd complexation to naturally occurring organic
matter is weak because of the competition for binding sites
with Ca [41], present in much higher concentrations (mean
value of 82.67 %) as endorsed by [13].
Cobalt (Co): Co is normally a rare element, available
only at low concentrations in aquatic systems. It is biologically important playing a very specific role in vitamin B12
[42], forming few cobalt metallo-proteins [43]. Co can enter
the aquatic environment from a number of sources both
natural (volcanic emission, weathering of rocks by the action of water and decomposition of plant wastes) and anthropogenic (from sewage and a number of industrial processes including alloys as dental materials, alloyed with
iron, and an alloy of unusual magnetic strength with many
im-portant uses). Natural and anthropogenic cobalt have
the same transport pathways in the aquatic environment,
in-volving binding to the sediments in water-body bottom.

Lower concentrations of Co, compared with other metals, were generally observed throughout the study area
(Fig. 2), and maximum was 12.65 ± 0.91 mg.kg-1 at station 5, whereas the minimum was 5.63 ± 0.96 mg.kg-1 at
station 7. At the rest of stations (2-4 and 8), Co ranged
from 5.71 ± 0.96 at station 4 to 9.73 ±1.04 at station 1
mg.kg-1. These results reflect the presence of several sources
of contamination in the near-shore area of the bay, such as
increased industrial activities. One of these sources is the
iron and steel plant, as well as the cement industry. Agricultural, industrial and sewage dumping from Omoum drain
may also contribute to elevated Co concentration at station 1, in the vicinity of the direct discharge of this drain.
Chloro-alkali and petrochemical plants located at the western boarders of the bay, indicated as industrial discharge
(Fig. 1), also contribute to the elevated Co level at station 6.
The correlation coefficient between Co and Mn was highly
significant (r = 0.8, n = 8, P>0.001) in the bay sediments,
and Mn attracts and adsorbs almost all Co out of the water-column onto the mineral grains within the sediments,
stated by [44].
Zinc (Zn): Zinc is essential, and not biomagnified or
regulated by most organisms. Zinc introduced into the
aquatic environment is partitioned into sediment by sorption onto hydrous iron and manganese oxides, clay minerals, and organic materials [45]. The largest natural emission
of Zn to water results from erosion, while the main anthropogenic Zn sources are mining, zinc production facili-

ties, iron and steel production, corrosion of galvanized
structures, coal and fuel combustion, sewage, and the use of
zinc-containing fertilizers, pesticides and antifouling paints.
The concentrations of total Zn in El-Mex Bay sediments were higher compared to the other metals (Table 2).
Despite some scattering in concentrations, Zn increased
linearly from 176.3 ± 1.90 to 610.6 ±1.33 mg.kg-1 (maximum value) in the seaward direction. The higher concentration of total Zn recorded offshore is due to its higher
mobility [46] and dispersion from a point source (Omoum
drain with agricultural wastes). The elevated concentration
in the eastern bay area (station 7), 427.0 ±1.00 mg.kg-1, is
attributed to the intrusion of pollutants from the Western
Harbor to this region by shipping activities (transit site for
incoming and outgoing ships). In addition, the navy shipyard may be utilizing materials high in Zn, such as antifouling paints used to cover the underwater parts of the
vessels to protect them from algae and barnacles. These
paints are based on organic solvents mixed with highly concentrated toxic metals, such as Cu or Zn (typically between
15-30%)as well as Sn (about 5%) [47].
Enrichment evaluation of metals in El-Mex Bay sediments

Assessing the significance of an environmental impact
has several stages, such as identification of a potential problem, demonstration that the potential is realized in terms
of biological and/or ecological effects, and evaluating appropriate intervention and remediation strategies [48]. Two
approaches have been commonly used for assessing the
significance of metal contamination in surface sediments
as part of the first stage of an overall assessment: (1) comparison of concentrations with those from not impacted or
background sediments, and (2) the cumulative effects of
contaminants in sediments [49].
Comparisons with sediments from not impacted locations are problematic as the sites are difficult to find, particularly with comparable grain size characteristics. The
background approach compares surface concentrations with
background models [50]. Direct comparisons with background values assume that the sediments have similar characteristics, whereas background model approach accounts
for variations in concentration associated with that in sediment characteristics. This is a more generalized approach
and has the advantage that it can be applied to all samples
throughout the area from which the model was developed.
The study described here addressed the first stage of the
assessment of the impacts of metals in El-Mex Bay, which
is an assessment of the concentrations of metals to identify
where sediments are enriched and with what metals. At each
station, an important question was asked for each metal: Did
the concentrations in the surficial sediments exceed the
background ones.
Background model

The degree of heavy metal pollution in the investigated
area could be normalized with background levels. A grain
size normalization model was selected by calculating mul-
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tiple regression models for all possible permutations of the
independent variables that might naturally co-vary (i.e Fe,
% fines or TOM) with concentration of metals in the sediments [51]. The metals analyzed in this way included lead,
cobalt, chromium, cadmium and zinc. The best model was
selected as that with the greatest r2 value. The results for
regression models derived from the concentrations of metals and the sediment characteristics in the background sediments used to calculate the enrichment of metals in the
surface sediments are represented in Table 4.

Metal enrichment of surface sediments

The amount, by which an individual surface sample
was enriched with each metal, was estimated by dividing
the measured concentration (Table 2) by the background
metal concentration predicted through regression model
(Table 4). That is the Enrichment Factor (EF) = M observed
/M predicted, where M = metal concentration.

TABLE 4 - Regression models in background sediments.
r2
0.75
0.89
0.99
0.89
0.95

Metals
Model
Lead
Pb = 25.9 - 14.1 % Fine
Cobalt
Co = 6.40 - 8.21 % Fine
Chromium
Cr = 36.1 + 0.243 % Fine 0.0122 TOM + 0.583x10-4 Fe
Cadmium
Cd = 4.96 - 3.31 % Fine
Zinc
Zn = 101 + 1.86 % Fine - 0.192 TOM
For each model n = 5 and p <0.001 (except for Pb, p <0.01)
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FIGURE 3 - Plots showing the enrichment of metals at each station (the vertical lines represent the
relative location of the mean enrichment factor (- - -) and upper 99% prediction (….) interval for each model).
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To test whether metal levels at each station were enriched, the enrichment factor (EF) at each station was compared to the mean EF and upper 99% prediction interval
(99% PI) of the background model for each metal (Fig. 3).
A station, significantly greater than the upper 99% PI, was
considered to be enriched. An assumption of the regression
model approach is that if there is no or less contamination, then levels of enrichment would be scattered around
the mean, because the values are independently and normally distributed [52].
Levels of enrichment

Plots of the mean enrichment of each metal at each
station showed that it was significant for all metals in the
surface sediments of the bay at certain locations. Suggesting an over-estimation of surface sediment enrichment, as
found for Pb (its enrichment factor at most stations was
above the upper 99% PI), indicated that it has a high level
of enrichment throughout the bay. Cobalt was enriched at
stations 3 and 5, while Cr showed highest levels of enrichment at stations 7 and 8 (close to Western Harbor area).
The enrichment plot for Cd and Zn evidenced high enrichment factors in the sediments in front of Omoum drain
(stations 1-3).
Assessment using grain size normalization

The grain size normalization approach has been shown
to be a useful technique for detecting the presence of elevated concentrations of metals in sediments with a range
of grain sizes. In particular, Pb, Co and Cd have shown
strong linear relationship with only one grain size normalizer, such as % fine (Table 4). The addition of further parameters did not significantly improve these models. For
chromium, a multiple regression model was significantly
improved by incorporating both TOM and Fe with % fine
in the model (r2 = 0.99), whereas zinc has yielded relationship with TOM and % fine. This analysis indicates that
where relationships with single grain size normalisers are
poor, significantly better predictions may be achieved using
a multiple regression approach [51]. The analyses of results
from models, however, supported the correlations between
metals, clay and TOM.
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SUMMARY
In this study, the use of Amberlite IR-120, strong acidic
cation exchange resin, was investigated to remove magnesium impurity from saturated boric acid solutions. The magnesium impurity caused by magnesium compounds in raw
colemanite is a very important problem, which has to be
solved by the industry. The experiments were carried out in
a batch reactor. Adsorption kinetics of magnesium was studied as a function of resin/solution ratio (g/100 mL), initial
solution pH and temperature (K). The obtained kinetic data
were employed with pseudo-first order and pseudo-second
order models. It was determined that the pseudo-second
order model was the best fitting kinetic model. Furthermore,
a semi empirical model was developed to predict operational conditions of the batch process in the following form;
t / qt = 313 .737 × [ H ]0.0055 × ( S / L) 0.9228 × exp(−5209.856 / RT ) × t 1.0129

KEYWORDS: Magnesium removal, ion exchange, Amberlite IR120, adsorption kinetics, semi-empirical model

INTRODUCTION
The treatment of boron containing wastewaters has
vital importance for continuity of the livable environment
and protecting life health. Therefore, a tolerated limit of
boron existence in drinking waters is suggested as maximum 0.3 mg/L by the World Health Organization (WHO)
[1]. However, the boron pollution in waters is increasing
due to difficulty of boron removal in practice. According
to the U.S. Bureau of Mines and U.S. Geological Survey,
the world production of mineral borates and boron chemical derivatives were estimated at (4-5).106 tonnes of B2O3
per year and reserves were calculated at 270.106 tonnes
(in B2O3 form). The United States (42%), Turkey (42%)
and South America (11%) share about 95% of boron
production worldwide [2, 3].

Colemanite (2CaO.3B2O3.5H2O) is a widely used ore in
the boric acid production. In the industrial application, saturated boric acid solution prepared by dissolving colemanite
ore in sulphuric acid includes extremely high concentrations
of impurities such as magnesium, calcium, iron and sulphate. These metal species cause impurity of boric acid
products. In the production process, the existence of metal
ions depends on solubility of impurity content in ore. Especially, the magnesium content resulting from magnesium
carbonate with high solubility, magnesium borates and clay
minerals is quite high (8000-9500 mg/L) [4].
Therefore, in the boric acid production, the crystal separated from its saturated solution by centrifugation process is
subjected to cool water washing for the high purity. The
cool washing water contains boric acid and impurities because of dragged saturated boric acid solution and dissolved
boric acid crystals. When the washing water is recycled to
the mineral dissolution process, it causes both excessive
process water and rise of impurities at the process. Thus,
washing waters with excessive volumes are usually discharged into waste sewage. If purified saturated crystallizer
solution, poor in boric acid, is used instead of the cool washing water to wash crystal, and then recycled to the colemanite dissolution process, the discharge of waste boric acid
to the environment is reduced. To purify saturated crystallizer solution, cation exchange resins can be used.
Cation exchange resins have been used for separation
process by many researchers. In a research, the Amberlite
IR-120 synthetic sulfonated resin was used to remove Cu(II),
Zn(II), Ni(II), Pb(II), Cd(II) and it was reported that Freundlich model fitted to adsorption data of all metal ions, although Langmuir model was only valid for Pb(II) and Cd(II)
metal ions [5]. At the study on adsorption capacities, Amberlite IR-120 and Amberlite IRC-718 were also compared
to remove metal ions, and it was found that Amberlite IR120 had high exchange capacity in contrast to Amberlite
IRC-718 under the same experimental conditions [6]. In
addition, Amberlite IR-120 and dolomite were used to re-
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move lead and cadmium from wastewaters and it was seen
that both of adsorbents had good capability and efficiency
to remove these metals [7].
In this study, adsorption kinetics was determined for
removal of the magnesium impurity with synthetic Amberlite IR-120 resin in saturated boric acid solution prepared
synthetically. To determine operational conditions of the
process, parameters were selected as initial solution pH,
temperature and resin/solution ratio, which are convenient
to the present or alternative process conditions. Furthermore, a semi-empirical model including effective process
parameters was developed to predict operational conditions
of the batch exchange process.

concentration was selected between 8000 and 9500 mg/L,
which is equal to concentration of boric acid crystallizer solution in the industry [4]. The resin amount (w: 39.114g/
100 mL) was theoretically calculated from total cation exchange capacity as given in Table 1. 100 mL magnesium
solution was put into the batch reactor and saturated with
boric acid at the operating temperature. Solution temperature was controlled by a thermostat. A certain amount of
pretreated Amberlite IR-120 resin was added into the solution while stirring the reactor content by a magnetic stirrer
at a constant speed (400 rpm). A series of 1 ml samples
were taken into the glass bottles and diluted to reading
scale periodically during the reaction period. At the given
conditions, each experiment was repeated twice and the
arithmetic average was calculated.

MATERIALS AND METHOD
Materials

Synthetic Amberlite IR-120 in hydrogen form (mesh
size) was obtained from Fluka Co. The properties of Amberlite IR-120 were given in Table 1. Both acidic and salt
forms of the resin are stable at temperatures up to 120 oC.
MgSO4 (Merck) was used to prepare magnesium solutions.
H3BO3 (Merck) with 99.9% purity was used to saturate
magnesium solutions.
TABLE 1 - Properties of Amberlite IR-120.
Properties
Total exchange capacity
Functional group
Moisture content
Cross-linkage
pH range
Ionic form
Maximum operating temp. (F)
Particle size (mess)
Matrix
Vapour pressure (mm-Hg at 22 C)
Mass decrease (at 110 C, %)

Values
1.9 meq/mL for wet bed volume
4.4 meq/g for dry weight
Sulphonic acid
~54%
8%
0-14
H+
800
16-50
Styrene-divinylbenzene
17
50

FIGURE 1 - Experimental setup.
1. Reactor 2. pH meter 3. Thermostat 4. Magnetic stirrer

RESULTS AND DISCUSSION

Equipments

An atomic absorption spectrometer (Unicam 929 AA)
was used for quantitative determination of the magnesium
concentration in the liquid phase. The equipment operation
values, flame length, band pass space and wave length were
adjusted as 19 mm, 0.5 nm and 285.2 nm, respectively. Solution pH and temperature were measured using a WTW
inolab pH/ion level 2 model pH meter. During the experiments carried out in a 250 mL glass reactor, solution temperature was kept constant within +/- 0.1 oC, and stirring
speed within +/-1 rpm. An experimental system was given
in Figure 1.
Method

The ion exchange resin was washed with double distilled water to remove all the excessive acid and soaked in
water for 2 hours. Stock magnesium solution was prepared
by dissolving MgSO4 with 5 ml HCl solution. Magnesium

Separation experiments of magnesium impurity from
saturated boric acid solution prepared synthetically were
carried out as a function of resin/solution ratio, initial solution pH, temperature and resin contact time.
Effect of Parameters
The effect of resin/solution ratio

The effect of resin/solution ratio was examined at (w):
39.110g/100mL, (1.25w): 48.887g/100mL, (1.5w): 58.665g/
100mL, (2w):78.220g/100mL. In the experiments, temperature at 303K, magnesium concentration between 8000 and
9500 mg/L, pH 1.4 and stirring speed 400 rpm were kept
constant and results were given in Figure 2. As seen in Figure 2, it can be said that magnesium removal is the same
with increasing resin/solution ratio except for the theoretical resin amount (w). This may be due to rapidly decrease in driving force, which depends on liquid phase con-
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centration of magnesium ions. The maximum Mg removal
was obtained about 98%.

dissolution process. Also, this means decreasing sulphate
impurity problem for the boric acid production [4].

FIGURE 2 - The effect of resin/
solution ratio on magnesium removal.

FIGURE 4 - The measured solution pH
versus contact time in the ion exchange process.

FIGURE 3 - The effect of initial solution pH on magnesium removal.
FIGURE 5 - The effect of temperature on magnesium removal.
The effect of initial solution pH

The sorption of magnesium ion on Amberlite IR-120
resin was studied at different initial pH values between
1.0 and 7.0. In the experiments, temperature at 303K, magnesium concentration between 8000 and 9500 mg/L, resin/
solution ratio 39.114g/100mL and stirring speed 400 rpm
were kept constant. The results obtained were given graphically in Figure 3. As seen in Figure 3, it was observed that
the maximum removal of magnesium was virtually equal
between pH 1.4 and 7. The natural solution pH 1.4 can be
proposed as optimum solution pH. Thus, the ion exchange
process does not require any pH adjustment in the industry. During the ion exchange, solution pH decreased by increasing contact time because of increase in removal as seen
in Figure 4. This is an advantage due to decrease in acid
demand when the solution is recycled to the colemanite

The effect of temperature

The effect of temperature on the adsorption of magnesium ion on Amberlite IR-120 resin was studied at 293,
303, 313 and 323 K. The experiments were carried out for
the natural pH 1.4 at the magnesium concentration between
8000 and 9500 mg/L, resin/solution ratio 39.110g/100 mL
and stirring speed 400 rpm. The results were given graphically in Figure 5. The adsorption rate of magnesium ion
was quite high and it was determined that increase in
temperature was effective onto removal yield. As seen in
Figure 5, optimum temperature and resin contact time can
be proposed between 303 and 323 K and 10 min. Since
the poor saturated crystallizer solution temperature is
about 319 K in the industry [4], it will not be needed any
additional cooling or heating expense.
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Adsorption kinetics

Adsorption kinetics is used to elucidate the adsorption
mechanism, which depends on physical and chemical characteristics of the adsorbent as well as on the mass transport
process [8]. For this purpose, pseudo-first order and pseudo-second order models were applied to experimentally obtained data. The pseudo-first order model is widely used
but its applicability may be questionable due to the heterogeneity of the sorbent surfaces and diversity of sorption
phenomena (transport, surface reaction) as pointed out by
Ho and Mckay [9]. Also, a general acceptance was suggested by Azizian [10], which assumes that pseudo-first
order and pseudo-second order models can be employed
with high and low initial concentrations of solutions, respectively. Adsorbed amount of magnesium on the resin at
any time was calculated by following equation;

qt = [(C0 − Ct ) /(m / V )]

(1)

qt is adsorbed amount on the resin at any time
t (mol/g). C 0 and C t are initial and liquid phase concentrations (mol/L) at t=0 and any time t , respectively. m is
calculated resin amount (g) and V is solution volume (L).
Where,

A series of kinetic experiments were carried out by varying parameters such as resin/solution ratio, initial solution pH and temperature. Obtained correlation factors and
rate constants for the models were given in Table 2. The
plots of linearized pseudo-second order model were given
in Figure 6. The results showed that pseudo-second order
provided good correlation for exchange process of magnesium in contrast to the pseudo-first order model. The agreement of obtained data to the pseudo-second order model is
an indication of the chemisorptions of magnesium ion onto
the resin [13].
TABLE 2 - Adsorption rate constants
and correlation factors for kinetic models.
Parameters

Resin/solution
(g/100 mL)

Initial solution
pH

The pseudo-first order model presented by Lagergren
is generally expressed as follow [11];

dq / dt = k1 (qe − qt )
Where,

(2)

Temperature (K)

q e is adsorbed amount at equilibrium (mol/g).

Pseudo-first order
k1
R
39.110
48.887
58.665
78.22
1
1.4
2
3
4
5
6
7
293
303
313
323

0.920
2.840
1.382
1.457
0.661
1.383
1.450
1.406
0,750
1.355
0.660
0.372
0.222
0.626
0.692
0.387

0.997
0.964
0.964
0.994
0.947
0.971
0.961
0.963
0.972
0.995
0.971
0.924
0.971
0.974
0.981
0.965

Pseudo-second order
k2 *10-3
R
15.479
13.685
69.440
112.835
6.908
746.523
13.932
57.483
130.414
31.104
201.370
33.776
0.941
11.612
1.382
6.203

0.999
0.999
1
1
0.999
1
0.999
0.999
1
1
1
1
0.998
0.999
0.996
0.999

k1 is the rate constant for pseudo-first order model (min-1).
Integrating this equation for boundary condition; q t = 0 at
t =0 and qt = qt at t = t gives

ln(qe − qt ) = −k1t

(3)

ln(qe − qt ) against of t should give a linear relationship with the slope of k1 . Fitness of the model is
A plot of

determined from slope and correlation factor of the plot.
The pseudo-second order model proposed by Ho is expressed as [12];

dq t dt = k 2 (q e − qt ) 2

(4)

Where, k 2 is the rate constant for pseudo-second order model (g/mol min) and t is time (min). For the abovementioned boundary conditions, the integrated form of
equation (4) becomes

t / qt = [(1 / k 2 q e2 ) + (t / q e )]

(5)

The second order rate constant is calculated from the
intercept of the plot t / qt versus t .

FIGURE 6
The plots of pseudo-second order model for resin/solution ratio.
Semi-empirical model

Based on equation (5), a semi-empirical model including effects of initial solution pH, resin/solution ratio, operating temperature and resin contact time was developed
using 93 items of experimentally obtained results, statisti-

724

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

cally. Statistica 6.0 programme was used to obtain the semiempirical model and given as follow;

particle-diffusion controlled process:

moving boundary process:

t / qt = 313 .737 × [ H ]0.0055 × ( S / L) 0.9228 × exp(−5209.856 / RT ) × t 1.0129

(6)

Where, S/L is resin/solution ratio (g/100 mL), R is ideal
gas constant, which was taken as 8,314 J/mol K, and T is
reaction temperature (K), t is resin contact time (min). From
the semi-empirical model, the activation energy and a constant including Arrhenius constant as well are 5.209 kJ/mol
and 313.737 mol-1, respectively. In order to test the
agreement of the experimental data and to make calculations
from the semi-empirical model, the correlation factor was
calculated [14], and was found very good with a correlation factor R=0.995, as seen in Figure 7. The activation
energy lower than 20 kJ/mol and a small effect of the
temperature on removal indicated that the ion exchange
mechanism was controlled by diffusion [15].

(9)

ln(1 − F 2 ) = −kt

(10)

3 − 3(1 − F) 2 / 3 − 2F = kt

Ce is liquid phase concentration at equilibrium (mol/L). k is the corresponding rate constant (min-1).
Where,

Obtained rate constants and correlation factors are shown
in Table 3. As seen in Table 3, it may be said that the process is controlled both pore and film diffusion. This result
was supported by statistically calculated activation energy.
TABLE 3 - Correlation factors and corresponding rate constants for applied diffusion models.
Resin/solution
Ratio
(w):39.110
g/100 mL

(1.25w):48.887
g/100 mL

(1.5w):58.665
g/100 mL

(2w):78.220
g/100 mL

Equation

r

ln(1 − F)
ln(1 − F 2 )
3 − 3(1 − F)2 / 3 − 2F
ln(1 − F)
ln(1 − F2 )
3 − 3(1 − F)2 / 3 − 2F
ln(1 − F)
ln(1 − F2 )
3 − 3(1 − F)2 / 3 − 2F
ln(1 − F)
ln(1 − F2 )
3 − 3(1 − F)2 / 3 − 2F

0.998

k
(min-1)
0.831

0.999

0.670

0.985

0.228

0.933

3.249

0.921

3.084

0.935

0.238

0.919

0.820

0.934

0.658

0.894

0.232

0.999

1.168

0.998

1.004

0.956

0.236

CONCLUSIONS
Based on the present study, following conclusions were
drawn;

FIGURE 7 - The plot of experimentally obtained
(t / q ) versus statistically calculated (t / q ) .
t

t

Also, it was investigated which step was controlling
diffusion of magnesium into the resin. Assuming adsorption of magnesium into the resin as a liquid-solid phase reaction, which includes diffusion of magnesium from liquid
phase to the resin surface, the diffusion of ions within the
resin and chemical reaction between ions and resin functional groups, three possible diffusion mechanisms can be
proposed as follows [16];

§ Optimum solution pH was found 1.4. This is the same
as natural solution pH of the industry.
§ The adsorption rate was quite high at relatively high
temperatures.

(7)

(8)

§ From the applied diffusion models, pore and film diffusion steps were obtained as controlling steps of the

film-diffusion controlled process:

ln(1 − F) = −kt

§ The adsorption equilibrium was reached within 10 min
resin contact time.

§ Pseudo-second order model was the best fitting kinetic
model for the adsorption rate of magnesium on the
resin. Furthermore, the fitness of pseudo second-order
model indicated the chemisorptions of magnesium onto the resin.

A fractional approach to the equilibrium:

F = [(C0 − Ct ) /(C0 − Ce )]

§ The removal yield of magnesium was the same for
all resin/solution ratio except theoretically calculated
resin amount (w).
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transport of magnesium ions into the resin. This result was supported by statistically calculated activation energy.

[14] Ozmetin, C. (2003) A rotating disc study on silver dissolution
in concentrate HNO3 solutions. Chem. Biochem. Eng. Q.,
17(2), 165-169.

§ The semi-empirical model showed a good agreement
between experimentally obtained results and statistically predicted results.

[15] Jackson, E. (1972) Hydrometallurgical Extraction and Reclamation, Ellis Horwood Ltd., Chichester, Newyork.
[16] Alguacil, F.J., Alonso, M. and Lozano, L.J. (2004) Chromium (III) recovery from waste acid solution by ion exchange
processing using Amberlite IR-120 resin: batch and continuous ion exchange modeling. Chemosphere, 57, 789-793.

It can be concluded that Amberlite IR–120 in hydrogen
form, a low cost ion exchange resin, is an effective resin
for removal of magnesium impurity from poor crystallizer
solution.
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C0

Initial solution concentration (mol/L)
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Liquid phase concentration at equilibrium
(mol/L)
Liquid phase concentration at any time t (mol/L)

k

Corresponding rate constant for diffusion (min-1)

k1

Rate constant for pseudo-first order model (min-1)

k2
m

Rate constant for pseudo second order model
(g/mol min)
Resin amount (g)

qe

Adsorbed amount on resin at equilibrium (mol/g)

qt

Adsorbed amount on resin at any time t (mol/g)

R

Ideal gas constant (J/mol K)

S/L

Resin/solution ratio (g/100 mL)

T

Temperature (K)

V

Solution volume (L)
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EFFECT OF SUBSTRATE ADAPTATION,
CARBON STARVATION AND CELL DENSITY ON
THE BIODEGRADATION OF PHENOL BY Actinobacillus sp
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SUMMARY
Actinobacillus sp was grown in batch cultures using
M9 minimal media plus different concentrations of phenol
(100-2000 mg/l) as carbon and energy source. The degradation rate was increased until 300 mg/l phenol, then decreased by increasing the phenol concentration particularly
at concentrations higher than 1500mg/l. The induction time
for phenol degradation was affected to some extent by different volumes of the bacterial inocula. During carbon starvation, the increased biodegradation potential of Actinobacillus sp was accompanied by a decrease in the acclimation period as well as enhancement of the full biodegradation attainment of phenol. The adaptation to phenol not
only increased the degradation rate but also managed to reduce the time required for complete phenol degradation
from 48 to 36 hours. In conclusion, the acclimatized period,
carbon starvation and the cell densities were either separate
or combined leading to the enhancement of the degradation
ability by Actinobacillus sp.

KEYWORDS:
phenol, biodegradation, Actinobacillus sp.

INTRODUCTION
Phenol and derivatives are one of the major hazardous
materials that have a perilous impact on the environment.
These materials have been listed by the Agency for Toxic
Substances and Disease Registry-USA [1] as one of the
top priority contaminants that have a significant potential
threat to human health. Phenol can be toxic to some aquatic
species at concentration ranges as low as mg l-1 and can
cause taste and odor problems in drinking water at far lower
concentrations. Human exposure to these pollutants might
cause liver damage, hemolytic anemia, paralysis and severe
injury to the internal body organs [2, 3]. The maximum tolerable concentration of phenol in water as set by the Environmental Protection Agency (EPA) is 4 mg/L [4]. As the
concentration of these compounds in the downstream is

often higher than the above limit, there is an urgent need
for preventing such pollutants from entering water resources. The utilization of chemicals as carbon or energy
sources by living cells is basic to all forms of life. It is generally accepted narration that adaptation of living cells over
the centuries consume the natural biochemicals found on
earth, but the significant different organic species which
are produced by man have led to environmental problems.
Such a case is due to resistance or complete recalcitrance of
mineralization by any living species [5].
In aqueous solutions various technological handling
processes could be applied to minimize the concentration
of phenols. These processes include solvent extraction [6],
adsorption [7] chlorination [8] and membrane process [9].
They are either costly or have intrinsic disadvantages due
to the tendency of the formation of secondary and more
toxic materials such as chlorophenols [10]. Alternatively,
biological treatment can be applied for phenol degradation
into harmless and low-molecular-weight compounds, particularly CO2 and H2O. While the biodegradation of phenol by different bacterial strains is well documented in
literature, the use of Actinobacillus sp for this treatment has
yet to be explored. Actinobacillus sp was isolated from soil
irrigated with Alkhurbah Alsumra wastewater which is located near the capital of Jordan, Amman. In the present
study, the effect of some growth conditions on the biodegradation of phenol by Actinobacillus sp was performed in batch culture.

MATERIALS AND METHODS
Bacterial strain

Actinobacillus sp was previously identified. It was isolated from the soil irrigated with wastewater [11]. Its morphological characteristics were re-verified and its biochemical identity was determined using two different kits: the
REMEL kit (RapID TM ONE and RapID TM NF plus systems) procedure.
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Media and culture conditions

Cells were grown at 37oC in nutrient broth (NB) or M9
minimal medium (MM). The latter was used for all phenol
degradation experiments [12.8 g of Na2HPO4 · 7H2O, 3 g
of KH2PO4, 0.5 g of NaCl, and 1 g of (NH4)2SO4 per
liter] plus 0.2% glucose as carbon source [12]. In most of
the ex-periments the phenol was replaced with glucose as
carbon and energy source.

centrifugation and washed twice with equal volume of sterilized M9 minimal media. The same procedure was repeated
twice and the harvested cells were suspended into 300 mg/l
phenol containing M9 minimal media as adapted cells. Two
controls were used, first the usual experiment (nonadapted
cells) and the second (Uninoculated M9 minimal media).
The degradation percentage was analyzed as a function of
time as described above.

Phenol degradation assay

Chemicals

One ml of bacterial cells (OD600 nm =0.2) of E. americana that were already grown in NB was inoculated into
125-ml Erlenmyer flasks containing 50 ml of MM. The
phenol degradation was measured as the decrease in absorbance at 267 nm [13]. The initial of phenol degradation rates,
expressed in mg/l.h, was calculated by dividing the net
amount of transformed phenol for 24 hours, since within
this time period many cells showed no further degradation,
or it represented the corresponding elapsed time for all experiments conducted. The reason for calculating the average degradation by this method as suggested by Loh and
Wang [14] was to avoid any errors caused by different
lengths of lag phases, and the difficulty in ascertaining the
time required to achieve complete degradation or when the
degradation had stopped.

Most of the chemicals used were either from Sigma,
USA or from Fluka Chemika, Switzerland. Phenol crystals
(99% purity) were obtained from Merck. The experimental procedure for liquid phenol preparation was developed according to Sambrook et al. [12]. Nutrient broth
was obtained from Difco. Other chemicals were analytical
grade and were obtained from commercial suppliers.

Effect of carbon starvation on phenol degradation

Starvation experiments were conducted according to the
procedure described previously [15]. To make cells starved
for carbon, the bacterial cells of Actinobacillus sp were
grown on nutrient broth (37oC, 150 rpm and pH 7.0) to
med-log phase (OD600 ≈ 0.50). Then the cells were centrifuged (5000 rpm, 10 min, 4oC), washed twice with equal
volumes of sterile M9 minimal medium and suspended in
the same medium to an OD600 of 0.20 (≈ 4 x 108 cells/ml).
The later cell suspension was considered as the non-starved
experimental control to assess phenol degradation by Actinobacillus sp cells. A sub-sample of the cell suspension
was C-starved in the M9 minimal medium at 37oC with
an agitation rate of 150 rpm and left for 24 hours. The
minimal media that contain carbon starved cells was
supplemented with 300-mg/l phenol and tested for their
phenol degrading ability as usual.
Effect of cell density on phenol degradation

Actinobacillus sp cells were obtained from the medlog phase culture as described previously. Cell densities
were adjusted to OD600 nm values of 0.2, 0.4 and 0.6 to
check the effect of cell density on phenol degradation. The
Actinobacillus sp cells were grown in the 300-mg/l-phenol-containing M9 minimal medium at 37oC, with an agitation rate of 150 rpm. The phenol degradation was assayed
as a function of time, as previously described.
Effect of phenol adaptation on the percentage degradation

Actinobacillus sp cells were inoculated into M9 minimal media containing 300 mg/l phenol as the sole carbon
source. After 24 h of incubation the cells were harvested by

RESULTS AND DISCUSSIONS
Effect of substrate concentration

Actinobacillus sp was capable of using phenol as carbon and energy source. Two different negative controls were
used to test the biodegradability of phenol: the uninoculated phenol-containing culture and the heat-killed suspensions. There was no biodegradation activity shown confirming the biodegrading activity made by Actinobacillus sp
cells. Twenty different initial phenol concentrations were
used (Fig. 1). It is clear that the degradation rates (mg/l/h)
were slightly affected by the phenol concentration particularly, 1500 mg/l or lower (Fig. 1). It has previously been
described that when Actinobacillus sp was grown on different substrate concentrations, the substrate inhibition constants K p were 13,000.00 mg/l and 12,000 mg/l for the
cells grown in nutrient broth and M9 minimal media respectively. Such inhibition constants reflect the extent of
sensitivity of the cells by inhibitory substances [11]. This
indicates that the inhibition of the Actinobacillus growth
by phenol is negligible.
Growth Curve

When bacterial cells were grown in 300 mg/l phenol
containing nutrient broth, the cells started to grow after
4 hours lag period (Fig. 2a) as compared to the immediate
growth of control cells (phenol-free nutrient broth). In general, the growth based on cfu/ml reached the 80% level of
that attained for the control (phenol-free media). In contrast,
when cells were cultured in M9 minimal media (Fig 2b),
an acclimation period of 8 hours was observed for experimental and 4 hours for control media. The maximum growth
attained was 2.3 × 107 cfu/ml for M9 minimal media as
compared with 2.8 × 107 cfu/ml for the same cells grown on
phenol free media. The abilities of Actinobacillus sp strain
to use phenol as a carbon source suggests its potential as a
treatment system for the removal of phenol from industrial wastewater or soils.
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sion of peptide transporter protein (Carbon starvation protein A, CstA), even in the absence of their respective inducers or likely resulted from the induction of required
degradative enzymes [16, 17]. In other words, the carbon
starvation increases the ability of starved cells to catabolize and scavenge nutrients from the environment [16].
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FIGURE 1 - Effect of different substrate concentrations on the
degradation of phenol by Actinobacillus sp cells. Bacterial cells
were grown in M9 minimal media plus each corresponding phenol concentration at 37 oC incubation temperature, 150 shaking
rate and pH 7. Data are the average of three individual experiments with error bars indicating STDEVs (σ n-1).
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FIGURE 3 - Effect of carbon starvation on the degradation of phenol
by Actinobacillus sp cells. Bacterial cells were grown in 300 mg/l
phenol containing M9 minimal media at 37 oC incubation temperature, 150 shaking rate and pH 7. Data are the average of three individual experiments with error bars indicating STDEVs (σ n-1).
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FIGURE 2 - Growth curves of Actinobacillus sp cells that were
grown in (a) nutrient broth (NB) and NB plus 300 mg/l phenol,
(b) minimal medium plus 0.2% glucose as control and M9 minimal
medium plus 300 mg/l phenol as sole carbon and energy sources.
The growth conditions were 37 oC incubation temperature, 150 rpm
shaking rate and pH 7. Data are the average of three individual
experiments with error bars indicating STDEVs (σ n-1).
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Effect of Carbon Starvation on Phenol Degradation

The data on carbon starvation experiments are shown
in Figure 3. The degradation rates for pre-starved and nonstarved cells were 5.1 and 4.1 mg/l/h, respectively. The
time required for complete phenol degradation was 36 and
48 hours for both starved and nonstarved cells, respectively.
In parallel, the growth rates for both were almost the same
although the starved bacterial cells required a shorter acclimation period. Thus the acclimation period of growth,
the speed and rate of phenol degradation by Actinobacillus sp. cells were affected by carbon starvation in a positive manner. It was reported that carbon starvation caused
the phenol catabolic genes to be early expressed [16]. This
is probably true as long as the carbon starved cells had
shorter lag phase than nonstarved cells. Moreover, the carbon starvation in E. coli was shown to induce the expres-

12
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30

36

42

48

(Time (h)
FIGURE 4 - Effect of cell density (0.2, 0.4 and 0.6 OD600) on the
degradation of phenol by Actinobacillus sp cells. Bacterial cells were
grown in 300 mg/l phenol containing M9 minimal media at 37 oC
incubation temperature, 150 shaking rate and pH 7. Data are the
average of three individual experiments with error bars indicating
STDEVs (σ n-1).
Effect of Cell Density

The effect of cell density (OD600=0.2, 0.4 and 0.6) on
the percentage of phenol degradation was studied to make
a decision to whether the decrease in acclimation period
during the initial carbon starvation is the outcome of the
increased cell density or not. Generally, when these cell
densities used to inoculate 300-mg/l-containing nutrient
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broth, different induction times were seen (Fig. 4). The degradation rate caused by the three cell densities were increased in the order of, 5, 8.75 and 12.5 mg/l/h respectively.
Additionally, the time spent for achieving the complete
phenol degradation was 24, 36 and 48 hours, respectively.
Thus the initial cell density was an important factor in
minimizing both the induction time and the time required
for achieving the total phenol degradation. These results
were similar to that reported by others [18, 19].
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MORPHOLOGY OF POLYMERIC RESINS
IN ADSORPTION OF ORGANIC PESTICIDES
Grigorios Kyriakopoulos and Danae Doulia*
School of Chemical Engineering, National Technical University of Athens, Zografou Campus, 15780 Athens, Greece

SUMMARY
Scanning Electron Microscopy (SEM) technique was
applied for the investigation of the resin surface in pesticide adsorption. Static adsorption experiments were performed for the removal of alachlor, trifluralin, prometryn
and amitrole from their aqueous solution on two polymeric
resins (divinylbenzene – polystyrene copolymer XAD-4
and polyacrylic ester XAD-7). The obtained SEM images
revealed the alteration of the surface morphology of the
resin particles with regard to that of the untreated particles.
Pesticides adsorption was determined from the reduction of
the concentration of dissolved pesticides in aqueous solutions by High Performance Liquid Chromatography (HPLC)
analysis. The results of SEM technique supported the phenomenon of pesticides adsorption, giving more information on the changes occurring at the resin surface.

surface morphology of the above copolymers using SEM
has been reported only in the case of metal ions and chelates adsorption [9, 10]. The investigation of the surface of
polyacrylic ester adsorbents for pesticides removal has not
been mentioned in the relevant literature.
This experimental work is focused on the examination
of morphology of the polymeric substrates (amberlites XAD4 and XAD-7) used in pesticides adsorption. The adsorption of the pesticides amitrole, prometryn, alachlor and trifluralin was performed through static adsorption experiments and using HPLC as analytical method [11]. The adsorption was accomplished by the investigation of the surface morphology of the untreated and treated adsorbent applying SEM technique.
MATERIALS AND METHODS

KEYWORDS:
Adsorption, pesticides, resins, SEM, surface morphology.

Two polymeric resins were investigated, namely the
amberlites XAD-4 and XAD-7 [12], whose chemical structure and their physical and technical properties are given
in Table 1.

INTRODUCTION
The adsorption of organic pesticides from aqueous solutions onto a variety of substrates is, generally, determined
by the concentration decrease of the organic compound in
aqueous phase. So far, a variety of analytical methods have
been used, such as GC, HPLC, UV, SPE etc., depending
on the concentration range and the structure of the organic
compound [1-5]. In the case of polymeric adsorbents, the
examination of the surface by a variety of microscopic techniques, such as SEM technique, is of great importance, offering valuable information concerning not only the surface morphology (shape, smoothness, geometric characteristics, porosity etc.), but also the interactions developed between the solid and the organic compound [6,7].
The removal of a number of toxic pesticides by adsorption on polymeric materials has been proved effective, even
at very low concentrations of organic compounds in water
[8]. Particularly, the polystyrene divinyl benzene copolymers have been extensively used for the separation of some
metals and organic compounds. So far, the alteration of the

TABLE 1 - Physical properties of amberlites XAD-4 and XAD-7.
Property
Chemical Structure
Porosity
(ml.pore/ml bead- dry basis)
Surface Area (m2/g dry basis)
Average pore diameter
(Å-dry basis)
Mean particle size (mesh)

XAD-4
polystyrene

XAD-7
polyacrilic ester

0.35-0.50

≥0.50

750

450

50

300

40

40

The chemical structure and the physicochemical properties of the examined pesticides are shown in Table 2.
Scanning Electron Microscopy (SEM)

The resin samples were examined using a FEI QUANTA 200 scanning electron microscope (SEM). Working
conditions were the following: beam: 5.0 kV and size of
focus beam: 5.0. The working distance of 10.4 – 12.7 mm
was maintained using an acceleration voltage of 5 kV. The
magnification was in the range of 300 – 1000 µm.
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TABLE 2 - Pesticides structure and properties.
Pesticides
Amitrole

Prometryn

Alachlor

Trifluralin

Structure/ Properties
H

CH3S

N

NHCH ( CH 3)2

CH 2CH 3

Chemical Structure

O

CF3

CH 3

CH 2

N

N

N

N

N

O
C

N

NHCH ( CH 3)2

CH 2CH 3

NH2

C10H19N5S
33mg/l
(25oC)

NO2
N(CH 2CH2CH3)2

Molecular form
Solubility in water
(20-25 °C)

C2 H4 N4
280g/l
(23oC)

C14H20ClNO2
140mg/l
(23oC)

pKa (21 °C)

4.2 and 10.7

4.1

-

C13H16F3N3O4
0.184mg/l (pH 5)
0.221mg/l (pH 7)
(25oC)
-

Mol .wt.

84.1

241.4

269.8

335.3

The detectors used were a Secondary Electron Detector
(SED) (Everhart –Thornley Detector) and a digital mixing
of the previous detector with a Solid State Detector (SSD)
(Backscattered Electron Detector) (MIX).

Cad x10 5 (mol/g)

4

A number of microscope images were obtained for the
untreated resins and the resins after adsorption of pesticides
on their surface. The photographs of the samples were taken
by depositing them on a sample holder and supporting them
with a carbon tape.

Prometryn

3

Alachlor

2

Trifluralin

1
0
0

1

2

3

Ceqx103 (m ol/l)

RESULTS AND DISCUSSION
The adsorption isotherms of the pesticides investigated
are given in Figs. 1-3 [5]. These results were based on the
reduction of the initial concentration of pesticides in aqueous solution during adsorption, until equilibrium was established. The analysis of pesticides concentration in the solutions was performed using HPLC technique.

FIGURE 2
Pesticides adsorption on XAD-7 resin, at pH 6.5 and T = 20oC.

In order to confirm the adsorption of pesticides on the
resins and to get more information concerning the alteration of the resin surface morphology, a microscopic SEM
(Scanning Electron Microscopy) technique was applied.

Cad x10 5 (mol/g)

8
XAD-4

6

XAD-7

4
2
0
0

Cad x10 5 (mol/g)

NO2

CH 2Cl

5
4
3
2
1
0

5

10

15

3

Ceqx10 (m ol/l)

Prometryn
Alachlor

FIGURE 3
Amitrole adsorption on XAD-4 resin, at pH 6.5 and T = 20oC.

Trifluralin

0

0,5

1

1,5

2

Ceqx103 (m ol/l)
FIGURE 1
Pesticides adsorption on XAD-4 resin, at pH 6.5 and T = 20oC.

The SEM photographs of the untreated resins (Figs. 4 –
11) revealed the presence of pores on the surface and the
almost spherical shape of the untreated beads. In addition,
XAD-4 resin surface morphology was different to that of
XAD-7 resin. In all cases of pesticides investigated, the
alteration in the morphology of both resin surfaces in the
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presence of adsorbed pesticide, in comparison with the untreated resin surface, is evident. The images taken with
both detectors (SED and MIX) and at various magnifications showed similar changes on the resin surface examined. Additionally, we can observe that in all cases after
pesticide adsorption, pore size and porosity of resin beads
decreases. In the case of alachlor adsorption on XAD-4
resin, the roughness and the heterogeneity of treated resin
surface was increased significantly in comparison to the

untreated resin (Fig.4). This can be justified by the complicated stereochemical structure of alachlor molecule. In spite
of its long hydrophobic carbon chain which normally moves
towards the bead hydrophobic surface the number and the
positions of hydrophilic groups (which is reflected to its
solubility) appears to not fully allow penetration into the
resin pores. All the obtained images revealed the coverage
of the beads with the pesticides adsorbed.

FIGURE 4 - SEM images for untreated (a)
and treated (b) XAD-4 resin with alachlor.

FIGURE 5 - SEM images for untreated (a)
and treated (b) XAD-4 resin with amitrole.

FIGURE 6 - SEM images for untreated (a)
and treated (b) XAD-4 resin with prometryn.

FIGURE 7 - SEM images for untreated (a)
and treated (b) XAD-4 resin with trifluralin.

FIGURE 8 - SEM images for untreated (a)
and treated (b) XAD-7 resin with alachlor.

FIGURE 9 - SEM images for untreated (a)
and treated (b) XAD-7 resin with amitrole.

FIGURE 10 - SEM images for untreated (a)
and treated (b) XAD-7 resin with prometryn.

FIGURE 11 - SEM images for untreated (a)
and treated (b) XAD-7 resin with trifluralin.
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CONCLUSIONS
SEM images revealed the adsorption of pesticides investigated on the polymeric resin surface. Significant alteration of the resin surface morphology was observed and an
increase of the surface heterogeneity and roughness was
estimated.
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THERMAL USE OF BIOFUELS IN BUILDINGS.
ENVIRONMENTAL AND ECONOMIC EVALUATION
Theocharis Tsoutsos*, Victor Kouloumpis and Antonis Kalogerakis
Department of Environmental Engineering, Technical University of Crete, University Campus, 73100 Chania, Greece

SUMMARY
Wood pellets or chips as modern fuel sources can differ significantly regarding their origin, particle size, humidity etc. Wood fuels can be pumped into storage just
like fuel oils, and they are renewable and cost-effective
ones.
The aim of the current paper is to evaluate the thermal use of bio-fuels in the domestic sector as an economical feasible and environmental-friendly application.
Specific scenarios for biomass usage in household
heating systems are deployed. The evaluation is based on
environmental and economic criteria. Considering the economic investigation, the investment in a biomass heating
system for a residence is economically attractive, even if
it is going to replace an existing oil system. The increased
oil cost and the compensations due to the reduction of
Greenhouse Gases Emissions are the most significant
reasons for this choice.

KEYWORDS: biomass, bio-heat, renewable energy sources, technology evaluation.

• Negative trend: gradual decrease in the use of traditional bioenergy (fuelwood)
• Positive trend: slow growth of new bioenergy applications (agro-industrial residues).
With respect to the type of bio-fuels used in Greece,
we should note that more than 95% of the above defined
contributions are solid ones, which are mostly (more than
90%) used for energy production without any type of refining or upgrading.
The evaluation of the thermal use of biomass is the
major scope of this paper, focusing in the domestic sector,
as an economically efficient and environmental-friendly
application.
Particularly, the current paper describes the typical
characteristics of the biomass systems and analyzes the
software tool, which is used to make all the essential comparisons between conventional and bio-fuel systems.
Also, scenarios for using biomass in household heating systems are deployed. Initially, a comparison between
the contributions of greenhouse gases (GHG) emissions of
each heating system is carried out.
Afterwards, a second and more detailed comparison
takes places, on the basis of cash flows, considering that the
installation of every new heating system intends to replace
the existing main heating one, as a unique investment.

INTRODUCTION
At present, biomass is partially exploited in some
European countries, and going to play an important worldwide role in the near future to cover the heating demands
[1]. Modern wood heating systems are quite different from
the traditional logwood burning in a fireplace. Current wood
fuels are most commonly wood pellets or chips, with a
variety of origins, particle sizes, humidity etc. They can
be stored just like fuel oils, being -at the same time- environmental-friendly and profitable fuels [2,3].
In Greece, the total biomass contribution, as primary
energy, is presently estimated to be 1 Mtoe/year, and can
be considered as more-or-less stable in a short run period,
as the two opposing major tendencies balance each other
[4, 5]:

MATERIALS AND METHODS
Software description

The software used for the analysis of the scenarios is
the Biomass Heating Model: “RETScreen International –
Version 2000” by Canada’s Energy Diversification Research Laboratory (CEDRL) [6]. Apart from the National
Resources of Canada (NRCan) and CEDRL, “RETScreen
International” was developed in collaboration with the
United Nations Environment Programme’s (UNEP) and the
National Aeronautics and Space Administration’s (NASA)
Earth Science Enterprise Program. In general, the analysis
has the following advantages [7]:
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§ It uses a familiar software environment (Microsoft®
Excel);
§ It is freeware;
§ It can use on-line data, keeping them updated and contemporary;
§ It includes a lot of parameters, allowing for a more complete handling of each problem.
The main procedures, which are used in order to exploit the RETScreen software for energy analysis tool, are
presented in Fig. 1.
Base case Inputs

Green House Gases
Analysis

The selected -under study- site is a single family house
in the suburbs of Athens, an area which accommodates a
high fraction of the country’s population. What is more,
the prefecture of Attika, which includes the city of Athens, consumes the greatest proportion of the Greek-produced energy, because of its high population and high number of industries in this area.

The existing regulations permit the use of biomass for
heating in the centre of Athens, however, the use of alternative energy sources is allowed out of the city centre.

Financial
Summary &
Cash Flow
Diagrams

Sensitivity Analysis

Site Conditions – Temperature

Also, Athens is situated in the middle of the country,
and has average values of temperature, when balancing
the cold climate of Northern Greece and the warm climate
of Southern Greece and the islands. In addition, household
heating requirements in the suburbs are not influenced by
the temperature increase that exists in the city because of
building density.

Cost Analysis

Energy Model

In the following chapters, the input data considered to
be constant are presented for each study, and different scenarios are developed based on the alteration of certain parameters.

The model calculates the total annual heating degree
days with temperatures below 18 ºC by summing the
monthly degree-days (Table 1). Then, the model calculates
the equivalent full load hours, which are defined as the
annual energy demand divided by the peak heating load,
for a specific location. This value is equivalent to the number of hours that a heating system (sized exactly for the
peak heating load) would operate at a rated capacity, enough
to meet the annual heating energy demand (in this study
case: 1,306 hrs).

Final Results- End

FIGURE 1 - Presentation of RETscreen model.

TABLE 1 - The number of Celsius degrees that the daily mean temperature is below 18 οC for every month (Athens Observatory).
Month
January
February
March
April

o

C-d
<18οC
282
240
205
84

o

Month

C-d
<18οC
0
0
0
0

May
June
July
August

Base Case Heating System and Heating Load
2

The typical system under study is a 120 m house. Concerning the Base Case Heating System, this house uses a
diesel heating system, which consists of a boiler with a
power potential of 18.6 kW [9] and 60 m of pipes. According to the installation design of the heating system, the
heating energy demand is 14.5 kW. Therefore, the boiler’s
power should be about 19 kW, if the efficiency of the heating system is about 70%.

Month
September
October
November
December

o

C-d
<18οC
0
9
117
223

As a result from the above calculations, it takes up to
14.5 kW to heat 120 m2, and the heating load required is
approximately 120 W/m2. What is more, the model calculates that the heating energy demand is 16 MWh, and the
total peak heating load is 12 kW. For this reason, the
annual heating fuel requirement is 2293 L diesel, which
costs 803 €, if the diesel price is considered to be stable at
0.65 €/L [8] (Table 2). When the oil price rises to 0.75 €/
L and 0.85 €/L, the heating costs will reach 1,719.75 € and
1,949.05 €, respectively.
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The selection of peat as a biofuel (with a calorific
value of 20,147 MJ/t – use kJ/kg like before), requires
definition of the contained humidity rate. For example, if
the humidity is 30 %, then the thermal value of peat is
reduced to 13,368 MJ/t – use kJ/kg like before. Its price on
the wood market is around 0.1 €/kg.

TABLE 2 - Base case diesel heating system.
Heated floor area per building cluster
Heating fuel type
Heating system seasonal efficiency
Heating load for building cluster
Heating energy demand - annual
Total peak heating load
Fuel consumption - annual
Unit cost of fuel
Total fuel cost - annual

2

120 m
No.2 fuel oil
70%
120 W/m2
19 MWh
12 kW
2293 L
0.65 €/L [8]
1490.45 €

The output of the selected bio-heat system uses a 10 kW
boiler. Considering that the boiler has a seasonal efficiency
of 80%, the energy provided by the biomass use is 18 MWh.

The developed scenarios use the biomass heating system as the main one of the house. All the other heating
systems existing in the house, before the installation of the
biomass heating system, are used only in the case of the
main system’s inability to cover the heating energy demand, especially in peak conditions. As a result, all the
heating systems, besides the biomass one, are treated as
back up systems.

GHG Emissions

GHGs emission results are shown in Table 3, assuming oil as the only fuel (100 %).
TABLE 3 - GHG emissions for the diesel heating system.
Fuel Type
CO2 emission factor
(kg of gas emitted/GJ of heating energy generated)
CH4 emission factor
(kg of gas emitted/GJ of heating energy generated)
N2O emission factor
(kg of gas emitted/GJ of heating energy generated)
GHG emission factor
(t CO2/MWh)
Annual GHG emission (t CO2)

Biomass Efficiency

The thermal value of the various wood types varies
from 16,300 to 21,400 kJ/kg. One of the most widespread
types in the market of firewood is pine that has an average
calorific value of 20,226 kJ/kg with ash, which reflects
the average of corresponding prices of stub, the average
height of top and branches [10, 11]. The value of ash (in
our case 0.54%) appears to be high because it has not
been calculated considering the contained humidity, which
lowers the calorific value significantly.

Diesel
100%
74.1
0.0020
0.0020
0.384
7.296

The model provides the emission factors of CO2, CH4,
and N2O that represent the quantity of GHG emitted per
unit of energy. These factors vary depending on the type
and the quality of fuel, but also on the type and amount of
heat produced (Table 4).

TABLE 4 - Default Emission Factors and Conversion Efficiencies.
Fuel Type

CO2 emission factor
CH4 emission factor
N2O emission factor
CO2 (kg/GJ)
(kg/GJ)
(kg/GJ)
Coal
94.6
0.0020
0.0030
Natural Gas
56.1
0.0030
0.0010
Nuclear
0
0
0
Large Hydro
0
0
0
No.6 oil
77.4
0.0030
0.0020
No.2 fuel oil
74.1
0.0020
0.0020
Geothermal
0
0
0
Biomass(wood)
0
0.0320
0.0040
Small Hydro
0
0
0
Wind
0
0
0
Solar
0
0
0
Propane
63.1
0.0010
0.0010
* Efficiency of energy conversion from primary heat potential to actual power plant output

Cost Analysis

Fuel conversion efficiency*
(%)
35
45
30
30
25
45

• Feasibility Analysis

The main expenses are considered as initial or annual.

• Work Development

(i) Initial expenses concern the constant expenses related to the installation of the system and the beginning of
its operation, such as:

• Engineering
• Equipment for energy production from biomass
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RESULTS AND DISCUSSION

• Equipment for the balance of heating system
• Various (training, unexpected expenses etc).

Comparison Biomass – Oil for Heating

In order for the cost parameters to be examined objectively for each scenario, without being affected by potential
fluctuations of prices depending on place and time in which
they are examined, the software was adjusted not to take
into consideration the costs of the feasibility study, development and engineering.

1. Economic Evaluation

As the case study is not referred to a residential building, visits of experts are not required, and as a result no administrative or training expenses are assumed, and the corresponding costs are zero.

The result of the annual energy production using the
proposed system is presented in Table 5.

(i) Biomass as Main Heating System/
Oil as Backup Heating System
We consider that the residential building uses oil heating, as described in the assumptions of the system, which is
also mostly realistic.

TABLE 5 - Annual energy production
of the biomass-diesel heating system

The cost for biomass energy production consists of the
price of the boiler and the total installation charges. In order
to homogenize the various cases, the average boiler price
is considered to be 140 €/kW. Similarly, the total installation charges are assigned to be 70 €/kW. Also, 1,000 € are
charged for potential transport expenses, prior to the installation of the system.
The total expenses of the biomass heating system include its procurement cost, installation, and possibly required constructions. The systems that have the ability to
counterbalance and cover the demand could be an oil heating system, electric bodies (fan heaters, air-conditions), or
natural gas systems. In every case, the cost per kW has
been estimated, as well as the energy efficiencies of the
systems, in order to be able to compare the various combinations and find the optimal use (environmentally and economically) of the systems. These total expenses are credited
in the buildings under study, where such heating systems
exist. In the specific study case of this paper, the existing
19 kW system costs 4,000 €, a value that is credited.
Finally, the various initial expenses can include training expenses (zero in this case study) and a percentage
equal to 10% to cover emergencies.
(ii) Annual expenses concern the maintenance-operation and fuel requirements, specifically:
• Operation and management (spare parts, labour costs,
general administrative costs, as well as a percentage for
unforeseen)
• Fuel/electricity
From the above, that parts which reach 180 € are taken
into account, and the percentage, for unforeseen cases, is
received to be equal with 10%.
The fuel cost in the case of biomass varies depending
on the type of woo (pines costs 100 €/t, oaks 120 €/t, and
olive trees 140 €/t). For homogeneity reasons, and in order
to better distinguish the differences induced in the results
from the change of remaining parameters (such as the existence of economic incentives, or the change of oil
price), the use of pine is assumed.

Annual Energy Production
Percentage of peak heating load
Heating capacity
Equivalent full output
hours
Capacity factor
Percentage of total heating
energy demand
Heating energy delivered
Biomass requirement
Heating fuel requirement

%
kW
h
%
%
MWh
t
L

Biomass

Peak

Total

69.4
10

105.6
15

175.0
25

1.831
20.9

33
0.4

-

97.3
18
6
-

2.7
1
58

100.0
19
6
58

Apparently, the heating system that uses only biomass
is inadequate to satisfy the energy requirements in peak
conditions, and for this reason the use of an existing oil
boiler is considered, as a back-up. The additional oil consumption is 58 L, surcharging the annual budget with 58 x
0.65 = 37.7 €, which is relatively insignificant. The biomass
consumption will be 6.17 t and cost 617 €. A more practical
way to satisfy the demand in peak conditions could have
been the purchase of a more powerful biomass boiler. The
reason for not doing so, is that investing in a higher-scale
biomass system would cost more than just using the existing system as back-up one.
Based on the above calculations, the annual costs that
accompany the investment are 835 €, including the operation and maintenance costs, which are 198 €.
The total initial costs do not overcome the investment,
even when purchase and installation of the biomass heating system equipment exceed 6,000 €, since the replaced
oil heating system with its existing boiler has a higher
power and costs more.
In Fig. 2, the annual financial flow is presented. The
positive flow, which indicates profit from the investment,
comes up after the first year of system operation, which is a
satisfactory time duration, since the initially invested budget was not high.
(ii) Exclusive Use of Biomass

In order to completely eliminate the use of oil, a biomass boiler system with a power greater than 15 kW should
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be used. In this case, the cash flow will follow the trend
presented in Fig. 2.

in the USA can vary from 4 to 95 $/t, with more usual
prices of 5-8 $/t [12].

60000

35000
30000

Combined use
of biomass& oil

40000

cumulative cash flow in €

cumulative cash flow in €

50000

Biomass use
only, when oil
costs 0.65 €/lt

30000
20000

Biomass use
only, when oil
costs 0.75 €/lt

10000
0
1

3

5

-10000

7

9

11 13 15 17 19

21 23 25

Biomass use
only, when oil
costs 0.873 €/lt

1500 €
subsidy

25000

7.8 €/ts
subsidy

20000
15000

100 €/ts
subsidy

10000
5000
0

years

-5000

FIGURE 2 - Cumulative cash flow for
combined use of biomass and oil heating systems.

1 3 5 7 9 11 13 15 17 19 21 23 25
years

FIGURE 3 - Effects of subsidies.

Considering, however, the potential increase of the
oil price (equal to 0.75 €/L), then the profits will begin to
appear after 2 years of operation. In order to reach a payback period of 1 year, the oil price should reach up to
0.873 €/L (Fig. 2).
(iii) Scenarios of Economic Motives

The increase of oil price cannot constitute the sole
criterion promoting the use of Renewable Energy Sources
(RES). In a more general framework, two policies could be
applied:
• subsidy for those who promote/use RES,
• financial revenue depending on their CO2 t not emitted
to the environment because of the particular RES application (Kyoto protocol).
Based on the case under study, even an initial subsidy
of 1,500 € can make the biomass system profitable from
its creation, however, without being able to upkeep itself
(Fig. 3).
The model that is used can calculate even the case
where initial subsidy does not exist, but there is financial
revenue for every avoided t of CO2 annually. It uses the
data from the worksheet calculating the avoided GHG and
the existing price for the right of GHG emission. This price

2. Environmental Evaluation

Additionally to the cost analysis of bioheat, the model
provides the opportunity to calculate the total reduction of
GHG achieved from different scenarios. Table 6 shows the
results of the environmental evaluation of the heating systems either exclusively with biomass or together with oil.
The results prove that biomass used exclusively or in
combination with the existing heating system lead to an
annual reduction of about 7 t GHG emissions. Such a case
is expected, when low oil consumption is taken under consideration involving the parallel use of both systems.
It is notable that 92.6 kg CO2/GJ are emitted without
using biomass, as it was also analyzed in the assumptions
of the system.
Comparison between Biomass and Natural Gas
1. Economic Evaluation

(i) Exclusive Use of Natural Gas
According to the data of the gas-supplying company
(without any study from an expert, since the site is not located near a developed gas network), the following calculations are presented.

TABLE 6 - GHG emissions for the biomass-diesel heating system.

Fuel Type
CO2 emission factor
(kg of gas emitted/GJ of heating energy generated)
CH4 emission factor
(kg of gas emitted /GJ of heating energy generated)
N2O emission factor
(kg of gas emitted /GJ of heating energy generated)
GHG emission factor (t CO2/MWh)
Annual GHG emission reduction (t CO2)

Both Biomass and Diesel use
Biomass
Diesel
Total
97.3%
2.7%
100%
0.0
74.1
2.5

Biomass use only
Biomass
Diesel
Total
100%
0%
100%
0.0
0
0

0.0020

0.0020

0.0390

0.0320

0

0.0320

0.0020

0.0020

0.0049

0.0040

0

0.0040

0.009

0.336
6.9

0.017

0.009

0
7.1

0.009
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The connection fees in the network of the natural gas
utility of Attica prefecture for a single house are 440 €. Regarding the cost for the appliances of natural gas as well as
that for the internal installation and the individual (incorporated) boiler, natural gas for heating costs roughly 1,250 €
plus 400 € for 12 m of piping, including the required valves.
Additionally, the VAT (19%) is roughly 376 €, and the total
costs are about 2,466 €. A down payment to the gas supplier costs 88 €, but is not taken into consideration in these
calculations, since being returned after the end of contract.

6.17 t biomass will be required, and the rest charge will be
covered with 69 m3 of natural gas, costing roughly 69 m3 x
0.3761 €/ m3 = 25.95 €.
TABLE 7 - Annual energy production
for a biomass-natural gas heating system
Annual Energy Production
Percentage of
%
peak heating load
kW
Heating capacity
Equivalent full
h
output hours
%
Capacity factor
Percentage of total
heating energy
%
demand
Heating energy
MWh
delivered
Biomass requiret
ment
Heating fuel
m3
requirement

The space is slightly smaller than that usually required
for an oil or biomass boiler, because the boiler may be
somewhat smaller in volume and needs neither fuel tank
nor a board for the measurer.
Finally, the fuel cost is relatively small and calculated
around 0.3761 €/m3 (based on 0.03761 €/kWh in 2005 and
approx. 10 kWh corresponding to 1 m3). According to the
model, roughly 1,822 m3 of natural gas are needed for the
case study - if natural gas is used exclusively for heating raising the costs to 685.25 €.
The model presents the cash flows as appearing in
Fig. 4. The cumulative cash flow was positive, for more
than 20 years, due to savings that take place: natural gas
heating system requires less space (which is usually
expensive in towns), less machinery and less handling
costs. Also, extended use of the technology in the future
will lead to improved performance further reducing the
costs, and making the investment even more profitable.
8000

cumulative cash flow in
€

4000
2000

-2000

1

4

7

10 13 16 19 22 25

-4000
-6000

Total

69.4
10

102.1
15

171.5
25

1.831
20.9%

34
0.4%

-

97.3%

2.7%

100.0%

18

1

19

6

-

6

-

69

69

However, the cash flows in this case do not follow the
trend in the case of oil, as presented in Fig. 4, which is the
result of the low price of natural gas versus that of oil.
iii) Exclusive Biomass Use
The results of the cash flows (Fig. 4) are similar to
those of parallel use of biomass and natural gas, when the
contribution of natural gas is relatively small. The only
change will be noted during the year, in which the first
negative values in the accumulative curve start to exist.

If every new biomass heating installation could receive financing of about 1,500 €, or if each avoided t CO2
could be subsidized for 6 €, the only change will be observed during the year, in which the first negative values
in accumulative curve will start to exist.

Biomass use
only

0

Peak

(iv) Scenarios of Economic Incentives

Natural gas use
only

6000

Biomass

Both natural
gas and
biomass use
Biomass use
only with 6€ /tn
subsidy

2. Environmental Evaluation

Biomass use
only with 1500€
subsidy

The model’s results regarding the environmental impacts from the exclusive use of natural gas are shown in
Table 8.

-8000

The CO2 emissions are 1.786 t higher than in the case
of using exclusively oil for heating, because even when
the load remains 19 MWh, the GHG emission factor of oil
remains higher than 0.094 t CO2/MWh.

years

FIGURE 4 - Cumulative cash flow
for biomass and natural gas heating system.

On the other hand, if a natural gas heating system is
installed and applied in block of flats, the costs per apartment will be even lower due to "economy of scale", and
the investment will be profitable even if the prices remain
at the current levels.
(ii) Biomass as Main Heating System/
Natural Gas Heating System as Back-up
Table 7 shows the results where boiler biomass of power 10 kW is used in parallel with natural gas. Once again,

On the contrary, when only biomass is used instead of
natural gas, then the corresponding factors of emissions
are decreased (Table 8), and the annual reduction of GHG
emission appears to be 5.3 t.
Finally, when biomass is used in parallel with the existing natural gas system, the results are also presented in
Table 8.
According to the case of oil, the annual reduction of
GHG emission is around 5 t, when biomass is being used
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TABLE 8 - GHG emissions for a biomass-natural gas heating system.
Fuel Mix
Fuel Type

Natural gas use only
Biomass
Natural Gas
Total
0%
100%
100%

CO2 emission factor
(kg of gas emitted/GJ of
heating energy generated)
CH4 emission factor
(kg of gas emitted/GJ of
heating energy generated)
N2O emission factor
(kg of gas emitted/GJ of
heating energy generated)
GHG emission factor
(t CO2/MWh)
Annual GHG emission
reduction (t CO2)

Biomass use only
Biomass
Natural Gas
Total
100%
0%
100%

0.0

56.1

0

0.0

0.0

0.0

0.0

56.1

2.1

0.0

0.0030

0.0320

0.0320

0

0.0320

0.0320

0.0030

0.0390

0.00

0.0010

0.004

0.0040

0

0.0040

0.0040

0.0010

0.0049

0.00

0.29

0.29

0.009

0

0.009

0.009

0.29

0.016

0

5.3

exclusively or in combination with natural gas. Once again,
this was expected, taking into consideration the low consumption of natural gas that results from the parallel use
of the two systems.
It is worth-noting that the reduction of GHG emissions
by using biomass together with natural gas is smalller than
in the case of heating oil.
Comparison of Biomass Electric Air-Conditioning Appliances

Before comparing the biomass heating system to electrical air-conditioning appliances, it should be noted that
the most common air-conditioning system in Greek households is the split-type one for cooling/heating, and the electricity consumed for its operation comes from the same
source of electric power used for other electrical appliances.
1. Economic Evaluation

(i) Exclusive Use of Electric Air-Conditioners
Since the required thermal load is equal to 19 kW, and
keeping in mind the arrangement of the building, it is estimated that four air-conditioners of 2600 W and two of

Cumulative cash flow in €

5.2

7,000 W are necessary. The total investment, including the
installation costs, is 4630 € (4 x 515 = 2030 € + 2 x 1300 €
= 2600 €).
In this case, the energy source is electricity and accounted in cost analysis. Concretely, the price of 1 kWh is
0.06817 € for the first 813 kWh, 0.0868 €/kWh for the
next 813 kWh and, finally, 0.10662€ for each next kWh.
Therefore, an average price of 0.0868 €/kWh is considered, since the building’s usual consumption (without the
use of air-conditioners) always exceeds 813 kWh, in order
to cover the remaining needs in electricity (lighting, cooking, heaters, electronic appliances etc).
Given the fact that the thermal efficiency of the heating system is 70% and that according to the model using
exclusively electricity uses up to 27 MWh annually, the
electricity cost raises to 2,333 €.
As a result, the cash flows will follow the trend that
appears in Figure 5. For this scenario, one decade is enough
in order for negative flows to appear since the beginning
of the investment.

5000

Air condition use only

0
-5000

Both Biomass & Natural Gas use
Biomass
Natural Gas
Total
97.3%
2.7%
100%

0

5

10

15

20

25

30
Both air condition and
biomass usage

-10000
-15000

Biomass use only

-20000
-25000

Both air condition and
biomass usage with
10000 € subsidy

-30000
-35000
-40000
years

FIGURE 5 -Cumulative cash flow for biomass and electric air-conditioning system.
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(jj) Biomass as Main Heating System/ Air-Conditioning
Heating System as Back-up
Parallel use of biomass and electricity in air-conditioning appliances, regarding the annual production of energy, is summarized in Table 9.
TABLE 9 - Annual energy production
for a biomass-electric air condition heating system.
Annual Energy Production
Percentage of peak heat%
ing load
kW
Heating capacity
Equivalent full output
h
hours
%
Capacity factor
Percentage of total heat%
ing energy demand
MWh
Heating energy delivered
t
Biomass requirement
Heating fuel requirement MWh

ing system is intended to be installed, the high expenses of
installation of both different heating technologies are not
economically efficient. This leads to a reasonable query
about and to what extend a policy of economic incentives
will support the installation of environmental- friendlier
heating technologies, as tried in the previous cases.
(iv) Scenarios of Economic Incentives

Biomass

Peak

Total

69.4%
10

121.5%
18

191.0%
28

1.831
20.9%

29
0.3%

-

97.3%
18
6
-

2.7%
1
1

100.0%
19
6
1

If subsidy existed only once (even 10,000 €), it would
not be very helpful, since negative flows outmatch already from the second year (Fig. 5). This is justified not
by elimination of installation costs, but the essential support inverting the negative tendency of investment.
2. Environmental Evaluation

Regarding the environmental impact study, the environmental costs should also be considered, because of the
GHG emissions of the fuel used for electricity production.

As in the previous cases, the essential annual load will
be 19 MWh, and the other energy form (here electricity)
will contribute very little (concretely 1 MWh).
The cash flows (Fig. 5) show a highly negative value,
before even time begins to run. The reason is the extraordinary cost of the initial investment, due to the incompatibility of the two heating technologies. However, the restriction of contribution of electricity helps to reduce (at
absolute value) the negative cash flows already from the
first year. Even so, the bad economic result of the investment into two incompatible technologies cannot be inverted.
(iii) Exclusive Use of Biomass
When an electrically driven air conditioning system
has been already installed, and an exclusively biomass heat-

In the combined biomass/oil usage, the results are
modified as expected, and particularly shown in Table 10.
The reduction of GHG emissions only significantly increases when biomass is used instead of electricity (final
results).
Using the RETScreen tool in a real case of a residential building, in order to compare biomass with the other
three possibilities of heating in Greece (oil, natural gas
and electric air-conditioners), the following conclusions
are expected:
• Biomass produces less GHG emissions. More specifically, when biomass substitutes oil, the annual reduction of CO2 emissions is 7.1 t, and in the case of natural gas 5.3 t or electric air-conditioning 26.3 t.

TABLE 10 - GHG emissions for a biomass-electric air condition heating system.
Fuel Mix
Fuel Type
CO2 emission factor
(kg of gas emitted/GJ
of heating energy
generated)
CH4 emission factor
(kg of gas emitted/GJ
of heating energy
generated)
N2O emission factor
(kg of gas emitted/GJ
of heating energy
generated)
GHG emission factor
(t CO2/MWh)
Annual GHG emission
reduction (t CO2)
a/c air conditioning

Only Electric Air Conditioning

Only Biomass

Use of Biomass +
Electric Air Conditioning
Biomass
Electric a/c
Total
97.3%
2.7%
100%

Biomass
0%

Electric a/c
100%

Total
100%

Biomass
100%

Electric a/c
0%

Total
100%

0.0

270.3

386.1

0.0

270.3

10.3

0.0

0

0

0.0

0.0057

0.0082

0.0320

0.0057

0.0392

0.0320

0

0.040

0.00

0.0086

0.0122

0.0040

0.0086

0.0052

0.0040

0

0.0050

0.0

270.3

386.1

0.009

1.404

0.046

0.009

0

0.009

0

25.6
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• As an economic investment, biomass has proven to be
better than electric air-conditioners, because the cash
flows begin roughly from the -5,000 €, and are annually decreased by about 1,000 €.
• Concerning oil and its last year’s price increase, biomass is more economically, presenting profits within
the first 2 years. However, the economic stability and
energy independence of the country should be taken
under account, by encouraging the exploitation of the
domestic unexploited potential.
• The subsidies for the installation, as well as those for
GHG emission reduction strengthen furthermore the
economic advantages of biomass. Concretely, an initial subsidy of 1,500 € for the installation of a biomass
system can lead to positive cash flows from the first
year. Also, a subsidy of 7.8 €/t for each t CO 2 that is
not emitted annually, leads to cumulative positive cash
flows from the first 3 years.
• In densely populated urban environments, and mainly
in cases of blocks of flats, the network of natural gas
appears to be more appealing economically and comfortably for everyday use, due to its simplicity, the
smaller required space, and the economies of scale
achieved. Concretely, the fixed expenses for the total installation of natural gas are the same for a single house
and a block of flats being roughly 2,000 €. Also, no
extra space for the installation of a fuel tank is needed
– important in urban regions with high costs per m2.
• In rural regions, biomass appears to be preferable, due
to the proximity of the source, the comfort of space
and the high costs of establishing a natural gas network in under-populated regions.
The results of this study are close enough to reality,
and this can be reaffirmed by the following arguments.
As far as the environmental aspect is concerned, the
study proves that biomass heating systems are more environmental-friendly than the others (ranking: natural gas,
oil, electric air-conditioning with lignite-produced electricity). This coincides with reality, as greenhouse gas emission factor of these fuels follow the same ranking.

tion of GHG (according to the International Commitments)
are the most significant reasons for this choice.
Comparing biomass with natural gas, biomass is profitable in regions away from natural gas network, usually
in under-populated areas with more single houses than
apartment buildings. These regions have better access to
biomass, and complementary exploitation of both systems
should be practiced, in order to succeed in total improved
performance.
Air-conditioning, even in potential replacement by a
biomass system, should be avoided because the positive
results will lag, despite the subsidy, due to the incompatibility between the biomass and electrically-driven systems.
Environmental investigation proved that a bio-heating
system is the most environmental-friendly solution. The
problems of GHG emissions are less compared to that of
other conventional energy sources. Also, the extension of
use and the growth of applications make the biofuel sector
wider, and the usage of biomass can be even more effective.
Finally, with the presentation of real cases of biomass
usage, it is realized that the following topics
• suitable support by the state with the form of cofinancing
• training on biomass applications
• local action
• exploitation of unexploited potential
• development of application, prototypes, initially in
public buildings
will support its extension in the private and public sectors, and the positive results of biomass applications for
heating in the future will be reached. The above conclusions underline the possible economic and environmental
biofuel exploitation, and indicate the way could making
this feasible.

As far as the financial aspect is concerned, recent
rises in oil prices and instability in the trade relations between Russia-Ukraine led to natural gas supply uncertainty.
On the other hand, biomass is not affected by suppliers
from third countries, which makes it to a very stable energy
source.
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SUMMARY
Mg-Fe composite oxides with different Mg/Fe atomic
ratios were synthesized by co-precipitation and characterized by X-ray diffraction (XRD). Their dechlorination activities were evaluated using hexachlorobenzene (HCB) as
a model compound. The experiments were carried out at
300 °C for 0.5 h. The results indicate that the Mg-Fe composite oxide (Mg/Fe atomic ratio was 8) exhibits the best
dechlorination activity among the oxides examined. This
may be related to the formation of MgFe2O 4 phase with
small crystal size. The products after reaction were analyzed by GC-MS, XRD, and a chloride selective electrode.
It was found that hydrodechlorination took place in the
destruction of HCB. The discrepancy in the material balance
between starting material and dechlorinated products indicates that, in addition to hydrodechlorination, other degradation routes may be present.

KEYWORDS: Dechlorination, Mg-Fe composite oxides, coprecipitation, HCB, MgFe2O4, hydrodechlorination.

shown excellent dechlorination activity for organochlorine
compounds. But the drawback of this method is the high
cost of preparation.
In our previous research [16], Ca-Fe composite oxides
with different Ca/Fe atomic ratios were synthesized by coprecipitation method, and used for the dechlorination of
hexachlorobenzene. Through the analyses of the products,
the optimal composition of the Ca-Fe composite oxide was
identified.
In this paper, we report on the preparation of Mg-Fe
composite oxides by using coprecipitation. For evaluation
of the dechlorination activity with regard to polychlorinated aromatic compounds, hexachlorobenzene (HCB)
was chosen as a model compound. The reaction was carried
out in closed systems at 300 °C. The products after
reaction were determined by gas chromatography/mass
spectrometry (GC/MS). The products from using dechlorination re-agent (DeCR) with the optimal composition
were also ana-lyzed by a chloride selective electrode and
XRD.
MATERIALS AND METHODS

INTRODUCTION
The disposal of polychlorinated aromatic compounds is
recognized as a serious environmental problem [1]. Thermal
incineration technology is widely employed, due to its significant advantages over traditional waste disposal methods. However, it is related to the release of even more toxic
compounds, such as chlorinated dioxins and furans. Lots
of technologies have been developed for the disposal of
chlorinated aromatics [2-12]. Among them, catalytic oxidation is believed to be the most viable and economic mode
of destruction of these toxic compounds, for its harmless
products and low energy consumption. The catalytic activities of some metal oxides or supported metal oxides
have been systematically investigated [9-12]. Klabunde et
al. [13-15] synthesized a series of shell/core-like material
(i.e. [Fe2O3]MgO, [Fe2O3]CaO, [V2O3]MgO), which have

Materials

Fe(NO3)3.x 9H2O, Mg(NO3)2.x 6H2O, NaOH, n-hexane,
ethanol and HCB were all of analytic reagent grade.
Experimental methods
Sample preparation and characterization

The Mg-Fe composite oxide powers were synthesized
with coprecipitation. Fe(NO3)3.9H2O and Mg(NO3)2.6H2O
(analytic reagent grade) were used as starting materials and
NaOH as co-precipitant without further purification. The
above two salts were mixed and dissolved in deionized
water in the quantities required. The solution was thoroughly stirred in a water bath at 50 °C. Then, 0.5 M NaOH
aqueous solution was slowly added to reduce the pH to
around 9, followed by continued stirring for 10 min. The
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formed precipitate was filtered and washed with deionized water and ethanol in sequence, then dried at 120 °C
for 20 h to form the precursor of metal oxides. Finally,
the formed precursor was calcined in air at 600 °C to produce the ultrafine Mg-Fe composite oxides. Pure Fe2O3
and MgO have been synthesized with the same procedure.
Powder X-ray diffraction (XRD) patterns of the samples were recorded using a D8-discover diffractometer under
the following conditions: 40 KV, 40 mA, CuKα radiation.
Scan speed was 6 deg/min in the range from 25-70°. Diffraction peaks of crystalline phases were compared with
those of standard compounds reported in the JCPDS Data
File.

tive analyses of chlorobenzenes were performed in selected
ion monitoring mode using two most abundant ions of the
molecular ion clusters.
Chloride ions (Cl-1) released during the reaction process were measured potentiometrically using a pCL-1 chloride selective electrode (Shanghai Kangyi Company) with
a separate reference electrode calibrated with NaCl standards. The crystal phase on the oxide after reaction was
analyzed by XRD.
RESULTS AND DISCUSSION
Synthesis and characterization of the DeCR

Dechlorination of HCB

The dechlorination of HCB was carried out in a small
glass tube (11 cm length, 0.4 cm i.d.). MgO-Fe2O3 oxide
with different composition, MgO and Fe2O3 acted as DeCR.
The oxides were ground into powders of average particle
size ～50 µm. For all reactions, 2.0 mg of HCB was mixed
thoroughly with 40 mg DeCR, then sealed under air atmosphere, and heated in an oven. The reaction temperature was
fixed at 300 °C.
Extraction, clean-up and analyses

After the experiments, the glass tubes were carefully
crushed and subjected to extraction. The samples were extracted with hexane (15 ml) twice, and soniated for 15-20
min each time. Then, the solution was washed with 10 ml
of water two times, and the aqueous and hexane layers were
separated. Then, 10 ml of 0.1 mol L-1HNO3 was added to
the solid residue, and stirred for 15 min before the insoluble material is filtrated out and washed carefully with water
(10 ml). The combined filtrate plus all water washings were
used for measurement of chloride anions. The hexane layers were combined and dried with anhydrous sodium sulfate. After dilution (100 times), they were used for measurement of parent HCB remaining and lower-chlorinated
benzenes formed. The definitions used for dechlorination
efficiency (DE %) and organic chloride mineralization are
as follows:

The sample codes for all oxides prepared and the related main characteristics are reported in Table 1. The XRD
patterns of the MgO-Fe2O3 powders with different Mg/Fe
atomic ratios are shown in Fig. 1. It can be seen that after
calcinations, composite metal oxide phase containing Fe3+,
Mg2+ cations have been developed. Some new diffraction
peaks, obviously different from pure MgO (JCPDS file no.
40829) and α-Fe2O3 (JCPDS file no. 330664), are detectable in the XRD patterns.
In the case of the Mg-Fe composite oxides, reflections
attributed to α-Fe2O3 phase and MgFe2O4 (JCPDS file no.
360398) phase are clearly present for Mg/Fe atomic ratios
lower than 8. In E2, besides MgO, only MgFe2O4 phase is
observed. The widths of diffraction peaks corresponding to
MgFe2O4 in E2 are the broadest among all the composite
oxides. This indicates that the smallest crystalline size of
MgFe2O4 can be obtained in E2.
TABLE 1 - Main characteristics of the
samples prepared using the coprecipitation method.
Sample
E1
E2
E3
E4
E5
E6

Mg/Fe atomic ratio
∞
8
3
1.3
0.5
0

Main XRD phases obtained
MgO
MgO
MgFe2O4
MgO
MgFe2O4
α-Fe2O3
MgO
MgFe2O4
α-Fe2O3
MgO
MgFe2O4
α-Fe2O3
α-Fe2O3

6

DE (%) = (1－ ∑i =0 iN i )×100
6N 0
where Ni is the molar number of chlorinated benzene
containing i chlorine atoms in the molecule, and N0 is the
initial molar number of HCB.
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The analyses of chlorobenzenes were performed by
an Agilent 6890 gas chromatograph equipped with a DB5 capillary column (30 m length, 0.25 mm i.d., 0.25 µm film
thickness), and interfaced to Agilent 5973N MSD. Quantita-
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FIGURE 1 - XRD patterns of the MgO-Fe2O3 composite oxides of
different compositions: (▲) MgO；（●）α-Fe2O3； (◇) MgFe2O4
Comparison of the dechlorination activities
for HCB over the Mg-Fe composite oxides

The dechlorination of HCB was used to evaluate the
dechlorination activities of Mg-Fe composite oxide particles. The dechlorination reaction was investigated at 300 °C
for 0.5 h. Each experiment was performed 3 times. The
activities of Mg-Fe composite oxides with different Mg/Fe
atomic ratios were compared, and the average results are
shown in Table 2.
TABLE 2 - Comparison of the activities for
dechlorination of HCBa (nmol) over Mg-Fe composite oxides.
Chlorobenzenes

E1
426
4801
37

b
c

PeCB
HCB
DE %

a

b
c

E2
50
1790
74

Sample (nmol)
E3
E4
102
19
3915
3740
43
47

E5
96
3493
49

crepancy between the two values (74 % and 33 %, respectively), indicating that organochlorine atoms were only partially mineralized and released in the form of inorganic
ions. It can be conjectured that a formation of some organochlorine compounds was taking place.
After reaction, the surface of oxide (E2) was identified by XRD analysis. The result showed that no new crystal phase was formed after 30 min of reaction. Since no
mineralization products of organic carbon atoms were detected, we conjectured, in combination with the results of
dechlorination activity tests, that some organochlorine compounds may be formed.
CONCLUSION

E6
321
3273
50

Mg-Fe composite oxide with appropriate composition
exhibits better dechlorination activity at relatively low temperature than pure MgO or α-Fe2O3.

initial amount of HCB was 7022.5 nmol.

PeCB- pentachlorobenzene

DE - dechlorination efficiency.
The detection limits for PeCB and HCB were 0.2 nmol and 0.1 nmol, respectively.

Hydrodechlorination exists in the process of reaction,
but it is not the only way of HCB decomposition, and other
degradation routes may be present.

▲
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FIGURE 2 - XRD patterns of E2 after
reaction with HCB: (▲) MgO； (◇) MgFe2O4

Comparing the dechlorination activity among the MgFe composite oxides, it can be seen that E2 has the highest
one, reaching 74 %. This may be attributed to the formation
of MgFe2O4 with small crystal size. Through the analyses
of the initial HCB and formed lower chlorinated benzenes,
it was found that discrepancy in the material balance between starting and dechlorinated materials existed. This
implies, besides dechlorination, other degradation processes can be present.
Fate of chlorine and carbon atoms
in the dechlorination of HCB with E2 as DeCR

To further ascertain if there are inorganic ions released
to reach mineralization in the decomposition of HCB by
E2, a chloride selective electrode is utilized to monitor the
levels of chloride ions after the reaction. After 30 min, the
extent of mineralization was 33 %. Comparing the dechlorination extent of HCB and the mineralization extent of
organic chlorine, it can be seen that there exists larger dis-
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SUMMARY

INTRODUCTION

Urban wastewater samples were collected from three
urban wastewater treatment plant located in Puglia (south
of Italy). Helicobacter	
   pylori	
   strains DSM 4867 and
26695 were used as positive control. Wastewater samples
were inoculated with tenfold dilution from 101 to 107 cell
ml-1 of H.	
   pylori	
   strain DSM 4867, and real-time PCR
experiments were performed using the Sybr Green PCR
mix and primer related to vacA, cagA	
  and ureC	
  genes. The
sensitivity limit of the assay was 10 -3 pg µl -1 for ureC	
  
gene. The efficiency of amplification of total DNA isolated from wastewater ranged between 90-96%, and the
squared regression coefficient (correlation) for ureC	
  gene
was 0.99. No positive sample was found among
wastewaters collected from the three depuration basins.
The suitability and utility of a rapid semi-automated
real-time PCR assay for detection of H.	
   pylori	
   in
wastewater has been evaluated. Although we were
unable to detect any DNA corresponding to H.	
   pylori	
   in
unspiked collected samples, the method developed may
be useful to assess the presence of this pathogenic microorganism in water and wastewater. UreC	
  gene is the most
suitable candidate that may be used in R-PCR experiments in order to detect H.	
   pylori	
   in environmental samples. VacA	
   and cagA	
   genes can be targeted in order to
evaluate the presence of strains harbouring pathogenicity
factors among positive samples.

KEYWORDS:
Helicobacter pylori, real-time PCR, urban wastewater, ureC gene.

Helicobacter pylori, a gram-negative epsilon-proteobacterium, is recognized to cause gastroduodenal ulcer,
and seems to be correlated with gastrointestinal cancer [13]. The human stomach is the natural habitat of H. pylori
[4, 5], but its presence is not always correlated with the
symptoms of infection. In fact, only 10-20% of infected
individuals develop the correlated pathology [6, 7]. The
isolation and cultivation of H. pylori is very complex, requesting strict microaerophilic conditions (7% CO2, 6% O2,
87% N2), and complex media for its growth [8].
The way of transmission route of H. pylori is not yet
completely clear. Person to person routes of transmission
are considered to be the main pattern for infection, but contaminated food and water are also suspected to play an important role [5, 8-11].
Helicobacter pylori can switch to a viable but not cultivable state (VBNC) when exposed to environmental stress.
When in VBNC state, H. pylori turns into coccical shape
[12], and looses the ability to grow in culture media [13].
VBNC cells of H. pylori are spread in aquatic environments, and it has been hypothesized that the infectivity of
the pathogenic bacteria may persist [14]. Survival of H.
pylori in water has been investigated [15-17], as well as in
association with plankton [18] and amoebae [19]. The isolation and cultivation of H. pylori from environmental samples has been shown to be a very hard task, and only in few
cases it has been achieved [20]. For those reasons, there has
been an increasing interest in developing molecular detection methods for this pathogenic bacterium in the environment [11, 21, 22]. The use of conventional PCR methods for the detection of Helicobacter pylori in water have
been reported [20, 23-29]. Quantitative real-time PCR has
enhanced the sensitivity and specificity of PCR-based assay
in the detection of pathogenic microrganisms in food and
the environment, allowing quantitative analysis and avoiding the use of time-consuming and cost-effective electrophoresis [30, 31]. More recently, real-time PCR methods to

750

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

detect H. pylori in tap and well water [32] or urban
wastewater [33] have been reported.
The aim of the present work was to verify the suitability and utility of a rapid semi-automated real-time PCR
assay, based on ureC, vacA and cagA genes for the detection of H. pylori in urban wastewater. Our goal was to develop an easy DNA extraction protocol coupled with a fast
and accurate method to detect and quantify H. pylori DNA
in water.
MATERIALS AND METHODS
Type strains

Helicobacter pylori strain DSM 4867 (DSMZ Ebersberg – GmbH), and strain 26695 (CIP 106780 Collection
de l’Institut Pasteur, Paris - FRA) were used in our experiments. Strains of Pseudomonas aeruginosa, Escherichia
coli, Lactobacillus plantarum, Aeromonas hydrophyla and
Staphylococcus aureus, isolated from water and food samples and characterized in our laboratory, were used as negative controls.
Urban wastewater

Raw and treated wastewater samples were collected
from 3 depuration basins located in the province of Foggia (Italy). A total of 24 samples (four samples per month
of raw wastewater and final effluent after chlorination)
were randomly collected between May and October 2004
from each wastewater plant. Samples were collected in
sterile 500-ml bottles, stored in refrigerated bags and delivered to the laboratory. Total DNA was then extracted within
one hour from delivery, following the protocol reported
below.
Culture conditions and DNA preparation

Helicobacter pylori strain was cultivated on Columbia Agar (Oxoid, Basigstoke - UK) added with 10% (v/v)
laked horse blood (Oxoid), and incubated at 37 °C in microaerophilic atmosphere (7% CO2, 6% O2, 87% N2), provided by Campygen microaerophilic bags (Oxoid) in anaerobic jars for 5-7 days. Before DNA extraction, H. pylori
strains were cultivated in Brain Hearth Infusion Broth
(Oxoid) under the above conditions. DNA was extracted
with UltraClean Microbial DNA kit (MoBio, Solana Beach,

CA - USA) following the manufacturer’s instruction, and
quantified measuring 260 nm absorbance with a Genequant
Pro spectrophotometer (Amersham, Uppsala – SWE).
In order to evaluate specificity and sensitivity of our
method, we artificially inoculated wastewater samples with
tenfold dilution from 101 to 108 cell ml-1 of H. pylori strain
DSM 4867. The quantity of H. pylori cells were measured
before spiking, from BHI broth culture, by optical density
at 600 nm (OD600). Each OD600 measurement was made in
triplicate.
The DNA from wastewater was extracted from 20 ml
of sample. Samples were filtered through 0.45 µm pore size
nylon membranes under vacuum filtration apparatus. Sterile TE (10mM Tris HCl pH 7.5 + 1mM EDTA) was used to
wash membranes, during the filtration process. Membranes
were folded and placed in a 15-ml sterile tube with 1-mm
sterilized glass beads. After vigorous shaking for 5 min, the
supernatant was transferred to a fresh tube, centrifuged at
13,000 rpm for 1 min, and the resulting pellet was doublewashed with 2 ml of sterile TE to reduce inhibitors for Taqpolymerase, and suspended in 1 ml sterile deionized water. DNA was then extracted following the above-mentioned
protocol.
Primers and probes

We have designed two pairs of primers for the amplification of conservative segments of vacA and cagA H.
pylori genes. These two genes are associated with highly
pathogenic strains [34]. For the species-specific detection of
H. pylori strains we used two primers able to amplify a portion of ureC (glmM) gene harbored by all H. pylori strains,
and successfully used by He et al. [35] for the detection of
H. pylori in clinical samples (Table 1). Our primers were
designed after retrieval of vacA and cagA sequences from
NCBI database (http://www.ncbi.nlm.nih.gov/gquery/gquery.fcgi). Sequences were aligned and compared by ClustalW
application (www.ebi.ac.uk/clustalw/), and the most conservative portions of these genes were analyzed with the software Primer Express 2.0 (Applied Biosystems, Forster City,
CA-USA), in order to design a set of primers for both genes.
Each primer sequence was evaluated in-silico aided by
Blast software (http://www.ncbi.nlm.nih.gov/BLAST), to
check specific pairing of our primers only with H. pylori
gene sequences.

TABLE 1 - Primers used in real-time PCR experiments.
Primer

5'-3' Sequence

UreCF
UreCR
VacAF
VacAR
CagAF
CagAR
bP = base pair

TTATCGGTAAAGACACCAGAAA
ATCACAGCGCATGTCTTC
GCGGTATCAATCTGTCCAATCA
TGATATTCCCGGTTAGATTTTCCA
AAGGCTCGGTGAAAGATTTAGGT
TCATTCAAAGCTGCATTAAGGTTT

Melting
temperature

Amplicon
size

Gene

Reference

81 °C

132 bp

UreC

He et al., 2002 [35]

77 °C

68 bp

VacA

Present work

74 °C

75 bp

CagA

Present work
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Real time PCR (R-PCR)

The real time PCR protocol for the amplification of
the three target genes was as follows: 1x Quantitect Sybr
Green PCR mix (Qiagen, Milan - Italy), 300 nM of each
primer (forward and reverse), 3 µl genomic DNA, dH2O
until final volume of 50 µl per reaction. The amplification
cycles, using an iCycler R-PCR thermal cycler (Bio-Rad,
Hercules, CA - USA), were 95 °C, 15 min, then 40 cycles
at 95 °C, 20 sec, 60 °C, 30 sec and 72 °C, 40 sec, with a
final extension at 72 °C for 5 min. Each reaction was conducted in duplicate to evaluate the reproducibility of the
fluorescence signal emitted during the assays. In each experiment, duplicate negative controls (adding non-target
DNA from non-H. pylori strains) and no-template control
(adding water instead of DNA) were added, to evaluate
the specificity of the signal and the absence of any contamination. After each R-PCR experiment, fluorescence curves
(threshold cycle vs. n. of cycle), and melting curves (-dFluorescence/dT vs. temperature) were analyzed aided by Microsoft Excel software (Microsoft Co., CA – USA).
Standard curves were developed by using serial dilutions
of H. pylori strain DSM 4867 as internal standard, with
DNA concentrations ranging from 104 to 10-2 pg µl-1.
Efficiency of amplification (E) was estimated from standard curve’s data, with the formula: E = (10-1/slope) - 1. A
theoretical 100% efficiency reaction would have generated a
slope of -3.32.

RESULTS AND DISCUSSION
The DNA extraction method used allowed extracting
20-100 ng/ml of total DNA from wastewater. The A260/
A280 ratio, measured by spectrophotometer, was above
1.5 in all extracted DNA samples, and the A260/230 above
1.8. The former A260/280 ratio assessing the level of contaminating polysaccharides and protein and pure DNA solution should have a value of 1.8-2.0. The later ratio assessed the level of residual buffer that can affect DNA
purity, and should fall between 1.9-2.5. According to these
observations, our DNA was considered to be of good quality and suitable for R-PCR assays. R-PCR was first performed with the three primer sets on samples of DNA extracted from positive control (H. pylori strains DSM 4867
and 26695) and negative controls. As shown in Fig. 1, the
fluorescence signal was detected only for positive samples
in all the experiments with the three different sets of primers. In a second series of experiments, we utilized tenfold dilution of DNA from strain DSM 4867 in order to
set up a standard curve, and to test the limit of detection
of our method. In Fig. 2, the standard curves for ureC and
VacA are reported. A lower limit of 3.8x10-3 pg µl-1 target
DNA was achieved when ureC primers were used, whereas
a limit of 3.8 x10-2 pg µl-1 was achieved with vacA. RPCR assay with cagA primers gave a limit of sensitivity
of 3.8 x10-2, but it was not possible to set-up a standard

curve because the fluorescence signal was not linear with
threshold cycles at lower DNA dilution.
The genome length of H. pylori is 1.6 Mbp, corresponding to approximately 1.73 femtograms weight. The
genome of H. pylori harbors only one copy of each of the
target genes considered in this work. That means that the
limit of detection of our R-PCR assays was nearly 103
cells ml-1 when ureC primers were used, but 104 cells ml-1
when vacA and cagA primers were used. These results are
in agreement with those of He et al. [35] using also ureC
primers, when assaying clinical samples. The standard
curves stated that our method is qualitative and quantitative in the above range of DNA concentrations, and that
Sybr green R-PCR can be a successful molecular tool to
identify and quantify H. pylori present at concentrations
greater than 103 cell ml-1.
Real-time PCR with Sybr green probes was then performed with DNA extracted from wastewater samples inoculated with tenfold dilutions from 101 to 107 cell ml-1 of
H. pylori strain DSM 4867. Standard curves were generated from samples with known amounts of DNA ranging
from 104 pg µl-1 to 10-2 pg µl-1 (data not shown). The sensitivity limit of the assay was 10-1 pg µl-1 for ureC gene,
corresponding to about 2.0 x 103 cells/ml. The efficiency
of amplification of total wastewater DNA extracted ranged
between 90-96%, and the squared regression coefficient
(correlations) for ureC gene was 0.99. Positive results were
obtained with primers corresponding to vacA and cagA
genes in the whole range of spiked samples, but both primers failed to get a quantitative result at concentrations
below 104 cell ml-1. As we were unable to make up any
standard curve for vacA and cagA genes using DNA extracted from spiked samples, we used only ureC gene to
quantitatively screen urban wastewater samples previously collected from the depuration basins. Real-time
PCR detection of H. pylori performed on DNA extracted
from urban wastewater samples gave negative results with
the ureC probe, suggesting the absence of H. pylori strain
in the un-spiked samples (Table 2). The same samples,
when spiked with H. pylori cells, gave positive results,
confirming that the failure of R-PCR on unspiked samples
was not due to inhibition of the enzyme by humic substances from environmental DNA extraction procedure.
Despite of inconsistence of quantitative data when vacA
and cagA primers were used with spiked and unspiked
wastewater samples, both sets of primers showed to be useful for confirmation of H. pylori strains that harbour pathogenicity genes.
H. pylori route of transmission by water has been postulated [23, 36]. PCR methods for the detection of H. pylori
in water and wastewater have been assessed and, in many
cases, positive samples were detected [28, 37-39]. In other
cases, PCR failed to detect H. pylori in water [25, 32].
When R-PCR was applied to detect H. pylori in drinking
water [33], no positive sample was observed in environmental samples using ureA as target gene.
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We have previously reported on the suitability of a real-

time PCR approach for the detection of Escherichia coli
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FIGURE 1 - Real-time PCR assays with A) ureC, B) vacA and C) cagA primers, using positive and negative DNA targets.
* Control (Pseudomonas aeruginosa); NTC (No DNA Template Control).
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FIGURE 2 - Standard curve generated from R-PCR with decimal dilution of Helicobacter pylori 4867 DNA with ureC and vacA primers.

TABLE 2 - UreC real-time PCR assays on wastewater samples taken from 3 different wastewater plants.

Wastewater plant

a

Ct* effluent

Ct final effluent

1
N/A (23)b
N/A (23)
2
N/A (24)
N/A (24)
3
N/A (24)
N/A (24)
a
In round brackets, the number of samples assayed is reported.
a
Ct = threshold cycle; bN/A = not detected

O157:H7 in dairy and cattle wastewater (Spano et al., 2005
[40]). In this paper, a Sybr green real-time PCR approach
for the detection of H. pylori was developed and evaluated
for the analysis of wastewater samples before and after
chlorination.
R-PCR conducted on DNA from pure culture of H. pylori strain DSM 4867 gave the expected amplification products for all the three genes assayed, and no amplification
when the same primers were tested on DNA from negative
controls. When serial dilution of DNA from pure cultures of
H. pylori were assayed by real-time PCR, the efficiency of
amplification and correlation (R2) of collected data was
measured after each real-time PCR assay. The efficiency
of amplification was higher than 90% and R2 value higher
than 0.99 for all the three sets of primers. The range of starting DNA quantity in which the fluorescence signal varied in
a linear fashion was from 104 to 10-3 pg µl-1 when ureC
primers were used, but 104 to 10-2 pg µl-1 when vacA and
cagA were used. This is in agreement with the results previously reported [35], and confirmed the suitability of our
method to detect and quantify H. pylori DNA by R-PCR.

Mean Ct effluent samples
spiked with 106 cells ml-1 of H.
pylori strain 4867
14.96
14.78
14.84

Real-time PCR was then performed with DNA extracted from wastewater samples inoculated with tenfold
dilution from 101 to 107 cell ml-1 of H. pylori strain DSM
4867. When we used ureC primers, we were able to determine with a good approximation the quantity of H. pylori cells spiked in our samples, ranging from 107 to 103
cells ml-1. Hence, the limit of quantification of the method
is about 103 cells ml-1, and that of detection 102 cells ml-1.
In addition, we were able to detect vacA and cagA genes
with a limit of 10-2 pg µl-1 starting DNA quantity, corresponding to about 104 cells ml-1. Screening of urban
wastewater, previously collected from the depuration
basin was, therefore, performed only with ureC primers. RPCR detection of H. pylori carried out on DNA extracted
from urban wastewater samples gave no results with ureC
primers, suggesting the absence of H. pylori in the unspiked samples, or its presence below detection limit of
R-PCR method developed in this study. In previous works,
no positive samples were found in drinking water from 6
different areas of the U.S [33], and no tap, river or sea
water was found to be positive in Japan [32]. Both papers
described a real-time PCR method targeting at the ureA

754

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

gene. In our paper, we targeted at ureC, vacA and cagA
genes, all of them shared by pathogenic H. pylori. Our
results confirm that the presence of H. pylori in water can
be occasional, and that the number of analyzed samples
needs to be increased, so as the volume of water filtered.
The filtering procedure and cleanup of cells and DNA
have to be taken into account as the critical steps before
PCR analysis, as already stated by McDaniels et al. [33].
Moreover, our work confirmed that the failure of real-time
PCR is not due to false negative samples, nor to the use
of different target genes.
CONCLUSIONS
The task of assessing Helicobacter pylori distribution
in water and environment is still under investigation. Several PCR and real-time PCR methods reported in recent
studies gave interesting results supporting this hypothesis.
Although, in most cases, no H. pylori DNA was detected
and a standardized method is still lacking, we describe in
this study a Sybr green R-PCR method that can be useful
for this purpose.
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SEASONAL DYNAMICS OF PHYTOPLANKTON IN A
COASTAL MARINE ECOSYSTEM: İSKENDERUN BAY,
NORTHEASTERN MEDITERRANEAN SEA
Sevim Polat*
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SUMMARY
The seasonal dynamics of phytoplankton communities
were investigated in the coastal zone of İskenderun Bay,
northeastern Mediterranean Sea with regard to some environmental factors during a one-year period. The samples
were collected at monthly intervals from three depths in
İskenderun Bay, from April 2003 to March 2004. A total
of 168 phytoplankton taxa were identified. Phytoplankton
abundance showed characteristic oligotrophic water values
and ranged from 0.3 to 430 x 103 cells L-1. Diatoms were
dominant throughout the year and represented the majority of phytoplankton. Diversity attained the lowest value in
June due to bloom of a diatom, Leptocylindricus minimus
Gran. A shift from small, chain-forming diatoms to large
species was observed during late summer and autumn.
Dinoflagellates were low in abundance and did not show
regular variations during the study period. Small peaks were
observed, which was caused by sporadic proliferations of
some coastal species. The dominance of diatoms over dinoflagellates during the one-year period seems to be related
to nutrient availability from land runoff and strong mixing
of water. Active physical processes due to the hydrographically dynamic structure of the area were the main factors
determining the community`s structure and succession.

KEYWORDS: Phytoplankton dynamics, nutrients, İskenderun Bay,
northeastern Mediterranean.

INTRODUCTION
The Mediterranean Sea is considered to be one of the
less productive seas of the world, and the eastern Mediterranean is the most oligotrophic part of it, in terms of low
nutrient level and low primary productivity [1, 2]. The basin-wide circulation, hot and dry climate and low land runoff contribute to the low productivity. There exist two important water masses in the eastern Mediterranean. The first
is the Levantine Intermediate Water (LIW). The LIW flows
in the reverse direction and carries relatively nutrient-rich

water towards the Atlantic Ocean [3]. The second water
mass is the Atlantic Water (AW). Nutrient depleted AW
flows into the Mediterranean through the strait of Gibraltar and exits after circulating the basin in an anticlockwise
pattern with nearly 10% more salt content [3, 4].
İskenderun Bay is located on the northeastern corner
of eastern Mediterranean Sea. The hydrography of the bay
is affected by current systems prevailing in the northeastern Mediterranean [5]. The water column in the bay has a
two-layered temperature structure during summer, as a result
of the heating of the surface. In winter, the water column is
almost homogenous due to surface cooling and vertical
mixing [5]. The coasts of the bay are intensely industrialized by many plants. They generally discharge their wastes
into the bay.
Environmental changes resulting from human activities
and natural processes affect microbial communities. As a
result of global warming and local influences in the Mediterranean [6], water temperature and nitrate + phosphate
concentrations are reported to have been gradually increasing [7]. These perturbations may change the community
structure of phytoplankton.
There are many studies on phytoplankton dynamics in
different parts of the Mediterranean [8-10], but only few
studies on this subject at the Mediterranean coast of Turkey [11,12].
The aim of the present study was to investigate phytoplankton dynamics and community structure in a Mediterranean coastal area, İskenderun Bay. The dataset analyzed
comprises a one-year time series of monthly sampling, in
which the succession and composition of phytoplankton
were determined.
MATERIALS AND METHODS
Sampling was performed at monthly intervals at 7 stations located in the north of the bay from April 2003 to
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March 2004 (lat. 36º45.5'N-36º50'N and long. 35º 47'E35º 54'E) (Fig.1). Water samples for phytoplankton investigation and nutrient analyses were collected from three
depths (0, 5 and 10 m) with a water sampler. Water samples were also taken with a 45-µm plankton net to analyse
the complete phytoplankton diversity in the İskenderun Bay.
Phytoplankton samples were fixed with acid Lugol’s solution. In the laboratory, the quantitative samples were allowed to settle. Then, the concentrated samples were counted
using a Sedgewick-Rafter counting chamber under an Olympus phase-contrast microscope. The small forms mainly
belonging to the flagellate group (<10 µm) were not counted.
The references used in the identification of the species are
Tregouboff and Rose [13], Rampi and Bernhard [14], Sournia [15], Ricard [16], Delgado and Fortuna [17], and Tomas
[18].

A hierarchical cluster analysis was used in order to define groups of co-occurring phytoplankton species. The
most frequent and abundant 30 species were selected and
their cell numbers were log(x+1)-transformed before the
analyses. The cluster analysis was performed (Statistica
package programme) using the Pearson correlation as the
distance measure, and Ward’s method as the linkage method.
Moreover, the correlation coefficients between abundance
of phytoplankton and environmental factors were determined.
RESULTS
Physico-chemical data

The mean water temperature ranged from 15.4 °C in
January to 29.7 °C in August showing a typical seasonal
variation (Table 1). Surface and bottom temperature differences were not important. Because of high irradiance and
lack of rain during summer, surface and bottom waters
attained temperatures >29 °C through the sampling area.
Salinity ranged from 31.9 to 37.6, being highest in autumn
(Table 1). The effects of freshwater runoff on salinity were
evident in the area, due to the closeness to the coast.
TABLE 1 - The mean values of physicochemical parameters in the İskenderun Bay.

FIGURE 1 - Location of the sampling stations in İskenderun Bay.

Water samples for nutrients were frozen immediately
at -20 °C until nutrient analysis. Phosphate, nitrate+nitrite
and silicate were determined according to the methods given
by Strickland and Parsons [19]. Sea water temperature and
salinity were measured during the sampling operations with
an YSI salinity and temperature probe. The physical, chemical and biological data were given as mean values of the
sampling stations.
The phytoplankton species diversity was calculated according to Shannon’s formula [20]:
S

H ' = − ∑ ( pi )(log 2 pi )
i =1

where H' is the species diversity, s is the number of
species, and pi is the proportion of total sample belonging
to ith species.

Date
2003
April
May
June
July
August
September
October
November
December
Jan. 2004
Feb.2004
Mar. 2004

Temperature
(ºC)
18.2
24.2
27.0
28.6
29.7
28.0
26.5
21.8
17.2
15.4
16.4
17.5

Salinity PO4-P NO3+NO2(µM)
N (µM)
35.1
0.18
1.82
35.3
0.31
1.39
35.2
0.30
1.79
35.2
0.23
1.73
35.3
0.24
1.04
35.3
0.93
2.56
35.8
0.39
1.29
37.6
0.39
0.72
36.3
0.30
1.30
31.9
0.18
3.66
36.4
0.05
1.40
34.8
0.05
1.10

[Si(OH)4]Si (µM)
4.62
3.22
2.33
5.84
2.33
3.92
2.65
3.03
2.20
3.50
2.72
2.39

Nutrients did not show a regular seasonal cycle and
their concentrations were typical of coastal waters. Phosphate levels ranged between 0.05 and 0.93 µM (Table 1).
Higher concentrations were observed in September at the
5m depth (max. value 2.93 µM, September). The lowest
concentrations were recorded in February and March. The
mean nitrate+nitrite values ranged from 0.72 to 3.66 µM
(Table 1). Nitrate+nitrite was highest in September and
January, for the rest of the year remaining at levels lower
than 2 µM. During April and July, the highest concentrations of silicate, with values of 5 and 6 µM, respectively,
were found (Table 1). Silicate concentrations were in the
range of 2 and 3 µM in the other periods of the year. Surface and bottom values of nutrients did not show relevant
differences, except for the phosphate peak at 5 m in September.
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Phytoplankton composition, abundance and seasonal cycle

Leptocylindricus danicus Cleve

A total of 168 phytoplankton taxa, one Cyanophyceae, 83 Dinophyceae, 81 Bacillariophyceae, two
Prymnesiophyceae, and one Dictyochophyceae were identified dur-ing the study. Diatoms were the dominant group
in terms of abundance. The dominant bloom-forming diatoms were Leptocylindricus minimus Gran and Chaetoceros spp. Regarding species number, the genus Chaetoceros, with 19 species, is the most important, followed by
Rhizosolenia (6 species). Diatoms were the most common
in winter, but least common in summer. Dinoflagellates
were the second important group in terms of abundance,
and they were the most common in summer and autumn.
Within dinoflagellates, the genus Ceratium with 30 taxa is
the most important, followed by the genus Protoperidinium (18 species) (Table 2). Only 37 of the 168 taxa were
recorded during the entire study period. Large-sized diatoms, such as Hemiaulus hauckii Grunow in Van
Heurck, Guinardia flaccida (Castracane) H. Peragallo,
Proboscia alata (Brightwell) Sundström and Thalassiothrix fraunfeldii Grunow were recorded throughout the
study period. However, small-sized diatoms, such as
Chaetoceros spp., Pseudonitzschia spp. and L. minimus
were numerically important. Spring and summer were the
periods when they were the most abundant species
TABLE 2 - Taxonomic composition
of phytoplankton in the İskenderun Bay.
BACILLARIOPHYCEAE
Amphiprora gigantea Grunow
Asteromphalus flabellatus (Brebisson) Greville
Asteromphalus heptactis (Breb.)
Ralfs in Pritchard
Asterolampra marylandica Ehrenberg
Asterolampra grevillei (Wallich)
Greville
Asterionellopsis glacialis (Castracane) E.F.Round
Bacteriastrum hyalinum Lauder
Bacteriastrum delicatulum Cleve
Bacteriastrum elegans Pavillard
Bacillaria paxillifera (O.F.Müller)
Hendey
Campylodiscus sp.
Cerataulina pelagica (Cleve)
Hendey
Chaetoceros affinis Lauder

Leptocylindricus minimus Gran
Licmophora abbreviata Agardh
Lithodesmium undulatum Ehrenberg
Melosira moniliformis (Müller)
Agardh
Navicula sp.

Proboscia alata f. indica
(H.Peragallo) Gran
Pseodosolenia calcar-avis
(Schültze) Sundström
Rhabdonema adriaticum Kützing
Rhizosolenia hebetata Bailey
Rhizosolenia imbricata var.
shrubsolei (Clev.) Schröder
Rhizosolenia robusta Norman in
Pritchard
Rhizosolenia setigera Brightwell

Nitzschia longissima Brebisson)
Ralfs in Pritchard
Nitzschia sigma (Kützing) W.Smith Rhizosolenia stolterfothii
H.Peragallo
Odontella aurita (Lyngbye) Agardh Rhizosolenia sytliformis
Brighwell
Odontella mobiliensis (J.W.Bailey) Skeletonema costatum (Greville)
Grunow
Cleve
Paralia sulcata (Ehrenberg) Cleve Streptotheca thamesis Shrubsole
Pleurosigma elongatum W.Smith
Striatella unipunctata (Lyngbye)
Agardh
Pleurosigma normanii Ralfs in
Synedra ulna (Nitzsch) Ehrenberg
Pritchard
Pleurosigma sp.
Synedra undulata (Bail.) Gregory
Podocystis perrinensis
Surirella fastuosa Ehrenberg
Pseudonitzschia delicatissima
Thalassionema nitzschoides
(Cleve) Heiden&Kolbe
(Grun.) Mereschkowsky
Pseudonitzschia pungens (Grunow Thalassiothrix fraunfeldii
ex Cleve) Hasle
Grunow
Pseudonitzschia sp.
Thalassiothrix mediterranea
Pavillard
Proboscia alata f.gracillima
(Cleve) Gran
DINOPHYCEAE
Amphisolenia bidentata Schröder

Chaetoceros diversus Cleve
Chaetoceros eibeni (Grunow)
Meunier in van Heurck
Chaetoceros laciniosus Schütt

Ceratium arietinum var. arietinum

Chaetoceros lorenzianus Grunow

Chaetoceros peruvianus
Brightwell
Chaetoceros pseudocurvisetus
Mangin
Chaetoceros teres Cleve
Chaetoceros tetrastichon Cleve
Chaetoceros tortissimus Gran
Climatosphaenia moniligera
Ehrenberg
Coscinodiscus radiatus Ehrenberg
Coscinodiscus centralis Ehrenberg
Cylindrotheca closterium (Ehrenb.) Reimann et Lewin
Chaetoceros anastomosans Grunow Dactyliosolen mediterraneus
in Van Heurck
H.Peragallo
Chaetoceros atlanticus Cleve
Ditylum brightwelli (T.West)
Grunow in Van Heurck
Chaetoceros compressus Lauder
Eucampia zodiacus Ehrenberg
Chaetoceros constrictus Gran
Grammatophora marina
(Lyngbye) Kützing
Chaetoceros costatus Pavillard
Guinardia flaccida (Castracane)
H.Peragallo
Chaetoceros curvisetus Cleve
Gyrosigma balticum (Ehrenberg)
Rabenhorst
Chaetoceros dadayi Pavillard
Hemiaulus hauckii Grunow in
Van Heurck
Chaetoceros decipiens Cleve
Hemiaulus membranaceus Cleve
Chaetoceros didymus Ehrenberg
Hemiaulus sinensis Greville

Ceratium macroceros var. gallicum Kofoid
Ceratium massiliense var. massiliense
Ceratium paradoxides Cleve

Ceratium biceps Claparede et
Lachmann
Ceratium breve var.↔paralellum
Ceratium pentagonum Gourret
(Schmidt) Jörgensen
Ceratium candelabrum (Ehrenberg) Ceratium ranipes Cleve
Stein
Ceratium carriense var. carriense
Ceratium symetricum var. coarctatus Grah. et Bronikovsky
Ceratium concilians Jörgensen
Ceratium symetricum var. orthoceras Grah. et Bronikovsky
Ceratium contortum var. contortum Ceratium teres Kofoid
(Gourret) Cleve
Ceratium contortum var. karstenii
Ceratium trichoceros (Ehrenberg)
(Pavillard) Sournia
Kofoid
Ceratium declinatum f. majus
Ceratium tripos var. atlanticum
Jörgensen
(Ostenfeld) Paulsen
Ceratium euarcuatum Jörgensen
Ceratium tripos var. pulchellum
Ceratium furca var.furca
Ceratocorys gourreti Paulsen
Ceratium fusus var. fusus
Ceratocorys horrida Stein
Ceratium gibberum var. dispar
Cladopyxis
caryophyllum
(Pouchet) Sournia
(Kofoid) Pavillard
Ceratium hexacanthum var. hexa- Dinophysis argus (Stein) Abé
canthum
Ceratium horridum var. horridum Dinophysis caudata Saville-Kent
Ceratium inflatum (Kofoid) Jörgen- Dinophysis doryphorum (Stein)
sen
Abé
Ceratium kofoidii Jörgensen
Dinophysis favus (Kofoid et
Michener) Abé
Ceratium longissimum (Schröder)
Dinophysis hastata Stein
Kofoid
Ceratium limulus (Gourret ex
Dinophysis mitra (Schütt) Abé
Pouchet) Gourret
Dinophysis rapa (Stein) Abé
Protoperidinium sp.
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Dinophysis rotundata Claparède et Protoperidinium brochi (Kofoid
Lachmann
et Swezy) Balech
Dinophysis schuetti Murray et
Protoperidinium conicum (Gran)
Whitting
Balech
Diplopsalis lenticula Bergh
Protoperidinium claudicans
(Paulsen) Balech
Diplopelta bomba Stein ex Jörgen- Protoperidinium crassipes
sen
(Kofoid) Balech
Gonyaulax polygramma Stein
Protoperidinium diabolus (Cleve)
Balech
Gonyaulax spinifera (Clapa. et
Protoperidinium divergens (EhLachmann) Diesing
renberg) Balech
Goniodoma acuminatum
Protoperidinium depressum
(Ehrenberg) Stein
(Bailey) Balech
Gymnodinium sanguineum Hirasa- Protoperidinium globolus (Stein)
ka
Balech
Kofoidinium velelloides Pavillard
Protoperidinium granii Ostenfeld
in Paulsen) Balech
Lingulodinium polyedrum (Stein)
Protoperidinium mediterraneum
Dodge
(Kofoid) Balech
Noctiluca scintillans (Macartney)
Protoperidinium ovum (Schiller)
Kofoid
Balech
Ornithocercus heteroporus Kofoid Protoperidinium pallidum (Ostenfeld) Balech
Ornithocercus magnificus Stein
Protoperidinium pellucidum
emend. Schütt
(Bergh) Balech
Ornithocercus quadratus Schütt
Protoperidinium pyriforme
Paulsen) Balech
Oxytoxum scolopax Stein
Protoperidinium quarnerense
(Schröder) Balech
Oxytoxum sp.
Protoperidinium steinii (Jörgensen) Balech
Podolampas bipes Stein
Protoperidinium subinerme
(Paulsen) Balech
Podolampas palmipes Stein
Pyrophacus steinii (Schiller) Wall
et Dale
Podolampas spinifera Okamura
Scrippsiella trochoidea (Stein)
Loeblich III
Prorocentrum micans Ehrenberg
Spiraulax jollifei (Murray et
Whitting) Kofoid
Prorocentrum compressum (Bailey)
Abé
CYANOPHYCEAE

DICTYOCHOPHYCEAE

Oscillatoria sp.
PRYMNESIOPHYCEAE
Anaplosolenia brasiliensis
(Lohmann) Deflandre

Dictyocha fibula Ehrenberg

The lowest diversity index (H') value determined in June
(H' =0.34 at 10 m) was caused by the increase of L. minimus. The highest diversity values were found in May (H'
= 3.20) and September (H' = 3.15), due to low abundance
of diatoms (Fig. 2).

Scyphosphaera apsteinii
Lohmann

FIGURE 2 - Seasonal variations of phytoplankton
groups and diversity in the different sampling depths.

Phytoplankton abundance was characterized by an early
summer maximum and low levels in the other seasons. The
abundance of phytoplankton at the different stations and
depths did not show relevant differences. Total phytoplankton abundance ranged between 0.35 x 103cells L-1 and 430 x
103 cells L-1 throughout the year. Diatoms were the taxa responsible for abundance fluctuations (Fig. 2). A rapid increase occurred in June due to the bloom of L. minimus.
The cell numbers of this species reached a maximum
level of 173 x 103 cells L-1 at surface, 261 x103 cells L-1 at
5 m and 218 x103 cells L -1 at 10 m depth (Fig. 3). A second peak was achieved by Chaetoceros spp. in March.
These species reached a maximum abundance of 14.9 x
103 cells L-1 at surface, 17.6 x 103 cells L-1 at 5 m, and 17.4
x 103 cells L-1 at 10 m depth (Fig. 3). Dinoflagellates were
in very low levels when compared to diatoms. Two small
peaks of dinoflagellates occurred in May and September
(Fig. 2). There is no dominant species in the first peak, but
the second peak in September was caused by Ceratium spp.
P

P

P

In spring, diatoms reached 96 % of total cell numbers,
while dinoflagellates only accounted for 3 % of the population. Chain-forming small diatoms were dominant in terms
of diversity and abundance. In this period, Pseudonitzschia
spp. (11.4 x 103 cells L-1 at 10 m, April) and Chaetoceros
spp. (17.6 x 103 cells L-1 at 5 m, March) were the largest
components of the phytoplankton (Fig. 3). In summer,
the degree of dominancy of the diatoms increased (98 %).
Leptocylindricus minimus was prevailing in early summer
(261 x 103 cells L-1 in June), followed by Chaetoceros spp.
(15.6 x 103 cells L -1 in August). In autumn, cell numbers
decreased to the lowest values. Phytoplankton abundance
varied between 0.8-2.95 x 103 cells L-1 in this period. Diatoms still remained the dominant group (47 %), but dinoflagellates increased in importance (30 %) with a small peak
of Ceratium spp. The abundance of Ceratium species
reached 8.7 x 102 cells L-1in September (Fig. 4).
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FIGURE 4 - Seasonal succession
of the most important dinoflagellates.

FIGURE 3 - Seasonal succession of the most important diatoms.

Finally, in winter, the number of diatom species was
the highest (56 taxa). But the cell numbers remained relatively low. A small peak was observed due to the increase in
diatom taxa Thalassiothrix spp. (3.7 x 103 cells L-1 at 0 m,
4.8 x 103 cells L -1 at 5 m and 5.25 x 103 cells L-1 at 10 m)
(Fig. 3). Dinoflagellates were represented by 40 taxa, and
Ceratium species were the most common in this period.
P

Despite the presence of some dinoflagellate species
(Dinophysis caudata Saville-Kent, Gonyaulax polygramma
Stein, Prorocentrum micans Ehrenberg, Noctiluca scintillans (Macartney) Kofoid, and Scrippsiella trochoidea (Stein)
Loeblich III) capable of forming red tides and other harmful blooms, this phenomenon was not recorded during the
study period.

FIGURE 5 - Dendogram of the species-oriented
cluster analysis based on log(x+1)-transformed
abundance data of the selected phytoplankton species.

The cluster analysis was performed among the selected
species to define the structure of the phytoplankton community (Fig. 5). Two main groups were obtained (groups A
and B). Frequent species, such as Ceratium kofoidii Jörgensen and Pleurosigma sp. clustered together in cluster A1.
Cluster A2 included diatoms, Chaetoceros diversus Cleve,
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Pseudosolenia calcar-avis (Schültze) Sundström, and L.
minimus, and only one of the dinoflagellates, S. trochoidea.
The cluster A3 comprised diatoms and dinoflagellates. One
of the most frequent diatoms, T. fraunfeldii, during the study
appeared in cluster A3. Cluster B included the frequently
observed species, G. flaccida and H. hauckii as well as
Chaetoceros spp. and Pseudonitzschia sp., which are intensely found in spring.
The phytoplankton abundance positively correlated
with temperature (r =0.20, p<0.01), but not with salinity.
Of the nutrients, only silicate was negatively correlated to
phytoplankton abundance (r = -0.21, p<0.01).
DISCUSSION
The oligotrophy resulting from the shortage of nutrient salts in the eastern Mediterranean leads to low plankton biomass in this sea. As well as the characteristic temperate Mediterranean species, Indo-pacific species carried
from the Red Sea and of Atlantic origin are also present in
the eastern Mediterranean phytoplankton flora [21]. Though
the species composition and seasonal dynamics of phytoplankton are governed by physical processes in seas [22],
in coastal environments, they are greatly affected by terrestrial inputs. İskenderun Bay has been exposed to heavy
terrestrial inputs owing to agricultural fields and industrial
plants on its coast. In addition to these land-based inputs,
the active mixing of the water owing to the relatively shallow structure of the bay, was observed. For this reason, it
has been reported that İskenderun Bay has higher nutrient
and primary production values, compared to the open sea
in the eastern Mediterranean [5].
Phytoplankton composition and species number identified in this study show similarities with previous studies
by Polat and Işık [23] (135 taxa), Eker and Kıdeyş [24]
(175 taxa), and Polat et al. [25] (170 taxa) in the coastal
areas of the northeastern Mediterranean. The characteristic species of coastal environments account for the majority of the species identified in this study. ChaetocerosRhizosolenia association, reported to be the characteristic
of the eastern Mediterranean by Kimor [21], were also observed in almost all periods.
There was clear dominance of diatom abundance
throughout the year, and they represented 96 %, especially
at the end of spring and the beginning of summer. Although the abundance of the phytoplankton in the Mediterranean is known to display increases at the end of February and early March [26], similar to the findings of the
present study, Moscatello et al. [27] found the highest
abundance at the south coasts of Italy in June. The diatom
peak in June is probably associated with the mixing of
water, since diatoms are known to be adapted to turbulent
environments [28]. Furthermore, small diatoms display an
increase when supply of nutrients is high [29]. Besides the
chain-forming diatoms belonging to genera Chaetoceros

and Pseudonitzschia reported to be dominant in upwelling
areas [30], L. minimus were found to be abundant in this
study. These three genera were also found to be the dominant in the southeastern Mediterranean, by Mercado et al.
[31]. Several species of Chaetoceros and Pseudonitzschia
dominated the spring community (cluster B), while other
small diatoms, such as L. minimus and C. diversus were the
major contributors to the summer increase (cluster A2).
Meanwhile, the maximum phytoplankton abundance in the
present study is higher than that reported for adjacent areas
[23, 25].
With a decline in the phytoplankton abundance to
minimum levels in autumn, a change was observed from
small-sized to large ones, in terms of species composition.
Among diatoms, H. hauckii and P. alata are known to have
been those remaining in the environment subsequent to the
diatom bloom in spring [32]. Similarly, such big-sized diatoms as G. flaccida and T. fraunfeldii, as well as H. hauckii
and P.alata, were found to be the most common species in
all periods. Of these, T. fraunfeldii was also the most abundant species observed in winter. This species has been recorded to be one of the most dominant diatom in most parts
of the Mediterranean during winter [33, 34].
Although dinoflagellates are known to be the characteristic organisms of the summer months when stratification and low nutrient concentrations are present, they can
also thrive in coastal waters enriched with nutrients [35, 36].
However, in this study, dinoflagellates were observed to
be considerably low in abundance throughout the year, as is
the case in most parts of the Mediterranean [27]. Dinoflagellates attain maximum abundance in summer months [10].
In this study, dinoflagellates were observed to reach their
highest density in the early autumn, when summer conditions were prevalent, and this increase was caused by
Ceratium spp. While dinoflagellates leading to red tide were
observed in this study, no red tide incident was observed
in İskenderun Bay during the sampling period or in previous years [12, 25].
Nutrients did not display an apparent seasonality owing to the active mixing of the sea-water resulting from
shallowness of the bay and terrestrial influences, for these
factors provide a constant nutrient supply into the watercolumn. While the nitrate+nitrite and silicate values were
lower than those of Yılmaz et al. [5], on the coastal parts
of the bay, the phosphate values were found to be higher.
Even though phosphate is a limited element in the Mediterranean [2], it can show increases due to land-based effects in coastal environments and lead to eutrophic conditions [29]. In the recent years, the amount of nitrogen and
phosphorus has been increasing [7], and changes in the
relative concentrations of nutrients have been observed in
the Mediterranean [4, 37]. While the silica concentrations
in the environment do not display changes, the increase in
the concentrations of nitrate and phosphate could cause a
shift from the diatoms to flagellate-dominated communities
[31, 34]. However, in the present study, although a minor
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increase was observed in the phosphate levels compared
to previous findings, and a dramatic increase in nutrients
levels was not encountered. However, as far as groups investigated are concerned, no changes have been observed
in the structure of phytoplankton community. Moreover,
the diatoms were found to be the most abundant through
all periods, most probably due to a constant supply of available silicate in the environment.
It can be concluded that the physical dynamics in this
environment mostly control the phytoplankton succession
and community structure. Since the mouth of İskenderun
Bay is wide where it joins the open sea, it is highly affected
by the current systems in the northeastern Mediterranean,
and there occurs an active circulation of the water column
due to the local wind systems in the region. Phytoplankton followed classic succession model with initial growth
of small diatoms. However, the timing of phytoplankton
peak does not show conformity with classical bimodal
scheme of temperate seas. The maximum abundance reached
in summer period is typical for many coastal environments.
Although data are scarce to compare these results, there
has not been a change in the structure of the phytoplankton
community in the area, when compared to those of previous
studies. Moreover, the values for phytoplankton abundances
are generally in agreement with the ranges for the oligotrophic environments.
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SUMMARY
Research was carried out on the adsorption of chlorpyrifos- methyl (CLP-m) by some soil colloids in both pure
and associated forms. A preliminary screening shows a
good affinity of CLP-m for humic acid and smectite (93%
and 75%, respectively), but little affinity for ferrihydrite
(25%). Among the binary associations tested, smectite with
addition of 4% humic acid produced the best results (85%
adsorption). Pure smectite and the smectite-4% humic acid
binary system were used for a more detailed examination of
the effects of pH, ionic strength and organic acids in the solution on adsorption capacity of CLP-m. Adsorption appeared to be inversely correlated to pH, with mean values
of 52% and 65% under alkaline pH on smectite and the
binary association, respectively. When ionic strength increased, so did adsorption, which was hypothesised as being
of the cooperative type. The organic acids, added to the
liquid phase, reduced the adsorption of CLP-m on both colloids with a more marked effect on the smectite.

KEYWORDS: chlorpyrifos-methyl, adsorption, soil colloids, pH,
ionic strength, organic acids.

INTRODUCTION
Chlorpyriphos-methyl [o, o-dimethyl-o-(3,5,6-trichloro-2-pyridil)phosphorothioate] (CLP-m), like chlorpyriphos
[o, o-diethyl-o-(3,5,6-trichloro-2-pyridil) phosphorothioate]
(CLP) is an insecticide belonging to the class of organophosphate esters, which acts on the central nervous system
of the insect, being toxic by contact, ingestion, or inhalation.
Abiotic degradation processes play an important role in
dissipating CLP. Racke [1] noted a rapid hydrolysis of CLP
in alkaline pH conditions (pH >7.5-8.0). Carter and Capri [2],

as well as Finocchiaro et al. [3] arrived at the same conclusion with regard to CLP-m hydrolysis. Hydrolytic degradation of CLP-m was observed in the presence of iron
oxides by Smolen and Stone [4], who carried out hydrolysis studies on phosphorothioate esters and phosphate esters.
The authors verified that the presence of minerals, such as
iron and aluminium oxides and hydroxides, catalysed hydrolysis of CLP-m. Metal-catalyzed hydrolysis took place
through three principal mechanisms: 1) complexing of the
metal with thionate-S or oxonate-O (this complexing increases the electrophilicity of the phosphorus atom); 2) induced deprotonation of metal-coordinated water, generating metal-hydroxo species that can serve as nucleophiles;
and 3) metal coordination of leaving group, facilitating its
exit [5]. The degradation of CLP and CLP-m also took
place quickly in river sediments, with half-life times varying between 1-16 days [1, 3]. A further abiotic transformation that can lead to the dissipation of CLP is photolytic degradation, which led to transformation products, the
main one being trichloropyridinol (TCP) [6]. There are
contrasting opinions with respect to microbial degradation. Thiegs [7] firstly found that the degradation of CLP
was much slower in soil, which had been sterilised in an
autoclave, as compared to natural soil even if, in both cases, the same transformation product (TCP) was obtained.
Instead, other research groups noted small differences in
the degradation rate of CLP in sterile soils as compared to
microbiologically active soils, concluding that microorganisms do not always play a significant role [1, 3].
Racke et al. [8] verified that, unlike other xenobiotics,
repeated doses of CLP did not induce an increase in degradation processes. This could be attributed to the fact that
CLP degradation takes place mainly by means of abiotic
reactions (for example hydrolytic ones), but could also
be due to other phenomena, such as the strong bonding
between molecule and soil colloids, thus making it less
available for microbial degradation.
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Due to their apolar nature, CLP and CLP-m show a
strong tendency to separate from water towards the organic phase. This behaviour is demonstrated by the octanol-water partition coefficient (Kow), which proves to be
an important parameter for estimating the distribution of
xenobiotics in the environment. In fact, the high values of
Kow, 50,000 for CLP and 17,300 for CLP-m, confirm the
strong tendency of these molecules to associate themselves
to the organic phase of the soil, thus determining a low
leaching potential and little probability of groundwater
pollution [1]. It has been demonstrated that CLP and CLPm adsorb strongly on soil organic matter, but this determines different behaviour, in terms of mobilisation, according to the type of organic material. In effect, the adsorption of CLP and CLP-m on dissolved organic matter (DOM)
increases their solubility and favours their movement rather
than immobilization in the soil. Huang and Lee [9] evaluated the effect produced by the presence of DOM of various origins, on the adsorption of CLP in the soil. It emerged
from their results, that the apparent solubility of CLP increased linearly with an increase in the concentration of
DOM in solution, which led to a consequent reduction in
adsorption on the soil. Finocchiaro et al. [3] demonstrated
that CLP-m is greatly adsorbed on soil and sediments, and
that this process was more or less irreversible. A study of
the adsorption of CLP on a polyurethane foam showed
that the adsorption of the insecticide by the foam increased
in the presence of alkali salts. CLP was adsorbed in growing quantities according to the following order of cations:
K+>NH4+>Na+>Li+. In accordance with the chelation-cationic sorption mechanism, the presence of K+ should facilitate the sorption of CLP more than the other cations, because of the better fit of K+ into the cavity of the oxygenrich helix in the polyurethanic foam [10].
From the above, it appears evident that different studies have been carried out on CLP, a versatile insecticide
which has been in use in different parts of the world for
more than 30 years to combat numerous phytophago species, while, with regard to the more recently produced CLPm, there is still little information available.
The object of the work described herein was to study
the adsorption process of CLP-m on soil colloids in order
to evaluate the interactions between this molecule and the
soil.
The study was carried out under different pHs and
ionic strength conditions of the solution, in the presence
of different organic molecules, with the aim of simulating
conditions that can be found in the soil solution and highlight the possible interactions of the characteristics of the
latter on the adsorption process. In fact, pH and variations
in the ionic strength can have an effect on the extent of
adsorption [11-14]. Moreover, it is known that the soil solution contains also organic molecules, such as the acids released by the roots. Therefore, it was desirable to verify to
what extent the presence of such molecules could influence the adsorption of CLP-m on the colloids under examination.

MATERIAL AND METHODS
Screening of the adsorptive capacity of some soil colloids

A preliminary screening of the surfaces, mostly interacting with CLP-m, was carried out by determination of
distribution coefficient Kd, and the percentages of pesticide
adsorbed by some soil colloids and their binary associations. The pure soil colloids were a smectite sample from
Wyoming (Swy), a two-line ferrihydrite (Fh), and a humic
acid (HA) extracted from a histosol. The binary systems
were the associations of the smectite with 4% humic acid
(Swy-HA 4%), as well as 8 and 16 % Fh (Swy-Fh 8%,
Swy-Fh 16 %), and of Fh with 4 and 8 % humic acid (FhHA 4%, Fh-HA 8%). The binary associations were prepared
according to Leone et al. [15, 16].
Adsorption tests were performed on 50 mg of each soil
colloid in 8 ml vials with 5 ml of pesticide solution (3 mg
L-1 of CLP-m in 0.01 N CaCl2). CaCl2 was chosen as the
background electrolyte to minimise variations in ionic
strength. Each test was carried out twice. The suspensions
were shaken in a climatic cell at 25° C in the dark for
2 hours. Preliminary tests showed that this time was necessary to reach the equilibrium. Then, the samples were
centrifuged at 3000 rpm for 30 min, and the concentration
of CLP-m in the liquid phase was measured by liquid chromatography (LC). The amount adsorbed was calculated by
subtraction. Blank vials without sorbent were prepared according to the same procedure in order to highlight any loss
of product due to degradation or volatilisation. In the preliminary phases of the investigation, it was shown that
CLP-m had a high affinity to plastics, and to avoid loss of
the product, only glass materials were used.
On the basis of the results obtained using this test
(Table 1), two surfaces were chosen to continue the investigation: Swy and Swy-HA 4%. Swy had a pH of 6.5 and
a surface area (A BET) of 25 m2 g-1, while the binary system
Swy-HA 4% had a pH of 5.2 and an ABET of 4 m2 g-1°.
Determination of the adsorption isotherms

The adsorption isotherms were determined by adding
5 ml of aqueous CLP-m solutions (5 concentrations between 0.5-2.5 mg L-1) to 50 mg of sorbent in 8 ml vials. For
each concentration, a blank vial without sorbent served as
control. Each sample was prepared twice, and samples were
shaken in a climatic cell at 25°C in the dark for 2 hours.
In order to evaluate the effect of the ionic strength on
the adsorption process, the isotherms were determined as
described above using CLP-m in 0.01N, 0.02 N and 0.08
N CaCl2.
The effect of pH on CLP-m adsorption was evaluated
using CLP-m solutions in 0.01N CaCl2, with the addition of
diluted NaOH or HCl solutions to bring pH value into a
range between 4.7-8.5.
The influence of different organic acids on CLP-m adsorption was determined using CLP-m in 100 µM citric,
oxalic and malic acid solutions.
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Liquid chromatographic analyses

The CLP-m concentrations were measured with a liquid chromatograph Shimadzu Mod. LC-10 ADvp instrument, equipped with UV/VIS detector (290 nm), a loop of
20 µl, and a SupelcoSil LC-18 column, eluted with a mobile
phase composed of H2O acidified to pH 3 with H 3PO4
(20%) and CH3CN (80%). The Rt value was 3.5 min.
Data elaboration

The data relating to the adsorption isotherms were elaborated using the Freundlich equation:
x/m = Kf*Ce1/n
Kf and 1/n are the Freundlich constants and give indications regarding the entity and type of adsorption; Ce expresses the concentration of pesticide remaining in solution (mg L-1), while x/m expresses the concentration of active
ingredient in the solid phase (mg kg-1), and is determined
applying the following equation:
x/m = (Co-Ce)*V/m
where Co = initial pesticide concentration in solution
(mg L-1), Ce = equilibrium pesticide concentration in the
liquid phase (mg L-1), V = volume of the liquid phase (L),
and m = weight of the solid phase ( kg).
The percentage of adsorption is given by the equation:
% = (Co-Ce)/Co*100
Kd is the soil/solution partition coefficient, which indicates the affinity of the molecule for the adsorbent: Kd
= (x/m)/Ce.
RESULTS AND DISCUSSION
Screening of the adsorptive capacity of the tested colloids

The results obtained in the preliminary CLP-m adsorption tests highlight that the molecule has great affinity
to humic acid (93% adsorption, Table 1), confirming the
affinity of hydrophobic pesticides to soil humic substances.
TABLE 1
Adsorptive capacity of the tested soil colloids for CLP-m.
Sorbent
Swy
Fh
HA
Swy-HA 4%
Swy-Fh 8%
Swy-Fh 16%
Fh-HA 4%

Kd
279
32
1301
497
370
309
67

% adsorption
74
24
93
83
79
76
40

pH
6,6
6,7
2,5
6.0
5,5
5,8
6,8

The pure smectite exhibited a good affinity for CLP-m
(74% adsorption), which was strongly increased when associated with HA (83% adsorption). The affinity of CLP-m
for pure Fh was lower (24% adsorption ), but also in this
case adsorption increased when Fh was associated with HA,
but remained much lower than that obtained with smectite-HA binary association.

For smectite/Fh association, the degree of adsorption
was similar to that found using only smectite.
Therefore, the further investigations were carried out
only on Swy and Swy-HA 4%.
Influence of pH and dissolved salts on adsorption isotherms

The results of adsorption tests on Swy and Swy-HA 4%
are shown in Tables 2 and 3, respectively. There was an appreciable adsorption of CLP-m on Swy in the presence of
pure water, varying between 64-68%. The value of 1/n was
1.11, indicating an almost linear isotherm. Linear isotherms
would indicate a partitioning process whose driving force
is the expulsion of the organic molecule from the aqueous
phase due to hydrophobic effects [17].
The hydrophobic character of the molecule suggested
that its interaction with smectite took place on the less hydrophilic groups of the clay represented by siloxanic cavities. However during the adsorption possibly the S atom of
the insecticide and Bronsted acid sites on the surface interact, forming hydrogen bonds. This hypothesis was also reported by Polubesova et al. [18], to explain the adsorption
of imazaquin on pillared clay. Herwing et al. [17] affirmed
that molecules being not very soluble in water, due to their
low concentration in the liquid phase, do not enter the interlayer of the clay minerals, but remain on the external surface.
Calcium chloride slightly increased adsorption (6473%), and moved the isotherm model towards the S type
(1/n = 1.24). Given that the smectite showed only H+ ions
on the surface, an exchange took place between them and
the Ca2+ ions in the liquid phases. This phenomenon was
demonstrated by lowering of pH observed in the CaCl2
solution, compared to water (7.2 and 6.5, respectively) after
the interaction of the liquid phase with the sorbent. When
the surface charge is balanced by the Ca2+ ions, the siloxane
hydrophobic groups are more greatly responsible for CLPm adsorption. This can be attributed to the condensation of
the structure due to the cation neutralization leading to the
exposure of less hydrophylic regions of the surface. Another adsorption mechanism may be the forming of hydrogen bonds between S atoms and hydration water of the
cations. A cooperative type of adsorption promoted by the
already adsorbed molecules took place, as proposed by
Mingelgrin and Tsvetkov [19] for the adsorption of parathion on smectite.
According to El-Shahawi et al. [10], CLP is adsorbed
on the surface of the polyurethanic foam by means of a
cationic chelation mechanism. A similar mechanism can be
supposed in the case of CLP-m, and in presence of Ca2+.
This kind of interaction, unlike that in absence of Ca2+,
allows a cooperative-type process to take place. Mingelgrin
et al. [20] also proposed an interaction with the exchangeable cation during adsorption of organophosphate esters on
smectite. The same authors suggested an interaction between cation and thiophosphate group of the organophosphate ester. The exchange of H+ with Ca2+ determines nu-

768

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

merous variations in the property of the surface itself: 1)
the diffuse double layer is compressed with a consequent increase in cation concentrations near the clay surfaces; 2)
there is a greater aggregation of the colloidal particles which
become more stable [21]. In the presence of Ca2+, the colloid may adopt a condensed structure promoted by cation
bridging or neutralizing ionized sites facilitating exposure
of hydrophobic binding sites [22]. This latter phenomenon was also demonstrated by our experiments where a
dispersion of the colloid was observed in the presence of
water, but not CaCl2.
With the same cation, an increase in ionic strength
favours cooperative adsorption, as indicated by the increasing values of 1/n (Table 2). When cation levels increased,
the hydrophilicity of the surface decreased due to higher
neutralisation rates of the charge, thus increasing its affinity with the insecticide. Nennemann et al. [12] observed
that adsorption of metolachlor on montmorillonite increased
with Ca2+ ions in solution. Increase in adsorption with that
in ionic strength of the solution was also reported by Alva
and Singh [11]. Spongberg and Ganliang [23] found a direct
correlation between the adsorption of atrazine or metolachlor and ionic strength. The authors attribute this phenomenon to a ‘salting out’ effect induced by higher levels
of salts, which lower solubility of the molecules in water.
TABLE 2
Influence of the composition of the aqueous phase on the
adsorption of CLP-m on Swy (a: initial CLP-m concentration =
0.5 mg L-1 CLP-m, b: initial CLP-m concentration = 2.5 mg L-1).
Aqueous phase
H2 O
CaCl2 0.01N
CaCl2 0.02 N
CaCl2 0.08N
CaCl2 0.01N (pH 4.7)
CaCl2 0.01N (pH 6.6)
CaCl2 0.01N (pH 8.5)
Citric acid 100 µM
Malic acid 100 µM
Oxalic acid 100 µM

Kf

1/n

R2

212.8
299.5
368.2
705.3
234.9
248,7
100.0
199,3
141.9
109.1

1.11
1.24
1.28
1.57
1.09
1.16
0.88
1.35
0.85
0.83

0.995
0,997
0.973
0.989
0.996
0.987
0.991
0.996
0.963
0.995

pH % ads.a % ads.b
7.2
6.5
6.5
6.5
4.7
6.6
8.5
5.5
6.0
7.0

64
64
66
68
68
64
55
54
63
62

68
73
77
82
70
70
49
65
57
54

With regard to pH effect, relevant differences were not
observed between acid and sub-acid conditions, whereas
at alkaline pHs, the extent of adsorption of CLP-m on smectite was enormously reduced, if even still more than 50%.
According to Nennemann et al. [12], the extent of the hydrophobic regions, possibly interacting with the lipophylic
organic molecules, depends on the surface charge, and the
higher the negative charge the lower the extent. At alkaline
pH, the surfaces exhibit a negative charge which leads to a
lesser affinity of CLP-m with the adsorbent.
The presence of HA on the smectite favoured adsorption of CLP-m, as could be foreseen by the high percentages of adsorption on pure HA found in the preliminary
tests. Numerous authors have shown that humic substances,
or different kinds of organic compounds, bonded to the
surface minerals increasing the affinity between adsorbent
and hydrophobic organic xenobiotics [14, 24].

Characterisation studies of similar binary systems reported by Leone et al. [16] led to the hypothesis that the
humic fraction is deposited on the inorganic colloid. As a
consequence, it would seem reasonable to think that in this
system the organic matter has played a predominant role
in adsorbent/insecticide interaction.
According to Murphy and Zachara [14], the adsorption
mechanism of organic compounds on humic substances
could be due both to phase partitioning and hydrophobic
adsorption. Phase partitioning is the transfer from aqueous
to organic phase, whereas hydrophobic adsorption is a surface reaction occurring in competition with water on surface regions exibiting low hydratation energy.
The presence of Ca2+ ions did not cause variations in
the shape of the S-type isotherm. At higher ionic strength
(0.08N CaCl2), 1/n values increased, with slightly higher
percentages of adsorption.
The adsorption on the binary system appeared inversely
correlated to pH, as the progressive decrease of the adsorption percentages demonstrates. The adsorption in alkaline pH conditions was particularly low. An S-type trend is
also seen in this series of isotherms indicating a cooperative
type of adsorption mechanism. Laor et al. [25] reported that
the adsorption of phenanthrene on mineral surfaces associated with HAs is not favoured by high pHs. This phenomenon can be attributed to an increase in the polarity
of the humic material, diminishing affinity for hydrophobic
molecules. Schlauman and Morgan [26] suggested that increase in polarity of humic substances determines an alteration in the structure, affecting the formation of hydrophobic interactions. In particular, a high pH determines the solubilizing of the humic substances with a consequent decrease in pesticide fraction adsorbed by the colloid [21].
From different HA potentiometer studies with humic
and fulvic acids, the existence of a bimodal distribution of
the acid dissociation constants emerged, and centred around
the pKs 4.6 (carboxylic protons) and 10.7 (phenolic protons) [27]. At pH 8.5, almost all the carboxylic groups lost
their protons while phenolic groups were still neutral. This
would explain the reduction in the adsorption of the molecule at high pHs, and also the continuing interaction, which
was probably due to the non-dissociated and, therefore, less
polar fraction (phenolic groups).
Influence of organic acids on the adsorption isotherms

Organic acids in the liquid phase reduced CLP-m adsorption on both surfaces, with a more marked effect on the
smectite (Tables 2 and 3).
Grafe et al. [28] found a reduction in the adsorption of
arsenate on Fh in the presence of citric acid, and attributed
this phenomenon to the fact that many adsorption sites were
occupied by the acid. The ability of citric acid to reduce the
adsorption of arsenate appeared to agree with the results of
other authors. The adsorption of organic acids on organic
and mineral surfaces has not been well defined, but it is
assumed to be a dynamic interaction of diverse mechanisms
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between the organic functional groups (carboxylic or phenolic groups) and the surface hydroxyls, including ligands`
exchange reactions, hydrogen bonding, and electrostatic interactions [26]. Geelhoed et al. [29] suggested that the adsorption of citrate on goethite is a combination of bidentate
surface complexes of two COO- groups and hydrogen bonding by the remaining COO- group, which effectively competes with phosphate for surface sites at low pHs. Nennemann et al. [30] reported that oxalate impeded metolachlor
adsorption on montmorillonite without finding out an explanation for this, and, therefore, a competitive adsorption
phenomenon might be possible too.
TABLE 3
Influence of the composition of the aqueous phase on the adsorption of CLP-m on Swy-HA4% (a: initial CLP-m concentration =
0.5 mg L-1 CLP-m, b: initial CLP-m concentration = 2.5 mg L-1).
Aqueous phase
H2 O
CaCl2 0.01N
CaCl2 0.02 N
CaCl2 0.08N
CaCl2 0.01N (pH 4.7)
CaCl2 0.01N (pH 6.6)
CaCl2 0.01N (pH 8.2)
Citric acid 100 µM
Malic acid 100 µM
Oxalic acid 100 µM

Kf

1/n

R2

491.7
566.9
588.6
871.6
713.3
368.2
246.7
501.9
385.6
303.3

1.17
1.28
1.16
1.37
1.23
1.23
1.12
1.31
1.04
0.96

0.991
0,975
0.987
0.986
0.979
0.975
0.960
0.997
0.996
0.982

pH % ads.a % ads.b
7.1
6.0
6.3
6.0
4.7
6.6
8.2
7.2
6.6
6.6

78
73
80
78
78
68
66
68
77
77

81
80
83
85
84
73
64
78
80
76
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DEFOLIATION OF FIR ON AN INTENSIVELY
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SUMMARY
The results concerning the defoliation status of fir
(Abies borisii-regis Mattf.), derived from an intensively
monitored plot, situated in central Greece, for the period
1995-2005 are presented, analysed and discussed. The mean
defoliation during the period of study was 10.5%, while its
maximum, 18.7%, was observed in 1996 and the minimum,
5.57, in 2002. It was found that the defoliation of fir trees
was significantly affected by insect attacks and air temperature, which explained 83.3% of the defoliation variation.
The insect attack was the most serious cause for the needle loss. The mean concentrations of Mg in the needle
tissue of the fir trees did not change significantly over time,
which shows that acid rain events observed in the area did
not affect the foliar nutrient status.

As defoliation was largely attributed to air pollution and
can be assessed at a large scale with adequate effort, it became the most widely used index of forest health [8, 9].
Tree defoliation can also be caused by natural factors. Stand
characteristics (tree species, geographic region, tree density,
tree age), site quality, meteorological conditions (drought,
extreme temperatures, frost, storms), pests and diseases
(insect and fungi attacks) are considered as usual factors
affecting the density of tree crowns. In general, it is rather
difficult to differentiate the visual symptoms of natural and
anthropogenic factors [10], and for this reason, the longterm monitoring of the same forests in time can yield more
objective results than short-term experiments.

Fir forests cover an area of about 2.5% of the whole
area of Greece, 13% of the forested land, and represent one
of the main natural ecosystems of the upland zone. Its ecosystems are of utmost importance not only for wood production but also for soil protection against erosion, water
supply, protection of the lowlands against flooding, food
and shelter supply to wild fauna, and ecological as well as
aesthetic values.

In order to protect the Community’s forests, the European Commission (EC) in cooperation with the International Cooperative Programme on Assessment and Monitoring of Air Pollution Effects on Forests (ICP Forests)
enacted the regulation No (3528/86) for the monitoring of
forests in Europe. In the beginning, the Monitoring Programme concerned the forest health status based on visual
estimation of tree defoliation. This programme is known as
Level I. However, it became apparent over the years that a
more intensive monitoring of forest ecosystems was needed
in order to establish relationships between causes and effects with regard to forest damage. For this reason, under a
new EC regulation (No. 1091/94), the EU-Member States
started implementing the Intensive Monitoring of Forest
Ecosystems known as Level II programme [11]. The intensive Monitoring of Forests comprises a variety of activities, such as estimation of tree crown defoliation, deposition measurements, soil and foliar chemical analysis, soil
solution, and tree growth monitoring. All these activities
are conducted in the plot under consideration.

During the mid 80’s, it was observed that leaf/needle
loss and tree death rate increased in various regions of
Europe, where high deposition of air pollutants and acid
precipitation occurred (Germany, Czech Republic). These
phenomena, caused by unknown factors, became known
as forest decline. At the same time, a number of articles
were published with regard to atmospheric pollution and its
effects on forested ecosystems [1-7].

The objectives of the present study are to present the
results derived from the intensive monitoring (Level II
programme) of a natural fir ecosystem in Greece, and investigate the possible factors affecting the defoliation of
the fir trees. The factors examined were both abiotic and
biotic. The abiotic factors were chosen to be temperature
and rain amounts, whereas insect attacks were the biotic
factor. The temperature and rain amounts were derived

KEYWORDS:
Forest condition, forest health, long-term monitoring, defoliation.
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from May-September, when in Mediterranean countries low
rain amounts and high temperatures affecting vegetation
are observed. As acid rain events were monitored on the
plot [12], it was decided that an environmental parameter
affected by acidity should also be examined. This parameter was the Mg concentration in needle tissue. Magnesium
is easily leached by protons from leaves, and its deficiency
has occurred in damaged forest stands [13]. So the null hypothesis was that abiotic and biotic factors as well as acid
rain events did not affect the defoliation of fir trees.
MATERIALS AND METHODS

The trees for monitoring were located in a subplot occupying an area of 0.11 ha. Thirty six predominant, dominant and co-dominant trees were selected and numbered.
Defoliation was visually assessed each August by the
same trained personnel throughout the period 1995-2005.
The accuracy and precision of the assessment were periodically tested with inter-calibration tests carried out by
specialized personnel in various tree species.
Defoliation percentage was assessed in 5% classes, in
comparison with a local reference tree, existing or imaginary. Defoliation is assessed in 5% classes and each tree
is finally classified in the following 5 classes of defoliation (Table 1).

Site description

The monitoring was conducted in a mountainous forest in central Greece, at an altitude of 1170 m (Fig. 1). The
vegetation is dominated by hybridogenous fir (Abies
borisii regis). The soils of the area are classified as
Humic Alisols [14], they were developed on sandy flysch
parent material and are sufficiently supplied by nutrients and moisture. The site quality of the Karpenissi plot
is considered to be a very good one, classified in class 1
according to the five classes order (1 to 5, best to worst)
of the fir forest classification of Greece [15].

TABLE 1 - Classes of tree crown defoliation [11].
Class

Needle/leaf loss (%)

Degree of defoliation

0
1
2
3
4

0-10
11-25
26-60
>60

Not defoliated
Slightly defoliated
Moderately defoliated
Severely defoliated
Dead

For each year (1995-2005), the mean plot tree defoliation was calculated (Fig. 2).

BULGARIA

FYROM
ALBANIA

N

●. Experimental plot

FIGURE 1 - Map of Greece with the experimental plot.
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Insect damage

Statistical analysis

Each year, the number of trees infected by insects was
recorded. If defoliation continued to be a consequence of
previous years attacks by insects, it was still recorded, although the intensity of attack had been diminished.
Rain amount measurements

Rain amounts were measured in a forest clearing at a
distance of 700 m from the plot centre with one recording
and two non-recording rain gauges. The measurements
among the three instruments varied up to 5%, and the rain
amount was calculated as average of these three values.
Monitoring of air temperature

Air temperature was monitored at approximately about
half a km from the plot center with a recording thermometer, placed 1.5 m above ground. A mean monthly value was
derived from mean daily temperatures.
Needle collection and chemical analysis

Branches with needles were cut from the upper part
of tree crowns by means of shooting. For this purpose,
five dominant fir trees were selected in the stand. Needle
collection started in 1995, and was continued every two
years from the same trees. The needle collection always
took place in December, which is considered to be the
dormant period for the fir trees in Greece. After each collection, a composite sample of current year needles was
formed. This sample was dried at 80 °C for 48 h and ground
by a stainless blade mill. Ground samples were digested in a mixture of HNO3 and HClO4 (1:1). Magnesium
was determined in the digest products by atomic absorption
spectrometry.

A stepwise multiple linear regression analysis was applied with the average annual defoliation as dependent variable, whereas the insect damage (number of trees infected),
temperature and rain amounts formed the independent variables. In order for the data to conform to the criterion of
normal distribution, a transformation was applied to all
variables. That was the square root of variable + 2. After
this transformation, the histograms of the variables followed
an approximately normal curve.
The serial randomness of measurements of the Mg concentrations in needle tissue in time was tested by the mean
square successive difference test [16].
RESULTS AND DISCUSSION
The average rain amount in the 11 years of observations for the months May to September was 212 mm with a
range of 93-364 mm, whereas the average temperature for
the same period was 17.5 ○C with a range of 16.8-18.2 ○C.
The mean fir crown defoliation for the period 19952005 was found to be 10.5%, with a range of 5.6-18.7%.
The best crown condition of fir trees in Karpenissi appeared
in 2003, and the worst in 1996 (Figs. 2 and 3). In 1996, a
serious attack of the insect Cacoecia or Choristoneura
murinana Hbk (Tortricidae) took place. The infestation
started in 1994, and its consequences (defoliation) continued until 2005. Its highest intensity was observed in 1996
and 1997, when all trees were recorded to be affected by
the insect (Fig. 4). Kailidis [17] reported that this insect is
common in the Greek territory and infested fir forests in
the Kar-penissi area in an epidemic form during the years
1973-1975 and 1982-1983.
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FIGURE 2 - Defoliation classes of fir trees at the Karpenissi area.

774

2003

2005

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

20
18,71

Defoliation	
  %

15

14,43

14,14
11,43

10

11,29

10,57

8,43

8,14

6,86
5,71

5

5,57

0

1995

1996

1997

1998

1999

2000

2001

2002

2003

2004

2005

FIGURE 3 - Average yearly defoliation of fir trees at the Karpenissi plot for the period 1995-2005.

Only one fir tree was uprooted due to wind during the
11-years period of investigation (2.8% or 0.25% per year)
and recorded as dead. This is not a high percentage. Despite the intense infestation by Choristoneura murinana,
fir trees do not seem to die because of this agent. This insect attacks and eats current year needles in their early
growth stage. So, old needles can supply trees with nutrients through the mechanism of retranslocation.
In a fir forest of Parnis national park near Athens,
Tsopelas et al. [18] found that 0.33% of the trees died in
1998, 0.17% in 1999, but 4.7% during the very dry year
2000. In 1989, Kailidis and Markalas [19] found the percentage of dead trees in Parnis ranging between 1-5%, while
in the Menalon mount, in southern Greece, the percentage
of dead fir trees ranged from 1-50% (average 5-10%). The

main causes identified were drought and secondary bark
insect attacks.
The multiple backward linear regression analysis, using the mean annual defoliation (DEF) as dependent variable and the percentage of trees damaged by insects (ins)
and the rainfall and mean monthly temperature (temp) for
the period May-September as independent variables, gave
a prediction equation, significant at 99.9% probability
level, in the form DEF = 12.9 + 0.216*ins -2.46*temp, explaining 83.3 % of the variation. The insect attack was a
better predictor (p<0.001) than temperature (p<0.05). The
insect attack alone can explain 75.7% of the variation. This
is in accordance with the conclusions of ICP Forests [20]
that the most frequently recorded damage type in European forests is caused by insects.
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FIGURE 4 - Number of trees damaged by the insect Choristoneura murinana (Hbk) on the experimental plot.
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The rainfall variable was rejected, as its relationship
in the regression equation was insignificant. Temperature
and insect attacks were not correlated significantly although
some authors consider high temperatures to be a trigger
factor for insect outbreaks [17, 21]. The fact that among
the climatic factors temperature was more important than
rainfall in explaining the defoliation variability is noteworthy. The plot cannot be considered as an area receiving
low amounts of precipitation. The annual rainfall amount
during the 11 years of monitoring ranged between 9351,632 mm. It is probable that variations in temperature affect the soil organic matter decomposition, and hence nutrient cycling. This fact is reflected in needle loss. However,
the effect of temperature variations in nutrient cycling needs
further experimentation.
With regard to Mg concentrations in current year needle tissues, the test of the mean square successive differences showed no systematic trend in time. The average Mg
concentration was found to be 1.33 mg g-1, with a coefficient of variation of 19%. It can be concluded that rain
acidity did not affect foliar chemistry. The events of acid
rain were observed in a period of 3-6 months per year
(1996-2001), mainly in winter when the pH ranged from
4.81 to 5.60. The lack of rain acidity effects on foliar chemistry can be attributed to the high buffer capacity of the
forest soil of the plot, and the short period of acid rain
appearance. Other pollutants, like ozone, were not measured in this work, but their effects on defoliation cannot be
excluded.
CONCLUSIONS
The causes of fir trees needle loss in the Karpenissi
experimental plot were correlated, to a great extent, with
biotic (insects) and abiotic factors (temperature May-September period).
Most of the needle loss variation of the fir trees in
Karpenissi Level II plot is explained by attacks caused by
the insect Choristoneura murinana.
Although acid rain events have been recorded in the
Karpenissi area, the Mg concentration in current year needles did not present any systematic trend in time. This fact
can be attributed to the high buffer capacity of the forest
soil and the short period of acid rain appearance.
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SUMMARY
Two sediment cores were collected during a cruise of
the R/V “AEGAEO” in the northeastern Aegean Sea in
February 1998 in order to investigate the distribution, composition and sources of hydrocarbon mixtures. Relatively
high aliphatic hydrocarbon values were recorded in the upper parts of the cores with a decreasing trend downcore.
The unresolved complex mixture (UCM) was the main
component of the aliphatic fraction in the first 20 cm of the
cores, demonstrating petroleum residues. High molecular
weight (MW) n-alkanes predominated in all cases showing
a strong odd/even carbon number preference (CPI values
>5), characteristic of terrestrial origin. Polycyclic aromatic
hydrocarbons (PAHs) determined, included the parent compounds with MW from 178-278, dibenzothiophene, retene
and the methylated derivatives of phenanthrene and dibenzothiophene. High values (>1000 ng/g) were measured in
the surface layers with a decreasing trend downcore, except in the core located close to the estuary, where an
anomalous behavior was observed, with the highest values in the 40-45 cm section of the core, probably related
to past pollution incidences. The biogenic perylene, mostly
coming from terrestrial sources, was always the most abundant PAH. The compounds with four or more aromatic
rings were also found in high quantities.

particles and accumulates in sediments. These processes
are particularly effective in estuarine areas, where the river
mouths supply large quantities of suspended matter and a
wide range of inorganic and organic chemical substances
from both natural and anthropogenic sources [1]. The need
to understand the fate of anthropogenic-derived substances
transported by rivers is thus a great challenge. The analysis of sediment records can be a valuable tool in the estimation of the historical evolution of the anthropogenic impact on the marine environment, since sediments can be regarded as traps for river-borne constituents in the adjacent
continental shelf [2].
Hydrocarbons are very important components of the
land-derived organic inputs, and their chemical composition in sediments reflects the relative contributions of their
various sources [3]. Sediment cores can be used to reconstruct the hydrocarbon input in an estuarine or deltaic environment and to assess its preserved portion [4].
Natural hydrocarbons in sediments originate mainly
from terrestrial plants and marine algae, while the main
sources of the human-made hydrocarbons are the various
petroleum inputs into the sea, atmospheric fallout, urban
runoff and industrial discharges, whereas they are related
to fossil fuels and their combustion [5].
In this study we attempt to elucidate the hydrocarbons’
occurrence in the marine system of the Alexandroupolis
Gulf (northeastern Aegean Sea) strongly influenced by the
Evros River, a major multinational river of the Balkan Peninsula, characterized by its trans-border pollution.

KEYWORDS:
Hydrocarbons, PAH, core sediments, Evros River, Aegean Sea.

INTRODUCTION

MATERIALS AND METHODS

The coastal marine environment receives a continuous supply of suspended solids and associated pollutants
whose fate in the marine ecosystem is difficult to assess.
A significant fraction of the total amount of pollutants in
the marine environment is associated with the suspended

Regional Setting

The study area is the marine part of the Evros River
delta (Alexandroupolis Gulf), located in the northeastern
Aegean Sea (Fig. 1). The river springs from the Bulkan
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FIGURE 1 - Location map of the Alexandroupolis Gulf showing the bathymetry (m) and the sampling stations (black triangles).

Mountains and the mountain range of Rila in Bulgaria, and
is the second largest river of Eastern Europe after the Danube River. Its drainage basin is roughly 52900 km2, divided between Bulgaria (66%), Turkey (27.5%) and Greece
(6.5%). In mid 1970’s, the mean annual water discharge of
the Evros River was 103 m3/s [6]; the period of high water
discharge was between December and April, while monthly
values ranged between 135 m3/s and 239 m3/s. No recent
data are available regarding the water discharge of the Evros
River, and the existing ones are scarce and refer to 1980’s
and 1990’s.

important industrial activity in the Andrianoupolis area. In
Greece, the industrial activity is limited (sugar factory).

The Evros River is thus a transboundary river in the
Balkan Peninsula that receives industrial waste, urban sewage and agricultural discharge from the above three countries, and discharges increased loads of organic and inorganic pollutants into the delta area [7].

Since World War II, the human intervention to the Evros River system was unsignificant, and the alluvial plain
and the delta area have been used by the local communities mainly for stock-raising and agricultural activities. This
situation changed after the 1950s, due to the construction of
27 major dams and tens of minor reservoirs along the main
route of the Evros River and its main distributaries, which
changed dramatically the sediment load of the river and the
sedimentation rate in the Alexandroupolis Gulf. According
to Kanellopoulos [10] and Kanellopoulos et al. [11], sedimentation rates, based on 210Pb inventories, are ~3.0 cm y1
in front of the river mouth and ~0.4 cm y-1 approximately 9 km offshore. However, they have decreased by more
than 50% in the last 50 years.

The pollution sources include [8, 9]:
A) Runoff from the intensively cultivated plains of
Plovdiv (Bulgaria), Andrianoupolis (Turkey) and the Prefecture of Evros (Greece). The agricultural activity in the
three countries is intense, and the use of fertilizers and pesticides is widespread. The main farming products are: (i) in
Bulgaria: cereals, tobacco, fresh vegetables and grass, (ii) in
Turkey: wheat, sunflower, rice, sugar, cane, sesame, corn,
onion, garlic, bean, watermelon and melon, and (iii) in
Greece: cotton, beet, wheat and corn.
B) Wastewater from heavy industrial activity in Bulgaria and Turkey. The industrial activity along the river in
Bulgaria is comprised of heavy metal treatment and plating units, chemical industry (fertilizers, pesticides), food
processing, textile, electric energy production, slaughterhouses, tanneries, dye factories, plastics, batteries, etc. In
Turkey, industrial and commercial units have been established along the main motorways (Turkey-Europe Motorway and Bulgaria-Europe E5 Highway), while there is also

C) Untreated sewage from large urban centres along the
river course. The Evros River basin hosts a total population
of some 2.9 million people, from which 61% (1.76 million)
lives in Bulgaria, 34% (0.99 million) in Turkey, and 5%
(0.13 million) in Greece. The main cities and towns are: (i)
in Bulgaria: Stara Zagora, Haskovo, Pazardjik and Dimitrovgrad, (ii) in Turkey: Edirne, Lalapaşa, Süloğlu, Uzunköprü, Lüleburgaz, Çorlu, Hyarabolu, Malkara and Muratli,
and (iii) in Greece: Orestiada, Didymoteicho and Soufli.

Since 1986, a large part of the delta was considered to
be a biotope of international importance protected under
the Ramsar Convention. Since now, no information was
available on the quality and quantity of the hydrocarbon
pollutants that finally reach the marine sediments of the
Alexandroupolis Gulf.
Sampling strategy

In order to investigate the history of the contamination
and the origin of aliphatic hydrocarbons (AHCs) and polycyclic aromatic hydrocarbons (PAHs), sediment cores from
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two sampling stations, namely EV1 and EV2 (Fig. 1), were
obtained from the Evros River prodelta during a cruise of
the R/V “AEGAEO” in February 1998. Both a box corer
and a gravity corer were used. Due to the high water content in the upper ~30 cm of the sediments, the use of a gravity corer for the collection of the upper few centimeters
created a problem, and it is likely that these were lost during
sampling. On the basis of recent experience and in order to
overcome the above problem, it was decided to use a box
corer for obtaining the first 40 cm of the sediment column,
and a gravity corer for the deeper part of the sediments.
The cores were opened onboard, split lengthwise, described
macroscopically and photographed, while subsamples were
taken for analysis from various horizons according to macroscopic characteristics. The samples were frozen and stored
until further laboratory analysis.
Grain size separation

The grain size of the untreated samples was determined
separating the fine fraction from the coarse one by wet
sieving. The fine fraction was later determined by a Sedigraph (Micromeritics 5000ET).
Elemental analyses

Total organic carbon (Corg) was determined on a dry
basis with a CHN-element analyzer after acid treatment
(HCl) in order to remove inorganic carbon. Prior to analysis, the samples were oven-dried until constant weight and
homogenized in a mortar.
Isolation of Hydrocarbons,
Gas Chromatography - Mass Spectrometry

The analysis was performed according to the methods
suggested by IOC [12]. The samples were lyophilized and
pulverized, spiked with internal standards (androstane and
pyrene-D10) and extracted in a Soxhlet apparatus for 24 h
with a mixture of dichloromethane-methanol 2:1. The extract was saponified with a methanolic solution of KOH,
and the hydrocarbons were extracted with hexane. The
clean-up and fractionation step was performed by silica gel
and alumina column chromatography, and resulted in the
collection of two hydrocarbon fractions. The first fraction
contained the aliphatic compounds and the second one the
polycyclic aromatic ones. The final determination was carried out by gas chromatography – mass spectrometry
(Hewlett Packard 6890 GC-MS). The analytical column
was a CPSil-8 MS, 30 m x 0.25 mm, 0.25 µm film thickness, and the oven temperature program for both determinations was: 60 oC for 1 min, 15 oC/min to 290 oC and
isothermal at 290 oC for 15 min. The compounds quantified were n-alkanes from C14 to C34, parent PAHs with
MW from 178- 278, dibenzothiophene, retene and the
methylated derivatives of phenanthrene and dibenzothiophene, as well as the unresolved complex mixture (UCM)
and the total resolved compounds. Compound identification was based on individual mass spectra and GC retention times in comparison with authentic standards, while

the quantification was based on the internal standards added.
The accuracy of the PAH determination was evaluated
by analyzing a National Institute of Standards (NIST)
standard reference sediment SRM 1941a (Organics in Marine Sediment). The determined values ranged between
94.4% and 107.5% of the certified values. The precision,
evaluated in terms of repeatability of the experimental results (n = 7) for the analysis of a real sample and expressed
in terms of relative standard deviation, was 5.8% for the
UCM and total resolved compounds and ranged between
1.7-6.3% for the PAHs and between 4.4-8.8% for the nalkanes.
RESULTS AND DISCUSSION
Visual observations – grain size distribution

The first few millimeters of the Cores EV1 and EV2
were rather aqueous and had a brown-colored surface layer,
due to oxidization. The sediments of Core EV1 do not show
significant variations in the sediment types and, according
to the lithological classification of Folk [13], the sediments
are clays and clayey silts (Fig. 2). The sand content is less
than 10% in all the samples. The color of the sediment layers varies between black grey and grayish black, and there
is lack of any biogenic fragments. On the other hand, the
macroscopic observation of Core EV2 showed that the
sediments are fine with a grey to grayish black color up to
41 cm. At 41-60 cm, the sediments are sandy with a light
grey color (Fig. 3). The sandy character of this layer is more
or less due to biogenic fragments. The rest of the sediments
in Core EV2 have a black-grey color with biogenic fragments varying in size.
Hydrocarbon geochemistry

Values of main hydrocarbon series and selected parameters are given in Table 1 for Core EV1 and in Table 2
for Core EV2. The depth profiles of the various parameters
(Figs. 2 and 3) are also expressed over time (right side), according to 210Pb calculations presented elsewhere [10, 11].
Aliphatic Hydrocarbons (AHCs): In Core EV1, located
close to the Evros River mouth, aliphatic hydrocarbon values range between 12.1 and 105 µg/g dry weight (dw)
(Table 1). The highest values (>89.3 µg/g) are observed in
the upper parts of the core (0-8 cm), while its deeper parts
are characterized by decreased values (<38.3 µg/g). AHC
values correlate very well with the Corg values (R2= 0.985,
Fig. 4), which range between 0.79-2.03%. In Core EV2,
AHC values are generally lower than those in Core EV1,
and range between 9.7 and 56.8 µg/g dw (Table 2), whereas
a clearly decreasing trend downcore is also observed. Organic carbon (C org) values in Core EV2 range between
0.31% and 1.74%, and, in contrast with Core EV1, do not
follow those of AHC (R2=0.032, Fig. 4), as the highest Corg
values were measured in deeper parts of the core (187-
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194 cm). The increased AHC values (53.3 – 105 µg/g)
measured in the upper parts of both cores (0-10 cm) are
clearly higher than those found in surfacial sediments in
the northern Aegean Sea (12.1 – 65.1 µg/g) [14, 15], indicating hydrocarbon in-puts clearly related with the Evros
River catchment basin. Increased AHC values similar to
Alexandroupolis Gulf were also reported in other areas

worldwide receiving anthropogenic inputs [2, 16, 17]. On
the contrary, in the deeper parts of the cores, the observed
AHC levels (9.7 – 22.7 µg/ g) are lower than those in the
northern Aegean Sea surfacial sediments, but within the
same range of magnitude with those considered as background values in open marine areas [18].

TABLE 1 - Values of total aliphatic hydrocarbons (AHC) (µg/g), unresolved complex mixture (UCM), total
n-alkanes (n-Alk) (µg/g), polycyclic aromatic hydrocarbons (PAH) (ng/g) and total hydrocarbons (THC) (µg/g) in Core EV1.
Compounds
AHC
UCM
n-Alk
Dibenzothiophene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benzo(a)anthracene
Chrysene
Benzo(b)fluoranthene
Benzo(e)pyrene
Benzo(a)pyrene
Perylene
Indeno[1,2,3-cd]pyrene
Benzo(ghi)perylene
Dibenzo(a,h)anthracene
methyl dibenzothiophene
methyl phenanthrene
dimethyl phenanthrene
retene
ΣPAH
THC

Surface
93.8
84.3
4.91
26.4
81.8
10.8
87.0
107
11.6
23.4
35.6
22.2
10.3
316
8.36
13.8
0.563
35.1
75.4
106
7.72
979
94.8

2-5 cm
89.3
80.2
5.57
25.1
89.8
13.2
96.6
117
10.0
20.0
33.3
21.3
9.47
218
5.98
10.1
0.697
35.4
72.5
97.6
13.2
889
90.2

5-8 cm
105
94.8
6.04
47.4
187.0
24.7
192
278
17.2
26.2
52.0
37.1
15.9
266
3.60
9.10
1.80
64.5
98.2
154
18.6
1493
106

40-45 cm
38.3
28.5
6.45
15.5
159
11.9
223
308
13.5
20.1
41.5
22.2
11.7
241
11.8
1.86
13.8
210
34.5
27.0
7.26
1697
40.0

67-74 cm
12.8
7.11
4.21
1.68
13.7
1.48
13.2
19.5
3.45
2.66
17.0
6.21
5.82
299
8.48
1.87
6.11
3.45
8.18
4.34
0.59
422
13.2

134-144 cm
12.1
7.42
4.15
1.78
10.9
0.99
7.50
9.57
3.85
4.64
14.9
5.42
6.21
593
7.59
1.78
5.13
2.76
8.78
5.62
1.87
694
12.8

211-218 cm
22.7
16
4.97
6.48
26.5
1.20
17.4
28.3
1.76
3.98
6.94
2.68
1.70
234
2.78
0.740
2.31
25.3
7.49
6.01
1.39
407
23.1

TABLE 2 - Values of total aliphatic hydrocarbons (AHC) (µg/g), unresolved complex mixture (UCM), total
n-alkanes (n-Alk) (µg/g), polycyclic aromatic hydrocarbons (PAH) (ng/g) and total hydrocarbons (THC) (µg/g) in Core EV2.
Compounds
AHC
UCM
n-Alk
Dibenzothiophene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benzo(a)anthracene
Chrysene
Benzo(b)fluoranthene
Benzo(e)pyrene
Benzo(a)pyrene
Perylene
Indeno[1,2,3-cd]pyrene
Benzo(ghi)perylene
Dibenzo(a,h)anthracene
methyl dibenzothiophene
methyl phenanthrene
dimethyl phenanthrene
retene

Surface
56.8
50.3
4.04
19.4
67.0
6.60
75.2
92.1
11.0
22.2
37.6
16.6
9.10
158
8.60
2.30
6.70
13.9
35.4
40.6
5.70

1-10 cm
53.3
44.7
5.51
20.4
78.0
9.03
109
176
14.5
31.7
61.8
26.8
16.6
256
19.5
3.93
21.7
47.5
36.3
36.8
6.77

10-20 cm
32.4
26.7
3.84
11.0
72.7
5.62
77.7
135
9.41
24.5
45.5
21.8
11.1
171
12.7
2.45
13.9
56.5
25.9
33.7
5.32

20-30 cm
16.6
11.6
3.76
2.03
18.8
1.64
14.9
27.1
4.55
8.32
20.5
7.93
6.58
72.6
11.0
2.03
8.61
8.71
10.8
9.77
1.64
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30-37 cm
12.3
7.05
3.94
2.20
6.41
0.501
5.01
6.41
1.90
3.91
11.4
3.81
2.71
43.2
5.61
1.60
3.71
5.01
3.41
3.01
1.80

37-41 cm
14.2
7.47
5.32
0.870
10.1
0.193
4.93
5.22
1.74
2.51
15.6
5.12
3.29
97.0
7.83
0.870
5.80
1.64
8.22
6.77
1.16

73-81 cm
9.7
6.07
2.31
3.39
4.49
1.30
3.19
2.49
1.30
1.30
3.69
1.50
0.898
53.2
1.20
0.299
1.30
3.69
4.99
2.49
0.100

160-169 cm
11.2
7.05
3.6
1.9
11.7
1.2
8.1
6.4
1.4
4.0
8.6
3.5
1.2
167
0.1
0.2
2.4
2.8
11.0
5.8
0.4

210-218 cm
11.9
4.85
5.14
1.70
12.1
0.200
7.20
3.90
3.50
6.90
12.1
4.50
1.10
41.9
2.80
0.800
2.20
1.90
10.8
6.20
0.500
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Gas chromatographic traces of the AHC fractions are
characterized by resolved compounds, and an unresolved
complex mixture (UCM) appearing as a unimodal hump in
the chromatograms. UCM consists of a complex mixture of
branched alicyclic hydrocarbons, and has a well-known
linkage to biodegraded petroleum residues. The relative importance of UCM is expressed as the ratio of unresolved
to resolved compounds (U/R), and is used as a diagnostic
criterion of the petroleum-related pollution. The highest U/R

values (8.8-9.7) are found in the upper parts of Core EV1
(0-8 cm) (Fig. 2), followed (4.7-7.8) by the upper parts of
Core EV2 (0-20 cm) (Fig. 3). These values clearly suggest
the presence of important degraded petroleum residues
obviously related with riverine discharges. In the deeper
parts of the cores, UCM contribution is very low (U/R < 3)
indicating negligible petroleum inputs in the past (prior to
1950s).
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n-alkanes values (n-C 14 - n-C 34) range from 4.15 to
6.45 µg/g dw in Core EV1, and from 2.31 to 5.51 µg/g in
Core EV2. They represent 51–88% of the resolved compounds, and 5-43% of the total AHCs, while their vertical
distribution does not follow that of total AHCs, as for nalkanes no decreasing trend with depth is observed for
either core. Their compositional profile shows a predominance of long-chain homologues with an elevated odd to
even carbon number preference, demonstrated by high CPI
values (5.46-7.12 in Core EV1; 3.87-10.9 in Core EV2)
(Figs. 2 and 3) and indicating dominant terrestrial origin.
The most abundant n-alkanes were always n-C27, n-C29 and
n-C31, compounds known to derive from higher terrestrial
plants. The sum of values of these compounds ranges from
2.2 to 3.3 µg/g in Core EV1 and 0.9 to 3.3 µg/g in Core
EV2, accounting for 35-59% of total n-alkane amount.

These values are considerably higher than those in the
northern Aegean Sea sediments, and underline the significant natural terrigenous inputs in the marine delta of the
Evros River. Similar values of terrestrial n-alkanes were
also reported in other Mediterranean estuaries, such as the
deltas of the Ebro River (Spain) and the Rhone River
(France) [16]. It is interesting to note that in both cores,
but especially in the one near the estuary (Core EV1), terrestrial n-alkane levels re-mained almost constant in the
whole core indicating a continuous flow of terrigenous organic material during the last decades.
In Table 3, the minimum and maximum values of the
present study, as well as of various Mediterranean and
Black Sea sites are given for comparison [2, 14-20].

TABLE 3 - Comparison of sedimentary aliphatic (AHC) and polycyclic aromatic
hydrocarbon (PAH) values measured in this study with those in other marine areas.
Area
Evros delta, surface sediments
Evros delta, deep parts of the sediment cores
Strimonikos Gulf, Greece
Coastal area near Nestos delta, Greece
Gulf of Lions, France
Rhone delta, France
Ebro delta, Spain
Coastal area near Barcelona, Spain
Black Sea
North Aegean sea (E. Mediterranean)
South Aegean sea (Cretan sea)
Western Mediterranean deep basin

AHC (µg/g)
56.8-93.8
9.7-22.7
19.0-95.3
4.5-119.8
6.5 – 29.7
92.9 – 349
9.7-32.5
495.7
1.9-240
12.1-65.1
0.56-5.7
10.1-12.4

Polycyclic aromatic hydrocarbons (PAHs)

In Core EV1, located close to the estuary, elevated total PAH values (ΣPAH) were measured to be between 4071697 ng/g (Table 1). Their vertical profile is different from
that of AHCs and Corg, as very high PAH values are recorded down to the 40-45 cm layer of the core, whereas in
the surface layer PAH values are fairly lower. This lack of
correlation between PAH and Corg (R2= 0.338, Fig. 4) has
also been reported in other marine areas (e.g. [2]), and suggests different origin and/or dispersion mechanisms between PAHs and the other organic compounds. In Core
EV2, total PAH values are lower than in Core EV1, and
ranged between 90.8-972 ng/g (Table 2). A general decreasing trend from the top to the deeper parts of the core
is observed, although, as in Core EV1, the highest values
are not recorded in the surface layer of the core (1-20 cm).

PAH (ng/g)
628-980
90.8-407
88.3-806.9
18.8-422.3
182 –763
1225 – 2427
179-6500
1396-2313
7-638
34-160
14.7-161.5
100-500

References
Present Study
Present Study
[15], [19]
[15], [19]
[2]
[2]
[16], [20]
[16]
[17]
[14], [15]
[18]
[16]

outflowing in the greater area, the Strimonas and Nestos Rivers [15].

The PAH values determined, even at the deepest part
of Core EV1, are much higher than those found in surfacial
sediments of the northern Aegean Sea, and also higher
than those in the estuaries of the two other major rivers
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This fact reveals the importance of the Evros River
as a dominant source of PAHs in the northern Aegean Sea.
However, considerably higher PAH concentrations, reaching values up to 6500 ng/g, have been reported in other
important Mediterranean deltaic areas [2, 16, 20].
The most abundant PAH, in all of the samples, is
perylene with values between 218-593 ng/g in Core EV1
and 41.9-256 ng/g in Core EV2, accounting for 18–86%
of the total PAHs and 68–96% of PAH isomers with
MW 252. Perylene can be diagenetically formed from
terrestrial precursors, but it is also produced during pyrolytic processes [21]. The high abundance of perylene in the
study area, in combination with poor correlation with
known pyrolytic isomers (e.g. benzo(e)pyrene) indicates a
dominant biogenic – terrestrial origin. As was also the case
for terrestrial n-alkanes, no decreasing perylene values are
re-corded in the deeper parts of the cores, and this fact
suggests significant and continuous inputs of terrestrial
diage-netically derived organic material from the river’s
catchment basin. Retene is another naturally derived PAH,
coming almost exclusively from terrestrial conifer trees. In
the Evros River delta, despite the high amounts of terrestrial n-alkanes and perylene recorded in the sediments,
retene values are low (<20 ng/g). Similar values were
reported in the Nestos River delta, whereas in the Strymonas River estuary values up to 250 ng/g have been reported [19]. Retene values are not correlated with nalkanes and perylene, despite their common origin, and
followed the total PAH pattern with decreased values
downcore. This observation, also reported in other Aegean
Sea sediments, suggests different input patterns and/or
transport mechanisms.

dant components. These PAHs are known to be formed
during the combustion of any organic material and have
been reported to be dominant constituents of PAH mixtures in a variety of environmental samples worldwide. The
sum of these compounds defined as pyrolytic PAH, ranges
from 66.6 to 667 ng/g in Core EV1, but 17.2-480 ng/g in
Core EV2 accounting for 9.6–49.5% of the total PAHs.
The highest values, significantly higher than those found
in surface sediments in the northern Aegean Sea, are recorded in the first 45 cm of Core EV1 and 30 cm of
Core EV2, whereas surface pyrolytic PAH values are
lower than in the subsequent layers in both cores. This
pattern most probably reflects the history of inputs from
the Evros River in the area. Pyrolytic PAHs in the deeper
parts of the cores, corresponding to ~120-150 yr before
present in Core EV1 and even older in Core EV2 according
to 210Pb values [10, 11], are similar to those considered as
background values in surface sediments from remote marine areas.
Phenanthrene and its alkylated homologues (methyland dimethyl-phenanthrenes) are usually considered to represent PAHs in unburned fossil fuels, defined as petrogenic PAHs. These compounds are known to degrade more
severely than high-molecular weight PAHs, resulting in
lower abundance in environmental samples. In the study
area, pertogenic PAHs range from 25.3 to 439 ng/g in Core
EV1 and 12.0 to 151 ng/g in Core EV2, accounting for 3.729.2% of the total PAHs. Their vertical distribution in both
cores is generally similar with that of pyrolytic compounds
indicating rather common sources.
CONCLUSIONS
The data presented in this work clearly suggest that
Evros River in the major hydrocarbon supplier in the marine area of the northern Aegean Sea. The relatively high
aliphatic hydrocarbon values and high U/R values indicated petroleum-related pollution in the upper parts of the
cores with a decreasing trend downcore. High amounts of
anthropogenic PAHs with a dominant pyrolytic origin were
also measured in the upper parts of both cores. In Core EV1,
located closer to the estuary, the maximum PAH values
were recorded in the 5-45 cm sediment layer, probably
attributed to pollution incidences that took place after the
1970s. Background anthropogenic hydrocarbon values were
found in the deep parts of the cores corresponding to
~100 yr bp in Core EV1, and even older in Core EV2. Increased and continuous natural terrestrial inputs suggested
from the high CPI values, and the high values of n-C29, nC31 and perylene, were also clearly recorded in the whole
cores.

Excluding biogenic PAHs, four-, five- and six-ring
compounds (MWs: 202, 228, 252, 276) are the most abun-
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LOW IMPACT OF MARINE FISH FARMING ON
SEDIMENT AND MEIOFAUNA IN LIMSKI CHANNEL
(NORTHERN ADRIATIC, CROATIA)
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Ruđer Bošković Institute, Center for Marine Research, 52210 Rovinj, Croatia
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SUMMARY
A field study analyzed the impact of fish cage farming (sea bass, Dicentrarchus labrax, and sea bream, Sparus aurata) on sediment and meiofauna in Limski channel
(northern Adriatic, Croatia). In the aquaculture area sediment was characterized by elevated organic carbon (farms:
1.02-3.39%; controls: 0.26-1.73%), polyunsaturated fatty
acids (farms: 0.1-26.4%; controls: 0-9.51%) and lipid concentration (farms: 0.39-5.24 mg/g d.w.; controls: 0.07-1.5
mg/g d.w.). Total meiofauna density was reduced (farms:
323-1065 ind. 10 cm-2; controls: 1506-1631 ind. 10 cm-2),
contribution of nematodes increased (farms: 86-92%; controls: 69-76%), contribution of copepods (farms: 4-10%;
controls: 17-21%) and abundances of Turbellaria (farms: 1;
controls: 11-24 ind. 10 cm-2), Kynorhyncha (farms: 2-4;
controls: 11-44 ind. 10 cm-2), Ostracoda (farms: <1; controls: 5-23 ind. 10 cm-2) and Amphipoda (farms: 1; controls: 5-12 ind. 10 cm-2) decreased. The results suggested
a localized effect of fish farming waste with no serious
oxygen disturbances, confined to the area directly underneath the cages. Although sedimentological characteristics
of Limski channel favour accumulation and have pronounced memory for highly degradable organic matter,
the impact of the fish farming turned out to be negligible.
These results suggest that sea bass and sea bream farming
in the investigated system is eco-sustainable, not significantly altering the semi-enclosed marine ecosystem.

KEYWORDS: Aquaculture, fish-farm, sediment quality, meiofauna,
sustainability, Northern Adriatic.

terranean ecosystems, as well as on the influence of the
mostly cultivated species in these temperate areas, the sea
bass and the sea bream [3-6].
Generally, fish farming has been reported to have a
localized environmental impact that is restricted to those
areas in the immediate vicinity of the farm [7], depending
upon the intensity of fish culture operations (stocking density and feed input), as well as upon geochemical and hydrographical conditions of the farm site. Nevertheless, in
most areas localized eutrophication, reduction in benthic
fauna species richness and/or species diversity, and the
appearances of opportunistic species as well as disappearance of some species are typical effects of mariculture farming [8]. Meiofauna sensitivity to changes in environmental
conditions suggests that this component might provide useful information for detecting organic disturbance in the ecosystem, due to the fish-farm biodeposition [4, 5, 9]. Few
investigations on meiofauna were carried out in the Tyrrhenian Sea [5, 10, 11] and the Slovenian part of the
Adriatic Sea [12]. Nematodes, the dominant meiofauna
taxon, have been largely utilized as an indicator of environmental quality [11]. Benthic copepods additionally, for
their intolerance to hypoxia [13], are restricted to a relatively well-oxygenated sediment surface [14], and, therefore,
are often used as an indicator of reducing conditions [15].
The impact of fish farming activities in the Limski
channel (Istrian peninsula, Croatia) was investigated, using
the aspect of quality of the sediment underlying the fish
farm, and its meiofauna community structure. The present
study should help in establishing a relationship between
aquaculture and its effects.

INTRODUCTION
MATERIALS AND METHODS
Fish farming generates organic waste in the form of
unconsumed food, as well as faecal and excretory matter,
which is released from the single point source to the environment [1, 2]. Less information is available on the Medi-

Area description. Limski channel is a drowned river valley, which extends considerably into the Istrian peninsula,
12 km (Fig. 1). Because of its geomorphologic value, as
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well as its beneficial for fish spawning and spending the
winter-time, Limski channel is a Protected Landscape since
1964 and a Special Marine Reserve since 1980. Except for
mariculture, all human activities are suppressed. Water
depth ranges from 35 m on the western entrance to 1 m on
the eastern end of the bay (Cul di Leme). Limski channel
indents deeply into the coastline with steep slopes on either
side. The fish farm area lies above a relatively large depth
range, from 11 m to 25 m. The depths of the control stations LK8 and LK9 are 26 m and 29 m, respectively. Both
control stations considered were selected because of the
farm area closeness and availability of historical data on
sediment composition [16]. The exchange of the water
masses is relatively weak and mostly controlled by the tidal
regime, with a maximum bottom current velocity of 15 cm/s
(J. Brana, pers. comm.).

F2

LK9

F1 F4

LK8

F3 F5

Limski channel

FIGURE 1 - Sampling locations in Limski channel;
fish farms (F1–F5) and control stations (LK8, LK9).

Fish farming was initiated in 1976 with one floating
pilot farm. At present, 5 farms (5 groups of 38 cages; each
group 22x108 m in size, distanced 80-100 m) are under operation. Two fish species intensively cultivated (200 t/yr;
with approximate fish biomass at each farm 40t/yr) are the
European sea bass Dicentrarchus labrax L. and the gilthead sea bream Sparus aurata.
Sampling. Sediment samples were collected by SCUBA
divers manually with plastic core samplers of 5.5 cm i.d.
and 3.5 cm i.d. for sediment and meiobenthos analysis,
respectively. Five samplings were performed: June 2002,
March and November 2003, August 2004 and February
2005. Samples were taken in triplicates in five fish farms
(F1-F5), and two control stations LK8 and LK9, at each
sampling occasion. LK8 and LK9 were located 20 m and
1 km from the farm facilities, respectively (Fig. 1).
Sediment analysis. For grain-size analysis, the samples
were wet-sieved, whilst the silt and clay fractions were
analyzed areometrically. The type of sediment was determined from the percentage of gravel, sand, silt and clay
according to Shepard classification [17].

Dry weight (DW) and total organic matter of the surface sediment samples were recorded as weight loss after
drying for 12 h at 100 °C, and as ignition loss (IL) after
heating for 4 h at 450 °C in a muffle furnace.

Lipid fractions were obtained from sediment samples
by Soxhlet extractions with a dichloromethane (DCM):
methanol mixture (2:1, v/v) for 24 h. The extracts were
partitioned into aqueous and organic phases in separatory
funnels by addition of distilled water and DCM, and the
water phase was extracted repeatedly. The extracts were
concentrated in a rotary evaporator, weighted and expressed
as extracted organic matter (EOM) in mg/g of the sediment
dry weight.
Analyses of organic carbon (OC) and nitrogen (N) in
sediment samples were performed using a CHNS-O analyzer (EA 1110, CE Instruments). Dried sediment samples
were acidified with HCl to remove the carbonate components [18].
For fatty acid analysis, organic extracts were transferred into screw-caped tubes and saponified, methylated
and analyzed as follows: After addition of 1.2 N NaOH in
a 50 % aqueous methanol solution, the tubes were placed
in a boiling bath for 30 min. After cooling, the saponificate
was acidified with 6M HCl (pH<2), 12% BF3 in methanol
was added and heated for 5 min in a boiling water-bath.
After cooling, the fatty acid methyl esters (FAME) were
extracted in DCM, and analyzed by gas-liquid chromatography (GLC) on a 6890N Network GC System equipped
with a 5973 Network Mass Selective Detector with a capillary column (30 m x 0.25 mm x 0.25µm; cross linked 5 %
phenylmethylsiloxane) and ultra-high purity helium as carrier gas. The GLC settings were as follows: programmed
column temperature 145 °C by 4 °C/min up to 270 °C and
constant column pressure of 15 psi. Retention times, peak
areas and mass spectra were recorded on the ChemStation
Software. FAME identified by mass spectral data and the
family plots of an equivalent chain-length (ECL) data for
GC standards for the GC column were used.
Meiobenthic community analysis. Undisturbed sediment
cores (10 cm2 surface, 10 cm depth) taken for meiofauna
analysis were immediately fixed in a buffered 4 % formalin solution and stained with Rose Bengal. In the laboratory, meiofauna was extracted from the sediment samples
by decantation and sieving through 50-µm mesh size.
Sediment grains and animals retained on the mesh were
transferred to Petri dishes. Meiofauna was sorted, counted
and classified using an Olympus SZX 12 stereo-zoom microscope, at 25-50x magnification. Abundances (mean
values of three replicates per sample) were expressed on a
10 cm-2 basis.
Data analysis. Sediment quality data (OC, IL, EOM,
fatty acids) were analyzed statistically using a one-way and
two-way analysis of variance (ANOVA). Pair-wise
comparison probabilities were obtained by LSD post hoc
test. Significance was judged at the 5 % level for all statistical tests. Statistical data analysis was performed on
PC Systat 10.2. Faunistic affinity between each pair of
stations was performed by calculation of Bray-Curtis similarity indices. Differences in taxonomic composition
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among stations were investigated by means of hierarchical
agglomerative clustering, and tested by ANOSIM (PRIMER software package). Differences among stations and
seasons were tested by one-way and two-way analysis of
variance (ANOVA) for total meiofauna, Nematoda and
Copepoda densities, as well as for cumulative density of
other meiobenthic taxa. When a significant difference for
a particular taxon density was observed (p<0.1), Scheffé
pair-wise comparison tests were performed.

TABLE 1 - Means (m) and ranges (R) of silt and
clay, organic carbon (OC), total nitrogen (N) and
their ratio (C/N) in surface sediment (0-5 cm) from farm
areas (F1-F5) and control stations (LK8, LK9) in Limski channel.
Station
F1
F2
F3
F4
F5

RESULTS

LK8

Sediment quality. The effect of culture activities was
readily visible beneath the cages. The related sediment
sur-face layer was patchy dark brown to black in colour,
mixed with mussel shell fragments, and smelled like hydrogen sulphide. The sediment on control stations LK8 and
LK9 was yellow-brown.

The results on size composition of sediment particles
are shown in Fig. 2.
In natural deposition areas, silt and clay were together
the most important size classes of sediment samples, almost
uniformly distributed throughout the investigated area, fish
farms and two controls (LK8, LK9), averaging 95 %. In all
samples, sand comprised less than 5 % while the gravel
size fraction was patchy distributed, mostly at the fish farm
sites (F1-F4) and adjacent control station (LK8).
100%

LK9

m
R
m
R
m
R
m
R
m
R
m
R
m
R

silt & clay

OC

N

C/N

(%)
92.7
(79.5 - 97.5)
86.5
(68.5 - 96.3)
93.1
(91.0 - 97.0)
94.1
(88.5 - 92.0)
95.4
(91.0 - 97.0)
95
(88.8-98)
98.6
(98.3-98.9)

(%)
1.92
(1.05 - 3.39)
1.56
(1.02 - 2.05)
1.45
(1.12 - 1.86)
1.46
(1.20 - 1.79)
1.53
(1.23 - 2.08)
1.12
(0.26-1.64)
1.3
(0.30-1.73)

(%)
0.22
(0.06 - 0.42)
0.28
(0.04 - 0.38)
0.27
(0.07 - 0.44)
0.13
(0.02 - 0.19)
0.13
(0.05 - 0.26)
0.17
(0.02-0.52)
0.19
(0.08-0.43)

(w/w)
7.7
(3.6 - 11.3)
8.0
(4.3 - 11.4)
8.4
(4.3 - 13.0)
10.4
(8.1 - 13.9)
9.2
(3.6 - 41.6)
9.2
(3.2-14.9)
8.3
(3.6-16.4)

Two-way ANOVA demonstrated that none of the variations was significant, although spatial differences were
much more pronounced than seasonal ones (p=0.78). Generally, the differences in OC, IL, EOM and PUFA between
farms and controls, particularly adjacent LK8 station, were
much higher than among the farms, but not statistically significant (p=0.189). However, LSD post hoc test of pairwise probabilities indicated high statistical significance of
difference between F1 and LK8 for OC (p=0.006); F1 and
LK8, F4 and LK8 for EOM (p=0.038, p=0.020), IL and
PUFA (p=0.035, p=0.044).
The highest average values and variation ranges of IL
(Fig. 3a) were obtained in the sediment below farms F1 and
F4. In both directions from these farms (towards F5 and F2),
lower average values were measured expressing the similarity in ranges and averages.
The maximum organic carbon varying in the largest
range was found below the farm F1 (OC, %, Fig. 3b). The
highest variation in the extracted organic matter (EOM,
mg/g d.w.) was found below farms F4, F1 and F2 (Fig. 3c).
A similar variation to that of EOM was observed in the
polyunsaturated fatty acid (PUFA) pool (Fig. 3d). Separately, 20:5n-3, 20:4n-6, 22:6n-3 PUFAs were also higher
in sediment of the aquaculture area than at the control stations.

80%

60%

40%

20%

0%
F5

F3

clay

F4

F1

silt

F2

sand

LK8

LK9

Polyunsaturated fatty acids with 18 C atoms (18PUFA)
were generally higher in the farm area, whereas that with
16 C atoms (16PUFA) were higher in the control area. However, both related differences on 16 and 18 PUFAs between
the farm and control areas were not significant.

gravel

FIGURE 2 - Granulometric composition of the sediment
underlying the fish farms (F1–F5) and control stations (LK8, LK9).

The sediment from all stations was classified as clayey
silt. Average (Mz) and median (Md) particle sizes were
similar for all stations, about 7 µm and 5.5 µm, respectively. The largest variations in the related parameters
were obtained on F1 (Mz=2-24 µm) or F2 (Md=4-26 µm)
farms, while variations on the other farms and controls were
similar and lower (Mz=2-10 µm and Md=3-10 µm). Means
and ranges of the silt and clay fraction, organic carbon,
total nitrogen and their ratio summarized for the farm and
control area are shown in Table 1.

Meiofauna community structure. The meiofauna
community structure was determined by the presence of
20 higher taxa, all occurring at control stations LK8 and
LK9. The number of taxa that occurred below the farms
was comparatively low comprising between 40-70% of the
control sites number. The representatives of Tanaidacea,
As-teroidea, Ophiuroidea, Isopoda and Panthopoda were
not found within the farm area sediment (Table 2). The
number of meiobenthic taxa ranged from 8 (F2), through 9
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(F1), 11 (F4) and 12 (F3) to 14 taxa (F5). Mean total meiofauna
IL (%)

16
12
8
4
F5

F3

F4

F1

F2

LK8

LK9

F1

F2

LK8

LK9

4
OC (%)

3
2
1
0
F5

F3

F4

EOM (mg/g DW)

6

4

The relative abundance of nematodes below the farms
was higher (85-92%) than at the control stations, where it
amounted to 69 % (LK9) and 77 % (LK8). For copepods,
the relative abundance below the farms was mainly between
4-7 %, and a somewhat higher share of 10 % was noted
only for station F5, while a considerably higher participation was noted for control stations LK8 and LK9 (17 and
21 %), respectively. The cumulative participation of other
meiobenthic taxa was between 4-10 % with no conspicuous
differences between farming and control areas.

2

0

F5

F3

F4

F1

F2

LK8

LK9

LK8

LK9

PUFA (%)

30
20
10
0
F5

F3

F4

MAX

F1

F2

MIN

abundance values varied between 323 (F2) and 1631 (LK9)
specimens per station, and averaged 673 specimens for the
farming area and 1569 specimens for the control one. Mean
densities (D) below the farms shifted between 323 (DF2)
and 1065 (D F5) ind. 10 cm -2, but at farms F1, F2 and F3
densities were mainly close to the average value: DF1=628,
DF2=686, DF4=661 ind/ 10 cm-2 (Table 2). Except for the
farm F5, mean meiofauna densities recorded at fish farms
were 2-5 times lower than at control sites. The same distribution pattern, close density values and numeric relations
were recorded for nematodes as the predominant meiobenthic taxon. At the control sites, copepod densities were 68 times higher than below the farms. Differences between
the farm area and control stations concerning total meiofauna density and dominant taxa are presented in Fig. 4. All
stations were characterized by the predominance of freeliving nematodes, subdominant position of harpacticoid
copepods, and rather low cumulative abundance of other
constitutive taxa.

AVE

FIGURE 3
Ranges and average values of the a) ignition loss (IL, %); b) organic
carbon (OC, %); c) extracted organic matter (EOM, mg/g DW), and
d) polyunsaturated fatty acids (PUFA, %) of the sediment underlying fish farms (F1–F5) and control stations (LK8, LK9).

A high faunistic affinity between control stations (94%)
and among farm stations (73-91 %) was evidenced by a
multivariate analysis based on Bray-Curtis similarity indices. Between the pairs of stations that belong to contrasted
sites indices were lower (54-73 %).

TABLE 2 - Quantitative composition of the meiofauna in sediment from fish farm areas (F1-F5) and control
stations (LK8-LK9) in Limski channel (x±STD - mean density ± standard deviation; No. ind. 10 cm-2, n=5).
TAXA/SITE
Nematoda
Copepoda
Turbellaria
Kinorhyncha
Tanaidacea
Ostracoda
Amphipoda
Polychaeta
Bivalvia
Asteroidea
Solenogastres
Gastropoda
Cnidaria
Cumacea
Chaethognatha
Acari
Nemertea
Ophiuroidea

F1
547.5±114.5
20.1±6.5
0.9±0.4
2.6±0.7
0.5±0.2
0.7±0.4
51.2±3.2
2.7±1.4
1.5±0.6
0.5±0.4
-

F2
286.3±57.0
22.9±4.1
1.0±0.2
1.6±0.4
1.1±0.6
7.1±0.8
2.4±1.0
0.3±0.2
-

F3
588.9±71.2
44.6±7.8
1.3±0.5
4.1±1.0
0.7±0.4
0.8±0.3
29.8±1.6
13.1±2.2
0.2±0.2
1.5±0.8
0.7±0.5
0.1±0.1

F4
608.1±49.8
24.0±3.3
1.5±0.7
3.3±1.2
0.9±0.4
8.0±1.6
14.5±0.6
0.3±0.3
0.3±0.3
0.1±0.1
0.1±0.1
-
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F5
911.6±105.2
103.8±15.2
1.2±0.8
2.7±1.1
0.7±0.3
1.1±0.6
22.5±3.5
14.6±1.8
0.3±0.3
1.7±0.5
2.5±1.7
0.7±0.3
0.5±0.5
1.0±0.4
-

LK8
1154.7±146.9
260.2±13.3
11.3±1.8
10.7±1.0
3.4±0.9
5.1±0.8
11.5±1.4
31.7±4.0
5.5±1.0
0.7±0.3
0.6±0.4
1.4±0.5
3.6±4.9
1.8±0.4
1.1±0.4
1.7±0.6
0.3±0.2
0.3±0.3

LK9
1128.8±214.3
337.3±75.3
23.7±1.2
44.0±5.8
5.5±0.5
23.3±3.1
4.7±0.6
46.1±3.4
4.4±0.9
1.0±0.2
1.5±0.7
1.5±0.5
2.1±0.6
1.7±0.4
1.6±0.5
2.1±0.5
0.2±0.2
0.4±0.4
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Pantopoda
TOTAL
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628.3±117.9

322.8±56.9

685.9±78.9

660.9±50.6

No ind 10 cm-2

2000
1500
1000
500
0

F2

F3

F4

F5

LK 8

LK9

F5

LK 8

LK9

Nematoda density

No ind 10 cm-2

1600
1200
800
400
0

F1

F2

F3

F4

Copepoda density

No ind 10 cm-2

500

0.4±0.4
0.4±0.1
1630.5±186.9

A hierarchical agglomerative clustering clearly separated meiobenthic assemblages located in the farming
area from those occurring at control sites (Fig. 5). Statistically significant differences were confirmed by a one-way
ANOSIM (p<0.1 %). Nematodes (p=0.12), copepods (p=
0.22), varia (p=0.78) and total meiofauna (p=0.16) densities do not significantly differ between seasons as confirmed
by two-way ANOVA. The sites underlying fish farms had
significantly lower density values of total meiofauna, nematodes, copepods and varia (ANOVA, p<0.1, N=15), compared to those from control sites. Only exceptions were
“varia” density at F5 (related to LK 8 and LK9) and copepods density at F5 (related LK8). There were no significant
differences in total meiofauna, nematodes, copepods and
“varia” densities within each particular site.

400
300

DISCUSSION AND CONCLUSION

200
100
0

F1

F2

F3

F4

F5

LK 8

LK9

LK 8

LK9

Varia - cumulative density
200
No ind 10 cm-2

0.5±0.3
0.1±0.2
1506.5±158.2

stations (LK8, LK9). The affinity level, based on meiofauna
densities (√-transformed data), was expressed as Bray-Curtis
similarity (%) between sites.

Meiofauna density

F1

1064.9±121.8

150
100
50
0

F1

F2

F3

F4

F5

FIGURE 4 - Density (No. ind. 10 cm-2) of a) Meiofauna,
b) Nematoda, c) Copepoda and d) cumulative density of
all other taxa (varia) in the sediment underlying fish
farms (F1–F5) and control stations (LK8, LK9).

Similarity %

50

60

70

80

90

100
LK 8

LK 9

F2

F4

F5

F1

F3

FIGURE 5 - Hierarchical agglomerative (complete linkage)
dendrogram of sampling sites, fish farms (F1–F5) and control

Considering chemical parameters and meiofauna composition, the study has shown that the influence of fishfarming activities in Limski channel is mainly limited to
the foot print of the farm area. Directly under the cages, fine
texture and dark colour of the sediment are associated with
a strong smell of hydrogen-sulphide, due to the accumulation of feed and faeces, as usually reported on sediments
in the proximity of fish farms [19]. There was a difference
in the sediment between the aquaculture and control areas.
Sediment in the aquaculture area (F1–F5) was characterized by a higher organic carbon, lipid concentration and
polyunsaturated fatty acids, with respect to the control ones
(LK8, LK9). Total meiofauna density and its taxonomic
richness were also reduced under the farming facilities.
These results are in agreement with other studies in the
temperate Mediterranean region on sea bass and sea bream
farms of similar capacities [4, 6, 20].
The analysis of sediment composition showed that the
particle size varied little within the study area. The clayey
silt of the middle part of Limski channel containing the
finest grain sizes is almost uniformly distributed along the
study area. Differences in contents of organic carbon and
nitrogen in marine sediments can be related to a number
of factors, such as sources of organic matter (marine vs.
terrestrial), degree of its preservation, etc. [21]. Although
Limski channel deeply penetrates into the land, C/N average values suggest an autochthonous origin of the major
part of organic matter in its contemporary sediment.
Organic carbon values measured in Limski channel
are similar to those found in other depositing areas of similar granulometric composition [21, 22]. Codeposition of organic and clay particles in different environments exists because of their similar hydraulic equivalence, and/or a rela-
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tively high absorptive capacity of clays for organic molecules. Respective sediments are more affected by POM produced in the water column, having a pronounced memory,
especially for autochthonous organic matter. Organic carbon in the surface sediment of all stations varied in large
ranges. The minimum values measured beneath the cages
were in the range of average values found at the control
stations. Such a distribution is closely similar to the one
measured in the surface sediment during the sixties [16],
when aquaculture in Limski channel was not yet established. These findings support a limited influence of fish
farming activities to the farm area strictly, with a minor
increase in organic carbon enrichment, with regard to the
average background level. In other farm areas with sediment
of a similar granulometric composition, more than 5% of organic carbon was measured [23] exceeding the enrichment
in a recent study of Limski channel for 8-10 times. The
values of organic carbon in Limski channel can be compared to the areas where silt & clay comprised as low as
1–8 % [23, 24]. Poor organic enrichment can be explained
by feeding activities of the very rich local wild-fish populations acting as potential consumers of organic waste associated with fish farms, and exhaust up to 80 % of particulate organic matter before settling down [25].
A similar pattern of influence was also recorded in the
lipid concentration and fatty acid composition. Such distribution of organic matter is similar to that found at other
fish-farm sites elsewhere [19, 23]. The highly degradable
polyunsaturated fatty acids were almost always present in
the sediment under cages, and tended to decrease with distance from the farms. On the farm site, beside accumulation
of farm waste (uneaten food, faeces and remains of fouling
organisms), one of the important factors controlling the
PUFA content is most probably decreased oxidative degradation, related to the oxygen concentration present in sediments, and it can also vary with location [19]. On the farm
area, there were indices of oxygen-reduced conditions.
The existing studies considering the impact of intensive
fish farming on the meiofauna in the Mediterranean Sea,
although small in number, have covered different basins,
i.e. Adriatic Sea [12], Aegean Sea [31], Ligurian Sea [32]
and Tyrrhenian Sea [4, 5, 10], and addressed different aspects including an initial and short-term effect [10], medium-term [4, 5, 31] and long-term effects [32], as well as
recovery after farming cessation [4]. Just like the present
investigation, all these studies revealed significant differences in total meiofauna density between farm and control
sites, accompanied by the shift in the assemblage structure
due to reduction of more sensitive taxa. However, differences in meiofauna density pattern between impacted and
non-impacted sites were spatially inconsistent. Reduction
of total meiofauna density below the farm installations
(compared to spatial and/or temporal control) was reported
from the Adriatic [4] and Tyrrhenian Sea [4, 5, 12], but
quite opposite results were recorded in the Ligurian [32]
and Aegean Sea [31] where significantly higher meiofauna

densities (by factors 2 and 2-5, respectively) were recorded
below the fish farms. Meiofauna densities encountered in
this study are comparable to those reported for fish farming area in the Tyrrhenian Sea, but its response differs in
terms of relative importance of two dominant taxa. The farming impact on meiofauna community structure was manifested by increased contribution of nematodes vs. copepods in the Limski channel, and by quite opposite relation
in the Gulf of Gaeta [4, 10]. Although the later finding
contrasts with the results of most studies on the impact of
organic enrichment [13], some organically polluted areas
also have shown comparatively high copepods density [27,
28]. Different response might be related to sediment type.
Generally, nematodes are dominant in most types of sediment, but the abundance of copepods increases with
de-crease of the silt-clay fraction [29].
Sampling stations in Tyrrhenian Sea are characterized
with silty-sand sediment that comprises comparatively low
amounts (13-14%) of silt-clay fraction [5]. Since in sandy
sediments copepods might be a dominant taxon, with presumably higher species diversity than in mud, its increase
could be explained by favourable conditions for one or more
opportunistic copepod species that profited from organic
enrichment.
High sensitivity of some meiobenthic taxa to fish farming impacts (kinorhynchs, ostracods and turbellarians) is in
agreement with previous studies on the effects of mariculture [4], and reduced oxygen conditions [30]. However, rather high copepods density in the farming area, in comparison to an area affected by anoxic event and almost cleared
out of copepods [15], suggested that there were no serious
oxygen disturbances in the studied area. This is also supported by the finding that kinorhynchs (taxon characteristic for muddy sediments [31]), very sensitive to reducing
conditions, did not disappear completely, but occurred in
the farm sediments in a significantly lower number (up to
10 times lower compared to control sediment).
In conclusion, this study has shown that the effects of
fish farming activities in Limski channel were limited to
the area of fish cages. Notwithstanding the sedimentological singularities of Limski channel favouring accumulation
and pronounced memory for the highly degradable organic
matter, chemical parameters of the sediment quality as well
as biological indices suggested low impact on the farm underlying sediment. These results suggest that sea bass and
sea bream farming in the investigated system is eco-sustainable, as it does not significantly alter the semi-enclosed
marine ecosystem, both in terms of functioning and
trophic states.
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ABILITY OF CARROT (Daucus carota L.) TO ACCUMULATE
SELECTED POLYCHLORINATED BIPHENYL CONGENERS
Hana Javorská, Pavel Tlustoš*, Regina Kaliszová, Jiří Balík and Daniela Pavlíková
Czech University of Life Sciences Prague , Faculty of Agrobiology, Food and Natural Resources,
Department of Agrochemistry and Plant Nutrition, Kamýcká 129, 165 21 Prague, Czech Republic

SUMMARY
Accumulation and distribution of seven indicator PCB
congeners (IUPAC No. 28, 52, 101, 118, 138, 153 and 180)
in carrots grown on spiked soils (100 µg of each PCB congener per kg of soil) with different physical and chemical
characteristics were investigated during two vegetation
seasons. Results showed that the concentrations of the sum
of the tested congeners (PCB7) in edible parts of carrots
were significantly higher compared to shoots. The differences in PCB7 concentration in carrot roots among treatments were observed only during the first experimental
year. The highest value, 1280±130 µg PCB7.kg-1, was found
in carrot roots planted on the soil with the lowest organic
matter content. The differences in accumulation of individual congeners were more obvious in the second experimental year, in terms of higher accumulation rate of more
chlorinated biphenyls. The effect of soil type was not
significant. In both years, congener profiles of all soils sampled after the harvest of carrots were characterized by a
larger proportion of highly chlorinated PCB congeners.

KEYWORDS:
PCB congeners, soil, carrot, soil-plant transfer.

INTRODUCTION
Polychlorinated biphenyls (PCBs) have been recognized as main chemical contaminants, since their physicochemical characteristics lead to accumulation in the environment and progressive bioaccumulation in the food chain
[1, 2]. As a result of their chemical stability, PCBs were
used in hundreds of industrial and commercial applications,
such as transformers, capacitors, plasticizers in paints, plastics and rubber products, dyes and carbonless copy paper,
and many other applications [3, 4]. They are only of xenobiotic origin, and have been reported to have toxic effects
on organisms and humans. Although the production of PCBs

has been banned worldwide since the 1970s, their residues
still remain as contaminants in environmental compartments and food because of their long-term persistence [5].
The lipophilic nature of PCBs leads to their adsorption to soil and atmospheric particles. The investigation of
a mass balance of PCBs showed that soil retains a larger
amount of PCBs than other compartments (air, freshwater,
sediment, or biota) [6, 7]. Plants are the first part of the food
chain and, therefore, monitoring of PCB contents in
plants grown on polluted soils is vital for their detailed risk
assessment.
Root vegetables represent one of the main areas of interest, since the soil-to-root transfer of pollutants and subsequent accumulation in edible parts potentially leads to
the contamination of the food chain. Carrot was chosen in
our study, since it is known to have the ability to accumulate stable chlororganic compounds. This is due to a relatively greater lipid content compared to other vegetables,
and “oil channels” present in the roots which have been
reported to enhance the uptake potential of these compounds [8-10]. It is suggested that plant lipids are the major
factor causing the observed differences in plant uptakes of
lipophilic contaminants [11]. Moreover, carrots have a high
presence of carotene, which is characterized by a very high
accumulation coefficient of lipophilic compounds [5].
In addition to plant characteristics and physico- chemical properties of the chemical residues, soil-plant transfer
of PCBs depends on the physical and chemical characteristics of the soils. Soil organic matter contents (SOM) and
moisture contents have been reported to influence the availability of soil-sorbed nonionic organic chemical residues
and their plant uptake [12].
The aim of this study was to estimate, through pot experiments, direct and subsequent accumulation and distribution of seven indicator PCB congeners by carrots grown
on spiked soils with different physical and chemical characteristics. To our best knowledge, no study has investigated
subsequent PCB exposure in plants so far.
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MATERIALS AND METHODS

stored in a freezer before analytical processing. Individual
soil samples were also collected from each pot after harvest and frozen after homogenization.

Spiking and cultivation

Agricultural soil samples from three different sites with
different sorption capacities and organic matter contents
were collected from the arable layer (0-20 cm). Agrochemical characteristics of the used soils are presented in Table 1.
Samples were air-dried and sieved (5 mm). Each plastic pot
with 5 kg of soil was fertilized with 0.75 g N, 0.16 g P and
0.4 g K before sowing. The experiment was carried out with
carrots (Daucus carota L. var. Nantes) during two vegetation seasons (May-August) in an experimental growing outdoor hall.
TABLE 1 - Agrochemical characteristics of the soils.
Locality
Suchdol
Červený Újezd
Přerov nad Labem

Soil type
Chernozem
Luvisol
Fluvisol

CEC
(mmol.kg-1)
255
158
89

pHKCl
7.4
6.1
4.5

SOM
(%)
3.8
1.6
1.2

CEC = cation exchange capacity; SOM = soil organic matter

Each pot was spiked with a precisely defined mixture
of 7 indicator PCB congeners (100 µg of each congener per
kg of soil) purchased from Analytika Prague, Czech Republic. The following PCB congeners (IUPAC numbering)
with different octanol-water partition coefficients (log Kow)
were investigated: PCB 28 (2,4,4´-trichlorobiphenyl) - 5.67,
PCB 52 (2,2´,5,5´-tetrachlorobiphenyl) - 5.84, PCB 101
(2,2´,4,5,5´-pentachlorobiphenyl) - 6.38, PCB 118 (2,3´,
4,4´,5-pentachlorobiphenyl) - 6.74, PCB 138 (2,2´,3,4,4´,
5´-hexachlorobiphenyl) - 6.83, PCB 153 (2,2´,4,4´,5,5´hexachlorobiphenyl) - 6.92, PCB 180 (2,2´,3,4,4´,5,5´-heptachlorobiphenyl) - 7.36 [13]. They were used to identify the
composition of PCBs, since being mainly present in technical PCB mixtures and environmental samples [14]. The
purity of the individual congeners ranged from 99.7% to
99.9%. The PCBs mixture was prepared in petroleum benzene with a boiling range of 40-60 °C (Merck, Germany).
The PCB solution was spiked to each pot on soil samples,
and mixed thoroughly to obtain a homogenous substance.
Three replicates were set up for each treatment. Approximately 40 carrot seeds were sown in each pot to a
depth of ~ 1 cm, immediately after PCB spiking and slightly
watered. After germination in the greenhouse, pots were
thinned to 10 plants per pot and moved to an outdoor
weather-controlled vegetation hall. Carrots were manually
watered every day during the cultivation with deionized
water to maintain ~ 60% of water holding capacity. After
three months, all carrot plants were harvested. In the second year of plantation, the same soil samples without
any further spiking were used and the experiment was
carried out following the same pattern.
After harvest, shoots were separated from roots and
all carrot parts were washed with deionized water in order
to remove any soil particles. Samples were cut to small
(max. 1 cm3 large) pieces, homogenized and subsequently

Preparation of samples for PCB determination

Congener-specific analyses of soil and plant samples
were performed using modified EPA 8082 method [15]
briefly described below.
Each soil sample was dried at 50 °C to constant weight.
An aliquot of 15 g of dried soil was weighed into a 100-ml
volumetric flask, 20 ml of n-hexane (Merck) was added,
and then sample was stoppered, sonicated for 15 min, and,
finally, extracted on a rotary shaker for 1 hour. The dispergated solid sample was allowed to settle. Part of the
hexane extract was taken into a test tube, which was stoppered, and then vigorously shaken for 1 min with 5 ml of
conc. (96%) H2SO4 (Chromservis, Czech Republic). After
phase separation, the upper phase was passed through a
short column with 0.5–1 ml Florisil (60/100 mesh, Chromservis) into a 1.8-ml vial. A drop of mercury was added,
and the vial was tightly closed with a rubber septum and
an aluminum cap. The sample was vigorously shaken for
5 min in order to remove sulphur from the extract. The
purified extract was transferred into a new vial, crimped
again and analyzed.
Each plant part (roots and shoots) was dried at 50 °C.
Approximately 3 g of the dried biomass was weighed accurately into a 100-ml flask. Then, 50 ml of hexane was
added; the flask was sonicated for 15 min and shaken on
the rotary shaker for 2 h. The extract was decanted into a
100-ml volumetric flask and 10 ml of conc. H2SO4 was
added. The mixture was shaken for 1 min and allowed to
stand overnight. An amount of 20 ml of clear extract (upper
phase) was pipetted into a 25-ml pear-shaped flask and
evaporated in a nitrogen stream to dryness. The flask surface was carefully rinsed with 1 ml of hexane. Finally, the
extract was filtered through cotton wool (previously washed
with acetone and ethyl alcohol, Chromservis) and analyzed.
PCB analysis

Analyses of both carrot and soil sample extracts for
PCBs were performed by means of gas chromatography
coupled with electron capture detection (GC/ECD) using an
HP 5890 (Agilent Technologies) equipped with on-column
injector, HP 7673 autosampler and DB-5 (60 m x 0.25 mm
with 0.32 µm film thickness) fused silica capillary column
(5% diphenyl polysiloxane, 95% dimethyl polysiloxane).
Highly pure nitrogen (5.0) was used as carrier gas. The
following oven temperature program was used: at 25°C/min
from 60°C to 200°C, holding for 8 min, at 2.5°C/min to
260°C and at 10°C/min to 290°C, holding for 7.4 min.
Quantification was performed using the external standard technique. The calibration was by means of linear
regression analysis on standard mixtures Mix 3 (Dr. Ehrenstorfer, Germany) and Mix 2 (Restek, USA), at the beginning of each run. The calibration was split into two sections
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ranging from 2 ng.ml-1 to 20 ng.ml-1, and from 20 ng.ml-1
to 200 ng.ml-1. The samples of higher concentration were
diluted properly. The recoveries of analytes were determined using Surrogate Standard Mix 9 (tetrachloro-mxylene and decachlorobiphenyl; Dr. Ehrenstorfer). Accuracy of analysis was verified by certified reference material METRANALTM2 (river sediment, Analytika Prague).

In the first experimental year, more than two-fold values of
PCB7 were observed in carrot shoots in all treatments. The
values of root/shoot ratios of PCB7 concentration ranged
between 3.0 and 5.6 in both years. This result supports previous findings that PCB concentrations in root system of
some plants are higher than in shoot biomass [20-23].

Detection limits for the studied PCB congeners ranged
from 4 µg.kg-1 to 6.5 µg.kg-1 of dry weight. The limit of
determination for congeners 28, 138, 153, and 180 was
15 µg.kg-1, and for congeners 52, 101 and 118 20 µg.kg-1
of dry weight. For the sum of the 7 PCB congeners the
limit of determination was 20 µg.kg-1 of dry weight.

A
Carrot roots
1400

µg.kg-1

1200
1000
800
600

RESULTS AND DISCUSSION

400

A significant difference in accumulation of the sum of
the tested PCBs (PCB7) in carrot roots between first and
second experimental year was observed (Fig. 1A). The concentration in carrot roots was manifold higher in the first
year of plantation, and differed according to soil type. The
level of PCB7 in carrot roots grown on Fluvisol (1280±130
µg PCB7.kg-1) was by 47.5% and 71.7% higher than that on
Chernozem and Luvisol. There was no significant difference in carrot roots PCB7 levels among the studied soils
in the subsequent year. In the study performed by Danielovič
et al. [16], 98 samples from a total number of 324 displayed
higher concentrations of total PCB congeners in carrot
roots than in soil. However, this paper did not show the type
and initial concentration of PCBs in individual soils.

200
0
Chernozem

Luvisol
I. year

Fluvisol
II. year

B
Carrot shoots
250
225
200

µg.kg-1

175
150
125
100

Highly lipophilic compounds are assumed to have a
greater affinity to SOM [10, 17, 18]. In the studied soils,
SOM ranged from 1.2% to 3.8%, and so it could be the
main factor explaining the differences observed. This implies that soils with lower SOM contents can bound less
PCBs and strongly affect their accumulation by carrot
roots. A same pattern presented by Harris and Sans [19]
with the chlorinated lipophilic pesticide dieldrin showed
that its concentration was considerably higher in a muck
soil than in a clay loam and sandy soil. Concerning the
pH, PCB congeners are nearly non-soluble in water. Therefore, pH might not have substantial effect on their mobility and uptake by plants [16]. According to Barančíková et
al. [20], pH had a lower effect on the accumulation of
PCBs in carrot compared to humus content. In the studied
soil, pH corresponds to SOM, and with increasing SOM
content, the pH of soils increased. Thereby, the effect of
pH on the PCB amount in carrot could not be exactly determined. However, the combination of individual soil
factors mentioned above can regulate the plants` uptake of
substances from soils.

The most marked decrease in PCB 7 content in soils
after the first experimental year was observed in the Fluvisol. In the second year, the decrease in PCB7 level in
Chernozem and Luvisol was about 28% and 26.5%, respectively, compared to the first year (Fig. 2). The slight
increase in PCB7 content in Fluvisol during the second year
was not significant. Generally, losses of PCBs from the
spiked soils during the year could be due to a variety of
mechanisms, including biodegradation, photodegradation,
leaching and volatilisation [24, 25].

Total concentrations of PCB7 in carrot shoots were
remarkably lower compared to those found in roots, and
showed no significant difference among the treatments
(Fig. 1B). This gives a hypothesis of selective PCB-bound
developments and low PCB mobility within carrot plants.

The quantification of individual congeners is important for understanding the PCBs` transport mechanisms and their uptake by plants [25]. In our study, the
interval of concentration of the selected PCB congeners in
carrot root ranged from 50 µg.kg-1 (congener 28, Luvisol)

75
50
25
0
Chernozem

Luvisol
I. year

Fluvisol
II. year

FIGURE 1 - Concentration of PCB7 in (A) carrot
roots and (B) carrot shoots grown on three different
soils after first and second experimental year.
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to 211 µg.kg-1 (congener 153, Fluvisol) in the first year,
and from 10 µg.kg-1 (congener 28, Fluvisol) to 69 µg.kg-1
(congener 153, Chernozem) in the second experimental
year. The dif-ferences in accumulation of individual congeners, displayed as portion from total PCB contents in separate years, were more obvious in the second year (Fig. 3).

The lower percentage ratio of lower-chlorinated biphenyls (mainly congeners 28 and 52) and higher percentage ratio of more highly chlorinated biphenyls was
detected in all treatments. The differences in lipophilicity
of individual PCB congeners, expressed by their Kow, can
explain the differences in uptake of individual PCB con-
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FIGURE 2 - Percent rates of individual PCB congeners in soil
samples from (A) Chernozem, (B) Luvisol, and (C) Fluvisol.

118

138
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FIGURE 3 - Accumulation of individual PCB congeners
(counted in percent rates) in carrot roots grown on
(A) Chernozem, (B) Luvisol, and (C) Fluvisol.
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geners in carrot roots. Highly chlorinated biphenyls with
higher log Kow have a higher affinity to lipids, and, therefore, they could be taken up by carrots more easily. The
strongest positive relationship was found in carrot roots
grown on Fluvisol (r=0.98). Comparable results were
achieved by Cullen et al. [20], who tested the accumulation of 47 PCBs congeners by vegetable samples from the
polluted region of New-Bedford, MA, USA. They found
that congener profiles for local tomatoes and potatoes as
well as for soil samples were characterized by a larger proportion of heavily chlorinated congeners. Congener profiles of all soil samples, sampled after the harvest of carrots, were also characterized by a larger proportion of heavily chlorinated PCB congeners in both years (Fig. 2).
A

concentration in roots (µg.kg-1)

80
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y = 1.2193x - 31.621
R2 = 0.7414

50

·  · ־Luvisol
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Relationship between concentration of PCB congeners
in soil and roots in the first experimental year was weak
(rFluvisol=0.27, rChernozem=0.39) or significant (rLuvisol=0.77),
whereas the linear relationship between the concentration
of PCB congeners in carrot roots harvested in the second
year and soil concentration after the first (Fig. 4A) and
second (Fig. 4B) experimental year was very strong for
both cases and all samples. These results show that freshly
spiked soil, often used in model experiments, cannot make
clear relationship and time is needed to set proportion of
individual PCB congeners, and reach the equilibrium between soil and plant concentrations, whereas the effect of
soil type does not seem to be significant.
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of Cullen et al. [25], who stated that lettuce was mainly
contaminated with low-chlorinated biphenyls, even if the
soil was characterized by a large proportion of heavily chlorinated congeners. This could be explained by higher translocation rates of the lower liphophilic PCB congeners from
the root to the shoot. The congener profiles of carrot shoots
grown on Fluvisol did not show apparent proportion of individual congeners (r=0.56).
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From the presented results, it is clearly evident that
carrots growing on PCB-contaminated soils accumulated
them in the edible parts. After equilibrium was reached,
there seems to be a tendency to accumulate heavy chlorinated PCB congeners in both soils and carrot roots with
no significant effect of soil type. It has been shown that
SOM content has an influence on the accumulation of PCB
congeners in plant biomass only during a short time period
after contamination. Because of the relative high concentrations found in carrot roots, more attention should be given
to soil-plant transfer of PCBs in the near future.
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MODELLING ALGAL BLOOMS IN LAKE DIANCHI,
CHINA USING NEURAL NETWORKS
Hongbin Li1 Guoxiang Hou1,2* Lirong Song2 and Yongding Liu2
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SUMMARY
Lake Dianchi is one of the most extensively impacted
freshwater lakes by algal blooms. To investigate the response of dominant algal genera, neural networks were
applied to model the relationship between water quality parameters and the biomass of four dominant genera (Microcystic spp., Anabaena sp., Quadricauda (Turp.) Breb, Pediastrum Mey) in Dianchi. Results showed that the timing
and magnitude of algal blooms of Microcystic spp., Anabaena sp., Quadricauda (Turp.) Breb, and Pediastrum Mey
in Dianchi could be successfully predicted. The evaluation
of environmental factors showed that pH had more significant impact on concentrations of all the four dominant
algal genera than the nutrient factors, such as total phosphorus and total nitrogen.

KEYWORDS: algal dynamics, algal bloom, neural network, pH,
sensitivity analysis.

INTRODUCTION
Because of the occurrence and enormous costs of algal
blooms in many freshwater systems worldwide, research on
the relationship between algal concentration and environmental factors have accordingly received worldwide attention.
Some researchers presented deductive models based
on existing theories and knowledge, which enable users to
simulate the behavior of freshwater systems. For example,
Reynolds [1] constructed a nomogram for species assemblages related to seasons and trophic states of lakes. Furthermore, inductive models of various types have been proposed for describing the relationship between algal concentration and environmental factors, e.g., a time series model
[2], a fuzzy-logic model [3], and several neural networkbased models [4-8]. Compared with other model approach,
neural network models exhibited higher accuracy in the
prediction of algal concentrations, and artificial neural net-

works have become a popular and useful tool for modeling environmental systems [6].
In China, algal blooms also became a severe problem
for more and more freshwater lakes, and Lake Dianchi in
southwestern China is one of the most impacted lakes. The
algal blooms in Lake Dianchi occurring both seasonally and
continually, led to enormous economical costs for urban
water supply, fishery and environmental problems [8].
As far as algal blooms in Lake Dianchi, Microcystic
spp., Anabaena sp., Quadricauda (Turp.) Breb, and Pediastrum Mey were the dominant genera. To improve the explanation, prediction and control of algal blooms in Lake
Dianchi, it is an important task to understand the influence of different factors on algal concentration. While Liu
et al. [9] thought that the increased input of nitrogen and
phosphorus were the driving factors for bloom formation
in Lake Dianchi, chemical oxygen demand (COD) was
identified to be a very significant environmental factor for
the concentration of chlorophyll a,, by Hou et al. [8]. However, the relative importance of different environmental factors is still unclear for the concentration of each dominant
algal genus in Lake Dianchi.
In this study, a neural network was formulated to describe the relationship between the selected environmental
factors and the four dominant algal genera. Sensitivity
analysis was carried out to evaluate the relative importance
of water quality factors for the levels of the dominant algal
genera.
MATERIALS AND METHODS
Lake Dianchi (24。40’-25。03’N, 102。37’-102。48’E)
is located in Kunming, Yunnan Province of China. It is a
large plateau lake at an altitude of 1886.5 m with an area
of 300 km2, average depth of 4.7 m, and a maximum depth
of 11 m.
To probe the cyanobacterial blooms and seek for an appropriate control solution, a pilot experiment area (6 km2)
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TABLE 1 - Characteristics of the measured variables in the Lake Dianchi from September 2000 to December 2002.
Variable
TN(mg/L)
TP(mg/L)
COD(mg/L)
BOD5(mg/L)
DO(mg/L)
pH
Tr(cm)
WT( )
Chl a(mg/L)
Microcystic(cells/L)
Anabaena(cells/L)
Quadricauda(cells/L)
Pediastrum(cells/L)

Mean
3.074
0.302
15.402
9.690
7.140
8.882
29.879
16.81
0.165
2.525e+008
6.768e+006
9.258e+006
1.662e+006

Standard Deviation
1.479
0.1274
5.934
6.067
1.718
0.557
12.869
4.4216
0.108
3.424e+008
1.602e+007
8.419e+006
2.042e+006

was curtained off from Lake Dianchi in July 2000. Some
bloom control plans were conducted in this pilot experiment
area after that time. From September 2000 to December
2002, sampling was undertaken once each month at ten
sites of the experiment area to measure eight environmental
factors, such as total nitrogen (TN, mg/L), total phosphorus (TP, mg/L), chemical oxygen demand (COD, mg/L),
biological oxygen demand in five days (BOD5, mg/L),
dissolved oxygen (DO, mg/L), pH, transparency (Tr, cm),
and water temperature (WT, ℃). Additionally, the biomasses of the 4 dominant genera (Microcystic spp., Anabaena
sp., Quadricauda (Turp.) Breb, and Pediastrum Mey) and
Chl a concentrations were measured, according to Jin and
Tu [10]. Some statistics of these measured data are listed
in Table 1.
In neural network models for algal blooms, environmental factors usually were treated as network inputs and
algal biomass outputs, respectively. In our study, we chose
the history data of environmental factors in 3 months as
network inputs after comparing the results with more or
less history data. Stated clearly, the values of TN (mg/L),
TP (mg/L), COD (mg/L), BOD5 (mg/L), DO (mg/L), pH, Tr
(cm) and WT (℃) in (n-2)th, (n-1)th and nth months were included in network input for the prediction of algal biomass
(as shown in Fig. 1). In order to model the relation between
the 8 environmental factors and the concentrations of the
4 dominant algal genera, a 3-layer feed-forward neural network was programmed (Fig. 1).
The input layer comprised 24 neurons corresponding
to the history of 8 environmental factors in 3 lagged months,
while the output layer is composed of 4 neurons corresponding to the biomasses of Microcystic spp., Anabaena sp.,
Quadricauda Breb, and Pediastrum Mey, respectively.
Each neuron is connected to all neurons of the adjacent
layer. Neurons receive and send signals through these connections. Signals are transmitted only in one direction, from
input layer to output layer through hidden layer. Connections are given a weight modulating the intensity of the
signal they transmit.

Minimum
0.465
0.052
5.000
0.000
2.0
7.4
0.0
10
0.02
1.65e+006
0
0
0

Maximum
10.950
0.826
53.500
27.5
12.32
10.2
80.0
26
0.602
3.236e+009
1.98e+008
4.36e+007
1.09e+007

vector w. The sum of the weighted inputs and the bias form
the input to the transfer function f. Neurons may use any
differentiable transfer function f to generate their output.
In our study, the output layer used linear transfer function,
and tan-sigmoid transfer function was used for other network layers.

FIGURE 1
Neural network structure for modeling the concentration of
the four dominant algal genera (Microcystic spp., Anabaena sp.,
Quadricauda Breb, and Pediastrum Mey) in Lake Dianchi (China).

One difficulty in the application of an artificial neural
network lies in determining the number of hidden layer
nodes, and analyzing their influence on the network output. Up till now, no assured methods were found for determining the number of hidden nodes. In our study, an
empirical formula was employed to calculate the number
of hidden nodes [11, 12].

An elementary neuron with R inputs is shown in Fig 2.
The input vector is weighted with an appropriate weight
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FIGURE 2
A neuron mapping R-element vector p to a scalar a (a = f (wp + b)).
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The suggested formula [11] is as follows:

n y = nx ∗ nz

(1),

where ny is the number of hidden layer nodes, nx the
number of input layer nodes, and nz that of output layer
nodes. According to experience, the appropriate number
of hidden nodes should be a little bigger than the calculated ny. For a good performance of the trained network,
we tried networks with different numbers of hidden nodes
around the number computed from the empirical formula.
Training algorithm selection is the second difficulty in
ANN modeling. The back-propagation algorithm was created by generalizing the Widrow-Hoff learning rule [13].
There are many variations of the back-propagation (BP)
algorithm, such as those with momentum, Levenberg-Marquardt algorithm, BFGS Quasi-Newton algorithm, resilient
BP, scaled conjugate gradient algorithm, conjugate gradient with Powell/Beale restarts, Fletcher-Powell conjugate
gradient, Polak-Ribiére conjugate gradient, one-step secant
algorithm, and variable learning rate BP. But it is very difficult to know which training algorithm will be the best one
for a given problem. So we tried different of them in the
network training.
Overfitting often occurs during neural network training [14]. The error of the training set is driven to a very
small value, but when new data are presented to the network, the error may be large. The network has memorized
the training examples, but it has not learned to generalize
to new situations (poor generalization ability). Therefore,
improving generalization ability of networks is another difficulty we have to face when using feed-forward neural
networks. Cross-validation [15, 16] and regularization [17,
18] are the two approaches used widely for improving generalization of feed-forward neural network.
In the cross-validation technique, the available sample data is divided into three subsets, namely, the training
subset, the validation subset, and the testing subset. The
training set is used for computing the gradient and updating the network weights. The validation set is used to monitor the generalization error. The error on the validation set
is monitored during the training process. When the network
begins to overfit the data, the error on the validation set will
typically begin to rise. When the validation error increases
for a specified number of iterations, the training is stopped,
and the weights at the minimum of the validation error are
returned. The test subset is used for verifying the network
performance, i.e., the test set error is used to compare different networks.
The regularization approach involves modifying the
performance function. While the typical performance function for training feed-forward neural networks is the mean
sum of squares of the network errors (mse), the regularization approach modifies the mse performance function by
adding a term that consists of the mean of the sum of
squares of the network weights, and we call the modified

performance function msereg. When using msereg performance function in the network training, the network has
smaller weights, and this will force the network`s response
to be smoother and less likely to overfit. The equations (2)
and (3) are the mse and msereg performance functions, respectively.

mse =
where

1
N

N

∑ ( ei ) 2 =
i =1

1
N

N

∑ (t

i

− ai ) 2

(2)

i =1

t i denotes the target for the ith input, and ai rep-

resents the output of the network for the ith input.

msereg = λ ⋅ mse + (1 − λ )msw

(3)

where λ is the performance ratio, and msw represents
the mean squared weights, i.e.:
n

msw＝∑ w 2j .
j =1

From our experience, the different combinations of hidden node numbers, training algorithms, and generalization
improving techniques have a complex effect on the generalization ability of neural networks. Because of this, we
tried all the combinations of numbers of hidden nodes, from
5 to 11, the eleven training algorithm mentioned above, and
the two improving techniques for finding a trained neural
network with good generalization ability.
Because the components of input data have different
orders of magnitude, they were standardized before network
training, so that they had means of zero and standard deviations of one. The standardizing conversion used the relationship

X s = (X o − X ) /σ x
where

Xs

denotes the standardized variable,

the original variable, and

(4)

Xo

is

X and σ x represent the mean

and standard deviation of the original variable, respectively.
RESULTS AND DISCUSSION
For the training and validation of the neural network,
260 examples of input-output pair were formed by utilizing the measured data in ten sample sites from September
2000 to December 2002. The 52 examples from site No. 4
and site No. 7 were reserved for model validation while the
other 208 examples were using for the network training.
The trained network was used to predict the algal densities
of the four dominant genera in site No. 4 and site No. 7.
And the predicted results of Microcystis spp. were depicted in Fig 3. The results showed that the predictions were
almost consistent with the measured densities of Microcystis spp.
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As far as the other three dominant algal genera (Anabaena sp., Quadricauda Breb, and Pediastrum Mey), and
the predictions are shown in Figs. 4-6.
As demonstrated in Figs. 4 and 5, the fluctuation patterns of Anabaena sp. and Quadricauda Breb were comparatively well-predicted. For Anabaena sp., there was a
one month’s shift in Nov. 2001, and a non-predicted peak
in May 2002 in No. 4 site, and several magnitude deviations, such as in Mar. 2002 of No. 4 site, as well as Jun.
2001, Aug. 2001, and Mar. 2002 of No. 7 site. Regarding
Quadricauda Breb blooms, the magnitudes were almost

parallel, except for several deviations (Feb. 2001, Apr. to
Aug. 2001 of No. 4 site; Apr. 2001 of No. 7 site), except for
two peaks, that were not predicted, (Jul. 2002 of No. 4
site; Jun. 2002 of No. 7 site).
From Fig. 6, it could be noticed that the prediction for
the Pediastrum Mey bloom was not so satisfactory, compared with the predictions for the concentration of other
dominant algal genera. We think that some factors, other
than the 8 selected environmental ones, have significant
influence on the Pediastrum Mey bloom.

FIGURE 3 - Comparison between the predicted and measured densities of Microcystis spp. in Lake Dianchi (Sites No. 4 and No. 7).

FIGURE 4 - Comparison between the predicted and measured densities of Anabaena sp. in Lake Dianchi (Sites No. 4 and No. 7).

FIGURE 5 - Comparison between the predicted and measured densities of Quadricauda Breb in Lake Dianchi (Sites No. 4 and No. 7).
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FIGURE 6 - Comparison between the predicted and measured densities of Pediastrum Mey in Lake Dianchi (Sites No. 4 and No. 7).

The post-processed results for the 4 dominant algae
using the developed networks are shown in Table 2. The
predicted values were significantly correlated to the measured data for Microcystic spp. Anabaena sp. Quadricauda
Breb, Pediastrum Mey in sites No. 4 and No. 7, viewed
from the correlation coefficients.
TABLE 2 - Post-regressions between
predicted and measured algal densities.
Algae
Microcystis
Anabaena
Quadricauda
Pediastrum

Regression Coefficients
0.947
0.827
0.855
0.778

Data Points
52
52
52
52

Many algorithms have been proposed to determine the
impact of input variables on output [8, 19-23]. In this work,
we used the trained networks to determine the contribution of the input variables (8 environmental factors) to the
output. To identify the sensitivity of algal density to the
minor change of each environmental factor, and to compare
the contribution of different factors to the algal proliferation, a simulation on the testing data set (52 relevant examples for each of the 4 representative algal genera) were performed by increasing each factor (three related components
of input vectors) by 5%. The results (Table 3) demonstrate
that pH plays a very important role in the algal proliferation.
Some new findings could be extracted from the analysis results of factor importance. For example, it was found
that TN and BOD5 had no significance on the proliferation of Microcystis spp. and Anabaena sp., but stimulate the

growth of Anabaena sp. and Pediastrum Mey. In addition,
the COD increase will stimulate the proliferation of Microcystis spp. and Anabaena sp., but inhibit Quadricauda
Breb and Pediastrum Mey., while the TP increase has positive significant influence on the proliferation of Microcystis spp. and Anabaena sp., but only weak or no significant impact on the concentration of Quadricauda Breb and
Pediastrum Mey. Furthermore, the increase of Tr (transparency) has a strong positive influence on the growth of
Anabaena sp., no significant impact on the growth of
Microcystis spp., but a moderate negative influence on the
proliferation of Quadricauda Breb and Pediastrum Mey.
Water temperature has strongly positive influence on
the growth of Microcystis spp., moderately negative influence on that of Anabaena sp., but non-significant influence on that of Quadricauda Breb and Pediastrum
Mey.
For Microcystis spp., pH, water temperature, TP and
COD have significant influence on algal concentration; for
Anabaena sp. proliferation, transparency, COD, BOD5, TN
and TP have significant influence; for Quadricauda Breb,
pH, transparency, and COD have significant influence on
algal concentration; for Pediastrum Mey., TN, TP, pH and
BOD5 have significant influence on algal proliferation.
Some values of standard deviation in Table 3 are much
higher than their responding mean. What is the indication
for that? We had no clear understanding. It was stated by
Disorntetiwat [24] that the nonlinearity is likely to enter
through variances rather than through means, and we
guessed that strong nonlinearity led to large values of stan-

TABLE 3 - Changes of four algal densities with 5% increase in each factor (Dataset: 52 testing examples).
Input
factors
TN
TP
COD
BOD5
DO
pH

Microcystis (%)
Mean
Std. Dev.
0.0
3.8
6.0
11.1
5.5
10.4
0.2
4.3
-1.8
17.7
-21.7
36.4

Anabaena (%)
Mean
Std. Dev.
6.8
47.1
4.9
39.6
16.4
35.7
9.6
27.7
-3.0
40.4
4.9
109.2
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Quadricauda (%)
Mean
Std. Dev.
0.3
2.9
1.5
2.4
-4.9
5.5
-1.2
2.6
-2.2
9.5
38.0
62.5

Pediastrum (%)
Mean
Std. Dev.
10.3
46.5
2.3
13.0
-10.9
19.0
5.9
41.9
-3.6
30.5
-7.0
93.7
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4.8
7.6

18.0
-4.1

87.5
82.5

dard deviation. We are not sure about this, but will pay
some more attention for deeper understanding about the
nonlinearity of the response of algal proliferation to environmental changes.

[14] Tzafestas, S.G., Dalianis, P.J., and Anthopoulos, G. (1996) On
the overtraining phenomenon of backpropagation neural networks. Mathematics and Computers in Simulation, 40, 507521.
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A SMALL-SCALE BIOGAS DIGESTER MODEL FOR HEN
MANURE TREATMENT: EVALUATION AND SUGGESTIONS
Emel Kocak-Enturk, Kaan Yetilmezsoy* and Mustafa Ozturk
Faculty of Civil Engineering, Department of Environmental Engineering, Yildiz Technical University, 34349, Yildiz, Besiktas, Istanbul/Turkey.

SUMMARY

INTRODUCTION

In this case study, a small-scale biogas plant in treatment of manure wastes was proposed for a hen farm
(Dortler Farm on Ankara Highway in Corum city of Turkey) se-lected as model pilot plant. A fixed-dome Chinese
model biogas reactor (FDCMBR) having a digester
volume of 280 m3 was found to be appropriate in treatment of hen manure wastes. Calculations based on design
criteria and literature data were presented. The proposed
biogas plant was designed for local possibilities, and low
cost conditions based on local information and experimental studies given in the literature. In Corum city, the
total daily biogas production (about 7625 m3 day-1) can be
provided from individual biogas plants, operating at 58
active hen farms having different waste loads. By considering the population of Corum city (161000 people), this
total production was estimated to compensate the daily
requirements of 290 fam-ilies (5 members) including heating, cooking, cooling and lighting. The number of people
who make use of this biogas energy (1452 people) was
found to be equal to approximately 1% of the total population of Corum city. In this case study, revenues and expenditures (R&E) were also estimated for the proposed
FDCMBR. The R&E analysis showed that revenues that
can be provided from selling of stabilized manure were
estimated to be € 15500 per year. This value was found to
be nearly equal to total operating and construction expenditures of the proposed biogas plant. Moreover, results of
some experimental studies including projection criteria
were also presented. More importantly, this case study is
expected to provide a useful background and a scientific
contribution in manure management for rural areas of
Turkey.

KEYWORDS: fixed-dome biogas reactor, hen manure, biogas
plants, renewable energy.

The poultry industry is growing rapidly along with
human population. The increased trend in both developed
and developing countries results in large quantities of animal wastes which must be treated in order to prevent major
environmental impacts. For example, improper management
of manure can result in severe consequences to the environment, such as odor problem, attraction of rodents, insects and other pests, release of animal pathogens, groundwater contamination, surface water runoff, deterioration of
biological structure of the earth, and catastrophic spills [1].
Investigations conducted in 2002 demonstrated that the
number of farm animals (including sheep, cattle, broiler,
layer, turkey, duck and goose) was about 288 million in
Turkey. Animal wastes obtained from this sector can provide a great biomass resource in the production of biogas.
In Turkey, 12% and 30% of 135 million tons fresh manure are used in agricultural land applications, and in dried
form as fuel source in houses of rural areas, respectively.
The remainder portion is applied in pastures as nutrient
sources.
Corum city of Turkey is the trade center for a farm
region where grains, fruits, sheep and goats are produced.
The increasing animal waste generation is one of the most
urgent environmental problems in Corum city. The Turkish Statical Institute (TURKSTAT) emphasized that the
number of hens, which was about 3 million in 1999, showed
a continuos variation. While the number of hens was 2.8
million in 2001, it was about 1.7 million in 2003 [2]. According to investigations carried out for Corum city, 58 of
156 hen farms are active in production. Production capacities and waste loads of these active farms are given in Figure 1.
Anaerobic digesters offer many potential benefits to
farmers and environment, including odor and fly control,
renewable energy production, distributed generation of
electricity, potential increase in the value of manure as a
fertilizer, pathogen reduction, weed seed destruction, greenhouse gas reduction, reduction in total oxygen demand
and evaluation of digested effluent for agricultural applications regarding regulations. In the absence of oxygen, anaerobic digesters biologically convert organic wastes into
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FIGURE 1 - Production capacities and waste loads of active hen farms in Corum city.

stable organics having characteristics differentt from that of
raw organics in basic stages (hydrolysis, acidogenesis,
acetogenesis and methanogenesis). Anaerobic digestion is
also regarded to be a source of renewable energy in the
form of methane gas. Therefore, recent investigations
demonstrate that anaerobic digesters have been getting
attention due to their dual role in waste treatment [3].
The anaerobic digestion of animal waste yields several
economical and environmental benefits, such as production
of methane for fuel use, waste reduction to slurry with high
nutrient content, and deactivation of pathogens in the manure [4]. Hence, the evaluation of anaerobic digestion system as a leading process for the production of biogas will
provide a renewable energy resource for many applications,
in addition to waste reduction and other potential benefits.
Anaerobic digestion of animal wastes will also contribute
to more feasible benefits, as reduction of waste management costs for both developed and devepoling countries. A well-designed and managed anaerobic digester
will minimize the risk of surface and groundwater contamination [5, 6]. Therefore, safety concerns and care must
be taken in both designing of digesters and their application [1].
In the anaerobic digestion of cattle, hen and swine
wastes, a number of different reactor configurations have
been reported, such as large-size anaerobic digesters for
poultry manure [7], hybrid UASB reactors [8], anaerobic
SB reactors [9, 10], UASB thermophilic-mesophilic digestors reactors [11- 13], and two-stage [14].
1936, a fixed dome (Chinese) digester was built in
Jiangsu, China. The reactor consists of a gas-tight chamber constructed of bricks, stone or poured concrete. Both
the top and bottom of the reactor are hemispherical, and
joined together by straight sides. The gas produced during
digestion is stored under the dome, and displaces some
of the digester contents into the effluent chamber [15].
In this design, the fermentation chamber and gas holder are
combined as one unit. This design eliminates the use of a
costlier mild steel gas holder which is susceptible to corro-

sion. The life of the fixed dome-type plant is longer (20-50
years) compared to that of the floating drum digesters
[16]. With the introduction of this fixed dome Chinese
model plant, the floating drum plants became obsolete
because of comparatively high investment and maintenance costs along with other design weaknesses. Based
on the principles of fixed dome model from China, Gobar
Gas and Agricultural Equipment Development Company
(GGC) of Nepal has de-veloped a design popularized since
the last 17 years [16].
Some studies can be cited on fixed-dome biogas reactors, such as investigation of the potential of fixed-dome
biodigester effluent as a protein supplement in a straw-based
diet for growing indigenous bulls [17], heat transfer analysis of fixed dome biogas plants [18, 19], evaluation of energy balance of fixed-dome biogas plants [20], transient
analytical study of a fixed dome type biogas plant [21],
monitoring of the performance of a static scum-breaking
net for fixed-dome biogas plants [22], experimental validation for a glazed fixed-dome biogas plant [23], a case study
of development of a fixed-dome biogas plant [24], mathematical modeling for a fixed dome type biogas plant [25,
26], economic analysis of a fixed-dome biogas plant [27],
performance evaluation of a fixed dome plug flow anaerobic digester [28], performance evaluation of fixed-dome
Janata and Deenbandhu biogas plants [29, 30], performance evaluation of fixed and floating dome biogas
plants [31, 32], design of an active fixed-dome type biogas plant [33], investigations of problems with biogas
plants [34], evaluation of a fixed dome Janata biogas plant
in hilly conditions [35], and investigation of temperature
profiles for fixed-dome biogas plants [36]. Nevertheless,
very little information is available on FDCMBR for rural
areas of Turkey.
The objectives of this case study were to design a
small-scale fixed-dome Chinese model biogas reactor
(FDCMBR) for a hen farm selected as model pilot plant
(Dortler Farm) in Corum city, Turkey, to investigate the
feasibility of the proposed digestion process in treatment

810

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

of manure wastes generated in this farm, and to provide
new scientific contribution regarding manure management
for rural areas of Turkey. In this study, calculations based
on design criteria and literature data were described. In
addition, economical, technical and environmental benefits obtained from the proposed system were also presented.
MATERIALS AND METHODS
Fixed-Dome Chinese Model Biogas Reactor

A fixed-dome plant comprises of a closed, domeshaped digester with an immovable, rigid gas-holder and
a displacement pit, also named “compensation tank”. The
gas is stored in the upper part of the digester. When gas
production commences, the slurry is displaced into the
compensating tank. Gas pressure increases with the volume of gas stored and the height difference between the
slurry levels in digester and compensation tank. If there is
little gas in the gasholder, the gas pressure is low. The basic
function of a fixed-dome biogas plant is illustrated in Figure 2 [37].
Nienhuys [38] reported that only 9% of the population
of Nepal (roughly 2 million) lives in the high-mountain
areas, and this population is highly dependent on firewood
for its energy needs (cooking, water and space heating).
About 3 tons of firewood are consumed per family per year
at lower altitudes (upto 1500 m), an amount which increases
with altitude. Firewood consumption at the higher altitudes
has an increased impact on deforestation as compared to
the lower altitudes. With regard to biogas, he observed that
many smallholder farms have two buffaloes to assist them
in agricultural activities, such as tilling of the land and milk
supply. These buffaloes are mainly kept in stables and considered to be an excellent source for biogas production. The
Nepalese biogas programme, developed with the support
of many local experts and more than 50 construction companies and with subsidy supports, has reached a phase in
which it needs wider application and the largest possible
range of farmers with cattle should have access to this Renewable Energy (RE) technology. The author emphasized
that the technology of the current fixed-dome design had
reached maturity in construction quality, quality control,
subsidy and management mechanisms, training and imple-

1

mentation in all easily accessible areas. In addition to fixeddome design, he proposed the Remote Area Biogas Reactor (RABR), which is an insulated bag reactor for the remote areas at high altitudes.
The cost of a fixed-dome biogas plant is relatively
low, and it is simple as no moving parts exist. There are
also no rusting steel parts and, hence, a long life of the
plant (20 years or more) can be expected. The plant is constructed underground, protecting it from physical damage
and temperature changes. While the underground digester
is protected from low temperatures at night and during cold
seasons, sunshine and warm seasons take longer to heat up
the digester. No day/night fluctuations of temperature in the
digester positively influence the bacteriological processes.
In order to prevent heavy losses of biogas, the construction
should be supervised by experienced biogas technicians [37].
Design Criteria and Calculations

In most bioreactors, the rate of gas production varies
with time, seasonal temperature and substrate quality. According to literature studies [37, 39-45] and local data [46]
gathered from the case study, some projection parameters
were selected in design of FDCMBR. Main input variables (dilution ratio, HRT, SBPR, etc.) were chosen from
operating ranges of these values given by different researchers, and calculations were made based on selected
values for each parameter. In this paper, the reactor design
was described for sample values. It is obvious that different input parameters will yield different outputs.
Projection criteria proposed by Information and Advisory Service on Appropriate Technology – GATE (German
Appropriate Technology Exchange) in Deutsche Gesellschaft für Technische Zusammenarbeit (ISAT-GTZ) were
considered in design of the FDCMBR. The Provincial Directorate of Environment and Forestry of Corum City reported that the number of breeding hens in the pilot farm
was about 10000. The average quantity of waste generated
per hen was obtained to be 175 g hen-1 day-1. In calculations, dilution ratio (manure:water) and hydraulic retention
time (HRT) were selected as 1:3 and 40 days, respectively.
Specific biogas production rate (SBPR) was considered to
be 60 L kg of manure-1 [43]. The volume of gasholder was
selected as 50% of the daily gas production rate [46]. Fi-
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FIGURE 2 - The basic function of a FDCMBR: 1. Mixing pit, 2. Digestion Part, 3. Gasholder, 4. Gas outlet pipe, 5. Displacement pit.
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FIGURE 3 - Cross-section of the FDCMBR with calculated projection dimensions for VG:VD ratio of 1:5.

nally, the ratio between volumes of gasholder and digester
was provided as 1:5 (VG:VD). Some projection dimensions
considered in design of the FDCMBR are presented in
Table 1 [39].
TABLE 1
Some projection dimensions considered for VG:VD ratios [39].
VG:VD
R

1:5
3

0.42VD

1:6
3

0.42VD

VB = (SBPR)(WL ) = ⎣⎡60 l ( kg of man.)−1 ⎦⎤ (1750 kg day−1 ) = 105000 l day−1 = 105 m3day−1

1:8
3

0.42VD

(4)

where VB is the volume of daily produced biogas (m3
day ), SBPR is the specific biogas production rate (L kg-1),
and WL is the daily waste load (kg day-1). In Equation (5),
the volume of gasholder (VG) was calculated as 50% of the
daily gas production rate. Hence, the ratio between volumes of gasholder and digester (VG:VD) was provided as
1:5 in Equation (6).
-1

r
0.70R
0.66R
0.60R
H
0.16R
0.15R
0.14R
h
0.33R
0.31R
0.28R
p
0.64R
0.60R
0.53R
VG: volume of the gas holder, VD: volume of the digest-er, R: radius of the
FDCMBR, r: radius of the displacement pit, H: the distance between the
bottom of gas holder wall and the bottom of the displacement pit, h:
height of the slurry in the displacement pit, p: the distance between the
ground and the entrance point of the inlet pipe.

According to local data and projection criteria, the daily
waste load was obtained as follows:

WL = N.C = (10000)(0.175) = 1750 kg day −1

where VD is the volume of the digester (m3), VS is the
volume of the slurry (L day-1), and HRT is the hydraulic retention time (day). In Equation (4), the daily biogas volume
was calculated by considering the specific biogas production rate as 60 L kg-1 of manure:

(1)

where WL is the daily waste (manure) load (kg day-1),
N is the number of breeding hens in the farm, and C is the
average quantity of waste generated per hen (kg hen-1 day-1).
According to the dilution ratio of 1:3, the volume of slurry
to be digested was calculated by Equation (2):

VG = (105000)(0.50) = 52500 l = 52.5 m3

(5)

VG : VD = (52500) /(280000) = 1: 5

(6)

According to projection dimensions given in Table 1,
dimensions of the FDCMBR were determined from Equations 7, 8, 9, 10, 11 and 12.

VS = WL + VW = 1750 + (1750)(3) = 7000 l day −1 ≅ 0.30 m 3 hour −1 (2)

where VS is the volume of the slurry (m3 day-1), WL is
the daily waste load, and VW is the volume of water used
to dilute the raw manure. The required digester volume was
determined as follows:
VD = ( VS ) (HRT) = (7000 l / day)(40 days) = 280000 l = 280 m3 (3)

812

R = 3 (0.42)(280) ≅ 4.90 m

(7)

r = (0.70)(4.90) ≅ 3.43 m

(8)

H = (0.16)(4.90) ≅ 0.78 m

(9)

h = (0.33)(4.90) = 1.62 m

(10)

p = (0.64)(4.90) ≅ 3.14 m

(11)

(0.25)R = (0.25)(4.90) ≅ 1.23 m

(12)
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In Figure 3, projection dimensions obtained for VG:VD
(volume of gasholder : volume of digester) ratio of 1:5 are

given on the cross-section of a fixed-dome Chinese model
biogas reactor.

TABLE 2 - Estimated Revenues and Expenditures of the proposed Fixed-Dome Chinese Model Biogas Reactor for the pilot farm .
(1 EUR = 1.2646 USD, Indicative Exchange Rates Announced at 15:30 on 01/15/2004 by the Central Bank of Turkey).
Operating and Construction Expenditures (€ /year)
Water Consumption
Cost of 1 m3 of water: € 1.05 /m3
5.25 m3/day x 1.05 € /m3 = € 5.5 / day
5.5 € / day x 360 days/year = € 1985
Personnel
1 person x 400 € / month x 12 months/year = € 4800
(an authorized person was considered for reactor operating)
Construction Works
Total volume of the plant: 280 + 52 =332 m3
Production Cost of 1 m3 of concrete € 13.5 / m3
332 m3 x 13.5 € / m3 = € 4482
Piping Works
Cost of 1 m of PE pipe: € 2.4 / m
For 10 m of PE pipe = € 2.4 / m x 10 m = € 24
Feeding Pump: Approx. € 61.5
Level Recorder: Approx. € 42
Generator (2 kW): Approx. € 322
Other Expenditures: Approx. € 5000
≈ € 17000 / year

Revenues (€ /year)
Stabilized Manure
Daily production: 1475 kg/day
Selling price: € 0.029 / kg
€ 0.029 / kg x 1475 kg/day x 360 days/year x 0.75 = € 15550
(75 % of stabilized manure was considered for selling)
Electricity
Net production: 0.4 kW for 250 min/day
Selling price: € 0.030 / kWh
€ 0.030 / kWh x 0.4 kW x 250 min/day x 360 days/year x
1 h/60 min = € 6480 (63 days interruption electricity)
Hot Water
Net production: 4 kW for 150 h/year
Selling price: € 0.024 / kWh
€ 0.024 / kWh x 4 kW x 150h/year x 360 days/year = € 5184

≈ € 27000 / year

Estimated Revenues and Expenditures (R&E)
of the proposed FDCMBR for the pilot farm

Kocak-Enturk [46] estimated the revenue and expenditures (R&E) can be obtained from the proposed FDCMBR
for the pilot farm in Corum city. The estimated R&E analysis is given in Table 2.
RESULTS AND DISCUSSION
In this study, FDCMBR was designed as an appropriate digestion process in treatment of hen manure wastes
generated in a pilot farm in Corum city, Turkey. In addition to projection, an estimated revenues and expenditures
analysis was presented for this model plant (Table 2). Kalia
and Singh [40] made a basic assumption in designing a
fixed dome biogas plant: The biogas plant is to be run on
cattle manure slurry prepared by mixing cattle manure with
water in equal proportions. 1 kg cattle manure mixed with
an equal quantity of water occupies a volume of nearly
0.002 m3 and produces 35-40 L of biogas with hydraulic
retention time (HRT) of 55-60 days at mean summer ambient temperatures of 24-26 °C. Thus, a daily feeding rate of
nearly 25 kg cattle dung requires a digester volume of 2.753.0 m3. Khoiyangbam et al. [41] conducted a study on methane emission from fixed-dome biogas plants in hilly and
plain regions. They reported that the highest temperature
(33°C) was recorded in June and remained in the optimum
range (32-33°C) upto August. Correspondingly, CH4 emission rates from the slurry displacement chambers of biogas
plants were higher during these months. Karki and Gauham
[42] obtained the actual gas production to be 5.75 m3 day-1
for feeding 115 kg of human excreta into a fixed dome biodigester having a volume of 15 m3. Rehling [43] and
Wellinger [44] proposed a 20-40 days range of HRT in

treatment of liquid hen manure. Actually, the optimum
value of retention time depends on many factors, like
feed stock, environment temperature, and type of gas
plant. Singh et al. [45] emphasized that different retention
times are used for unheated biogas plants, depending upon
the climate. They reported that the current practice is to
use a retention time of about 30 days in relatively warm
regions, 40 days in northern plains, and 55 days for the
colder hilly regions. Based on the literature data, a dilution
ratio (manure:water) of 1:3, a HRT of 40 days, SBPR of
60 L per kg manure, and a ratio of 1:5 between volumes of
gasholder and digest-er (VG:VD) were selected (Table 1) in
design of FDCMBR. Moreover, the basic function of the
proposed FDCMBR is shown in Figure 3.
Gripentrog et al. [47] reported some calculations to design an on-farm biogas plant for a particular farm (Højtofte)
situated in the village of Kustrup, in the Local Authority of
Middelfart, County of Funen, in Denmark. They designed a
biodigester for a substrate input of 9.23 tons day-1. The
mixing ratio of dung to water and required retention for
cattle manure were chosen to be 1:2 and 60 days, respectively. According to these projection parameters, they obtained the volume of biodigester to be 1300 m3. The proportion of degradable materials (volatile solids, VS) present on the organic waste and the mean gas yield in cattle
manure were considered to be 13% and 0.2 m3 (kg VS)-1,
respectively. Finally, they determined the monthly biogas
production to be 7202 m3. These calculations were followed by determination of the potential power production.
In selection of the mean gas yield for the cattle manure,
they considered the values given by Information and Advisory Service on Appropriate Technology – GATE (German Appropriate Technology Exchange) in Deutsche Gesellschaft für Technische Zusammenarbeit (ISAT-GTZ),
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also cited in this paper. It can be stated that the hierarchy
of calculations given in this present study was obviously
in agreement with the study of Gripentrog et al. [47]. According to projection parameters for poultry droppings
given by ISAT-GTZ in 1996, they stated the proportion of
VS and the gas yield range to be 17% and 0.31-0.62 m3
(kg VS)-1, respectively. Based on these projection parameters given for poultry droppings, the quantity of total volatile solids was obtained to be 297.5 kg VS day-1 for a waste
load of 1750 kg day-1 calculated in the present paper. Considering this quantity of total VS, the biogas production
was determined to be between 92.2-184.4 m3 day-1. It can
be concluded that the daily biogas production (105 m3 day-1)
obtained from equation (4) proved to be satisfactory in this
range for the present study.
R&E analysis carried out for the model plant showed
that the daily biogas production provided an interrupted
production of electricity about 63 days for the pilot farm.
This system can run a 2-kW generator for 250 min. Kossman et al. [37] and Intermediate Technical Development
Group (ITDG) [4] reported that the energy obtained from
a biogas plant can be evaluated for several purposes as
follows:
1) A biogas lamp consumes approximately 120-150 L of
biogas per day.
2) 2000 L of biogas can be sufficient for a cooling system with a volume of 100 L.
3) The biogas production rates between 300-900 L day-1
and 30-40 L day-1 can be sufficient for cooking and 1 m3
of hot water supply, respectively.
4) 500 L of biogas equals to 1 kg of coal for heating purposes.
5) 1 m3 of biogas can generate 1.25 kWh of electricity and
run a one horse power motor for 2 hours and also
equals to 60-100 watt bulb for 6 hours.
According to the information above, 26 m3 of biogas
can be sufficient for several requirements, such as heating,
cooking, cooling and hot water supply of a 5-member family. Hence, 105 m3 of biogas obtained from the proposed
FDCMBR will easily compensate daily requirements of
four such families.
As a different approach, the total daily biogas production which can be provided from individual biogas plants,
operated at 58 active hen farms having different waste
loads, is about 7625 m3 day-1. By considering the population of Corum city as 161000 people, this total production
can compensate the daily requirements of 290 families of
5 people including heating, cooking, cooling and lighting.
Hence, the number of people who make use of this biogas
energy (1452 people) equals approximately 1% of Corum
city population.
Because of the potential increase in the value of manure as a fertilizer, evaluation of digested effluent for agricultural land applications regarding regulations will provide potential benefits to farmers and the environment. Rev-

enues provided from selling of stabilized manure were estimated to be € 15500 per year (1 EUR = 1.2646 USD, Indicative Exchange Rates Announced at 15:30 on 01/15/2004
by the Central Bank of Turkey). This value was nearly
equal to total operating and construction expenditures of
the proposed plant. Briefly, the proposed plant can amortize itself in 8-10 months. However, authors emphasize a
certain financing for investment of the plant in the first step.
This financing can be provided by the government-supported foreigner credit or private users. In some countries,
financial support can be provided by the government or
purchasers.
Köttner [48] reported that there are 16 million cattle,
26 million pigs, 114 million poultry and about 4 million
horses and sheep in Germany. Their excrements of 57500
tons organic dry substance per day could be digested. Technically from an organisational and economical point of view
over half of the excrements from farm animals could be
used energetically by farm or centralized biogas plants. The
author stated that the advantages of this technology are not
only generation of energy (e.g. electricity and heating), but
also the avoidance of bad odors, nitrous oxide emissions,
the saving of fertilizers and chemical sprays, the reduction of landfill area, and the protection of groundwater. He
also emphasized that a big potential for biogas utilization is
available in the Benelux, France, Spain, Italy and Turkey.
Worldwide, the most interesting markets for export and
technology exchange are to be seen in China, Japan, India
and the United States. There is a growing interest in the
technology, especially in central Europe and Asia (China,
India) for tackling the huge waste problems of the sprawling cities and metropolitan areas. At the moment, it is still
possible to dump or incinerate the waste, but more and
more environmental and energetic problems arise. When
there is a source separation of bio-waste, then composting
is the traditional way of treatment, but liquid and halfliquid organic waste cause emission problems, which lead
to additional costs of a closed off-treatment process. Even
being more expensive, anaerobic digestion systems can
offer a cost effective and environmentally sound alternative
considering energy production for own consumption and
selling it to the public grid.
Small-scale biogas production in rural areas is now a
well-established technology, particularly in countries such
as China and India. At the end of 1993, about five and a
quarter million farmer households had biogas digesters, with
an annual production of approximately 1.2 billion cubic-meters of methane (both China and India), as well as 3500 kW
installed capacity of biogas-fuelled electricity plant. In rural
areas of the world, development and dissemination of biogas technology will meet a variety of rural energy needs,
such as irrigation pumping and village electrification [4].
The small-scale biogas technology is reasonably simple and cheap, and can be manufactured locally. Improvement and encouragement of these types of clean technologies will contribute several economical, technical and environmental benefits for Corum city, but also developing
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regions of Turkey. Although much of the biomass requirement for energy production can be met by utilizing residues from the poultry industry or other commercial activities, careful planning of energy is required to prevent undue stress on the environment. It can be stated that biogas
obtained by digesting manure wastes in an environment
containing no free or dissolved oxygen, is a great source
of energy for Turkey, as the conditions of rural areas are
concerned. Hence, the necessary infrastructure should be
constructed to be able to make use of biogas, an important
alternative energy, in Turkey. Authors concluded that results obtained from this local study will be helpful for engineers, designers and other researchers concerned with the
poultry sector.
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SUMMARY
Degradation of phenol in aqueous solution in a photocatalytic membrane reactor is reported. The photocatalysts
evaluated were TiO2, TiO2-AC, as well as TiO2/AC prepared by a soak and heating method. Preliminary investigation of the UV irradiation stability of four prepared membranes (PES, PESTi, PVDF and PP) was carried out by
scanning electron microscopy (SEM), and determinations of
water permeation flux and weight loss. The results showed
that the membrane prepared by polyvinylidenefluoride
(PVDF) was stable to UV irradiation over 62 h. The photocatalytic activity of TiO2/AC catalyst was better than that
of the other two photocatalysts. The selected membrane had
the capability to retain the catalyst and to reject the partially
degraded organic species. The photocatalytic membrane
reactor combines both the advantages of a classical photoreactor, in which the catalyst is in suspension, and membrane processes, where separation at molecular level takes
place, and, therefore, seems to be very attractive.

KEYWORDS:
membrane reactor, photocatalysis, TiO2, phenol.

INTRODUCTION
Water pollution, caused by industrial and agricultural
hazardous organic chemicals, is a very serious problem [1].
Moreover, environmental restrictions are strictly implemented, and recently, new effective water treatment technologies for these wastewater types attracted more attention.
Treatment of polluted water could be carried out by
various chemical, physical and biological processes. These
processes include direct precipitation (flocculation), separation (ultrafiltration; reverse osmosis), elimination of ob-

noxious species by adsorption on activated carbon, and oxidation with ozone, chlorine or hydrogen peroxide. These
conventional processes appear to be ineffective for complete degradation of recalcitrant organic pollutants. These
processes cannot mineralize, but only transfer the pollutants from one phase to another [2]. Recent studies have
demonstrated that new methods, such as catalytic reactions using photocatalysts under UV irradiation [3-5] can
be used to degrade organic pollutants into small molecules
and non noxious species, without using chemicals, and
avoiding sludge production and its disposal. Moreover,
photocatalysis can be carried out at mild temperature and
pressure. Polycrystalline semiconductor solids have been extensively investigated as photocatalysts. In particular, crystalline anatase, TiO2, has been widely used due to its low
cost, photostability and non toxicity [6, 7].
In order to improve the efficiency, the photocatalyst
is usually employed in suspension. However, the need to
separate fine photocatalyst particles from the suspension
after treatment limits the process’ development. So, photocatalysis with membrane techniques should result in a powerful process with a great potential in water remediation.
The membrane separation processes, thanks to selective
property of membranes, has already been shown to be competitive to other separation processes for energy costs, material recovery, reduction of environmental impact, and
achievement of integrated processes with selective removal
of some components [1]. The advantages of a membrane
photoreactor include the possibility of a continuous process with simultaneous products` separation. The membrane principally involves two functions, confining of the
photocatalyst and selective separation of the pollutants at
molecular level in the reaction environment [8].
In this paper, some results of a batch photocatalytic
membrane reactor using phenol as polluting molecule with
TiO 2, TiO 2-AC, and TiO 2/AC as photocatalysts, are described, together with some results on the membranes’
photostability.

818

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

TABLE 1 - Type of membranes used in UV irradiation tests a
Membrane
PES
PESTi
PVDF
PP
a

Polymer
Polyethersulfone + sulfonated polyethersulfone
Polyethersulfone+ ulfonated polyethersulfone + TiO2
Polyvinylidenefluoride
polypropylene

Preparation method
immersion phase inversion
immersion phase inversion
immersion phase inversion
melt stretch

Type
flat composite
flat composite
flat
hollow fiber

These 4 membranes were prepared in the membrane lab of Zhejiang University.

MATERIAL AND METHODS

Photocatalytic membrane reactor

Selection of the membrane

Four polymeric membranes used for the photodegradation experiments are described in Table 1. Preliminary
UV irradiation studies on these membranes were carried
out. They were immersed in a plate filled with distilled
water, and then irradiated using a 300-W high pressure
mercury lamp placed at a distance of 5 cm. The stability
of the membranes was evaluated by means of weight loss,
water permeate flux (WPF) determinations and SEM observations. The WPFs of membranes were tested under a
pressure of 100kPa, by placing the membranes in a laboratory ultrafiltration cup (SCM-300). A scanning electron
microscopy (SEM) instrument (FEI SIRION-100) was used
to observe the membrane surface morphology before and
after irradiation.
Photocatalyst characteristics

Three photocatalysts (TiO2, AC and TiO2/AC) were
used in photodegradation experiments. The TiO2 was purchased from Korea (crystallized anatase; mean size: 510 nm). The average particle diameter of the activated carbon (AC) was 0.1 mm. TiO2/AC (supported TiO2 catalysts
on active carbon) was prepared by a soak and heating
method with tetrabutyl titanate and ethanol as precursor
[9]. The aggregation of nano-TiO2 particles could be effectively suppressed by added polyethylene glycol (PEG) as
surface modifier. AC was washed with 1 mol.L-1 HNO3
and distilled water, and then dried below 100 °C. Tetrabutyl titanate (7.5 mL) was dissolved in 20 mL ethanol. The
solution was stirred at room temperature. At the same time,
10 mL ethanol solution containing 0.75 mL HAC, 1 mL
H2O and 1 mL HNO3 was added to the solution, and then
1 g PEG dissolved in methanol was added, and mixture
was stirred sequentially for 1 h. Finally, 5 g AC was soaked
in solution for 24 h, and then filtered. The powders were
washed with ethanol and water for 3 times, and dried at
120 °C for 2 h, then heated at 450 ℃ for 2 h. All the chemicals used in this work were of analysis-grade.
A transmission electron microscope (VG Multilab
2000) was used to observe the TiO2/AC, using an acceleration voltage of 200 kV. For each TEM observation, the
measured sample was dispersed on a grid. XRD analysis
was performed to determine the effect of TiO2 doping on
AC, using a Brucker D8 diffractometer to obtain X-ray
diffraction (XRD) patterns.

The phtocatalytic membrane reactor used in photodegradation experiments consisted of a PVC batch reactor with a 300-W high pressure Hg lamp and a flat sheet
membrane module immersed in the wastewater. The volume of the reactor was 20 L and the effective surface area
of the membrane 0.021 m2. Air was bubbled into the
reactor to provide O2 in photodegradation reaction, and,
at the same time, to maintain the suspension of the photocatalyst. The effluent was drawn out from the membrane
module under 30 kPa negative pressure produced by a
liquid metric pump (LMI-P166-368TI, U.S.A).
Adsorption experiment

The adsorption isotherms of phenol on TiO2, AC and
TiO2/AC were determined with 30 mL phenolic aqueous
solutions of different concentrations and 0.15 g adsorbent
at 25 °C.
Photocatalytic degradation

Photocatalysts used were TiO 2 (1 g.L -1 ), TiO 2 -AC
(0.5 g.L -1 TiO 2 and 0.5 g.L -1 AC), TiO 2/AC (0.5 g.L -1),
and phenol was used as model pollutant. After adsorption
equilibrium was attained in the dark, the lamp was turned
on and the first sample was taken (t = 0), Then the samples
(permeate of membrane and retentate) were drawn every h.
The retentates were centrifuged for analysis. The phenol
concentrations were measured with an UV-VIS spectrophotometer (Shimadzu UV-Vis 2450) at 270 nm. In order
to evaluate the contribution of membrane in the photoreactor, tests analyzing the concentrations of retentate and
permeate as well as the flux decline were carried out at the
same time.
RESULTS AND DISCUSSION
Photostability of membranes

Polymeric membranes could interact with UV-VIS light
and result in the changing of membrane characteristics.
The behavior of the water permeate flux (WPF) versus the
exposure time to the irradiation was chosen as a parameter that can be roughly related to the photostability of the
membrane [10]. In Fig. 1, the WPFs of the 4 membranes
are shown before irradiation and after various irradiation
times. The damage can be considered to be higher with increasing WPF values found after the irradiation [11]. The

819

© by PSP Volume 16 – No 7. 2007

Fresenius Environmental Bulletin

results indicate that WPF increased rapidly with exposure
time for the least stable membranes. In the same way, the
more stable the membrane is, the less is its weight loss.
After 62-h irradiation, the weight losses of PES, PESTi,
PVDF and PP were 0.8%, 0.5%, 0.02% and 0.2%, respectively. So, the most stable membrane is PVDF. This result
was also confirmed by the surface morphology analyses
of the membrane. SEMs of membranes before and after UV
irradiation are shown in Fig. 2. There were serious damages
on the surfaces of PES and PESTi, while no significant
changes were observed on those of PVDF and PP. The
PVDF plate membrane was chosen to investigate the performance of the photocatalytic membrane reactor.
Character of the TiO2/AC photocatalyst

Some very small particles of a few nm were observed in
TiO2/AC under the transmission electron microscope. In
addition, TiO2/AC showed regular distribution of TiO2 particles.

FIGURE 1 - Water permeate flux versus irradiation time.

FIGURE 2 - SEM photographs of membranes before and after UV irradiation for 62 h (a,b PES before and after
irradiation; c,d PESTi before and after irradiation; e,f PVDF before and after irradiation; g,h PP before and after irradiation).

Fig. 3 shows the XRD patterns for TiO2/AC and AC.
On the XRD patterns of TiO2/AC, the peaks marked with
asterisk (＊) are that of TiO2. The intensity of the peaks is
rather weak because of the amount of TiO2 is small.
Adsorption

Adsorption tests in the dark were carried out in order
to evaluate the equilibrium constants of the adsorption of
pollutants on the photocatalysts. The Freundlich equation
(1) was used to fit the experimental data. The estimated
parameters are listed in Table 2. Good fits were obtained.
1

qe = K F Ce n
FIGURE 3 - XRD patterns of AC and the prepared TiO2/AC.

(1)

where qe (mg g-1) is the amount of phenol adsorbed
on the photocatalyst, Ce (mg.L-1) is the equilibrium phenol
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concentration in solution, and F and 1/n are empirical factors.
TABLE 2 - Estimated parameters and
correlation coefficients of the Freundlich model.

absorbent
TiO2/AC
TiO2
AC

n
6.1710
2.2504
9.0456

k
89.5862
3.0195
115.1411

R2
0.9998
0.9820
1.0000

Photocatalytic degradation

The efficiencies of photodegradation of phenol in aqueous solution with different photocatalysts (TiO2, TiO2-AC
and TiO2/AC) are shown in Fig. 4. The highest degradation
of phenol was achieved with TiO2/AC, followed by TiO2.
Because the addition of AC decreased the utility of UV
light, the lowest degradation efficiency was observed for
TiO2-AC.
A part of phenol adsorbed on the photocatalysts would
be transferred into solution along with degradation of phenol in solution. So, photocatalysis not only reacts with the
phenol in solution, but also degrades a part of phenol existing on photocatalysts. The decreased mass of phenol on
the catalysts wase calculated according to Freundlich equations above. The results show that the decrease of phenol
on TiO2/AC was almost equal to that on TiO2-AC, from
95 mg to 78 mg and 98 mg to 76 mg, respectively. But the
decrease on TiO2 was not significant (from 21 mg to 15 mg).
From the above results, it can be concluded that the prepared TiO2/AC photoactivity is better than that of TiO2 and
TiO2-AC.

and catalyst in the reaction ambient, while permeate was
withdrawn. Membrane rejection [11] (R%) was calculated
by means of its definition, i.e. R% = (1-Cp/Cr)×100, where
Cp and Cr are the permeate and the retentate concentrations
of substrate, respectively. The average of the membrane
rejection (R%) was 19.3%, though phenol molecules are
small enough. When the experiment was finished, the photocatalyst layer deposited on the membrane surface could be
observed. Along with the reactor running, permeate passed
through the membrane pores under the negative pressure
produced by the pump, thus solution contained more photocatalysts, whereas phenol was near the membrane surface, and those photocatalysts formed a deposited layer stepby-step. On the other hand, bubble aeration is effective
in reducing deposited layer development. The action of bubbles is direct (collisions against the membrane surface) or
indirect (fluid movement induced by bubble flow). So,
under the actions of negative pressure and bubble aeration,
only a thin deposited layer of photocatalysts was formed on
the membrane surface. At the same time, pores may be jampacked with some fine catalyst particles entering them with
the solution and settling there. The deposited layer of the
catalysts and pore-jam diminished the valid diameter of the
membrane and gave contribution to the confining of the
small phenol molecules.

FIGURE 5 - Variation of F/Fiw versus time

FIGURE 4 - Photocatalytic effect of the different catalysts
Contribution of membrane

In order to evaluate the contribution of membrane in the
photoreactor to the phenol removal, the tests of the retentate and permeate were carried out at the same time. The
concentrations of phenol in permeate are always lower than
in retentate. So it can be concluded that the membrane used
in photoreactor was able to selectively confine both phenol

On the other hand, along with the layer and pore-jam
formation, the permeability of the membrane under the
same pressure declined during the testing periods. Fig. 5
shows that the flux declines during filtration of the suspensions with different catalysts. A ratio variation of permeate flux to initial water flux, F/Fiw, was plotted versus
operation time as a parameter to compensate for the differences in initial water flux (Fiw) of all membranes. The
trends of variation of membrane permeability were similar,
in spite of the difference of photocatalysts. The declines in
permeability happened immediately at the beginning of
the test, followed by a long-term small decline, and, finally,
the permeability retained steady. The rates of flux decline
were greatest with TiO 2 and also TiO 2-AC as catalysts.
Some TiO2 particles can easily enter the membrane pores
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along with the permeate because of their fine diameter.
However, doping TiO2 on AC resulted in sufficient diameter increasing to prevent most of the membrane pore jamming by catalyst. Therefore, the rate of flux decline was
not relevant with TiO2/AC as photocatalyst.
CONCLUSIONS
The favorable photostability of the PVDF membrane
during the preliminary UV irradiation studies makes it very
attractive for photocatalyst separations in a photocatalytic
membrane reactor.
The photoactivity of TiO2/AC (supported TiO2 catalyst
on active carbon) which was prepared by a special soak and
heating method with tetrabutyl titanate and ethanol, is better than that of TiO2 and TiO2-AC. The Freundlich model
is efficient to fit the experimental phenol adsorption isotherms on TiO2 (R2=0.9820), AC (R2=1.0000) and TiO2/AC
(R2=0.9998).
The configuration of a photocatalytic membrane reactor combining both the advantages of a classical photoreactor, in which the catalyst is in suspension, and membrane processes, where separation at molecular level takes
place, seems to be very attractive. The selected membrane
showed the capability to retain the catalyst and to reject
partially organic species in the reacting system.
These results suggest the use of this photocatalytic
membrane reactor as a new scheme for some industrial
applications of photocatalytic techniques. Further improvements of this process are under study.
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DEMONSTRATION OF THE EFFECTS OF RAXIL (TEBUCONAZOLE) ON THE CELL WALL (GLYCOCALYX) OF THE ROOT TIP
CELLS IN ONION (Allium cepa L.) USING ALCIAN BLUE
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SUMMARY
In this study, the effect of Raxil FS 060 (60 g/L tebuconazole) on the cell wall of root tip cells of Allium cepa
was investigated using the Alcian blue-specific interaction
with glycosaminoglycans (GAGs). The bulbs with roots of
A. cepa were treated with different concentrations of Raxil
for two days. Germinated root tips of onions were stained
with 1% Alcian blue 8 GX, and counter-stained with 2%
aceto orcein solution for 5 min (acetic orcein squash method). In the root tips treated with different concentrations
of Raxil (0.8%, 6.6% and 26.4% doses), it could be shown
that the cell walls were thickened by increasing doses. Constrictions of protoplasm and dissolutions of nuclei in root
tip cells were clearly observed. According to these results,
it was concluded that the triazole fungicide, tebucanozole,
might be toxic on the root tip cells of Allium cepa.

KEYWORDS: Raxil, tebuconazole, fungicide, Allium cepa, Alcian
blue, glycocalyx.

INTRODUCTION
Plant cells have a flexible cell wall (glycocalyx). Until
the 1960s, the cell wall was viewed as a dead box that surrounds the living protoplasm. Recently, it has been recognized as an extra cellular matrix [1], responsible for many
important functions. Plant cell walls play essential roles in
growth, development, response to environmental factors,
and interactions with pathogens and symbionts [2-4]. Cell
walls are also a source of signal molecules in self- and nonself-recognition [4-6]. These diverse functions require that
cell walls have complex and variable structures and compositions [3, 7].
The cell wall consists of a complex matrix of carbohydrate polymers, proteins, phenolic compounds, and other
components, which determine the plasticity of the walls
through cross-links and/or interactions [4, 7-10].

Several studies have shown that modifications of cell
wall polymers, such as polyphenolics (lignin), aliphatic
polymers (suberin), pectins and proteins help to create
barriers for unfavorable biotic and abiotic stress conditions
[7, 11, 12]. It was observed that the cell walls in celery
(Apium graveolens L.) are thick due to food deficiency
stress [13], mechanical stress [14], and effects of cadmium [15]. Also, Hossain et al. [16] and Jones et al. [17]
showed that Al-stress may modify the mechanical properties of cell wall polysaccharides by enhancing the synthesis of arabinoxylan, ß-glucan, and ferulic acid in the cell
wall.
A new triazole fungicide, tebucanozole, has widely
been used to control soil-borne and foliar diseases in many
crops [18-22]. It was reported that tebuconazole is effective against Fusarium species [23]. Antifungal activity of
tebuconazole occurs by inhibiting fungal ergosterol biosynthesis [24].
Alcian blue (AB) is in a group of polyvalent basic dyes
that are water-soluble. The blue color is due to the presence
of copper in the molecule. AB stains both sulfated and carboxylated acid mucopolysaccharides, and sulfated and carboxylated sialomucins (glycoproteins) [25, 26]. It has largely
been used in animal cells for demonstration of glycosaminoglycans (GAGs). In critical electrolyte concentration
of MgCl2, the staining with AB is prevented and types
of GAGs can be identified histochemically [27, 28]. The
aim of the present study is to investigate the effect of
tebucanozole on the plant cell wall, using the AB-specific
interaction with GAGs.
MATERIALS AND METHODS
In this study, 4 onions were set up and germinated in
distilled water. When the roots reached a length of 1 cm,
3 onions were transferred to different concentrations of
Raxil (Tebuconazole, Bayer) and the fourth was left in distilled water as control. Three concentrations of Raxil (0.8%,
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6.6% and 26.4%) were used. 2 days after treatment, the
root tips of onions were fixed in Carnoy fixative (alcohol:acetic acid = 3:1). Tissue samples were hydrolyzed in
1 N HCl at 60 °C for 15 min, treated with 3% acetic acid
for 3 min, and stained with 1% Alcian blue 8 GX for 1 h.
After washing process, the root tips were counter-stained
with 2% aceto-orcein for 5 min, using acetic orcein squash
method. Slides were kept in a freezer and examined within
a week. Photographs of the temporary slides were taken by
an Olympus photomicroscope. The experiments were repeated three times.
RESULTS
The root tip cells of A. cepa exposed to tebucanozole
were stained with Alcian blue (pH 2.5) to show GAGs of
the glycocalyx. In the root tips treated with different tebuconazole concentrations, it was established that the cell
walls were thickened by the increasing doses. The intensity of the dye was slightly increased in comparison with
the control group (Figs. 1a-d).

While the nuclei were clearly seen in the control group
(Fig. 1a), it was observed that the structures of nuclei were
dissolved by increasing doses of tebuconazole (Fig.1b-d).
Also, the constrictions of protoplasm in root tip cells were
clearly observed in the present study (Figs. 1c, d).

DISCUSSION AND CONCLUSION
In this study, the effect of tebuconazole on the plant
cell wall was investigated using the dye Alcian blue specific methodology for the GAGs. Alcian blue is one of the
most widely used cationic dyes for demonstration of anionic sites on GAGs, and it has many positive charges on
the dye molecules. It is thought to work by forming reversible electrostatic bonds between the cationic dye and the
negative (anionic) sites on the polysaccharide. The electrostatic bonds can be readily broken, and a variation in bonding among different types of GAGs [26] produces alterations in staining density. AB stains both sulfated-carboxylated acid mucopolysaccharides, and sulfated-carboxylated
sialomucins [25, 26].

FIGURE 1 - Cell wall thickening demonstrated with Alcian blue, pH 2.5 [(a) control, (b) 0.8% dose,
(c) 6.6% dose, (d) 26.4% dose; magnification = 1000x; cw = cell wall, p = protoplasm, n = nucleus].
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It was identified that the cellulose, hemicelluloses, pectic polysaccharides, lignin and ferulic acid (phenolic components) are the major components of the cell wall (glycocalyx) [2, 10, 29, 30]. GAGs of the glycocalyx have a
lot of anionic sites and, therefore, these macromolecules
can be specifically stained with Alcian blue.
An important point is that the cell wall is a barrier
against stress factors, constituting the first line of anti-stress
defense. Increased synthesis and deposition of lignin, and
cross-linking of cell walls, as well as intense callose (ß1,3-glucan polymer) formation and some phenolic derivates
(e.g. ferulic acid) are determinants of enhanced mechanical strength of the cell wall, expressed in stress conditions
[7-9, 31].
Hewitt [13] reported that the cell wall in celery is
thick due to nutrient stress (Borr deficiency). Lamcoff et
al. [32] suggested that an increase in cell-wall elasticity,
which is largely established by thick and stiff cell walls in
drought roots of Eucalyptus camaldulensis, is involved in
plant drought resistance by maintaining water uptake.
Hossain et al. [16] reported that the synthesis of arabinoxylan, ß-glucan and ferulic acid might be enhanced under Alstress conditions in the cell-wall of wheat roots. Also, it
was re-ported that callose production in the roots of Zea
mays L. is increased in response to Al-stress [17].
In other studies, it was demonstrated that the cell walls
were thickened in response to Cd [15] and mechanical [14]
stress. Similarly, in the present study, it was observed that
the cell-walls are thick in the root tip cells of Allium cepa,
after treatment with different concentrations of the triazole
fungicide, tebuconazole (Figs. 1a-d). The cell wall
thickening observed by AB staining may result from the
increase of cell wall polysaccharides, in contrary to fungicidal stress.
In addition, the constrictions of protoplasm and nuclear
dissolutions, by increasing doses of tebuconazole (Figs. 1bd) were observed in root tip cells. It was concluded that
tebucanozole may be toxic on the root tip cells of A. cepa,
thus leading to cell wall thickening in the root tip cells.
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REDUCING CHEMICAL OXYGEN DEMAND
AND DECOLORIZATION OF DIRECT DYE FROM
SYNTHETIC TEXTILE WASTEWATER BY OZONIZATION
IN A BATCH BUBBLE COLUMN REACTOR
Kadir Turhan* and Zuhal Turgut
Yildiz Technical University, Chemistry Department, 34220 Esenler, Istanbul, Turkey

SUMMARY

INTRODUCTION

Decolorization of wastewater containing direct dye
(Sirius Red F3B) by ozonization was studied in an attempt
to abate pollution caused by textile dyeing houses and dyeproducing plants. The decolorization process of the direct
dye was carried out by bubbling ozone at the bottom of a
bubble column reactor containing the dye solution. The
effect of dye concentration, ozone dose, ozone-air flow rate
and solution-pH on the rate of decolorization was studied.
Additionally it was shown that the ozone method is effective for the reduction of COD as well as for the decolorization of dyestuff wastewater, to present the optimum
conditions for dyestuff wastewater treatment. The reaction
rate was followed by measuring the dye concentration at
different times of the decolorization process. The rate of
dye oxidation was found to increase with increasing ozone
con-centration in the air-ozone mixture, but decreased
with in-creasing dye concentration. The rate of dye oxidation in-creased with increasing air-ozone flow rate and
solution-pH, reached a maximum, and then decreased
with a further increase in air-ozone flow rate. The results
with the di-rect dyestuff wastewater showed that COD
reduction and decolorization were remarkable under basic
conditions (pH 12). A large amount of bubbles was
formed at high ozone-air flow rate. High ozone concentration was effective for the reduction of COD. After 24 min
of ozone treatment, decol-orization was complete. From
these results, the ozone treat-ment of the dyestuff
wastewater in both COD reduction and decolorization was
excellent.

KEYWORDS: Ozone, Sirius F3B, wastewater treatments, decolorization, Direct Red 80, COD.

The removal of dye color in the treatment of textile
dyeing and dye manufacture wastewaters is one of the main
problems of textile industry [1]. In the late 1950’s, the trickling filter and activated sludge processes were shown to be
capable of removing 84-93% of the color in textile effluents [2]. However, the color of wastewater from today’s
new dyes is much more difficult to treat with physical techniques, such as adsorption and chemical coagulation, to
achieve a complete decolorization, especially for highly
soluble dyes.
Dye molecules are highly structured polymers that are
toxic to organisms [3]. Consequently, it is biologically very
difficult to break them down [4]. Several different methods
have been developed for the treatment of textile effluents.
The ozone method is known to be effective for decomposing organic chemicals containing carbon-carbon double
bonds, olefinic double bonds, acetylenic triple bonds, aromatic compounds, phenols, polycyclic aromatics, heterocyclics, carbon-nitrogen double bonds, carbon-hydrogen
bonds, silicon-hydrogen and carbon-metal bonds [5].
Most of the dyestuffs are composed of aromatic organic
compounds, so the ozone method is getting more attention
with the prediction that it could decompose various kinds
of dyestuffs. It is reported that the ozone is effective for
reducing the color of dyestuff wastewater, but it is not so
effective for the Chemical Oxygen Demand (COD) reduction [6-8]. Therefore, most studies for dyestuff
wastewater treatment with ozone have been interested in
decolorization rather than COD reduction. It has been
emphasized that the ozone works as a catalyst for the
physical and chemical treatments [9, 10]. The ozonation
process has been recommend-ed in recent literature as a
potential alternative for decolorization, and improvement
of the biological degradation of textile effluents [11]. During the ozonation process, dyes loose their color by the
oxidative cleavage of the chromophores. The cleavage of
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C-C double bonds and other functional groups will shift
the absorption spectra of the molecules out of the visible
region [12].

was adjusted to the desired level with Merck quality analytical grade 0.1 N NaOH and H2SO4.

The use of ozone as a chemical oxidant in water and
wastewater treatment is expanding, as water quality requirements become more stringent. Ozone specifically attacks
the conjugated chains that impart color to the dye molecule [13]. It has been demonstrated that they have the
ability to destroy dyestuffs [12, 14].
Slightly more complicated is the process of ozonation,
which can take place in two ways: directly by ozonolysis,
or induced by hydroxyl radicals formed as a result of ozone
decomposition in water. A part of the physical methods of
decolorization, chemical oxidation using oxidants, such as
ozone, chlorine or hypochlorite, hydrogen peroxide, and
potassium permanganate, can be used to destroy the dye
to a colorless solution. Then, the breakdown products can
be removed by conventional biological treatment processes [15, 16].
The primary aim of the present work is to study the
factors affecting the rate of decolorization of a synthetic
waste solution containing a water-soluble direct dye (Sirius Red F3B) by ozone gas. The study was conducted using
a batch-bubble column to take an advantage of the intensive back-mixing that prevails in bubble columns. The
strong back-mixing reduces the mixing time between the
reactants, and accelerates the process of decolorization. The
secondary aim of this study was to show that the ozone
method is effective for the reduction of COD as well as decolorization of dyestuff wastewater, to present the optimum
conditions for dyestuff wastewater treatment.
MATERIALS AND METHODS
The experimental set-up shown in Fig. 1 consists of an
oxygen gas, ozone generator, glass bubble column reactor,
and two washing bottles. A Fischer 502 Model ozone generator was used for the production of ozone from dry oxygen (99.9% purity). The reactor had a glass column of 5 cm
diameter and 110 cm height with sintered glass at the bottom through which ozone was introduced to the solution.
The reactor was followed by two washing bottles, each of
them containing 500 ml of acidified 2-5% KI solution for
determining unused ozone. Before each run, the bubble
column reactor was filled with 2000 ml of dye solution.
Oxygen gas was allowed to pass through the ozonizer where
ozone formation takes place. The outlet stream from the
ozonizer containing O3 and O2 mixture was allowed to pass
through Tygon tubing connected to the bottom of the bubble column.

FIGURE 1 - Schematic diagram of the bench-scale reactor system.

The unused ozone was taken out of the bubble column
reactor through the Tygon tubing, and bubbled into 2% KI
solution in the washing bottles, where the potassium iodide
solution reacted with the excess ozone according to the
following equation:
O3 + KI + H 2O → I 2 + 2 KOH + O2

(1)

The resulting iodine was titrated using standard sodium
thiosulfate, in the presence of starch as indicator. The values of unused ozone were determined, accordingly [17].
Before color measurements, treated dye solutions and dyebath effluent samples were filtered by using membrane filter
paper with a pore size of 0.45 µm. The concentrations of
dye solutions were determined by a Agilent 8453 model
spectrophotometer at its maximum absorption wavelength
of 528 nm for Sirius Red F3B. The color measurements
of each dye-bath effluent were performed by using a
HACH DR 5000 type UV/Vis spectrophotometer. COD
measurement was carried out according to the Standard
Methods [18].
The dye concentration time data during decolorization
were analyzed spectrophotometrically. The dye, 2-naphthalenesulfonic acid 7,7'-(carbonyldiimino)bis[4-hydroxy-3[[2-sulfo-4-[(4-sulfophenyl)azo]phenyl]azohexasodium salt
(C45H26N10O21Na6S6), named commercially Sirius Red F3B
(Direct Red 80), was purchased from Dystar. It is water-soluble (Mw: 1378.54 g/mol) and has the following structure:

The gas flow rate was controlled by a needle valve and
measured by air flow meters. The temperature was fixed at
20±1 0C during all the experiments. The pH of wastewater
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RESULTS AND DISCUSSION
Figure 2 shows the change of dye concentration with
time during ozonation at different initial dye concentrations.
The rate of dye removal is high at the beginning and decreases with time.

Figure 4 shows the decrease of dye concentration with
time at different ozone concentrations. The rate of dye removal increases with increasing ozone concentration.
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Figure 3 shows the effect of initial direct dye concentrations (100-800 mg/L) on the time required for decolorization process. This decolorization time increases with increasing initial dye concentration in the waste. The data fit
the following equation:
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Figure 5 demonstrates the effect of ozone concentration
on the decolorization time. It is clearly shown that decolorization time decreases linearly with an increasing ozone
concentration. For example, increasing ozone concentrations from 4.21 g/m3 to 24.03 g/m3 in the gas phase reduce
the decolorization of 400 mg/L (initial dye concentration)
by about 85.5%. This result is consistent with the theories
of mass transfer [13]. According to these theories, as the
ozone concentration increases in the air bubbles (carrier
of ozone), the driving force for the transfer of ozone to the
dye solution increases with a consequent increase in ozone
concentration in solution and rate of dye oxidation.
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where tD is the dye decolorization time (min), m a
constant, and c the initial dye concentration (mg/L).
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FIGURE 4 - Concentration time data for
different ozone concentrations in Sirius Red F3B treatment.

FIGURE 2 - Concentration time for different Sirius Red F3B
dye concentrations treated with ozone at different times.
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COD environmental standard: 150 mg/L)
FIGURE 7 - Effect of initial solution pH on COD.

According to previous experiments, high values of pH,
ozone-air flow-rate and ozone concentration were required
for the effective treatment of dyestuff wastewater by ozone.
Experiments were performed with an ozone-air flow-rate
of 120 L/h. The resulting reaction time was 120 min, and
sample volume (2 L), Ampere output (2.5 A) and pH (12)
were fixed. The results are shown in Fig. 8.
3000
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C O D	
  (mg /L )

Figure 6 shows the effect of different initial dye solution pHs on dye decolorization time. It decreases with increasing initial solution pH. According to Elavitz et al. [11],
the pH affects ozonization by affecting the rate of ozone decomposition and ozonization kinetics. The rate of ozone decomposition is favoured by the formation of hydroxyl radicals at higher pH values. This explains the reduction in
dye decolorization time by 42.09%, when the pH value
changed from 2 to 12. Finally, the decolorization
breakdown products were subjected to toxicity and biodegradability tests. An algae-toxicity test was carried out
on the decolorization breakdown products of the direct dye
to de-termine the presence of toxic products which
might ad-versely affect successive biological treatment. It
was found that the oxidation products are nontoxic to
algae, and have a high predisposition for biodegradation.
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FIGURE 8
The time-on stream of the COD reduction during ozone treatment.
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The color of the dyestuff is mainly due to the aromatic
covalent bonding. Ozone is an excellent agent in the decomposition of aromatic covalent compounds, and it is good for
the decolorization of the dyestuff wastewater [5, 8].

14

Dye conc.: 400 mg/L;
Dye solution: 2000 ml;
Ozone-air flow rate: 120 L/h;
Ozone conc.: 24 g/m3
FIGURE 6 - Effect of initial solution pH on decolorization time.

The pH of raw direct dyestuff wastewater was 5.8.
The COD of direct dyestuff wastewater was reduced from
2870 mg/L to 1180 mg/L after ozone bubbling treatment for
2 hrs. When the pH was changed to 8.0, the COD of direct
dyestuff wastewater was reduced to 844 mg/L. With the
idea that the differences in results originate from different
sample pH values, ozone treatment experiments were performed with pHs from 2-12. The COD after ozone treatment was measured at these various pHs, and the results are
shown in Fig. 7.

Raw dyestuff wastewater samples had dark-red color.
Direct dyestuff wastewater was remarkably decolorized
with ozone treatment. Transparent yellow color was observed after 12 min of reaction. Decolorization was completed in about 24 min. The change of the absorbance of
the direct dyestuff wastewater with time at 528 nm is given
in Table 1. The reduction of the absorbance of the direct
dyestuff wastewater was 97.1% after 24 min of reaction.
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TABLE 1 - Absorbance reduction of
direct dyestuff wastewater (wavelength 528 nm).
Time (min)

Absorbance

Raw wastewater
4
6
8
10
12
14
16
18
20
22
24

5.6
2.1
1.8
1.6
1.2
0.82
0.64
0.52
0.46
0.38
0.23
0.16

Absorbance reduction (%)
62.5
67.9
71.4
78.6
85.4
88.6
90.7
91.8
93.2
95.9
97.1
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CONCLUSIONS
The decolorization of direct dye (Sirius Red F3B) by
ozone in a batch-bubble column reactor was found to be
an efficient technique for textile dyeing wastewater treatment. Dye concentration, ozone concentration and pH were
found to have a considerable effect on the rate of dye oxidation by ozone. Toxicity tests performed on the dye decolorization breakdown products revealed that they are
non-toxic, i.e., the waste solution is responsible to further
treatment by biological techniques in order to reduce the
BOD of the solution.
The results with the direct dyestuff wastewater showed
that COD reduction and decolorization were remarkable
under basic conditions of pH 12. A large amount of bubbles was formed at high inlet gas flow-rates. High ozone
concentration was effective for the reduction of COD. After
24 min of ozone treatment, decolorization was complete.
Therefore, the ozone treatment of the dyestuff wastewater
was excellent in both COD reduction and decolorization.
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TOXICITY OF METALS ON THE GROWTH OF
Raphidocelis subcapitata AND Chlorella kessleri
USING MICROPLATE BIOASSAYS
Janja Horvatić1*, Vesna Peršić1, Želimira Pavlić2, Barbara Stjepanović2 and Elizabeta Has-Schön1
1
2

Josip Juraj Strossmayer University, Department of Biology, Gajev trg 6, Osijek, Croatia
Institute of Public Health, Department of Ecology, Mirogojska cesta 16, Zagreb, Croatia

SUMMARY
The toxicities of CuCl2·2 H2O, CoCl2·6 H2O, HgCl2
and FeCl3·6 H2O were tested using algal growth inhibition
bioassays on two freshwater green algae Raphidocelis
subcapitata (= Selenastrum capricornutum) and Chlorella kessleri. The aim was to compare the algal growth inhibition EC50s obtained from the toxicity testing of four
metal compounds on microplates with the standard flask
assay, as well as to compare the sensitivity of tested algae
to selected metal compounds. The results showed that mercury was the most toxic element for both algae. The toxicity hierarchy for both algae, according to the mean values from both methods was Hg>Cu>Co>Fe. C. kessleri
was more sensitive (0.11–8 mg L-1, with average 1.78 mg
L-1) than R. subcapitata (0.33–9.4 mg L-1; average 2.06 mg
L-1) to the tested metal compounds. Algal bioassay in
micro-plates gave comparable results to standard flask
bioassay for the tested algae and can be recommended
for routine toxicity testing.

KEY WORDS: Chlorella kessleri, EC50, growth bioassay, growth
rate, metals, Raphidocelis subcapitata.

into receiving waters. Mercury, toxic but a non-essential
element, is a metal with redox capacity that can enhance
the pro-oxidant status [1]. Cobalt, although an essential element, seems to have a direct effect on P680 [2].
The standard algal toxicity test in Erlenmeyer flasks
has several modifications that attempt to improve some of
the disadvantages of this procedure, and one of the modifications is the miniaturization of the test procedure. Advantages of miniaturized bioassays are lower test volume,
large number of wells in microplates increasing the number of concentrations and replicates, and disposable plates
[3]. Algal tests using Raphidocelis subcapitata as test organism are required to evaluate toxicity to photosynthetic
species [4]. Freshwater green alga Chlorella kessleri was
used in this test because it is generally present in freshwater environment, easy for laboratory cultivation, and an excellent metal sorbent [5].
The aim of this paper was to compare the algal growth
inhibition EC50 values obtained from the toxicity testing
of four metal compounds on microplates with the standard
flask assay, as well as to compare the sensitivity of tested
algae to the selected metal compounds.
MATERIALS AND METHODS

INTRODUCTION
Algal toxicity tests (bioassays) have been developed to
quantify biological adverse effect of toxic compounds in
aquatic system. They measure the response of algae after
exposure under defined laboratory conditions to different
concentrations of contaminants.
Metals occur naturally, some are essential for life,
whereas others are not known to perform useful biochemical functions. The free copper ion has been found to be
one of the most toxic metals to algae. Ferric chloride is
normally used in wastewater treatment processes, which
can induce toxicity to aquatic organisms, when discharged

The toxicity tests were carried out with the unicellular
freshwater green algae Raphidocelis subcapitata (syn.
Selenastrum capricornutum) NYG. (KORS) strain
SKULBERG 1959/1 and Chlorella kessleri FOT et
NOVAK strain LARG/1, both obtained by Culture Collection Autotrophic Organisms of Czech Academy of Sciences, Institute of Botany, Třeboň, Czech Republic. The
algae were cultivated at the Department of Biology, J. J.
Strossmayer University in Osijek, on the BBM solid medium [6], exposed to irradiance with fluorescent tubes
(Tungsram 30 W, F 74, daylight, Hungary) by PAR 138
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µmol m-2 s-1 measured with flat sensor and temperature
25-30 ˚C.
To determine the toxicity of metals (Cu, Co, Hg and Fe)
on the growth rate of freshwater green algae, copper chloride (CuCl2·2 H2O), cobalt chloride (CoCl2·6 H2O), mercury chloride (HgCl2) and ferric chloride (FeCl3 x 6 H2O)
of analytical grade (99% purity, Merck, Darmstadt) were
used. A range of nominal concentration of test medium was
prepared: 0.15, 0.31, 0.63, 1.25, 2.5, 3.75 and 5 mg L-1 for
Cu; 0.31, 0.63, 1.25, 2.5, 5 and 10 mg L-1 for Co and Fe;
0.02, 0.04, 0.08, 0.16, 0.31, 0.63 and 1.25 mg L-1 for Hg.
Toxicity tests were conducted with two methods.
Standard flask assay closely followed the International
Standard ISO 8692 guidelines [4]. Three replicates for each
con-centration and control were incubated for three days
(72 h) at 23 ± 2 °C under a shaking procedure of 110 min-1
(Innova 4340, New Brunswick Scientific, New Jersey,
USA) and exposed to overhead light intensity 138 µmol m-1
s-1 to ensure exponential algal growth. Every 24 h, the algal
den-sity was quantified spectrophotometrically at 750 nm
on a Lambda 14P (Perkin Elmer, Norwalk, Connecticut,
USA).
The basic design of miniaturized algal growth inhibition assay followed the ISO 8692 algal growth inhibition
test [4], and was modified according to Lukavský [7]. Toxicity tests were carried out in polystyrene 96-well microplates (TPP, Switzerland) with 9 x 13 cm flat bottom wells
of 300 µL. Peripheral wells were filled with distilled water to reduce evaporation. Six replicates per test solution
were located from the lowest to the highest concentration
in columns. Test solution volume was 200 µL. To eliminate
false negative results due to low nutrient concentrations in
samples, 10% (v/v) of stock nutrient solution (BBM) was
added to all test dilutions. Thus, all test solutions contained
minimal nutrient concentrations in the stock culture medium. The laboratory control was 10% BBM medium. The
uncovered plates with test solutions were exposed for three
hours to UV light for sterilization. The initial algal density
of R. subcapitata and C. kessleri was 5 x 104 cells ml-1, and
was determined using a Bürker-Türk counting chamber
(Karl Hecht KG, Sondheim, Germany) under a light microscope (Axiovert 25, Carl Zeiss, Inc., Göttingen,
Germany). These inoculum’s solutions were obtained
from a preculture, which was incubated under test conditions and used when cells were exponentially growing (35 days old culture). After the algal inoculation, the microplates were closed with lids and exposed to cultivation
conditions in a glass incubation chamber. The growth of
R. subcapitata and C. kessleri was determined by measuring the optical density (OD) at 750 nm at 0, 24, 48, 72, 96
and 168 h, using an automated microplate reader (Multiskan
MS, Labsystem, Finland), controlled by GENESIS II software (Windows™ Based Microplate Software).
The growth rate (µ) was calculated from the absorbance increase per day assuming the logarithmic increase in

biomass according to: µ = ln(An/A0)/(tn-t0), where A0 and
An were absorbance (optical density; OD) at 750 nm at the
start of the test (t0) and after n days (tn), respectively. Because the specific growth rate is considered to be reproducible, ecologically relevant and not strongly test systemspecific [8], it was selected as an appropriate test endpoint.
The toxic response was expressed as growth inhibition
(I%) calculated as the relative reduction in growth rate (µ)
caused by the test substance: I = 1–(µinhibited/µcontrol). The
EC50s were determined from the polynomial curve fitted
to the data by the least squares` method. Data were analyzed
by a one-way analysis of variance (ANOVA), followed by
a multiple comparison procedure (Tukey test). Statistical
significance was established at P<0.05.
RESULTS
The effect of increasing CuCl2·2H2O, CoCl2·6H2O,
HgCl2 and FeCl3·6H2O concentrations on the growth rates
of R. subcapitata and C. kessleri for 72 h is shown in Figures 1 and 2, respectively. In the absence of tested metals,
the growth rate of 0.0627 OD day-1 was obtained for R.
subcapitata and 0.2477 OD day-1 for C. kessleri.
Growth rate of R. subcapitata decreased with increasing Cu, Fe and Co concentrations, with the exception of
Hg, where stimulation of growth was determined before
reaching the toxic concentrations (Figures 1b and 3b).
After 72 h of experiment duration, the lowest Hg concentration of 0.02 mg L-1 caused 32.6 % stimulation of R.
subcapitata growth rate compared to the control (Figure
3b).
Growth rate of C. kessleri also decreased with increasing Cu and Co concentrations, but the stimulations
of C. kessleri growth rate with the lowest treated concentrations were found for Hg up to 15% and Fe up to 12.8%
(Figures 2b and c, 3b and c).
The results referring to the toxicity of tested metals
on the growth of both freshwater green algae are summarized as EC50 (mg L-1) values after 24, 48, 72, 96 and 168
h of incubation on microplates, as well as 72-h EC50 values obtained from standard flask assay in Table 1.
Based on the 72-h growth rate for both algae and the
relative concentrations of metals used, the toxicity hierarchy was Hg>Cu>Co>Fe. Mercury has proven to be the
most toxic metal for both algae.
Agreement for both bioassays was found using the
regression analysis for all four tested metals with two
algae (Figure 4). Regression statistics showed a significant correlation (r=0.776, P<0.05).
For both methods, values of 72-h EC50 of the 4 tested
metals on R. subcapitata (0.33–9.4 mg L-1; average 2.06
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FIGURE 2 - Growth rate of C. kessleri as a function of tested concentrations of Cu, Hg, Fe and Co for 72 hours.
TABLE 1 - Values of EC50 for Co2+, Fe3+, Cu2+ and Hg2+ (mg L-1), after 24, 48, 72, 96 and 168 h of incubation for R. subcapitata and C. kessleri using microplates, as well as 72-h-EC50 using standard flask assay.

24 h
0.33
13.28
0.03
0.28
4.79
13.74
0.36
0.56

Co2+
Fe3+
Cu2+
Hg2+
Co2+
Fe3+
Cu2+
Hg2+

R. subcapitata

C. kessleri

Microplate growth inhibition test
EC50 (mg L-1)
48 h
72 h
96 h
3.98
2.07
1.54
3.74
2.75
2.64
0.38
0.48
0.28
0.64
0.57
0.41
2.93
0.59
0.30
7.25
4.26
3.23
0.32
0.39
0.35
0.27
0.11
0.10

Flask assay
168 h
3.2E-07
2.82
0.004
0.87
1.86
2.94
0.67
0.39

72 h - ISO
0.35
9.40
0.52
0.33
0.23
8.00
0.43
0.21

Added compounds: CoCl2·6H2O, FeCl3·6H2O, CuCl2·2H2O and HgCl2
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growth rate of R. subcapitata and C. kessleri over a 72-h exposure period.
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FIGURE 4 - A comparison of two assays by linear regression analysis based on the ln(EC50)
values for the four metals tested with freshwater green algae R. subcapitata and C. kessleri.

DISSCUSSION AND CONCLUSIONS
The growth curves obtained for both algae R. subcapitata and C. kessleri after 72 h showed that C. kessleri
achieved an almost four-fold higher growth rate than R.
subcapitata in the control plate. Observing the EC50 values for tested metals during the 96-h (exponential phase)
experiment with C. kessleri, it can be seen that long-term
exposure of algae to Co, Fe and Hg leads to increased sensitivity with the exception of Cu, where no significant difference was observed among EC50 values (Table 1). In the
stationary phase of growth, a lower toxicity of Cu, Co and
Hg was probably a consequence of changes in the ratio of
living and dead cells, since the dead cells of C. kessleri
have a greater capacity of adsorption, and part of the released copper rebounds at the end of experiment [5].
However, the EC50 values for the tested metals on R.
subcapitata have a different pattern through the exposure
duration (Table 1). R. subcapitata showed a greater sensitivity to Cu and Co at the start of the experiment (after 24 h),
and at the end of the experiment (after 168 h – stationary
phase of growth). A greater sensitivity of R. subcapitata
at the start of the experiment could be explained by observing the different surface and shape of algae cells. Because
C. kessleri cells have a relatively larger surface and more
sites for metal binding [9], as well as a lower surface area
to volume ratio [10] than R. subcapitata cells, they could
have bound and adsorbed more copper from the test solution. According to Kaduková and Virčíkova [5], algal cells
loose their binding capacity and small amount of metal is
released back into solution as a consequence of possible
intoxication. Strong intoxication with the duration of exposure causes the death of a certain cell number, changing the
ratio between living and dead cells, meaning that more
copper is released than it could be rebound, thus increasing the toxicity on R. subcapitata. Yan and Pan [11] suggested that the great initial adsorption of Cu may cause a
serious damage to the algal cells. This may also be responsible for the lower values of 24-h EC50s and a greater
sensitivity of R. subcapitata.

Stimulations of C. kessleri growth rate with the lowest treated concentrations were found for Hg and Fe (Figures 2b and c, 3b and c), and the stimulation of R. subcapitata growth rate was determined for Hg (Figures 1b, 3b).
Lukavský et al. [12] found a prominent stimulation of Fe
for species Scenedesmus quadricauda, Chlorella kessleri,
Scenedesmus subspicatus and Raphidocelis subcapitata
after 658 h of cultivation in immunological plates. Stimulation indicates in favour of some function of the metal in
the metabolism of the organism. According to Juneau et
al. [13], photosynthetic activity of C. vulgaris was recovered after 48 h, indicating that C. vulgaris developed resistance to Hg, and the same was found for Microcystis
aeruginosa after 24 h. This explanation could be applied
for our results observing the EC50 values for Hg2+ on C.
kessleri and R. subcapitata after 168 h of exposure. We can
assume that both algae developed some form of tolerance
to Hg considering that 72 h and 96 h EC50 values for mercury on C. kessleri were not statistically different (Table 1),
and after 168 h of experiment, EC50 value increased indicating lower toxicity. The lowest EC50 for Hg on R. subcapitata was determined after 24 h, and the 72 and 96-h
EC50s did not significantly differ. Formation of chelating
compounds, such as phytochelatins, is considered to induce
heavy metal tolerance in algal cells [14].
A significant correlation between two bioassays indicated that algal bioassay in microplates gave comparable
results to standard flask bioassay for both tested algae. A
direct comparison of EC50 values between standard flask
and microplate bioassay is difficult because of the use of
different laboratory setups that varied in photoperiod, light
irradiance, temperature and composition of culture media.
Besides, lower values of 72-h EC50 obtained on microplates
(average for both algae 1.40) compared to standard flask test
(average for both algae 2.43) could be explained by observing the surface area of test chambers and the volume of
test media ratio. Rojíčkova et al. [3] compared the standard
flask with microplate bioassay using 12 chemical substances
and 8 environmental samples, and obtained a greater toxici-
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ty with standard test than with microplates, and concluded
that the toxicant exposure could be increased by increasing the bioassay volume. However, in our research, a slightly less toxic response was obtained using a standard flask
method if we compare 72-h EC50 for copper and iron. In
fact, during the laboratory bioassay, there could be a substantial loss of copper in the form of adhesion onto the
walls of the test vessels or the algal surface [15].
Based on the 72-h growth rate for both algae and the
relative concentrations of metals used, the metals in decreasing order of toxicity were Hg>Cu>Co>Fe, and mercury has proved to be the most toxic one for both algae.
By comparing the obtained EC 50 values with molecular
weights of tested metals, they all occupied the presumed
positions. The sensitivity of both species to the test metals
was found to be different with C. kessleri proving to be
more sensitive than the standard laboratory culture of R.
subcapitata. The different growth responses between two
tested algae may be partially attributed to different structural and morphological characteristics [10, 16]. According
to the results of algal growth inhibition (EC50s obtained
from the toxicity testing of four tested metal compounds),
algal bioassay in microplates gave comparable results to
standard flask bioassay for the test algae, and could be
recommended for routine toxicity testing.
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SUMMARY

INTRODUCTION

The purpose of this study was to determine the effects
of daily and/or initial additions of varying Fe(II) and Fe(III)
amounts, in combination with or without EDTA, on Emi-‐
liania	
   huxleyi	
   cultures. Pertaining to this specific aim,
the growth rate (µ), cell abundance (x104 cells L-1), total
chl a concentration (µg L-1), chl a quota (pg cell-1), chl
a:C ratio, Fe content (amol cell-1), Fe:C and Fe:chl a
(pmol:ng) ratios, as well as pH values were observed. During the ex-periment, iron-free seawater was obtained by
using a Chelex-100 column for iron-cleaning. The results
revealed that the cell densities, growth rates, chlorophyll a	
  
concentrations, Fe contents, the calculated Fe:C ratios,
and pH values were higher in the cultures containing 5000
nM Fe(III) ± EDTA than those of 5 nM Fe(III) and Fe(II).
The growth rate, cell abundance, and total chl a concentration, on the other hand, were higher with daily additions of
5 nM Fe(II) instead of 5 nM Fe(III). Furthermore, cellular
Fe quota was higher in the cultures with Fe(III). Cell abundance, chlorophyll a	
  con-centration and Fe:Chl a ratio were
similar in 5 nM Fe(III)+ EDTA cultures (initially or daily
added), possibly be due to the negative effects of EDTA
on both. The growth rate, cell abundance, total chl a concentration, and Fe quota were higher in cultures with inorganic Fe(II) and Fe(III) contents, compared to those treated
with EDTA containing Fe(II) and Fe(III). E. huxleyi cells
seemed not to have used EDTA-bound iron, but their
own released ligand to bind iron. Un-expectedly, while
cellular iron content of cultures daily supplemented with
Fe(II) was low, they exhibited the highest chl a	
   content.
The cell-chl a level was higher in daily supplemented
cultures, with regard to those supported only initially with
iron, evidencing the importance of continuous iron supply
in chl a	
  synthesis.

KEYWORDS:
Emiliania huxleyi, iron speciation, EDTA.

It is clear that the iron availability controls the productivity, species composition, and trophic structure of planktonic communities in several oceanic regions (e.g. subarctic Pacific, equatorial Pacific and Southern Ocean). Over
the recent 15 years, researchers have reported on the importance of iron as a trace metal for growth and biomass
of phytoplankton, with both large-scale in	
   situ	
   iron enrichment experiments and bottle incubation experiments,
conducted in the regions mentioned above [1-11]. It is
essential to determine the biological uptake mechanism of
iron, and its utilization so as to understand the regulation
of the biological activity by iron in the oceans [12].
The biological uptake of iron is highly influenced by
its chemical speciation, which is extremely complex and
dynamic. There are two major iron transport systems: (1)
siderophores that excrete strong Fe(III)-binding chelators
into the cell external environment and import the resulting
Fe(III) chelates into the cells by specialized membrane
proteins, and (2) ferrous or ferric ion membrane transporters
that bind external Fe(II) or Fe(III) through ligand exchange
with labile iron species, primarily free ions and dissolved inorganic complexes of Fe(II) or Fe(III) [13]. There is growing evidence that most of the dissolved iron in seawater is
complexed to organic ligands in the form of Fe(II) [14-17].
This raises important questions regarding the origin and
ecological role of the ligands. When iron was added to irondepleted seawater in the equatorial Pacific during the second IRONEX experiment, iron-binding ligands were
generated by the biota [16]. The chemical nature of ironbinding ligands in both surface and deep seawater, however, is not obvious. There may be specialized ligands that
are released by phytoplankton to bind iron, and also to
facilitate its up-take [18-20]. Different ethylenediaminetetraacetic acid (EDTA) concentrations have been
used by several authors to chelate iron [21-26]. Originally, EDTA was added to cultures, since it stimulated the
growth of natural phytoplankton populations [27-29]. In
addition, it was reported on the possibility of algal growth
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under iron-limited conditions without adding synthetic
chelators [21]. However, it was observed that when the
total metal concentration was high, an artificial chelator
(mostly EDTA) might be used to manage the phytoplankton cultures at low or free of iron levels [30].
In culture experiments with iron manipulation, the addition of EDTA basically has two functions: (1) to prevent
iron precipitation by keeping it as a soluble organic complex; and (2) to control soluble inorganic iron concentration in the culture medium. The EDTA concentrations used
in most of the phytoplankton cultures are in the range 10100 µM [30-33]. EDTA concentrations of 100 µM or more
may have toxic effects on some sensitive species [32]. In
addition, EDTA interferes with iron speciation and, hence,
bioavailability. EDTA-iron complex is readily reduced to
Fe(II) when exposed to light [30].
This study, therefore, presents experiments conducted
on coccolithophore, Emiliania	
   huxleyi, a small (~5 µm
diameter) ubiquitous oceanic species occurring in almost
all of the world`s oceans, except polar waters. It aimed to
determine the bioavailability and uptake strategies of iron
species, Fe(II) and Fe(III), and to find out the effects of
EDTA on cellular iron uptake mechanism, the different
timing in addition of iron to the medium (daily, and initially
with different (5 and 5000 nM) concentrations of Fe(III)), in
laboratory cultures of Emiliania huxleyi. Oxidation rate of
Fe(II) in seawater may change dramatically with different
reasons. Typically half-lives for the oxidation of Fe(II) were
around 90 min [34], however, presence of some organic matter may slow down Fe(II) oxidation in seawater [34, 35].
Considering all of these indications, there is enough time for
the uptake of added Fe(II) by phytoplankton in the culture.
Keeping in mind the aim, growth rates, cell concentrations,
and chlorophyll a	
  (chl a) contents of E.	
  huxleyi	
  were monitored over the full culture course. In addition, Fe quotas
were measured at either stationary or death phases of cultures.
MATERIALS AND METHODS
The oceanic coccolithophore Emiliania	
   huxleyi	
  
(Lohmann) was supplied from Plymouth Marine Laboratory Culture Collection (Strain No. 92F) via the
Institute of Marine Sciences, Middle East Technical University, Turkey. The sampling site was chosen in a relatively unpolluted area of Mersin, Turkey (north-eastern
Mediterranean). Seawater samples were collected at 50 m
depth with 30-L Niskin bottles and stored in 50-L polyethylene (PE) bottles.
Experimental plan

Eight distinct iron and EDTA treatments were applied
to iron-removed F/2-Si medium (see “Cleaning	
  protocol	
  
and	
   medium	
   preparation”	
   below) in triplicate. Each
treatment had two setup series, with and without EDTA.

To 4 culture setups, 100 µM EDTA was added at the
beginning of the experiment. Polycarbonate (PC) culture
carboys of 1.5 L were used for the experiments. We
adjusted initial Emiliania huxleyi concentration to 6000
cells L-1, thus in-troducing 1.6 nM Fe into each 1.5 L
culture medium by E. huxleyi stock culture containing 500
nM Fe. Of the 4 experimental setups, two therefrom were
daily supplied with Fe(III) or Fe(II), in the carboys (0.33
nM final concentration) during a 15-days period to reach
an equivalent final concentration of 5 nM at the end of the
experiments, irrespective of iron consumption by the cells
and iron supplied by the transfer of stock cultures. At the
beginning of the experiments, single dosages of 5 or
5000 nM iron were added to two samples each of the
second setup series.
The vessels were cultivated in a little space of a special culture laboratory. They were covered with PE-sheets
to create a dust-free environment, and maintained at 18 ±
2 °C under continuous illumination with fluorescent lights
(Philips). The irradiance, measured by a Radiation Sensor
LI-COR (LI-250), was 80 µEm-2s-1. The seawater salinity
was adjusted to 32‰, and pH measurements were carried
out daily with a WTW-330 pH-meter (WissenschaftlichTechnische Werkstätten, Germany), calibrated with WTW
buffer solutions prior to measurements. Trace metal freeNH4 (Merck), prepared by isothermal distillation [36], was
used to regulate media pH values.
During the experimental period, cell concentration
(cells mL-1), chlorophyll a	
  (µg L-1), cellular chl a	
  content
(pg cell-1), growth rate (µ), and pH were determined every
two days, and cellular Fe content (amol Fe cell-1) was
measured at the end of the study.
Cleaning protocol and medium preparation

The obtained seawater was firstly filtered on GF/6 glass
fiber filter papers (1 µm pore size; Schleicher & Schuell) to
take out particulate metals, and then on 0.2 µm pore–sized
sterile membrane filters (Millipore). The Chelex-100 (BioRad, 200-400 mesh size = 37-74 µm) was used to hold and
separate the total dissolved metals from the seawater [12,
36]. The pH of the filtered seawater was reduced to 2 with
6M HCl (Merck), and kept for 48 h to facilitate dissolution
of all the trace elements in order to prepare iron-free seawater. Having run the seawater through the Chelex-100
column to remove all dissolved iron, the pH was increased
to 8 ± 0.1 with the addition of 3 M NaOH. During this process, the water was steadily shaken to prevent precipitation of trace metals. Eventually, the seawater was supplemented with the main nutrients, N and P, and then passed
through the Chelex-100 column to purify the medium
from trace metals. The seawater flow-rate through the
-1
column was adjusted to 5 mL min . The initial volume
(500 mL) of sea-water passing the column was discarded
(observed by its decreasing Ca level). The seawater taken
from the Chelex-100 column was free from trace metals,
and used with the modified F/2 medium [37] for E.	
   hux-‐
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leyi	
   cultures. All the F/2 medium elements, except iron,
were supplemented to the seawater as trace metal stock
solution. EDTA stock solution was also passed through
the Chelex-100 column in order to eliminate iron. EDTA
concentration in the cultures was adjusted to 100 µM.
Stock solutions of Fe(III) and Fe(II) were prepared with
FeCl3.6H2O and FeSO4.7H2O, respectively. They were
given once at the beginning and daily added to the cultures (with a time interval of 24 h) until reaching the same
equivalent concentration (5 nM) at the end of experiment
(15 days). The vitamin stock solution was not passed
through the Chelex resin to avoid the removal of some
vitamins due to their trace metal moieties, such as Co in
vitamin B12.
PE vessels were used to prevent the medium from metal
contamination, even at trace concentrations. All vessels,
including filters, Erlenmeyer flasks, PC bottles and plastic
materials (pipettes, filtration system, etc) were acid-cleaned,
by washing them with 6 M and 3 M HCl, respectively,
before rinsing them with trace metal-free distilled water
(TMF-DW), at least five times. TMF-DW was prepared by
passing distilled water through the Chelex-100 resin. PC
membrane filters, which were used for collecting the microalgal cells, were kept in a 3M HCl-bath for two days to remove iron, then kept in 1M trace metal-free HCl, prepared
by isothermal distillation over a week with replacement of
HCl solution every day. At the end of the week, the filters
were rinsed with TMF-DW several times.
Sample analyses

analysed according to the completed randomized block
experimental design and compared by using multiple comparison Tukey’s test. The means concerning the different
treatments, Fe species of Fe(II) and Fe(III), as well as perday or initial additions of 5 nM Fe(III) and 5000 nM concentrations of Fe(III) ±EDTA, were compared at the level
of 0.05. Similar means were shown with the same letters,
and different ones with different letters (see Table I).
Determination of iron

In order to determine the amount of iron, 100 ml culture samples were taken from carboys at the end of the
experiment, (15th day, stationary phase), and cells were concentrated on acid-washed PC filters. The PC filters loaded
with biomass were inserted in 15-mL PE falcon tubes with
PE forceps. For Fe extraction, 10 mL of acid mixture (3:1
HCl/HNO3) were added into the falcon tubes. Following
the extraction process, the tubes were settled in heated sand,
and final volumes were lowered to 2 ml by evaporation. The
total Fe content of cells was determined by ICP-AES (Inductively Coupled Plasma-Atomic Emission Spectrometry,
Varian Model Liberty Series II) [39].
Dividing the total Fe amount by the number of cells
in the culture, the cellular iron contents were calculated.
RESULTS
Cell concentration and growth rate

The maximum cell concentration (40.00 x 104 ± 1.15 x
10 cells mL-1) was observed for the cultures supplemented
with 5000 nM Fe(III). The cultures supplemented with
5000 nM Fe(III)+EDTA yielded a cell abundance of 26.52
x 104± 0.01 x 104 cells mL-1. The lowest cell densities were
observed with that cultures supplemented either every day
with 0.33 nM Fe(III) or Fe(II) plus EDTA or initially supplemented with 5 nM Fe(III)+EDTA (p<0.05) (Table 1).
4

Cell counting

Emiliania	
  huxleyi	
  cells were fixed with formaldehyde
to have a 4% final concentration, and each sample was
counted three times with a Thoma lamella.
Growth rate

The growth rates (µ) were determined according to
the following equation:
(div./day) = log(N1/N0) x (3.322/t), where N1 and N0
were the cell concentrations at the end and beginning of a
period of time (t) expressed in days [37].
Chlorophyll a

The chlorophyll a samples (5 mL) were filtered through
GF/6 (Schleicher & Schuell) filter papers. Concentrations
were measured at 630, 645 and 665 nm with an UV-VIS
spectrophotometer (SHIMADZU-1240) after extraction in
90% acetone and storage at 4 °C for 24 h in the dark [38].
The amounts of cellular chl a	
  were calculated using the
highest cell densities, and chl a values (chlorophyll a	
  concentration (µg L-1) divided by cell abundance (cell L-1).
Statistical analysis

The SPSSX 10.0 pocket program was used for statistical analyses. The mean values of the treatments were

The maximum growth rates, 0.38 and 0.33, were obtained with 5000 nM Fe(III) ± EDTA treatments. Growth
rates lower than those mentioned above (0.15, 0.17, 0.19
and 0.20) were observed in cultures daily supplemented
with 0.33 nM Fe(II)+EDTA, Fe(III), Fe(III)+EDTA and
Fe(II) respectively (p<0.05) (Table 1).
Chlorophyll a

The maximum chl a	
  concentration (158 ± 5.29 µg L) was observed for the 5000 nM Fe(III) treatment. In the
5000 nM Fe(III)+EDTA treatment, chl a	
   reached a concentration of 48.91 µg L-1. During the stationary phase, the
lowest chl a	
  concentrations were observed in the cultures
to which 5 nM Fe(III)+EDTA and Fe(III) were added on
the first day, and in those with daily addition of Fe(II)+
EDTA and Fe(III)+EDTA (p<0.05).
1

The highest cellular chl a	
  contents were found in cultures enriched with Fe(II), Fe(III)+EDTA, and Fe(III) initially given, which exhibited the lowest cell densities. The
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lowest cellular chl a	
  contents were obtained in cultures with
addition of 5000 nM Fe(III) and Fe(III)+EDTA (p<0.05)
(Table 1).

Fe quota

The highest cellular Fe content (1.59±0.03 amol cell-1)
was determined for the cultures initially supplemented with

TABLE 1 - Growth rates, cell densities, chl a concentrations at the stationary phase, chl a content of the
cells, Chl a:C ratios, Fe content of cells, Fe:C ratios and Fe:Chl a ratios of Emiliania huxleyi cultures,
and the pH values of culture media in all iron and EDTA treatments applied in the present study.

Parameters
Fe(III)
Growth rate (µ)
0.17 ± 0.007 ab
4
-1
Cell density (x10 cells L )
4.20 ± 0.15 ab
Chl a concen. at the stationary
28.13 ± 0.58 b
phase (µg L-1)
-1
Chl a content (pg cell )
0.67 ± 0.019 de
chl a: C (weight)
0.08 ± 0.00 c
Fe content (amol cell-1)
0.97 ± 0.01 f
Fe:C
0.11 ± 0.00 f
Fe:Chl a
1.45 ± 0.06 c
(pmol:ng)
pH
8.79 ± 0.00 e

0.33 nM daily additions of
Fe(III)+EDTA
Fe(II)
0.19 ± 0.006 bc 0.20 ± 0.005 cd
a
2.83 ± 0.05
5.43 ± 0.03 b

Treatments
5 nM addition on the first day
Fe(II)+EDTA
Fe(III)
Fe(III)+EDTA
0.15 ± 0.018 a
0.28 ± 0.001 e
0.22 ± 0.001 d
ab
ab
3.50 ± 0.28
4.59 ± 0.01
3.42 ± 0.01 ab

5000 nM addition on the first day
Fe(III)
Fe(III)+EDTA
0.38 ± 0.005 g
0.33 ± 0.02 f
d
40.00 ± 1.15
26.52 ± 0.01 c

21.76 ± 0.55 ab

43.40 ± 1.52 c

21.52 ± 0.58 ab

19.97 ± 0.01 ab

16.40 ± 0.40 a

158.00 ± 5.29d

48.91 ± 0.09 c

e

cd

b

bc

b

0.18 ± 0.001 a
0.02 ± 0.00 a
0.87 ± 0.01 e
0.10 ± 0.00 e

e

0.77 ± 0.061
0.09 ± 0.005 cd
0.77 ± 0.06 d
0.09 ± 0.00 d

0.80 ± 0.063
0.10 ± 0.003 d
0.29 ± 0.01 b
0.03 ± .00 b

0.63 ± 0.111
0.07 ± 0.008 c
0.17 ± 0.00 a
0.02 ± 0.00 a

0.44 ± 0.003
0.05 ± 0.00 b
0.11 ± 0.00 a
0.01 ± 0.00 a

0.48 ± 0.022
0.05 ± 0.003 b
0.55 ± 0.00 c
0.06 ± 0.00 c

0. 39 ± 0.005
0.04 ± 0.00 b
1.59 ± 0.06 g
0.19 ± 0.00 g

1.01 ± 0.07 b

0.36 ± 0.01 a

0.28 ± 0.04 a

0.25 ± 0.00 a

1.14 ± 0.03 b

4.03 ± 0.17 d

4.76 ± 0.08 e

8.31 ± 0.00 a

8.70 ± 0.00 d

8.43 ± 0.00 b

8.53 ± 0.00 c

8.34 ± 0.00 a

9.25 ± 0.02 g

9.18 ± 0.01 f

P<0.05, there is a difference among the means, single-factor ANOVA.
Values are means and different letters in the same row denote significant differences (P < 0.05 ).
Mean C measurement of Muggli and Harrison [44]: 8.1 (pg cell -1) for Emiliania huxleyi cells was used.

5000 nM Fe(III). The second- and third-highest Fe contents
were observed in cultures enriched daily with Fe(III) and
initially with 5000 nM Fe(III)+EDTA, which yielded 0.97
and 0.87 amol Fe cell-1, respectively. The lowest cellular
Fe content (0.11 ± 0.00 amol cell-1) was found in cultures to
which 5 nM Fe(III) was initially added (p<0.05) (Table 1).
pH values

The maximum pH values (9.25 ± 0.02 and 9.18 ± 0.01)
were found in cultures initially enriched with 5000 nM
Fe(III) or 5000 nM Fe(III)+EDTA, respectively. The lowest pH value (8.31 ± 0.00) corresponded to the cultures with
daily addition of Fe(III) +EDTA (p<0.05) (Table 1).
Chl a:C , Fe:C, Fe:Chl a ratios

In the present study, carbon biomass value of 8.1 pg
C cell-1 reported for Emiliania	
  huxleyi	
  was used [28]. The
lowest chl a:C	
   ratio (0.02 ± 0.00) was found in the cultures initially enriched with 5000 nM Fe(III)+EDTA, while
the highest ones were obtained in those with daily Fe(II)
additions. Daily iron treatments produced higher chl a:C	
  
ratios than those of initial treatments.
In addition, the highest Fe:C ratio (0.19 ± 0.00) was
determined in the cultures initially enriched with 5000 nM
Fe(III) (p<0.05). Among all the treatments, that initially enriched with 5 nM Fe(III) had the lowest Fe:C ratios (0.01 ±
0.00) (p<0.05) (Table 1).
The highest Fe:chl a	
  ratio (4.76 ± 0.08) was found in
the cultures initially treated with 5000 nM Fe(III)+EDTA,
whereas the lowest Fe:chl a	
  ratios were found in cultures
initially enriched with 5 nM Fe(III)+EDTA (0.25 ± 0.00),
and those daily supplemented with Fe(II) + EDTA (0.28 ±
0.04) and Fe(II) (0.36 ± 0.01) (p<0.05) (Table 1).

DISCUSSION
The bioavailability and uptake strategies of iron species, Fe(II) and Fe(III), by Emiliania huxleyi were studied
in the presence and absence of the artificial organic chelator EDTA. In order to find out how E. huxleyi responds to
continuous or episodic iron supply to seawater (e.g. either
by the atmosphere or any vertical/horizontal transport), we
have tested daily and initial additions of iron in the present study. In addition, with EDTA amendments, we aimed
to simulate an environment containing iron-chelated organic
ligands already present in seawater, and investigated if this
iron-type was preferred by cells. Our findings showed a
decrease in growth rate and abundance of cells upon the
addition of EDTA, similar to a previous study by Muggli
and Harrison [28]. Concentrations of 100 µM EDTA inhibited cell division, which was also the case in the study of
Muggli and Harrison [28]. This study revealed that, growth
rate, cell abundance, total chl a concentration, chl a content
per cell, and Fe quota were generally higher in cultures
grown without EDTA. Except for initially 5 nM iron added
to cultures, Fe quota was found to be higher in cultures
without EDTA addition. Presumably, E.	
  huxleyi	
  cells	
  could	
  
better	
  take	
  up	
  iron	
  by	
  releasing their own iron-binding
ligands [20] rather than using Fe-EDTA complex. This
pattern of release, however, is opposite to that of microbial
siderophores, where the synthesis and release of ligands is
induced by iron stress [20]. These results suggest that microorganisms may have developed mechanisms to solve
fresh inputs of iron, and, thereby, to prevent their loss via
formation of iron hydroxides or adsorption onto settling
particles (Table 1).
Another purpose of Fe additions to the cultures with
different timing, once at the beginning and with daily inter-
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vals, was to compare possible changes with precipitation of
iron [40] in the former ones, and with fresh inputs in the
latter cultures. The growth rate, cell abundance, total chl a,
and Fe quota were found to be similar between the cultures
grown with 5 nM Fe(III)+EDTA, added initially and daily.
In cultures with initially and daily added Fe(III), cell abundance and chl a concentration were also found to be similar. It is likely that 5 nM Fe was not enough to enhance the
cell division because the highest growth rates, cell densities, chlorophyll a	
  concentrations, Fe contents, Fe:C ratios, and pH values were observed in cultures containing
5000 nM Fe(III) ± EDTA (Table 1).
All iron content measurements were performed on the
15th day, when stationary phase was already over in the
cultures initially enriched with 5 nM Fe(III). Thus, these
cultures were excluded from the comparison of iron contents. As compared to related studies [25, 41], we found the
highest chl a	
  content in the cells with the lowest iron content. The well-known decrease in chl a under Fe-limitation
might have resulted from a decrease in per photosynthetic
unit, due to insufficient Fe for synthesis of the needed cytochromes and Fe/S proteins [25]. It was previously reported
that the iron enrichment resulted in higher chl a:C	
  ratios in
phytoplankton [42, 43]. Nevertheless, interestingly, in
the present study, when iron concentrations were very high
(5000 nM), chl a:C	
  ratios were the lowest among all other
treatments containing about 1000 times less iron. C values
were not measured in the present study, but the constant
value of Muggli and Harrison [28] was used for the different iron concentrations. However, this low chl a:C ratios
in the cultures having high iron concentrations must not
be due to high carbon content of cells, because several studies have reported that C contents of E. huxleyi cells were
high under iron or any other nutrient limitation [44, 45].
Additionally, 5000 nM Fe(III)±EDTA-added cultures
in this study evidenced higher cell abundance, photosynthetic activity and pH levels than cultures containing 5 nM
Fe(II)±EDTA and Fe(III)±EDTA, indicating stronger limitation under low iron concentrations. Fe(II) is known to be
more soluble, more kinetically labile, and forming weaker
organic chelates than Fe(III) [46, 47]. In the present study,
the daily Fe(II)-added cultures had much higher growth rate,
cell abundance, total chl a concentration and chl a content
per cell, when compared to the corresponding daily Fe(III)added cultures. This finding may show the importance of
rain droplets carrying Saharan dust, having a high iron content, since iron can be photochemically reduced within
cloud droplets to the +2 oxidation state [48]. However, Fe
quota was found to be higher in the daily Fe(III)-added
culture with regard to daily Fe(II)-added cultures. The low
iron quotas in Fe(II)-added cultures may have resulted from
the easier consumption of Fe(II) than that of Fe(III) (Table 1).

lated the growth of all phytoplankton groups compared to
control samples [11]. Both the primary production and chl
a concentration were also higher in iron-amended bioassays at three stations in the northeast Atlantic Ocean. As a
result, it was shown that iron can trigger growth of phytoplankton (at least for cells >10 µm), even if it is not the
limited nutrient in that region. This finding also supports
the necessity of the present study.
CONCLUSION
The aim of this study was to determine the effects of
Fe(II) ± EDTA and Fe(III) ± EDTA on Emiliania huxleyi
under the same culture conditions. The first conclusion is
that E. huxleyi cells did not show any preference while
making use of iron bound to EDTA. Secondly, no significant difference was observed between initial and daily additions of 5 nM Fe(III)+EDTA to the cultures, but 5 nM
Fe(III) without EDTA, initially and daily added, were not
sufficient to enhance the reproduction of E. huxleyi. Another conclusion is that although Fe(III) is not known to
be a soluble form of iron species, 5000 nM Fe(III) ± EDTA
were observed to encourage the growth of E. huxleyi. Finally, this study contributes a great deal of information to
enlighten the uptake strategies (preference of different species, concentrations, and already organically bound or not
bound forms) of this important nutrient iron, by an oceanic,
bloom-forming coccolithophore species. Thus, it is critical
and further studies should consider different iron concentrations between 5-5000 nM to investigate the level of limitation for E. huxleyi cells.

ACKNOWLEDGEMENTS
This study was supported by the Cukurova University
Research Fund.

A recent shipboard bioassay study has shown that even
though iron concentrations are at moderate levels in the
northeast Atlantic Ocean, additions of dissolved iron stimu-
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SUMMARY

ABBREVIATIONS

In this study, the effect of the combination of vitamin C
(VC), vitamin E (VE) and sodium selenate (Se) on cadmium
(Cd)-induced oxidative damage in various rat tissues was
investigated. Cd (2 mg/kg/day) was given intraperitoneally
for 8 days, whereas VC (250 mg/kg/day), VE (250 mg/kg/
day) and Se (0.25 mg/kg/day) were given orally to rats for
8 days. VCE and Se (same dose and time intervals) were
given to the animals, 1 hour prior to the administration of
Cd every day. Tissue and blood samples were taken for biochemical analyses on the 9th day. Blood glutathione (GSH)
and serum lactate dehydrogenase (LDH), catalase (CAT),
gamma glutamyl transferase (GGT) and paraoxonase
(PON1) activities as well as serum cholesterol and high
density lipoprotein cholesterol (HDL-cholesterol) levels
were determined. Lipid peroxidation (LPO) and GSH determinations were performed in brain, lens, muscle, skin
and spleen tissues. In Cd group, blood GSH levels, serum
HDL-cholesterol, serum CAT and PON1 activities, and
brain, skin, spleen and lens GSH levels decreased, while
serum LDH and GGT activities, serum cholesterol and
muscle GSH levels, and brain, spleen, muscle and lens
LPO levels increased. The administration of VCE and Se
significantly caused a decrease in LPO levels, but an increase in GSH levels in brain, skin, spleen and lens of Cd
group. Serum LDH and GGT activities as well as cholesterol and GSH levels in muscle decreased, whereas CAT
and PON1 activities and HDL-cholesterol levels increased
in the group provided with Cd and antioxidant.
As a result, the present study indicates that VCE and
Se, because of their antioxidant activity against Cd damage,
have a protective effect on the brain, skin, spleen and lens
tissues, along with some serum and blood biochemical parameters of rats.

KEYWORDS:
Cadmium, toxicity, antioxidant, serum, tissues, oxidative damage.

GSH, glutathione; LDH, lactate dehydrogenase; CAT,
catalase; GGT, gamma glutamyl transferase; PON1, paraoxonase; HDL-cholesterol, high density lipoprotein cholesterol; LPO, lipid peroxidation, ROS, reactive oxygen species; O2•, superoxide anion; H2O2, hydrogen peroxide; OH•,
hydroxyl radical; DETAE, Istanbul University Centre for
Experimental Medical Research and Application; MDA,
malondialdehyde; TBARS, thiobarbituric acid-reactive substances; ANOVA, analysis of variance; HDL, high density
lipoprotein; LDL, low density lipoprotein
INTRODUCTION
Cadmium is a very toxic heavy metal and important
environmental pollutant, presented in soil, water, air, food,
sediments and in cigarette smoke [1]. Soluble Cd salts accumulate in the tissues, particularly lungs, brain, liver, kidney, heart, spleen and testes [2]. These tissues are target
organs for Cd-induced toxicity [3]. The production of ROS
and radicals has been proposed as a mechanism for acute
Cd toxicity [4], despite not being a redox-active metal. Increase in lipid peroxidation in tissues has been implicated
in Cd-induced organ damage and dysfunction [5].
The activity of antioxidant defence systems for preventing the damage to tissues by oxygen radicals is inhibited or diminished in growing rats that are exposed to Cd
[6]. VC and VE, among the important non-enzymatic antioxidant defence systems, may modulate the toxicity by
anti-oxidative mechanisms [7]. VC is known as a potential
scavenger of ROS, and it may protect the lipids from detectable peroxidative damage [8]. VE is the primary liposoluble antioxidant, which may have an important role in
scavenging free oxygen radicals, and it stabilizes the cell
membranes, thus maintaining its permeability [9]. Se is an
essential trace element and its antioxidant effect is known
to be associated with its presence in glutathione peroxidases, which protect DNA and other cellular components
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[10]. VC or/and VE and Se exert a synergistic effect in the
prevention of biological membranes from oxidants [11].
It is likely that VC and VE act in a synergistic manner,
through which VE is primarily being oxidized to the tocopheroxyl radical, and then reduced back to tocopherol
by VC and glutathione [12].
The aim of the present study was, therefore, to investigate the effect of Se, VC and VE combination against Cdinduced oxidative toxicity on the various tissues, as well
as some biochemical values in rats.
MATERIALS AND METHODS
Experimental Animals

Fifty-nine adult male Spraque Dawley rats from DETAE (Istanbul University Centre for Experimental Medical Research and Application) were used in this study. The
experiments were reviewed and approved by Local Institute’s Animal Care and Use Committees. All rats were
clinically healthy. The animals were fed with pellet chow
and tap water ad libitum and were fasted for 24-h period
prior to experiments.
Experimental Design and Treatment of Animals

The animals were randomly divided into four groups:
Group I included the intact control animals (n=16). Group II
contained the control rats provided with VC (250 mg/kg/
day), VE (DL-α-tocopherol acetate) (250 mg/kg/day) and
Se (0.25 mg/kg/day sodium selenate) (n=16). For the animals in Group III, only Cd (2 mg/kg/day CdCl2) was given
for 8 days (n=17). Finally, Group IV consisted of rats applied with VCE, Se and Cd (n=10) in same doses and time
intervals. The antioxidants were given to rats with gavage
technique, and Cd was given intraperitoneally. The animals
were treated by antioxidants 1 h prior to treatment with
Cd every day.

els in tissue homogenates were determined according to the
method of Beutler using Ellman’s reagent as described
by Beutler [19]. The procedure is based on the reduction of
Ellman’s reagent by SH groups to form 5,5’–dithio–bis(2-nitrobenzoic acid) which has an intensely yellow color
measured spectrophotometrically at 412 nm. Results were
expressed as nmol GSH/mg protein. LPO levels in tissue
homogenates were estimated by the method of Ledwozyw
[20]. In brief, the formed adducts, following boiling tissue
homogenate with thiobarbituric acid, were extracted with
n-butanol. The difference in optical density of the tissues
at 532 nm was determined from malondialdehyde (MDA)
content, where thiobarbituric acid-reactive was used as
substance (TBARS), undertaken as an index of LPO. Results were expressed as nmol MDA/mg protein. The protein content in the supernatant was estimated by the Lowry
method [21] using bovine serum albumin as standard.
Statistical Analysis

All the group data were statistically evaluated with
SPSS/10 software. All data were expressed as mean ± SD.
Variance analysis was used for comparison of the groups.
One-way ANOVA was applied to find the difference between the groups. Using a post hoc multiple comparison
test (i.e. Duncan and Sheffe’s multiple range test), the significant one among mean values was considered to be that
with P lower than 0.05.
RESULTS
Blood

The blood GSH levels of four groups are given in Table 1. The blood GSH levels decreased significantly in Cd
groups, compared to the other ones (PANOVA=0.0001, F=
143.94). On the other hand, after the administration of Cd,
VCE and Se, the blood GSH levels were increased with
regard to the Cd group (cP<0.05).

Biochemical Study

On the 9th day of the experiment, all of the animals
were fasted overnight and then sacrificed under ether anesthesia, 1 day after the last Cd treatment. Biochemical investigations were carried out in serum, blood and various tissues. Blood GSH levels were determined according to the
Beutler, Duron and Kelly method [13]. CAT activity was
measured spectrophotometrically by the method of Aebi
[14]. LDH activity was determined by the method of Wroblewski [15]. Szasz [16] and Furlong et al. [17] methods were
used to analyse the serum GGT and PON 1 activities. Serum cholesterol and HDL-cholesterol levels were determined by the Naito method [18]. For biochemical analyses,
tissues samples were washed with physiological saline and
kept frozen at -35 °C until the day of the experiment. Tissues were then homogenized in cold 0.9% NaCl with a
glass homogenizer to make up a 10% homogenate (w/v).
Homogenates were centrifuged, and the clear supernatants
were used for protein, GSH and LPO analyses. GSH lev-

TABLE 1 - Blood glutathione levels (GSH) for all groups
Group
Control
Control + Vit. C, E + Se
Cadmium
Cadmium + Vit. C, E + Se
PANOVA

n
16
16
17
10

GSH (mg/dL)*
25.70 ± 1.77
33.03 ± 1.62a
23.65 ± 0.86b
25.40 ± 0.86c
0.0001

F
143.94
* Mean ± SD; n= Number of animals; aP< 0.0001 versus control group;
b
c
P< 0.001 versus control group; P< 0.05 versus cadmium group.
Serum

According to Table 2, in all of the four groups, a notable difference in the mean CAT, LDH, GGT and PON1
activities was observed (PANOVA= 0.0001, F= 41.86, 127.55,
157.33, 117.58). Serum CAT and PON1 activities in the
Cd group were significantly lowered when compared to
control group (bP<0.0001). In Cd, VCE and Se group, serum CAT and PON1 activities were higher than the Cd
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group (cP<0.0001). The activities of serum LDH and GGT
in Cd group were found to increase remarkably with respect to those in the control group (bP<0.0001). In Cd,
VCE and Se group, serum LDH and GGT activities were
low, compared to the Cd group (cP<0.0001). In all of the
four groups, the serum cholesterol levels varied significantly (PANOVA= 0.0001, F= 18.77). In Cd group, these
values were increased in comparison to the control group
(aP<0.001). VCE and Se administration caused remarkable
decreases in serum cholesterol level in Cd group (cP<
0.0001). Another notable difference was observed in the
serum HDL-cholesterol levels (PANOVA=0.0001, F= 18.88).
In Cd groups, the serum HDL-cholesterol levels were
found to decrease remarkably with regard to control group
(bP<0.0001), whereas after administration of Cd, VCE and
Se (cP<0.0001), these values were increased (Table 2).
Brain

The mean brain GSH levels of groups I-IV are given
in Figure 1. A notable difference in the brain GSH levels
of all groups was observed (PANOVA= 0.0001, F=834.01).
Brain GSH level in Cd group was significantly decreased,

compared to control group (aP<0.0001). Administration of
VCE and Se caused a significant increase in GSH levels
in Cd group (dP<0.0001).
On the other hand, as seen in Figure 2, there were no
remarkable increases in the brain LPO level in Cd group,
when compared with the control group (PANOVA=0.057, F=
3.19). Brain LPO levels were only decreased in the group
supported with Cd, VCE and Se.
Lens

The lens GSH levels for the four groups are also given
in Figure 1. In Cd group, lens GSH levels were considerably
decreased, in comparison with the other groups (PANOVA =
0.0001, F= 24.20). Administration of VCE and Se to rats
had seen to cause an increase in lens GSH levels in Cd
groups. When the lens LPO levels were inspected, it was
observed that Cd had caused an increase compared to the
control groups (aP<0.0001), while the administration of
VCE and Se significantly decreased LPO levels in Cd
groups (dP<0.001) (Figure 2).

TABLE 2 - Serum catalase (CAT), lactate dehydrogenase (LDH), paraoxonase (PON1), gamma
glutamyl transferase (GGT) activities and cholesterol and HDL-cholesterol levels for all groups of rats.
CAT
LDH
PON1
GGT
Cholesterol
HDL-Cholesterol
(U/mL)*
(U/mL)*
(U/L)*
(U/L)*
(mmol/L)*
(mmol/L)*
Control
16 3036.12 ± 236.09 1875.00 ± 125.36
113.01± 6.14
2.70 ± 0.36
2.08 ± 0.07
1.31 ± 0.14
a
b
Control + Vit. C, E + Se
16 2540.64 ± 242.87
1750.00 ± 187.08 110.34 ± 6.05
4.73 ± 0.40
2.03 ± 0.17
1.15 ± 0.14
Cadmium
17 1852.70 ± 132.33b 3250.00 ± 250.00b 48.58 ± 2.17b
7.25 ± 0.59b
2.44 ± 0.09a
0.86 ± 0.07b
Cadmium + Vit. C, E + Se
10 2836.39 ± 304.63c 1900.00 ± 136.93c 109.62 ± 8.99c
4.21 ± 0.17c
2.05 ± 0.11c
1.15 ± 0.09c
PANOVA
0.0001
0.0001
0.0001
0.0001
0.0001
0.0001
F
41.86
127.55
117.58
157.33
18.77
18.88
* Mean ± SD; n= Number of animals; aP < 0.001 versus control group; bP < 0.0001 versus control group,cP < 0.0001 versus cadmium group
Group

n

FIGURE 1 - Effects of cadmium and its treatment with VCE, Se on glutathione levels (GSH) of brain, lens, muscle, skin,
and spleen tissues (aP<0.0001, bP<0.003, cP<0.015 versus control groups, dP<0.0001, eP<0.001 versus cadmium groups).
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FIGURE 2 - Effects of cadmium and its treatment with VCE, Se on lipid peroxidation levels (LPO) of brain, lens,
muscle, skin, and spleen tissues (aP<0.0001, bP<0.025, cP<0.001 versus control groups, dP<0.001 versus cadmium groups).

Muscle

As seen in Figure 1, a considerable difference in muscle GSH levels of all groups was observed (P ANOVA =
0.0001, F= 26.55). The muscular GSH level in Cd groups
was higher than that of control group (bP <0.003). On the
contrary, administration of VCE and Se caused a slight
decrease in GSH levels in Cd group.
As seen in Figure 2, the muscle LPO levels were increased in the Cd groups with regard to that of the control
groups (bP<0.025), while VCE and Se had caused a remarkable decrease in LPO levels in Cd group (dP<0.001).
Skin

The mean skin GSH levels for all four groups are
given in Figure 1. A notable difference in the skin GSH
levels was observed (PANOVA= 0.0001, F= 115.90). Compared to the control groups (aP<0.0001), skin GSH level
decreased in the cadmium group. Again, on the contrary,
the administration of VCE and Se to rats had caused an increase in the skin GSH levels in Cd groups (eP<0.001).
This situation was opposite for the skin LPO levels.
An increase in Cd group (aP<0.0001) and a decrease in VCE
and Se groups was observed (dP<0.001).
Spleen

As seen in Figure 1, a meaningful difference in the
spleen GSH levels of the four groups was observed
(PANOVA= 0.003, F=5.31). A remarkable decrease was seen
in Cd group, when compared to control rats (cP<0.015).
On the other hand, the antioxidant administration had increased the levels of GSH in spleen tissue. The opposite
results were observed for the spleen LPO levels (Figure 2)
(PANOVA= 0.0001, F= 19.14). The spleen LPO levels were

increased in Cd group (cP<0.001), and decreased in VCE
and Se group (dP<0.001).
DISCUSSION
Cadmium is one of the most toxic substances in the environment with a wide range of organ toxicity and a long
elimination half-life of 10-30 years [22]. Cd causes health
problems in humans, when it enters the food chain through
plants and crops grown in soil treated with Cd-contaminated
phosphate fertilizers, sewage effluents and sewage sludge [5].
Some studies reported that Cd decreased the CAT activity, which catalyses the conversion of hydrogen peroxide to water and molecular oxygen, where the situation was
correlated to the reduced absorption of iron or the inhibition of hem biosynthesis caused by Cd exposure [23]. It also
decreased the antioxidant enzyme activity with exposure to
environmental contaminations [24]. It was found in this
study that the activity of CAT in the serum of rats was significantly decreased by Cd-related injury. In the groups that
were treated with Cd, combined antioxidant treatment
showed a considerable increase of CAT activity. It can be
concluded from these results that the antioxidants possessed
a remarkable protective effect on Cd-induced toxicity.
Shaikh et al. [25] observed an increase in LDH activities, 22 weeks after Cd treatment in serum and urine, indicating renal and hepatic toxicity. Hassoun and Stohs [26]
reported that increased LDH activity paralleled the production of O2- and NO in cells treated with various concentrations of Cd. These researchers suggested that cellular death resulting in LDH leakage is a consequence of cel-
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lular injury induced by ROS production due to Cd treatment
[27]. Combined antioxidant treatment caused reduction in
the activity of these enzymes in serum. The decrease in
those increased LDH activity showing that VCE and Se
prevented damage in Cd group.
PON1 activity can vary depending on physiological
conditions or pathological states [28, 29]. Increased oxidative stress has been shown to reduce PON1 synthesis in
animal and cell culture models [30]. In recent years, experiments with animals convincingly showed that PON1
plays a major role in the detoxification of organophosphorous compounds [31]. In this study, for the first time, the
changes in serum PON1 activity after Cd exposure were
demonstrated. This decrease in PON1 activity in serum was
related to the degree of liver and other tissue damage. The
effects of antioxidants on plasma PON1 is controversial. In
vitro studies suggest that antioxidants protect isolated PON1
from free radical-induced inactivation [32]. Jarvik et al. [33]
have reported positive correlation between dietary intakes
of VC or VE and plasma PON1 activity. In our study, administration of VCE and Se significantly increased serum
PON1 activity in that group treated with Cd. Antioxidant
treatment had prevented Cd-induced oxidative stress and
normalized PON1 activity in serum.
Serum GGT has been widely used as an index of liver
dysfunction. Recent studies indicated that serum GGT
might be useful in studying oxidative stress-related issues.
The products of the GGT reaction may themselves lead to
increased free radical production, particularly in the presence of iron [34]. In Cd-treated rats, the noticeable elevation of serum GGT might be related to increased oxidative
stress induced by Cd. The observed decrease in the activity
of liver after antioxidant administration showed that the antioxidant can preserve the structural integrity of the liver
from the toxic effects of Cd.
Cd exposure could increase serum cholesterol by an
inhibition in LDL-cholesterol uptake [35], or an increase in
cholesterol efflux. Rats poisoned with Cd displayed a decrease HDL-cholesterol levels in comparison to control
rats, but it was associated with the increase of free cholesterol concentration and hypertriglyceridemia [36]. Our
studies showed considerable increases in the levels of serum cholesterol, and decrease in the levels of HDL-cholesterol in Cd treated rats, when they were compared to control rats. Administration of VCE and Se significantly decreased serum cholesterol levels and increased serum HDLcholesterol levels in the group given Cd. It appears that
antioxidant supplement could be used to improve the lipid
metabolism in Cd groups.
LPO mechanism has long been considered to be the
primary one for Cd toxicity [37], despite its inability to
directly generate free radicals under physiological conditions. Thus, it is believed that antioxidant should be one
of the important components for an effective treatment of
Cd poisoning [38]. The present results have clearly shown
the ability of Cd to induce oxidative stress in rat lens, mus-

cle, skin and spleen, as evidenced by increased LPO after
9 days of Cd treatment. This finding is in agreement with
several reports demonstrating that Cd induces oxidative
stress in tissues by increasing LPO, and by altering the
antioxidant status in several tissues [39, 40]. On supplementing antioxidants to Cd groups, considerable decrease
in the levels of MDA in tissues was observed in this study.
This decrease in increasing LPO levels showed that VCE
and Se prevented damage in brain, lens, muscle, skin and
spleen tissues.
ROS may lead to cellular damage when the rate of its
generation surpasses the rate of its decomposition by antioxidant defence systems, such as reduced GSH. Different
in-tracellular GSH levels were reported in acute Cd toxicity, suggesting that the decrease in the GSH level might be
due to the exhaustion of GSH stores and the increase in
oxidative stress [41]. Chin and Templeton have also demonstrated that intracellular GSH concentrations increased with
Cd ex-posure time and dose [42]. They suggested that an
increase of GSH might be a protective mechanism against
acute Cd exposure. According to these reports, GSH levels may increase or decrease due to differences in dose,
route and exposure time to Cd. In our present study, Cd
significantly reduced GSH levels in brain, skin, lens and
spleen tissues and blood, but increased them in muscle. In
the current study, administration of VCE and Se to Cd
groups increased GSH levels in brain, skin, lens and spleen
tissues. This effect may be due to the activating role of Se
on GSH-Px activity, and indicated that those three substances effectively protect membrane integrity.
Antioxidants are essential in preventing the cellular
damage caused by free radicals and free radical-modified
LPO. In normal metabolism, there is a balance between the
generation of free radicals and antioxidant defence mechanism. VC is a potent scavenger of free oxygen radicals,
which decreases endogenous lipid peroxidation, as well as
oxidative protein damage, also in regenerated reduced form
of α-tocopherol [43]. Ascorbic acid, after being converted
to dehydroascorbic acid by free radical reactions, is regenerated via the glutathione enzyme complex [44]. It scavengers the free radicals produced by cadmium [45]. Also,
VE (α-tocopherol) is the primary liposoluble antioxidant,
which may have an important role in scavenging free oxygen radicals and stabilizing the cell membranes, thus maintaining their permeability [46]. It is thought to interrupt the
chain reactions involved in lipid peroxidation, and to scavenge ROS generated during the univalent reduction of molecular oxygen [47]. It plays a critical role in detoxifying
Cd [45]. Se is an essential component of glutathione peroxidase, whose main role is to decompose safely hydrogen
peroxide and organic peroxides with the help of reduced
GSH [48]. Se was found to provide protection against Cdinduced LPO [49]. The mechanism of Se treatment may be
the result of the depression of non-protein sulfhydryl groups
in rat tissues. This suggests that Se protects cells from toxic
effects of Cd by maintaining the availability of antioxidant
non-protein SH-groups, because Cd affinity to them may
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reduce the free-Cd level in tissues, thus alleviating the
toxic effect of Cd. In addition, synergistic actions of combined VE and Se or VC and VE were reported by Burk [50].
Our results indicate that the administration of VE, VC and
Se combination was effective in reducing LPO levels and
increasing GSH levels.
As a result, the biochemical evaluations reveal that the
combinations of VCE and Se have a protective effect on
Cd-induced changes in LPO and GSH in brain, lens, muscle, skin and spleen, as well as in some biochemical parameters. Combination of antioxidants might play a beneficial role to reduce the toxic effects of Cd.
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