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PHOTOCHEMICAL PROCESSES AND THE RELATED
ADVANCED OXIDATION TECHNOLOGY: A MINIREVIEW
Wenyu Huang, Beibei Wang, Li Guo, Feng Wu*, Nansheng Deng
Department of Environmental Science, School of Resources and Environmental Science, Wuhan University, Wuhan, 430079 P. R. China

ABSTRACT
Photochemical processes (PCPs), which can be regarded
as a new kind of Advanced Oxidation Technology (AOT),
are widely used and largely involved in many kinds of
chemical reactions as well as some actual applications in
practical pollutant treatments.
In this mini-review, we have presented a comprehensive report of the recent progress in the study of PCP-experimental work, in the view of AOTs technical development. Dominating conditions including light sources, catalysts and reactors are summarized, and the development
of related researches is characterized in the hope of giving
some basis and illumination to following researchers.

KEYWORDS: Photochemical process; photocatalyst; Advanced
Oxidation Technology (AOT); reactor

INTRODUCTION
Light energy is widely used in our daily life; moreover,
it is largely involved in many kinds of chemical reactions
in the nature. Researches around chemical reactions induced
by light irradiation started at the end of the 19th century. On
the basic of understanding photochemical reactions` influence on the transformation, translation and fate of chemical
substances in the nature and finding the effects of artificial
chemicals and emissions on the geochemical migration of
natural ones [1-5], as well as a growing awareness of wastewater treatment by photochemical processes have been witnessed recently.
As it is well-known, normal anthropogenic origin wastewater can be efficiently treated by conventional biological
treatment. Regarding to non-biodegradable organic compounds dissolved or dispersed in aquatic media, developments in chemical water treatment domain have led to an
improvement in oxidative degradation procedures with the
application of catalytic and photochemical methods, which
are generally referred to as advanced oxidation technologies (AOTs). This field is particularly oriented towards ap-

plication; light sources design and construction of photochemical reactors, photocatalysts and their support have
been explored.
This paper reviews PCPs and the related AOT, especially by papers published in Fresenius Environmental Bulletin from 2000 to 2008. Due to the vast number of publications dealing with PCPs for water treatment, some papers
may have been omitted. This paper firstly presents different
means of PCP systems, and puts forward developments of
light sources and reactors.

DIFFERENT PCP SYSTEMS IN AOTS:
RESEARCH AND APPLICATION
Photochemical treatment of contaminated surface water and groundwater as well as of wastewaters containing
biocidal or non-biodegradable components has been proven
to be efficient. Some non-biodegradable complex reactants
including kinds of pesticides [6-15], antibiotics [16], and organic dyes [17-28] are frequently detected in normal anthropogenic wastewater. Applied work in these areas is
carried out. Arslan-Alaton et al. [28] proved that higher
color removal and COD abatement of the aqueous azo dye
Acid Red 183 was achieved in a photo-Fenton system other
than single Fenton systems. Irmak et al. [29] compared the
degradation and mineralization of Bisphenol A (BPA) by
Fenton and UV-induced Fenton systems, respectively, and
found that degradation and mineralization levels of BPA
were higher in photo-Fenton system. At the same time, the
removal of some heavy metals (such as chromium and mercury) by photochemical processes was also shown to be
effective [30-35].
Although conditions in gas and solid phase as well as
between two phases were taken into consideration [36, 37],
emphasis of researches and developments was mostly directed toward the analysis of the aqueous system. Some
researches which have been firstly brought out in liquid
phase are now considered to be extended to gas phase [8].
Most relative experiments were carried out to determine
the control variables and examined the most effective treatments to given chemicals. Others paid attention to relationship between structural parameters and the photocatalytic
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activity, with the purpose of better understanding the photochemical property and provide a relative basis for speculation of untried chemical photocatalytic activity [7, 38].
Many kinds of different PCP systems are used in
AOTs, including direct photolysis, photosensitization, photochemical oxidation, photocatalysis, photoelectrochemical
oxidation, photoelectrocatalysis and photosonochemical
oxidation.
Direct photolysis

Direct photolysis reactions begin with electronic excitation of organic substrates induced by illumination of
UV or visible light. And then, excited-state molecules
lead to the following possible steps including dipole transitions, radiation-free and energy transfer, and after one or
more of these steps, inter- or intramolecular chemical
reactions would happen. This process is defined as direct
photolysis.
It was obviously observed that several chemicals can be
degraded through direct photolysis from the related literature. Ekiçi et al. [17] studied the direct photolysis of several azo dye metabolites at 230 and 290 nm, respectively,
exploring the possible conversion pathways and products.
Vialaton et al. [9] investigated the degradation of several
pesticides under illumination of xenon lamps, and the possible products were also studied. Moreover, direct photolysis
of ether [39], as well as polycyclic aromatic hydrocarbons
[40], were also investigated under radiation of simulated
sunlight, respectively.
Photosensitization

Another kind of PCPs involves the generation of active species, such as OH-, OOH-, and OOR-radicals, ozone
and singlet ozone, in relative high steady-state concentration in order to attack dissolved or dispersed organic contaminants with high efficiency. These processes imply
photolysis of several photosensitizers, which have photoactive property, so they are added to prompt the reactions.
Elementary mechanisms of photosensitization are as follows:
S(S0) + hν→S(S1)
S(S1)→S(T1)
S(T1) + A(S0)→S(S0) + A(T1)
A(T1)→participate in reaction
S represents photosensitizers, and A represents target
chemicals.
Deng et al. [41, 42] used several kinds of algae, including Microcystus aeruginosa Kutz and Anabaena cylindrical, as photosensitizers to enhance the photodegradation
rate of selected endocrine disruptors (EDs), and it was
proven to be effective.
Photochemical oxidation

Photooxidation is characterized by production of hydroxyl radicals through strong oxidants, such as Fenton
reagent, ozone and hydrogen peroxide, under the irradiation of UV light [64]. In most cases, oxidation of organic
pollutants by the combination of UV light and oxidants implies subsequent generation and reaction of hydroxyl radicals. It is obviously shown that, besides fluorine, the most
powerful oxidizing species is, in fact, the hydroxyl radical.
Therefore, many non-biodegradable organic pollutants can
be degraded totally and mineralized to some degree in photochemical oxidation systems. Some photosensitive oxidants
including H2O2, O3 and O2 are used in photooxidation processes, as well as special oxidants such as S2O82- [20] and
NaClO [26].
H2O2 is a typical oxidant proven to be effective [6, 11,
12, 19-20, 29, 38, 44-47]. When it is combined with Fe(II),
it is called Fenton reagent, which is also commonly and
effectively used in photoreactions. Photo-Fenton is a kind
of widely applied photooxidation system in AOTs. The
basic mechanisms of photo-Fenton system are as follows:
Fe2+ + H2O2→Fe3+ +HO·+ HOFe3+ + H2O2→Fe2+ + HOO·+ H+
Fe2+ + HO·→Fe3+ + O2 + H+
HOO·+Fe3+→Fe2+ + O2 + H+
HO·+H2O2→HOO·+H2O
Fe2+ + HOO·→HO2 -+ Fe3+
Arslan-Alaton et al. [28] reported on oxidation of Acid
Red 183 textile dye and acid dye-bath effluent in photoFenton system, and finally 86-97% color removal accompanied with 47% COD abatement were obtained after system optimization.
Different hydrolytic Fe(III) species including low-molecular-weight Fe(III)-OH complexes, Fe(III) oxide (Fe2O3)
and Fe(III) hydroxide (FeOOH), are also photosensitive reagents and widely used during photocatalytic degradation.
Wu et al. [18] investigated the photo-decolorization of azo
dye solutions induced by three kinds of ferric oxides including α-FeOOH, β-FeOOH and amorphous (am)-Fe(OH)3,
and effective decolorization could be observed.
Furthermore, formation of Fe(III)-organic ligand complexes can accelerate the photocatalytic activity, so organic
compounds that can coordinate with Fe(III) are involved in
some research processes. Deng et al. [19] investigated the
photo-induced decolorization of dye solutions in ferrioxalate/H2O2 system, and achieved 90% decolorization rate in
dye solutions after 24 min irradiation, and COD removal
efficiencies ranging between 33-70 %. Besides, photodegradations of estradiol (E2), estrone (E1), 17α-ethynylestradiol
(EE2), 4-nonylphenol (NP), 4-octylphenol (OP) [48], 2naphthol [49] and Hg(II) [50] in Fe (III)-carboxylate system were also carried out, and substance degradation in
all these systems demonstrated to be effective.
Photocatalysis
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Heterogeneous photocatalytic processes are commonly
defined as chemical reactions that happen on the surface
of heterogeneous catalysts under UV or visible irradiation.
It is widely accepted that many kinds of N-semiconductors
work as effective heterogeneous catalysts, especially TiO2.
The mechanism of photo-excitation in TiO2 particles
can be generally attributed to the generation of electronhole pairs to undergo charge transfer to the adsorbed species on TiO2 surface. TiO2 is widely used as heterogeneous
photocatalyst in several research processes. Zaza et al. [10]
investigated the removal of 3(5)-amino-1,2,4-triazole herbicide from aqueous solution by TiO2 coupled to simulated
sunlight. Besides, photodegradation of several kinds of contaminants are involved in related researches.
Nowadays, many researches focus on the optimization
of photocatalytic properties of semiconductors. The limitations of a particular semiconductor as a photocatalyst for
a particular use can be surmounted by modifying its surface. Linsebigler et al. [88] put forward those three benefits of modifications to photocatalytic semiconductor systems, including inhibiting recombination by increasing the
charge separation, increasing the wavelength response range,
and changing the selectivity or yield of a particular product. A few examples are given and classified in the following Table 1 to illustrate the work conducted in the field of
photocatalyst surface modification of TiO2.
There is a problem while employing TiO2 as heterogeneous photocatalyst in suspension. That is, the fine photocatalyst particles must be separated from the reaction solu-

tion, resulting in the increase of time and cost spending on
wastewater treatment. As a result, in heterogeneous catalytic systems, usage of a heterogeneous catalyst combined
with membrane techniques is taken into consideration.
Bellobono et al. [44-46] explored photomineralization
of n-alkanols and phenol by photocatalytic membranes immobilizing titanium dioxide. But the application of membrane systems loaded with titanium dioxide for photomineralization of other organic contaminants has also be
reported in literature [36, 55]. It can be seen that expectations concerning immobilization of TiO2 in membranes
often can be put into practical application.
Furthermore, photocatalytic reactions involved in other
heterogeneous photocatalysts are brought forward. Other Nsemiconductors including SiO2, ZrO2, SnO2 and ZnO are
involved in photocatalytic reactions, respectively, or combining with TiO2. Wu et al. [21] used Ag-deposited BiVO4
as photocatalyst to degrade methylene blue and investigated its photocatalytic property. Wang et al. [23] investigated the photocatalytic activity of coupled ZrO2/ZnO in
water with a model compound of C.I. Acid Red 14. Artale
et al. [36] investigated the photocatalytic oxidation of phenol by using mixed WO3/WS2 powders as catalyst. Montazerozohori et al. [56] carried out the photocatalytic degradation of some mercaptans over ZnO, TiO2 (anatase and
rutile) and SnO2. The observed results revealed that the
order of photocatalytic activity for degradation of selected
compounds was ZnO > TiO2 (rutile) > TiO2 (anatase) >
SnO2.

TABLE 1 - Surface modification of TiO2 in related literature.
Combination Classification Additives used
Composite semiconductors SiO2
Surface sensitization

barium ferrite

Metal Ions doping

Ag+
Pb

2+

Combination method
Sol-gel method using TEOS (tetraethoxysilane)
Barium ferrite was added into titania sol
by sonication and continuous stirring,
then dried/calcined at proper temperature
and time, and eventually ground into fine
powders
A proper amount of ions was doped, and
then roasted at proper temperature and
time.

Target chemical
insecticide pirimicarb

Ref.
13

methyl-blue (MB)

25

organic dye methyl orange

22

organic dye methyl orange

22

silver ions

62

phenol

55

silver ions

35

Fe3+
Cross linking with clay

rectorite

TiCl4 and HCl reacted with doping a
proper amount of rectorite, then dry and
roast
zeolite
zeolite (of low Si/Al ratio) mixed with
TiO2 adsorbed silver
Adsorption between TiO2 active carbon
supported TiO2 catalysts on active carbon,
and adsorbent
prepared by a soak and heating method
Nafion
adding of desired volume of Nafion
(sulfonated TFEsolution to TiO2 along with appropriate
based fluoropolymer- volume of methanol, then dried overnight
copolymer)
at room temperature.
β-cyclodextrin
adding β-cyclodextrin into TiO2 suspension
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Photochemical reduction

According to IUPAC definition, photoreduction is defined as follows: reduction reactions induced by light, which
include two common processes. One is the addition of one
or more electrons to a photo-excited species, whereas the
other is the photochemical hydrogenation of a substance
[56].
In related literature could be observed, that a large
amount of photochemical reduction researches are focused
on the reduction of metal ions, commonly including Hg(II)
(e.g. mercuric oxide, mercuric fluoride and mercuric nitrate) [14, 33-34], Cr(VI) [30-31], as well as Ag(II) [35].
Photoelectrochemical oxidation

Single photochemical process is limited to some restricted factors. So, it is intended that combination with
other AOTs is a promising way for development of photochemical process. Photochemical oxidation combined with
electrochemical oxidation is a kind of complicated system.
Wu et al. [15] studied the degradation of various chlorophenols by electrochemical, electro-Fenton-assisted UV photolysis, and it is testified that chlorophenols in electro-Fenton process had a much higher removal and quite larger
degradation rate.
Photoelectrocatalysis

degradation of 4-chlorophenol under UV irradiation. In their
system, both direct photolysis and photocatalysis using microwave-assisted electrodeless discharge by UV lamps at
254 nm were investigated, and it was found that direct photolysis is dominant. In the study of Wu et al. [15], the degradation of various chlorophenols either by microwaveassisted UV photolysis (MW/UV) or microwave-assisted
photocatalysis with TiO2 (MW/UV/TiO2) were investigated,
and it was concluded that degradation rate in the latter system is faster.
Other multiplex methods

Some attempts are carried out to combine photochemical processes with other wastewater treatment methods.
Wang et al. [58] used ferrate pre-oxidation followed by
photochemical processes to remove the cyanides in coking wastewater. Can et al. [59] used UV, UV/H 2 O 2 ,
UV/TiO 2/H 2O 2 and UV/ZnO/H2O2 series as pretreatment
steps of industrially fermented wastewater, respectively.
Although it was shown that the BOD/COD ratio only increased 1.6-fold after photocatalytic oxidation pretreatment, this way of pollutant treatment can be anticipated.
LIGHT SOURCES AND REACTORS
Light sources

Combination of heterogeneous photocatalysts and electrochemistry is another kind of complicated system. The involvement of electrochemistry would enhance the separation efficiency of electron-hole pairs generated through
excitation of UV or visible illumination, and would solve the
problem that suspended catalysts could only poorly separated
from the treated water.
Photochemical-microwave system

Besides photo-electrochemical systems, photo-sonochemical systems ares also worked out as AOTs. Zhihui et
al. [6] explored assistance of microwave to photocatalytic

Photocatalytic reaction rate depends largely on the radiation absorption of the target chemicals or photocatalysts.
Hence, photoactivation of different reactions requires radiation with different wavelength light. The light that gives
rise to the required radiation field can be produced by artificial lamps or solar irradiation. The vast majority of studies quoted in our paper have been carried out between 200380 nm. In a photocatalytic reactor, UV radiation is provided by xenon, mercury or black light fluorescent lamps,
and a high pressure mercury lamp is frequently used as
illumination simulating sunlight. Details about light sources
used in quoted literature can be seen in the Table 2.

TABLE 2 - Light sources used in related references.
Light source

UV light

Detail
air-cooled xenon lamp, 1.1KW, λ=290 nm
mercury high-pressure lamp, 125W, λ=230/290
nm
electrode-less discharge lamp containing mercury
vapor, 750 W, λ 254
medium pressure Hg lamp, 125 W,
xenon lamp, 550 W/m2, λ≥290
Low pressure mercury arc lamp, 21 W, λ=253.7
nm. black light fluorescent lamp, 125 W, λ= 300370 nm
high pressure mercury lamp, 125W, λ ≥ 290 nm
high pressure mercury lamp, 400 W
black light, 1.0 mW/cm2
mercury lamps
low-pressure mercury lamp, 35 W, λ= 254 nm
high pressure mercury lamp, 300W

Target chemical
unsaturated 1,3,5-triazine herbicides
azo dye metabolites
4-chlorophenol
Tetracycline
pesticides

Reaction type
Direct photolysis
Direct photolysis
and photocatalysis

isopropyl alcohol, formic acid
methomyl
mercaptans
mite allergen
Methylene blue(MB)
Bisphenol C
phenol
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7
17
6
25
8
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6 W/21 W black light
16 W irradiation sources, λ=185nm, 254nm and
420nm
VL-115.L type, 2x15 W with filter-UV lamp,
high pressure mercury lamp, 250W, λ=313 nm
pressure mercury lamp, 300W
low-pressure mercury UV lamps, λ=254 nm
UV lamps
UV lamps, 6 W and 40 W, λ=254 nm
high pressure Hg lamp, 1000W,
black light, 150W, λ= 310-390 nm
UV-light lamps, 30W, λmax = 254 nm
low pressure mercury lamp, λ = 253.7 nm, 8W
metal halide lamp, 250W, λ >310 nm
halogen lamp, 500W
high pressure mercury lamp, 250W, λ≥313 nm
high pressure mercury lamp, 125W, λ ≥313 nm
high pressure mercury arc lamp, a nominal power
of 0.12 kW, λ= 254 nm
high pressure mercury lamp, 125W, λ≥ 365 nm
high pressure mercury lamp, 125 W and 250 W ,
λ ≥365 nm
xenon lamp, λ>290 nm
high pressure mercury lamp, 125W, λ> 290 nm

Simulated sunlight

high-pressure Hg lamp, 400 W
metal halide lamp, 250W , λ ≥ 365 nm
high pressure mercury lamp, 250W, λ ≥ 365 nm
medium-pressure mercury lamp, 125 W, λ> 280
nm
metal halide lamp, 250W, λ ≥ 365 nm
high-pressure Xe lamp, 500W,
xenon lamp, 1000 W/m2, λ>290
high-pressure mercury lamp, 250W, λmax ≥
365nm
high-pressure mercury lamp, λ ≥ 365 nm, 125W

Sunlight

silver ions

62

C.I, Acid Red 14

23

technical fenitrothion
dyes
industrially fermented wastewater
dichlorvos
pentachlorophenol (PCP)
alkylphenolic compounds
C.I. Disperse Blue 56
Acid Red 183 dye
17α-ethynylestradiol (EE2)
mercuric salt
chromium(VI)
Rhodamine B
azo dye, Reactive Red 2
2-propanol

14
19
58
12
63
29
26
28
42
50
31
24
18
65

n-alkanols, phenol

photo-oxidation

photosensitization
photo-reduction
photocatalysis

photo-oxidation

44-46

estrogenic pollutants

48

2-naphthol

49

3(5)-amino-1,2,4-triazole
strobilurin fungicides azoxystrobin
and kresoxim-methyl
inorganic mercury compounds
Bisphenol F
Bisphenol A
cyanide

10
11

photocatalysis

32, 33
54
66
58

PCBs

31

Acid Red 14
decabromodiphenyl ether
priority organic chemicals

27
39
9

17β-estradiol (E2)

direct photolysis
photosensitization

chromium(VI )
methyl-orange, orange II
methyl orange
insecticide pirimicarb
pyrene, chrysene

photocatalysis
direct photolysis

41
30
20
22
13
40

TABLE 3 - Reactor and related modifications in photochemical processes.
Reactor
Separated Reactor
Reactors used frequently
Integrated Reactor
Sunlight as light source
Heterogeneous catalyst
Introduction of gas
Modification for

Combination with other
AOTs
Membrane system
Maintaining constant
temperature

Details
Reaction solution was used to fill eight quartz glass tubes (about 8 cm long, 1.5 cm
diameter, and 2 mm wall thickness), and then irradiated by required lamp

Reference
18-19, 41-42,
48-49, 53, 6566,

Irradiation experiments were carried out in a cylindrical reactor, with required
lamp placed along its central axis, light was filtered by the inner Pyrex-made
27, 51, 61
wall
Adopt a plug flow photoreactor (PFP) in a total recirculation loop with a non20
reacting tank
Reactor horizontally inclined to about 15 degrees and exposed to solar light
40
A magnetic stirrer was always used to stir the solutions in order to ensure full
10, 12-14, 23,
suspension of the catalysts
60, 62
A pump was always added
12, 17, 22
A domestic MW oven was modified to build a microwave-assisted UV system
15
Experiment was carried out in a 1-L beaker in semi-continuous mode in order
59
to prepare to biodegradation
Different kinds of membranes were used to fix suspended heterogeneous
36, 55-58
catalysts
Adopting a cooling trap for maintaining constant temperature by water circulation
27, 33, 62
Air-cooled, circulating cold air
8
Electric fan
24, 49

2264

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

Reactors

When related laboratory-scale experiments are carried
out, commonly contaminants are put into batch reactors, for
just one time before irradiation. During irradiation, there is
no input and output, and thus measurement can be ignored.
According to the related literatures, there are two kinds of
batch reactors /details see Table 3) being used frequently
in experiments.
Besides commonly used reactors, modifications have
been done due to different causes including use of sunlight
as light source, heterogeneous catalyst, online measurements, introduction of gas, membrane system, maintaining
constant temperature, and combination with other AOTs.
OUTLOOK
It is unquestionable that application of photochemical
processes for removal of contaminants is available, especially to those non-biodegradable organic compounds. However, there are still further researches and improvements to
be done if it is going to be extended to practical
wastewater treatment, air pollution control and polluted
soil restorations.
First of all, it is a potential way to develop solar light as
mainly used light source [68-69]. Although there are some
researches focusing on utilization of solar light, actual
application is limited to finite energy, irradiation time and
illumination angel. Improvements including choosing proper
catalysts, establishing reactors to adapt to solar light, as well
as designing suitable reaction ways are taken into consideration. Further researches of high efficiency utilization of
solar light need to be put forward.
Secondly, advanced reactors must be thought over.
Batch reactor is the most commonly used reactor-type in
laboratory-scale experiments. However, it is not so compatible to use this reactor in actual wastewater treatment
due to limited dimension and limitations in inlet and outlet of treated water.
Thirdly, it is necessary to push forward head-to-head
research about photosensitizers. Both exploitation of new
photosensitizers and quest for combination of different
types of photosensitizers should be involved in related researches. A number of papers have reported that TiO2 and
other N-semiconductors still play an important role in heterogeneous photocatalysis, as they are proven to be effective. At the same time, surface modification of heterogeneous catalysts is a promising way to enhance photocatalytic efficiency [70-78]. Besides, other kinds of heterogeneous catalysts are also involved [79-83].

which may be more toxic than the source substances. Mineralizing contaminants completely to CO2, H2O and other
innoxious inorganic ions, which means their thorough degradation, is ultimate purpose of photodegradation [19, 26,
29]. At the same time, mechanisms and surrounding effects
of related PCP systems are of great importance [84, 85].
Fifthly, at present, there is a majority of photochemical
processes in AOTs focusing on wastewater treatment. In
fact, PCPs also happen in gas and solid phase, and so it is
possible to consider expanding PCPs to air pollution control and restoration of contaminated soil. Some efforts have
been made, but further research must be carried out [86].
Last but not least, further combination with other advanced oxidation processes will play an important role in
future wastewater treatment. It is obviously that different
kinds of advanced oxidation processes adapt to different
kinds of pollutant treatment. For a given case of water treatment in practical application, the most efficient procedure or
combination of procedures should be determined, considering pollutant nature, absorption spectrum, as well as presence of radical trapping agents. For example, both photoeletrochemical process [75] as well as photosonochemical
process [87] can be taken into consideration.
In other words, application of photochemical processes
in environmental technique domain still attracts considerable interest. Review of literature can make qualitative interpretations and generalizations, and it is necessary to work
out series of experiments under given conditions for a technical and economical practicability assessment of a defined
photochemical process. It is important to determine the most
efficient photochemical process for a given wastewater
treatment.
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Fourthly, not only degradation but also mineralization
rate of contaminants should be paid attention to. It is found
that although degradation efficiency is very high, mineralization efficiency is quite low in several researches. Moreover, there are kinds of photodegradation intermediates,
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TO ACID AND METAL/ METALLOID-ENRICHED SOILS OF
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ABSTRACT
Erica andevalensis is an endemic heather of the Iberian Pyrite Belt (SW Iberian Peninsula) whose growth is
always associated with mining areas. In its natural habitat,
E. andevalensis is found in extreme environments (acid
and metal/metalloid-enriched soils). Given its importance
in the colonization of mining environments, where no other
species is able to survive, we have investigated the effect of
acidic conditions (pHs 1, 2, 3, 4 and 5) and different concentrations (5, 50, 200 and 500 mg L-1) of Fe, Mn, Cu and
Zn on seed germination and the development of plantlets.
Germination increased significantly (p<0.05) with pH 2,
and 200 and 500 mg L-1 Fe treatments, but no significant
differences were observed in the rest of the treatments.
Moreover, the initial growth of the plantlets was enhanced
by pH 2, and 200 mg L-1 Fe, and a toxic effect was found
with 500 mg L-1 of all the metals tested, in which the roots
were not developed or necrotic, and the cotyledons were
reduced in size.
The data obtained here suggests that E. andevalensis not
only has a tolerance of extreme conditions, but also shows a
preference for this environment, this being explained by its
optimum germination and restricted distribution in the habitats of the Iberian Pyrite Belt.

KEYWORDS:
Ericaceae, Erica andevalensis, hypocotyls, iron, seeds

INTRODUCTION
The Iberian Pyrite Belt is the largest mass of sulphide
and manganese ores in Western Europe [1], and its soils have
been exploited since pre-Roman times (5000 years ago) to
extract copper, silver and gold [2], resulting in a landscape

dotted with open-pit pyrite mines, as well as underground
galleries with the exterior waste tailings [3]. Mining activity has increased the amount of minerals exposed to environmental conditions, giving rise to high pollution levels
in metals/metalloids and acidity in the rivers and watercourses of the region.
The presence of metals and acidity in the soils and
waters has long made it possible for some species of fungi
and bacteria to adapt to such extreme conditions [4]. In
mining areas, in general, plants have also developed adaptations [5], as in the case of Erica andevalensis Cabezudo
& J. Rivera. This species is an endemic heather of SW Spain
and Portugal [6-7], and is categorized as vulnerable by the
Spanish Government [8] due to the extreme environment
in which E. andevalensis lives, always associated with
acidic conditions and high metal concentrations. This habitat is found in the mine tailings, and on the banks and terraces of the rivers that cross the Spanish Pyrite Belt, the
Odiel and Tinto. In the most extreme habitats, no other
plant species is able to survive. Where the conditions are
temperate, another heather, Erica australis, is commonly
found growing alongside with E. andevalensis [9]. According to the description of the communities, E. andevalensis
is an almost exclusive species, with an area of coverage
greater than 50%, accompanied by other species with lower
coverage, or that are only present as individual examples
[10, 11]. As exposed above, the soils where this heather
lives are characterized by an acidic pH (2.5 - 4.5) and high
levels of heavy metals and metalloids, being the most abundant Fe (7500-470 664 mg kg-1), As (30-5139 mg kg-1),
Pb (32-4827 mg kg-1), Cu (10.7-1561 mg kg-1), Co (1.351419.5 mg kg-1), Mn (24-925 mg kg-1), Ti (15.8-595.8 mg
kg-1), Zn (6.6-466 mg kg-1), Cr (4.33-238 mg kg-1) and Ni
(2.23-99.6 mg kg-1) [12-16].
Heavy metals and metalloids have toxic effects on plants
at high concentrations, and seed germination is one of the
most sensitive physiological processes in plants, as well
as being more sensitive to metal pollution due to the lack
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of defense mechanisms in many species [17-19]. In the
sampling area, metals have been measured before and
data showed that Fe, Cu, Mn and Zn were the most abundant essential metals in this area, as much in water (Fe: 125
mg L-1; Mn: 55 mg L-1; Cu: 35 mg L-1; Zn: 80 mg L-1) [1]
as in soils (Fe: 7560 mg kg-1; Mn: 57 mg kg-1; Cu: 93.75
mg kg-1; Zn: 27 mg kg-1) [20]. These metals are essential
for plants, but toxic at high concentrations [21]. It has been
previously reported that the germination of E. andevalensis
is always associated to acid and metal-enriched soils [9,
22], making it possible for the heather to colonize these
extreme environments. The aim of the present work is to
study the effects of acidity and heavy metals on the germination and early development of the plantlets of E. andevalensis, to test the affinities and limitations of this species to colonize the habitat in its particular distribution area.
MATERIALS AND METHODS
Plant material

The seeds of Erica andevalensis were collected in a terrace of the Odiel River (37º43’N–6º42’W) in autumn 2007
from mature fruits of different specimens. E. andevalensis
grows alone at the sampling point, and only when the distance from the river increases, and therefore the soil conditions become less extreme, do other species appear. The
seeds were cleaned and stored in paper envelopes under
dry conditions, at room temperature and in the dark.
The viability of the seeds was checked by selecting
only the ones that sank in a distilled water pot, rejecting
those seeds that floated as empty. E. andevalensis seeds
have been described as physiologically dormant but aroused
by cold pre-treatment. Therefore, once the viability of the
seeds was tested by the method described above, the seeds
were placed in vials with distilled water and kept at 4 ºC
for 20 days. After this period, the seeds were air-dried and
kept in the dark at 4 ºC prior to use, following the methodology proposed by Aparicio [23].
The seeds were surface-sterilized just before use in 70 %
ethanol (v/v) for 1 min, then rinsed in sterilized water and
immersed in 5 % (v/v) sodium hypochlorite for 10 min
and, finally, rinsed three times in sterile water. The seeds
were placed in Petri dishes (9 cm diameter) with three layers
of autoclaved filter paper, watered with 5 ml of different
treatment solutions and sealed with adhesive tape (Parafilm™) to avoid desiccation. Each plate contained 50 seeds,
and 3 dishes for each treatment were prepared. A total of
3300 seeds were used.
The seeds were germinated under controlled-environmental conditions with 12/12 hours of day/night at 29/24 ºC,
respectively. The light was provided by fluorescent lamps
that produce a photosynthetic photon flux density of 60
µmol m-2s-1. A seed was considered to be germinated
when the radicle had the same size as the seed (between
0.2 and 0.3 mm). The germination was observed for 55
days. The germination in each plate was recorded every

two or three days, and germination percentages calculated
for each plate.
Effect of pH

The seeds were watered with deionised water acidified
with sulphuric acid, to get final pH values of 1, 2, 3, 4 and
5. The use of sulphuric acid to adjust the pH of the water
was justified by its similarity to the acidity in the river [1,
24], and the toxicity produced by chloride in germination
studies [25].
Effect of heavy metals

Since the present study is interested in analysing the
edaphic conditions that might explain the establishment of
this species in particular conditions, only those elements
considered to be essential for plants have been studied [26].
Following this criterion, we selected the essential metals
present in the study area at the highest concentrations [20],
with the aim of analysing their optimum concentrations in
relation to the seed germination. The metals selected were
Fe, Mn, Cu and Zn.
The concentration of the metals used to evaluate the
seed germination were 5, 50, 200 and 500 mg L-1, noting
that, in all the cases, this range included the concentrations
of the dissolved elements found in waters of the Odiel
River at the point where the seeds were collected (close to
“Puente de los Cinco Ojos”) (125 mg Fe L-1, 55 mg Mn L-1,
35 mg Cu L-1 and 80 mg Zn L-1) [1].
The metals used in the experiment were added as sulphates: Fe2(SO4)3 7H2O, MnSO4 H2O, CuSO4 5H2O and
ZnSO4 7H2O, and dissolved in deionised water. The chemical form of the metals added, sulphate, was chosen according to the most abundant anion found in the environment
where the plant usually inhabits [1, 24]. Secondly, this
choice was supported by the same reason given in the
section on pH treatments: chloride can have a negative effect
on the germination process and on the seedling development [25]. The pH of the solutions prepared showed the
following range between the maximum (500 mg L-1) and
minimum (5 mg L-1) concentrations: Fe (4.42-5.58); Mn
(4.45-5.2); Cu (5.0-5.22) and Zn (5.36-5.57).
A control experiment was designed using only deionised water, as previously described [23].
Initial development of the germinated plants

Each new germinated seed was marked and kept in the
plate for 10 days. The seedling development was analyzed
after this time, and the length of hypocotyls and main root
measured along with the number of roots, and length and
width of the cotyledons.
Data analysis

The germination dynamics were analysed using the parameters t0 (number of days until the first seed germinates)
and t50 (number of days necessary to reach 50 % of final
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germination percentage), previously described in E. andevalensis germination assays [27].
The statistical analyses of the data were performed using SPSS. The normality of the data was tested and
Kruskal-Wallis and Mann-Whitney U tests were performed
due to the non-normality of the data. The significance
levels considered are indicated in each figure or table.

Regarding the final germination percentage after 55
days, the only treatment that presented significant differences (p<0.05) compared to the control, was pH 2 (24.28 ±
6.94 %) (Fig. 2). No germination took place at pH 1, a
treatment in which as soon as the seed was placed in the
plates, the covers were burned changing from brown to
yellow, without any other change over time.
Effect of heavy metals

RESULTS
Effect of pH

Figure 1 shows the effect of the pH on the time course
of the germination. The t0 value was 7 for pH 2, and 9 for
the rest of the pH treatments, with no significant differences (p<0.05) compared to the control (t0=7). The t50
value was 24.5, 24, 26.3 and 30.5 days for pH 2, pH 3, pH
4 and pH 5 respectively, with no significant differences
(p<0.05) compared to the control (27.67).

FIGURE 1 - Cumulative germination percentage of E. andevalensis
for 55 days with different pH treatments (n=3).

The metals tested had different effects on the germination of E. andevalensis (Fig. 3 A-D) when compared to
the control. After 55 days, the germination percentage of
the seeds in the plates with 200 and 500 mg L-1 of Fe were
14.67±5.03 and 17.33±11.37, respectively, values significantly higher than the control (p<0.05) (Fig. 3 A; Fig. 4).
The concentrations tested for Mn, Cu and Zn did not affect
the final seed germination percentage of E. andevalensis
(Fig. 3 B, C and D).
No differences (p<0.05) were found at the beginning
of the germination (t0) compared to the control in Fetreated seeds (9, 7, 7 and 7 days in 5, 50, 200 and 500 mg
Fe L-1, respectively). Seeds placed in 500 mg Mn L-1
showed a significant germination delay compared to the
control (t0=16), but no differences were found compared
to the control in 5, 50 and 200 mg Mn L-1, which started
germination at 7, 7 and 9 days, respectively. Seeds placed
in 50 mg Cu L-1 showed a significant germination delay
with regard to the control (t0=28), and no differences were
found in relation to the control in the other Cu treatments,
which started germination at 7 days. Seeds placed in 5 mg
L-1 Zn showed a significant delay with respect to the control (t0=23), but again no differences were found compared
to control in 50, 200 and 500 mg Zn L-1, which started germination at 7, 9 and 9 days, respectively.
However, none of the metals tested had an effect (p<
0.05) on the time course of the germination when t50 was
calculated, compared to the control (26.67 days).
Initial development of the germinated plants

The seedling development was analyzed in those treatments that underwent changes in the germination rates: pH
and Fe (Table 1). The pH 2 not only had a positive effect
on the germination rate, but the plants also showed longer
roots and larger cotyledons, compared to the control (p<
0.05). No significant differences were found in plant size
for the rest of pH levels tested.

FIGURE 2 - Mean final germination of E. andevalensis seeds in
different pH values (mean ± standard error, n=3). An asterisk on
top of the bar (*) means a significant difference at p < 0.05, compared to the control.

No differences in size were found in plants treated
with 5, 50 or 200 mg L-1 of Fe, except the width of the
cotyledon which was larger in 50 and 200 mg Fe L-1 (p<
0.05 compared to the control) (Table 1). High concentrations of Fe, 500 mg L-1 resulted in toxic effects for the
plants, due to the reduced length of the hypocotyls and
size of the cotyledons, and the non-development of roots.
Similar toxic effects were also observed in the small number of seeds that germinated in 500 mg L-1 of Cu and Zn.
In the case of Cu, none of the 8 germinated seeds succeeded in developing roots, and the cotyledons were in-
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FIGURE 3 - Cumulative germination percentage of E. andevalensis for 55 days at different metal concentrations (mg L-1) (A) Fe, (B) Mn, (C)
Cu and (D) Zn (n=3).

FIGURE 4 - Mean final germination of E. andevalensis seeds in different heavy metal concentrations (mg L-1) (mean ± standard error, n=3).
An asterisk on top of the bar (*) means a significant difference at p < 0.05, compared to the control.
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TABLE 1 - Results of the morphological analysis (mean ± standard deviation) of 10 day-old plants in the different treatments (pH and mg L-1
Fe concentration) are shown.
Cotyledon length
Cotyledon width (mm)
(mm)
Control
6
2.22 ± 0.57
1.65 ± 0.85
2.00 ± 0.63
0.617 ± 0.753
0.433 ± 0.052
pH 1
0
No development
No development
No development
No development
No development
pH 2
20
2.09 ± 0.25
3.65 ± 1.32**
2.00 ± 0.56
0.745 ± 0.094**
0.560 ± 0.114**
pH 3
3
2.17 ± 0.45
1.33 ± 1.35
1.33 ± 1.15
0.670 ± 0.150
0.500 ± 0.170
pH 4
7
1.94 ± 0.53
1.14 ± 0.94
1.14 ± 0.90
0.543 ± 0.113
0.414 ± 0.107
pH 5
6
2.25 ± 0.70
1.83 ± 0.78
1.67 ± 0.52
0.617 ± 0.117
0.450 ± 0.105
Fe 5
8
2.16 ± 0.26
1.13 ± 0.36
2.25 ± 0.50
0.663 ± 0.092
0.475 ± 0.117
Fe 50
4
2.5 ± 0.47
1.85 ± 1.27
2.00 ± 0.00
0.800 ± 0.141
0.600 ± 0.141*
Fe 200
19
2.13 ± 0.36
2.77 ± 2.45
1.84 ± 0.60
0.737 ± 0.138
0.511 ± 0.120*
Fe 500
26
No development
No development
1.19 ± 0.40***
0.381 ± 0.247**
0.212 ± 0.153***
Data are shown for the group of treatments that produces effects in the germination rate. The different treatments have been compared to the control
and asterisks show statistical differences (*** p< 0.001; ** p< 0.01; * p<0.05).
Treatment

n

Hypocotyl length (mm)

Root length (mm)

Number of roots

cluded in the test for the 10 days during which the growth
was followed. In the case of Zn, none of the 7 germinated
seeds developed roots
DISCUSSION AND CONCLUSIONS
Previous studies showed that the germination percentages of E. andevalensis under in vitro conditions are generally low. The experiments carried out by Aparicio [23]
reached final germination percentages of 5% in non-pretreated seeds, and 20% after subjecting the seeds to 20 days
of cold and wet pre-treatment. Furthermore, Rossini-Oliva
et al. [27] achieved germination percentages of 13.8% in
non-pretreated seeds and 14.6% after exposing the seeds
to one month of cold and dry treatment. The results obtained in the present study, applying the methodology described by Aparicio [23], were only 4 ± 2 %, less than expected. Seeds were sterilized to avoid possible fungal infection, and this may be partly responsible for the low value
obtained in this control when compared to previous studies. However, taking into account that all the seeds in the
present experiments have been treated in the same way,
the results with the different treatments in this study are
comparable.
Acidity had a stimulatory effect on the germination of
E. andevalensis, although the most acidic treatment, pH 1,
was too extreme and seeds were not able to withstand it.
Seeds placed at pH 2, reached the highest germination percentages after 55 days. Treatments carried out at pH 2 increased not only the germination rate, but also the initial
plant development of E. andevalensis, showing a positive
effect on the size of the roots and the cotyledons, while
the other pH treatments showed no significant differences
with regard to control.
Because the pH range of the Odiel River water at the
sampling point is 2.8-3.4 [1], and the pH in the soils of
the Spanish Iberian Pyrite Belt ranged from 2.5 to 6.97
[15, 16], the results obtained in the present study, both for
seed germination and initial plant development, seem to

disagree with those observed in the area where seeds have
been collected. However, taking into account that treatments of 200 and 500 mg Fe L-1 presented similar germination percentages to pH 2, and considering that these
solutions presented a pH close to 5.6, there might be an
influence of the Fe concentrations that would modify the
pH effect found in this study when using solutions of sulphuric acid in deionised water.
Nevertheless, the higher germination rate and larger
plantlets observed in pH 2-treatment with the methodology
applied support the initial idea that E. andevalensis seed
germination can be influenced by acidity. This possible
positive relationship between pH and seed germination in E.
andevalensis has been proposed before [9]. However, in a
recent study about different factors influencing the germination of E. andevalensis, it was stated that the pH did not
influence the germination, after testing only with pH 3.5
adjusted with HCl [27]. This result is in accordance with
those obtained in the present study, as we also did not
find any differences in the final germination percentages
of seeds at pH values 3 and 4 compared to the control.
Therefore, the present study reveals that the ability of E.
andevalensis to colonize extreme acidic habitats is innate
to the species, and is already expressed in the early stages of
development. Furthermore, the acid pH preference seems to
be independent of the presence of the mycorrhiza described
in the heavy metal tolerance of E. andevalensis [28].
Among the metals tested, Fe was the only one with a
stimulatory effect in germination rate when it was added
at high concentrations (200 and 500 mg L-1). Despite the
highest seed germination percentage obtained with 500 mg
L-1 of Fe, this concentration was too high and not accompanied by good plant development (Table 1), due to the small
size of the plantlets observed and the non-development of
roots. Therefore, 200 mg Fe L-1 seems to be the best Fe concentration, however this value is slightly higher than the
dissolved Fe measured in the waters of the river collected
at the sampling point of the seeds [1].
On the other hand, this study showed that Mn, Cu and
Zn had no effect on the germination of E. andevalensis,
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and toxic symptoms appeared at 500 mg L-1 in all the
metals tested, with inhibition in root formation.
Since all the metal solutions used in this study presented pHs around 5, it is possible that variations in the
acidity of these solutions would change the effect of metals on the germination process, in the same way that variations in the metal concentrations might change the pH of the
solutions, as previously exposed. For this reason, it would
be very interesting to plan new studies to analyze the combined effect on the seed germination of heavy metal concentrations and the pH of the solutions.
The beneficial relationship of pH 2 and 200 mg Fe L-1
treatments for seed germination and the initial development
of E. andevalensis plantlets would support the preference
of this species for its current habitat (extreme acidity and
high concentrations of Fe and other metals [15, 23]) which,
according to some authors [12], are only colonized by a few
species, including E. andevalensis. Nevertheless, other authors point out that this species has a high tolerance for
different edaphic conditions, particularly acidity, being able
to live in soils with pH values ranging from 3.3 to 6.2 [16].
However, the typical populations of this species always
appear in soils with pHs lower than 4.4 [15, 29], conditions in which not too many other species can compete due
to the toxic effect of the soil [6, 12].
To tolerate the extreme conditions in its habitat, E. andevalensis should have developed adaptations to germinate
under acid conditions and high levels of Fe to be able to
live in environments with almost no competition from other
species. However, the results of this study do not only
suggest a simple tolerance, but also a preference for the
media. It is possible to explain this through its optimum germination and restricted distribution in the habitats of the
Iberian Pyrite Belt, occupying those habitats with the most
extreme acidity and high metals/metalloid content.
At present, E. andevalensis has been proposed as a
means for the recovery of the sulphide-mining areas [29],
and the germination data in this study can be used to support this proposal, due to the beneficial effects of iron and
acidity on the germination process. E. andevalensis seeds
should no longer present problems when germinating in
soils highly affected by mining activities, undertaking the
role of pioneer in the colonization of soils where other plant
species are not able to survive.
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MUNICIPAL WASTEWATER TREATMENT
IN A MEMBRANE BIOREACTOR
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ABSTRACT
A membrane bioreactor (MBR) with a submerged
membrane was used for the treatment of municipal
wastewater from the city of Zagreb, Croatia, in a continuous mode for 123 days. The MBR was very efficient in
organic matter removal (92.3 and 98.5 % for COD and
BOD, respectively) for the entire duration of the experiment. Nitrification was established after 20 days remaining stable and efficient with a low concentration of ammonia and nitrite in the effluent. On average, 87% of ammonia was converted to nitrate. Biomass concentration,
measured as MLSS, was dependant on the organic loading
rate (OLR) and food to microorganism ratio (F/M), and its
growth could be stopped or its concentration reduced by
setting OLR and F/M to appropriate values, thus reducing
the excess sludge production. Throughout the range of
hydraulic retention times from 2.6 to 5.9 h, the efficiencies
of organic matter removal and nitrification were not affected.

KEYWORDS: membrane bioreactor, municipal wastewater, submerged membrane

INTRODUCTION
Membrane bioreactor (MBR) technology, which combines biological activated sludge process (ASP) and membrane filtration, have became more popular, abundant and
accepted in recent years for treatment of many types of
wastewater where conventional ASP cannot cope with either the composition of wastewater or the fluctuations of
wastewater flow-rate. It is also used in cases where demand on the quality of effluent exceeds the capability of
ASP [1, 2]. Although MBR capital and operational costs
somewhat exceed the costs of a conventional process, it
seems that an upgrade of a conventional process occurs
even in cases when conventional treatment works well. It
can be related with the increase in water price and the need

for water reuse, as well as with more stringent regulations
on effluent quality [3]. MBR technology has not only attracted interest in setting up new wastewater treatment
systems but it has also great potential for upgrading the
already existing conventional ASP treatment plants [4].
A need for the development of MBR technology arose
mainly from the limiting factor in conventional treatment,
namely, the separation of sludge from treated water through
sedimentation. Without good sedimentation in the secondary settler, parts of the sludge end up in treated water,
which leads to poor removal efficiency. Sludge with poor
settling characteristics is often called bulking sludge and,
in most cases, problems occur due to the growth of filamentous bacteria. The main reasons for bulking are low dissolved oxygen concentration, low food to microorganism
ratio (F/M) and nutrient deficiency. While the necessary
dissolved oxygen concentration can be provided by a proper
aeration system, problems with variations in wastewater
flow-rate and composition can seriously affect the ASP. If
the design of the plant allows it, bulking can be mitigated
by setting operational parameters, such as F/M ratio, high
enough to enhance the growth of floc-forming organisms.
By doing so, microorganisms in the activated sludge are
kept in exponential growth phase in which they produce
large amounts of excess biomass. To achieve high F/M,
the MLSS in the aeration basin has to be kept low (around
3-5 g/L dry mass weight), while the concentration of organic matter in the feed water needs to be high. Those conditions are usually easy to achieve with municipal
wastewater with small amounts of industrial wastewater
and drainage water. In cases when drainage water dilutes
the wastewater significantly or industrial wastewater adds
its components into the influent, the ASP efficiency can
be seriously lowered due to poor sedimentation of microbial flocs.
Effluents from ASP always contain significant microbiological contamination, since there is no physical barrier
between activated sludge and treated water. A correlation
has been reported between the occurrence of eye and ear
infections in humans and their contact with ASP effluents
during recreational use of such water [5]. This problem is
even more pronounced if hospitals discharge their
wastewater into the sewage without treatment when an
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increased number of pathogens may be found in raw
sewage and effluent.
To overcome the limitations of ASP, MBR technology
can be successfully employed. In general, MBR is a combination of an aerated bioreactor and the membrane filtration, where the membrane process replaces the sedimentation of the ASP. Since MBR is no longer restricted to operation within a narrow range of SRT typically required by
an ASP to insure the settling of the sludge, F/M ratio can
be set much lower than with ASP, thus allowing operation
on much higher MLSS concentrations, which consequently
leads to higher volumetric efficiency of the process. Given
the reduction in bioreactor volume, the elimination of secondary clarifiers, and the elimination of granular media
filters, an MBR typically has a much smaller footprint
relative to ASP while achieving the same discharge limits.
Due to this footprint reduction, other concerns, such as aesthetics and odours, can be more easily addressed. Also,
lower F/M ratio leads to lower production of excess sludge
which then decreases the cost of sludge handling and
disposal.
As water reuse and reclamation increases, MBR technology can make reclaimed water more accessible by
achieving the reclaimed water treatment standards in nearly a
single step, thus reducing the complexity of these systems.
Using a membrane instead of the ASP’s sludge settling,
most of the pathogens of concern in the wastewater can be
significantly removed from the effluent. In addition, the
clarity of effluent produced by the MBR process is consistently below 0.1 NTU, which is comparable to drinking
water standards. This low turbidity can result in an effluent highly amenable to final disinfection using ultraviolet
light. Membrane filtration followed by UV results in a highly disinfected effluent.
MBR systems do not require significant operational attention or, in any case, much less than conventional ASP
and they are a much better solution for small plants where
ASP is not feasible due to its requirement for constant
attention and monitoring.
This paper reports on long-term pilot testing of a submerged MBR for treatment of real municipal wastewater.
MATERIALS AND METHODS
Experiments were conducted on a pilot plant MBR
with a hollow fibre membrane (Zenon ZeeWeeTM-10) vertically submerged directly in the 40-L (useful volume)
rectangular-based (24x24x93 cm) bioreactor. Membrane
properties are given in Table 1.

The pilot plant was located near the municipal
wastewater collector of the city of Zagreb (South). The
plant was situated outside under a roof, so that the ambient
temperature governed the temperature in the bioreactor.
Municipal wastewater (almost completely domestic) was
used as the source of raw water. Water was pumped directly from the sewage with no pre-treatment save for
coarse particles removal using a 5 mm screen. The effluent
was collected as a composite 24-hour sample in a plastic
container, and analyses were performed on a daily basis, 5
days a week. Testing was carried out through an experiment that lasted uninterruptedly for 123 day. The bioreactor was inoculated with activated sludge from the full-scale
municipal wastewater treatment plant with the initial
MLSS (mixed liquor suspended solids) concentration in the
bioreactor of 8 g/L. No sludge has been wasted save for
small volumes due to sampling. Flow-rates of both permeate and feed water were maintained by a laboratory pump
and measured with a flow-meter, while the corresponding
transmembrane pressure (TMP) was measured by a pressure gauge. Compressed air was supplied through a diffuser at the base of the membrane in order to create shear
stress, thus mitigating the formation of cake layer on the
membrane surface, and in order to obtain aerobic conditions for biological treatment. Aeration was set to 3.4 m3/h
(3.62 m3/h/m2 of membrane cross section area), which gave
high oxygen concentration, always above 4 mg/L. The temperature in the bioreactor was governed by the outside
temperature and it was 8 oC (from 3-15 oC) on average for
the first 40 days of the experiment, and then it rose to 20
o
C (from 16-26 oC) on average, and remained within that
boundary until the end of the experiment. The membrane
was backwashed with effluent for 10 seconds every 9.75
min with the backwash flow-rate 1.5 times higher than
that of the permeate. The membrane was not chemically
cleansed during the experiment.

RESULTS AND DISCUSSION
The treated wastewater was the municipal wastewater
from the city of Zagreb (South), with approximately 120.000
inhabitants. Wastewater was mostly of domestic origin with
few industrial wastewater inflows. The composition of
wastewater is given in Table 2. As can be seen, the used
wastewater was not heavily polluted, with a composition and
COD, total nitrogen and phosphorus ratio favorable for biological treatment. Fluctuations of pH were minimal and
measured values also suitable for treatment. There was no
TABLE 2 - Composition of the wastewater

TABLE 1 - Membrane properties.
Dimensions
Filtration area
Nominal pore size

Fibre length 0.52 m
0.93 m2
0.4 µm

94 cm2
6.5 x 1011 m-1

Cross section area
Resistance Rm

COD (mg O2/L)
BOD5 (mg O2/L)
Total N (mg/L)

2277

Average

Minimum

Maximum

290
102
38

72
36
24

507
267
54

Standard
deviation
95
40
6.7

Total P (mg/L)
pH
Fats and oils (mg/L)

7
7.65
21
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3
7.11
10

9
8.46
66

1.7
0.4
16.6

Fats and oils
Total P
Nitrification

dissolved oxygen in the wastewater due to its consumption
by the bacteria within the sewer system.

600

100

500

80

400

60

300
40

200

Removal (%)

COD/ mg O2 L-1

The results of COD and BOD removal from the wastewater are presented in Figs. 1 and 2. It can be seen that removal efficiency for the organic matter was very high (9294%) under all of the investigated experimental conditions.

0
0
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100

MBR effluent

0
125

TABLE 3 - Treatment efficiency for
the whole duration of the experiment.

COD
BOD

Minimum Maximum
75.0
93.5

12.6

26.9

72.2

From the data in Fig. 2, it can be seen that all of the
effluent BODs were consistently excellent. Ranges for all
of the measured constituents of concern in the effluent are
presented in Table 4. All the measured effluent samples
were suitable for discharge into the natural water recipient
according to Croatian legislation. In the near future, nitrogen removal through denitrification and advanced phosphorus removal will be necessary to meet the more stringent regulations for effluents from wastewater treatment
plants.

Removal

98.3
99.9

BOD5/ mg O2 L-1

High removal efficiency was enhanced by the high
sludge retention time (SRT), i.e. sludge age and high sludge
concentration, which together enhanced the volume efficiency of the process in the bioreactor. Membrane separation of sludge from the treated water achieved the retention
of suspended matter within the bioreactor which prolonged
the available time for its degradation by microbial culture.
Membrane separation also enabled the adaptation and development of microorganisms capable of degradation of
less biodegradable compounds in the wastewater. High removal efficiencies (always more than 90%) were reported
in most of the papers concerning municipal wastewater
treatment by MBR [1, 6, 7]. High removal efficiency is
usually explained by good microbial activity and efficient
removal of suspended solids by membrane filtration, Contribution of membrane filtration to this removal has been
reported to be more than 70% [8], but it is generally considered that filtration itself contributed to overall removal
by approximately 30% [6].

Standard
deviation
3.9
1.2

99.6

The removal of BOD was, as expected, higher than
the removal of COD (Table 3) and amounted to more than
98%. Since the effluent BOD values averaged about 2 mg
O2/L, this indicates the complete removal of biodegradable organic matter.

FIGURE 1 - COD in wastewater and MBR effluent.

Removal
efficiency [%]
92.3
98.5

91.1

Average Min.
Max. St. dev. Requirementa
COD (mg O2/L)
20.7
5.8
47.0
8.7
max. 125
BOD5 (mg O2/L)
1.4
0.1
6.0
1.1
max. 25
Total N (mg/L)
34.6
20.6
47.5
6.7
No limit (15b)
Total P (mg/L)
3.4
2.8
5.2
0.7
No limit (2b)
Fats and oils (mg/L)
0.33
0.08
1.27
0.29
No limit
a
According to Croatian law requirements for biologically treated municipal wastewater; b Limit for sensitive areas

Time/ day
Raw wastewater

2.2

TABLE 4 - Composition of the effluent.
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Removal

FIGURE 2 - BOD in wastewater and MBR effluent flow-rate.

Even when the feed flow-rate was increased from the
usual value of 6.8 L/h in four steps, each lasting a week,
to 16 L/h, the organic matter removal was undisturbed
(Table 5). At the highest applied flow-rate, when the
hydraulic retention time (HRT) was 2.6 h, the standard
deviation and mean value of BOD concentration in the
effluent were the same as at the lowest flow-rate.
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HRT of 2.6 h is rather low compared to the operating
conditions of most MBRs reported in literature. In the work
TABLE 5
COD removal efficiency and nitrification
efficiency for various wastewater flow-rates.
Flow
[L h-1]

HRT
[h]

6.8
9.0
10.3
13.5
15.6

5.9
4.4
3.9
3.0
2.6

OLR
[g COD L-1
day-1]
1.29
1.75
2.02
2.44
2.36

COD removal
[%]
92.1
94.6
94.9
93.9
91.9

Nitrification
[%]
93.1
74.3
93.3
79.3
81.8

work of Ren et al. [9], the effects of HRT (1–3 h) on removal efficiency were investigated. The influence of HRT
was clearly observed when this parameter changed from 2
to 1 h. Trussell et al. [10] observed no disturbance of effluent quality over the range of food to microorganism ratio
(F/M) of 0.34 to 1.41 g COD/g VSS d), while investigating membrane fouling. Working at low HRT certainly increases the volume efficiency of the bioreactor, thus making
it smaller. However, Yoon et al. [11] calculated the cost for
excess sludge handling and the aeration cost, which were
primarily a function of MLSS and HRT. They proposed
best economical operational conditions: HRT of 16 h and
MLSS of 11,000 mg/L, when the aeration for biodegradation was 13.3 m3 air/min, in order to treat 1000 m3 of wastewater per day. They also concluded that the sludge treatment cost surpasses the aeration cost for reasonable ranges
of HRT and MLSS.

60
50

mg N/L

40
30

Several other studies reported high nitrification efficiency in MBR operating at a long SRT [7, 12]. Cicek et
al. [13] showed that nitrification ability of the activated
sludge is seriously affected when SRT is lower than 5 days
while Huang et al. [14] achieved good nitrification with
SRTs varying from 5-40. A number of other authors have
researched the efficiency and rate of nitrification in MBR
[15-17]. During treatment of municipal wastewater in an
MBR, Witzig et al. [18] observed the absence of usual nitrifying organisms Nitrobacter and Nitrosomonas within the
microbial community with good nitrifying ability. Tan et
al. [19] also found the relative presence of different nitrifiers within the microbial community to be influenced by
the SRT.

20
10
0
0

25

50

75

100

ing microorganisms enhances biological nitrification, since
nitrifiers are a slow growing autotrophic species. In this
work, SRT can be estimated at around 6 months, since the
minute amounts taken for sludge sampling represented
the only sludge that was wasted. As it can be seen from
Fig. 3, the initial sludge with a low number of nitrifiers
started to show nitrification activity after the initial
adaptation phase, which lasted about 20 days. Nitrite
concentration sharply rose at the onset of nitrification, but
then it fell to less than 0.2 mg/L and remained below that
boundary until the end of the experiment, with only a few
exceptions when its concentration rose to several mg/L
(never more than 5 mg/L). The same can be observed with
the con-centration of ammonia in the effluent, which was
high be-fore the start of nitrification and, with few exceptions, re-mained low until the end. Usually, the disturbances in ni-trification were correlated with the pumping
problems of feed wastewater, which led to drops in mixed
liquor volume in the bioreactor and, consequently, to a
lower dissolved oxygen concentration. Also, in such cases, the bio-reactor was being filled to the working volume
of 40 L with wastewater, thus sharply increasing the organic
and ni-trogen load to the bioreactor. Obviously, nitrification was stable and efficient, but more susceptible to such
disturbances in the process than organic matter removal.
Overall efficiency of nitrification was rather high and
stable throughout the treatment experiment, even at high
nitrogen loads to the bioreactor, as can be seen in Table 5.
Nitrification efficiency expressed as ratio of nitrate mass
in the effluent divided by nitrogen mass loaded into the
bioreactor was always higher than 0.74, reaching to over
0.9. With a low ammonia concentration in the effluent, the
reason for lower nitrification efficiency during the increased nitrogen load into the bioreactor was biomass
growth and assimilation of nitrogen in the newly formed
bacterial biomass. Also, there might have existed some
anoxic zones at the bottom of the bioreactor, or in the
centre of the bacterial flocs, where some denitrification
might have occurred and possibly some nitrogen left the
bioreactor as a gaseous product of denitrification.

125

Time/ day
Ammonia wastewater
Ammonia MBR effluent
Nitrite MBR effluent
Nitrate MBR effluent
FIGURE 3 - Nitrification in MBR

The ability of MBRs to operate at higher biomass
concentrations and provide better retention of slow grow-

Here, most of the ammonia from the wastewater was
converted to nitrite (more than 87% after the start of nitrification), which shows that microbial cells were not as-
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similating much nitrogen into the biomass. That observation implies slow growth of the biomass, which was the
case for most of the experiment duration (Fig. 4).
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Time/ day
MLSS

Q

FIGURE 4 - MLSS concentration and feed water flow-rate

Until day 34 of the experiment, the wastewater inflow
had been constant at 6.8 L/h, which resulted in a gradual
increase of the MLSS up to 10-11 g/L, where the MLSS
increase stopped. With a very low rate of sludge wasting,
more biomass was accumulated inside the MBR than usually found in the ASP. Constant inflow of feed water with
nearly constant COD concentration along with increase of
MLSS resulted in a continuous decrease of the F/M ratio
from initial 0.149 g COD g MLSS-1 day-1 to 0.107 g COD
g MLSS-1 day-1 on day 31. Under these conditions, MBR
was operated progressively in an endogenous respiration
state of microorganisms rather than state of exponential
growth, and so the resulting sludge production was minimized. After 34 days, the wastewater flow was gradually
increased from 6.8 L/h to 15.6 L/h (Table 4), which increased the organic loading rate into the bioreactor and, as
a consequence, biomass concentration also increased to
the 13 g/L. This period was characterized by the F/M ratio
of 0.15 to 0.22 g COD g MLSS-1 day-1. Along with the
return of the feed flow-rate to its original value, a sharp decrease of MLSS can be seen, while after the complete break
in the feed lasting 6 days (days 86-91), a serious decrease
of MLSS concentration occurred. Feeding with
wastewater commenced again on day 92, and the MLSS
consecutively started to rise again. It is clearly obvious
that biomass concentration in the bioreactor is primarily a
function of the organic loading rate. The biomass concentration de-crease between days 63 and 92 of the experiment did not influence the treatment efficiency, but the
fate of the re-moved suspended solids needs explaining.
Since there was no leakage of the suspended matter from
the bioreactor, it is obvious that bacterial cell decomposi-

tion occurred and that decaying bacterial cells released
their organic material into the dissolved phase of mixed
liquor. There it became a substrate for other bacteria
which transformed it to CO2. Inert non-biodegradable
matter, such as parts of the cell wall remained as particulate within the bioreactor. The nitrogen which had been
also released during cell decomposition was converted to
nitrate by the nitrifying bacteria, and left the bioreactor
with the effluent. Due to the long period of biomass decrease, there was no significant increase of nitrate concentration in the effluent.
Low sludge production under low F/M ratio has been
reported by several studies [7, 14, 20]. Usually, the biomass enters the steady state characterized by low or no
growth when F/M ratio is set low by keeping the MLSS
high. The most common explanation for the growth rate
decrease is that in the conditions of scarce availability of
substrate, and microbial cells utilize it to maintain themselves rather than to grow. According to the maintenance
concept introduced by Pirt [21], part of the energy contained in the supplied substrate is used for maintenance
functions which are independent of growth rate. When the
energy supply into the bioreactor is lower than the
maintenance energy, the biomass ceases to grow and
utilize the substrate for maintenance. In that manner, the
sludge production in the process is much lower or even
absent. Another concept is based on assumption that the
microbial growth rate is counteracted by the microbial
death rate, which leads to a growth rate decrease or stoppage. Witzig et al. [18] measured the number of ribosomes in the biomass from an MBR under high SRT and
in the absence of visible biomass growth. The observed
biomass was not in the characteristic state for growth,
which suggests that the maintenance concept, rather than
the concept of equity of growth and death rate, is valid for
the observed growth stoppage in MBR. Leara et al. [22]
investigated the possible correlations between sludge
retention time (SRT), bio-mass growth, biomass activity
and membrane cleaning re-quirements in a submerged
membrane bioreactor (MBR), and reported that TSS/VSS
ratio remained above 75% for all SRTs used, suggesting
low accumulation of inorganic substances in the bioreactor. They also observed stabilization of the MLSS over
time in the case of complete retention of biomass and
nearly infinite SRT at F/M ratio of 0.06 g COD gVSS-1
d-1. Very low sludge production in pilot MBR operations
has been reported, but it is often im-practical for full-scale
operations to keep F/M too low, since a high MLSS concentration may promote membrane clogging and increase
the energy consumption for oxygen transfer to aqueous
phase through aeration. Nevertheless, due to a lower F/M
ratio in the MBR, there is a significant decrease of sludge
production in comparison to ASP, which decreases the
cost of excess sludge handling.
The confirmation that the biomass was not in a state of
over-saturation with the organic substrate in the wastewater
can be seen in the linear dependence of the organic load-
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COD removal [kg COD m-3 day-1]

ing rate (OLR) and COD removal rate (Fig. 5). With the increase of OLR, COD removal increased, which shows that
for the imposed operational parameters, the pollutants` decomposition rate was dictated by the feed flow and not by
the MLSS concentration.

tia through the project: «Wastewater treatment and membrane fouling in membrane bioreactors».
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During the experiment, the membrane was frequently
backwashed, but it was not chemically cleaned. After the
123 days, it was cleaned with hypochlorite solution and
its original permeability was restored. Permeate flux ranged
between 7 and 15 L m-2 h-1 depending on the permeate
flow-rate imposed by the pump, but it was on average 7.2 L
m-2 h-1. Transmembrane pressure varied over time depending on the imposed flux and the level of membrane fouling, and it was between 2.36 and 15.8 kPa. Estimated
membrane permeability decreased from 417 L m-2 h-1 bar-1
to 55 L m-2 h-1 bar-1 in 123 days of experiment duration.
The more detailed results of membrane fouling observation were published elsewhere [23].
CONCLUSION
MBR with a submerged membrane was capable of
treating the municipal wastewater with high efficiency
for COD and BOD removal. The nitrification was also very
stable and efficient, but generally more susceptible to process disturbances than organic matter removal. The MLSS
development was a function of the F/M ratio and, by its
alteration, it was possible to achieve a complete stoppage of
biomass growth or a decrease of its concentration. By setting the F/M ratio, it is possible to minimize the excess
sludge production and cost of its handling.
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ABSTRACT
In today’s world, it has become necessary to deal with
problems regarding water resources through studies to be
conducted on a local even basin basis. In this study, considering the water quality as the limiting factor for the
Ergene Basin, we have considered it necessary to make an
analysis of the change of the current water quality by years
in the basin, designed and stored in computer environment
an environmental data base including information, such as
topography, administrative boundaries, settlement areas,
streams, polluting facilities, forest cover of the basin in the
form of a geographic information system in order to display the current situation of the basin in computer environment, and aimed to identify the classification of the water
quality by using a software package (MapInfo) on data.

KEYWORDS:
river pollution, water quality, numerical area model, MapInfo

based study has been carried out in Australia’s 1200 km
Murrumbidge River to display the pollution movement in
the river. This study has been developed for point source
pollution cases (i.e toxic chemical discharges). As a result, the study has offered an insight on how the mechanism of pollution diffuse works, and how much information of what quality is required to get the hydrology of
water ways via an accurate simulation [6].
In a different study, a water monitoring network has
been developed by using GIS. Surface water data of Istanbul (Turkey) have transferred into GIS and existing
and planned situations have evaluated on the digitalized
map [7].
In another study, the GIS technology and appropriate
identification models have been utilized in two basins in
Maryland (USA) and Sweden to detect critical pollution
fields of these basins [8].
In a similar study, a GIS and Georgia Land-cover Database have been employed in Georgia (USA) to define
soil use in the Little River Research Basin, and arrange a
type of spatial analyses in order to estimate the effect of
the forestation area on the water quality in the basin [9].

INTRODUCTION
Problems concerning water resources have indicated the
ever growing need for the development of information systems and databases [1]. As a result of various researches,
Geographic Information Systems (GIS) have proven to provide certain skills used in river basin studies as well as the
planning and management of water resources [2]. Thanks
to these skills, the GIS technology is extensively applied in
water resource studies [3].
The GIS technology has basically been designed for
the collection, storage, management, analysis and display
of geographical data [4]. A GIS provides a comprehensive
reference system to make positional analysis and modeling in decisions to be taken in the river basin management
and renders it easier to process and display in large volumes data sets which are disconnected at the outset [5].
In recent years, the number of GIS, which provide
support to solutions of problems regarding river basins,
has increased in the whole world. For example, a GIS-

In a different study, in a basin in North Italia, effects
of the crop rotation on the water quality have been evaluated via GIS in line with the EU agricultural policy. GIS
technology and crop simulation model have been used to
identify relations among the crop system, land-use and
morphological features etc. of the basin [10].
In this study, a GIS has been developed for the identification of the surface water quality and studies for the
improvement of the water quality in the Ergene Basin,
which covers a great part of the Thrace Region.
MATERIALS AND METHODS
Study area

The Ergene Basin is located in the North Western
part of Turkey and surrounded by the Northern Marmara
Basin, Meriç Basin and Bulgaria. The Ergene Basin is one
of the 13 sedimentary basins of Turkey. In terms of its
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geographical structure, it is in the form of a basin closed
to the sea. It is located at longitudes 260 35’33’’ – 280
11’20’’ and latitudes 400 35’33’’ – 420 06’. The EastWest extent of the Basin is 160 km, North-South extent is
140 km, and the surface area is 10730 km2. Arable lands
make up 72.4% of the basin. Forests, heaths, rocky areas,
settlement areas and industrial areas constitute 27.36% of
the basin.
Almost all of the Ergene Basin is dry in summers but
moderately rainy and cold (continental climate) in the winter. December and January are the rainiest months whereas
July and August are the driest ones of the year. The average annual precipitation is 622 mm and the average annual temperature is 13.3 0C [11].
Lands in the region are arable. Main crops cultivated
in the region are wheat, paddy and sunflower. Both dry
and irrigated farming practices are observed in the region.
21,881 hectares of land in the Ergene Basin is under the
effect of very severe erosion and 126,324 hectares severe
erosion. Since the Ergene Basin is surrounded by rather
high mountains to the North and South, it receives less
precipitation compared to the neighbouring lands. There
exists an extensive forest cover including oak and beech at
the highest sections of the Istranca Mountains. Greater part
of the remaining Ergene Basin lacks tree cover [11, 12].
The most important surface water resource of the Basin is the Ergene River. Its total length is 285 km. The
drainage area of the Ergene River is 10730 km2, and its
average annual flow-rate is 27,270 m3 /sec.

The Ergene River which has a drainage area of 10730
km2 in the Thracian Region collects water of the Ergene
Basin from East to West. Pollution in the river rises to
very high levels in summers, particularly when surface
water-use increases. Presence of irrigation and utilization
ponds on stretches nourishing the Ergene River lowers the
flow-rate and accordingly diminishes natural regeneration.
Relevant units of the General Directorate of State Hydraulic Works (DSI) have continued to analyse the Ergene
River and its tributary Çorlu Stream in terms of chemical
and physical parameters in water samples collected twice
a year from 7 different stations since 1981. The sampling
stations and their locations are shown in Fig. 1 [13].
System design

A river basin has various characteristics, such as topography, geology, plant cover, land-use, river system,
basin boundaries, and population zones including many
parameters of the basin. Evaluation of such extensive information is quite difficult. Thus, GIS have reached a comprehensive area of use in the management of water resources. In this study, considering the water quality as the
limiting factor for the Ergene Basin, the change observed
in the water quality by years has been analyzed via a GIS.
The below mentioned software and hardware have been
employed in the production process of the relevant GIS.
MapInfo is a GIS software package and a tool which enables main functions of a GIS to be realized. MapInfo
software was developed in Australia’s New South Wales
University Geography Department and introduced to the
market as a product of the MapInfo Corporation (USA) in
1986. There are versions of this software in different languages. MapInfo is user-friendly with its flexible structure,
affordable price and modules to be integrated optionally, and
is an essential alternative to other multi-functional but
impractical and expensive software packages. Below are
the features of the hardware utilized in this study.
Hardware: INTEL PENTIUM M Centrino; 512 MB
RAM; 40 GB MEMORY; WINDOWS XP
Data have been collected from interim reports of the
project entitled “Ergene Basin Environment Plan” drawn up
between the University of Trakya and the Ministry of Environment and Forestry and relevant reports of the Turkish Statistical Institute and State Hydraulic Works. Maps
of the Ergene Basin at a scale of 1:250,000 prepared within
the scope of the “Ergene Basin Environment Plan” have
been digitized and these digital maps have been collected
in DXF format and converted into MapInfo format [13, 14].

FIGURE 1 - Quality observation stations:
1-Çorlu Stream, entree to the Çerkezköy industrial zone
2-Çorlu Stream, exit of the Çerkezköy industrial zone
3-Ergene Creek, Çorlu Bridge
4-Ergene River, Inanlı
5-Ergene River, Lüleburgaz
6-Ergene River, Alpullu
7-Ergene River, Uzunköprü

In data design, geographic assets and attributes necessary for the Ergene Basin GIS have been detected. Considering spatial and attribute data in the system, spatial
data have been designed to be kept in 10 different layers
which are soil, forest, pond, provincial boundary, borough
boundary, river, quality observation stations, industrial and
household wastewater.
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At the beginning, separate layers have been created
for detail groups. Establishment of these layers in the form
of lines, areas or points has been in line with the type of
the relevant detail to be stored in the layer. Afterwards,
data have been placed in appropriate layers. Point, linear
and area details have been presented as different symbols
in accordance with their attributes. Database tables on attributes given have been prepared in an extendible way.
Following the selection of the hardware and GIS package to be utilized in the study, data have been collected,
graphic and non-graphic data have been processed into the
database, have been associated with one another, and the
system query has been made. The most important steps of
the GIS are queries, making necessary analyses and gaining the end-products. This last step provides the opportunity to control the system.
In the application phase of the Ergene Basin GIS,
various queries have been made. These are river pollution
queries, analyses of creation of thematic maps and digital
land model. Via the digital land model, coordinates (x, y,
and z) of the basin and geographic surfaces defined in a 3D way have been established in computer environment.
RESULTS AND DISCUSSION
Rapidly growing industry, population, settlement areas and agriculture in the Ergene Basin have led to the
emergence of water problems, in terms of quantity and
pollution load they have caused so far. Irrigation water
criteria (Table 1) have been defined in a communiqué
under the Water Quality and Control Regulation adopted
as per the Environment Law in order to ensure control on
water and prevent pollution in Turkey. Thus, water quality of the Ergene Basin has been assessed according to the
afore-mentioned criteria within the scope of the Ergene
Basin GIS.
In an analysis of the Ergene River, in terms of beneficial use, the agricultural irrigation water supply ranks
first. Thus, the change observed in the water quality of the
river has been analyzed for years. To this end, amongst
various chemical parameters measured in 7 stations on the
river, suspended solids (SS), biochemical oxygen demand
(BOD5), electrical conductivity (EC), sulphate (SO4) and

chloride (Cl-) have been selected and queries of average
measurement results have been made. Quality groups of
the irrigation water have been defined according to the
measurement results made in the stations on the river.
In the analysis for the creation of the land model,
breakdown of SS, BOD5, EC, and sulphate being chemical parameter queries of which have been made according
the irrigation water criteria amongst quality observation
stations has been presented in separate land models according to average values registered in 1981, 1990, 1996
and 2002; thus, offering a perspective extending from past
to the present. Vertical Mapper and XY data and point data
have been used to create Grid files by triangulation with a
smoothing method.
The land created via this method requires the triangulation of each point in actual data from its actual value. In
order to make the created Grid file more visual and comprehensible, colour adjustment has also been made. Ranges
have been coloured according to the numeric values of the
relevant parameters. BOD5 and SO4 were not measured in
1981 and SO 4 in 1990. Thus, there are land models for
other parameters in the indicated years. In an analysis of
these models, according to data of 1981, the parameter
regarding suspended solids (SS) is of 4th class water quality (should be used with caution) in all points. The EC parameter is of 2nd class water quality (good) in all points,
and Cl- parameter is of 1st class water quality (very good).
According to data of 1990, the SS parameter lowers to the
5th class water quality (not appropriate, harmful) in all
points. The EC parameter decreases to 3rd class (utilizable)
in all points, except for the Çorlu Bridge (Ergene Creek).
Again, while the Cl- parameter maintains its 1st class status
in the upstream of the creeks, it decreases to 2nd and 3rd and
even 4th class water quality in the exit of Çerkezköy. The
BOD5 parameter is of 1st, 2nd and 3rd class water quality in
1990. According to data of 1996 and 2002, the SS parameter is still of 4th and 5th class quality. The EC parameter
lowers to 3rd, 4th and even 5th class quality in all points,
except for the upstream. According to 2002 data, the
BOD5 parameter is of 4th class quality. The Cl- parameter
goes back to 3rd and 4th class quality. The SO4 parameter
maintains its 1st class values in all points, except for the
exit of Çerkezköy. Land models have been presented in
Figs. 2-6 [15].

TABLE 1 - Irrigation water quality criteria based on irrigation water classification
water quality (07.01.1991 date and 20748 issue number of official newspaper)
Irrigation water class quality criteria
EC25 x 106 (micromhos/cm)
Chloride (Cl- ) (meq/L)
Chloride (Cl-) (mg/L)
Sulfate (SO4) (meq/L)
Sulfate (SO4) (mg/L)
BOD5 (mg/L)
Solid Substances (mg/L)

1st class
Very good
0-250
0-4
0-142
0-4
0-192
0-25
20

2nd class
Good
250-750
4-7
142-249
4-7
192-336
25-50
30

3rd class
Can be used
750-2000
7-12
249-426
7-12
336-575
50-100
45
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4th class
Can be used with care
2000-3000
12-20
426-710
12-20
575-960
100-200
60

5th class
Harmful not suitable
>3000
>20
>710
<20
<960
>200
>100

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

FIGURE 2 - Distribution of SS parameters in 1981-2002 according to average values quality in basin.

FIGURE 3 - Distribution of EC parameters in 1981-2002 according to average values quality in basin.

FIGURE 4 - Distribution of Cl parameters in 1981-2002 according to average values quality in basin.
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FIGURE 5 - Distribution of BOD5 parameters in 1990-2002 according to average values quality in basin

FIGURE 6 - Distribution of SO4 parameters in 1996-2002 according to avarage values quality in basin

FIGURE 7 - Numerical area model
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In the digital land model established, a three-dimensional display analysis has been made via the Vertical
Mapper software which is a module of the MapInfo Professional, and a 3-D view of the Ergene Basin has come
out. Digitalized contour line maps of the basin have been
utilized to this end. Colour adjustments have been made
according to layers of the contour lines (with intervals of
100 m). Surface models established have been displayed
either in wire-frame form or solid objects. Fig. 7 presents
the digital land model [15].
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DETERMINING THE BIOLOGICAL TREATIBILITY
OF WASTEWATER FROM A STERILIZATION
PLANT BY THE RESPIROMETRIC METHOD
Oktay Özkan*
Erciyes University, Department of Environmental Engineering, 38039 Kayseri, Turkey

ABSTRACT
In this study, respirometric toxicity experiments were
conducted to monitor the biological treatability of
wastewater generated from a medical waste sterilization
plant (MWSP). Experiments, performed using samples
from the Kayseri MWSP and conducted for periods of
30 and 180 min, were repeated after being applied to
chemical treatment. According to the results, it was seen
that untreated wastewater with 2590 mg/L of chemical
oxygen demand (COD) and a dilution of 30% inhibited the
activated sludge microorganisms by 50%. In a similar way,
untreated wastewater with 70% diluted COD will inhibit
activated sludge microorganisms by 20%, but
wastewater with 90 mg/L of COD did not inhibit them.
Also, a chemical coagulation process was applied to the
sterilization plant wastewater. As a result, it was shown
that oxygen depletion rate of wastewater was negative,
and the wastewater had no inhibitive impact on activated
sludge microorganisms. Thus, it was concluded that the
wastewater generated from the sterilization plant should
be pre-treated to enable its biological treatment. These
results help resolving the issue that medical MWSPs do
not yet have standardized limits.

through physical, chemical, and mechanical methods; for
example, bacterial spores can be decreased by 99.9%
using those methods [1, 2]. Unlike wastewater generated
from hospitals, the wastewater generated by medical
waste sterilization is formed in the sterilization plants.
Medical wastewater has a high COD and large nitrogen
and phosphorus concentrations. Therefore, the
wastewater cannot be directly dis-charged into the receiving environment and the municipal sewage system. In
order to meet the environmental discharge criteria, different
combinations of biological treatment methods can provide
a solution [3].
The respirometric method is economical and reliable
providing information about the biological treatment of
wastewater [4]. Various studies have been performed on
the oxygen depletion ratio of activated sludge plants, determining the cell concentration under aerobic conditions
[5-8], and the effect of wastewater toxicity on activated
sludge [9-13] using the respirometric method [14-16]. However, there are no studies in literature on the biological
treatment of MWSP wastewater. The purpose of this study
was to evaluate the MWSP wastewater’s biological treatment availability with respirometric toxicity tests, and also
to help resolve the issue that medical MWSPs do not yet
have standardized limits.

KEYWORDS: Activated sludge, respirometric toxicity test, medical sterilization wastewater, chemical coagulation.

MATERIALS AND METHODS
Wastewater characterization

INTRODUCTION
Collecting, relocating and recycling the medical waste
generated by health organizations are important problems
today. Specifically, the removal of medical waste is important for preventing epidemic diseases and maintaining
sanitary environmental conditions. A sterilization system,
which is used to remove medical waste, is effective at
completely removing several types of microbial life

Experimental studies were performed on the
wastewater samples, which were collected from the MWSP
located at the Central Anatolian region of Turkey. Table 1
shows the attributes of wastewater generated by the
Kayseri MWSP.
Experimental set-up

The experiments were conducted by assembling a laboratory-scale respirometric monitor, as shown in Fig. 1.
The preliminary experimental mixtures were prepared
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using the proportions shown in Table 2; all of the mixtures had a total volume of 500 ml.
TABLE 1 - Characterization of
wastewater generated by the Kayseri MWSP.
Parameter

Unit

Average concentration

1

SS
mg/L
2
BOD5
mg/L
COD
mg/L
Total Phosphorus
mg/L
pH
Total Nitrogen
mg/L
Fe
mg/L
Al
mg/L
Pb
mg/L
1
Suspended sludge, 2 Biochemical oxygen demand

TABLE 2 - Preliminary experimental mixtures.
Experimental reactors (ml)
FT1

1

Experimental stock solution

2

Artificial ambient stock solution

0.5

Category of mixture
FT2 FT3 FB
5

50

0

FBC
50

16
16
16
16
16
Activated sludge
250
250 250 250
0
Water
233.5 229 184 234 434
Total mixture volume
500
500 500 500 500
FT1: Experimental mix, FT2: Experimental mix, FT3: Experimental mix,
FB: Precedent experiment, FBC: Physicochemical control, 1 MWSP wastewater, 2 Solution prepared as regards to Table 3, and 3 Activated sludge
taken from domestic wastewater plant.
3

220
300
3660
20
7-8
130
3.39
18.67
< 0.001

FIGURE 1 - A laboratory-scale respirometric monitor.

The mixtures were prepared by adding the experimental stock solution (with the exception of FB) and artificial ambient to the reactors. The activated sludge was
added to the reactors (with the exception of FBC) in 10min intervals.
TABLE 3 - Artificial medium [17].
Components
Peptone
Meat extract
Urea
Sodium chloride (NaCl)
Calcium
chloride
dihydrate
(CaCl2.2H2O)
Magnesium sulfate heptahydrate
(MgSO4.7H20)
Di-potassium hydrogen phosphate
(K2HPO4)
Water

Unit
g
g
g
g
g

Quantity
16
11
3
0.7
0.4

g

0.2

g

2.8

ml

1000

Inhibition experiments were carried out for 30 and
180 min aeration periods by adding diluted wastewater (75,

50, 20, 10, and 5%) according to its COD and activated
sludge, as shown in Table 3. Using wastewater from the
aeration tank of the Kayseri wastewater treatment plant,
activated sludge was prepared with an MLSS concentration of 1500 mg/L. The reactors were aerated by a diffuser
system and mixed with magnetic stirrers. The dissolved
oxygen concentration was measured 30 min after the first
mixture was prepared, and the same process was implemented for other reactors. The inhibition values were calculated after 180 min of aeration. The dissolved oxygen concentration was measured with a WTW OXI 340i type oxygen-meter until the oxygen concentration was reduced
below 1 mg/L for 10 min; or, if the oxygen was used up
rapidly, the concentration measurements were recorded
every 15 seconds [17].
The oxygen exhaustion speed (OES) (mg/L.h) of the
experimental mixture was calculated using the following
equation:
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(1)

L1: the oxygen concentration measured at the start of the
linear part of the diagram (mg/L),
L2: the oxygen concentration measured at the end of the
linear part of the diagram (mg/L),

The OES and I% values for each reactor are provided
in Table 4. The value of log C corresponding to I = 50%
was determined to be 3.36, which, in turn, corresponds to
the COD concentration of 2590 mg/L. The changes in I%
with respect to log C after 30 min of aeration and COD
concentration are provided in Figs. 4 and 5, respectively.

Δt: the interval between two different measurements (in
min).
The percentage of the blocked oxygen depletion (toxicity) in various concentrations was calculated using:
I=

x 100

(2)

RT: Oxygen depletion rate of the experimental mixture FT,
RB: Oxygen depletion rate of the control, FB,
RBC: Oxygen depletion rate of the physicochemical control, FBC.

FIGURE 2 - O2 concentration of the artificial medium.

The logarithmic values corresponding to the value of I,
which quantifies the amount of inhibited activated sludge
microorganisms, were calculated by interpolating I; these
logarithmic values correspond to log COD (or log C). The
COD concentrations for these inhibition rates were calculated from the COD concentration (mg/L) diagram corresponding to log C. When the blocked oxygen depletion rate
is I = 0%, the OES of the experimentally tested wastewater
is equal to the OES of the domestic wastewater (RB = RT).
For I = 0% and COD values below this level, the
wastewater can be biologically treated.
Chemical coagulation

From the experimental results, it is concluded that the
untreated MWSP wastewater has an inhibitory effect on
the activated sludge microorganisms. Therefore, a chemical pre-treatment of the wastewater is required before biological treatment. To verify this conclusion, the same experiments were repeated after applying chemical coagulation to the sterilization plant wastewater. First, the untreated
wastewater was held for 30 min in the Imhoff cone. Then,
precipitation was performed for 30 min by adding 500 ml
of the sterilization plant wastewater to three 500-ml beakers, rapidly mixing for 1 min at 90 rpm, and then slowly
mixing for 20 min at 15 rpm, using 300 mg/L of FeCl3 [18].

FIGURE 3 - O2 concentration of the
wastewater generated by the sterilization plant

TABLE 4 - COD, OES and I values
obtained from the respirometric experiments.
COD, OES and I%
values
Values obtained from
untreated wastewater
after an aeration of
30 min

RESULTS AND DISCUSSION
Results of the respirometric experiments

The results of the O2 measurements for the artificial
medium and the sterilization plant wastewater are given in
Figs. 2 and 3, respectively; the measurements were taken
after 30 min.

Values obtained from
untreated wastewater
after an aeration of
180 min
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Inlet COD Dilution
mg/L
rate
75
3600

3600

COD

OES

I%

900

19.86

13.31

50

1800

17.84

22.48

20

2880

14.73

36.09

10

3240

10.46

55.02

5

3420

4.66

79.28

75

900

22.6

1.1834

50

1800

18.4

19.822

20

2880

16.33

28.994

10

3240

13.46

41.715
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Aeration results after
30 min when the
wastewater was
subjected to a chemical pre-treatment

1300

Fresenius Environmental Bulletin

5

3420

12.93

44.082

75

325

20.6

-22.304

50

650

19

-13.011

20

1040

18.8

-12.267

10

1170

18.6

-10.780

5

1235

18

-0.3717

If a sufficient incubation time was not reached after
30 min, the experiment was repeated for 180 min. The O2
concentrations after 180 min are shown in Fig. 6, the I%
versus log C diagram plot is given in Fig. 7, and the conversion from log C to the COD concentration is provided
in Fig. 5.
The 180-min experiments show that the untreated wastewater, with 2655 mg/L of COD and diluted by 26%, inhibited the activated sludge microorganisms by 50%, whereas the untreated wastewater, with 940 mg/L of COD and
diluted by 75%, inhibited the activated sludge microorganism by 20%. 165 mg/L COD, corresponding to I = 0%,
did not inhibit the microorganisms. Thus, putting the untreated wastewater generated from the sterilization plant
in contact with the activated sludge microorganisms for a
longer period of time did not affect the decomposition of
impurities in the wastewater. Similarly, it was observed
that the inhibition rates for the wastewater did not greatly
vary during the 180-min period.

FIGURE 4 - I % versus log C after 30 min of aeration.

FIGURE 6 - The oxygen concentrations after 180 min of aeration.

FIGURE 5 - The relation between log C and COD concentration.

The results show that sterilization plant wastewater,
with 2590 mg/L of COD and a dilution rate of 30%, inhibited the activated sludge microorganisms by 50%. The log
C values corresponding to I = 20% and I = 0% (and the
associated COD concentrations) were calculated as well.
Therefore, untreated wastewater with 70% diluted COD will
inhibit activated sludge microorganisms by 20%. The log
C value corresponding to I = 0% was determined to be
2.79 through interpolation. Thus, wastewater with 90 mg/L
of COD did not inhibit the activated sludge microorganisms.

FIGURE 7 - I% versus log C after 180 min of aeration.
Respirometric experimental results during and after chemical
coagulation
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The results of the respirometric experiments after
chemical coagulation are shown in Table 4. Table 5 shows
the removal efficiency of the wastewater that was subjected
to chemical coagulation.
The I% versus log C diagram for wastewater subjected to chemical coagulation, which was obtained from the
respirometric measurements conducted at the end of a
contact time of 30 min, and the data from Table 4 are
given in Fig. 8.
TABLE 5 - Removal efficiency of
wastewater subjected to chemical coagulation.
Parameter
mg/L

Imhoff cone
before - after

KOI
AKM

3600 - 3500
220 - 204

Chemical coagulation
300 mg/L FeCl3
1300
8

• The wastewater needs to be highly diluted (by 90% to
95%) so that untreated wastewater does not induce inhibition.
• From the respirometric measurements where the wastewater samples were subjected to chemical coagulation,
it is concluded that the oxygen depletion inhibition rates
of the wastewater samples are negative.
• Since the chemically coagulated wastewater did not inhibit activated sludge microorganisms, there was no need
for the 180-min respirometric measurements.
Therefore, the wastewater tested in this study can be
treated biologically with domestic wastewater. Moreover,
our results can be used to determine the treatment alternatives. Since medical waste sterilization plants have been
built only recently, discharge standards and regulations
have not been created yet. It is expected that this study
can contribute to future studies and help establish discharge
standards.

Removal
efficiency
(%)
64
96
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ABSTRACT
Environmental pollution has become one of the main
problems of the world. Air pollution is considered to be
one of the main components of this problem. Sulphur dioxide (SO2) that usually emits into air out of burning of
fossil fuels is the most important air pollutant. Filtering
the emission of SO2 is generally accepted as the most
effective method for preventing air pollution.
In this study, an alternative technique was applied to
coal with high sulphur content in order to prevent the
emission of SO2. Main principle of the method is based
on adding a calcinated limestone (CaO) to the coal during
combustion. The experiments were carried out with Çan
coal mined from the north-west of Turkey. The coal was
broken into small particles of <710 µm in diameter. Two
different limestone samples (labeled as LS1 and LS2) with
the size of <700 µm in diameter were calcinated at 900950 oC for 180 min. Then, 0.25, 0.50, 0.75, 1.00 and 1.50 g
of calcinated limestone samples were well mixed with 5 g
of coal. Combustion processes were performed in a fixed
batch oven at 850 and 900 oC for 120 and 180 min.
It was found that desulphurization of coal strongly depends on the amount of added limestone and its size, combustion time and temperature.

KEYWORDS: Coal combustion, limestone, desulphurization, calcinated limestone

tigation of clean, renewable energy sources, the studies to
develop a low-cost, retrofit technology for control of SO2
emissions have been going on [3, 4]. An inexpensive way
to control SO2 emission is to use calcium-based agents,
such as CaO or limestone, as the adsorbents. Use of natural limestones as sorbents is currently being investigated
by a number of researchers with a view of optimizing the
conditions of desulphurization. Among various kinds of
desulphurization technologies, sulphur removal in furnaces
by using limestone is competitive for controlling the SO2
pollutants derived from coal combustion, due to the low
capital and operating costs [5]. Sulphur retention by dry
limestone under conditions of combustion has traditionally been described by two consecutive reactions [6]:
CaCO3 (s)

CaO (s) + CO2 (g)

CaO (s) + SO2 (g) + ½ O2 (g)

80% of sulphur dioxide emissions into the air comes
from fossil fuels [1]. SO2 is one of the most important air
pollutants generated by coal-fired plants, and its emission
is commonly accepted as a major contribution to acid rain
[2]. Sulphur dioxide released from the stacks as a result of
combustion of fossil fuels causes a very serious threat to
human and environmental health. Therefore, besides inves-

(2)

Under oxidizing conditions, limestone, at first, calcinates to porous lime, which then quickly captures SO2 in
the flue gas and forms gypsum. Since the gypsum molar
volume is greater than that of lime, its existence on the
surface of lime blocks the porosity of lime [7]. By increasing the particle size of the sorbent, main resistance to the
reaction changes from pore diffusion and surface reaction
to diffusion through the CaSO4 layer formed on the particle surface of the sorbent [8]. From a thermodynamic standpoint, CaO or CaCO3 can react with sulphur oxides in the
temperature range 800-950 oC [2, 9, 10]. It is generally
assumed in the literature that the reactions taking place are
given with Eqs. 2 and 3 for calcined and uncalcined limestone, respectively.
CaCO3 (s) + SO2 (g) + ½ O2(g)

INTRODUCTION

CaSO4 (s)

(1)

CaSO4(s) + CO2(g) (3)

The reactivity of the sorbent and composition of the
final product depend on a large variety of factors, e.g. the
combustion temperature, sorbent-gas contact time, limestone type, impurities contained in the coal and sorbent,
sorbent pore size, etc [9]. Therefore, it is important to
optimize the system to prevent emission of sulphur dioxide
more efficiently at lower cost.
Lignites can have varying combustion properties depending on inorganic components and sulphur content.
Çan coal, with a high inorganic component and sulphur
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content is commonly used in the western of Turkey for
space heating and thermal power plants. It is, therefore,
important to know the efficiency of using lime in the removal of sulphur during combustion.
There are many studies on desulphurization during
coal combustion. Many of them are about desulphurization
in the flue gas. It is possible to reach high desulphurization rates by adding limestone to coal during combustion.
Calcinations of the limestone before addition to coal produce a higher desulphurization percentage.
In this study, removal of SO2 in the flue gas formed
during the combustion of Çan coal, a Turkish coal with
high sulphur content, has been studied as a function of the
amount of added limestone, combustion time, combustion
temperature and size of the limestone.
MATERIALS AND METHODS

ments. The Çan coal was supplied by Kale Mining Corp.
The coal was dried in air, ground and sieved to obtain a
fraction size of <710 µm. Moist of the limestone and coal
were removed by heating them in an oven at 110 0C for
180 min prior to the experiments.
Results of the proximate analysis of the coal are given
in Table 1. These analyses were performed according to the
ASTM Standards (D-5142, D-4239 and D-5865) [11].
Chemical compositions of the limestone samples, which
are the adsorbent for SO2, are given in Table 2
In the combustion experiments, 5 g of coal sample
was mixed with lime obtained by calcining the limestone
at 900 oC for 3 h at desired ratio. The mixture was combusted at 850 and 900 oC for 120 and 180 min, respectively, in an oven by using a batch combustion system (a
Nuve MF-140 furnace). Total residual sulphur analysis was
carried out according to Eschka method [12]. Parameter
values used in this study are given in Table 3.

Çan coal (named after the city Çan, located in the
northwestern region of Turkey) was used in the experi-

TABLE 1 - Proximate analysis of Çan coal used in the study.
Moisture content (%)

Ash content (%)

Sulphur content (%)

20.46

33.29

3.74

Lower Heating Value (kcal/kg)
3636

TABLE 2 - Chemical analysis of limestone samples (%).
Limestone
LS1
LS2

LOI
42.62

SiO2
1.05

Al2O3
0.15

TiO2
0.01

Fe2O3
0.17

CaO
54.06

42.87
0.23
0.11
0.01
0.08
54.04
LOI: Loss of ignition; LS1: Limestone 1, LS2: Limestone 2

MgO
1.96

Na2O
0.15

K2 O
0.02

2.71

0.15

0.01

TABLE 3 - Parameters and their chosen values in the study.
Limestone samples
Ratio of lime amount to 5 g of coal
Time (min)

1, 2
0.25, 0.50, 0.75, 1.00, 1.50
120, 180

Temperature (oC)
Particle size fractions of limestone (µm)

850, 900
<32; 45-65; 75-106; 150-250; 300-500; 500-700

RESULS AND DISCUSSION
The effects of amount of lime mixed with 5 g of coal
on sulphur removal percentage (SRP) as a function of its
type and size along with the combustion time and temperature are shown in Figs. 1-4. As seen in Fig. 1, SRP increased as the lime proportion in coal increased. Although
the amount of lime that is stoichiometrically enough to react
with the whole amount of sulphur is about 0.21 g in the coal
sample, SO2 could not be absorbed completely, even at the

ratio of 1.5 g lime/5 g coal [13]. The main problem associated with the usage of limestone in a desulphurization
process is the low efficiency of reaction [14]. This can be
explained in terms of sulphation process by considering
pore plugging of the lime by CaSO3 and/or CaSO4. Since
CaO is converted into CaSO3 and/or CaSO4 during this reaction, the molar volume of CaSO4 happens out to be approximately 3 times greater than that of CaO [3], which
turns in a swelling of CaO grains due to sulphation. As a
result, pore plugging and loss of porosity at the outer edge
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of lime particles occurs. This layer of product acts as a
barrier for diffusion of reactant gases (SO2 and O2) onto
the reactant surface. Covering of the surface of the coal
particles with CaSO4 and plugging the pores renders the
reaction of SO2 and O2 difficult. In that case, SO2 leaves
the surface without participating to the reaction, and most
CaO remains unreacted.

100
90
80
70

On the other hand, although the sulphur removal percents (SRP) are almost the same at low amount of lime
for both types of calcined limestone samples (LS1 and
LS2), they happen out to be different when the amount of
lime increases as seen in Fig. 1. The lime with different
surface area and porosity results in different calcinations.
The rate of sulphation reaction could be different, even
for limestone samples which have a similar chemical
composition. The presence of ions with different oxidation states from Ca+2 like Li+, Na+, Cr3+ enhances the
sulphation capacity, and hence the rate[15].

S R P 	
  (% )

60
50
40
30
LS 1
LS 2

20
10
0
0

The effect of ignition time, representing that time required for the diffusion of O2 onto the unreacted CaO
surface through CaSO4 film, on the removal percentages
of sulphur is shown in Fig. 2 at two different temperatures

0,25

0,5

0,75

1

1,25

1,5

FIGURE 1 - The plots of sulphur removal percentage (SRP) versus
CaO amount for 2 limestone samples (850 oC, time: 180 min).
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FIGURE 2 - The effect of combustion time on sulphur removal percent (SRP) for limestone 1(850oC (a); 900oC (b).
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(850 and 900 °C). As seen in Fig. 2 (a), removal percentages of sulphur increased as ignition time increased when
the experiment was carried out at 850 oC. However, only
a slight increase of SRP was observed for the experiments
performed at 900 oC.

crease in effective diffusivity with temperature because the
structure of the product layer becomes more loose and open
for entering the reactant gas [16]. It is suggested that, for
the direct sulphation of limestone, the temperature effects
on the effective diffusivity should be considered to be indicative not for the effect of temperature on the diffusion
process, but rather for the effect of temperature on the structure of the product layer [17].

Temperature is one of the most important parameters
in the desulphurization process when limestone samples
are used. Since the rate of sulphation reaction is controlled
by diffusion processes through product layer, the effectiveness of diffusivity enhances as the temperature increases.
For this reason, these removal percentages of sulphur were
observed to increase with temperature as seen in Fig. 3.
The increase in desulphurization rate is a result of the in-

The particular size of the limestone also affected the
removal percentage of sulphur [10]. As shown in Fig. 4, the
sulphation reaction rate strongly depends on sorbent particle size. By increasing the particle size of the sorbent, main
resistance to the reaction changes from pore diffusion and
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FIGURE 3 - The effect of combustion temperature on sulphur removal
percent (SRP) for limestone 1 (time: 120 min (a); time: 180 min (b)).
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FIGURE 4 - The effect of particle size on sulphur removal percent (SRP) for limestone 1(temp: 900oC; time: 120 min; CaO/Coal: 1g/5g).

surface reaction to diffusion through the CaSO4 product
layer formed on the particle surface. Consequently, the
CaSO4 layer causes pore blockage, which prevents sulphation of the inner parts of the particles, diminishing the
maximum conversion of sorbents [16].
Sulphur removal percents increase with the amount of
calcinated limestone added to coal. However, addition of
this excess CaO results in reducing the amount of heat released during combustion of coal. Therefore, the coal particles cannot react with oxygen sufficiently causing excessive CO emission [18].
Efficiency of the method used for removal of sulphur
can vary according to combustion conditions, such as distribution of particle size of coal, combustion temperature
and content of limestone etc. In this study, the fixed batch
combustion method has been used as model system, and
the results obtained will shed a light to the real combustion conditions.

• Particle size of CaO should also be considered to increase desulphurization percentages - the smaller, the
better.
• Inclusion of additional CaO reduces the amount of heat
released during combustion of coal.
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THE EFFECTS OF Ni2+ AND Cr3+ ON THE CONTENTS OF
CHLOROPHYLL, PROTEIN, ABSCISIC ACID AND PROLINE
IN BEAN (Phaseolus vulgaris cv. Strike) SEEDLINGS
Fikriye Kırbag Zengin*
Department of Primary School Teaching, Faculty of Education, Firat University, Elazig 23119, Turkey

ABSTRACT
The aim of this study was to investigate the levels of
chlorophyll, abscisic acid (ABA), total protein and proline
of bean plants (Phaseolus vulgaris cv. Strike) in the presence of nickel and chromium. Control, Ni and Cr-treated
plants were grown for 192 h in Hoagland solution. Samples were taken at 48-h intervals. Chlorophyll (a+b), total
protein and proline contents of 10-days-old primary leaves
were determined by a spectrophotometer. ABA contents in
roots and leaves of the seedlings were measured by HPLC.
Elevated Ni and Cr levels increased the ABA contents in
roots and leaves of seedlings. An increase of proline in the
leaves of seedlings exposed to nickel and chromium occurred, as well as a decrease of chlorophyll (a+b) and total
protein contents (p<0.05 or p<0.01).

In experimental studies, stomatal conductance and water
potential of the leaves have decreased and the abscisic acid
content, which regulates the water status of the plant, increased when plants were exposed to Ni [6]. It was reported that the abscisic acid (ABA) content increased in
plants which are exposed to Cu and Ni pollution [7]. Proline
accumulation, accepted as an indicator of environmental
stress, is also considered to have important protective roles
[8]. Abiotic stresses, such as drought, salinity, and extreme
temperatures and tissues infected by pathogens, free proline
accumulation was detected [9].
The purpose of this study was to investigate the effects
of nickel and chromium on the content of chlorophyll
(a+b), chlorophyll a/b ratio, proline, protein and abscisic
acid in bean seedlings. In this way, it might be possible to
observe how some physiological and biochemical parameters change according to the concentration of nickel and
chromium.

KEYWORDS:
Abscisic acid, chlorophyll, heavy metal, proline, protein

MATERIALS AND METHODS

INTRODUCTION
The fact that heavy metals accumulate widespread in
the environment has been consisting of increasingly hazardous from plants to humans for all kind of organism.
Metals are continuously released into the biosphere by volcanoes, natural weathering of rocks, and by industrial activities, such as mining, combustion of fossil fuels, and release
of sewage [1].
Detailed studies indicate that heavy metals have effects
on chlorophyll content of plants. For instance, Cd prevents
the photosynthesis and stomatal activities in the vascular
plants [2], alters the structure of chlorophyll, and decreases
the aminolevulinic acid and protochlorophyll synthesis [3].
Brassica oleracea var. botrytis cv. Maghi [4] exposed to
Cu++, Co++ and Cr++ amount of chlorophyll were decreased.
The plant hormone abscisic acid (ABA) plays a major
role in the adaptation to abiotic environmental stress [5].

In this study, 7-days old bean seedlings (Phaseolus vulgaris cv. Strike) were used. The stock solution of nickel
(NiCl2.6H2O) was prepared at concentrations of 0.1, 0.3,
0.5 mM, and those for chromium (CrCl3.6H2O) had concentrations of 0.5, 0.7 and 1.0 mM. Seeds of bean were
surface-sterilized in 10-3 M HgCl2 for 2 min [10], washed
in distilled water and germinated between wet paper towels
at 25 °C in the dark for 3 days. Subsequently, plants cultivated hydroponically in a growth chamber at a light intensity of 4500 lm/m2 (16-h light/8-h dark). During this period, day/night temperatures were 25/25 °C. After 7 days,
plants were transferred to Hoagland solutions containing
0 (control), NiCl2.6H2O and CrCl3.6H2O. After 192 h of
heavy metal-treatment, seedlings were used for pigment,
proline, protein and ABA determinations. Proline was extracted and its concentration was determined by the method
of Bates et al. [11]. Leaf tissues were homogenized in sulphosalicylic acid, and the homogenate was centrifuged at
3000 x g for 20 min. The supernatant was treated with
acetic acid and acid-ninhydrin reagent, boiled for 1 h, and

2302

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

then absorbance at 520 nm was determined. The protein
content in the extracts was determined according to Lowry
et al. [12]. For determining the protein content, a CE-5502
Scanning Double Beam UV spectrophotometer (750 nm,
1-ml quartz tube) was used. Chlorophyll was determined
according to Monni et al. [7]. Abscisic acid (ABA) extraction of the primary roots and leaves of bean seedlings
grown in the heavy metal solutions was performed according to Cabot et al. [13]. Dried extract was solubilized
in 2 ml methylene chloride for HPLC. HPLC separations
were accomplished at room temperature with a PerkinElmer liquid chromatography system (Series 1100) consisting of a sample injection valve (Cotati 7125) with a
20-µl sample loop, an ultra-violet (UV) spectrophotometric detector (Cecil 68174), an integrator (HP 3395) and a
Hi-Chrom ODS-1 packed (5 µm particle size) column (250
x 4.6 ID) with a methanol mobile phase at 1.5 ml min-1
flow-rate. Data presented are the results from 4 separate
analyses with 20 seedlings in each. Statistical analysis was

Control
0.3 mM

RESULTS
Figs. 1-2 summarize the results for the effects of Ni
and Cr on chlorophyll (a+b), chlorophyll (a/b), proline,
protein and abscisic acid in primary leaves of the bean seedlings. Chlorophyll (a+b) and total protein contents declined
progressively with increasing concentration of the heavy
metal. The chlorophyll a/b ratio increased slightly with
increasing heavy metal. Significant increases of primary
leaf proline and abscisic acid content were detected after
192-h exposure to heavy metal.
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performed based on SPSS (version 10.0) program. In order
to detect the significance of differences (p<0.01 or p<0.05)
of variables, a multiple comparison (LSD) test was performed. All values are expressed as means ± SEs.
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FIGURE 1 - (A) Chlorophyll a+b contents [µmol L-1 FW], (B) chlorophyll a/b ratio, (C) proline contents [µmol g-1 F.W.], (D) total protein
[mg.g-1 F.W.] contents, (E: root, F: leaf) ABA [ng.g-1 (F.W.)] contents in the primary leaves of bean seedlings after applying different concentrations of nickel Ni (NiCl2.6H2O). Error bars indicate ± SEs.
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FIGURE 2 - (A) Chlorophyll a+b contents [µmol l-1 F.W.], (B) chlorophyll a/b ratio, (C) proline contents [µmol g-1F.W.], (D) total protein
[mg.g-1 F.W.] contents, (E: root, F: leaf) ABA [ng.g-1 F.W.] contents in the primary leaves of bean seedlings after applying different concentrations of chromium (CrCl3.6H2O). Error bars indicate ± SEs.

Nickel

The chlorophyll (a+b) contents in the primary leaves
decreased noticeably with increasing (0.1, 0.3 and 0.5 mM)
NiCl2. 6 H2O concentrations (Fig. 1A). Chlorophyll (a+b)
contents in the primary leaves decreased by 15.1-23.2%,
respectively, compared to the control seedlings from the
192-h harvest (p<0.01). Nickel caused an increase of chlorophyll (a/b) ratio between 4-9.2% (144 h) (p<0.05). The
stress indicator, amino acid proline content, increased with
the increase in the concentration of Ni (Fig. 1C). The proline
content in the seedlings increased between 62.7-95.5% (p<
0.01) (192 h). These plants had significantly lower total
protein contents than control plants (Fig. 1D). According to
0.1, 0.3 and 0.5 mM Ni concentrations, total protein contents were decreased in a dose-dependant manner (30.4%,
37.7%, and 44.9%, 192 h).
In nickel-treated seedlings, the abscisic acid was significantly more effective than in control seedlings (p<0.05).

Abscisic acid contents of the root increased with increasing concentration of this metal. Control and Ni-treated (0.1,
0.3 and 0.5 mM) plants showed significant differences between their leaf and root abscisic acid content. The root
contents of Ni-treated (0.1, 0.3, 0.5 mM) and control plants
were increased at 48-h, 96-h, 144-h and 192-h harvests (p<
0.05) (Fig. 1E). In 0.5 mM nickel-treated root, the abscisic
acid contents were 42, 47, 53, 58 ng.g-1 fresh weight at the
48-h, 96-h, 144-h and 192-h harvests, respectively. ABA
content was also found in the leaves of Ni-treated (0.5 mM)
plants (Fig. 1F), generally showing higher ABA contents
than roots.
Chromium

At 0.5, 0.7 and 1.0 mM CrCl3 6H2O concentrations,
chlorophyll (a+b) contents in primary leaves decreased
significantly by 13.1%, 16.2% and 16.9%, respectively (p<
0.05) (Fig. 2A). Chromium-spiking increased the chloro-

2304

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

phyll ratio by 3.6-7.6% (p<0.05) (Fig. 2B). The proline
content in the seedlings increased between 31- 87.6% (p<
0.01). Exposure of seedlings to Cr resulted in a decrease
of the total protein contents in the primary leaves (Fig. 2D).
Total protein contents decreased by 23.3%, 30.4% and
37.6%, respectively, compared to the control seedlings (p<
0.01). The root contents of Cr-treated (0.5, 0.7, 1.0 mM)
and control plants were increased at the 48-h, 96-h, 144-h
and 192-h harvests (p<0.05) (Fig. 2E). The effect of chromium (0.5 and 1.0 mM) on ABA increased changing between 33.5-60% compared to the control plant at the 192-h
harvest (p<0.05). Abscisic acid contents of the primary
leaves increased with increasing concentration of this metal
(Fig. 2F). In leaves treated with 0.5, 0.7 and 1.0 mM chromium, abscisic acid content increased by 31.3%, 50.0%,
and 63.4%, respectively, with regard to the control plants
at the 192-h harvest (p<0.05).
DISCUSSION
Determination of the chlorophyll content of plants is
often carried out to assess the impact of environmental
stress, as changes in pigment content are linked to visual
symptoms of plant illness and photosynthetic plant
productivity [14]. The researchers reported that a decrease
in the chlorophyll amount of several different species of
plants occurred due to the heavy metal pollution. For instance, in the chlorophyll content of Empetrum nigrum,
which was grown under soil heavy metal pollution (Ni-Cu),
a decrease by 15-30% was found [7]. Lead affected Polygonum salicifolium plants [15], copper Typha latifolia
plants [16], and both decreased the chlorophyll contents
of the plants.
It was reported that chlorophyll a+b decreased by
50%, and chlorophyll a/b decreased from 2-7 to 2-3 in
tomatoes to which 20 mM Cd was applied [17]. The decrease in the chlorophyll content, which is related to the
heavy metal stress, may be the result of enzyme inhibition
which are responsible for chlorophyll biosynthesis. It was
reported that Cd affected the chlorophyll biosynthesis and
inhibited protochlorophyll reductase and aminolevulinic
acid (ALA) synthesis [18]. By this way and other similar
conditions, the amount of chlorophyll may be reduced by
the increase of chlorophyll destruction, or by the inhibition of chlorophyll synthesis.

mulation would lie in its contribution to water balance
maintenance [20], also suggesting that proline–mediated
alleviation of water deficit stress could substantially contribute to Cd tolerance of the plant. Proline increases the
stress tolerance of the plants through functions, such as
osmoregulation, the protection of enzymes against denaturation, and the stabilization of protein synthesis [21].
There are a lot of reports about heavy metals decreasing the protein content of plants, i.e. lead, zinc and cadmium effects on Hordeum vulgare plants [22], as well as
copper and lead effects on Zea mays plants [23]. It was reported that some of the bivalent cations irreversibly connected to SH groups, and by hindering the enzymes duty,
inhibited the metabolism [24]. The inhibitive effects of the
heavy metals onto enzymes, give important clue about decreasing of the protein content.
Chloride salts of chromium and nickel affect ABA
content too, and with increasing metal concentrations, there
is a lot of important increasing of ABA at the seedlings of
roots and leaves. In general, ABA increased more in leaves
than roots. The studies about how the heavy metals affect
the hormone level of the plants, are not enough and not so
new. In one of the studies made by Talanova et al. [25],
ABA content increased at the seedling of Cucumis sativus
treated with 1-500 µM lead or 5-1000 µM cadmium for 1,
4 and 7 days. When applying Pb, Cu, Cd and Hg to
Phaseolus vulgaris seedlings, it was determined that ABA
contents increased [26]. Heavy metal resistance can be
based on either avoidance or tolerance mechanism. Plants
can be protected externally against metals, and they can
tolerate high tissue concentrations through specific physiological mechanisms [27]. One of these mechanisms is
that the transmission of the heavy metals from roots to
shoot is hindered. There are a lot of reports about hindering the transmission of salts to shoots by increasing
the ABA content at the roots of the plants under salt
stress [28]. Heavy metal stress increases ABA contents,
probably by application of heavy metals because this
makes absence of water, or hindering the transmission of
heavy metals from roots to shoot.
Nickel and chromium decreases chlorophyll and protein contents while increasing ABA and proline contents,
resulting in a decreased growth. Therefore, agricultural fields
should be surveyed for heavy metals before cultivation in
order to avoid damaged or lost crops.

This study established that chlorophyll a/b ratio in
bean leaves increased with heavy metal treatment. Chlorophyll a/b ratio, which is used as a stress indicator, increased slightly with increasing metal treatments, which
was also seen in Empetrum nigrum leaves near the Cu-Ni
smelter in the field [7]. A high chlorophyll a/b ratio also
indicates that the ratio between PSII /PSI content changes
in stressed leaves [19].
Proline accumulation in plants under Cd stress is induced by a Cd–imposed decrease of the plant water potential, and that the functional significance of this accu-
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ABSTRACT

even detect some carcinogenic substances, which are
negative to the Ames test [15].

In the present study, the genotoxicity risks of two 9aryl substituted phenanthrene derivates synthesized as drug
precursors were tested with Allium test. 9-(5-nitro-1Hbenzimidazol-2-yl) phenanthren decreased the mitotic index
(MI), and increased chromosome aberrations, among them
C-metaphase, sticky metaphase, disturbed metaphase, lost
chromosome at metaphase, polyploidy, disturbed anaphase,
anaphase bridge, anaphase bridge with lost chromosome,
chromosome break at anaphase and micronuclei formation.
9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene has shown
genotoxic effects, while 9-(phenanthro [9,10-d] imidazol-2yl) phenanthrene had not any genotoxic effect.

KEYWORDS: Allium test, 9-(5-nitro-1H-benzimidazol-2-yl)- phenanthrene, 9-(phenanthro [9,10-d] imidazol-2-yl)-phenanthrene, cytological effects, chromosome aberrations.

INTRODUCTION
The growth in population, the development of technology and synthesis of new chemical substances have
caused substantial increase in both the pollutants in the
environment and the number of cancer-related deaths and
genetic diseases. The genotoxic risks from exposure to
polycyclic aromatic hydrocarbons (PAHs) have long been
recognized. There have been lots of investigations about
PAHs toxicity [1], cytotoxicity [2, 3] genotoxicity [4, 5],
and mutagenicity [6-8]. Mutagenic effects of some 9-aryl
substituted phenanthrene derivates synthesized as drug
precursors were controlled with Ames test [9].
Plant assays are generally more sensitive than the other
systems to detect the genotoxic effects [10]. The Allium
assay was introduced by Levan [11], and was later proposed as a standard method for testing chemicals [12].
Rank and Nielsen [13] offered Allium test as a tool in
the screening of the genotoxicity of complex mixtures.
This test in some ways is more sensitive than both microscreen assay and the Ames test [14]. Allium test can

For these reasons, two 9-aryl substituted phenanthrene derivates, synthesized to be used as a basic matter
for drugs were tested by Allium assay.
This study has been undertaken to investigate cytological effects induced by drug precursors, 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene and 9-(phenanthro [9, 10-d]
imidazol-2-yl) phenanthrene in the root tips of Allium cepa
to determine whether they have genotoxicity risks or not.
MATERIAL AND METHODS
In this study, 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene and 9-(phenanthro [9,10-d] imidazol-2-yl) phenanthrene, synthesized as drug precursors, were used as test
chemicals. The plant bioassay used for the genotoxicity test
was Allium cepa L.
Bulbs of A. cepa had a size of 0.7 cm and a weight of
0.65 g. They were placed in small jars with their basal
ends dipped in distilled water and germinated at room
temperature (20±2°C). The onions with the poorest
growth were discharged. Nine onions were set up at each
concentration. When the roots were 1.5 cm in length, they
were treated with series of concentrations of 9-(5-nitro-1Hbenzimidazol-2-yl) phenanthrene and 9-(phenanthro [9,10d] imidazol-2-yl) phenanthrene, ranging from 500 to 2000
ppm, distilled water as a standard (control) and time
periods of 3, 6, 12, 24 and 48 hours.
Root tips were fixed in acetic acid/alcohol (1:3). Samples of root tips were stained according to standard Feulgen
procedure as previously described by Gömürgen [16].
Three replicates were performed for each treatment
and scoring was made from the three roots of each replicate. A minimum of 2000 mitotic cells were counted from
each slide. The mitotic index (MI) was calculated for each
treatment as the number of dividing cells/100 cells. The
cytological abnormalities were scored in the mitotic cells.
The most common chromosome abnormalities were presented with micrographs.
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Statistical analysis was performed by using the X2 –
test for the incidence of micronuclei and chromosome
aberrations and Student’s t-test for mitotic index. The differences were considered as statistically significant at P
<0.05.

duced significantly at the 2000 ppm concentration in the
6-h treatment, but also in 12 and 24-h treatments at all concentrations. Treatment period of 48 h at 500 and 1000 ppm
levels decreased MI significantly. Several chemicals have
been reported to inhibit mitosis [17-20]. The inhibition of
MI by chemicals is due to an increase in the G2 period
[21, 22], or to the inhibition of DNA synthesis [18, 23,
24]. The inhibition of mitotic activities was often used for
tracing cytotoxic substances, and cytotoxicity was defined
as a decrease in the MI [25]. Cytotoxicity was defined as
a decrease in the MI, and as an increase in the fraction of
cells with C-mitosis, multipolar anaphases and sticky and
lost chromosomes [26, 27]

RESULTS AND DISCUSSION
The effects of 9-(phenanthro [9,10-d] imidazol-2-yl)
phenanthrene and 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene on mitotic index (MI), frequency of mitotic stage
and chromosome aberrations (CAs) are given in Tables 1
and 2, respectively.

The reduction of MI has shown cytotoxicity of 9-(5nitro-1H-benzimidazol-2-yl) phenanthrene, but not of 9(phenathro [9,10-d] imidazol-2-yl) phenanthrene without
significant reduction of MI.

MI was statistically significant according to the control only for 1000 and 2000 ppm levels for the 24-h treatment (Table 1). Frequency of total CAs and metaphase abnormalities were seen to be statistically significant for the
12-h treatment in 1000 and 2000 ppm concentrations. In
the 24-h treatment, for the 2000 ppm concentration, the
total CAs and anaphase abnormalities were found to be
statistically significant. CAs were rarely seen in metaphase
and anaphase stages but polyploidy and micronucleus formation was not observed. In Table 1, the types of chromosome abnormalities were C-metaphase, sticky metaphase,
disturbed metaphase and anaphase, anaphase bridge, lost
chromosome at metaphase and anaphase and chromosome
breaks.

9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene treatments induce a wide range of chromosome aberrations
(CAs) as compared to the control (Table 2). Total CAs rates
were significantly increased in all treatments and treatment
periods, except 24-h treatments. In metaphase and anaphase stages, chromosome abnormalities were higher than
control and increased depending on time. Except 24-h treatment, at all concentrations, metaphase abnormalities were
statistically significant. Anaphase abnormalities were statistically significant at 500 and 1000 ppm concentrations in 3,
6 and 12-h treatments.

In Table 2, the application of 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene to the root meristems of A. cepa
has decreased the MI with the increase of concentration and
duration of time as compared to the control. MI was re-

The types of chromosome abnormalities were displayed
in Table 2 and Fig. 1. These CAs were C-metaphase, sticky
metaphase, disturbed metaphase and anaphase, anaphase
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% Sticky methapase

% Disturbed metaphase

% lost chromosome at metaphase

% Poliploid cell

% Disturbed anaphase

% Anaphase bridge

% Lost chromosome at
anaphase

% Lost chr. and bridge

% chromosome break

% Mikronuclei

Control
8394
283
3.38±0.79
17.66
1.06
7.42
1.06
2.12
500
8973
232
2.57±0.25
26.29
2.58
11.2
0
2.58
1000
8561
313
4.19±1.41
26.19
3.83
8.3
1.91
5.74
2000
8715
281
3.22±0.20
17.43
1.77
11.03
1.06
2.83
6
500
10135 407
3.91±0.48
28
0.24
14.25
0.24
0.48
1000
8080
330
3.95±0.47
34.24
0.9
12.12
1.51
2.41
2000
8396
190
2.20±0.29
28.94
3.15
2.1
1.05
4.2
12
500
10135 396
3.58±0.45
19.94
2.02
5.05
1.26
3.28
1000
8080
377
3.65±1.17
14.58
6.10*
3.44
2.12
8.22*
2000
8396
265
3.09±0.38
24.9
3.39*
9.05
2.64
6.03*
24
500
8187
438
5.36±0.46
19.4
2.28
9.58
0.45
2.73
1000
9941
211
2.12±0.30**
18.48
2.36
9.95
2.36
4.72
2000
7240
111
1.86±0.41**
9
2.7
5.4
5.40*
7.10*
48
500
7863
284
3.95±0.06
50.7
2.36
1.05
0
2.36
1000
8402
230
2.71±0.11
26.08
3.04
8.69
0
3.04
2000
7538
235
3.15±0.60
20.85
2.97
8.08
2.55
18*
2
*Significant from control P< 0.05 (Student’s t-test); **Significant from control P<0.05 (X test)
3

0
0
83 17
58
0
60
0
0 100
0
0
100 0
0
75
35 35
33 33
60 40
20 60
0
67
0 100
0
42
29 29

0
0
34
40
0
100
0
25
30
34
0
20
33
0
29
29

0
0
8
0
0
0
0
0
0
0
0
0
0
0
29
13

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

33
0
66
100
0
67
0
0
74
29
50
20
75
0
0
83

67
0
7
0
100
33
100
80
13
71
50
80
25
0
0
0

0
0
0
0
0
0
0
20
13
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
17
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

% C-metaphase

% Total CAs

% Anaphase abnormalities

% Anaphase cells

%Metaphase abnormalities

% Metaphase cells

MI ± SE

Number of dividing cells

Total cells scored

Concentration (ppm)

Treatment time (h)

TABLE 1 - Effect of 9-(phenanthro [9,10-d] imidazol-2-yl)-phenanthrene, at different concentrations, on mitotic activity of A. cepa root tip
cells for different periods of time.
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bridge, lost chromosome in metaphase and anaphase and
chromosome breaks, polyploidy cells, lost chromosome and
bridge, chromosome breaks and micronuclei formation. The
most common abnormalities of 9-(5-nitro-1H-benzimidazol2-yl) phenanthrene were C-metaphase (Fig. 1 A) and sticky
chromosomes (Fig. 1 B). They were observed for all the
treatment times and groups. Colchicine-type abnormalities
(C-metaphase) occur by the result of inhibition of spindle
formation, so chromosomes cannot move to the poles and
stay at metaphase stage [12, 21]. This situation causes
reduction of mitotic stages and production of polyploidy
cells stating that C-mitosis has a weak toxic effect, and
may be reversible. C-mitosis was accepted as mitotic abnormality [12, 22, 28]. Sticky chromosomes indicate high
toxicity, usually not reversible, probably leading to cell
death [12]. For these reasons, chromosome stickiness was
considered as a chromatin type of aberration [29]. The
occurrence of sticky metaphase is the physiological results
of chemicals which are effective on chromosome proteins.
Stickiness has also been attributed to the reaction of the
applied chemicals with DNA, proteins or both of them
forming inter- and intrachromosomal cross links [30]. It is
possible to say that 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene has an effect on chromosome proteins causing
chromosome stickiness. The presence of chromosome stickiness shows that 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene has a genotoxic effect on chromosomes. Disturbed
metaphase (Fig. 1 C) was the third common abnormality
for the metaphase abnormalities and seen in all treatment
groups, except that of 500 and 1000 ppm concentration for
48 h. In addition to these common abnormalities, metaphase
with lost chromosome (Fig. 1 D) and polyploidy (Fig. 1 E)
were also observed. Disturbed anaphase (Fig. 1 F) was the

% Sticky methapase

% Disturbed metaphase

% Lost chromosome at metaphase

% Poliploid cell

% Disturbed anaphase

% Anaphase bridge

% Lost chromosome at anaphase

% Lost chr. and bridge

% chr. break

% Mikronuclei

Control
9262
408
4.40±0.30
16.17
0
9.31
0.49
0.49
500
8916
531
5.96±0.71
17.70
3.01*
8.09 2.44*
5.45*
1000
8816
484
5.49±0.67
14.46
3.51*
9.29 5.37*
8.88*
2000
8072
405
5.01±0.52
7.16
7.65*
9.62
1.72
9.37*
6
500
8779
390
4.44±0.77
3.07
5.89*
8.71 3.84*
8.73*
1000
11199 404
3.60±0.23
9.90
6.68*
5.69 2.22*
8.90*
2000
10956 297
2.71±0.15**
14.14
12.12*
9.09
0.33
12.45*
12
500
10228 242
2.36±0.55**
12.39
13.63*
5.37 4.54*
18.17*
1000
10361 348
3.35±0.43**
4.88
10.91*
1.43 1.14*
12.05*
2000
11104 179
1.61±0.07**
3.96
17.31
8.37
2.79
20.10*
24
500
12020 259
2.15±0.73**
16.60
4.63
6.94
3.86
8.49
1000
10960 353
3.22±1.07**
3.33
22.37
2.26
4.81
27.18
2000
9348
218
2.33±0.93**
10.55
15.59
8.25
7.33
22.92
48
500
11012 338
3.06±0.95**
10.65
9.46*
7.1
0
9.46*
1000
10374 348
3.14±0.65**
7.18
2.58*
4.31
2.29
4.87*
2000
10679 391
3.66±0.50
8.43
15.85*
5.88 5.62*
26.32*
2
* Significant from control P< 0.05 (Student’s t-test); **Significant from control P<0.05 (X test)
3

% C-metaphase

% Total CAs

% Anaphase abnormalities

% Anaphase cells

%Metaphase abnormalities

% Metaphase cells

MI ± SE

Number of dividing cells

Total cells scored

Concentration (ppm)

Treatment time (h)

TABLE 2 - Effect of 9-(5-nitro-1H-benzimidazol-2-yl)-phenanthrene, at different concentrations, on mitotic activity of A. cepa root tip cells
for different periods of time.

0
38
47
16
52
67
33
73
92
44
8
82
3
81
70
8

0
25
47
9
48
25
25
9
3
12
67
10
46
19
34
42

0
37
6
72
0
4
42
18
5
28
25
8
48
0
0
61

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
15

0
0
0
3
0
4
0
0
0
3
0
0
3
0
10
0

50
50
88
63
56
80
83
91
60
100
91
82
39
0
67
21

50
36
4
25
22
10
0
0
20
0
0
12
27
0
0
21

0
0
0
0
5
2
0
0
0
0
0
0
17
0
11
21

0
0
0
0
0
2
0
0
0
0
0
6
0
0
0
25

0
7
4
0
0
0
17
9
0
0
0
0
0
0
11
4

0
7
4
12
17
6
0
0
20
0
9
0
17
0
11
8

most common abnormality for the anaphase abnormalities
and observed almost at all treatment concentrations and
treatment times. Disturbed stages could be attributed to the
interference of 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene with tubulin and/or polymerization of the microtubular subunits forming the spindle apparatus [31]. The
second prominent abnormality was anaphase bridges (Fig.
1 G). Anaphase with lost chromosome (Fig. 1 H), anaphase
bridges with lost chromosome (Fig. 1 I), and chromosome
break at anaphase (Fig. 1 J) were also observed as anaphase
abnormalities, although they were rare when compared to
other anaphase abnormalities. Bridges show the breakage
and reunion [32] or the general stickiness of chromosomes
[28], while sticky chromosomes cannot move to the poles
at anaphase stage bridges occurring [33]. The induction of
laggards was the failure of the spindle apparatus to organize and function in a normal way [30]. Micronucleus formation (Fig. 1 K) was also observed and evaluated with
anaphase abnormalities. Micronucleus was the result of the
mutagenic potential of the applied chemicals [34]. Türkoğlu
[21] stated that micronuclei formation implies loss of genetic material. Romagna [35] observed that the systems of
micronuclei have an important influence on the explanation of the potential genotoxic agents in vivo and in vitro.
Micronucleated cells may lead to aneuploidy and polyploidy cells in subsequent mitotic division, and thus cause
mutation [36]. Bridges and micronuclei formation were
accepted as chromosome aberration. Chromosome aberrations (clastogenetic type) were considered as reliable evidence for screening mutational activity. In this study, clastogenic types of aberration were observed indicating that
9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene should be
regarded as an agent that has mutational activity. When the

2310

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

B

A

D

C

E

F

G

H

I

J

K

FIGURE 1 - Different types of chromosome aberrations induced by 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene in A. cepa root tips. A)
C-metaphase, B) sticky metaphase, C) disturbed metaphase, D) metaphase with lost chromosome, E) polyploid cell, F) disturbed anaphase,
G) anaphase bridge, H) anaphase with lost chromosome, I) anaphase bridges and lost chromosome, J) chromosome break at anaphase, K)
micronuclei (bars represents 10 µm).
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Allium material was used parallel to other test systems,
similar results were often obtained [12] Allium test results
are in parallel with the Ames test results of these chemicals [8, 9]. Fiskesjo [12] stated that positive results in the
Allium test should be considered as a warning and an indicator that the tested chemicals might be a risk to human
health and to the environment. So we can say that the positive results of 9-(5-nitro-1H-benzimidazol-2-yl) phenanthrene show that this chemical can be a risk to human health.
In the present study, it is clearly indicated that 9-(5-nitro1H-benzimidazol-2-yl) phenanthrene has positive chromotoxic effect on living systems. Considering all data gained in
the present study, it can be concluded that 9-(5-nitro-1Hbenzimidazol-2-yl) phenanthrene has genotoxic effects
while 9-(phenathro [9, 10-d] imidazol-2-yl) phenanthrene
has not.

We are especially grateful to Prof. Dr. İlhan Işıkdağ and
Ass. Prof. Dr. Asiye Meriç (Faculty of Pharmacy, Anadolu
Üniversity, Eskişehir, Turkey) for giving us test compounds
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EFFECTS OF LONG-TERM ORGANIC
AMENDMENTS AND MYCORRHIZA APPLICATION
ON SATURATED HYDRAULIC CONDUCTIVITY AND
NITRATE LEACHING IN A TYPIC XEROFLUVENT SOIL
Ismail Celik*
University of Cukurova, Faculty of Agriculture, Department of Soil Science. Adana, Turkey

ABSTRACT

lizing; however, the highest NO3-N leaching among the organic applications occurred in manure application.

Organic amendments are used to improve unsuitable or
disturbed physical and chemical properties of soils. In this
study, the effects of long-term (1996-2008) manure, compost and mycorrhiza-use on saturated hydraulic conductivity and nitrate (NO3-N) leaching in clay-loamy soils of
Cukurova region located in Eastern Mediterranean were
investigated. The study consisted of control, mineral fertilizing (300-60-150 kg N-P-K ha-1), manure (25 tons ha-1),
compost (25 tons ha-1) and mycorrhiza-inoculated compost (10 tons ha-1) with three replicates. The effects of longterm mycorrhiza-use, organic and mineral fertilizing on
saturated hydraulic conductivity, porosity, aggregate stability and nitrate leaching were statistically significant (P<
0.05). Organic fertilizing including compost, manure and
mycorrhiza-inoculated compost significantly increased the
aggregate stability while any effect of mineral fertilizing
could not be found. The highest aggregate stability values at
0–30 cm soil depth were obtained with manure (37.84%),
compost (33.86%) and mycorrhiza-inoculated compost
(33.85%) applications, respectively. The increase in saturated hydraulic conductivity with compost application was
247% and 196% as compared to the control and mineral fertilizing, respectively. The manure increased saturated hydraulic conductivity compared with control and mineral
fertilizing by 129% and 96%, respectively. Mycorrhizainoculated compost application also increased saturated
hydraulic conductivity compared with control and mineral
fertilizing by 116% and 84%, respectively. The effect of
manure and compost applications at 0–30 cm on total porosity was similar to each other, and the increase in total
porosity was 40 and 42% higher than that of mineral fertilizing and control, respectively. However, soil porosity was
not significantly changed with mineral fertilizer application.
Mycorrhiza-inoculated compost also increased total porosity by 27 and 29%, with regard to mineral fertilizing and
control, respectively. The results revealed that compost,
manure and compost+mycorrhiza applications significantly
decreased NO3-N leaching as compared to mineral ferti-

KEYWORDS: Organic fertilization, compost, manure, mycorrhiza,
saturated hydraulic conductivity, nitrate leaching

INTRODUCTION
Soil degradation is worldwide one of the most important environmental problems that threatens agricultural
sustainability and reduces current and the future production
capacities of agricultural fields. Soil degradation may occur
due to erosion, decline in soil fertility, salinity, structure
degradation, disturbance of macro and micro-pore ratios,
and alteration in fauna or flora population [1].
Due to the climatic conditions, soil and water resources, two crops in a year are harvested through intensive
agricultural practices in Cukurova region. Organic matter
content of soils decreased and some soil properties degraded significantly due to the improper soil management
practices. Degradation in soil properties retards plant growth,
root development and microorganism activity, and affects organic carbon and nitrogen mineralization, water holding
capacity, and hydraulic conductivity. Therefore, nitrate
activity and leaching level of soils vary depending on degradation which may pollute ground water resources.
Organic material addition to soils has been one of the
most common rehabilitation practices to improve soil physical properties. Crop residues (stubble), manures, green fertilizers, turfs and composts from organic solid wastes are
considered as organic amendments. The effects of crop
residue or manure applications on soil properties were studied by many researchers [2]. The increase in organic matter content improves porosity of soils due to lowering dry
bulk density and creating larger pores [3]. Leroy et al. [4]
compared the short-term effect of five different organic
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composts on soil aggregate stability and hydraulic conductivity in croplands in which mineral fertilizing was
applied. They found that organic amendments significantly
enhanced the aggregate stability and hydraulic conductivity of soils in no longer than a year, compared with mineral fertilizing application and control.
Natural mechanisms of soils and crop root functions
also affect soil physical properties along with organic composts. Certain fungal species called mycorrhiza (Arbuscular
mycorrhizae) have been known to play a significant role in
forming stable soil aggregates. Recent studies showed that
mycorrhiza hyphae do hold soil particles together with
amorphous polysaccharides, and significantly contribute
to aggregate formation [5].
Soil properties causing water holding and movement in
soils, also directly or indirectly affect nitrate leaching from
soil. Nitrate leaching from croplands to surface and groundwater resulted from mutual interactions of complex processes. Magnitude and degree of nitrate leaching are affected by climate, flora, soil properties, fertilizing and irrigation
[6]. Cameron and Haynes [7] also reported that nitrogen (N)
loss by leaching is affected by season and climate, soil
properties, planning and development, irrigation, mineral
and or-ganic fertilizing. They further concluded that 2100 kg N is lost per hectare each year in this way. Nitrogen loss by leaching depends on N concentration in soil
profile as well as soil texture, structure, organic matter
content, cation exchange capacity, water holding characteristics and hydraulic conductivity [8]. Fast and high N leaching may be expected in soils with high infiltration rate,
porosity and permeability [9]. Joshi et al. [10] conducted
a two-year study to evaluate the effect of organic and
mineral fertilizing on nitrate leaching in root zone of corn
plants. The results revealed that 66 mg L-1 of nitrate was
detected in groundwater under annual mineral fertilizing
conditions. However, 50 mg L-1 nitrogen was detected in
groundwater with manure application, and the variation
observed between treatments was statistically significant.
Basso and Ritchie [11] investigated the effect of manure,
compost and mineral fertilizing practices on nitrate leaching and crop yield in a corn-alfalfa rotation. They found
that nitrate leaching was higher in manure application than
in mineral fertilizer application.
It has been well-known that organic matter content of
soil increases with organic practices and, consequently,
soil properties are improved. However, especially in coarse
sandy soils and under Mediterranean climate, increase in
organic matter content become insignificant due to the

mineralization of organic matter, and cannot reach the desired level. Improving/recovering effects of composts and
manure on soil properties depend on quantity of additional
organic materials, particle size and origin as well as soil
texture [12]. The decrease in organic matter content is generally considered as physical degradation of a soil. However, it has been reported that the correlation between organic
matter content and soil physical properties is generally not
very clear or significant [13]. In fact, very few data is
available on effects of mineral and organic fertilizing on
soil physical properties in intensive agricultural production, especially long-term one in soils with high clay content [14]. Therefore, it is important to evaluate the effects
of mycorrhiza application in addition to long-term organic
and mineral fertilizing on saturated hydraulic conductivity
and nitrate leaching of soils in Cukurova region, where two
crops are harvested annually under high mineralization
conditions preventing organic matter accumulation in soil.
MATERIALS AND METHODS
Study area

A field study was carried out at the Agricultural Experimental Station of Cukurova University, Adana, in Southern
Turkey. The prevailing climate in study area is Mediterranean with a long-term (30 years) mean annual temperature
of 19-20 0C. During the experiment from 1996 to 2008 (13
years), the annual mean temperature was 19.3 0C, and
relative humidity was 69%. Long-term mean annual precipitation was around 670 mm, about 75% of which falls
during the winter and spring (November-May). The annual mean precipitation was 578 mm during the experiment
from 1996 to 2008. Long-term mean annual potential
evapotranspiration was 1500 mm yr.-1
The experiment was carried out on a Menzilat clayloam soil, which was classified as a Typic Xerofluvent.
Some selected soil properties at the beginning of the experiment in 1996 are given in Table 1.
Preparation and application of organic materials

Twenty-five tons ha-1 of compost and manure has
been regularly applied each year to the plots considering
as organic practices (since 1996). 10 tons ha-1 of compost
inoculated by mycorrhiza has been applied to the plots
allocated for mycorrhiza inoculation + compost practice,
which is also considered as another organic practice.

TABLE 1 - Selected physical and chemical properties of soil.
Soil depth
pH
TS
CEC
OM
(cm)
(1:2.5)
(%)
(meq 100 g-1)
(%)
0-30
7.6
0.04
20.50
1.50
30-60
7.9
0.04
17.87
0.50
60-90
7.8
0.04
24.90
0.50
CEC: Cation Exchange Capacity; TS: total salt; OM: organic matter
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CaCO3
(%)
31.5
47.4
48.8

Sand
(%)
36.3
35.8
13.6

Silt
(%)
26.7
29.9
41.6

Clay
(%)
37.0
34.3
44.8

Texture
Clay loam
Clay loam
Silty clay
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160-180 kg N ha-1 as (NH4)2SO4, 90-120 kg K ha-1 as
K2SO4 and 60-80 kg P ha-1 as P2O5 (TSP) have been added each year to the plots as mineral fertilization for winter
wheat (Triticum aestivum L.), based on soil analysis.
Approximately, 230-260 kg of N ha-1 and 60-80 kg ha-1 of
P2O5 have been annually applied for maize (Zea mays L.)
after the wheat harvest. Organic or mineral fertilizers
have not been applied to the control plots since the beginning of the study.
Manure used as organic material has been supplied by
Research and Practice Farm of the Agricultural Faculty of
Cukurova University. Compost used in the experiment was
prepared according to the method described by Rynk [15].
The compost was made from a mixture of grasses, stubbles and plant leaves with equal ratio for 8 months under
atmospheric conditions. A mycorrhizal cocktail made of a
mixture of mycorrhiza species of Glomus mossea, G. etinicatum, G. caledonium, G. clarium, G. fassicilatum, G. macrocarpium, G. margarita and G. intradices was reproduced in corn media [5].
The manure and compost were regularly applied to
soil surface each year before winter wheat (in September),
or maize sowing (in March) as the first crop. In case of
mycorrhiza-inoculated compost application, compost material mixed with mycorrhiza was homogenously spread out
and mixed with soil that 1000 and 500 spores fall down for
each root of maize and wheat, respectively. Mineral fertilization has only been applied to the mineral fertilization
plots. In the experimental area, each year, winter wheat
(Triticum aestivum L.) as the first crop and summer maize
(Zea mays L.) as the second crop were grown, and winter
sowing was not grown once within a 3-years period. In
2008, when the current study was conducted, only maize
was planted and treatments were completed accordingly.
Field experiment

The experiment was conducted in 15 plots in a randomized-block design with three replications, during 19962008. The plot dimensions were 10 m wide and 20 m long.
The treatments were (1) control (CO); (2) mineral fertilizing with 300-60-150 kg N-P-K ha-1 (MF); (3) compost at
25 t ha-1 (C25); (4) manure at 25 t ha-1 (M25), and (5)
mycorrhiza-inoculated compost at 10 t ha-1 (C10+MZ).
Tillage and maize sowing

Disturbed soil samples were collected from three different soil depths (0-30, 30-60 and 60-90 cm) of each plot
with a soil driller prior to maize sowing to determine the
existing nitrate content (Table 2).

TABLE 2 - Initial NO3-N concentration in the soil
before organic and mineral fertilizer applications.
Treatment

Soil depth
NO3-N
(cm)
(mg N kg soil-1)
Manure
0–30
19.39±2.29† b&
30–60
10.26±2.01 b
60–90
7.06±0.86 b
Compost
0–30
8.52±0.42 c
30–60
7.21±1.43 bc
60–90
2.59±0.33 c
Compost+Mycorrhizae
0–30
7.17±0.58 c
30–60
5.68±0.92 c
60–90
2.43±0.13 c
Mineral fertilizer
0–30
39.35±3.44 a
30–60
22.90±1.18 a
60–90
12.41±1.47 a
Control
0–30
5.39±1.29 c
30–60
4.73±1.19 c
60–90
1.83±0.32 c
†
The numbers following ± indicate standard deviation.
&
Means for treatments followed by the same letter in given column for
same depth are not significantly different (Tukey, P≤0.05).

A moldboard plough to 28-30 cm depth was used for
tillage before maize sowing, and the planned organic fertilizing was applied on each plot. The chemical properties of
compost and manure used in the experiment are presented
in Table 3.
The fertilizers required by maize were applied to mineral fertilizing plots after organic fertilizing. Based on soil
analysis, 150 kg of K2O, 60 kg of P2O5 and 175 kg of N ha-1
were applied on mineral fertilizing plots. All plots (15) were
plowed twice by a roto-tiller at 12-15 cm on the same day to
break down the soil clouds and to properly mix soil with
organic and mineral fertilizers. After organic and mineral
fertilization, on 18 th day of March in 2008, maize was
planted on the plots using a pneumatic sowing machine with
70 cm of distance between rows and 18 cm of over-row
distance.
Soil water sampler placement on the experiment plots

A soil water sampler with a ceramic end was placed in
the center of each plot after maize sown to determine nitrate leaching (Soil moisture, Model 1900 Soil Water Samplers). Soil water samplers were placed at a depth of 90 cm,
and their surroundings were filled with sieved soil to allow
better contact with soil profile. Sufficient vacuum was generated inside the soil water samplers via a vacuum pump
(0.65-0.70 b) just before irrigating maize to collect irrigation water and leached nitrate. The samplers were tightly
closed by stopper assemblies. Covers of the samplers were
opened exactly three days after, and the collected water
was removed by vacuum after each irrigation. NO3-N content was determined by a spectrophotometer at 220 nm.

TABLE 3 - Chemical properties of compost and manure used in the experiment.
Material
Compost
Manure

Organic matter
(%)
29.51
42.28

N
0.97
1.70

Total (%)
P
0.26
0.40

K
0.45
1.04
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pH
(1:2.5)

Electrical conductivity
(1:2.5) (dS m–1)

C/N

7.20
7.51

4.10
3.70

17.7
14.4
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Irrigation and fertilizing of maize

Maize sowing was completed on 18th of March 2008,
and irrigated 10 times every 13-14 days. 1113 mm of
irrigation water was applied during growing period. Water
was passed through a water counter during irrigation to
supply equal amounts for each plot. When 4-5 leaves
were grown, 130 kg N ha-1 was applied to mineral fertilizing plots to satisfy upper fertilizing demand.
Soil sampling and analyses

Before soil sampling, each plot was divided into three
equal subplots. Disturbed and undisturbed soil samples
were taken from the center of each subplot at depths of 015 and 15-30 cm just after maize crop was harvested. Soil
porosity was determined on undisturbed soil samples which
were taken using a steel cylinder of 100 cm3 volume (5 cm
in diameter, and 5 cm in height). Aggregate stability and
number of mycorrhizal spores were determined on disturbed
soil samples. For aggregate stability analysis, approximately
4 kg soil samples were taken. The samples were air-dried
and sieved through 8-mm sieves. The wet sieving method
of Kemper and Rosenau [16] was used with a set of sieves
of 4, 2, 1, and 0.5 mm diameters. After the soil samples
were passed through an 8-mm sieve, approximately 50 g
of the soil was put on the first sieve of the set, and gently
moistened to avoid a sudden rupture of aggregates. Once
the soil moistened, the set was sieved in distilled water at
30 oscillations per min. With 10 min of oscillation, the soil
remaining on each sieve was dried, and then sand and aggregates were separated. The aggregate stability of the
water-stable aggregates (WSA, %) was calculated as follows:

WSA =

(M (a + s) − M s )
(M t − M s )

X 100

where M(a+s) is the mass of the resistant aggregates
plus sand (g); Ms is the mass of the sand fraction alone
(g), and Mt is the total mass of the sieved soil (g).
Porosity was determined by the method of Danielson
and Sutherland [17]. Total porosity was determined with
undisturbed water-saturated samples of 100 cm3 assuming
no air trapped in the pores. The validity of the assumption
was checked using dry bulk density and average particle
density (2.65 g cm-3) values. Microporosity (consisting of
pores with equivalent radius <4.5 µm) was determined from
the volumetric water content, using a pressure membrane
apparatus at field capacity. Macro-porosity (consisting of
pores with equivalent radius >4.5 µm) was calculated as the
difference between total porosity and microporosity. Saturated hydraulic conductivity was measured by a Guelph permeameter (Soil moisture, Model 2800 K1) at two different
points on each plot [18].
Particle size distribution was determined by the Bouyoucos hydrometer method. Organic matter content, calcium
carbonate, pH, cation exchange capacity, and total salt were
determined according to Page et al. [19]. Some properties

of the compost and manure were determined according to
Page et al. [19] and data are given in Table 3. Mycorrhizal spores were counted according to wet sieving method
[20]. Nitrate concentration in soil samples taken from the
research plots before mineral and organic amendments was
determined spectrophotometrically at 430 nm.
Statistical analysis

One-way analysis of variance (ANOVA) was used to
compare the effects of treatments on the saturated hydraulic
conductivity, NO3-N leaching and on soil properties, determined for the two soil depths of 0-15 cm and 15-30 cm
separately. The least significance difference (LSD) test was
used to establish if differences in the treatments were significant at P ≤ 0.05. Data analyses were carried out using
SPSS software (version 9.0).
RESULTS AND DISCUSSIONS
The effects of the treatments on soil porosity

The effects of organic and mineral fertilizations applied since 1996 on soil porosity are illustrated in Fig. 1.
Significant effects of the applications on porosity at various
levels were determined (P<0.05). The highest porosity
values were obtained for 0-15 and 15-30 cm depths with
compost (0.617 cm3 cm-3 and 0.608 cm3 cm-3) and manure
(0.615 and 0.609 cm3 cm-3) applications, respectively. The
variances between the two applications were statistically
insignificant (Figs. 1a and 1b).
The highest total porosity at both depths (0-15 and 1530) after compost and manure applications was obtained in
mycorrhiza-inoculated compost application (0.555 and
0.558), while the lowest data for total porosity were determined in mineral fertilization (0.478 and 0.396) and control
(0.468 and 0.397) plots. Mineral fertilization did not affect
total soil porosity at the depths of 0-15 and 15-30 cm, and
it was at the same level as the control (Figs. 1a and 1b).
The increase in porosity at 0-15 cm soil depth with compost, manure and mycorrhiza-inoculated compost applications was 32, 31 and 19 %, but by 53, 53 and 40% at the
depth of 15-30 cm, respectively, with regard to control.
Mineral fertilization enhanced the porosity only by 2% at
the surface layer (0-15 cm) compared with the control, and
the increase was insignificant.
The effects of organic and mineral fertilization on
macro- and micro-porosity were also statistically significant
(P<0.05). The highest macro-porosity at both depths (015 and 15-30) was obtained by compost applications, while
mineral fertilization had no effect on macro-porosity (Figs.
1a and 1b). Compost application enhanced macro-pores
by 61 and 67% compared with the control at 0-15 and 1530 cm depths, respectively. Manure application provided
more macro-pores by 45% and 50%, respectively, than the
control. However, mycorrhiza-inoculated compost application provided more macro-pores by 33 and 31%, respectively, than the control at the same depths.
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FIGURE 1 - Effect of treatments on soil porosity at depths of 0-15 cm (a) and 15-30 cm (b). CO: control, MF: mineral fertilizer (N-P-K),
C25: compost, M25: manure, C10+MZ: compost+mycorrhizae inoculation. Means for treatments in the same porosity class and soil depth
followed by the same letter are not significantly different (Tukey, P≤0.05).

The highest increases in micro-pores at the depth of
0-15 cm were obtained with manure (0.394 cm3 cm-3), compost (0.372 cm3 cm-3) and mycorrhiza-inoculated compost
(0.353 cm3 cm-3) applications, respectively, while mineral
fertilization application had no effect on micropores (Figs.
1a and 1b). Manure, compost and mycorrhiza-inoculated
compost resulted in more micro-pores by 25, 18 and 12%,
respectively, with respect to control at the soil surface.
It has been reported that addition of organic materials
of various origins to soil raises porosity, changes pore size
distribution, and significantly increases macro-porosity
[21]. Aggelides and Londra [22] reported that addition of
compost of urban wastes and sewer sludge increased the
total porosity and pore size distribution of clay and loamy
soils. Rasool et al. [23] conducted a long-term study in a
semiarid region to assess the effect of manure on soil porosity. The twenty tons ha-1 of manure as organic material
and NPK as mineral fertilizers were regularly added to
sandy-loam soils for 32 years. They reported that manure
application increased total porosity by 25% at a depth of
0-60 cm, compared to the control. Leroy et al. [24] compared
three different doses of the mixed compost consisting of
vegetables, fruits and garden wastes with manure and mineral fertilizers for 9 years. They concluded from their study
that organic wastes significantly improved aggregate stability and porosity of soil (P<0.05); however, any significant
variance was not observed in soil physical properties in the
plots where organic and mineral fertilizers were not applied.
Positive effects of mycorrhiza on soil porosity improved
soil structure and increased aggregate stability. Many re-

searchers reported that symbiotic relationships between mycorrhiza and plant roots enhanced the aggregate formation
and stability of soils [25]. Therefore, the increase in soil porosity, even at a small amount of mycorrhiza addition to
compost, is an important finding. The effect of mycorrhizainoculated compost on micro-pores was greater at the depth
of 15-30 cm comparing to that of 0-15 cm depth. The tillage practices might have negatively impacted the survival
of mycorrhiza hyphae, or have negative effects at the soil
surface. Many researchers reported that the number of mycorrhiza spores and species decreased significantly depending on depth and intensity of soil tillage operations [26].
The effects of the treatments on aggregate stability

Compost, manure and mycorrhiza-inoculated compost
applications significantly improved the aggregate stability
at various levels (P<0.05); however, mineral fertilization
did not affect the aggregate stability (Table 4). The highest
aggregate stabilities at the depth of 0-15 cm were obtained
with manure (39.71%), compost (35.73%) and mycorrhizainoculated compost (34.19%) applications, respectively,
while the highest values at a depth of 15-30 cm were obtained by manure (35.97%), mycorrhiza-inoculated compost (33.51%) and compost (32.00%) applications, respectively (Table 4).
Manure, compost and mycorrhiza-inoculated compost
at the depth of 0-15 cm increased aggregate stability by 58,
42 and 36%, respectively, compared with control. Similarly, manure, mycorrhiza-inoculated compost and compost
applications at the depth of 15-30 cm increased aggregate
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TABLE 4 - Effect of treatments on water-stable aggregates and mycorrhizal spores.
Treatment
Manure

Depth (cm)
0-15
15-30
Compost
0-15
15-30
Compost+Mycorrhizae
0-15
15-30
Mineral fertilizer
0-15
15-30
Control
0-15
15-30
†
The numbers following ± indicate standard deviation;
different (Tukey, P≤0.05).

Water-stable aggregates (%)
Number of mycorrhizal spores (10 g soil)
39.71±2.46† a&
26.67±5.34 b
35.97±1.22 a
29.50±6.24 b
35.73±1.14 ab
25.00±6.55 b
32.00±0.61 b
36.67±10.69 b
34.19±2.03 b
163.83±14.07 a
33.51±1.69 ab
161.17±38.51 a
27.94±1.90 c
11.17±2.93 b
28.27±0.83 c
9.33±3.55 b
25.11±1.11 c
11.67±1.44 b
26.37±0.53 c
11.33±3.06 b
&
Values followed by the same letter in a given column for same depth are not significantly

stability by 36, 27 and 21%, respectively, with regard to the
control. However, mineral fertilization increased aggregate
stability only by 11 and 7% at the depths of 0-15 and 1530 cm, respectively, as compared to the control, and these increases were not statistically significant (Table 4).
Since there is a significant correlation found between
aggregate stability and organic matter content of soils, the
improvement in soil structure might be considered as a result
of increased organic matter concentration of soil. Organic
matter is accepted to be one of the structure indicators, and
many researches showed that organic content of soils increased due to organic fertilization [4]. Tejada and Gonzales [27] reported that organic matters act as binding agent
in stable aggregate formation and soil particle flocculation.
Leroy et al. [4] applied 5 different organic and mineral
fertilizations for one year to study the effects of amendments on soil stability and some other physical properties.
The results revealed that organic fertilization statistically
increased aggregate stability in less than a 1-year period;
however, mineral fertilization did not affect the soil characteristics studied. In another study, in which compost and
manure fertilizations were used, it was observed that both
fertilizations increased macro aggregates larger than 2 mm
by 200%, even 15 days after the application [28]. The authors also reported that no significant variance existed between manure and compost applications with respect to
aggregate stability.
The amount of organic material applied (compost:
25 tons ha-1 and mycorrhiza inoculated-compost: 10 tons
ha-1) and the mycorrhiza compost fertilization had greater
impact on soil structure at the depth of 15-30 cm compared
with conventional compost. The results indicated the importance of mycorrhizal fungi in soil aggregation. Previous
studies indicated that symbiotic relationship between mycorrhiza and plant roots raised the aggregate formation and
aggregate stability [25]. The existence of a strong correlation between aggregate stability and glomalin, which is
a glycoprotein produced by mycorrhizal fungi, was also
discussed by other researchers [29]. The higher organic
contents of organic fertilizations resulted in occurrence of
higher mycorrhizal spores in the compost and manure plots
compared to the control and mineral fertilization (Table 4).

Vaidya et al. [30] also found higher mycorrhizal spores in
the eroded fields enriched by organic amendments.
Although compost and manure were used in equal
amounts (25 tons ha-1), their effects on aggregate stability
varied. Although chemical characterization of these materials was not determined in this study, it might be responsible for such findings [31].
Effects of the treatments on saturated hydraulic conductivity

The results of saturated hydraulic conductivity measured by Guelph permeameter in the experiment plots are
illustrated in Fig. 2. Organic and mineral fertilizations
significantly affected the saturated hydraulic conductivity
at different levels (P<0.05). The highest saturated hydraulic conductivity value was obtained by compost fertilization
as 5.07x10-3 cm s-1 while manure (3.35x10-3 cm s-1) and
mycorrhiza-inoculated compost (3.16x10-3 cm s-1) yielded
lover values. However, no statistically significant variance
existed between the manure and mycorrhiza-inoculated
compost treatments in saturated hydraulic conductivity.
Saturated hydraulic conductivity obtained by mineral fertilization was 1.71x10-3 cm s-1 and was statistically at the
same level as the control (1.46x10-3 cm s-1) (Fig. 2).
Fertilization by compost, which is a long-term (13
years) organic fertilizer, increased saturated hydraulic conductivity by 247% and 196%, compared with control and
mineral fertilization, respectively. The manure application
resulted in increase of hydraulic conductivity by 129% and
96%, with respect to control and mineral fertilization, respectively. However, mycorrhiza-inoculated compost in
which compost (10 tons ha-1 year-1) content of the mixture
was lower than the compost application alone, increased
saturated hydraulic conductivity by 116% and 84%, compared with control and mineral fertilization, respectively.
The reasons to obtain increased saturated hydraulic
conductivity in plots being supplied with organic fertilizers for 13 years, when compared to control and mineral
fertilization, were improvement in aggregate stability and
enhancement of total porosity along with increase in macro-pore volume [21]. Although compost and manure were
used in equal amounts (25 tons ha-1 year-1), the effect of
compost application on hydraulic conductivity was great-
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er. The increase in macro-pore volume in compost plots
might have resulted in such findings [32].

i.e. 4th irrigation, to the last one were obtained in mineral and
manure fertilizations, respectively (Fig. 3).

The concurrent increase in total soil porosity and saturated hydraulic conductivity due to organic material addition to the soil is also supported by the findings of other
researchers [33]. According to Franzluebbers [34], soil organic matter is a key attribute of soil quality that impacts
soil aggregation and, accordingly, increases water infiltration. Soil compaction commonly results in a decline in
macro-porosity, higher susceptibility to erosion, and decreased hydraulic conductivity. One hundred tons ha-1 of
green fertilizer to sandy-loamy soil raised infiltration rate
by 0.4 cm h-1 [35].

The mineral and manure fertilizations caused relatively
higher NO3-N concentrations in the drained waters. Nitrate leaching caused by mineral fertilization is controlled
by many factors (fertilizer amount, form and time, soil
properties, plant variety, root spread of plant, precipitation and irrigation). As frequently expected, some nitrate
is leached as a result of mineral fertilization.
Relatively higher NO3-N content of drainage water
with the application of manure is another important finding
of the study. This highlights why the question on whether
organic agriculture reduces nitrate leaching or not is so
actual and discussible once more. In fact, Kirchmann and
Bergstrom [36] failed to discover any concrete evidence
showing that organic agriculture could reduce nitrate leaching. They suggested that nitrate leaching can be decreased
by taking suitable and preventive measures rather than
traditional or organic agriculture.

Leroy et al. [4] reported that, organic fertilizations significantly enhanced hydraulic conductivity (P<0.05) compared with mineral fertilization and the control in a time
shorter than 1 year. The researchers reported that the
highest saturated hydraulic conductivity was obtained with
manure (2.80x10-3 m s-1) and compost (2.30x10-3 m s-1)
applications, respectively. The hydraulic conductivity obtained by mineral fertilization was 0.40x10-3 m s-1 and
hydraulic conductivity in control was measured to be
0.5x10-3 m s-1.

Nitrate leaching occurring after organic fertilizing is
affected by many factors, such as fertilization amount and
frequency, soil and organic fertilizer properties etc. Considering the properties of manure used (high N =1.70%;
narrow C/N ratio = 14.4), soil properties and long-term
fertilization, nitrate leaching may occur especially with
the application of manure and other organic fertilizations
(Table 3). Due to the suitable climatic and soil conditions
of the study area, higher mineralization rate might also sigificantly contribute to nitrogen release just after the applications. Mineralization occurs at the highest rate within a
short time, especially after organic waste addition to soil
and decreases by time [12]. Therefore, higher NO3-N leaching found at the beginning of the vegetation period (in the
first 3 irrigations) with manure fertilization supports this
view. Similar events were also reported in other studies
[12].

Effects of the treatments on nitrate leaching

Fig. 3 shows variation in NO3-N leaching after each
of 10 irrigations and the comparison of the applications.
The mean leached NO3-N value occurred during maize irrigation (Fig. 3). The difference in the amount of leached
NO3-N between organic and mineral fertilizations from the
first irrigation was significantly different (Fig. 3). The highest NO3-N concentrations were determined for mineral and
manure fertilizations in the first three irrigations; however,
the difference in variance occurring between these two
fertilizations was not statistically significant. The highest
NO3-N concentrations from the next irrigation (02.05.2008),
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FIGURE 2 -Effect of treatments on saturated hydraulic conductivity. Means for treatments by the same letter are not significantly different
(Tukey, P≤0.05).
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One hundred seventy-five kg N ha-1 of nitrogen was regularly added to mineral fertilization plots as basic fertilizer
during corn sowing since 1996. The regular application of
NPK fertilizers to the same plots also resulted in accumulation of higher N amount compared with the other organic
fertilizations plots (Table 2). Therefore, the highest NO3-

N concentration was measured in waters leached from mineral fertilization plots (Figs. 3 and 4).
These findings are similar to those obtained in other
studies. Joshi et al. [10] conducted a 2-years study to evaluate the effect of organic and mineral fertilizing on nitrate
leaching from root zone of corn plants. The results of their
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study revealed that 66 mg L-1 of N from nitrate was
leached under the annual mineral fertilizing conditions.
However, 50 mg L-1 nitrogen was detected in water with
manure application, and the variation observed between
treatments was statistically significant. Although very
small amount of organic material was added per unit area,
higher NO3-N leaching occurred in mycorrhiza-inoculated
compost fertilization. The increase in macropore volume
might have caused this finding (Fig. 1). Macro-pores
occupy very small parts of soil; however, they are extremely active in enabling nitrate leaching to deep layers
within very short time [37].
Organic materials used in the study had different
chemical nature. Therefore; their effects on mineralization
rate and soil properties were varying. These variations
were also reflected in NO3-N leaching rate because mineralization rate of organic material and nitrogen release
depend on soil texture and humidity regime as well as
origin of organic material [36]. Therefore, their effects on
soil physical properties, such as soil structure, porosity,
hydraulic conductivity and leaching in soil, varied [31,
27]. When comparing compost, manure and mycorrhizainoculated-compost, the highest values of leached NO3-N
after each irrigation and mean leached NO3-N during 10
irrigations were obtained by manure, compost and compost+mycorrhiza, respectively (Figs. 3 and 4). Although
compost and manure were used in equal amounts (25 tons
ha-1), their effects on NO3-N leaching varied. The most
significant reason for this was the N content of manure
used, which was two-fold of nitrogen concentration of
compost (Table 3).
Evanylo et al. [38] carried out a 4-years study to
evaluate the effects of compost and mixture applications,
consisting of compost and mineral fertilizers as well as
mineral fertilization (NPK) alone, on soil physical properties and environment. In this study, leached nitrate-N
levels measured just after fertilization were at about 50
mg L-1 for all fertilizations. However, N level in water
decreased significantly towards the end of the study (after
52 months), and the highest value, 10 mg L-1, was obtained only in compost application. The researchers reported that initial high NO3-N leaching in mineral fertilization was a result of fast leaching and mineralization of
organic matters in organic fertilizations.
The compost, manure and compost+mycorrhiza fertilizations significantly reduced NO3-N leaching in soil as
compared to mineral fertilization (Figs. 3 and 4). However, manure significantly improved soil porosity, aggregate
stability and soil hydraulic conductivity. However, manure application had negative effects on nitrate leaching
comparing to compost and mycorrhiza-inoculated compost. Therefore, making manure compost with various
organic wastes may be more useful than using it alone.
Similar studies highlighted the importance of producing
compost and reported that addition of compost produced
from liquid sewer sludge to soil may be useful in reducing
nitrate leaching in soils [39].

Maynard [40] reported that, if compost is used instead of mineral fertilizers in vegetable production, nitrate
leaching in soil may be reduced within 1-3 years. In another study, in which the composted and non-composted
manures were compared in corn production, the composted fertilizers caused fewer nitrate leaching [41].
Any significant effect of nitrogen application doses
on corn-alfalfa sprout yield was not obtained based on the
result of a 6-years study investigating the effects of nitrogen fertilizing, manure and compost on crop yield and
nitrogen leaching in a corn-alfalfa sprout production rotation under natural cropland conditions. However, nitrate
leaching mostly occurred in case of manure, compost and
mineral fertilizing practices, respectively [11]. Researchers emphasized that manure fertilization raises organic
matter content of soils; however, such applications may
also result in an increase of nutrient contents of surface
and ground waters, due to this nitrate leaching.
CONCLUSIONS
Soil hydraulic conductivity, aggregate stability and
porosity were significantly improved as a result of longterm organic fertilization and mycorrhiza use in clayloamy soils. Manure, compost and mycorrhiza-inoculated
compost reduced NO3-N leaching as compared to mineral
fertilization. However, manure caused the highest NO3-N
leaching among organic fertilizers used. Therefore, composting manure with various plant wastes may be more
useful. The results revealed that composts made of manure and various plant wastes may be useful in raising and
sustaining fertility of soils and environmental quality due
to their effects improving soil properties and reducing
nitrate leaching. The mycorrhiza use in combination with
organic wastes in low amount was also significantly effective in improving soil physical properties.
Finally, application of compost and manure along
with mycorrhiza in arid and semi-arid regions, where the
erosion and land degradation are important environmental
issues, are important agricultural management practices
for sustainability.
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ABSTRACT
The samples obtained after activation of amorphous
zirconium phosphate by zinc salt were characterized using
DRX, FTIR and EDAX. The results indicate that the cristallinity of materials decreases with increasing zinc amounts
added.
The photodegradation of methyl orange (MO) on activated zirconium phosphates was investigated. Decolourization of MO dye was better with increasing zinc amount
when activation materials process. The best photodegradation efficiency was obtained in acidic solution at pH 3,
and saturation was attained from 140 min. These results indicate that the material could be used as alternative in wastewater treatment for the removal of dyes.

KEYWORDS:
Photodegradation; methyl orange; zirconium phosphate; zinc salt

studied in different chemical fields including photocatalysis [4]. The assessment of applicability of this kind of materials should be based on a detailed description of structural
and chemical properties, such as pore structure and surface acidity. Zirconium phosphate was used as photocatalyst in photobleaching of tolonium chloride, eriochrome
black-T, or malachite green [5, 6].
Furthermore, it was found that zirconium phosphate
has high selectivity for certain cations, and this selectivity
can be increased by thermal treatment. This modification
by cations improves the photocatalytic properties of zirconium phosphate. [7]
In the present study, we examined the effect of the
presence of metal (Zn) salts when refluxing amorphous zirconium phosphate in phosphoric acid. For this, different
amounts of Zn(II) were added to amorphous zirconium
phosphate and then refluxed in phosphoric acid. The obtained materials were analysed by DRX, FTIR and EDAX
methods. Then, MO was used as photocatalytic substrate
to study photodegradation properties of the prepared samples.

INTRODUCTION
MATERIALS AND METHODS
Water pollution due to effluents from dyes and printing industries poses a serious problem for aquatic life. The
photocatalytic treatment is a more attractive alternative for
the removal of soluble organic compounds. It does not require expensive oxidants and can be carried out at mild temperature and pressure. Among various catalysts, metal oxide
semiconductors were used under UV irradiation because of
their physical and chemical stability, low cost, ease of availability, non-toxicity, and electronic as well as optical properties [1-3].
Zirconium phosphate belongs to an important class of
insoluble acid salts of tetravalent metals that are widely

Preparation and characterization of Zirconium phosphate

Amorphous zirconium phosphate (a-ZrP) was prepared
by adding drop by drop an aqueous solution of 0.22 M
ZrOCl2.8H2O to a solution of 0.6 M H3PO4. The resulting
precipitate was centrifuged, washed with deionised water
and dried at 80 °C for 48 h.
Activation of zirconium phosphate by Zn(II)

A stock solution of Zinc(II) sulphate (0.1 N; 1 L) was
prepared with distilled/deionized water. Aliquots of this
solution representing 1.5, 7.5 and 15 meq were added to
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1 g samples of amorphous zirconium phosphate. Each mixture was agitated for 1 h and refluxed in 2 M H3PO4 for
48 h. The samples were centrifuged, washed with deionised
water and dried at 80 °C for 2 days. For simplicity, the
samples were labelled ZnZrP 1.5, ZnZrP 7.5 and ZnZrP 15.
For all samples, the phases X-ray powder diffraction
(XRD) patterns were obtained with a Philips X'Pert
PRO SUPER X-ray diffractometer equipped with graphite
mo-nochromaticized Cu Kα radiation (λ = 1.54056 Å),
and FTIR measurements were performed with 4 cm-1 resolution (VERTEX 70 spectrometer). EDAX studies were
made using a SUTW-Sapphire detector to identify the
presence of Zinc(II) on the specimen surface.
Adsorption experiments

MO was selected as a model for the photocatalytic degradation experiments. The setup used consists of a 250-ml
beaker and 20 cm above it, a low-pressure mercury UV
lamp (15 W, Philips) was used as an artificial light source.
During irradiation, the content of the beaker was magnetically stirred.
The experiments were performed by suspending 50
mg of the catalyst into 100 ml of MO solution (10 ppm).
The pH of the initial solutions, ranging from 3 to 10, was
adjusted using nitric acid and sodium hydroxide. The
absorption spectra of MO solutions, before and after irradiation for different time periods, were measured by UVVIS spectrophotometry (Standard UNICAM), and decolourisation was determined at the maximum (608 nm). Removal efficiency (%) of IC was measured by applying the
following equation:
removal efficiency (%) =

Co − C
x100
Co

where Co is the initial MO content, and C is the retained MO in solution.
RESULTS AND DISCUSSION

known to vary; samples exhibiting preferred orientation
of the particles have an intense reflection corresponding
to hkl = 002, where with as low crystallinity materials,
such as ZnZrP-7.5 and ZnZrP-15, have the 20 4 reflection
as the more intense.
d = 7.523

(200)
d = 3.557
d = 4.483

(204)
d = 2.642
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Intensity (a.u)
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FIGURE 1 - X-ray powder diffraction of (a) ZnZrP-1.5, (b) ZnZrP7.5, and ZnZrP-15.

EDAX spectrum for different samples indicated the
absence of Zn peaks. Although the exchange process
occurred by mixing amorphous zirconium phosphate with
zinc solution, activation method in acidic media regenerates zirconium phosphate and reduces the uptake of Zn
ions on samples. Much less Zn(II) is exchanged in an
acidic solution because the exchange reaction, expressed
in Eq. 1, is shifted toward the left. The excess of hydrogen
ions limits the outer-surface sorption and the particle
diffusion of Zn ions into zirconium phosphate [11].
Zr(HPO4)2 + M2+ ↔ Zr M (PO4)2 + 2H+ (1)
These results were assessed by FTIR data (Fig. 2)
from which it was shown that there is no drastic change
observed in the FTIR spectrum band positions of different
samples. However, the intensities of some peaks (Table 1)
concerning the OH bands were slightly reduced with
increasing amount of zinc sulfate when zirconium phosphate was activated.

Characterization

The XRD patterns of samples are shown in Fig. 1.
The spectra of materials exhibit the same main reflections
characterising α-zirconium phosphate [8], with different
intensity and resolution. The interlayer spacing for all
materials was retained at around 0.75 nm. The X-ray
diffraction patterns of ZnZrP-7.5 and ZnZrP-15 are identical and present broad ill-defined reflections indicating
their low cristallinity compared to ZnZrP-1.5. Thus, the
crystallization of samples is lower when increasing the
amount of zinc ions in the refluxing solution. The different degrees of crystallinity can be also associated with the
modification of sample morphology [9].
Clearfield and co-workers [10] have shown that the
unit cell dimensions of α–ZrP vary with the degree of
crystallinity. The ratio of intensities of the 002 and 20 4 is

(a)

(b)
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FIGURE 2 - Infrared spectra of (a) ZnZrP-1.5, (b) ZnZrP-7.5, and
ZnZrP-15.
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TABLE 1 - Assignment of features observed in optical vibrational
effects.
Peaks (cm-1)
970
1619
3170
3509
3598

Assignment
γ (POH) stretching vibration
(ν2) ‘scissors’ mode of crystal water
(ν3) antisymmetric or (ν1) symmetric stretches of
the crystal/interlayer water
(ν1) symmetric stretches of the crystal/interlayer
water
(ν3) antisymmetric stretches of the crystal/interlayer
water

lytic efficiency decreases with increasing pH due to the
electrostatic repulsion between the dye species and the surface of the catalyst, as a result of which the photocatalytic
degradation percentage was found to be minimum at pH
>8.

Photocatalytic activity
Effect of pH

(a)

According to the literature, pH value is by far the major factor influencing the rate of the photocatalytic process [12, 13]. For these reasons, the experiments were
carried out to find the optimal pH of the reaction mixture
for degradation of MO. The photocatalytic efficiency of
MO on materials at different pH values is illustrated in
Fig. 3.

(b)
FIGURE 4 - Methyl orange in (a) acidic solution and (b) alkaline
solution.

In reality, the interpretation of pH effects on the efficiency of dye photodegradation process is a very difficult
task because three possible reaction mechanisms can contribute to dye degradation, namely, hydroxyl radical attack
(Eq. 2), direct oxidation by the positive hole (Eq. 3), and
direct reduction by the electron in the conducting band
(Eq. 4). It appears that the effect of pH on the degradation of
the pollutants is variable and controversial, since the positive holes are considered to be the major oxidation species
at low pH, whereas hydroxyl radicals are considered as the
predominant species at neutral or high pH levels [16].
Dye + OH° à degradation product
(2)
+
Dye + h VB à oxidation products
(3)
Dye + e CB à reduction products
(4)

FIGURE 3 - Effect of pH on the photocatalytic efficiency of MO on
(a) ZnZrP-1.5, (b) ZnZrP-7.5, and (c) ZnZrP-15.

For all materials, the best results were obtained in
acidic solution. The photocatalytic efficiencies decreased
with increasing pH values. At pH >8, the decolourization
of the dye was less important. Thus, the photocatalytic oxidation of organic compounds on samples may be carried
out in two processes:

Since the influence of the pH is dependent on dye type
and surface properties of materials, this effect on photocatalytic efficiency must be accurately checked before any
application.

(1) The diffusion of organic compounds to the particle
surfaces to form a complex.

Fig. 5 shows the effect of irradiation time on the photodegradation of MO. It can be seen that the dye removal
process was found to proceed through two stages:

(2) Exchange of electrons with the reactive surface of
samples [14].
In strong acidic conditions, MO is likely to change into
quinine form (Fig. 4), which is ionized and easy to be captured by absorbents. While in neutral and basic medium,
MO is in azo form and only physical adsorption is taking
place [15].
At low pH range, electrostatic interactions between the
positive catalyst surface and dye anions lead to strong adsorption of the latter on the support [14]. The photocata-

Effect of irradiation time

(1) An initial rapid decolourization for the first 40 min
(more than 50 % of initial dye concentration decolorized).
(2) The adsorption rate was found to decrease with increase in time. The dye decolourization attains saturation
from 140 min.
The high removal efficiency of the initial period
(40 min) may be due to increasing the number of vacant
sites available at the initial stage, and as a result, an expected variation in the concentration of adsorbate in solu-
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tion and on adsorbent surface (concentration gradient) tends
to enhance the dye sorption rate [14]. As time proceeds,
this concentration gradient decreases due to accumulation
of dye molecules on vacant sites, and thus saturation stage
was almost perceived [14].

FIGURE 5 - Effect of contact time for the photocatalytic degradation
of MO on (a) ZnZrP-1.5, (b) ZnZrP-7.5, and (c) ZnZrP-15.

REFERENCES
[1]

Mi Sung-Suh, H., Choi, J.R., Hah, H. J., Koo, S. M and Bae,
Y. C. (2004) Comparison of Ag deposition effects on the
photocatalytic activity of nanoparticulate TiO2 under visible
and UV light irradiation. Journal of Photochemistry and Photobiology A: Chemistry. 163, 37–44.

[2]

Height, M. J., Pratsinis, S. E., Mekasuwandumrong, O. and
Praserthdam, P., (2006) Ag-ZnO catalysts for UVphotodegradation of methylene blue. Applied Catalysis B:
Environmental. 63, 305–312.

[3]

Hustert, K., Feicht, E.A. and Kettrup, A. (2002), Photodegradation of Azoxystrobin and Kresoxim-Methyl under simulated environmental conditions. Fresen. Environ. Bull. 11, 322325.

[4]

Feng, Y., He, W., Zhang, X., Jia, X.and Zhao, H. (2007) The
preparation of nanoparticle zirconium phosphate. Mater. Lett.
61, 3258–3261.

[5]

Panwar, O. P., Kumar, A., Ameta, R. and Ameta, S. C. (2008)
Use of Zirconium Phosphate system as a Photocatalyst : Photobleaching of tolonium Chloride, Macedonian Journal of Chemistry and Chemical Engineering. 27, 133–139.

[6]

Panwar, O. P., Kumar, A., Paliwal, M., Ameta, R. and Ameta, S. C. (2008) Use of Zirconium Phosphate as Photocatalyst
in Photobleaching of Some Dyes. Bulletion of the Catalysis
Society of India. 7, 105 – 110.

[7]

Das, D.P., Baliarsingh, N. and Parida, K.M. (2007) Photocatalytic decolorisation of methylene blue (MB) over titania
pillared zirconium phosphate (ZrP) and titanium phosphate
(TiP) under solar radiation. Journal of Molecular Catalysis A:
Chemical. 261, 254–261.

[8]

Slade, R. C. T., Knowles, J. A., Jones, D. J. and Rozière, J.
(1997) The isomorphous acid salts α-Zr(HPO4)2·H2O, αTi(HPO4)2·H2O and α-Zr(HAsO4)2·H2O Comparative thermochemistry and vibrational spectroscopy. Solid State Ionics. 96, 9-19.

[9]

Casciola, M., Donnadio, A., Montanari, F., Piaggio, P. and
Valentini, V. (2007) Vibrational spectra and H-bondings in
anhydrous and monohydrate α-Zr phosphates, J. Solid State
Chem. 180, 1198–1208.

Effect of Zn activation on photocatalytic efficiency of MO

The refluxing of amorphous zirconium phosphate in
Zn salt leads to an increase of the photocatalytic efficiency
of MO solution (Fig. 5). The most effective decolourization of MO was observed with the zinc amount equal to
15 meq. This can be due to the activation process which
improves the exchange properties of the materials and enhances the number of activation sites increasing the chances
of photon activation on catalyst surface [17].
CONCLUSION
The photodegradation of methyl orange dye was successfully carried out using zirconium phosphate activated
by zinc sulphate. Increasing Zn amount enhanced the photocatalytic activity of materials due to the activation process which improves the exchange properties of the materials and enhances the number of activation sites increasing the chances of photon activation on catalyst surface.
High photodegradation efficiency of MO was found at pH
3 after 140 min of irradiation time.
ACKNOWLEDGEMENTS
The authors gratefully acknowledge the members of
UATRS (Unité d'Appui Technique à la Recherche Scientifique - Rabat - Morocco) for their technical support to
characterize the samples.

[10] Clearfield, A., Oskarsson, E. and Kullerg, L. (1974) On the
Mechanism of Ion-Exchange in crystalline Zirconium Phosphates. XI. The Variation in Unit Cell Dimensions and Sodium Ion – Hydrogen Ion Exchange in Highly Crystalline αZirconium Phosphates. J. Phys. Chem. 78, 1150 – 1153.
[11] Pan, B., Zhang, Q., Du, W., Zhang, W., Pan, B., Zhang, Q.,
Xu, Z. and Zhang, Q. (2007) Selective heavy metals removal
from waters by amorphous zirconium phosphate: Behavior
and mechanism. Water Res. 41, 3103 – 3111.
[12] Guettai, N. and Amar, H. A. (2005) Photocatalytic oxidation of
methyl orange in presence of titanium dioxide in aqueous suspension. Part I: Parametric study. Desalination. 185, 427-437.
[13] Dong, X. - Zhen-bin, W. - Xiao-long, X. and Nan-sheng, D.
(2006) Photodegradation of 2-naphtol in aqueous solutions in
the presence of humic acid and ferric acid ions. Fresen. Environ. Bull. 15, 1292-1298.

2328

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

[14] Othman, I., Mohamed, R.M. and Ibrahem, F.M. (2007) Study
of photocatalytic oxidation of indigo carmine dye on Mnsupported TiO2, Journal of Photochemistry and Photobiology
A: Chemistry. 189, 80–85.
[15] Li, F., Suna, S., Jiang, Y., Xia, M., Suna, M. and Xue, B.
(2008) Photodegradation of an azo dye using immobilized
nanoparticles of TiO2 supported by natural porous mineral, J.
Hazard. Mater. 152, 1037-1044.
[16] Lachheb, H., Puzenat, E., Houas, A., Ksibi, M., Elaloui, E.,
Guillard, C. and Herrmann, J.M. (2002) Photocatalytic degradation of various types of dyes (Alizarin S, Crocein Orange
G, Methyl Red, Congo Red, Methylene Blue) in water by
UV-irradiated titania. Applied Catalysis B. Environmental.
39, 75–90.
[17] Liu, C.C., Hsieh, Y.H., Lai, P.F., Li, C.H. and Kao, C.L.
(2006) Photodegradation treatment of azo dye wastewater by
UV/TiO2 process. Dyes and Pigments. 68, 191-195.

Received: April 27, 2009
Accepted: July 14, 2009

CORRESPONDING AUTHOR
Zouhair Barhon
Laboratoire Interface Matériaux Environnement
Faculté des Sciences
Université Hassan II
Ain Chock, Km. 8, Route El Jadida
B.P. 5366
Maârif, Casablanca
MAROC
Phone: + 212 6 63 27 31 96
Fax: +212 5 22 66 53 04
E-mail: barhon@hotmail.com
FEB/ Vol 18/ No 12/ 2009 – pages 2323 - 2327

2329

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

ADSORPTION STUDIES AND REMOVAL OF
NITRATE FROM BLEACHED KRAFT MILL
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ABSTRACT
This study aimed to remove nitrate from paper mill
industry (4500 m3h-1) wastewater, which is discharged to
sea from a plant located in western Turkey. As adsorbents, fly-ash, raw and heat-activated sepiolite were
used. The effect of factors, such as particle size, temperature and pH, on adsorption process was investigated. From
kinetic studies, equilibrium time was found as 1 h for both
adsorbents. The kinetic data support a pseudo-second order
model (0.999≥ r2) but show very poor fit for a pseudofirst order model. Intra-particle model also shows that
there are two separate stages in sorption process, namely,
external diffusion and pore diffusion. Adsorption isotherms
for fly-ash and activated sepiolite were obtained at three
different temperatures. From experiments carried out at
different pHs, it was observed that pH plays an important
role in the nitrate adsorption process, both ionizing the
compounds and modifying sorbent surfaces. It was also
observed that heat-activated sepiolite is more effective
than raw sepiolite and fly-ash to remove nitrate and, in
addition, adsorption of nitrate increases with decreasing
particle size. The results of this study suggest that sepiolite and fly-ash, with low-cost and abundant availability,
have a potential of being used as sorbent for removal of
nitrate from Bleached Kraft Mills Effluent (BKME).

KEYWORDS: Bleached Kraft Mills Effluent (BKME), adsorption,
sepiolite, fly ash, nitrate

INTRODUCTION
Effluents from pulp and paper mills are highly toxic
and a major source of aquatic pollution. BKMEs are largevolume and brown-colored discharges because of the different operations used in the processing of wood and pulp.
The brown color of the effluents results from the presence
of lignin or polymerized tannins in the wastewater. BKME
contains a complex mixture of organic constituents of various compound classes, and in pulp mill effluents more than
300 compounds have been identified to date. This

wastewater causes three kinds of environmental impacts:
biological oxygen demand (BOD), toxicity and color [1-6].
These waters are heavily polluted by several nitrogencontaining compounds (nitrate, nitrite, and ammonium),
which may cause severe environmental problems including eutrophication [7]. Nitrate, in particular, causes outbreaks of infectious diseases, such as cancer of the alimentary canal and cyanosis among children [8]. Excess nitrate
in drinking water may cause blue-baby syndrome, which
results from the conversion of haemoglobin into methaemoglobin, which cannot carry oxygen [9].
Physical and chemical processes to remove color and
toxicity from wastewaters are extensively studied. Some
of these processes are adsorption, coagulation, flotation,
biosorption, UV photodecomposition and ultrafiltration.
Most of these processes are expensive, and none of them
is considered by pulp and paper industries to be commercially viable because of unfavorable economy. Adsorption
has been found to be an efficient and economic method to
remove dyes, pigments and other colorants, and to control
the bio-chemical oxygen demand [10-13]. Activated carbons, inorganic oxides, natural adsorbents (such as clays
and clay minerals, cellulose materials, chitin, and chitosan)
have been extensively used as adsorbents to treat
wastewaters [14-15]. Despite its prolific use in water and
wastewater industries, commercial activated carbon remains an expensive material. This has led to search for
low-cost materials as alternative adsorbents in order to
remove toxic compounds [16-19].
Sepiolite is a hydrous magnesium silicate characterized by its fibrous morphology and intra-crystalline channels, having the ideal structural formula
Si12Mg8O30(OH)4(OH2)4.8H 2O for the half-unit cell [20].
Sepiolite has a common industrial application due to its
molecular-sized channels and large specific surface (more
than 200 m2g-1). It is an effective sorbent in the removal of
compounds, such as aromatic amines, diquat, paraquat and
methyl green from aqueous solutions [21]. Fly-ash was extensively used as an adsorbent material for removing various heavy metals and colors of organic compounds [22, 23].
It was reported that the carbon content of fly-ash plays a significant role during the sorption of organic compounds [24].
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In the present study, it was aimed to study the removal
of nitrate from BKME by various sorbents, namely, fly-ash
as well as raw and activated sepiolite, which are low-cost
and abundantly available materials. In addition, the adsorption mechanism through various adsorption kinetics models was investigated. No study in literature is related to
the use of fly-ash and sepiolite as an adsorbent to remove
nitrate from BKME discharged from a plant, producing
4500 m3 wastewater per h.
Adsorption modeling

In order to investigate the mechanism of adsorption,
the pseudo-first order adsorption, the pseudo-second order
adsorption and the intra-particle diffusion model were used
to test dynamical experimental data. The pseudo-first order
rate expression of Lagergren (1898) [25] is generally described by the following equation [26]:

log(qe − qt ) = log qe −

k1
t
2.303

(1)

The pseudo-second order model is based on the assumption that the rate-limiting step may be chemical sorption or chemisorption involving valence forces through
sharing or exchange of electrons between sorbent and sorbate. It is assumed that the sorption capacity is proportional
to the number of active sites occupied on the sorbent, and
then the following equation can be written as follows [26,
27]:
(2)

If second-order kinetics is applicable, the plot of t/qt
against t of Eq. 2 should give a linear relationship. The
constants qe and k2 can be determined from equation (2).
Intra-particle diffusion model is used by Weber and Morris (1963) [28]. The rate constants, for intra-particle diffusion (ki) are determined using Weber and Morris equation,
described as follows [27]:

qt = ki t 0.5 + c

TABLE 1 - Characteristics of Bleach Kraft Mill Effluent (BKME).
Parameter
Color
Natural pH (average)
Compounds
PO3-4
NO2NO3NH4+
Phenol
Lignin
BOD (Biological Oxygen Demand)
COD (Chemical Oxygen Demand)

Average value
Brown
7.50
(mg L-1)
0.176
0.213
0.183
9.88
0.535
13514.0
25.5
426.0

Sorbents

where qe and qt are the amounts of nitrate (mg/g) adsorbed on sorbents at equilibrium, and at time t, respectively, and k1 is the rate constant (min-1). The rate k1 was
obtained from slope of the linear plots of log(qe-qt)
against t.

t
1
1
=
+
t
2
qt
k 2 qe
qe

an aerated lagoon were taken before being discharged to
the sea. The average effluent characteristics are given in
Table 1.

(3)

where ki and c are intra-particle diffusion rate constant (mg/g min0.5) and a constant, respectively.
MATERIALS AND METHODS
Wastewater

The paper mill effluents were provided from a modern bleached Kraft mill located in Western Turkey. Wastewater (4500 m3h-1) is discharged into Gökova Gulf (MuglaTurkey) by deep discharging. Wastewater samples from

The fly-ash was obtained from the Yatağan Power
Plant in Muğla, Turkey. The sepiolite sample, which is
Türktaciri sepiolite deposit-sedimentary type, was collected
from the west of Eskişehir, Turkey. This sepiolite mineral
was ground in a mill, followed by sieving compatible with
ASTM standards. Then, the minerals having particulates
with varying sizes were washed with deionized water and
dried. The purified and dried samples were exposed to a
thermal process for 1 h (120 °C) to be named as activated
sepiolite. Chemical compositions of the fly-ash and sepiolite minerals were determined by XRF (Micro X-ray Fluorescence), and the results are given in Table 2. In addition,
SEM (Scanning Electron Microscopy) analyses of the
sepiolite were carried out before and after heat activation
in order to see the change in the surface morphology (see
Fig. 3).
TABLE 2 - Chemical composition and surface
areas of raw sepiolite, activated sepiolite and fly-ash.
Chemical
Composition

Sepiolite (raw)
(% wt)

Sepiolite (activated )
(% wt)

Fly-ash
(% wt)

SiO2
MgO
CaO
Al2O3
Fe2O3
Na2O
K2 O
MnO2
TiO2
SO3
Moisture (%)
Specific surface
area (m2g-1)

56.91
27.52
1.39
0.08
0.04
0.02
0.01
0.002
0.008
0.00
14.00
200.00

61.03
27.74
6.49
1.21
0.50
0.02
0.20
0.007
0.062
0.03
276.0

33.30
1.23
31.09
14.31
4.11
0.34
1.43
0.30
6.28
2.1

Sorption studies and determination of nitrate

Adsorption experiments were carried out in 100ml
flasks immersed in a thermostatic shaker-bath at 293 and
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313 K for 24 h. Fly-ash and sepiolite samples of 2.0 g
were mixed with 100 ml of wastewaters. At the end of each
adsorption period, the suspension was centrifuged and nitrate concentration analyzed by diazotization reaction as
outlined in Standard Methods of Examination of Water
and Wastewater [29] using a spectrophotometer (Shimadzu UV-120-01).

However, it is seen that the amount of adsorbed nitrate by
activated sepiolite was much higher than that of fly-ash
and raw sepiolite. This can be explained by the higher
specific surface area of activated sepiolite. In addition, the
observed higher sorption capacities for all adsorbents at
the low pHs can be attributed to decreasing of the adsorption ability to active sites of nitrate at high pHs.

The effect of pH on the removal of nitrate was studied by conducting equilibrium sorption tests at different
suspension pH values (3.0, 5.0, 7.0, 9.0 and 11.0). The
suspension pH was adjusted by using NaOH and HCl solutions. To determine the effect of temperature, the isothermal experiments were carried out at 3 temperatures (293,
303 and 313 K) for 24 h. In addition, the effect of particle
size was investigated by using 3 different particle-sized
samples, ranging from 35 to 150 µm size, of fly-ash and
sepiolite. The analyses were performed in duplicate.
RESULTS AND DISCUSSION
The effect of particle size on sorption process

Experiments were carried out with samples having 3
different average particle sizes for fly-ash and sepiolite,
ranging from 35 to 150 µm in order to determine the effect
of particle size on sorption. The results are given in Fig. 1.
As seen from Fig. 1, nitrate adsorption decreases with increasing particle size of both fly-ash and sepiolite. However, the sorption is affected much more by the particle
size of sepiolite compared to fly-ash. This result could be
attributed to increasing surface area of sepiolite with decreasing particle size of the adsorbent. It is observed that
adsorption of nitrate obtained by the sepiolites is higher
than that of fly-ash for all particle sizes. From this figure,
it is clear that the adsorption of nitrate is not affected significantly in 150-µm particle size experiment for both adsorbents.

Particle size (µm)
FIGURE 1 - The effect of particle size on the removal of nitrate by
fly-ash and sepiolite (time: 120 h. temperature: 293 K, pH ≅ 7.5 and
solid/liquid: 1/50g ml-1).

Effect of pH on sorption process

The removal of different compounds from aqueous
solution by adsorption is highly dependent on the pH of
the solution which affects the surface charge of the adsorbent and the degree of ionization and speciation of the
adsorbate. The effect of pH on removal of nitrate for the 3
types of adsorbents was investigated, and results are given
in Fig. 2. In addition, to compare the adsorptive behaviors
of thermal-activated and raw sepiolite, adsorption experiments were conducted for both samples under similar
conditions.
A decrease in removal of nitrate for all adsorbents
with increasing suspension pH was observed (see Fig. 2).

+

H+

SiOH2
SiO2
Positively charged surface
in acidic medium

OH-

FIGURE 2 - The effect of pH on the removal of nitrate by flyash, raw and activated sepiolite (time: 120min, temperature:
293K, and solid/liquid: 1/50 g ml-1).

Aluminum and silicon oxides in sepiolite and fly-ash
can ionize as follows under acidic and alkaline conditions
[1, 30]:

Si(OH)-2
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(a)

(b)
o

FIGURE 3 - SEM micrographs of raw sepiolite (a) and activated sepiolite at 120 C (b).

In outer blocks, some of the corners of sepiolite mineral are Si atoms bound to hydroxyls (SiOH). These silanol
groups at the ‘‘external surface’’ of the silicate are usually
accessible to organic species, acting as neutral adsorption
sites. In addition, some isomorphic substitutions in the tetrahedral sheet of the lattice of the mineral, such as Al3+
instead of Si4+, form negatively charged adsorption sites.
Such sites are occupied by exchangeable cations that compensate for the electrical charge. These characteristics of
sepiolite make it a powerful sorbent for adsorbate molecules
and cations. At low pHs (<6), high adsorption of nitrate
compounds is attributed to the process.
This could be attributed to both variation of surface
morphology and increase of the surface area of treated
sepiolite due to heating (see Table 2). Because of the heat
treatment, a clear difference in the surface morphology
was identified by SEM analysis. SEM photographs for
raw and thermally treated sepiolite samples are given in
Fig. 3.
Kinetic studies

The mechanism of adsorption depends on the physical
and/or chemical characteristics of the adsorbent as well as

on the mass transport process. In order to investigate the
mechanism of adsorption, the pseudo-first-order kinetic
model, the pseudo-second-order kinetic model and the intraparticle diffusion model were used to test dynamical experimental data. The correlation coefficients and the other
parameters calculated from the pseudo-second order model
and intra-particle diffusion are given in Table 3. From these
mechanisms, it was observed that the first-order kinetic
model did not adequately fit the experimental values (0.90
<r2). Therefore, only, r2 values are given in Table 3. In
contrast, the pseudo-second order rate equation for sorption of nitrate onto sepiolite and fly-ash agreed well with
the data (Fig. 4).
35000
30000
t/q,	
  min.g mg-‐1

When sepiolite, which contains water in three kinds
of habits, is heated, the channels enlarge by the zeolitic
water removal. Crystal folding and micropore plugging
occur at the same time. There are also water molecules associated with magnesium ions in the structure of sepiolite, and
some of the hydroxyl ions undergo ion exchange with the
H+ ions under acidic conditions. It was reported that acid
and thermal activation cause an surface area increase of
approx 2.5-times compared with raw sepiolite [31]. The
adsorption of nitrate by activated sepiolite is higher than
that of fly-ash and raw sepiolite. This is attributed to the
large surface area of activated sepiolite.

25000
20000
15000
10000

S epiolite
F ly	
  as h

5000
0
0

30

60

90

120

t	
   (min)
FIGURE 4 - Kinetic of nitrate removal according to pseudo-secondorder model for both adsorbents.

As seen from Table 3, the calculated equilibrium sorption capacity for the second-order model, qe,calc, is 0.0042
mg g-1, for the sepiolite-nitrate system. That is close to the
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TABLE 3 - First, pseudo-second order and intra-particle diffusion model parameters for the adsorption systems in the study.

Sorbent
Sepiolite
Fly-ash

Pseudo-First-Order Model
r2
0.852
0.881

Pseudo-Second- Order Model
qe,exp
qe,calc
k2
r2
(mgg-1) (mgg-1) (gmg-1min)
0.0040 0.0042 4.55.10-3
0.999
0.0050 0.0051 7.5.-3
0.999

the experimental value, qe,exp, 0.004 mg g-1, and the linear
regression analysis of the second order rate equation gave a
high r2 value (0.999). For the fly-ash-nitrate system, the
calculated value of qe was 0.0051 mg g-1, compared with an
experimental value of 0.005 mg g-1, and r2=0.999, respectively.
These results suggest that the sorption of nitrate onto
sepiolite and fly-ash follows the pseudo-second-order
model. Therefore, it can be said that more than one-step
may be involved in the sorption processes [34, 35].
For intra-particle diffusion model, Ho [36] pointed out
that it is essential for the qt versus t1/2 plots to go though the
origin, if the intra-particle diffusion is the sole rate-limiting
step. Generally, if the adsorption steps are independent of
one another, the plot of qt versus t1/2 usually shows two or
more intercepting lines depending upon the exact mechanism [37]. The intra-particle diffusion plots for nitrate adsorption are given in Fig. 5. Table 3 shows the corresponding model-fitting parameters. As seen from Fig. 5, any plot
did not pass through the origin. The plots present multilinearity, indicating that two steps take place. The first, sharper
portion is attributed to the diffusion of adsorbate through the
solution to the external surface of adsorbent, or the boundary layer diffusion of solute molecules. The second portion
describes the gradual adsorption stage, where intra-particle
diffusion is rate-limiting, and the final equilibrium stage.
The correlation coefficients for the intra-particle diffusion
model (r2) for sepiolite and fly-ash were 0.98 and 0.96, respectively. These values indicate that the adsorption of
nitrate onto sepiolite and fly-ash may be followed by an
intra-particle diffusion up to the initial state.

Intraparticle diffusion Model
k1.10-4
c1.10-3 r2
(mgg-1min1/2)
9.12
0.19
0.986
12.2
0.3
0.965

k2.10-4
(mgg-1min1/2)
0.41
0.21

c2.10-3 r2
3.7
4.9

0.690
0.781

Equilibrium studies

The equilibrium adsorption isotherms are one of the
most important data to understand the mechanism of the
adsorption systems. Several isotherm equations are available and two important isotherms are selected in this study,
which are namely the Langmuir and Freundlich isotherms
[38, 39]. To obtain adsorption isotherms of nitrate on sepiolite and fly-ash, additional experiments were performed
at 293, 303, and 313 K for 24 h.
The Langmuir adsorption isotherm assumes that adsorption takes place at specific homogeneous sites within
the adsorbent and has found successful application for
many adsorption processes of monolayer adsorption. The
linear form of the Langmuir isotherm equation is represented by the following equation [34]:

1
1
1
=
+
qe q max q max K L

⎛ 1
⎜⎜
⎝ Ce

⎞
⎟⎟
⎠

(5)

where qe is the equilibrium nitrate concentration on
the adsorbent (mol g−1), Ce the equilibrium nitrate concentration in the solution (M), qmax the monolayer adsorption
capacity of the adsorbent (mol g−1), and KL is the Langmuir adsorption constant (dm3 g−1) and related to the free
energy of adsorption.
The Freundlich isotherm is an empirical equation employed to describe heterogeneous systems. A linear form
of the Freundlich equation is as follows:
lnqe = lnKF +

1
lnCe
n

(6)

where KF (dm3 g−1) and n are Freundlich adsorption
isotherm constants, being indicative of the extent of the
adsorption and the degree of nonlinearity between solution concentration and adsorption, respectively. The plot
of ln qe versus ln Ce for the adsorption of nitrate onto
sepiolite and fly-ash was employed to generate the intercept value of KF and the slope of 1/n.
The Langmuir and Freundlich parameters for the adsorption of nitrate onto sepiolite and fly-ash are listed in
Table 4. It is evident from these data that the surface of
sepiolite is made up of heterogeneous adsorption patches.
In other words, Freundlich isotherm model not fits very
well when the r2 values are compared (Table 4).

FIGURE 5 - Kinetic of nitrate removal according to intra-particle
diffusion model.

The thermodynamic parameters including change in
the Gibbs-free energy (ΔG°), enthalpy (ΔH°), and entropy
(ΔS°), were determined by using following equations and
represented in Table 4:

2334

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

KC = C A
CS

(7)

ΔG o = − RT ln K C

(8)

o
o
LnKc = ΔS − ΔH

(9)

R

RT

mol−1 at 293 K, +3.25 kJ mol–1 and 4.73 kJ mol−1 at 303
K, +5.33 kJ mol−1 and 6.61 kJ mol−1 at 313 K, respectively (see Table 4). These values indicated that the adsorption reaction was not a spontaneous one and that the system gained energy from an external source [27, 34].
The negative values of the standard enthalpy change
for sepiolite (−36.25 kJ mol−1) and fly-ash (−32.59 kJ mol−1)
indicate that the adsorption is physical in nature involving
weak forces of attraction, and is also exothermic, thereby
demonstrating that the process is energetically stable. At
the same time, the high value of ΔH° implies that there
was intense bonding between the adsorbate molecules and
the adsorbent surface.

where KC is the equilibrium constant, CA the amount
of nitrate adsorbed on the adsorbent from the solution at
equilibrium (mol dm−3), and CS is the equilibrium concentration of nitrate in wastewater (mol dm−3). ΔH° and ΔS°
were calculated from the slope and intercept of van’t Hoff
plots of ln KC against 1/T. The results are given in Table
4.

The negative standard entropy changes (ΔS°) for sepiolite and fly-ash were −132.03 and −107.64 JK−1 mol−1,
respectively, and correspond to a decrease in the degree of
freedom of the adsorbed species.

Generally, the change of free energy for physisorption
is between −20 and 0 kJ mol−1, but chemisorption ranges
between −80 to −400 kJ mol−1 [40]. The results obtained
for sepiolite and fly-ash are +2.65 kJ mol−1 and 4.41 kJ

TABLE 4 - Langmuir and Freundlich isotherm constants for the adsorption of nitrate onto sepiolite and fly-ash at different temperatures.
Adsorbents

Sepiolite

Fly-ash

Temp
(K)
293
303
313
293
303
313

Langmuir constants
qmax
KL
(×10−3 mol g−1) (× 10−3dm3 mol−1)
2.01
14.67
4.70
19.34
8.63
51.17
2.27
2.62
6.52

5.32
14.23
29.82

0.983
0.989
0.981

Freundlich constants
KF
r2
3 −1
(dm g )
0.623
1.83
0.932
1.321
18.76 0.928
0.727
0.45
0.802

0.999
0.993
0.987

0.439
0.623
1.071

r2

n

CONCLUSIONS

31.90
2.22
1.32

0.955
0.911
0.972

KC

ΔGo
ΔHo
ΔSo
-1
-1
(kJmol ) (kJ mol ) (J mol-1 K-1)

0.336 2.65
0.273 3.25
0.129 5.33

-36.25

-132.03

0.163 4.41
0.152 4.73
0.079 6.61

-32.59

-107.64

ciency might be enhanced by changing key process parameters, such as pH and particle size.

In this work, the sorption of nitrate from Bleached
Kraft Mill Effluents (BKMEs) on sepiolite and fly-ash was
studied for a better understanding of the kinetics and the
removal efficiency. The results suggest that the removal of
nitrate decreases with increasing suspension pH. In addition, the adsorption amount increases with decreasing particle sizes of fly-ash and sepiolite. The sorption tends to
attain equilibrium in nearly 1 h for these systems.
Because information from sorption kinetics studies is
practically important for the design of more efficient wastewater treatment processes, the experimental data were applied to various kinetic models. A comparison of the kinetic
models of the overall adsorption rate showed that the
pseudo-second-order rate model best described these sorption systems. In contrast, the pseudo-first-order model does
not show a satisfactory fit to the experimental data. Therefore, it can be said that more than one-step may be involved
in the sorption processes.
The results of this study suggest that sepiolite and flyash, with low-cost and abundant availability, have a potential of being used as sorbents for removal of nitrate from
BKME. In addition, it was shown that the sorption effi-
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ABSTRACT
A study was made in Laguna Carén, a small shallow
freshwater system located 20 km from downtown Santiago, Chile, of the behavior of some chemical species in
porewater. Manganese, iron, molybdenum, antimony, sulfide and phosphate profile concentrations were determined.
Diffusive fluxes through the sediment-water interface were
obtained by diffusive dialysis. The behavior of metal species like Fe and Mn was opposite to that of Mo and Sb.
Dissolved Fe and Mn showed decreasing concentrations
from -6.0 cm to 0.0 cm, while those of Mo and Sb increased
at this depth. The results obtained in the sediment-water interface of Laguna Carén indicate the availability of soluble species of Fe(II) and Mn by diffusive transport to the
overlying waters, whereas Mo and Sb species are not available in this zone. The fluxes were (in pmol cm-2 s-1) as
follows: Fe(II): 0.05; Mn: 0.28; Mo: -1.2 x 10-4; Sb: -3.9 x
10-4.

KEYWORDS: porewater, sediments, freshwaters, shallow pond,
trace elements, Laguna Carén

INTRODUCTION
Trace elements enter the aquatic environment from a
variety of sources (natural weathering, atmospheric fallout, pollution, etc). Human activities have increased trace
metal remobilization through mining extraction, the production of industrial wastes, etc. Some of the mobilized
metals are temporarily deposited in environmental compartments such as freshwater sediments. Sediments containing high concentrations of elements are found in highly
industrialized or mining areas, but actually all sediments
register anthropic influences in their systems. In the absence

of strong external perturbations, such as dredging and flood
events, sediments act as metal sinks, but depending on the
physico-chemical conditions of the system, they can also
act as sources of metals for the water column through diffusion. A better understanding of potential remobilization
processes is of great importance in order to predict whether
any given sediment may become a ‘time-bomb’ [1], and
the conditions under which this might happen. The sheer
number of possible simultaneous diagenetic processes (e.g.
dissolution, precipitation, adsorption, sulfide formation, biological degradation, or biological uptake) often makes this
difficult to predict. Moreover, measuring the total concentration of the elements present in the sediments, which
is relatively straightforward, provides an estimate of the
amount stored but not of its potential remobilization. In spite
of the difficulty in accessing such systems in a non-perturbing way, the direct measurement of porewater concentrations and the evaluation of possible diffusion processes
is a preferable alternative. The in situ methods used include suction filtration [2], diffusive dialysis (mainly ‘peepers’ [3-5]), diffusive gel gradient techniques [6, 7], and microelectrodes [8]. At present, no definitive method exists,
and all have advantages and drawbacks. In this study, diffusive dialysis is used to measure the concentration profiles
of a variety of chemical elements in the sediment porewaters of a shallow freshwater system. Shallow freshwater
systems have barely been studied at all, despite their increasing importance. In fact, due to the scarcity of water
resources in some regions of the world, even relatively
small water-bodies are of importance, and they also fulfill
an important ecological role in preserving biodiversity.
The present study was conducted in Laguna Carén
during 2003 and 2004. This shallow pond has been affected
by copper mining activities for some thirty years [9], and
has been studied since it is an urban pond and water source
for agriculture and human consumption. The aim of this
study was to evaluate the physicochemical behaviour of
chemical species, such as Fe, Mn, Mo and Sb, in the sediment-water interface and the diffusive flux of these metals
into the water column.
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FIGURE 1 - Map of Laguna Carén, Chile (33°25’ S, 70°50’ W) and location of sampling sites.

MATERIALS AND METHODS
Study area

Laguna Carén is a shallow lake located 20 km from
Santiago, Chile (33°25’ S and 70°50’ W) (Fig. 1). It covers an area of 110000 m 2 (844 m long, and a volume
of 220,000 m3) and has a maximum depth of 5 m (Fig. 1).
Laguna Carén collects water from a large watershed through
three main streams. The average chemical composition of
the lake water during the sampling period was (all values
expressed in mmol L-1): Ca2+: 2.9; Mg2+: 0.85, Na+: 5.3;
K+: 0.2; SO42-: 2.8; NO3-: 0.3; HCO3-: 3.0; Cl-: 4.2; with
average pH and conductivity values of 8.6 and 1.4 mS cm-1,
respectively. Water stratification is often disrupted by the
strong, though irregular, mixing of the waters due to wind
[10]. The location of the sampling sites (A, B and C) is
shown in Fig. 1. Points A and B are very close to one another, about 2 m apart, differ in depth (1.5 m and 2 m, respectively) and are located at the main entrance, but C in
the middle of the pond. Two sampling campaigns took
place in May (autumn, wet season) and September (early
spring, dry season) 2003.
Sediment sampling and analytical procedures

Sediment samples were collected by a diver using a
PVC tube (5.6 cm) and transported immediately (within 1 h
of sampling) to the laboratory and frozen until processed.
Sediments were lyophilized, sieved to 63 µm and stored at
6 ºC. Only a superficial fraction (0-3.5 cm) of the sediment
was analyzed in the autumn campaign.
In order to determine total concentrations, sediment
samples were digested by acid total digestion [11]. Metals
were analyzed by ICP-OES (Perkin Elmer Optima 2000) and
oxidizable organic matter was analyzed by Allison’s method

[12], which consists of a wet combustion of the sediment
sample using dichromate in a sulphuric acid solution, and
the unreacted dichromate is measured by potentiometric
titration with Fe(II).
A sequential extraction method [13] was used to determine the proportion of total trace metal associated with
different fractions of the sediment from sampling point A
in May 2004. Problems with this approach have been discussed extensively in the literature [14, 15], but the method
remains useful, particularly when dealing with elements
present at trace levels. The method followed is described
in detail by Pizarro et al., 2006 [16]. Concentrations in the
different fractions were obtained by ICP-OES.
Porewater sampling and analytical procedures

Porewater measurements were made close to the sediment-water interface for dissolved phosphate, sulfide, and
some metals (Fe, Mn, Mo, and Sb). Sediment pore waters
were collected using in situ acrylic peepers with a 5 mm
vertical resolution, analogous to those described by Hesslein
(1976) [13] and Carignan (1984) [14]. Prior to their deployment, the samplers were filled with Milli-Q water, covered
with a polysulfonate membrane (Gelman HT-200, 0.2 µm
nominal pore size) and bubbled with nitrogen for at least
48 h in Plexiglas containers filled with Milli-Q water. They
were then inserted vertically into the sediments by a diver
at a depth of about 2 m. After a 2-week equilibration period,
the samplers were retrieved from the sediment by a diver
and sampled immediately on the boat. The samples for
chemical analysis of dissolved Fe, Mn, Cu, Zn, Mo, Sb, and
phosphate were collected by piercing the filtration membrane with a micropipette and transferred to pre-acidified
(HCl, Merck, ultrapure quality) 1.5- mL polypropylene tubes
(Eppendorf 3810 X). The samples for ΣHS- analysis were
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collected under stabilization conditions [17]. Iron(II), phosphate, sulfate, and ΣHS- were analyzed by spectrophotometric methods [11], using a Shimadzu UV-160 spectrophotometer. Cu, Mn, Mo, Zn, and Sb were analyzed by ICPOES (Perkin Elmer Optima 2000) (May campaign) and
ICP-MS (Agilent-HP4500) (September campaign). ICPMS measurements were made using external calibration and
internal standard correction obtained by the on-line addition
of mixed Rh+Re at an equivalent concentration of 10 µg L-1.
The analytical detection limits (nmol L-1) and coefficients
of variation (%) for ICP-OES were Mn, 6.9 and 19%; Cu,
4.9 and 30%; Zn, 9.8 and 17.5%; Mo, 39.8 and 20%, respectively. The analytical detection limits (nmol L-1) and
coefficients of variation (%) for ICP-MS were Cu, 0.3 and
45%; Zn, 1.4 and 34%; Mo, 1.2 and 12%; Sb, 0.33 and
13,4%. Total organic carbon (TOC) was analyzed by an
infrared combustion method (Shimadzu 5000A). The detection limit was 1.0 mg C L-1 and precision was 1%.
Calculation of the diffusive fluxes

In the absence of biologically mediated transport and
external physical forces, the total flux of a dissolved compound across the sediment-water interface, F (mol cm-2 s-1)
due to molecular diffusion can be calculated by applying
Fick’s first law as:

F = −φD

dC
dx

(1)

where φ is the porosity of the sediment, or the volume
fraction of sediment occupied by water (0.845, [18]); D is
the effective coefficient of molecular diffusion (cm2 s-1);
C is the concentration (mol L-1) of the solution; and x is
the depth (cm), which is positive and increases downward.
The contribution of advection to the total measured flux is
considered to be negligible. The molecular diffusion coefficients at 12 °C (the mean temperature of waters at the
bottom of Laguna Carén) were calculated on the basis of
the diffusion coefficient estimated by Li and Gregory [19],
and the temperature dependence equation (Stokes-Einstein
relationship) described in Li and Gregory [19] (in cm2 s1
): 5.04x10-6 (Fe2+), 4.05x10-6 (Mn2+), 6.68x10-6 (MoO42-)
and 5.56x10-6 (H2SbO4-). An arbitrary number of ‘aligned’
points were chosen from the porewater concentration profiles, and a linear regression was applied to calculate the
concentration gradient at the sediment surface. This is the
procedure commonly used [20, 21]. The uncertainty in the
calculated diffusive fluxes is primarily the result of the
need to estimate the concentration gradient at the sedimentwater interface using results from a small number of points
(Fe(II): 4, 3, 6, 8; Mn: 4, 3, 5; Mo: 5, 6, 3 and Sb: 8). It is
difficult to quantify this uncertainty, but it could be as much
as 50%. Real diffusion coefficients may differ from those
used to calculate the diffusion fluxes, if the species formed
in the sediments differ, as is probably the case, from those
considered above. However, the errors associated with these
differences are expected to be low and have never been
considered in published studies.

RESULTS AND DISCUSSION
Total sediment content

Table 1 shows the concentration of some elements in
the first 3.5 cm of sediment in Laguna Carén. As explained
in the introduction, although bulk sediment contents do not
provide any indication as to the potential remobilisation
of the different elements, they do give an idea of how much
of these elements is stored in the system. Iron and Mn are
present in high concentrations in the sediments of Laguna
Carén (total Fe: 4.2% (w/w dry wt), total Mn: 0.12% (w/w
dry wt)). The values for Cu in the sediments are higher
than those published for non-polluted or only slightly
polluted systems [22]; the percentage of Cu in the sediments of this pond is 0.055%, similar to the values found
in Lake Rapel (a reservoir) [23] and in soils from the area
around Laguna Carén. They could be reflecting the effects
of previous Cu-mining activities in the watershed [19]. In
contrast, values for Zn can be qualified as ‘normal’ when
compared to published values [22, 24-26]. Laguna Carén’s
Sb values are higher than most published values [27] but
are still lower than those in sediments directly affected by
Sb smelter activities [28]. Laguna Carén’s values for Mo
are within the range of the few published ones for freshwater sediments, most of them for polluted systems [26,
29-31].
TABLE 1 - Element concentrations in sediments of Laguna
Carén, Chile (the values shown are the means of 8 measurements).
Element
Fe
Mn
Cu
Zn
Mo
Sb
N=8

Mean concentration
(mg kg-1)
42.325
1.269
642
121
7.0
15.9

Concentration range
(mg kg-1)
40.972 – 44.000
1.171 – 1.339
500 – 813
114 – 140
4.5 – 11.8
8.6 – 25.5

Distribution of trace metals in sequential extraction fractions

Sequential extraction values are shown in Table 2.
The study of the distribution of metals in the lake’s sediments showed that Fe exists mainly in the sedimentary
matrix (residual phase, 83%) and to a smaller extent in the
Fe/Mn oxide fraction (reducible species, 11%). Although
the residual phase is traditionally considered to represent
metals largely embedded in the crystal lattice of the sediment and, therefore, not available for remobilization,
except under very harsh conditions, it should be kept in
mind that it can sometimes contain non-structural metals
that are present in a non-reactive form vis-à-vis the reagents used [32]. Manganese is mostly present in the
Fe/Mn oxide fraction (51%); Cu exists mainly in the oxidizable species fraction (organic matter/sulfide forms;
76%), while Zn is almost equally distributed between this
fraction (41%) and the residual fraction (47%). Molybdenum is mainly present in the residual phase (73%) and
Sb is distributed among the Fe/Mn oxide, organic, and
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residual fractions (30, 22 and 46 %), respectively. The
caveats
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TABLE 2 - Element concentrations (µg g-1) obtained by a selective extraction
method from superficial sediments (upper 3.5 cm) of Laguna Carén, Chile. May 2004.
Fraction
Exchangeable
Carbonates
Fe-Mn oxides
Organic matter sulfide
Residual
a
nd = not detected.

Fe
nda
nda
4,640 ± 70
1,580 ± 160

Mn
115 ± 43
136 ± 70
810 ± 200
145 ± 35

Cu
7±3
15.5 ± 1.5
22 ± 22
740 ± 47

Zn
nda
4.5 ± 0.5
83 ± 25
20 ± 2

Mo
0.6 ± 0.2
0.5 ± 0.05
1.9 ± 0.2
2.8 ± 0.2

Sb
0.8 ± 0.4
nda
9±1
6.6 ± 1.5

36,260 ± 2,990

387 ± 55

192 ± 7

97 ± 8

16 ± 4

14 ± 6

Sulfide (µM)

when applying sequential extraction procedures to sediments rich in sulfide, as in the case of Laguna Carén, have
been discussed by Kersten [33].
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Biological productivity leads to an accumulation of organic matter at the bottom of Laguna Carén. Concentrations of TOC in the interstitial water samples ranged between 1.3-2.8 mg L-1 above the interface zone (1.5 cm),
but increased up to 4.0 and 7.8 mg L-1 below the interface
(-8.5 cm) (early spring sampling). Despite having a shallow water column, organic matter oxidation may create an
anoxic zone in the bottom waters and the sediments of
Laguna Carén. The fate of the different chemical elements
will depend on the redox conditions of the sediments. Even
if they have not been measured directly, it is possible to
deduce the redox status of the sediments from profiles of
species, such as dissolved sulfide, Fe(II) and Mn(II) [25].
For instance, the high sulfide concentrations measured
in the porewaters at all sampling points and in all seasons
(Fig. 2) suggest that reductive conditions always prevail
at the sediment-water interface, and eventually in the waters above. Sulfide is produced by bacterial reduction of
sulfate coupled with NOM mineralization [34]. The anoxic
conditions are confirmed by the presence of Fe(II) and Mn
peaks close to the sediment-water interface (Fig. 3) in all the
sampling campaigns. These peaks are usually attributed to
the dissolution of Fe and Mn oxyhydroxides under reducing conditions [35]. Generating a relatively large concentration of Fe(II) in the sediments leads to its diffusion
both upwards and downwards because of the presence, in
both directions, of Fe sinks. The presence of sulfide probably provides the downward sink. The upward sink is provided by the diffusion of Fe(II) into the overlying shallow
lake water. Mn(II) is thermodynamically more stable than
Fe(II), which explains why the peak in Mn profiles is often
located above the Fe(II) peak, sometimes even in the overlying waters [36]. It is worth-mentioning that porewater con-

a

May A
May B
Sep A
Sep C

Porewater concentration profiles

Profiles of dissolved sulfide, phosphate, Fe(II), Mn, Mo
and Sb in the porewaters of sediments close to the sedimentwater interface were measured in May (autumn wet season)
and September 2003 (early spring, dry season). They are
shown in Figs. 2 and 3. The shapes of the different profiles depend on the elements considered; they show positive
and negative gradients as well as subinterface peaks, indicative of diagenetic processes which are discussed below.
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FIGURE 2 - Porewater concentration profiles of a) sulfide, and b)
phosphate close to the sediment-water interface in Laguna Carén,
Chile (May (triangles) and September (circles) sampling campaigns.
The horizontal dashed line indicates the sediment-water interface).
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FIGURE 3 - Porewater concentration profiles of (a) Fe, (b) Mn, (c) Mo, and (d) Sb close to the sediment-water interface in Laguna Carén,
Chile (May (triangles) and September (circles) sampling campaigns. The horizontal dashed line indicates the sediment-water interface).

centrations of dissolved Mn in Laguna Carén are almost
10-times higher than those of Fe(II), while in the solid
phase they are much lower than those of Fe. As expected,
dissolved phosphate profiles show concentration peaks
that closely follow the Fe(II) peaks (Fig. 2). This behaviour has traditionally been attributed to the release of
phosphate adsorbed on the Fe oxides when they are the
object of reductive dissolution in the sediments. Mn is

bound to fraction 3 (Table 2). There was no variation with
depth and no gradient was observed in the sediment-water
interface. Homogenisation by mixing can be ruled out since
other elements show well defined profiles in this zone. Cu
and Zn concentrations in Laguna Carén sediments do not,
therefore, seem to be driven by the release from NOM during its mineralization, or by reductive dissolution of Fe
and Mn oxides, as is the case in other freshwater systems
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[37, 38]. Although it is not possible to carry out rigorous
speciation calculations because not all the required parameters were measured (i.e., pH, major elements, NOM),
simple speciation calculations (MINTEQA2 for Windows)
make it possible to estimate, at the measured levels of Cu,
Zn (≈ 3x10-8 mol L-1) and sulfide (≈ 2.5x10-6 mol L-1),
saturation indexes that show heavy saturation of the
porewaters with respect to CuS(s) and a somewhat lower
saturation with respect to ZnS(s) over a wide range of pH
values. Sequential extraction results for Cu in the uppermost
3.5 cm of sediment (see previous section) are in accordance with this hypothesis. The formation of stable complexes with NOM [39] or with polysulfides [40], which are
both smaller than the dialysis membrane pores, explains
the apparent over-saturation observed for these elements.
Mo concentrations (Fig. 3c) decrease below the sedimentwater interface in all the sampling campaigns. The degree
of porewater Mo concentration deviation from bottom
water values follows the sediment redox gradient, with
the largest depletion in the most reducing sediment which
acts as a Mo sink. It is generally accepted that the main
variable regulating Mo precipitation and regeneration in
anoxic sediments is the porewater concentration of sulfide; the presence and accumulation of Mo in seawater
sediments has been considered a proxy of anoxia in marine
systems [41]. However, the interplay of several processes is
probably needed to explain the Mo behaviour observed: (i)
Substitution of MoO42- (predominant form in oxic waters
[42] for MoS42- by sulfide in anoxic sediments [43]. (ii)
Subsequent immobilization by adsorption of MoS42- on
Fe-sulfide clusters [44]. (iii) Effect of natural organic
matter, either indirect by providing a food source to sulfate-reducing bacteria, or direct if sulfate-reducing bacteria
also reduce Mo(VI) to Mo(IV). Moreover, Mo adsorption
onto the Mn oxyhydroxides leading to high molybdenum
concentrations in Mn oxide-rich sediments cannot be excluded [41].

A similar concentration trend is seen for Sb (Fig. 3d).
The behaviour of this element in anoxic sediments has been
studied much less than that of Mo [45, 46]. However, it is
not surprising that both elements exhibit a common pattern of behaviour in the sediments studied since they have
common properties, namely (i) low affinity for NOM, (ii)
formation of soluble thio compounds in the presence of
excess sulfide. This formation is well-documented for Mo
[47, 48]. For Sb, it has been shown that, according to existing thermodynamic constants, only soluble (SbS2- and
SbS43-) species are formed in a mixture of 1x10-9 mol L-1
Sb and 1x10-6 mol L-1 sulfide from pH 5-9 [49]. The formation of such species explains why Sb and Mo concentrations are not directly controlled by the formation of
sulfide solid phases –combined with NOM complexation–
in the proximity of the interface, as is the case for Cu and
Zn. Either the formation of discrete Mo and Sb solid sulfides or the adsorption on FeS(s) (formed under the Fe(II)
peak) would constitute a permanent ‘sink’ for these elements in deeper sediments.
Diffusive fluxes

In spite of the small number of points obtained for the
estimation results, they are in agreement with values published in the literature. Diffusive fluxes have been estimated from the porewater profiles by using Equation (1)
for Fe, Mn, Sb and Mo; the results are shown in Table 3.
Selected literature values, also obtained by diffusive dialysis, are included in this table for comparison. Positive
fluxes (towards the water column) were calculated for Fe
and Mn: while Mn fluxes are within the range of published
values, Fe fluxes are much lower than most existing values.
At 3 sampling sites (A, B and C) and in two sampling campaigns, Fe profiles show the same trend, and the maximum
concentration values are below the sediment-water interface; in May, Fe flux values are almost two times higher

TABLE 3 - Metal diffusive fluxes in sediments of Laguna Carén, Chile, expressed in pmol cm-2 s-1 (some selected literature values for freshwater systems determined by diffusive dialysis are shown for comparison. Values are taken as positive for fluxes from the sediments to the
water column).
Sampling point and
Sampling campaign
A ( May 2003)
B ( May 2003)
A (September 2003)
C (September 2003)

Fe(II)

Mn

0.05±0.006
0.09±0.017
0.02±0.001
0.02±0.002
1.3

0.16±0.03
0.50±0.02
0.25±0.01
0.17±0.01

0.65 ± 0.18
0.95

0.01 – 2.5
0.07 (L)
0.17 (P)
0.1 ± 0.05 (L)
0.39 ± 0.37 (P)

0.27
0.27 ± 0.08
0.30 ± 0.10
0.22
0.08, 0.53
0.012 – 0.07
0.017 (L)
0.16 (P)
0.020 ± 0.002
0.19 ± 0.09 (P)

Mo
-(1.2 ± 0.01)x10-4
-(1.8 ± 0.3)x10-4
-(0.9 ± 0.03)x10-4

Sb

-(3.9 ± 0.2)x10-7

References
Laguna Carén, 2003
Lake 227, Ontario,
[51]
Clearwater Lake, [52]
T reservoir, [53]
Lake Zürich and
Lake Geneva [54]
Lake Washington, [55]
Lake Sempach, [56]
Lake Bret, [57]
Lake Baldegg, [21]

(L)
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L: litoral flux, P: pelagic flux
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than in September. The maximum concentration of soluble Mn is below the interface, but the September profile is
found to be above the sediment-water interface, probably
due to redox conditions in the microenvironment favouring soluble Mn species. Negative fluxes (towards the sediments) were calculated for Mo and Sb. No published values
for freshwater were found in the literature for these elements. The calculated Mo fluxes are within the range of
values published for marine porewaters [50].
CONCLUSION
The results obtained lead to the conclusion that i) Fe(II),
Mn, sulfide, and phosphate profiles indicate that these elements behave as is usually described in anoxic sediments,
with reductive dissolution of Fe and Mn oxyhydroxides and
migration of Fe(II) and Mn towards the water column and
to deeper sediments; ii) elements, such as Mo and Sb, show
negative gradients at the sediment-water interface, suggesting that sediments act as effective sinks for these elements;
the fluxes of both elements are lower than those of Mn
and Fe.
Since the behaviour observed for all elements is mainly
driven by a situation of anoxia, with the permanent presence of sulfide in the bottom waters and in the sediments
of the pond, any oxygenation due to dredging, re-suspension
by strong winds, etc., would significantly change the geochemical situation of the system.
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ABSTRACT
Recovery of alkali (sodium salt mainly) from red mud
by direct carbonation in CO2 water solutions under different conditions was studied. The process was based on the
reaction of alkali with CO2-water solutions to convert the
alkali in red mud to more soluble sodium bicarbonate.
The carbonation experiments were carried out in a threephase mechanically agitated slurry-bed reactor. The influence of parameters, such as reaction temperature, reaction
time, liquid/solid ratio and CO2 flow-rate, on the alkali recovery rate was investigated. The optimal reaction conditions are as follows: reaction temperature is 60 °C, reaction time is 1.5 h, liquid/solid ratio is 10, CO2 flow velocity is 0.8 L/min.

since 1751, but half of these emissions have occurred since
the mid 1970s. In recent years, the annual emission of CO2
in China has accounted for more than 13% of the global
total [12]. The CO2 emissions have become an important
factor for global climate change and the increase of CO2
released has become a worldwide problem. Song [13]
pointed out that the strategic objectives of CO2 conversion
and utilization should be based on its unique physical and
chemical properties.
In this work, the suspension and carbonation method
(SCM) was used in the process of recovering alkali. That
is, CO2 reacted with red mud in aqueous solution (reaction temperature 60 °C). During this process, some kinds
of alkali contained in the red mud were converted into sodium carbonate or sodium bicarbonate, entering into water
solution. These sodium salts can be reutilized in the aluminum industry after concentration.

KEYWORDS: red mud; alkali; recovery; carbon dioxide; environmental protection; suspension and carbonation method

MATERIALS AND METHODS
Materials and chemicals

INTRODUCTION
Red mud is a waste, produced during alkali leaching
of bauxite by the sinter process in aluminum industry. It is
estimated that nearly 90 million tons of red mud are produced annually worldwide [1, 2]. The alkali content in the
red mud is a potential pollutant due to the ease of its dissolution. However, high content of alkali, with a pH usually ranging from 10 to 13 [3-6], not only can make red
mud used as one of raw materials for producing cement
[7, 8], but also is necessary in the aluminum industry. So,
it is necessary to recover the waste alkali in red mud to
reduce pollution, and save production costs from the point
of view of resource conservation and protection of the
environment. Experts and scholars all over the world have
made wide and profound research in the recovery of alkali
since the 1970s [9].
In the past 20 years, 75% of the CO2 discharged into
the atmosphere worldwide was due to the burning of fossil
fuels, with an annual average growth rate of 0.4% [10].
According to a recent study [11], about 290 billion tons of
carbon dioxide have been released to the atmosphere from
the consumption of fossil fuels and cement production

Red mud (sinter process) used in this work was supplied by the Shandong Aluminum Cop. Ltd. China. The
chemical composition of red mud was determined through
conventional methods using standard chemical analysis of
aluminosilicates [14]. The chemical composition (wt %)
is listed in Table 1. Carbon dioxide of high purity grade
(99.9% minimum) supplied in 12 kg cylinders was used
for the carbonation process. Deionized water was used for
slurry preparation, analytical solutions and also for rinsing.
Instruments

The concentration of alkali, mainly	
 Na+, in the solution
was determined by atomic absorption spectroscopy (AAS)
and the Na+ content in the solid phase was calculated from
the difference between that in the red mud before and after
carbonation. Micrographs of the samples were obtained
using a 30 kV HITACHI S-3000N scanning electron microscope (SEM). Energy dispersive spectrometry (EDS) was
used to identify the elemental composition of the samples.
The speciﬁc surface area of the samples was determined
by the BET nitrogen gas sorption method using an accelerated surface area and porosimetry (ASAP2000) from Micromeritics Co., U.S.A.
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by carbonation is observed from the difference between the
SEM micrographs of the red mud before and after dealkalization (Figs. 1a and 1b).

TABLE 1 - Chemical composition of red mud sample (wt. %).
Constituent
Na2O
Fe2O3
Al2O3
CaO+MgO
TiO2
SiO2
K2 O
Loss on ignition

%(w/w)
5.94
21.02
10.89
16.79
13.98
13.39
0.40
16.92

TABLE 2 - BET analysis of red mud
sample before and after deakalization

BET surface area
Single point total pore volume
Average pore diameter

Methods

Before
dealkalization
7.1041 m2/g
0.012229 cc/g
68.8565 A

After
dealkalization
38.7626 m2/g
0.070949 cc/g
73.2136 A

Pretreatment of materials

The red mud sample was roasted in a muffle oven (600700 °C) and sieved by a vibro-lab sieving machine. The
particles were sieved to a size under 80 mesh (180 µm).

a

Experimental procedure

Experiments were conducted according to the following procedure:
(1)The treated sample was mixed with a certain proportion of deionized water in the reactor, with agitation,
to form a slurry.
(2) The reactor was heated to a predetermined temperature (60 °C). CO2 was injected into the reactor using a
certain flow-rate.
(3) At the end of each experiment, CO2 flow was
stopped. The reactor was drained and rinsed with deionized water. The supernatant fluid was separated from the
solid residue using a centrifuge.

a)

(4) After separation, the solution was filtered directly
through a 0.45-µm cellulose acetate membrane. The Na+
content in the filtrate was AAS-analyzed using both flame
combustion and graphite furnace in proportion to the measured concentrations.

b

(5) The content of Na+ in the solid phase was calculated from the difference between that in the red mud
before and after carbonation. EDS analysis was also used
to determine the elemental composition of the sample.
RESULTS AND DISCUSSION
b)

Characterization of red mud before and after dealkalization

The results of the single-point N2-BET method are presented in Table 2. The surface areas of the red mud samples increased from 7.1041 m2/g before dealkalization to
38.7626 m2/g after dealkalization. Moreover, total pore
volume and average pore diameters increased, respectively.
These results indicate that the treatment with CO2 improved
the surface areas of red mud samples and most of the alkali
was solubilized.
SEM analysis can provide visual evidence of the effect
of CO2 on the red mud surface shape. The exterior became
rougher and a large number of new holes appeared during
the carbonation process. The generation of new surface area

FIGURE 1 - SEM micrograph of the red mud particles: (a) before
dealkalization and (b) after dealkalization.

In the present research, the Na+ content in the solid
phase was low after dealkalization. This result is proven
by EDS and shown in Figs. 2a and 2b. It is clear that the
Na+ content in the sample after dealkalization is much less
than that before dealkalization. In addition, it can be seen
from Figs. 2a and 2b that the content of silica in red mud
decreases. This phenomenon can be explained possibly as
follows: one kind of mineral phase Na6[AlSiO4]6·2NaOH in
red mud reacts with CO2 as follows [15]:
Na6[AlSiO4]6·2NaOH+2CO2 → Na6[AlSiO4]6+2NaHCO3
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FIGURE 2a - The content of Na in the red mud before dealkalization.

FIGURE 2b - The content of Na in the red mud after dealkalization.

TABLE 3 - Effect of reaction temperature on recovery rate of Na+.

Effect of reaction temperature

The recovery rate of alkali versus temperature is
shown in Fig. 3. The recovery increases with increase of
the reaction temperature up to 60 °C. Further increase in
the temperature decreases the recovery. In general, the
reaction rates increase with increasing temperature according to the Van’t Hoff approximate rule. However, the
solubility of CO2 decreases with increasing reaction temperature, which reduces the alkali content in the water
solution. So, temperatures higher than 60 °C are not be
recommended for this reaction. In this research, a temperature of 60 °C was chosen as the optimum one.

Time
(min)
0
10
20
30
40
50
60
70
80
90

Temperature (K)
303
313
0
0
5.38
10.56
10.6
20.68
15.98
25.67
20.11
30.35
25.23
35.98
30.46
40.58
35.97
45.34
38.44
48.55
39.69
49.09

323
0
18.85
35.7
40.23
45.55
50.39
55.66
60.75
66.33
67.2

333
0
20.93
50.33
55.28
60.79
65.33
70.29
75.44
79.85
84.7

343
0
14.31
20.47
25.55
30.29
35.73
40.88
45.35
50.74
52.94

353
0
7.6
12.11
15.47
20.44
25.39
30.18
35.5
40.77
42.56

Effect of liquid/solid ratio

FIGURE 3 - Effect of reaction temperature on recovery rate of Na+:
0.18 mm particle size, liquid/solid ratio 10, 0.8 L/min CO2 flow
velocity.

The liquid/solid ratio plays an important role in noncatalytic gas-liquid-solid three phase reactions, such as the
carbonation recovery of alkali, as shown in Fig. 4. The recovery rate of Na+ increases firstly, and then decreases with
increasing liquid/solid ratio. The reason for this phenomenon is that with the increase of liquid/solid ratio, the density of the slurry and the friction between phases decrease
enhancing the total interfacial area for reaction. Moreover,
the mixing efficiency also increases and the gas-liquid mass
transfer becomes easy. But, as the liquid/solid ratio increases
further, the solid and gas concentration decrease in the slurry
mixture together. Thus, reaction rate slows down and the recovery rate of Na+ reduces accordingly. So, to choose the optimum liquid/solid ratio is very important. In this research,
a liquid/solid ratio of 10 was chosen as the optimum.
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was chosen as the optimal reaction time in this experiment.

FIGURE 4 - Effect of liquid/solid ratio on recovery rate of Na+: 0.18
mm particle size, at temperature 60 °C, 0.8 L/min CO2 flow velocity.
FIGURE 5 - Effect of CO2 flow-rate on recovery rate of Na+:
0.18 mm particle size, at temperature 60 °C, liquid/solid ratio 10.

TABLE 4 - Effect of liquid/solid ratio on recovery rate of Na+.
Time(min)
0
20
40
60
80
90

Liquid/solid ratio
5
7
0
0
22.58
35.75
37.25
55.6
49.79
64.38
58.15
75.66
64.62
80.7

10
0
45.86
59.74
70.37
80.55
84.76

12
0
19.95
33.33
45.18
53.35
61.99

15
0
13.8
20.22
28.15
37.75
42.03

TABLE 5 - Effect of CO2 flow-rate on recovery rate of Na+.
Time(min)
0
20
40
60
80
90

Effect of CO2 flow velocity

As shown in Fig. 5, the increase of CO2 ﬂow-rate enhanced the alkali recovery rate. This can be attributed to the
fact that as the gas ﬂow-rate increases, the volumetric mass
transfer coefficient of the gas–liquid phases increases as
well [16]. In the mass transfer process, the Marangoni effect
describes the inﬂuence of interfacial tension. Gas–liquid
mass transfer is often accompanied by interfacial turbulence. The interfacial turbulence is caused by the non-uniformity of mass transfer, but it considerably improves mass
transfer in return [17]. The interfacial turbulence shall enhance with the increase of CO2 ﬂow velocity, which may
weaken the interfacial tension. Thus, the ﬁlm boundary can
be easily broken and the gas- liquid mass transfer coefficient increases, resulting in gas concentration increase in
the slurry mixture. As a result, reaction rate speeds up and
the recovery rate of Na+ enhances accordingly, and the
alkali in the red mud can disperse into water solution easily.
Effect of reaction time

CO2 flow-rate (L/min)
0.5
0.8
0
0
22.46
25.77
43.55
45.8
58.8
60.5
70.35
80
75
85

1
0
30.26
48.33
62.35
82.15
87

FIGURE 6 - Effect of reaction time on recovery rate of Na+: 0.18 mm,
at temperature 60 °C, liquid/solid ratio 10, 0.8 L/min CO2 flow velocity.

The dispersion of CO2 in the water solution and liquid-solid mass transfer are important for a three-phase reaction. The red mud is so fine that the slurry can easily
achieve homogeneous mixing. And the liquid-solid mixtures can be treated as a quasi-homogeneous one-phase system under agitation. Reaction time is investigated for the
slurry to reach liquid-solid equilibrium and obtain higher
recovery rates in the carbonation process. The recovery rate
of alkali will increase with the increase of reaction time, as
shown in Fig. 6. For reaction times higher than 1.5 h, no
significant increase in the recovery is observed. So, 1.5 h
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TABLE 6 - Effect of reaction time on recovery rate of Na+.
Time(min)
0
20
40
60
80
90
100
120

Recovery rate of Na+(%)
0
25.77
45.8
60.5
80
85
86.15
86.5
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Recovery mechanism

Kinetics and the Arrhenius activation energy Ea

The carbonation stage is very important in controlling
the alkali recovery rate. Therefore, it is necessary to know
the carbonation mechanism. It has been reported [18, 19]
that the mechanism is similar to the carbonation process
of CaO and MgO. In this research, extensive investigation
has been carried out so as to better understand the carbonation mechanism of alkali.

For reasons of comparison with the carbonation process of Li2CO3 [23], the integrated rate Eq. (6) is tested in
the recovery process. This equation for processes controlled
by chemical reaction is usually tested in systems in which
the reaction surface moves inwards through the particle
during the reaction:

The main reactions involved in the process are the
following ones:

where k is the reaction rate constant of the carbonation process; t is the reaction time.

CO2 (g) + H2O(l) É H 2CO3 (aq)

(1)

H 2 CO3 (aq) É HCO3 (i) + H (i)

(2)

Na 2OgAl2O3 (s) + 8H + (i) → 2Na + (i) + 2Al3+ (i) + 4H 2O

(3)

Na 2OgSiO 2 (s) + 2H + (i) → 2Na + (i) + H 2SiO 3 (i)

(4)

Na 2CO3 (s) + H + (i) → 2Na + (i) + HCO3− (i)

(5)

Na + (i) + HCO3− (i) É Na + (aq) + HCO 3− (aq)

(6)

Na + (aq) + HCO3− (aq) É NaHCO3 (aq)

(7)

−

+

where HCO3-(i), H+(i) and Na+(i) are the products
formed and/or adsorbed at the interface.

1− (1− X)1/3=kt

(6)

This equation can be applied to many heterogeneous
systems with a range of particle sizes, although it is derived for single isometric particles. Plots of this equation
using the experimental data of Na+ conversions with temperature, shown in Fig. 3, indicate that the relation is well
followed for a reaction time up to 80 min, as shown in
Fig. 7.
Figs. 3 and 7 further indicate that the rate controlling
step for the formation of sodium bicarbonate solution
under the present experimental conditions is a chemical
reaction. Fig. 8 shows the Arrhenius plot for the reaction
rate constant k, calculated from the experiments shown in
Fig. 7.

The dissolution rate of any mineral depends on the
transport rate of reactants and products between the mineral surface and the bulk solution, the rate of heterogeneous reaction at the mineral surface, and, possibly, on the
rates of homogeneous reactions within the solution [20].
In Eq. (1), the reaction rate constants are 0.037 s-1 for
the forward reaction and 13.7 s-1 for the backward reaction, found by Loewenthal and Mariaare [21], at 1 atm
and ambient temperature. This means that the forward
reaction is slow while the backward reaction is much
faster. Meanwhile, the reaction rate constants for the
Eq.(2), H 2CO3 (aq) É HCO3− (i) + H + (i) are far higher than
those of other reactions involved in Eq. (1) [22]. As a
result, for the hydration of CO2 in water, the whole reaction (1) is in equilibrium. But in this process, the hydrogen
ions formed in Eq. (1) react with the Na2CO3(s) in the
slurry, and thus the reaction moves forward and forms
more alkali bicarbonate ions.

FIGURE 7 - Plots of 1 − (1 − X)1/3 vs. t (X data from Fig. 3).

Generally, the reaction rate of Eqs. (2)-(5)can increase
with increasing temperature. However, there are two disadvantages when operating at higher temperature: a) the
solubility of CO2 decreases due to higher temperatures,
which lowers the concentration of the reactant and b) high
temperatures can result in decomposition of both carbonic
acid and sodium bicarbonate.
In the gas-liquid-solid three-phase reaction, particle
size has great effect on the recovery of alkali. The smaller
the particle is, the greater the contact area. The reaction rate
increases with increasing contact area. So, in this research,
a red mud sample with a mean diameter of 0.18 mm was
chosen as the optimal one.
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FIGURE 8 - Arrhenius diagram to determine the
Arrhenius activation energy (k data calculated from Fig. 7).
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The Arrhenius activation energy is determined on the
basis of the following equation:

Ea
ln k = −
+b
RT
where Ea is the Arrhenius activation energy (kJ mol); b is a constant; R is the gas constant 8.314 (J mol−1
K−1); T is the temperature (K).
1

From Fig. 7, the slopes of the beelines, k can be obtained. After plotting ln k versus 1/T, the Arrhenius activation energy Ea can be obtained. The calculated Arrhenius activation energy Ea was found to be 20.533 kJ
mol−1.
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ABSTRACT
The effect of initial pH on autohydrogenotrophic denitrification of nitrate-contaminated water was evaluated
in batch experiments. The results showed that the denitrification was significantly inhibited at initial pH 9.2. A zero
order model used for autohydrogenotrophic denitrification
indicated that the nitrate reduction rate increased significantly when initial pH changed from 6.7 to 7.2, but maintained at a stable value of about 1.5 mg NO3--N/L/h when
initial pH changed from 7.2 to 8.7. The maximum nitrite
accumulation for each initial pH test increased when initial
pH increased from 7.2 to 8.7, i.e., the specific nitrite reduction rate declined in the presence of nitrate when pH increased, which resulted from nitrate-respiring bacteria growing more rapidly than true denitrifying bacteria (can reduce
nitrate to nitrogen), and nitrite reductase repressed at high
pH.

duction of gaseous nitrogen [3-5], which involves a microbial respiration using nitrate as final electron acceptor
under anoxic conditions instead of oxygen in oxic conditions. Metabolically, denitrifying bacteria use an enzymatic
pathway consisting of 4 steps or reactions successively involving nitrate, nitrite, nitric oxide, and nitrous oxide reductases in the periplasmic and/or inner membrane [6, 7].
Generally, organic substrates, such as methanol or ethanol,
were used during conventional denitrification process by
heterotrophic denitrification because organic carbon concentrations in drinking water were very low [8].
Autotrophic denitrification with H2 or sulfur as electron donors has attracted increasing interests in recent
years [9-11]. Autohydrogenotrophic denitrifiers are able
to reduce nitrate in the absence of molecular oxygen. The
following Eq. (1) could describe the stoichiometry of hydrogenotrophic denitrification [12]:
NO3− + 3.03H 2 + H + + 0.229CO 2 → 0.0458C5H 7 O 2 N + 0.477N 2 + 3.37H 2O

(1)

Compared with conventional heterotrophic denitrification, hydrogen-based autotrophic denitrification has some
clear advantages: (1) low-cost source of electrons; (2) supports autotrophic bacteria, without adding organic carbon
sources; (3) the relatively low solubility of H2, which makes
it easy to remove from the product water by air stripping;
(4) non-toxic to humans; and (5) H2 can be purchased in
bulk or generated on-site [4, 13].

KEYWORDS:
autotrophic denitrification; hydrogen; initial pH; kinetics

INTRODUCTION
Nowadays, nitrate and nitrite contamination of water
and groundwater is an increasingly serious problem in many
developed and developing countries. The maximum contaminant levels in the drinking water for nitrate and nitrite, stipulated by the Canadian Drinking Water Guidelines, World Health Organization and The United States
Environmental Protection Agency (USEPA), are 10 mg/L
as NO3--N and 1 mg/L as NO2--N [1]. It is well-known
that high nitrate levels in drinking water will lead to the
production of nitrosamines, relating to cancer and, finally,
will cause methemoglobinemia (“blue baby syndrome”)
in infants [2].
The biological process that removes nitrate and nitrite
is denitrification. This process could proceed through several steps in biochemical pathways with an ultimate pro-

Autotrophic denitrification with H 2 has been extensively investigated to remove nitrate from polluted groundwater or surface water [4, 10, 13, 14]. However, most of
them were limited in performance of the processes, and
the effects of pH on autotrophic denitrification and the
process kinetics were seldomly investigated. Dhamole et
al. [15] had reported that heterotrophic dentrification with
high strength nitrate confirmed to zero-order models. Kurt
et al. [14] used a double Michaelis-Menten form to describe autohydrogenotrophic denitrification under the
conditions that nitrate, nitrite and H2 were assumed to be
the limiting substrates. Vasiliadou et al. [16] proposed a
model of substitutable substrates (nitrate and nitrite) with
nitrate inhibition to describe hydrogenotrophic denitrification at fixed pH.
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The objective of this research was to evaluate the kinetic of autohydrogenotrophic denitrification and the effect
of initial pH on autohydrogenotrophic denitrification, which
would provide some useful theory basement for using a
hydrogen-based polyvinyl chloride hollow fibre membrane
biofilm reactor (hydrogen-based MBfR) to treat the nitratecontaminated drinking water in the further research [17].

MATERIALS AND METHODS
Cultivation and enrichment of microorganisms

The mixed culture of denitrifying bacteria used in this
study was enriched from an anaerobic activated sludge of
Quyang wastewater treatment plant (Shanghai, China). Although the microorganisms were from a wastewater treatment plant, they would be acclimated to autohydogenotrophic bacteria with hydrogen as electron donor
by the following procedures. 1 ml of anaerobic activated
sludge with 3000 mg VSS/L was incubated in growth medium (400 ml) with glucose (0.5 g/L) as organic carbon
source. After one day of heterotrophic denitrification, 100
mg VSS/L of deni-trifying bacteria was achieved. Thereafter, 50 ml of the bacterial solution was inoculated to the
reactor containing 150 ml growth medium (without glucose) with H2 as electron donor. As soon as the nitrate
was completely reduced (data shown in Fig. 2), 50 ml
bacterial solution was replaced with fresh medium containing stronger nitrate level (without glucose) to get
initial nitrate concentrations of 50-80 mg N/L. The procedures were repeated until a steady denitrification rate was
achieved, and then the culture mixture was used as seeding
bacterial source to evaluate the performance of the autohydrogenotrophic denitrification.
The dry weight (DW) of bacteria biomass was converted by measuring the optical density (OD) at 600 nm of
the bacterial suspension with an empirical conversion factor.
The conversion factor was determined by growing bacteria to exponential phase on nitrate to an OD of around 0.1,
filtering a known volume on a 0.45-µm cellulose filter paper, drying to constant weight at 104 °C, and measuring the
net DW, i.e., the DW of the sample minus the DW of the
filter paper. The conversion factor was 492 mg DW/L-OD
unit, which was consistent with the research of Nerenberg et al. [18], who achieved a relation of 588 mg DW/LOD unit by measuring the dry weight of hydrogenoxidizing, perchlorate-reducing bacteria and OD600. Besides,
Xu et al. [19] found the conversion ratio of 471 mg DW/LOD unit between Hydrogenovibrio marinus and OD540 [19].

concentrations of KH2PO4 and Na2HPO4 were adjusted
for getting the proper pH values.
TABLE 1 - Composition of growth medium
Compound
KH2PO4
Na2HPO4
NaHCO3
MgSO4·7H2O
NaNO3
CaCl2·2H2O
FeSO4·7H2O
Trace mineral solution (1ml/L)
ZnSO4·7H2O
MnCl2·4H2O
H3BO3
CoCl2·6H2O
CuCl2·2H2O
NiCl2·2H2O
Na2MoO4·2H2O
Na2SeO3

Concentration (g/L)
2.62
4.34
0.425
0.2
0.3036
0.001
0.001
0.1
0.03
0.3
0.2
0.01
0.01
0.03
0.03

Experimental system for batch tests

A schematic diagram of a batch reactor used in this
study is shown in Fig. 1. The reactor was made of a 400-ml
plastic serum bottle with gas-tight cap made of butyl rubber. Medium and bacteria were input to the reactor, or water was sampled from the reactor by syringes. Before autohydrogenotrophic denitrification tests began, the medium
in the reactor was purged with nitrogen gas to remove
oxygen, then the headspace of the serum was drawn into a
vacuum and H2 was injected to the headspace, finally under
0.02 MPa of H2 pressure from a H2 gas cylinder. Thereafter, all tests were conducted in a 30 °C shaking incubator.
At intervals during the batch experiments, samples were
collected from aqueous phase by syringe. After each sampling, additional hydrogen was injected to the headspace of
the reactor under 0.02 MPa of hydrogen pressure in order
to prevent the hydrogen concentration in the liquid from a
limiting factor for autohydrogenotrophic denitrification.

The composition of growth medium was summarized
in Table 1. Phosphate buffer (KH2PO4 + Na2HPO4) was
used to keep initial pH of the influent around 7.2 and prevent a sharp pH rise in denitrification process. According
to the different experimental conditions, sometimes the
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FIGURE 1 - Schematic diagram of a reactor for the batch tests.
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Initial pH values of 6.7, 7.2, 7.7, 8.2, 8.7, and 9.2
were selected to evaluate the effect of initial pH on atuohydrogenotrophic denitrification.

enough not to limit growth, a zero-order kinetic model can
be used to describe the rates for both reactions [20]. The
denitrification of nitrate or nitrite was assumed to be:

Analytic methods

dS NO3
= − K NO3
dt

All the fluid samples collected from the reactor were
kept in the refrigerator at 4 °C until analysis within 2 days.
Analysis for nitrate and nitrite were carried out by ion chromatography (Dionex ICS-1000, US). The pH values were
measured with a pH-meter (HACH, HQ11d), and OD600
spectrophotometrically (UV 1700PC, Shimadzu Co.).
RESULTS AND DISCUSSION
Acclimatization

The denitrification rate increased with the acclimatization time, as shown in Fig. 2. Here, an estimate of the denitrification rate was determined by dividing the mass removal of NO3--N by the bacterial suspension volume and
reaction time. During the first 4 days (about 100 h), the
average denitrifiacation rate was 22.76 g NO3--N/m3/d. During 4-6 days (100-148 h), the denitrification rate increased to
39.48 g NO3--N /m3/d. The denitrification rates on day 8 and
day 9 were 72.02, and 73.59 g NO3--N/m3/d, respectively,
which means that the denitrification rate was almost achieving a stable state. The biomass grew with the increase of the
denitrification rate. As a result, consumption rate of 2.57 g
NO3--N/g biomass was achieved, which was close to the
calculated value of 2.71 g NO3--N/g biomass according to
Eq. (1) based on stoichiometric reaction.
Effect of initial pH and kinetics of autohydrogenotrophic denitrification

Denitrification kinetics analysis generally used a simplified model:

NO 3−

K NO

K NO 2

3
⎯⎯⎯
→ NO 2− ⎯⎯ ⎯→ N 2

(2)

Concentrations (mg/L)

When both the carbon and energy substrate and nitrate
or nitrite electron acceptors are in concentrations high

dS NO2
= K NO3 − K1NO2 (when nitrate is present) (4)
dt

dS NO2
= − K NO2 (when nitrate is absent)
dt

The concentration variations of nitrate and nitrite at
different initial pHs are shown in Fig. 3.
After 9 h of denitrification reaction, the TN (sum of
nitrate and nitrite) removal was only 3.6% at initial pH
9.2. Conversely, over 44.4% of TN removal was achieved
at other initial pH values. After 12 h, 100% of TN removal
was achieved at initial pH 7.2~8.2, whereas TN removal
at initial pH 8.7 was 83.5%. Fig. 3f showed that that NO3--N
was decreased from 13.81 to 12.10 mg/L during 12 h, and
the biomass was also not observed to increase during this
batch test at initial pH 9.2. This suggested that the autohydrogenotrophic denitrifaction was inhibited at initial pH
9.2. In experiments with initial pHs of 6.7, 7.2, 7.7, 8.2,
and 8.7, denitrfication was not inhibited, and the nitrate
was completely reduced within approx. 12 h. The denitrification rates at initial pHs 7.2, 7.7, 8.2 and 8.7 were maintained with a stable valve, (1.42~1.45 NO3--N/L/h). In
Figs. 3a and 3c, there is some nitrite reduction before the
entire nitrate is reduced, while in Figs. 3d and 3e no nitrite
reduction occurred until all of the nitrate was reduced. Fig.
3b clearly shows that there is almost no nitrite accumulation throughout the denitrification process.

Nitrate
Nitrite
Biomass

60
40
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0
0

24

48

72

96

(5)

where SNO3 and SNO2 are nitrate and nitrite concentrations, respectively. KNO3 and KNO2 are zero order rate constants (nitrate and nitrite reduction rates in the absence of
nitrate, respectively). K 1NO2 means the zero order rate constant for nitrite reduction in presence of nitrate.
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Time (h)
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FIGURE 2 - Nitrate, nitrite and biomass changing with time in the batch test.
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FIGURE 3 - The concentration variations of nitrate and nitrite at different initial pHs (The initial concentrations for NO3--N and biomass
were (a) 14.8 mg NO3--N/L, 21.3 mg biomass/L; (b) 14.5 mg NO3--N/L, 24.3 mg biomass/L; (c) 14.4 mg NO3--N/L, 25.2 mg biomass/L; (d) 13.7
mg NO3--N/ L, 24.6mg biomass/L; (e) 13.6 mg NO3--N/L, 24.6 mg biomass/L; (f) 13.8 mg NO3--N/L, 24.6 mg biomass/L).

Another phenomenon is that the maximum nitrite accumulation increased with increasing initial pH values
ranging from 7.2 to 8.7 (Fig. 4).

Maximum nitrite
accumulation (mg N/L)

8

6
4

2
0
6.7

7.2

7.7
pH

8.2

8.7

FIGRUE 4 - Maximum nitrite accumulation during denitrification
at different initial pH values of 6.7, 7.2, 7.7, 8.2, and 8.7 with initial
nitrate concentrations of around 15 mg N/L.

The nitrate reduction rate, the specific nitrate reduction rate, the nitrite reduction rate in the presence or absence of nitrate, as well as the specific nitrite reduction in
the presence or absence of nitrate for initial pHs 6.7, 7.2,
7.7, 8.2, and 8.7 were calculated using a regression to the
zero-order model and are shown in Table 2. The nitrate
reduction rate increased significantly from 0.88 to 1.55
NO3--N/L/h as pH increased from 6.7 to 7.2, but maintained around 1.5 mg NO3--N/L/h when pH was gradually
increased from 7.2 to 8.7. The nitrite reduction rate (or
specific nitrite reduction rate) in the presence of nitrate was
0.55 NO2--N/L/h at initial pH 6.7, and increased to 1.47
NO2--N/L/h at initial pH 7.2. Thereafter, it gradually decreased to 0.70 NO2--N/L/h at initial pH 8.7.
At initial pH 7.2, a validation of zero-order model for
autohydrogenotrophic denitrification is shown in Fig. 5,
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the R2 of the models on nitrate zero-order fit and nitrite
order fit were above 0.97, proving to be a goodness-of-fit
between predicted and experimental data. The model describes very well the behavior of the mixed culture with
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TABLE 2 - Zero order denitrification rate for nitrate and nitrite ( K 1 NO2 = rate of nitrite reduction in the presence of nitrate, K NO = rate of
2
nitrite reduction in the absence of nitrate, K NO /X = specific nitrate reduction rate, K 1 NO2 /X = specific nitrite reduction rate in the pres3
ence of nitrate, and K NO /X = specific nitrite reduction rate in the absence of nitrate).
2
Initial
pH

S NO3

VSS (X)
(mg/L)

K NO3 (mg

,t =0

K 1 NO2 (mg

K NO3 /X (mg

Concentrations (mg N/L)

NO3--N/ L/h)
NO3/g VSS/h)
(mg NO3 -N/L)
6.70
21.3
14.8
0.88
41.3
7.20
24.3
14.5
1.52
62.6
7.70
25.2
14.4
1.53
60.7
8.20
23.8
13.7
1.41
59.2
8.70
24.6
13.6
1.45
58.9
--Nitrite is completely reduced before all of the nitrate is reduced.
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FIGURE 5 - Model validation - experimental and computed profiles
(initial concentrations of nitrate and biomass were 15.2 mg NO3-N/L and 24.8 mg biomass/L, respectively).

the terminal electron acceptor (nitrate) at the initial nitrate
concentration of 15.2 mg N/L.
Accumulation of extracellular nitrite has been reported during denitrification in pure cultures. Under special
conditions, denitrifying bacteria transport the nitrite intermediately in cell denitrification out of the cell but later
take the extracellular nitrite back into the cell for complete denitrification [20]. Nitrite is known to accumulate
to significant amounts under certain conditions in
mixed cultures like activated sludge [21, 22] and in hydrogen-based denitrification process [23]. In this study, there
are two probable reasons to explain nitrite accumulation
and inhibition of nitrite reduction in the presence of nitrate. One is that the autohydrogenotrophic denitrifiers
mainly consisted of nitrate-respiring bacteria and true
denitrifying bacteria. The nitrate-respiring bacteria grow
more rapidly than true denitrifying ones, and extracellular
nitrite would accumulate as the result of imbalance between
the two populations [24]. Glass et al. [20] have reported that
there were much more nitrate-respiring bacteria than true
denitrifying bacteria in the SBR-activated sludge, but
there was not conclusive evidence that the over-growth of
nitrate-respiring bacteria at high pHs were responsible for
higher nitrite accumulation. The maximum nitrite accumulation was 7.27 mg N/L at pH 8.7, which was consistent to the report by Lee and Rittmann [23], as shown

NO2 -N/L/h)
0.55
1.47
0.92
0.70
0.65

K NO2 (mg
NO2--N/L/h)
0.33
-0.61
1.16
1.21

K 1 NO2 /X (mg

K NO2 /X (mg

NO3/g VSS/h)
25.8
60.5
36.5
29.4
26.4

NO2/g VSS/h)
15.49
-24.21
48.74
49.19

in Fig. 4. Lee and Rittmann [23] had found that nitrite
was easily built up at high pH in autohydrogentrophic
denitrification. Another reason could be analyzed on the
enzyme level. It has been reported that the protons consumed during reduction of nitrite are taken from the
periplasmic side of the membrane, while nitrate is reduced
at the cytoplasmic side of the membrane, and evidence for
the presence of a nitrate/nitrite antiporter is presented [6,
25]. However, protons may be relatively scarce in the
periplasmic space at high pH, which inhibited the nitrite
reduction reaction. Furthermore, nitrate and nitrite reductases may compete for a common reductant if oxidative
metabolism and generation of reduced flavins like NADH2
is saturated in the cell [26, 27]. The fact in this study is that
the nitrate reduction rate is higher than that of nitrite.
Therefore, the electron flow to nitrite reductase may be
temporary shut off, and the nitrite reduction is the controlling reaction, causing an accumulation of nitrite in the
periplasmic space of denitrifying bacteria [6]. Until the
nitrate substrate is completely reduced, the nitrate reductase
can no longer complete for electrons, and then the repression of nitrite reductase ends.
CONCLUSION
Autohydrogenotrophic denitrification of nitrate-contaminated water was investigated in batch experiments. The
nitrate reduction was inhibited at initial pH 9.2. In experiments with initial pHs of 6.7, 7.2, 7.7, 8.2, and 8.7, denitrification was not inhibited and the nitrate amount of around
15 mg N/L was reduced completely in approximately 12 h.
A zero-order model on hydrogen-based denitrification
showed that the nitrate reduction rate increased significantly from initial pH 6.7 to 7.2, but maintained constant
when initial pH changed from 7.2 to 8.7. The nitrite reduction rate in presence of nitrate increased from initial pH 6.7
to 7.2; but declined gradually from initial pH 7.2 to 8.7.
The maximum nitrite accumulation increased with initial pH changing from 7.7 to 8.7. There are two probable
reasons for nitrite accumulation in the presence of nitrate.
One is that nitrate-respiring bacteria are growing more rapid-
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ly than true denitrifying bacteria; another is that nitrite
reductase is repressed at high pH due to lack of protons in
the periplastic space as well as competition for the flow of
electrons to nitrate reductase.
The results above are valuable to determine design parameters for autodenitrification systems using hydrogen as
electronic donors.
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ABSTRACT
Faecal contamination and eutrophication of aquatic
ecosystems cause serious problems of public health. The
monitoring of microbiological contaminants in recreational
water is important in order to avoid human health hazards.
Nevertheless, due to the absence of specific legislation and
to the difficulty and price of some techniques, fountains,
urban lakes and non-designated beaches are not monitored.
The PCR technique is very precise and gives fast results
compared to the standard methods, being important the implementation of this method in water quality analysis. In
this study, some bacterial species associated to faecal contamination were detected mainly in samples collected in
the Douro River as well as fountains and lakes of the city.
Cyanobacteria were detected in samples of the sea, lakes
and in a fluvial beach. PCR techniques should be used as
early warning techniques in sites where monitoring is not
compulsory but may pose human health risk.

KEY WORDS: PCR, pathogenic bacteria, water contamination,
cyanobacteria, early warning technique, human health risk

INTRODUCTION
Faecal pollution is the primary source of water-borne
disease, and transmission of disease is determined by the
concentration of the pathogen and the physical conditions
of the individuals exposed [1-3]. Water-related diseases
are expanding and increasing remaining the leading cause
of morbidity and mortality worldwide [4, 5].
Pathogens in water can infect humans through the
contact with the skin and mucous membrane, or by ingestion of contaminated water and food, especially fish and
shellfish [1]. They may cause, in most cases, mild diseases
but a range of severities may also occur [3]. Children are at
particular risk of contracting recreational waterborne illnesses because of increased opportunities for exposure, like

accidental ingestion during recreational activities, the contact time with the water, the dose/weight relationship and
other reasons [3].
Regular monitoring of waterborne pathogens is required to protect public health. The control of drinking and
recreational water is often applied using organisms that may
show evidence of sewage and fecal contamination-indicator
organisms [6]. This is due to the variable characteristics and
high diversity of pathogenic microorganisms transmitted
by contaminated water [1] making diagnostic tests neither
accurate nor cost-effective. Therefore, this is a great obstacle in preventing and controlling infections and outbreaks
transmitted by waterborne pathogens [4].
An ideal bacterial indicator of faecal pollution should
be found universally and present in large numbers in the
faeces of humans and other warm-blooded animals only
[7], quickly detectable by simple methods, and should not
grow in natural waters. Although none of the indicator organisms fulfils all these criteria, Escherichia coli is the one
that satisfies most of the criteria [8]. Coliforms [2], Enterococcus spp. [1], Salmonella spp. and Pseudomonas aeruginosa are also used as indicator organisms [7].
The currently recommended bacterial indicators are
based on microbiological methods that involve culturing
bacteria [6], and counting the colony-forming units requiring at least 24 h to grow visible colonies [7]. Species like
E. coli, Enterococcus, Campylobacter jejuni and Clostridium perfringens are members of the normal flora of the
gastrointestinal tract in humans and other animals [8-10].
Most of the E. coli that are found in the human intestine
are harmless but some groups can cause disease in humans
[3], by producing endotoxins [11]. The incidence of enterococcal infections has increased because of widespread
multiresistant enterococcal strains [12]. C. jejuni and C.
perfringens can occur naturally in other environments. C.
jejuni have been identified as one of the most common
causes of acute gastroenteritis in humans [3, 13], and in
Europe is the main cause of gastroenteritis [2]. C.
perfringens can form spores in water becoming a problem
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of detection. But, its detection can be an important indicative evaluation of remote faecal contamination, useful in
situations where other less resistant indicators would not
be found alive [14]. In routine monitoring, there are problems with the maintenance of the viability of bacteria, the
existence of viable but not cultivable bacteria, and the
days required for the detection and confirmation of the
bacteria [6, 15]. They can also occur in intermittent episodes and survive, and even grow in the environment
[16]. Salmonella is implicated in food and water-borne
bacterial outbreaks and diseases [8]. The incidence of salmonellosis rose in Europe since 1980 [3]. There are many
different culture media for Salmonella detection but none
of them is completely effective in culture, detection or
enumeration [17].
In recreational waters, infections are not limited to enteric microorganisms [18]. Staphylococcus aureus and Pseudomonas aeruginosa can cause opportunistic infections
[2, 10]. Only immuno-depressed individuals or vulnerable
groups like children and elder people can suffer adverse
health effects by contact with these bacteria [19].
Cyanobacteria are a recognized public health hazard
because they can bloom intensively in eutrophic surface
waters [20-22]. A large number of planktonic cyanobacterial species is able to produce cyanotoxins [23] which can
exert harmful impacts on human health through contaminated drinking water and fishery products [24] In Portugal,
cyanobacteria represent a significant water quality problem, and they have been reported to commonly occur in
large flowing rivers as also in natural and man-made lakes
[25, 26].
Molecular methods, such as PCR (polymerase chain
reaction) can achieve a high degree of sensitivity and specificity [4, 27-29]. They detect also non-cultivable bacteria
[8, 25] and are faster than conventional methods (hours instead of days) [28] allowing a quicker response regarding
health-related problems [27]. There are many advantages
of PCR, like accuracy, specificity, sensitivity (can detect
small amounts of target nucleic acid) [8]. PCR techniques
are also faster, cheaper and easy to perform than cultivation
techniques [28]. Standard PCR, however, does not directly
provide information about the viability (viable and cultivable, viable but non-cultivable, or dead) [8, 27], or infectiousness [28] of the organisms because DNA may persist
in the environment [29].
The aim of this study was the application of a PCR
technique for the early detection of pathogenic bacteria and
cyanobacteria in water samples of different ecosystems of
Porto city, not usually monitored, and the interest of possible application for routine use of this technique.
MATERIAL AND METHODS
Study site, sample collection and filtration

Sixteen different water samples were collected from
different aquatic systems of Porto (Portugal), including
coastal seawater (Atlantic Ocean), river samples - Douro
River estuary and several man-made urban lakes and fountains of the city. Some of the places were sampled more
than once, according to their importance in terms of public health. Samples were collected from November 2006
to May 2007 (8th November 2006, 12th February 2007 and
2nd May 2007). The samples were all collected from the
margin.
Water samples were collected in sterilized 5-L bottles,
transported to the laboratory and stored in a refrigerated
room until process. Filtration was performed as soon as
possible, not later than 24 h. After collection, 100 to 1000 ml
of the sample volume was vacuum-filtered through 47-mmdiameter, sterile cellulose nitrate membrane filters with
0.45-µm-pore-size. For each sample, the total volume filtered was dependent on the location and turbidity.
The content retained in the filter was placed in a sterile Eppendorf and stored at -20 ºC until DNA extraction
[16]. The samples were divided into 3 different groups: sea,
river, and lake and fountain samples from the city. The sea
samples were collected in oceanic beaches (Castelo do
Queijo, Praia and Matosinhos) near rain water outflows. The
purpose was to detect illegal wastewater discharges linked
to rain water pipes. Douro river samples (Foz, Foz, Estaleiro,
STCP, Ribeira, Ponte D. Mª Pia, Freixo, Praia Fluvial) were
collected along Porto city margin, a very important touristic
site used as recreational water and for fishing. Urban lake
and fountain samples were collected in important touristic
and leisure places of the city. In Portugal, there is not any
legislation that imposes mandatory analysis to water quality in fountains and urban lakes. The purpose of collecting
this kind of samples was to determine the microbiological
quality in these Porto important sites (Leões, Parque da
Cidade, Serralves, Palácio de Cristal e Cordoaria). In addition, in those urban lakes eutrophication is a serious concern and increasing due to the amount of waterfowl and
nutrient input by human activities.
Bacterial and cyanobacterial strains

In order to assess the specificity and sensitivity of the
PCR reaction, reference strains and environmental isolates
of bacteria (Escherichia coli, Salmonella spp., Pseudomonas aeruginosa, Staphylococcus aureus and Enterococcus)
were obtained from the Zoology and Anthropology Department, Laboratory of Parasitology, Faculty of Sciences,
University of Porto, Portugal. Cyanobacterial species were
environmental isolates of the Laboratory of Ecotoxicology, Genomics and Evolution (LEGE) of the Centre of Marine and Environmental Research (CIIMAR) of the University of Porto, Portugal.
DNA extraction and PCR analysis

A commercial DNA isolation kit (BioRad® AquaPure
Genomic DNA isolation Kit) was used, according to the
manufacturer’s protocol. To confirm the presence of DNA,
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an agarose gel electrophoresis (1.5% of agarose) was made.
All the oligonucleotide primers used in this study were
synthesized by Stabvida. Sequences of the 8 PCR primer
pairs for PCR, their corresponding name and size of expected amplification products are shown in Table 1. PCR
assay was performed in 20-µl volume with 2 µl reaction
buffer (10x NH4), 1 µl of MgCl2 (50 mM), 1 µl of each
primer, 0.5 µl of dNTPs mix (2.5mM), 0.1 µl of DNA Taq
polymerase (5u/µl) and 0.5 µl of target DNA). The target
DNA was amplified in a BioRad® DNA thermal cycler.
PCR and mPCR amplified DNA was detected by running
in 1/1.5% agarose gel electrophoresis using TAE buffer
(Tris/Acetic Acid/EDTA) 1x, and stained with ethidium
bromide, and then visualized with an UV trans-illuminator
and photographed.
RESULTS AND DISCUSSION
On the first sample collection (November 2006), DNA
from bacteria or cyanobacteria was found in all sites, except the Fontanário da Ribeira. DNA was not found in the
sample collected May 2007 on the beach (Praia sample).
PCR analysis results are summarized in Tables 2-4. Results from PCR for Campylobacter jejuni, Staphylococcus
aureus and Clostridium perfringens, were inconclusive, and,

therefore, are not shown. Of the 16 initial sampling locations, only 9 were sampled again on the 2nd of May 2007,
due to their importance in terms of public health.
The extraction using the kit method has shown good
results (higher number of sites with the presence of the
bacteria), and has the advantage of being faster and easier
to execute than other manual methods.
The DNA absence in Ribeira fountain can be an indicator of the absence of microorganisms because this fountain is connected to the public supply water system.
Concerning the Atlantic beach sites, the most contaminated was the Castelo do Queijo site. E. coli, P. aeruginosa, Enterococcus and cyanobacteria were found in Matosinhos sample. Enterococcus and E. coli presence confirm the faecal contamination. In the beach sample – Praia
- located between Castelo do Queijo and Matosinhos, no
bacteria were detected. The most contaminated sites –
Estaleiro and Freixo, are close to the streams “Fluvial and
Rio Tinto, respectively that are heavily contaminated with
illegally connected untreated sewage. Nevertheless, as in
the other sites, no bacteria were detected, and it seems that
the river has potential for dilution and/or elimination of
these contaminant organisms.

TABLE 1 - Primer sequence and size of PCR and multiplex PCR, amplified gene targets and amplification conditions.

Primer

Sequence
(5´→3´)

GADA/BF
GADA/BR
PAL1F
PAL1R
INVAF139
INVAR141

ACCTGCGTTGCGTAAATA
GGGCGGGAGAAGTTGAT
ATGGAAATGCTGAAATTCGGC
CTTCTTCAGCTCGACGCGACG
GTGAAATTATCGCCACGTTCGGGCAA
TCATCGCACCGTCAAAGGAAC

Campylobacter jejuni

hipO-F
hipO-R

GACTTCGTGCAGATATGGATGCTT
GCTATAACTATCCGAAGAAGCCATCA

344

(Persson and Olsen, 2005)
[34]

Enterococcus

Ent1
Ent2

TACTGACAAACCATTCATGATG
AACTTCGTCACCAACGCGAAC

112

(Ke et al., 1999)
[12]

Staphylococcus aureus

FA1
RA2

AAGGGCGAAATAGAAGTGCCGGGC
CACAAGCAACTGCAAGCAT

1153

(Marcos et al., 1999)
[10]

Clostridium perfringens

cpa

GCTAATGTTACTGCCGTTGACC
TCTGATACATCGTGTAAG

100

(Penha et al., 2005)
[35]

Cyanobacteria

PCβF
PCcR

GGCTGCTTGTTTACGCGACA
CCAGTACCACCAGCAACTAA

700

(Neilan, 2002)
[36]

Target species
Escherichia coli
Pseudomonas aeruginosa
Salmonella spp.

Product size
(bp)

References

670
504

(Abd-El-Haleem, 2003)
[8]

284

TABLE 2 - Results of PCR analysis (+) for the presence of Escherichia coli, P. aeruginosa, Salmonella spp.,
Enterococcus, and Cyanobacteria in water samples from Atlantic beach sites of Porto area, between November 2006 and May 2007.
Date
08/11/06

Location
Castelo do Queijo
Matosinhos

E. coli
+

Enterococcus
+
+
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P. aeruginosa
+

Salmonella spp.

Cyanobacteria
+
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Praia
02/05/07
Praia
TABLE 3 - Results of PCR analysis (+) for the presence of Escherichia coli, P. aeruginosa, Salmonella spp., Enterococcus,
and Cyanobacteria, in water samples from Douro River sites (downstream to upstream), between November 2006 and May 2007.
Date
08/11/06

12/02/07
02/05/07

Location
Foz
Estaleiro
STCP
Ribeira
D. Maria Pia
Bridge
Freixo
Praia Fluvial
Estaleiro
Estaleiro
Ribeira
Freixo

E. coli

Enterococcus

P. aeruginosa

+

+

+

+

Salmonella spp.

Cyanobacteria

+

+

+
+

TABLE 4 - Results of PCR analysis (+) for the presence of Escherichia coli, P. aeruginosa, Salmonella spp., Enterococcus,
and Cyanobacteria, in water samples from urban lakes (L) and fountains (F) of Porto city between November 2006 and May 2007.
Date
08/11/06

12/02/07
02/05/07

Location
Serralves L.
Parque da Cidade L.
Palácio de Cristal L.
Cordoaria L.
Leões F.
Ribeira F.
Parque da Cidade L.
Leões F.
Serralves L.
Parque da Cidade L.
Palácio de Cristal L.
Cordoaria L.
Leões F.

E. coli

Enterococcus

P. aeruginosa
+
+

Salmonella spp.

+

+

+
+

+
+
+

+
+

+

+
+

In Estaleiro and Freixo, initial samples detected the
presence of several of the searched bacterial species but,
on the last sampling date, all the results were negative.
Differences in water-flow and rain water dilution may be
in the base of these negative results. Praia Fluvial, a beach
in the river Douro upstream site of Gondomar, was the
only river sampling location with cyanobacteria. In six
other samples, cyanobacteria were detected, five of them
collected in Porto urban lakes (Fig. 1). These lakes have a
high level of eutrophication, due, in part, to the high number of birds, that increase nutrients but also to high loads
of N and P from underground water. Due to their toxicity,
World Health Organization has recommended a guideline
value for the toxin microcystin of 10 µg L−1 for recreational waters [30]. This hepatotoxic toxin is the most
common cyanotoxin found in freshwater lakes, rivers, and
reservoirs produced by cyanobacteria [31]. In Portugal, as
in most of the worldwide countries, the main cyanobacterial toxins are microcystins [32].
Water supplied to all studied urban lakes is mostly underground water where faecal contamination may occur.
E. coli was detected in Palácio de Cristal Lake in two
sampling dates. In that lake, and in Cordoaria and Leões
lakes, Salmonella and Enterococcus were also detected. Al-

Cyanobacteria

+
+

though those lakes are not used for recreation with direct
contact, e.g. swimming, children may be at risk because
they are exposed to pathogenic bacteria while playing with
the water or feeding birds. Another problem is the existence of a great number of birds in the city, which also can
contribute for fecal contamination. Pseudomonas aeruginosa was also found in many lakes and other sampling
locations. Although it does not evidence the existence of
faecal pollution because it is a ubiquitous bacterium, it may
cause health problems as opportunistic bacteria [19]. The
occurrence of Salmonella in Leões Fountain, and in Palácio
de Cristal and Cordoaria lakes, may pose a threat to the
public health. Leões Fountain is located in a touristic area
and water spray may expose people to the bacteria. On the
other side, university students use this fountain as a baptism site for freshmen, and so the risk might be high. The
fact that ornamental fountains and urban lakes are not usually monitored in terms of microbiological water quality
may represent a hazard that needs to be monitored. PCR
techniques may be a good early warning method for the
survey of potential hazards.
The absence of positive results does not confirm the
absence of bacteria, because results from one single sample
represent only the water quality at that single place and
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moment. Satisfactory results of only one sample should not
be enough to classify the water quality as good. The contamination is frequently intermittent. The microbiological
test values depend on the sampling frequency.
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FIGURE 1 - PCR products of the samples collected in the different water systems of Porto (lane 1: 100 bp; lanes 2 and 3: +AQS and +M6A positive controls; other lanes: S – Serralves, P – Parque da Cidade, Q – Castelo do Queijo, M – Matosinhos, Pr – Praia, F – Foz, E – Estaleiro, St – Junto museu STCP, Ft – Fonte na Ribeira, R – Ribeira, Mp – Ponte D. Ma Pia, Fr – Freixo, Pf – Praia Fluvial, Pc – Palacio de Cristal, Cd – Cordoaria; number 6 – samples of November 2006 and number 7-samples of February 2007).

One of the disadvantages of this PCR technique is the
fact that it is not a quantitative method, so it is not enough
to replace the traditional methods of detection and quantification of bacteria. Nevertheless, it is a good early warning method because traditional methods are not fast and
may cause a delay of days for the attainment of the results, instead of hours with PCR that can be used as complement of these techniques, in a first phase providing
information about what bacterial species are present, and
need to be quantified. Some bacteria, like Salmonella
should not be present in water. Even present in small
amounts, PCR technique is being enough for their detection. Furthermore, as mentioned, detection by PCR does
not provide information on viability [33].
Traditional methods for bacteria detection are time
consuming and hard to execute, frequently relying on the
indirect detection of only indicator organisms, instead of a

large group of organisms just sampled occasionally. The
search of a larger number of microorganisms would increase the time between each sampling. The implementation of techniques like PCR would diminish detection
time to only days, thus possibly to increasing the number
of searched bacteria in locations not covered by the regular monitoring programmes of water quality.
CONCLUSIONS
PCR technique has many advantages on the detection
of pathogenic bacteria in water because in public health
issues, time is a very important factor. PCR may not replace traditional methods because of its inability to quantify the bacteria. But, it can be used as early warning
method and a complement to the traditional methods,
avoiding the use of time-consuming methods when bacte-
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ria are absent. In some specific cases, PCR can replace the
traditional methods like in Salmonella detection because
according to the national legislations, such as the Portuguese, the threshold limit values (TLV) for Salmonella in
recreational water is 0/L. Cyanobacteria were detected in
samples of the sea, lakes and in a fluvial beach. This molecular method can be very important to detect not only
bacteria in water, but also other microorganisms, such as
viruses and parasites, that are difficult to determine by the
conventional methods. It could also be used as a survey
technique for locations not regularly monitored in water
monitoring programmes.
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ABSTRACT
17α-ethynylestradiol (EE2), a synthetic estrogen used
in birth control pills, has frequently been detected in aquatic
environments. In the present study, male and female individuals (3+ ages) of Chalcalburnus tarichi, an endemic
cyprinid fish living in the Lake Van basin located in the
eastern Anatolia region of Turkey, were exposed to nominal concentrations of 1, 10, and 100 ng/L EE2 for 32 days
at semistatic daily renewal conditions. After exposure,
plasma vitellogenin (Vtg), hepatosomatic index (HSI), and
liver glutathione-S-transferase (GST) activity were examined. Plasma Vtg concentrations exhibited significant
inductions in all doses of EE2 in both sexes. HSI did not
change at the 1 and 10 ng/L EE2 concentrations; it, however, significantly increased after 100 ng/EE2 exposure in
males and females. Liver GST activity significantly increased in females at the 1 ng/L EE2 exposure, whereas it
did not change in males. On the other hand, GST activity
was inhibited in both sexes at the 10 and 100 ng/L EE2
exposures. The results of this study indicate that C. tarichi
is highly suspectible to EE2 and its detoxification capability may be weakened by EE2-inhibiting phase II enzyme, GST.

KEYWORDS: 17α-ethynylestradiol, hepatosomatic index, vitellogenin, GST, Chalcalburnus tarichi.

INTRODUCTION
A large number of chemicals released into the environment can disturb endocrine systems of wildlife and human
organisms. This differrent group of chemicals, called “endocrine disrupters (EDs),” mimics or antagonizes the actions
of natural hormones. The reported adverse effects of EDs
in wildlife are imposex in neogastropod molluscs, femini-

zation or masculinization, and disturbed fertility. Recent
concerns about increased incidence of testicular, prostate
and breast cancers, cryptorchidism, hypospadias, and polycystic ovaries observed in humans may be linked to EDs
[1, 2]. Among EDs, there are a large number of chemicals
that include synthetic hormones, organotins, organochlorine pesticides, polychlorinated biphenyls, alkylphenol polyethoxylates, and phthalates. Many of these chemicals were
detected in rivers, in sediments, and in lake and sewage
treatment plant effluents [3-7]. The presence of these compounds in aquatic environment was reported to cause estrogenic response, depressed plasma steroid levels, alterations
in xenobiotic metabolism, and gonad morphology in fish [810]. Among the EDs, 17α-ethynylestradiol (EE2) is the
most detected compound, up to 62 ng/L in the surface and
waste waters [11-16]. This synthetic estrogen is commonly used in birth control as the major component of contraceptive pills [14] and is resistant to biodegradation in
waste water [6]. EE2 was reported to be 11−27 times more
potent than 17β-estradiol [16] and it reduces the reproductive success, even at 1 ng/L concentration in fish [17].
Previous studies on EE2 have reported numerous adverse
effects on fish, such as vitellogenin induction in males [1820], histopathology and organ toxicity [21, 22], inhibition
of spermatogenesis [23, 24], ovotestis formation [25],
reduced fecundity [26], and depressed steroid levels [27,
28].
Vitellogenin (Vtg) is a large phospholipoglycoprotein
normally synthesized by the liver of sexually active female fish in response to circulating 17β-estradiol. This egg
yolk precursor is transported to ovary through the blood
and incorporated into maturing oocytes during vitellogenesis for the next generation [29]. Vtg is undetectable or is
present at very low concentrations in immature and male
fish because of the low concentration of circulating 17βestradiol that triggers the vitellogenin gene. However, when
male fish is exposed to estrogens, it can be induced. Therefore, it is a useful biomarker for estrogen exposure [30, 31].
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Different studies performed in fish have suggested and
demonstrated that EDs interact with phase I and II enzymes
in the liver [32-34]. Glutathione-S-transferases (GSTs) belong to a family of phase II detoxification enzymes found
in fish that play a pivotal role in protecting cells against
xenobiotics [35, 36]. To our knowledge, only a few studies touched on GST activity present in EE2-treated fish.
Chalcalburnus tarichi is an endemic fish species (Cyprinidae) living in the Lake Van basin located in the eastern Anatolia region of Turkey. This fish is the only vertebrate species known to live in Lake Van, which is the largest lake of the country and which has highly alkaline water
at pH 9.8. Female and male individuals of this anadromous
characterized fish migrate to the rivers pouring into the
lake, from mid-April to mid-July for laying eggs and
sperms during the reproductive season [37]. This species
reaches sexual maturity in 3 years [38, 39]. Chalcalburnus
tarichi is also an economically important species−annual
harvests reach 12.000 tons
[http://www.turkstat.gov.tr/VeriBilgi.do?tb_id=47&ust_id
=13].
In the current study, we aimed to examine the effects
of EE2 on plasma Vtg levels of female and male C. tarichi
to determine estrogenic response. On the other hand, the
effect of EE2 on liver GST activity has not been adequately investigated in fish; accordingly, changes in liver GST
activity were investigated. Hepatosomatic index (HSI) is a
useful and cost-effective tool for validating changes in
growth stemming from possible adverse effects of ecological perturbations in fish [40]. HSI was likewise evaluated.
MATERIALS AND METHODS
Fish

Chalcalburnus tarichi samples used in this study were
captured by electrofishing from the Karasu River pouring
into Lake Van at the end of the reproductive season. Fish
were transported to the laboratory in aerated coolers filled
with river water and put into 1000-L fiberglass tank containing running dechlorinated municipal water aerated with
air pumps. They were maintained in this tank for a 1month acclimation period under natural photoperiod with
an average temperature of 16 ˚C. The fish were fed with
commercial trout pellets during this period and tank water
was cleaned daily.
Experimental Design and EE2 Exposure

Before exposure to EE2, the fish in the stock tank
were randomly assigned to 60-L glass aquaria (10 fish in
each aquarium). The sides of the aquaria were covered with
paper to prevent visual stress. A stock solution of 17αethynylestradiol (EE2; purity: 98%; Sigma, cat. no: E4876)
was prepared in HPLC-grade acetone. After 5 days of
acclimation, the experiment was started and the fish were
exposed to waterborne nominal concentrations of EE2 (1,

10, and 100 ng/L) for 32 days. Test concentrations were
chosen on the basis of environmentally relevant concentrations of EE2. Exposures were conducted under semistatic
renewal system and 12:12 photoperiod. The test chemical
was renewed daily by changing 80% of the aquarium water
to maintain the concentrations described in the study of
Van den Belt et al. [41]. The final concentration of the
acetone solvent did not exceed 0.01% in each aquarium.
To observe the effect of acetone solvent on the fish, a
solvent aquarium was set up in addition to the control aquarium. Each aquarium also has a replicate. During the exposure period, water quality criteria were monitored daily
in the aquarium waters [temperature: 14.15 ± 0.8 ˚C (mean
± SD), pH: 8.79 ± 0.1 (mean ± SD), dissolved oxygen: 4.35
± 0.43 mg/L (mean ± SD) and conductivity: 640.33 ±
58.22 µmhos/cm (mean ± SD)]. The fish were fed with
commercial trout pellets once a day. Uneaten food and waste
were cleaned regularly in the aquaria.
Morphology, Tissue Collection, Sex and Age Determination

At the end of the experiment, fish were anesthetized
with MS-222 (3-aminobezoic acid ethyl ester methane sulfonate salt; Sigma). Blood was taken from a caudal vessel
by a syringe containing heparin and serine protease inhibitor approtinin (5−10 trypsin inhibitor unit/mL, Sigma).
Blood samples were centrifuged at 2000 g for 5 min and
plasma were pipetted off following storage at −72 ˚C until
analysis. After blood withdrawal, the liver was dissected,
quickly weighed, and stored at −72 ˚C. The sex of each
fish was determined by examining gonads histologically.
For this purpose, gonadal tissues were fixed in Bouin’s
fixative, dehydrated in graded ethanol series, cleared in
xylene, and finally embedded in paraffin wax. Afterwards,
serial sections (5 µm) taken from gonads were stained
with haematoxylin-eosin. The length and weight of the
male fish used in this study were 9.52 ± 0.48 cm (mean ±
SD) and 8.32 ± 1.47 g (mean ± SD), respectively. Females
had an average (± SD) of 9.99 ± 0.72 cm length and 9.60 ±
2.62 g weight. Age determination was made from opercular bones based on age rings. According to the opercular
age determination, individuals were defined to be 3+
years old.
Vitellogenin Measurement by ELISA and Hepatosomatic Index

Vitellogenin (Vtg) concentration was determined in
the plasma of five female and seven male fish from each
group. Measurement of Vtg in plasma samples was performed using a commercial Carp Vitellogenin ELISA Kit
(Biosense Laboratories AS, Norway) following manufacturer’s instructions. After the ELISA procedure was completed, samples were read with a plate reader (DAS, Model
A3, Italy) at 492 nm. Vtg concentrations were determined
based on a standard curve developed from absorbance values for Vtg standards. The R2 value was higher than 0.99.
The HSI was calculated as follows: HSI (%) = total
liver weight/total body weight × 100.
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Liver Glutathione-S-Transferase Activity

Liver tissues of six female and male fish from each
treatment group were homogenized in ice-cold 50 mM
KH2PO4 buffer using a glass-porcelain ultrasonic homogenizer (Jencons Scientific Co., England) and then centrifuged at 10000 g for 30 min. All processes were carried
out at 4 ˚C. GST activity was measured in cytosolic fraction using 1-chloro-2,4-dinitrobenzene (CDNB) as a substrate [42]. An assay was carried out in a quartz cuvette
containing 1 mL of the mixture, which included 0.1 M
phosphate buffer (pH: 6.5), 1 mM CDNB, and 1 mM
reduced glutathione (GSH); with the addition of 33 µL
sample, reaction was started. Incerases in absorbance were
recorded in a spectrophotometer (Shimadzu UV-visible,
UV-1201, Japan) at 340 nm. All measurements were performed in triplicate. Activity was expressed in terms of
enzyme unit/gram tissue (U/g tissue).
Statistical Analyses

Statistical analyses were performed using SPSS 11.5
for Windows program. Differences among data were analyzed using a one-way analysis of variance (ANOVA) with
a post-hoc Duncan’s test. Results are expressed as mean ±
standard error of mean (SEM). Statistical significance was
accepted at the p <0.05 level.
RESULTS
Hepatosomatic Index

HSI values are presented in Table 1 and Table 2 for
male and female fish, respectively. In males, significant
changes in HSI could not be observed at the 1 and 10 ng/L
EE2 exposures when compared with controls. However,
there was a significant increase in HSI at the 100 ng/L
EE2 treatment group compared with controls and the others

(p <0.05). Similar results were observed in females. No significant differences were found at the 1 and 10 ng/L EE2
treatments but significantly higher HSI were observed at
the 100 ng/L EE2 treatment compared with other groups
(p <0.05).
Plasma Vitellogenin Concentrations

As shown in Tables 1 and 2, exposure to EE2 caused
statistically significant increases in the levels of Vtg in
male and female C. tarichi.
In males, plasma Vtg concentrations were at the ng/L
levels in the controls. After exposure to 1 ng/L EE2, Vtg
concentrations significantly rose to 1.136 ± 0.431 mg/mL
(p <0.05). Significant responses in Vtg concentrations relative to the control and the 1 ng/L EE2-treated fish were
observed in the 10 and 100 ng/L EE2 exposures (p <0.05).
A similar trend in plasma Vtg concentrations was observed in females. In control groups, Vtg concentrations
were at the µg/mL levels and these increased significantly
to 2.547 ± 0.679 mg/mL in the 1 ng/L EE2 treatment (p <
0.05). Considerable elevations were also observed in
plasma Vtg concentrations of females exposed to 10 and
100 ng/L EE2 (p <0.05).
Liver Glutathione-S-Transferase Activity

As shown in Table 3, in females, there was a significant increase in liver GST activity at the 1 ng/L EE2 exposure group (p <0.05). However, liver GST activity was
significantly inhibited in a dose-dependent manner in the
10 and 100 ng EE2/L exposures (p <0.05). In males, liver
GST showed no changes in the 1 ng/L EE2 exposure. As
in females, dose-dependent decreases in liver GST activity were also observed in the 10 and 100 ng/L EE2 exposures (p <0.05).

TABLE 1 - Hepatosomatic index (HSI) and plasma Vtg concentrations of male
Chalcalburnus tarichi exposed to waterborne EE2 for 32 days. Data were expressed as mean ± SEM
Exposure
N
HSI (%)
Plasma Vtg concentrations
Control
7
1.764 ± 0.208a
6.357 ± 2.890a (ng/mL)
Solvent control
7
1.934 ± 0.166a
8.171 ± 4.059a (ng/mL)
a
7
EE2 1 ng/L
1.854 ± 0.142
1.136 ± 0.431b (mg/mL)
7
EE2 10 ng/L
2.204 ± 0.077a
9.306 ± 0.070c (mg/mL)
b
7
2.807 ± 0.273
9.515 ± 0.068c (mg/mL)
EE2 100 ng/L
Different letters indicate statistical differences between groups using Duncan’s multiple range test (p <0.05) between groups.

TABLE 2 - Hepatosomatic index (HSI) and plasma Vtg concentrations of female
Chalcalburnus tarichi exposed to waterborne EE2 for 32 days. Data were expressed as mean ± SEM
Exposure
N
HSI (%)
Plasma Vtg concentrations
Control
5
2.101 ± 0.343a
1.362 ± 0.424a (µg/mL)
Solvent control
5
1.894 ± 0.302a
1.690 ± 0.638a (µg/mL)
a
5
EE2 1 ng/L
1.748 ± 0.530
2.547 ± 0.679b (mg/mL)
5
EE2 10 ng/L
2.180 ± 0.116a
9.266 ± 0.046c (mg/mL)
b
5
3.141 ± 0.212
9.325 ± 0.130c (mg/mL)
EE2 100 ng/L
Different letters indicate statistical differences between groups using Duncan’s multiple range test (p <0.05).
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TABLE 3 - Liver GST activity of Chalcalburnus tarichi exposed to waterborne EE2 for 32 days. Data were expressed as mean ± SEM
Exposure

N

Liver GST activity (U/g tissue)
Female
a,b

Control
6
2.910 ± 0.195
Solvent control
6
2.810 ± 0.324a,b
6
EE2 1 ng/L
3.334 ± 0.171b
6
EE2 10 ng/L
2.393 ± 0.150a
6
2.224 ± 0.433a
EE2 100 ng/L
Different letters indicate statistical differences between groups using Duncan’s multiple range test (p <0.05).

DISCUSSION
Induction of Vtg in juvenile and male fish is a sensitive biomarker following exposure to estrogenic chemicals
[31]. The results of the present study showed a significant
induction of Vtg in male and female C. tarichi after a 32day exposure to EE2 at 1, 10, and 100 ng/L concentrations.
Other studies have also demonstrated elevated plasma Vtg
levels at environmentally observed concentrations of EE2.
For example, an induction of plasma Vtg was reported in
mature male and female Pimephales promelas exposed to
EE2 for 3 weeks at 1, 3, 10, and 100 ng/L concentrations
[43]. In adult Gobiocypris rarus exposed to EE2 for 28 days,
increased plasma Vtg levels were detected at nominal concentrations of 1 ng/L in males and 5 ng/L in females [44].
Median effective concentrations of EE2 were found to be
between 0.95 ng/L and 1.8 ng/L for Oncorhyncus mykiss
[45]. The lowest observed effect concentration (LOEC) of
EE2 was determined to be 2.97 ng/L in male Danio rerio
[46]. In another study, Vtg levels were observed to be an
average of 7.4 mg/mL in plasma of male zebrafish exposed to EE2 at a concentration of 5 ng/L [41]. Results of
the present study indicate that EE2 could induce plasma
Vtg at EE2 concentrations as low as 1 ng/L in both sexes
of C. tarichi; these are the similar concentration ranges
observed in other fish species. Based on our observations,
it can be concluded that C. tarichi is among the most
sensitive species to synthetic estrogen EE2.
Plasma Vtg concentrations were measured at the µg/L
level in the control female C. tarichi, about 200-fold higher
than those found in males. From the histological examination of female gonads in this study, gonadal development
stage was determined to be at the early vitellogenic stage
in the control and in other female fish (data not shown).
This observation demontrated that vitellogenesis has already
begun in females. Accordingly, low plasma Vtg concentrations are expected at this stage with regard to late vitellogenesis because of the low levels of 17β-estradiol [47].
After EE2 treatment, Vtg concentrations significantly rose
in female C. tarichi, similar to values observed in EE2exposed males. Similarly, vitellogenin induction by EE2
at different seasons of the year was also reported in female Margariscus margarita [48].
Exposure of C. tarichi to a concentration of 100 ng
EE2/L resulted in increased HSI. Consistent with our
results, increased HSI following exposure to EE2 was re-

Male
2.785 ± 0.248b
2.808 ± 0.313b
2.846 ± 0.293b
2.299 ± 0.204a,b
1.638 ± 0.134a

ported in other fish species [19, 49, 44]. Exposure to
17β-estradiol resulted in higher liver size and increased
RNA, protein, and lipid synthesis by the liver in fish [50,
51]. An increase in HSI and liver total RNA content,
parallel to Vtg induction, was observed in Platichthys
flesus exposed to the estrogenic compound nonylphenol
[52]. Male Micropterus salmoides living in contaminated
river with high plasma Vtg levels have also shown increased HSI [53]. In the current study, we also observed a
significant production of Vtg. Thus, the enlargement in
liver size observed in the present study seems to be more
related to the synthesis of Vtg by the liver as a consequence
of EE2 exposure.
The results of the present study also showed that EE2
depressed GST activity in the liver of C. tarichi. A significant increase in liver GST activity was observed in females exposed to 1 ng/L EE2, while a significant change
in the GST activity was not observed in males at the same
concentration. This may be due to a sex-dependent response
to EE2. On the other hand, we clearly observed that EE2
could decrease liver GST activity in both sexes at doses of
10 and 100 ng EE2/L. Interactions between phase II enzymes and estrogenic compounds were reported by several
authors [32, 54-57]. The liver GST activity was not affected
after a single-dose EE2 injection (500 µg/kg) in Cyprinus
carpio [58]. On the other hand, a significant increase in
GST activity was observed in the liver of Clarias gariepinus
exposed to a waterborne dose of EE2 (51.38 µg/L) on the
sixth day [59]. Different responses of GST to EE2 can be
due to exposure route (i.p. injection and waterborne exposure), dose, and duration. However we did not find any
study that evaluated the long-term effect of EE2 on the
liver GST activity; as far as we know, the present study is
the first to demonstrate the inhibitory effect of EE2 on liver
GST activity. Similar to our results, time- and dose-dependent changes in GST activity were observed in Onchorhyncus mykiss treated with estrogenic compound
nonylphenol (220 µg/L)−GST activity significantly increased after 1 week of exposure but dramatically decreased at the end of the third week [54]. Moreover, 17βestradiol administration also resulted in a time- and dosedependent inhibition of liver GST activity in Dicentrarchus
labrax [60]. A significant inhibition of GST activity by 17βestradiol in-jection was also reported in Sparus auratus
[57]. It can be concluded that EE2 has a decreasing effect
on liver GST activity, similar to those exhibited by
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other estrogenic chemicals. The modulation of liver GST
activity by EE2 in this study may stem from the excessive
production of reactive oxygen species and from a failure
in the detoxification system [60, 61]. The treatment of
cultured Oreochromis niloticus hepatocytes with perfluorooctane sulfonate and perfluorooctanoic acid having
weak estrogenic activities resulted in the production of
reactive oxygen species by fluctuating the antioxidant
enzyme system, which finally led to increased apoptosis
[62, 63]. EE2 also has an apoptosis-inducing impact on
fish liver [64]. In our previous study conducted with C.
tarichi, we also observed increased liver cell apoptosis after
chronic exposure to EE2 at 100 ng/L concentration in both
sexes [65]. GST is an enzyme that plays a role in the
detoxification of xenobiotics by conjugating electrophilic
metabolites to glutathione and protecting the cells from
oxidative stress [36]. The inhibition of the GST enzyme in
the liver may suggest weakening of the protective mechanism in the elimination of xenobiotics in fish.
CONCLUSIONS
In conclusion, the results of the present study indicate
that (i) C. tarichi is a highly susceptible species to synthetic
estrogen EE2 and that Vtg is a useful and sensitive biomarker for this species; (ii) apart from Vtg induction,
increased liver size also suggests a hepatotoxic effect of
EE2; (iii) and inhibition of GST activity by EE2 may be
pose a risk to its detoxification capability. In the light of
our results, measures to prevent the rise in concentration of
EE2 in Lake Van should be taken. This study also provides
evidence that EE2 is a serious problem that affects fish
health even at environmentally relevant concentrations.
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ABSTRACT
The competitive adsorption behavior of atrazine and
copper on the surficial sediments (SSs) and natural surfacecoating samples (NSCSs), especially the effect of copper
on the adsorption characteristics of atrazine in metal-organic
pollutants system were investigated. The results show that
the co-contaminant copper could affect the adsorption of
atrazine, and the effect depended on the addition order of
copper; meanwhile, the atrazine could apparently inhibit
the sorption of copper. The FTIR spectra of the SSs and the
NSCSs obtained before and after adsorption of atrazine and
copper illustrate that the functional groups of O-H, N-H
and C=O on the SSs and NSCSs play important roles in
adsorption of both atrazine and copper.

KEYWORDS: competitive adsorption, atrazine, copper, surficial
sediments, natural surface coatings

INTRODUCTION
Treatment of combined pollution is one of the important directions of environmental science in the present,
such as inorganic combined pollution, inorganic-organic
combined pollution and organic combined pollution [1].
Moreover, joint toxic effects are very complicated, and it
has been reported that the organic pesticide co-exited with
metal can boost up the potential danger of the ecosystem [2]. Hence, researches on interaction of organic
pollutants and heavy metals are focused on.
Atrazine (2-chloro-4-ethylamino-6-isopropylamine-striazine, AT) is one of the most widely used herbicides,
which is employed as a selective herbicide for the control
of grassy and broadleaf weeds in maize, sorghum, rangeland, sugarcane, and other crops [3, 4]. Atrazine is considered to be persistent due to its moderate water solubility (33 mg/L) [5]. Trace of AT is often found in surface
water [6, 7]. It is reported that atrazine has toxicological

effects on the aquatic plant Lemna minor, and the growth
of duckweed Lemna minor shows a negative relationship
with atrazine concentration [8]. Atrazine creates a risk for
public health because it is considered as possible human carcinogen and endocrine disrupting substance [9-11]. Meanwhile, pollution of heavy metals has also been a serious environmental problem in the present due to their toxic and
non-biodegradable properties. Copper (Cu) is considered as
micronutrient but is extremely toxic to the living organisms
at higher concentration [12].
Environmental contamination often leads to appearance of mixtures of organic pollutants and heavy metals
in soils or sediment. Up to now, research works on the
adsorption behaviors of AT are always focused on adsorption characteristics of AT onto soils or sediments only with
dyes as co-contamination [13, 14], and less research is reported on the mechanisms of competitive adsorption of AT
and heavy metals in the natural co-existing system. So, the
objective of the study was to investigate the adsorption behavior and the interaction between atrazine and copper in
the co-existing system on the surficial sediments and natural-coating samples.
MATERIALS AND METHODS
Collection of SSs (NSCSs)

The SSs (approximately 5 cm in depth from the surface) were collected in the Songhua River (near the
Jiangwan Bridge in Jilin, China) using a plastic scoop and
stored in polyethylene bags, whereas the NSCSs were
directly collected from the surface of shingles nearby
in the Songhua River. The Songhua River is the primary
and typical river in Jilin Province. Songhua River is chosen as the field site for collection of samples because of
prior characterization of heterogeneous SSs (NSCSs) by
the investigators at this site [15, 16], and the results obtained in this paper were prone to be further compared
with the previous works. The shingles in the near shore of
the river were taken out of the water, and the NSCSs
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attached to the shingles were scraped into plastic containers with a plastic scoop. Prior to collection of the
samples, the plastic container and apparatus were precleaned with detergent, soaked in 6:1 (v/v) H2O/HNO3 for
24 h, and rinsed in distilled-deionized water. The samples
were transported to the laboratory and air-dried. The agglomerates were broken using a mortar.
Adsorption isotherms of SSs and NSCSs

Adsorption of AT and Cu onto the SSs and NSCSs
were both measured in duplicate. For determination of AT,
0.5000 ± 0.0001 g of SSs or NSCSs was mixed with 20 ml
of minimal mineral salts (MMS) [17] solution (eight different concentrations of AT (0.5-10 µg/ml) were used ) and
100 mg/L of NaN3 to minimize biological activity [18].
When Cu was added, eight different concentrations of Cu
(5-110 µg/ml) were spiked into the above MMS solutions
with each concentration of AT. The suspensions were stirred
continuously in a dark place at room temperature for 48 h,
and followed by filtration with 0.45-µm membranes. Adsorption isotherms of Cu when only Cu was present were
carried out in the above way as to the adsorption isotherms
of AT were determined, except that the equilibrium time
was 24 h for the former experiment.
In the Cu preloading experiments, the SS (NSCS) samples were exposed to Cu solution for 24 h, and contacted
with single-solute AT for an additional 48 h. In the AT
preloading experiments, the SSs and NSCSs were loaded
with single-solute AT, and after 48 h of contact, Cu solution was added and contacted for an additional 24 h.

trend of AT adsorption on NSCSs is greater than that on
SSs. The adsorption of organic contaminants in a soil/ sediment-water system is believed to be controlled by a mechanism that the organic molecules partition into the soil
organic matter (SOM) and heavy metallic cations can also
be complexed by the organic molecules in soils/ sediments,
or released into soil/sediment solution. Thus, it can be concluded that the presence of heavy metals in soil may play
an important role in the adsorption of organic contaminants
by soil/sediment [20]. Cu is one of the metals affecting the
aquatic environment. For Cu, the organic materials exerted
the greatest influence on Cu-binding, followed by a less contribution of Fe oxides. However, the estimated contribution
to Cu adsorption by Mn oxides is negligible. It has been
proven that Cu2+ is more prone to chelate with organic materials than other metals, and only Cu can form inner-sphere
chelates with organic materials [21]. In addition, the contribution of Fe oxides to AT adsorption is more than that of
OMs to AT adsorption. The greatest contribution to AT adsorption on a molar basis is from Fe oxides in the nonresidual fraction [22]. Cu occupies more adsorption sites
while adsorbing atrazine and copper simultaneously, so
the amount of the adsorbed AT on the SSs and NSCSs is
decreased. The amount of OMs on NSCSs is higher than
that on SSs, and the influence of Cu on the AT adsorption
on NSCSs is greater than that on SSs. The maximum adsorptions of AT on NSCSs and SSs are reduced by 46.2%
and 30.5% respectively, when the Cu concentration reaches
90mg/L (Table 1).
40

Adsorbed AT (µg/g)

Concentrations of AT and Cu in initial and equilibrium solutions were measured by high performance liquid
chromatography (HPLC, LC-10A, Shimadzu, Japan) [19],
and flame atomic absorption spectrophotometry (FAAS,
WYX-9004, Shenyang, China), respectively. The amounts
of adsorbed chemicals were calculated as the difference
between the initial amount and that remaining in the equilibrium solution.
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RESULTS AND DISCUSSION
Simultaneous adsorption properties of atrazine and copper
on the SSs and NSCSs

FIGURE 1 - Adsorption isotherms of AT on SSs with Cu present
simultaneously.

60

The experimental data and the curves for atrazine adsorption on the SSs and NSCSs by nonlinear least squares
fitting (NLSF) are shown in Figs. 1 and 2. As can be seen,
the adsorption isotherm of AT can be well described using
Langmuir equation with the correlation constants larger
than 0.98 (Table 1). The experimental data of AT adsorption on SSs and NSCSs are very close to the curves fitted
with co-existing Cu. From Table 1 and Fig. 3, it can be
found that the maximum of adsorbed AT decreases gradually with increasing Cu concentration. This fact indicates
that Cu inhibits the adsorption of AT, but the decreasing

Adsorbed AT (µg/g)

Effects of copper on the atrazine adsorption in the metalorganic pollutants system
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FIGURE 2 - Adsorption isotherm of AT on NSCSs with Cu present
simultaneously.
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TABLE 1 - Estimated Langmuir parameters for AT in the AT and Cu simultaneous adsorption system.
2+

Cu
(mg/L)
0.0
15.0
30.0
45.0
60.0
75.0
90.0

SSs
K
0.0768
0.0749
0.0689
0.0690
0.0724
0.0709
0.0683

Γmax (µg/g)
75.15
68.05
67.78
63.31
57.03
54.20
52.20

r
0.9862
0.9913
0.9924
0.9923
0.9855
0.9859
0.9867

NSCSs
K
0.0803
0.0742
0.0655
0.0583
0.0589
0.0673
0.0638

r
0.9842
0.9887
0.9906
0.9921
0.9924
0.9903
0.9910

side chain of atrazine molecule [23], and especially the
divalent metal may bind to aliphatic chains [24]. This fact
prevents copper to form covalent bonds with -O and -OH,
so the presence of atrazine inhibits the copper adsorption,
which is consistent to the above results, that is, the maximum adsorption of Cu is decreased while adsorption of AT
and Cu simultaneously take place.

160
Maximum of adsorbed AT
(µg/g)

Γmax (µg/g)
134.25
117.32
111.53
110.57
89.75
76.85
72.22

120
80
40
0
0

30
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120

Cu concentration (mg/L)
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NSCSs

FIGURE 3 - Effect of Cu on the maximum of adsorbed AT.
Effects of atrazine on the copper adsorption in the AT and Cu
simultaneous adsorption system

Estimated Langmuir parameters determined by nonlinear least squares fitting (NLSF) of Cu for simultaneous adsorption of AT and Cu are shown in Table 2. From Table 2,
it can be found that the effects of AT on the Cu adsorption
are greater than that of Cu on the AT adsorption: the maximum amount of the adsorbed Cu is reduced by 75% as
compared to that without AT, however, Cu adsorption is
slightly changed with the increase of AT content. It is indicated that the affinity of atrazine on SSs and on NSCSs
appears to be higher than that of copper. It is reported that
metal oxides, such as iron and manganese oxides, on SSs
and NSCSs play a very strong role in metal adsorption, and
the functional groups, such as -O and –OH, may exist on
the surfaces of iron and manganese oxides, and copper
ions may reach the surface of iron and manganese oxides
and adsorb on SSs and NSCSs by forming covalent bonds
with -O and -OH groups [17]. Moreover, the metals can also
form metal ion-atrazine complexes with the N-propyl in

Adsorption properties of atrazine in the copper preloading
system

The experimental data and the curves obtained by nonlinear least squares fitting (NLSF) fitted of atrazine adsorption after the adsorption of Cu on the SSs and NSCSs are
shown in Figs. 4 and 5, and the fitted results are listed in
Table 3. Copper facilitates the AT adsorption on the SSs in
the copper preloading system. The lower the Cu concentration is, the stronger the effects are. The maximum of adsorbed AT (121.48 µg/g) is observed when the Cu concentration reaches 15.0 mg/L, and is approximately 1.6 times
stronger than that when AT is present only, that is, the
maximum of adsorbed AT increases by 61.7% on the SSs.
The effect is weaker and the maximum of adsorbed AT gets
lower on the SSs with increase of Cu concentration. But the
adsorption characteristics of AT on the NSCSs are different
from those on the SSs. When the Cu concentration is lower
(15.0 mg/L), copper facilitates the adsorption of AT on the
NSCSs to a certain degree, and the maximum of adsorption
reaches to 179.89 µg/g with 14.8% increase of the maximum of the adsorbed AT, it is about 1.15 times greater than
that when AT is present only. However, Cu obviously inhibits the AT adsorption with increase of Cu concentrations. The higher the Cu concentration is, the stronger the
inhibited effect is. The maximum of adsorbed AT drops to
69.0 µg/g (corresponding to 44% of that when AT is present

TABLE 2 - Estimated Langmuir parameters for Cu in the AT and Cu simultaneous adsorption system.
AT
(mg/L)
0.0
0.4
0.8
1.5
3.0
4.5
6.0
7.5
9.0

Γmax (mg/g)
13.51
3.37
3.35
3.33
3.40
3.45
3.34
3.38
3.47

SSs
K
0.0033
0.7398
0.7687
0.8021
0.7069
0.6454
0.7708
0.7451
0.7091

r
0.9978
0.9936
0.9930
0.9917
0.9919
0.9912
0.9947
0.9968
0.9925
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Γmax (mg/g)
21.37
5.72
5.43
5.37
5.17
5.41
5.23
5.26
5.19

NSCSs
K
0.0020
0.2373
0.2976
0.3102
0.3275
0.2852
0.3263
0.3222
0.3206

r
0.9988
0.9674
0.9923
0.9959
0.9945
0.9796
0.9969
0.9956
0.9972
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TABLE 3 - Estimated Langmuir parameters for AT in the co-existed systems of Cu and AT.
Cu2+
(mg/L)
0.0
15.0
45.0
75.0

In the Cu preloading system
NSCSs
Γmax
K
r
K
(µg/g)
0.0768
0.9862
156.71
0.1653
0.0620
0.9901
179.89
0.0630
0.0682
0.9888
129.49
0.0708
0.0658
0.9893
69.00
0.0950

Γmax
(µg/g)
75.15
121.48
101.49
97.82

r
0.9577
0.9920
0.9893
0.9816
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FIGURE 4 - Adsorption isotherm of AT on SSs in the Cu preloading
system.
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FIGURE 6 - Adsorption isotherm of AT on SSs in the co-existing Cu
system after preloading AT.
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In the co-existed Cu system after preloading AT
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K
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70.02
0.0862
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128.83
0.0764 0.9865
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65.77
0.0816
0.9874
66.66
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FIGURE 5 - Adsorption isotherm of AT on NSCSs in the Cu preloading system.

FIGURE 7 - Adsorption isotherm of AT on NSCSs in the co-existing
Cu system after preloading AT.

only) when the Cu concentration is up to 75.0 mg/L. AT
could chelate with copper on the copper-spiked sediments
and can form the new complex. The chelate sites supply
more sorption sites for AT adsorption, and thus enhance the
AT adsorption. When the Cu concentration is higher, the
residual copper in solution can compete for the adsorption
sites with atrazine, and the amount of the adsorbed atrazine
decreases. The sorption characteristic of NSCSs for AT
and copper in the copper-preloading system is slightly

different from that of SSs. Copper at the lower concentration (15 mg/L) enhances the AT adsorption. The maximum
of the adsorbed AT reduces constantly with increase of Cu
concentration. When Cu concentration reaches 45 mg/L,
its inhibition influence on AT adsorption can be observed,
which suggests that the decreasing trend of AT adsorption
on SSs is slower and the influence of AT adsorption on
NSCSs is greater with changes of Cu dosage added. This
fact may be due to higher amounts of organic matters on
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NSCSs than that of SSs. The content of organic matter is
known to control retention of soil-applied pesticides in organic-rich soils [25]. In addition, the fate of contaminants
in aquatic systems can be significantly influenced by their
interactions with NSCSs. The extracellular polymeric substances (EPS) consisting of polysaccharides, proteins,
lectins, lipids and nucleic acids are the fundamental elements of NSCSs, playing a role in the sorption of toxic organics [26]. So the adsorption capacity of AT on NSCSs is
stronger than that on SSs. Due to the presence of copper,
this adsorption capacity is broken, which means that the
effect of SSs on Cu is weaker than that of NSCSs.

structures of the adsorbents. But the peak positions are
changed, namely some groups on SSs and NSCSs interact
200
Transmittance %
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Adsorption properties of atrazine in the co-existing Cu system
after preloading AT

0

The experimental data and the curves fitted by nonlinear least square fitting (NLSF) for atrazine adsorption
on the SSs and NSCSs are shown in Figs. 6 and 7, in the
co-existing Cu system after preloading AT. The fitted results are listed in Table 3. According to the data, the presence of copper inhibits AT adsorption on SSs and NSCSs,
and the maximum adsorption is lower with the increase of
Cu concentration. When Cu concentration reaches 75 mg/L,
the maxima of the adsorbed AT on SSs and NSCSs are reduced to 65.77 and 66.66 µg/g, respectively, which are corresponding to 87.5% and 42.5% of that when AT is present
only. As above mentioned, the inhibition effect of Cu on
SSs is smaller than that on NSCSs, illustrating that the copper added can compete with AT on the SSs and NSCSs after
preloading AT, thereby reducing the adsorption amount of
AT.
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Analysis of competitive adsorption mechanism between
atrazine and copper

The FTIR spectra of SSs and NSCSs before and after
AT and Cu adsorption are shown in Fig. 8. The shifted circumstances are listed in Tables 4 and 5. As can be seen,
the peak shapes are not changed, illustrating that the adsorption of AT and Cu on SSs and NSCSs does not break the
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FIGURE 8 - FT-IR spectra of SSs (NSCSs) after and before adsorption of AT and Cu (1. Original sample; 2. Sample after adsorption of
AT; 3. Sample after simultaneous adsorption of AT and Cu; 4.
Sample after Cu adsorption with preloading AT; 5.Sample after AT
adsorption with preloading Cu).

TABLE 4 - FT-IR spectroscopic analyses of SSs after and before adsorption of AT and Cu.
Groups
O-H or N-H
C-H
(dissymmetry)
C=N, C=C or C-H
C-O
Benzene ring
C-H
O-N, C-Cl
P-Cl
S-S

Original sample
3436
shift
2928
shift
1634
shift
1038
shift
779
shift
692
shift
530
shift
469
shift

0

After AT adsorption
3436
0
2928
0
1634
0
1038
0
779
0
692
0
530
0
469
0
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After AT and Cu
adsorption simultaneously
3428
8
2928
0
1634
0
1038
0
779
0
692
0
530
0
469
0

Cu adsorbed after
AT adsorption
3436
0
2928
0
1634
0
1038
0
779
0
692
0
530
0
469
0

AT adsorbed after
Cu adsorption
3420
16
2928
0
1640
6
1038
0
779
0
692
0
530
0
469
0
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TABLE 5 - FT-IR spectroscopic analyses of NSCSs after and before adsorption of AT and Cu.

Groups
-OH
-OH or -NH
C=O
C-O
Benzene ring, C-H
O-NO, C-Cl
P-Cl
S-S

Original sample
3626
shift
3430
shift
1652
shift
1041
shift
779
shift
692
shift
531
shift
468
shift

After AT and Cu
adsorption simultaneously
3630
4
3440
10
1640
12
1041
0
779
0
692
0
531
0
468
0

After AT adsorption
3626
0
3432
2
1640
12
1041
0
779
0
692
0
531
0
468
0

with AT and Cu. According to Tables 4 and 5, the most
peak values do not change after adsorbing AT and Cu,
however, the bands at 3436 cm-1 of O-H or N-H all shift
which means O-H or N-H play important roles in the adsorption process. It can be concluded that -OH or -NH bound
to the copper cause the band shift.
Comparing with SSs, the shifted bands are more for
the NSCSs, which means that there are more active components on NSCSs than on SSs. The O-H or N-H band at
3436 cm-1 on SSs shifts to 3420 cm-1, the O-H or N-H
band at 3430 cm-1 on NSCSs shifts to 3440 cm-1, the vibrational mode of O-H and N-H bands on NSCSs is similar to that of the SSs. But yet, the C=O band at 1652 cm-1
on NSCSs shifts to the lower wave number - 1640 cm-1
after adsorbing AT and Cu. It is namely that the group COOH on NSCSs is related to the adsorption. It can be
more illustrated that the amount of adsorbed AT on
NSCSs is more than that on SSs.

Cu adsorbed after
AT adsorption
3626
0
3430
0
1640
12
1041
0
779
0
692
0
531
0
468
0

AT adsorbed after
Cu adsorption
3626
0
3440
10
1640
12
1041
0
779
0
692
0
531
0
468
0

sorbing AT after preloading Cu, which illustrates that AT
and Cu show significant antagonistic effects on the simultaneous adsorption of AT and Cu and in adsorbing Cu
after preloading AT, which means enhancement of the
pollution capacity to water. In contrast, AT and Cu had
synergistic effects in adsorbing AT after preloading Cu
when the Cu concentration is lower, in other words, Cu
can inhibit atrazine to enter into water thus decreasing the
pollution of water. So, the study of the combined pollution is more important.
(3) According to the obtained FTIR spectra, the bands
of O-H, N-H and C=O all shift. The group O-H or N-H on
SSs and NSCSs, and the group C=O on NSCSs play important roles in adsorption of AT and Cu, with the group COOH on NSCSs related to the adsorption of AT and Cu.
In other words, the competitive adsorption between AT
and Cu may occur in O-H, N-H and C=O groups.
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CONCLUSIONS
(1) Adsorption of atrazine and copper on SSs and
NSCSs in the co-existing system can be described very well
by Langmuir isotherm based on a linear regression analysis.
The competitive adsorption between AT and Cu exists, and
sites of the competitive adsorption are existing on Fe oxides and organic matters.
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(2) The effects of copper on the AT adsorption are different due to the different sequence of adding AT and Cu.
Copper inhibits the AT adsorption when AT and Cu coexist, and the effect becomes stronger with increasing the
Cu concentration. The adsorption properties of AT in adsorbing Cu after preloading AT is the same as in a simultaneous adsorption system of AT and Cu, only the influence of Cu is weaker. The contrary is the case, the lower
concentration of Cu facilitates the AT adsorption in ad-
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ABSTRACT
Soil enzyme activities are widely accepted as sensitive
indicators of ecological disturbance. This study investigated
the effects of forest wildfires on soil urease activity (involved
in N cycle) and selected soil chemical properties (total Nitrogen, ammonium nitrogen, organic carbon, C: N ratio and
cation exchange capacity) in four different fire-altered forest
ecosystems in Canakkale, Turkey. The wildfires occurred
12, 8, 2 years and 2 weeks before soil sampling (Cumali,
CU; Gelibolu, GB; Kesan, KS; and Lapseki, LP; respectively). Except recently burned site (LP), other sites showed
the similar trends for all measured soil properties. LP site
differs from the others due to having different plant community. C: N ratios were higher in burned sites than unburned sites whereas CEC were lower in burned sites than
unburned sites. Soil organic C, total N and NH4-N contents decreased in CU, GB and KS sites and increased in
LP site. The t test (2 tailed) showed that burning significantly decreased soil organic C in GB and KS sites (P<
0.05), total nitrogen content in GB site (P<0.01) and soil
NH4-N content in KS site relative to unburned-burned soils.
Soil urease enzyme activities were higher in unburned soils
in GB, KS and LP sites; however, burning significantly
(P<0.05) decreased soil urease activity in GB and KS sites.
Also, CEC and soil urease activity was positively correlated
(0.859, P<0.1) in burned soils. The results showed that soil
urease enzyme activity showed a better explanation for
discriminating fire effect.

KEYWORDS:
Urease enzyme activity, forest fire, indicator, recovery time.

INTRODUCTION
Sustainability of ecosystems is important in the view of
environmental protection. Any disturbance in ecosystems
could change the whole dynamic of these systems. Forest

ecosystems are generally characterized by “stable species
composition and age structures at equilibrium conditions”.
However, possibly only a few temperate forests could be
near an equilibrium state. The others are disturbed by “fires,
recurring pests and human interventions” [1].
Forest fires are considered as natural disturbances in
forest ecosystems [2-7] Forest fires are also potential risks
for forests [8] and cause the most dramatic changes in forest
ecosystems [9]. Besides natural factors, forest fires are mainly caused by anthropogenic activities [2]. On a global scale,
it has been estimated that between 530 and 555x106 ha of
forest burn every year [2]. Prieto-Fernandez et al. [6] reported that more than 3.5 million km2 forest area were
burned around the world during the year 2000 [10]. Clearly, forest fire is a widespread factor in forest ecosystem
degradation [2] and is the main ecological disturbance that
has a lasting environmental impact in the Mediterranean
basin [3]. Because of biomass burning in forest fire large
amounts of greenhouse gases (CO2, CH4 and NOx) are
released into the atmosphere [2]. Due to the low volatilization temperature of N, most of the nitrogen found in
biomass and soil is lost to the atmosphere when forest
fires occur. However, elements having very high volatilization temperature (Ca and Mg) can remain in the ash
only to be lost through but lost by convective or particulate transportion and elements having moderate volatilization temperature (K, P and S) may be volatilized only
during intense fires [11,12].
Forest fires have many complex influences on forest
ecosystems. These influences can be summarized into two
main groups: (i) reduction of aboveground biomass, and (ii)
alteration of belowground quality-quantity and functionality [7, 13]. These influences are strongly related to each
other; hence, aboveground reduction has either beneficial
or deleterious effects on the belowground quality and functionality [13]. After a forest fire, depending on the fire severity, vegetation cover and litter zone of the forest floor
are destroyed or reduced [14]. Many studies have shown
that forest fires affected soil’s physical, chemical, mineralogical and microbiological properties as well as macro-
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organisms in the forest ecosystems [2-8, 14-16]. GonzalezPerez et al. [2] indicated that the burning of forest floor
and soil caused many changes: (i) formation of ash, charcoal and fire-altered soil organic matter, (ii) increased soil
pH, (iii) decrease in soil infiltration rate, (iv) accelerated
mineralization, (v) formation of “pyromorphic humus”
(having properties of high stability of chemical and biological degradation), (vi) increase in N-fixing bacterial populations, (vii) drastic reduction of microbial biomass, and
(viii) reduced of organic matter content and C:N ratio.

ity and other soil parameters, (ii) to calculate the recovery
time that is necessary after forest fire in forest ecosystems,
and (iii) to evaluate whether soil urease enzyme activity is a
good indicator for reflecting forest fire effect compared to
other soil parameters.

Soil enzymes play a significant catalytic role in nutrient cycling and organic matter decomposition in ecosystems [18]. For that reason any changes in soil enzyme
activity could alter the availability of nutrients required
for plant growth [7]. Therefore, soil enzyme activities are
potentially sensitive indicators for the evaluation of soil
quality [7, 18, 19]. Ajwa et al. [18] indicated that soil enzyme activities are used as “indices of microbial activity
and soil fertility”, significantly affected by soil organic matter. Caldwell [20] reported that soil enzyme activities are
related to many ecological factors such as soil physical
and chemical properties, microbial communities, vegetation, succession and disturbance of ecosystems. Similarly,
Ajwa et al. [18] reported that management practices such
as application mulch, fertilizers and pesticides, and different crop rotation might have diverse effects on microbial
activities and soil enzymes. Many studies have showed
the effect of forest fire on soil enzyme activities [7, 18,
21-26]. A useful way is to measure the most sensitive soil
parameter to evaluate effects of forest fire and system
recovery. For this purpose, soil enzyme activities could be
good indicators because a forest fire has more influences
on living organisms and their components. Hart et al. [4]
reported that soil biological properties are more sensitive
than the other soil properties to soil heating because of
their low fatal temperature (<100 oC) [27]. Soil enzymes
are large protein molecules that are released by both plants
and microorganisms. However, soil enzymes are mainly
produced by microbial metabolism and can be used as
sensitive indicators of soil microbial activity.

The study area was located in Canakkale (40o09’N;
26 24’E) and Edirne (41o40’N; 26o34’E) in Turkey. The
locations (Canakkale and Edirne) have Mediterranean type
climate (hot dry summers and cool rainy winters), a longterm precipitation average of 629 mm year-1 and a mean
annual temperature of 14.9 oC. Dominant soils are Orthents
[32] in the study region. Generally, soil depth varies from
shallow to very deep and soil texture changes from moderately coarse to moderately fine. The soils in sampling locations were different on the basis of some chemical soil
properties as shown in Table 1.

The objectives of this study were summarized as: (i) to
determine the effects of wildfire on soil urease enzyme activ-

MATERIAL AND METHODS
Study Area
o

TABLE 1 - Some chemical properties of soil samples.
Sampling
location
Cumali
Cumali
Gelibolu
Gelibolu
Kesan
Kesan
Lapseki
Lapseki

Types of
samples
Burned
Unburned
Burned
Unburned
Burned
Unburned
Burned
Unburned

C
(g kg-1)
52.6
65.6
30.1
62.6
40.9
71.5
71.3
79.9

Total N C:N
(g kg-1)
2.1
25.04
2.3
28.52
2.3
13.08
6.3
9.93
1.7
24.05
3.5
20.42
3.7
19.27
6.0
13.31

CEC
(cmol kg-1)
33.3
31.3
26.3
58.6
10.1
28.1
19.1
33.3

In this study, CU, GB, KS and LP sites were chosen
as research areas. List of the location, fire and sampling
properties of soil samples is shown in Table 2. LP site was
chosen because natural fire happened just two weeks before
the collection of soil samples (Table 3) Plant communities
of each forest are given in Table 3. Dominant plant species in the study area were Pinus brutia and Quercus and
there were also different varieties of bushes and shrubs in
these sites. Only LP site had two different species (Spartium junceum and Pistacia terebinthus) than others had.

TABLE 2 - List of location, fire and sampling properties of soil samples.
Sampling location
Cumali
Gelibolu
Kesan
Lapseki

Number of
observation
6
24
18
6

Number of site
Burned
1
4
3
1

Unburned
1
4
3
1

Number of
replication
3
3
3
3

Distance of replicate
(m)
1
1
1
1

Distance of burned
and unburned area (m)
20-30
20-30
20-30
20-30

Fire occurence
(fire yr-1)
ND
25
4
ND

TABLE 3 - Properties of forest fires and plant community in research sites.
Sampling
location
Cumali
Gelibolu
Kesan
Lapseki

Burning date
21 October 1990
01 June 1994
01 September 2000
05 June 2002

Passed time from
the forest fire (yr)
12
8
2
0.041

Plant community

Dominant species

Unique species

Pinus brutia, Quercus spp., bushes and scrubs
Pinus brutia, Quercus spp., bushes and scrubs
Pinus brutia, , Quercus spp., bushes and scrubs
Pinus brutia, Quercus spp.,Sparitum junceum,
Pistacia terebinthus, bushes and scrubs

Pinus brutia, Quercus spp.,
Pinus brutia, Quercus spp.,
Pinus brutia, Quercus spp.,
Pinus brutia, Quercus spp.,

Sparitum junceum, Pistacia terebinthus
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Soil sampling and soil analyses

Soil samples were collected from each location. A total
of 60 soil samples were collected from 0-5 cm soil depth in
both burned and unburned sites of each research area. Soil
samples for enzyme analysis were placed into plastic bags,
transported to the laboratory in a cooler with cold packs,
and then stored at 5 oC until analysis. Soil samples, which
were used for physical and chemical analysis, were air
dried, ground to 2 mm, placed in plastic bags and securely
stored.
Enzyme activity analyses were replicated three times
and average values were used. Urease activity was determined with urea as substrate incubated (THAM buffer,
0.05 M, at pH 9.0) for 2 h at 37oC. Released NH4+ were
measured by steam distillation as described by Tabatabai
and Bremner [28]. Urease activity is expressed in mg NH4+
kg-1 2h-1. Soil organic C was analyzed using the dichromate
technique as described by Nelson and Sommers [29]; total
N was determined by steam distillation by Kjeldahl automatic analyzer using the Bremner method [30]; soil texture
by hydrometer method as described by Gee and Bauder
[31]; pH, EC, CEC were determined by methods described
in Soil Survey Staff. [32]. Available N-NH4 was determined
as described by Bremner [33].
Statistical analyses

Statistical analyses of the data were conducted by using analysis of t-test (SPSS, 11.5). The results for each site
were analyzed separately comparing means of burned and
unburned.
RESULTS AND DISCUSSION
Some chemical properties of soil samples are given in
Table 1. Particularly, two soil properties, soil C:N ratio and
CEC, show reverse relationship relative to unburnedburned soils of all sites. In CU site, C:N ratio decreased
(12.2%) and CEC increased (6.39%). Similarly, C:N ratios
decreased (31.7, 17.7 and 44.7%) and CEC increased (55.12,
64.05 and 42.64 %) in GB, KS and LP sites, respectively.
The highest soil C:N ratio was found in CU unburned site
and the lowest soil C:N ratio was found in GB unburned
site. Except CU site, there was a general trends for soil
C:N and CEC in soils. Soil C:N ratios were higher in burned
sites than unburned sites whereas CEC were lower in
burned sites than unburned sites. CEC and soil urease activity was positively correlated (0.859, P<0.1) in burned soils.

The mean values and t test results of soil total N content of burned and unburned sites are presented in Table 4
and 5. The highest soil total N and NH4 content were
found in LP burned site and the lowest soil total N content
was observed in KS burned site and NH4 content was
found in GB unburned site. Soil total N content decreased
(23.67, 17.64 and 48.71% respectively) in CU, GB and KS
sites, and increased (11.76%) in LP site, relative to unburned-burned soils. However, only GB showed significant decrease in total nitrogen content (P<0.01). Total nitrogen and soil organic C was positively correlated (0.858,
P<0.1) in burned soils. Soil NH4-N content decreased
(18.9, 12,19 and 30.85 % respectively) in CU, KS and LP
sites, and increased (19.44 %) in GB site. However, only KS
showed significant decrease in soil NH4-N content (P<0.05)
relative to unburned-burned soils. Soil NH4-N content and
soil urease activity was negatively correlated (-0.883, P<
0.05) in burned soils. Soil NH4-N content and CEC was
positively and strongly correlated (0.935, P<0.05) in unburned soils.
Soil organic C contents of soils in burned and unburned sites are shown in Table 4. The highest soil organic
C content was found in LP unburned site and the lowest
soil total N content was found in GB burned site. Soil
organic C content decreased in CU, GB, KS and LP sites,
(19.69, 42.23 and 40.23 % respectively) and increased
(8.15 %), relative to the unburned-burned soils. The t-test
showed that burning significantly (P<0.05) decreased soil
organic C in GB and KS sites (Table 5). Soil organic C,
CEC, and soil urease activity were negatively correlated
(-0.852, P<0.1; -0.848, P<0.1, respectively) in unburned
soils.
Changes in urease enzyme activity of soils in burned
and unburned sites are given in Table 4. The highest soil
urease activity was found in CU burned site and the lowest urease activity was observed in LP burned site. Except
CU site (almost similar in both burned and unburned soils),
other sites showed the highest soil urease enzyme activities in unburned soils compared to burned soils. Relative
to the unburned-burned soils, the activity of urease decreased in GB, KS and LP sites, (71.84, 63.17, and 84.30 %
respectively); however, urease activity increased (3.84 %)
in CU site. The t-test showed that burning significantly (P<
0.05) decreased soil urease activity both GB and KS sites.
However, decreasing soil urease activity in LP and increasing soil urease activity in CU sites were not significantly
important (P= 0.194, P=0.955).

TABLE 4 - Mean values of selected soil properties and soil urease enzyme activity in different sampling location and fire history.
Sampling
location
Cumali
Gelibolu
Kesan
Lapseki

Passed time
from the forest
fire (yr)
12
8
2
0.041

Total N (%)
Burned
0.40±0.06
0.28±0.11
0.20±0.04
0.57±0.13

Unburned
0.52±0.22
0.34±0.20
0.39±0.15
0.51±0.13

N-NH4 (mg kg-1)

Organic C (%)

Burned
114±33
135±19
144±13
189±29

Burned
5.3±0.65
2.9±2.51
4.1±1.79
7.1±0.26
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Unburned
142±14
113±27
164±36
144±27

Unburned
6.6±0.76
5.02±2.52
6.86±3.06
7.73±0.84

Urease activity
(mg NH4 kg-1 2 hrs-1)
Burned
Unburned
405±217
390±268
238±149
409±248
88±24
239±159
27±2
172±100
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TABLE 5 - The results of t-test for selected soil properties and soil urease enzyme activity in different sampling location and fire history.
Sampling location

Passed time from
the forest fire (yr)

Cumali
Gelibolu
Kesan
Lapseki

12
8
2
0.041

N-NH4 (mg kg-1)

Total N (%)
t test
-0.716
-1.633
-3.434
0.750

P value
0.531
0.009
0.125
0.548

t test
-0.983
-1.452
2.534
1.460

P value
0.429
0.185
0.025
0.282

700

t test
-1.732
-4.256
-2.629
-1.412

P value
0.225
0.001
0.030
0.293

Urease activity
(mg NH4 kg-1 2 hrs-1)
t test
P value
0.064
0.955
-2.108
0.054
-2.784
0.024
-1.924
0.194
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FIGURE 1 - Soil urease activity and other soil parameters in different sampling location and fire history.

DISCUSSION
Forest fires cause changing C forms of forest ecosystems. After a forest fire, due to burning of vegetation and
soils, carbon is volatilized in the forms of CH4 and CO2
into the atmosphere [2]. Compare to unburned soils, soil organic C decreased in burned soils in all research sites in

this study. However, burning significantly (P<0.05) decreased soil organic C contents only in GB and KS sites.
Boerner et al. [23] reported that soil organic C did not differ between control and burned plots. Prieto-Fernandez et
al. [6] found that burning effect could be observed mainly
in C:N ratio and the organic C content compared to pH
(little change) and EC (increased level but short lasting
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effect) of soils. Hamman et al. [34] found that high-severity
fire sites contained higher soil moisture content than both
control and low-severity fire sites.
Gonzalez-Perez et al. [2] indicated that C was stored in
forest ecosystem as intermediate fractions including wood
fragments, litter or partially decomposed organic matter
having different turnover time (leaves: seasons, living wood:
up to millennia, and soil organic matter: up to millennia).
Burning biomass produce black carbon (BC) or charcoal
which is the almost unalterable form of C fraction [2].
Since black carbon is formed by vegetation fire, it behaves
as a highly aromatic material [2, 35, 36]. Burning of soil
organic matter forms Pyromorphic humus. Gonzalez-Perez
et al. [2] reported that generally, soil organic matter contains four main fractions including free organic matter,
fulvic acid, humic acid and humin (kinds with inherited,
extractable and non-extractable). Pyromorphic humus consists of mostly non-extractable humin and little amount of
the other fractions determined in the heating laboratory
experiment [2, 37]
In this study, the reverse relationship between C:N ratio and CEC was observed relative to unburned-burned
soils of all sites and C:N ratios were higher whereas CEC
were lower in burned sites than unburned sites (Except
CU site). CU site had forest fire 12 years ago and there was
enough period for recovery of forest ecosystems. Increase
of C: N ratio can be explained by volatilization of nitrogen
and leaving proportionally higher amount of carbon in soil
system. Gonzalez-Perez et al. [2] indicated that budget of
burning biomass can be formulated in two major groups:
(i) outputs from the system [volatilization of nitrogen (NOx)
and carbon (CH4, CO2)], and (ii) inputs into the system
(formation of ash and charcoal, formation of pyromorphic
humus, and released available nutrients).
The C:N ratios of soils with their fire history decreased in an order: LP (0.041 yr) > GB(8 yrs) > KS (2 yrs)
(44.7, 31.7, and 17.7 % respectively) relative unburnedburned soils. Fire history did not match the C:N ratio, because fire occurrence was not the same in all sites. GB site
had 25 fire occurrences per year that requires longer recovery time. Similar trend was observed in increased CEC.
The CEC of soils with their fire history increased in an
order: KS (0.041 yr)> GB (8 yrs) > LP (2 yrs) (65.05, 55.12,
and 42.64 %, repectively) relative unburned-burned soils.
The effects of forest fire on soil organic matter depend on
several factors such as the type and intensity of fire, soil
moisture, soil type, burned-material nature [2]. In addition,
fire-altered soil organic matter is different from background
status because of changes in its properties including amount,
structure, size, physicochemical properties of fulvic, humic
acids and humin, and other soil C compounds [2].
Forest plant type is important for fire sensitivity as well
as organic matter and total N content of soils and as well as
fire sensitivity (Table 3). Gonzalez-Perez et al. [2] reported
that pine forests severely affected by fire because of high

combustibility of resinous plants and their remains [37].
In addition, Hutchinson et al. [38] reported that oak is more
fire-sensitive species and fires cause reduction of oak
dominance the world [39, 40]. Dominant plant species in
all sites were Pinus brutia and Quercus, and there were also
different varieties of scrubs and bushes. LP site had different plant community with extra two varieties. LP site
had higher total nitrogen and organic C of soils than others. Comparing sites based on recovery time after a forest
fire, their plant communities should be also taken into
consideration.
Studies documented that soil total N content generally
decreases after forest fire due to low volatilization temperature of nitrogen. Murphy et al. [12] reported that N has
low volatilization temperature (200 oC) compared to Ca,
Mg, K, P and S (>1240 oC, >1107 oC, >760 oC, >774 oC,
>800 oC, respectively). However, the highest soil total N
content was found in LP burned site in this study. The
difference between total N contents of burned and unburned
soils was not significantly important and it can be concluded
that burning temperature was not too high for volatilizing
N in soils in this study. Soil total N contents of all other
sites decreased relative to unburned-burned soils. However,
only GB showed a significant decrease in total nitrogen
content (P<0.01) and fire occurrence of this site was 25 fires
yr-1 (Table 2). Forest fire severity is important for effectiveness of fire impacts. Fire effects are mainly results of
burn severity that is determined by two factors such as peak
temperature and duration of fire [16].
Fire severity affects many soil properties. Certini [16]
concluded that forest fire influence forest ecosystems depending on fire severity: (i) low to moderately severe fires
can cause “elimination of vegetation, transient increase of
pH and available nutrients, no irreversible ecosystem change,
enhancement of hydrophobicity and less ability in water
soaking up” and (ii) severe fires (wildfires) can cause “significant removal of organic matter, deterioration of both
structure and porosity, nutrients loss via volatilization, ash
entrapment in smoke columns, leaching, erosion, alteration in both quantity and composition of microorganisms
and soil-dwelling invertebrate communities”.
In the recently burned site (15 days from fire), LP,
ammonium content was higher (not significantly important)
in burned soils compared to unburned soils. Prieto-Fernandez et al. [2] reported that many authors observed positive
effect of burning on ammonium content that lasts several
months. After wildfire, ammonium content of topsoil increased in burned soils and reached the same level as unburned soils after 2 years forest fire [2]. It can be suggested
that there is a recovery time for fire-affected processes. In
this study, recently burned site showed an increase in ammonium content of soils, previously burned sites showed
variations in ammonium content of soils (Table 4 and 5).
The results of this study indicated that fire occurrence is an
important parameter for recovery time of soil properties. KS
and GB sites represent 4 and 25-fire occurrence per year,
respectively (Table 2). In higher fire occurrence site, GB,
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ammonium content was higher in burned soils than in unburned soils; however, in KS site, lower fire occurrence,
ammonium content was lower in burned soils than unburned
soils. These results suggest that influence of fire is recovered forest system original balance in KS site (two year
after fire with 4 fire occurrences) but not in GB site (eight
years after fire with 25 fire occurrences). In laboratory fire
simulation experiment showed that ammonium content of
burned soils changed heat-dependent, started increase at 150
or 210 oC and reached the maximum level at 350oC [6].
Except CU site, all the other sites show an decrease in
soil urease activity depending on fire history. It can be
stated that the recovery time after forest fire in this study
is 12 years based on CU case (Fig.1). Soil enzymes can be
inactive via devaluation in fire-damaged forest and this indicates an decrease in enzyme activity indirectly affecting
nutrient cycling [7]. Soil biological properties are heatsensitive parameters due to their fatal temperature which is
below 100oC [4]. Also, urease enzyme activity could show
a better explanation on forest fire in recently burned site
(LP); although this decrease was not significantly important. Urease enzyme activity showed another important
con-cern that “fire history” whereas the other soil parameters did not show this issue very well (Fig.1). However,
CEC and soil urease activity had similar trends in burned
soils and they were positively correlated (0.859, P<0.1).
Saa et al. [24] investigated changes in soil phosphorus
and acid phosphatase activity immediately after a forest
wildfire. They found that, after a wildfire, acid phosphatase
activity significantly decreased; however, mineralization
of organic P and inorganic P content. Saa et al. [25] conducted a laboratory incubation experiment in order to determine soil P status and phosphomonoesterase activity of
recently burnt and unburn soils collected in different sampling times (0, 1, 2, 4, 6 and 11 week) from two different
soil depths (0-5 and 5-10 cm). They found that the most
affected soil layer was 0-5 cm soil depth both in P status
and phosphomonoesterase activity. Both layers showed low
initial phosphomonoesterase activity. Senthilkumar et al.
[26] investigated the effect of burning on soil enzyme
activities (amylase, cellulose, invertase and phosphatase)
in a natural grassland in southern India and found increased
enzyme activities in burned soils (especially 0-5 cm depth)
compared to unburned soils. They suggested “amylase
activity was more pronounced following fire than the other
investigated enzymes activities”. Ajwa et al. [18] investigated changes in enzyme activities (dehydrogenase, β-glucosidase, urease, deaminase, denitrifying enzyme, acid and
alkaline phosphatase and arylsulphatase) of tallgrass prairie soil to evaluate burning effect. Urease and acid phosphatase activities increased whereas β-glucosidase, deaminase and alkaline phosphatase activities decreased due to
long term burning.

ties of soils. Acea and Carballas [15] found that physiological groups of soil microorganisms changed after a wildfire. In short-term after fire (a month), especially quantity
of amonifying groups and the other amylase-producers increased and nitrifying groups’ number did not change.
Cellulase-producers were under detection limit. However,
one year after wildfire, compared to unburned soil, cellulolytic and amylolytic microorganisms increased but not
reached original level, ammonifiers number was reduced,
ammonium oxidizers increased, and nitrite oxidizers remained unaffected.
CONCLUSION
Mediterranean countries have a potential risk for forest fire due to highly flammable plantations. The hypothesis proposed in this article is that soil enzymes are good indicators for reflecting fire-altered soil ecosystems in forests and it would be a good explanation for recovery time
fire-damaged forest ecosystems. Recovery time for our case
was 12 years because all soil parameters were in balance in
CU site. However, the recently burned site (LP) could not
be distinguished with soil chemical properties relative to
unburned-burned soils. Soil urease enzyme activity showed
a better explanation for discriminating fire effect. In this
study, CEC and soil urease activity had similar trends in
burned soils and they were positively correlated (0.859,
P<0.1). It can be suggested that soil urease enzyme activity and CEC can be evaluated together for further investigation for specific purposes in order to explain their interactions and monitor their combined effects in fire-damaged
forest ecosystems. In addition, fire occurrence is an important issue having different impacts on forest ecosystem recovery and further study is needed. Forest plant
community is also related to fire capacity due to the fact
that some plant species are more fire-sensitive.
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Many studies indicated significant correlations among
soil enzymes and soil properties. Ajwa et al. [18] reported
significant correlations between soil microbial biomass carbon and acid and alkaline phosphatase and urease activi-

2392

REFERENCES
[1]

Barclay, H.J., Li, C., Hawkes, B., and Benson, L. (2006). Effects of fire size and frequency and habitat heterogeneity on
forest age distribution. Ecological Modelling. 197, 207-220.

[2]

Gonzalez-Perez, J.A., Gonzalez-Villa, F.J., Gonzola, A., and
Knicker, H. (2004). The effect of fire on soil organic matter-a
review. Environment International. 30, 855-870.

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

[3]

Gonzalez-Perez, J.A., Gonzalez-Villa, F.J., Gonzalez-Vazquez, R., Arias, M.E., Rodriguez, J., and Knicker, H. (2008).
Use of multiple biogeochemical parameters to monitor the
recovery of soils after forest fires. Organic Chemistry. doi:
10.1016/J.orggeochem.2008.03.014.

[4]

Hart, S.C., DeLuca, T.H. Newman, G.G., MacKenzie, M.D.
and Boyle, S.J. (2005). Post fire vegetative dynamics as drivers of microbial community structure and function in forest
soils. Forest Ecology and Management. 220, 166-185.

[5]

Kavdır, Y., Ekinci, H., Yüksel, O., and Mermut, A.R. (2005).
Soil aggregate stability and 13C CP/MAS-NMR assessment of
organic matter in soils influenced by forest wildfires in Çanakkale, Turkey. Geoderma. 129, 219-229.

[6]

Prieto-Fernandez, A., Carballas, M., and Carballas, T. (2004).
Inorganic and organic N pools in soils burned or heated: immediate alterations and evolution after forest fires. Geoderma. 121, 291-306.

[7]

Zhang, Y.M., Wu, N., Zhou, G.Y., and Bao, W.K. (2005).
Changes in enzyme activities of spruce (Picea balfouriana)
forest soil as related to burning in the eastern QinghaiTibetan Plateau. Applied Soil Ecology. 30, 215-225.

[8]

Villar, M.C., Petrikova, V., Diaz-Ravina, M., and Carballas,
T. (2004). Changes in soil microbial biomass and aggregate
stability following burning and soil rehabilitation. Geoderma.
122, 73-82.

[9]

Shakesby, R.A., Wallbrink, P.J., Doerr, S.H., English, P.M.,
Chafer, C.J., Humphreys, G.S., Blake, W.H., and Tomkins,
K.M. (2007). Distinctiveness of wildfire effects on soil erosion in southeast Australian eucalypt forests assessed in a global context. Forest Ecology and Management. 238, 347-364

[10] JRC, (2003). The Global Burned Area 2000 Project, GBA
2000 statistics. Joint Research Centre, European Commission. Ispra, Italy.
a.
http://www.gvm.jrc.it/fire/gba2000/index.htm.
[11] Johnson, D., Murphy, J.D., Walker, R.F., Glass, D.W., Miller, W.W. (2007). Wildfire effects on forest carbon and nutrient budgets. Ecological Engineering. 31, 183-192.
[12] Murphy, J.D., Johnson, D.W., Miller, W.W., Walker, R.F.,
Carroll, E.F., and Blank, R.R. (2006). Wildfire effects on soil
nutrients and leaching in a Tahoe Basin Watershed. J. Environmental Qual. 35, 479-489.
[13] Neary, D.G., Klopatek, C.C., DeBano, L.F., and Ffolliott,
P.F. (1999). Fire effects on belowground sustainability: a review and synthesis. Forest Ecology and Management. 122(12), 51-71.
[14] Castro, A., Gonzalez-Prieto, S.J., and Carballas, T. (2006).
Burning effects on the distribution of organic N compounds
in a 15N labelled forest soil. Geoderma. 130, 97-107.
[15] Acea, M.J. and Carballas, T. (1996). Changes in physiological
groups of microorganisms in soil following wildfire. FEMS
Microbiology Ecology. 20(1), 33-39.

[18] Ajwa, H.A., Dell, C.J., and Rice, C.W. (1999). Changes in
enzyme activities and microbial biomass of tallgrass prairie
soil as related to burning and nitrogen fertilization. Soil Biology and Biochemistry. 31, 769-777.
[19] Aon, M.A., and Colaneri, A.C. (2001). Temporal and spatial
evolution of enzymatic activities and physico-chemical properties in an agricultural soil. Appl.Soil Ecol. 18, 255-270.
[20] Caldwell, B.A. (2005). Enzyme activities as a component of
soil biodiversity: A review. Pedobiologia. 49, 637-644.
[21] Boerner, R.E.J., and Brinkman, J.A. (2003). Fire frequency
and soil enzyme activity in Southern Ohio oak-hickory forests. Applied Soil Ecology. 23, 137-146.
[22] Boerner, R.E.J., Decker, K.L.M., and Sutherland, E.K.
(2000). Prescdribed burning effects on soil enzyme activity in
a Southern Ohio, harwood forest: a landscape-scale analysis.
Soil Biology and Biochemistry. 32(7), 899-908.
[23] Boerner, R.E.J., Brinkman, J.A., and Smith, A. (2005). Seasonal variations in enzyme activity and organic carbon in soil
of a burned and unburned hardwood forest. Soil Biology and
Biochemistry. 37, 1419-1426.
[24] Saa, A., Trasar-Cepeda, M.C., Gill-Sotres, F., and Carballas,
T. (1993). Changes in soil phosphorus and acid phosphatase
activity immediately following forest fires. Soil Biology and
Biochemistry. 25(9), 1223-1230.
[25] Saa, A., Trasar-Cepeda, M.C., and Carballas, T. (1998). soil
P status and phosphomonoesterase activity of recently burnt
and unburnt soil following laboratory incubation. Soil Biology and Biochemistry. 30(3), 419-428.
[26] Senthilkumar, K., Marian, S., and Vdaiyan, K. (1997). The
effect of burning on soil enzyme activities natural grassland
in southern India. Ecological Research. 12(1), 21-25.
[27] DeBano, L.F., Neary, D.G., Ffolliott, P.F. (1998). Fire’s Effects on Ecosystems. John Wiley and Sons Inc., New York,
USA.
[28] Tabatabai, M.A. and Bremner, J.M. (1972). Assay of urease
activity in soils. Soil Biol.Biochem. 4, 479-487.
[29] Nelson, D.W., Sommers, L.E. (1996). Total carbon, organic
carbon and organic matter. In: Sparks, D.L. (Ed.), Methods of
Soil Analysis: Part 3. SSSA Book Ser., vol. 5. ASA and
SSSA, Madison, WI, 961– 1010.
[30] Bremner, J.M. (1996). Nitrogen-Total. In: Sparks, D.L., et
al., (Eds.) Methods of Soil Analysis: Part. 3. Chemical Methods. SSSA Book Series, vol. 5. Madison, WI, 1085– 1121.
[31] Gee, G.W., Bauder, J.W. (1986). Particle-size analysis. In:
Klute, A. (Ed.), Methods of Soil Analysis: Part 1. Physical
and Mineralogical Methods. ASA Monograph, vol. 9. Madison, WI, 383– 411.

[16] Certini, G. (2005). Effects of fire on properties of forest soils:
a review. Oecologia. 143(1), 1-10.

[32] Soil Survey Staff, (1996). Soil Survey Laboratory Methods
Manual. Soil Survey Investigations Report, vol. 42. Ver. 3.0
USDANRCS. U.S. Govt. Printing Office, Washington, DC.,
693.

[17] Dress, W.J. and Boerner, R.E.J. (2004). Patterns of microarthropod abundance in oak-hickory forest ecosystems in relation to prescribed fire and landscape position. Pedobiologia.
48,1-8.

[33] Bremner, J.M. (1965). Organic Forms of Nitrogen. In: Methods of Soil Analysis. Part 2. (C.A. Black et al., ed.). Agron.
Monogr. 9. American Society of Agronomy, Madison, WI.
1238-1255.

2393

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

FEB/ Vol 18/ No 12/ 2009 – pages 2380 - 2387

[34] Hamman, S.T., Burke, I.C., and Stramberger, M.E. (2007).
Relationships between microbial community structure and
soil environmental conditions in a recently burned system.
Soil Biology and Biochemistry. 39, 1703-1711.
[35] Poirier, N. Derenne, S., Rouzard, J.N., Largeau, C. Mariotti,
A., and Balesdent, J. (2000). Chemical structure and sources
of the macromolecular, resistant, organic fraction isolated
from a forest soil (Lacadee, South-West France). Org. Geochem. 31, 813-827.
[36] Poirier, N. Derenne, S., Balesdent, J., Rouzard, J.N., Mariotti,
A., and Largeau, C. (2002). Abundance and composition of
the refractory organic fraction of an ancient, tropical soil
(Pointe Noire Congo). Org. Geochem. 33, 383-391.
[37] Almendros, G., Polo, A., Lobo, M.C., and Ibanez, J.J. (1984).
Contribucian al studio de la influencia de los incendios
forestales en las characteristicas de la material organica del
suelo: II Transformaciones del humus por ignicion en condiciones controladas de laboratorio. Rev.Ecol.Biol.Sol. 21 ,
154-160.
[38] Hutchinson, T.F., Sutherland, E.K., Yaussy, D.A. (2005). Effects of repeated prescribed fires on the structure, composition, and regeneration of mexed-oak forests in Ohio. Forest
Ecology and Management. 218, 210-228.

B

Received: July 21, 2008
Revised: January 30, 2009
Accepted: February 13, 2009

CORRESPONDING AUTHOR
Sema Camcı Çetin
Department of Soil Science
Faculty of Agriculture
Gaziosmanpaşa University
60240 Tokat
TURKEY
Phone: +90(356)252 14 79
Fax: +90(356)252 14 88
E-mail: semacamcicetin@hotmail.com

2394

© by PSP Volume 18 – No 12. 2009

Fresenius Environmental Bulletin

POLYCYCLIC AROMATIC HYDROCARBONS IN
SURFACE WATER FROM THE SONGHUA RIVER OF CHINA
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Technology, 73 Huanghe Road, Nangang District, Harbin 150090, Heilongjiang, PR China

ABSTRACT
The concentrations of 8 polycyclic aromatic hydrocarbons (PAHs) in water samples collected from 10 stations
in Songhua River, China were analyzed. Molecular ratios
were used to characterize the possible pollution sources.
The mean concentrations of PAHs were 3.44, 4.17 and
0.53 µg·L-1 in January, February and May 2007. Naphthalene was the dominant species in water samples with mean
values of 1.57, 1.29 and 0.15 µg·L-1, and with relative
proportions of 43.77%, 30.90% and 28.62% in these 3
months, respectively. Higher concentrations of PAHs
were found in sampling stations S1, S2, S5, S7, and S9
during low-flow period (January and February) than
mean-flow period (May). Ratios of anthracene/ (anthracene+
phenanthrene)
and
fluoranthene/(fluoranthene+pyrene) were calculated to evaluate
the possible sources of PAH contaminations. These ratios
reflect inputs of PAHs from combustion sources, especially from those of grass, wood and coal.

KEYWORDS: Polycyclic aromatic hydrocarbons (PAHs); Songhua
River; distribution; source analysis

INTRODUCTION
PAHs are widespread contaminants in the environments,
and listed as persistent organic pollutants (POPs) and priority pollutants in the United States Environmental Protection Agency (USEPA). PAHs are usually introduced into
the aquatic environment from anthropogenic input of incomplete combustion, sewage outfalls and oil spills [1, 2],
but also from the atmospheric fallout of vehicle emission,
wood burning and central heating under typical occupant
activities growing continually [3, 4]. Because of their mutagenic, carcinogenic and teratogenic [5] effects, PAHs are
considered to be environmentally hazardous. Due to their

low water solubility and high partition coefficients, PAHs
are easily deposited to surface particles of solid phase from
atmospheric precipitation and can be sorbed by sediments
from river runoff. Therefore, the investigation of PAH
concentrations in the aquatic environment is very important on environmental assessment, needed to provide
information of anthropogenic impact on the ecosystems [68] and serve as an indicator of contaminant loading.
The Songhua River is one of the important rivers in
the northeast part of China, which flows through 3 provinces of Inner Mongolia, Jilin and Heilongjiang, finally into
Heilongjiang River. The main hydrological features of the
river are presented in Table 1, which emphasize the importance of the river for local economy development and
people’s life. Down streams of the Songhua River are
shared between China and Russia, and studies on the
quality of freshwater and surface water have been carried
out since 1990s. Indeed, it is the most thoroughly investigated river in northeast China, concerning organic toxic
contamination and in terms of series of measurements [913]. However, no systematic data is available to date on
the distribution and potential sources of PAHs in the surface water of this region.
The objective of this study was to determine the concentrations, distribution and possible sources of PAHs in
the aquatic environment of the Songhua River, and to access
the need for further research. Eight PAHs were monitored in
10 surface water samples of the main streams of the river.
Quantitative data of PAHs were obtained by GC/5973N
MSD analysis, identifying possible sources of PAHs by
molecular ratios.
MATERIALS AND METHODS
Sampling

Ten sampling stations were selected from the main
stream of Songhua River (Fig. 1), listing information of
sampling stations in Table S1. Subsurface water samples at
0.5 m depth were collected using pre-cleaned dark glass
bottles in January, February and May 2007, and were stored
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at 4 °C before extraction. All samples were pretreated within 7 days and completely analyzed within 40 days.
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FIGURE 1 - Sampling stations in the Songhua River, China (Sampling stations S1, S2, S3 are in the upper reach, while S4, S5, S6, S7 belong
to middle reach, and S8, S9, S10 are the stations of the down reach: S1: Shaokou; S2: Songhuajiang Village; S3: Ersong; S4: Zhaoyuan; S5:
Zhushun Village; S6: Dadingzi Hill; S7: Yilan; S8: Dalai; S9: Huachuan; S10: Tongjiang).

TABLE S1 - Detailed description of sampling stations.
Station

Name

Latitude and longitude

S1
S2
S3
S4
S5
S6
S7
S8
S9
S10

Shaoko
Songhuajiang Village
Ersong
Zhaoyuan
Zhushun Village
Dadingzi Hill
Yilan
Dalai
Huachuan
Tongjiang

43˚45΄25˝N, 126˚25΄05˝E
44˚15΄55˝N, 125˚09΄15˝E
45˚25΄20˝N, 124˚39΄36˝E
45˚27΄50˝N, 124˚44΄30˝E
45˚45΄10˝N, 126˚29΄30˝E
46˚01΄05˝N, 127˚06΄05˝E
46˚18΄32˝N, 129˚29΄22˝E
46˚40΄48˝N, 130˚9΄20˝E
47˚2΄40˝N, 130˚21΄21˝E
47˚38΄32˝N, 132˚28΄05˝E

TABLE 1 - Main hydrological features of the Songhua River, China.
River length
Watershed area
Multi-year average runoff
Multi-year average sediment
Annual rainfall
Average ice period
Maximum annual runoff/Minimum annual runoff

2214.3 km
556,800 km2
71,730,000,000 m3
0.157 kg/m3
500-700 mm
140 days
4-10

Analytical Methods

Water samples were treated, extracted, and analyzed
according to Standard Methods for the examination of water
and wastewater [14].
One-liter water samples were placed in separator funnels and 30 g sodium chloride (NaCl) was added, followed

by 50 ml methylene chloride (MeCl2) after NaCl was totally dissolved. The funnel should be shaken for 10 min and
deposited for 5 min to complete separation between organic
and aqueous phase. The extraction process with 50 ml
methylene chloride should be repeated 2 or 3 times collecting extracts in an Erlenmeyer flask. Then, 3 g anhydrous
sodium sulfate was added, and after filtration, the solution
was transferred to a rotary evaporator for concentration to 3
ml.
The 3-ml conc. extract was then mixed with 10 ml
hexane, and reduced to about 1 ml under a gentle stream of
UHP nitrogen. Another 10 ml hexane portion was again put
into the 1-ml conc. extract, and blown down to 1 ml for a
second time. The extract was cleaned and fractionated with
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10 ml rinsing solution (acetone/hexane, 1:10) using silica
gel (activated with 10 ml of acetone/hexane (1:10) and 10 ml
of hexane) chromatography. Then, this eluate was blown
down with N to about 1 ml, which can be used for PAHs
analysis.
PAH congeners were determined by GC/MS using an
Agilent 6890 GC equipped with 5973N MSD and a split/
split-less injector. Injector and detector temperatures were
kept at 280 and 290 ºC, respectively. A 30 m DB-5MS
column (J&W Scientific) with 0.32 mm (i.d.) and 0.25 µm
film thickness was selected and helium as carrier gas at a
flow-rate of 1 ml·min-1. The GC oven temperature program
was set as follows: initially held at 80 ºC for 2 min, then
increased to 290 ºC at a rate of 6 ºC·min-1 and held for 5 min.
The instrument was operated in selected ion mode (SIM)
with detecting range of 35~400 m/z.
Quality control

Before the onset of the sampling program, all analytical data were subjected to a strict-regime quality control.
Blank samples were included and all results were blankcorrected. Quantifications of PAHs (Table S2) were obtained by using external standards, purchased from Chem
Service Inc. with catalog number CSMQPAH-1JM, containing 8 PAH congeners (naphthalene, acenaphthene, fluorene, anthracene, phenanthrene, fluoranthene, pyrene and
chrysene). The correlation coefficients for the external calibration curves of the method were all higher than 0.995.
All values shown in this paper were the means of 3 replicates for each sample. The method detection limits (MDLs)
of PAHs using the standard method were determined as
the concentrations of analytes that give rise to peaks with
a signal-to-noise ratio (S/N) of 3 and were present in excess of 1.00 ng·L-1, while the method quantification limits
(LOQs) were obtained by a S/N of 10. The recoveries of
each PAH and the relative standard deviations (RSDs) of
the recoveries are listed in Table 2.
TABLE 2 - Method detection limits (MDLs), method quantification
limits (LOQs), recoveries and relative standard deviations (RSDs) of
PAH analytes.

PAHs
Naphthalene
Acenaphthene
Fluorene
Anthracene
Phenanthrene
Fluoranthene
Pyrene
Chrysene

Abbreviations
Nap
Ace
Fle
Ant
Phe
Flu
Pyr
Chr

MDLS
(ng·L-1)
1.03
1.01
1.02
1.02
1.04
1.04
1.06
1.03

LOQs
(ng·L1
)
3.40
3.33
3.37
3.37
3.43
3.43
3.50
3.40

RESULTS AND DISCUSSION
PAHs distribution along the Songhua River

Recovery
(%)
87.5
92.7
85.0
93.3
89.2
87.7
95.0
90.5

RSD
(%)
4.9
7.3
5.9
4.0
6.6
7.8
8.0
6.5

Fig. 2 shows the spatial and temporal variation features of the 8 PAHs among 10 sampling stations. The
spatial distribution of PAHs in surface water was stationspecific, and higher concentrations were observed at S1
(Shaoko) and S2 (Songhuajiang Village), ranging from
7.19 to 9.03 µg·L-1in the low-flow period (January and
February). These values were one order of magnitude higher
than those at station S10 (Tongjiang) in downstream regions. The high concentrations of PAHs detected at S1 and
S2 may be attributed to wastewater and emission of atmospheric deposits from petrochemical industries located near
the sampling stations on the upper reach, and from the
combustion of coal and firewood for warming and generating electricity in the regions along the river.
High levels were also found at S5 (Zhushun Village),
S7 (Yilan) and S9 (Huachuan), with total concentrations of
5.47, 5.62 and 5.06 µg·L-1 respectively, in February. They
may not only be caused by transportation of PAHs from
upper river, but emissions of automobiles and combustion
of fossil fuels and bio-fuels in Harbin, Yilan and Jamusi,
big cities located in the catchments of the Songhua River.
However, the lowest concentrations of PAHs were found
at S10 (Tongjiang Town) with total concentrations of 0.06,
0.63 and 0.36 µg·L-1, respectively, during January, February and May 2007. S10 is about 276 km far away from
station S9, and low values may be explained by dilution
effects and self-purification of the river after a long-distance
transfer. Additionally, no big chemical industries are located on the down-stream, and sediments partially sorbed
PAHs, thus decreasing their levels in water.
High concentrations of PAHs were observed in the
sampling period of January and February 2007. The total
PAH concentrations ranged from 0.05 to 7.19 µg·L-1 in
January, 0.63 to 9.03 µg·L-1 in February, with averages of
3.44 and 4.17 µg·L-1, respectively, whereas low PAH concentrations (0.22-1.75 µg·L-1; mean 0.53 µg·L-1) were observed in May 2007. Other researchers [15, 16] have observed similar phenomena in the Songhua River during the
1980s (higher levels of organic pollutants including PAHs
during low-flow period (November) than in mean-flow
period (May)). This temporal variation is attributed to the
changing discharge of the river. The mean discharges of
Songhua River were 338 and 354 m3/s in January and
February 2007, respectively, while the mean discharge was
954 m 3/s in May 2007. Moreover, the runoff is 23% of
multi-years average runoff in the mean-flow period (April,
May), but only 16% in the low-flow period (November,
December, January, February and March). The high flowrate and large runoff of river water have a good dilution
ratio, leading to decrease in total PAH pollutants. This result
is consistent with earlier reports on low PAH levels detected
in July 2000 and being attributed to the change in discharge of Gaoping River [17]. In addition, microbial degradation of PAHs is difficultly carried out under lower temperature of water during the low-flow period, and photodegradation also hardly occurred since the light transfer
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was efficiently weakened by ice layers thicker than 1 m,
and also transportation of PAHs to the atmosphere by volatilization is also suppressed because of the ice layer [18].
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Mean concentration (µg•L-1)

∑8 PAHs concentration (µg•L-1)
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FIGURE 2 - Spatial and temporal distribution of PAHs in surface water of the Songhua River, China ((a) Total concentrations of PAHs in
the surface water of sampling stations S1-S10 in January, February and May 2007; (b) Mean concentrations of PAHs in the surface water of
the Songhua River in January, February and May 2007).

TABLE S2 - Concentrations of PAHs in surface water samples of the Songhua River in different months:
January 2007 (µg·L-1)
Stations
Nap
Ace
Fle
Ant
Phe
Flu
S1
1.57±0.071
0.09±0.007
0.38±0.017
1.08±0.027
0.38±0.011
0.6±0.027
S2
2.98±0.126
0.12±0.005
0.52±0.021
0.99±0.046
0.47±0.018
1.08±0.028
S3
1.76±0.053
0.24±0.012
0.45±0.027
0.36±0.010
0.21±0.009
0.29±0.011
S4
2.45±0.124
0.57±0.027
0.51±0.016
0.38±0.017
0.22±0.009
0.35±0.016
S5
0.5±0.021
0.45±0.022
0.23
0.17±0.008
0.12±0.008
0.12±0.005
S6
0.66±0.026
0.71±0.036
0.34±0.02
0.16±0.007
0.13±0.004
0.11±0.008
S7
1.38
0.42±0.019
0.31±0.014
0.26±0.009
0.24±0.016
0.2±0.009
S8
1.77±0.084
0.31±0.015
0.28±0.009
0.23±0.006
0.18±0.006
0.16±0.007
S9
1.95±0.092
0.12±0.004
0.25±0.012
0.28±0.011
0.21±0.009
0.17±0.013
S10
0.05±0.002
0.01±0.0007
∑PAHs
15.7
3.04
3.27
3.91
2.16
3.08
- = not detected in water samples. Note: The concentrations (±SD) of PAHs were based on averages determined in
samples.

Pyr
Chr
0.47±0.021
0.32±0.014
0.66±0.030
0.36±0.024
0.19±0.015
0.16±0.007
0.26±0.010
0.17±0.008
0.09±0.004
0.12±0.005
0.1±0.005
0.11±0.007
0.16±0.006
0.15±0.007
0.14±0.009
0.17±0.008
0.14±0.012
0.15±0.007
2.21
1.71
3 parallel measurements of water

February 2007 (µg·L-1)
Stations
Nap
Ace
Fle
Ant
Phe
Flu
Pyr
S1
1.76±0.083
0.21±0.007
0.80±0.034
2.22±0.071
0.87±0.040
1.44±0.047
1.15±0.046
S2
0.85±0.032
0.12±0.005
0.45±0.018
0.97±0.042
0.36±0.017
0.94±0.038
0.55±0.044
S3
1.46±0.038
0.18±0.008
0.39±0.019
0.32±0.015
0.17±0.008
0.31±0.013
0.17±0.008
S4
1.21±0.051
0.99±0.074
0.67±0.033
0.36±0.016
0.19±0.009
0.30±0.013
0.21±0.009
S5
0.94±0.043
0.39±0.018
1.08±0.071
1.22±0.046
0.51±0.034
0.67±0.032
0.44±0.019
S6
0.63±0.029
0.29±0.011
0.23±0.011
0.27±0.009
0.12±0.005
0.17±0.014
0.15±0.007
S7
2.03±0.091
0.23±0.09
0.36±0.017
1.92±0.069
0.30±0.014
0.29±0.014
0.23±0.011
S8
0.73±0.034
0.06±0.003
0.22±0.010
0.42±0.019
0.14±0.006
0.14±0.006
0.12±0.009
S9
3.13±0.113
0.29±0.013
0.49
0.41±0.018
0.22±0.011
0.20±0.009
0.16±0.007
S10
0.14±0.006
0.02±0.002
0.09±0.005
0.13±0.006
0.08±0.005
0.04±0.003
0.04±0.002
∑PAHs
12.88
2.78
4.78
8.24
2.96
4.5
3.22
Note: The concentrations (±SD) of PAHs were based on averages determined in 3 parallel measurements of water samples.
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Chr
0.58±0.025
0.40±0.019
0.18±0.007
0.17±0.007
0.21±0.017
0.15±0.006
0.25±0.010
0.13±0.06
0.16±0.006
0.10±0.007
2.33
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May 2007 (ng·L-1)
Stations
Nap
Ace
Fle
Ant
Phe
Flu
Pyr
S1
98.1±4.5
13.9±0.65
15.5±0.76
66.1±3.16
20.4±0.97
70.5±3.45
52.5±4.21
S2
148.3±6.5
16.1±0.74
22±1.06
81.9±2.66
47.1±2.83
72.5±5.73
50.7±2.15
S3
92.9±4.52
16±1.17
19.5±0.86
118.1±3.74
38.6±1.31
52.6±2.19
43.2±2.05
S4
122±5.62
9.2±0.43
15.9±0.95
119.1±4.82
30.2±1.43
30.3±1.30
30.4±1.47
S5
133.9±6.33
10.6±0.44
15.4±0.77
72.2±3.16
17.1±0.74
35.4±1.67
29.8±1.37
S6
101±4.98
7.7±0.57
25.4±0.45
75.6±2.54
9.5±0.63
23.4±1.09
20.5±0.92
S7
189.3±8.06
46.1±2.21
95.3±3.58
385.5±15.19
233.7±7.88
360.4±13.52
253.3±8.84
S8
80.5±3.52
20.3±0.41
11.9±0.55
39.7±1.69
13±0.62
24.6±1.94
21.5±0.89
S9
484.6±16.92
69±3.28
39.3±2.36
95±3.92
29.8±1.26
32.6±1.56
24.9±1.09
S10
75.3±3.63
8.9±0.38
16.5±0.79
57.8±2.75
41.1±1.93
45.2±2.07
35.7±2.86
276.7
∑PAHs
1525.9
217.8
1111
480.5
747.5
562.5
Note: The concentrations (±SD) of PAHs were based on averages determined in 3 parallel measurements of water samples.

Composition of PAHs in surface water samples

Chr
38.3±1.64
49.1±3.24
32.4±1.49
18.3±0.76
23±0.91
14.5±0.67
183.8±7.59
14.5±0.64
19.6±0.92
61.9±4.15
455.4

Mean concentration (µg•L-1)

1.6
Jan.
Feb.
May

1.4
1.2
1
0.8
0.6
0.4
0.2
0
NaP

AcP

Flu

AnT

PhA

FluA

Pyr

Chr

50

Percent Concentration(%)

Eight PAHs were found in surface water samples, and
individual PAH levels as well as relative proportions are
shown in Fig. 3. Naphthalene was the dominant PAH with
means of 1.57, 1.29 and 0.15 µg·L-1, representing 43.77,
30.90 and 28.62 % in January, February and May 2007,
respectively. Anthracene was also abundant in water samples (means of 0.39, 0.83 and 0.11 µg·L-1 corresponding
to 11.35, 19.83 and 20.46 %). Chrysene was present at
low concentrations (0.17, 0.23 and 0.05 µg·L-1), but also
acenaphthene was only found in traces (0.02 µg·L-1),
followed by fluorene (0.03 µg·L-1). Furthermore, other 3and 4-ring PAH homologues (acenaphthene, fluorene,
phenanthrene, fluoranthene and pyrene) were found with
means not higher than 1 µg·L-1. Yang et al. [8] observed
that naphthalene was the abundant PAH with 10.98 µg·L1
in the surface water from Humen tidal channel, and Tang
et al. [19] reported that naphthalene occupied 48.90±6.3%
of low-molecular weight PAHs with a mean of 0.123
µg·L-1 in water of Huangpu River. Among PAHs, naphthalene level was the highest, possibly because of its
popular use in industry and households. From the composition of PAHs in surface water alone, it is difficult to
identify different sources of input. Nevertheless, the data
can act as an in-dication of the potential impacts of PAHs
with such high levels on the local ecosystems.

Jan.
Feb.
May

40
30
20
10
0
NaP

AcP

Flu

AnT

PhA FluA

Pyr

Chr

FIGURE 3 - PAHs homologue and percentage composition in surface water of the Songhua River, China ((a) The concentration of
each PAH in water samples; (b) The percentage of individual
PAHs).

Comparison with PAHs level

PAH concentrations analyzed in this study were compared to those reported from different rivers in the world
(Table 3). The results demonstrated that the May mean
level of PAHs (533 ng·L-1) (Fig. 2) in water samples of
Songhua River was close to those found in Gaoping River
[17] and Humen tidal channel [8] with means of 430 ng·L-1
and 326 ng·L-1, respectively. The extremely highest PAH
concentration was 2095.2 ng·L-1 in water of the Wuhan
section of the Yangtze River [20], whereas it was normally less than 500 ng·L-1 in other rivers of China. However,
the level of PAHs in the Songhua River was 3 orders of
magnitude higher than those detected in Ulsan Bay, Korea
(0.33 ng·L-1) [21] or Danube Estuary (0.198 ng·L-1) [23].
Large changes in PAH concentrations were mainly due
to the distributions with regional differences, the diverse

sources of PAHs [17, 28], and also to the local climate and
industrial distribution characteristics. The findings of this
study indicated the significance of the levels in China as
well as the need for further assessment in understanding
risks associated with such high concentrations.
Source analyses of PAHs in the Songhua River

Source analyses were undertaken in order to identify
possible sources of PAHs in surface water of the Songhua
River. Molecular ratios are usually be used as an index to
interpret the possible release of PAHs [29], such as fluoranthene/pyrene (Flu/Pyr), phenanthrene/anthracene (Phe/Ant),
methylphenanthrene/phenanthrene (MPhe/Phe), anthracene/
(anthracene+phenanthrene) Ant/(Ant+Phe), and fluoranthene/(fluoranthene+pyrene) Flu/(Flu+Pyr) [30]. The
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ratios were calculated by using the mean concentrations
of individual PAHs with the same molecular weight including Ant/(Ant+Phe) and Flu/(Flu+Pyr) (Fig. 5). PAHs
with the ratio of Ant/(Ant+Phe) <0.1 were mainly from
petroleum pollution, while Ant/(Ant+Phe) >0.1 were ac-

cumulated mainly from combustion sources. PAHs with
Flu/(Flu+Pyr) >0.5, were obviously from the combustion
of grass, wood and coal, PAHs with 0.5 > Flu/(Flu+Pyr)
>0.4 were mainly from combustion of petroleum, and
Flu/(Flu+Pyr) <0.4 were typical of petroleum pollution.

TABLE 3 - The concentrations of PAHs in surface water from various sites in the world.
River
Ulsan Bay, Korea
Lower Mississippi River, USA
Danube Estuary
Seine River and Estuary, France
Lower Brisbane River, Australia
Zhujiang River Estuary, China
Gaoping River,Taiwan,China
Yangtze River, China
Humen tidal channel, China
Yellow River, China
Songhua River, China

Sampling date
1999
1995, Aug.
1993, Oct.
2001/2002
1997, Jul.
1999/2000
2005, Jul./Dec.
2001, Aug.
2004, Jun.
2007, May.

Range (ng·L-1)
0.06-0.92
5.6-68.9
0.183-0.214
4-36
5-12
63.8-171.7
10-9400
321.8-6234.9
614-223
179-369
1747-216

∑PAHs
16
13
14
11
15
14
16
11
16
15
8

The ratios of Ant/(Ant+Phe) were higher than 0.1 and
ranging between 0.519-0.863, indicating that PAHs in waters along the mainstream of the river were mainly from
combustion sources. Moreover, the ratios of Flu/ (Flu+
Pyr) were higher than 0.5, clearly confirming that combustion of grass, wood and coal could be possible sources
of PAHs in this region. These ratios reflected the energy
production and consumption style in rural areas of northeast China. In addition, the ratio of Flu/(Flu+Pyr) was
0.483 in S10 (Tongjiang) in February, showing that the
combustion of petroleum was the major source of PAHs,
possibly be attributed to petroleum fuels used by vehicles
traveling constantly and discharging black smokes through
their movement from Tongjiang port of China to Russia.

Mean±SD (ng·L-1)
0.33
40.8±32.9
0.198±0.022
20±13
8.2±3.0
108.5
430
2095.2±2276.2
326
248±78
533±26

Reference
Khim et al., 2001 [21]
Mitra and Bianchi, 2003 [22]
Maldonado et al., 1999 [23]
Fernandes et al., 1997 [24]
Shaw et al.,2004 [25]
Jin H.Y., et al., 2006 [26]
Doong and Lin,2004 [17]
Feng C.L., et al., 2007 [20]
Yang Q.S., et al., 2004 [8]
Li G.C., et al, 2006 [27]
This study

CONCLUSION
The paper has provided important data on the concentrations of total and individual PAHs in surface water of the
Songhua River. The PAHs detected in January and February were one order of magnitude higher than those found in
May. The high concentrations of PAHs were found at
sampling stations S1, S2, S5, S7 and S9, possibly being
due to the combustion of coal and firewood in winter for
warming and lightning. Naphthalene was dominant with
mean values of 1.57, 1.29 and 0.15 µg·L-1 in the 3 months
of observation. Acenaphthene was found with the lowest
mean concentration of 0.02 µg·L-1, followed by fluorene
(0.03 µg·L-1), while chrysene was found with the lowest
percentages of 4.92, 5.53 and 8.54 % corresponding to
January, February and May 2007. The levels of PAHs in
surface water of the Songhua River were higher than
those found in other rivers around the world, and should
be concerned as new typical contaminants for organic
pollution. Source analyses revealed similar origin of PAH
pollution in the mainstream of the river at most of the
sampling stations, mainly from combustion of coal, wood
and grass. At S10, the main source of PAHs was possibly
from combustion of petroleum based on calculation result
of Flu/(Flu+Pyr) = 0.483.
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ASSESSMENTS OF SOME HEAVY METALS IN SOILS AND
WATERLEAF (Talinum triangulare) IN THE VICINITY OF A
MAJOR QUARRY FACTORY IN IBADAN METROPOLIS, NIGERIA
Gregory O. Adewuyi1*, Jude Okonkwo1 and Chukwunonso P. Okoli1
1

Department of Chemistry, University of Ibadan, Ibadan.

ABSTRACT
The article discusses assessments of some heavy metals in soils and waterleaf (edible vegetable) within areas
of a quarry factory in Ibadan metropolis. Soil and water
leaf samples were collected randomly from 4 settlements:
Aramid centre, Quarry factory, Ekefa village and Orphanage home. Control samples were taken from the University of Ibadan, Ibadan botanical garden. The soil and water
leaf samples were subjected to stepwise extraction procedures and levels of Pb, Cd, Zn and Cr were determined
by AAS analysis. Results showed that soil samples in
the 4 studied sites contained as much as 10.58±4.17 to
29.67±12.29 mg/kg Pb, 0.96±0.68 to 1.66±0.90 mg/kg
Cd, 1.75±0.65 to 6.78±2.76 mg/kg Zn and 0.66±0.28
to 4.55±2.09 mg/kg Cr. Water leaf samples contained
6.48±1.43 to 21.57 mg/kg Pd, 0.72±0.23 to 1.22±0.34
mg/kg Cd, 1.36±0.53 to 4.04±1.90 mg/kg Zn and 0.47±0.18
to 2.31±0.74mg/kg Cr. A statistically significant difference
at p<0.05 was found to exist between the concentrations of
the analyzed elements in soils and water leaf collected from
4 sites and control site. Based on this study, the human
risks for Pb, Cd, Zn, and Cr in water leaf from the settlements are high for now, as the concentrations were higher
than those recommended by Food and Agricultural Organisation (FAO) as maximum limits of Pb (2.00 ppm), Cd
(0.50 ppm), Zn (1.00 ppm) and Cr (0.05 ppm).

KEYWORDS: Assessment; concentration; soil; waterleaf; quarry;
settiement; heavy metals; extraction

INTRODUCTION
Heavy metals are of considerable environmental concern due to their toxicity and accumulative behaviour [1].
Trace quantities of certain heavy metals are essential for
animals and plants growth. However, they are easily assimilable and accumulate in ecological materials [2]. Though,
a requirement for development in any country is a viable

industrial base, a prime source of goods and services, employment and natural wealth that sustains economics. However, industrial activities including mining or blasting of
rocks are directly responsible for most of the polluting
agents degrading the environment and threatening the ecosystem and human health [3]. With increased quarry works
in Nigeria, large quantities of these heavy metals are released through the waste effluent into the restricted environment. They accumulate in the materials and eventually
in the bodies of inhabitants; over long periods they reach
harmful concentration [4]. It is worth recalling that chronic
exposure to potentially toxic elements, such as Cd and Pb
may impair human health, and it is recognized that such
elements being natural components of the environment are
involved in the natural cycle causing their mobilization [5].
The present distribution of heavy metals in soil can serve as
an indication of the time, history and extent of pollutants
discharged into the area [6, 7]. Though, all trace metals
are natural constituents of soil and enter the food chain
mainly through uptake from soils [8-12]. However, the effect
of foliar retention and absorption of heavy metals derived
from aerial routes on the environmental burden cannot be
overlooked [13-18]. There appeared to be a clear trend pointing towards heavy metal contamination of the environment
including aquatic ecosystem resulting from blasting and
excavation activities in quarry sites [19]. Often this activity
has been found to increase the heavy metals profile of soil
and vegetables [20, 21]. Heavy metals have a long half-life
in the environment [22] including the biological system. It
is documented that plants grown in areas near quarry sites
take up heavy metals [23].
When these plants are consumed by man directly or
indirectly, the heavy metals accumulate in their system and
such accumulation may reach lethal levels [24-26]. This is
the main source of heavy metal poison in humans. Also
heavy metals, such as Cu and Zn, are essential for normal
plant growth, although elevated concentration of both essential and non-essential metals can result in growth inhibition and toxicity symptoms [27].Waterleaf plant is an important vegetable grown in Nigeria for food; its cultivation is predominant in Ibadan and other southern parts of
the country, largely due to the high demand by the popu-
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FIGURE 1a - Map of sampling points.

lation. However, because of high cost and scarcity of fertilizers and other agricultural inputs in Nigeria, many sites
and available lands have being converted to vegetable
gardens, especially in cities where demand for vegetables
is high. The present work is a pioneering effort towards
examining the relationship between concentration of heavy
metals in waterleaf and farmland soil within areas of a
major quarry site in Ibadan metropolis.

It is hoped that the study will serve as an important
reference for future heavy metal concentration assessments
in vegetables cultivated and sold to the public within the
metropolis. Furthermore, the result of the present study will
enhance the data which are presently sparse in the country,
especially with relation to heavy metal levels in plants cultivated within areas of quarry sites.
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This will be the basis to advise the health and environmental authorities on the need to enforce strictly the
restriction of quarry site activity in locations close to human settlements and agricultural lands.
MATERIALS AND METHODS

Composite soil samples were collected randomly from
each site within a depth of 15 cm using a locally fabricated
soil auger (screw down and pull) [28]. The sampling was
done thrice a week over a period of one and a half months
between January and March 2008. Samples of waterleaf
were randomly collected from each farmland and control
site.
Chemicals

Samples
0

0

Ekefa Quarry is located between latitude (7, 14’-7 .
16’) N and longitude (30. 481-521) E in Ibadan metropolis, Oyo State, Nigeria (Figs. 1a and b).

Analytical-grade reagents and metal stock standard solution (1 mg L-1) were purchased from Aldrich chemical
company and Fluka AG.
Instrumentation

The determination of heavy metals was performed with
a Buck Scientific 210 GP Atomic Absorption spectrophotometer. The instrument’s setting and operational conditions
were done in accordance with the manufacturer’s specifications. The instrument was calibrated with analytical-grade
metal standard stock solutions (1 mg L-1) in replicate.
The waterleaf samples were prepared for analysis, following the methods described previously [16]. 2 g each of
dried waterleaf samples in 3:1 conc. HNO3/HCl and 35%
H2O2 were used. The soil pH and moisture content were
determined according to the methods reported by Faniran
and Areola [31] and Adeniyi et al. [21]. The heavy metals
were extracted from the soil sample for analysis using 2N
HNO3 following the methods reported earlier [28-30].
RESULTS AND DISCUSSION
The results of the determination are presented in Tables 2 and 3, respectively. The mean soil pH values ranged
between 3.45 ± 0.82 and 6.70 ± 0.06 (Table 2). The values
for control and sample sites were within the range of 6.007.00, except the Quarry site, which was found to be low,
indicating high acidity. From this result, it could be inferred
that complex variety of emissions accompany the blasting
of rocks at the main site; these may include acidic gases,
and particulate matters. The dissolution of some of these
contents by dews and the eventual settlement on surrounding soil may increase the soil acidity in the immediate vicinity of the site. Moreover, exhaust of heavy-duty machines
employed for blasting on the site may contain acidic gases,
which, in solution , can increase the soil acidity.

FIGURE 1b - Area map of the sampling points.
TABLE 1 - Farmland sites and distances from Ekefa Quarry site.
Farmland sites
1
2
3
4
5

Location
Aramid center
Quarry plant site
Ekefa Village
Orphanage home
Control site

Distance
Approx. 1000 m
Approx. 100 m
Approx. 900 m
Approx. 500 m
Approx. 5 km

Four farmland sites within the vicinity of the quarry
site, and at different distances, were used. The control site
is situated at the Botanical Garden of the University of
Ibadan. The distance descriptions of the farmland sites
from the quarry sites are illustrated in Table 1.

Table 2 also revealed the mean percentage moisture content ranging from 5.45 ± 0.41 to 7.45 ± 2.21. These relatively
low values are expected of soil samples in dry tropic seasons;
a similar trend has been observed before [30]. The low moisture value observed for the control site (0.85 ± 0.25) is due to
the enormous volume of human activities in the site. The site
is often used for recreation purposes.
Also, the results of the metal concentrations in soil
are indicated in Table 2.
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The burden of heavy metals in the soil samples collected from the Quarry and other locations in the near vicinity
of the Quarry are generally higher than those of samples
from the control sites. A similar trend has been observed
before [20, 21] and is indicative of heavy metal pollution
of these sites. The mean lead, cadmium, zinc, and chro-

mium values for the control sites are (in mg/kg) 2.90 ± 0.38,
0.03 ± 0.02., 0.18 ± 0.02, and ND, respectively, whereas
those for Aramid centre, Quarry, Ekefa Village and Orphanage home soil samples are partly quite higher (see
Table 2).

TABLE 2 - Values of pH, moisture content and mean metal concentration (mg/kg) in soil samples.
Sample site
Control
Aramid
Quarry Plant site
Ekefa Village
Orphanage Home

pH

Moisture
content (%)
0.85+0.25
5.90±0.50
7.45±2.21
5.45±0.41
6.95±0.50

5.62+0.30
6.70±0.06
3.45±0.82
6.06±0.25
5.98±0.18

Pb
2.90±0.38
10.58±4.17
29.67±12.29
19.03±8.69
17.83±5.80

Heavy metals (mg/kg)
Cd
Zn
0.03±0.02
0.18±0.02
0.96±0.68
2.08±0.51
1.66±0.90
6.78±2.67
0.98±0.47
1.75±0.65
0.99±0.59
1.95±0.62

Cr
ND
0.66±0.28
4.55±1.09
0.79±0.35
0.97±0.28

TABLE 3 - Mean metal concentration (mg/kg) in water leaf sample from the different sites.
Sample site
Control
Aramid
Quarry
Ekefa Village
Orphanage Home

Heavy metals (mg/kg)
Pb
Cd
Zn
0.75±0.13
0.11±0.04
0.12±0.03
6.48±1.43
0.71±0.20
1.80±0.64
21.57±9.18
1.22±0.34
4.04±1.90
17.58±6.46
0.72±0.23
1.36±0.53
14.36±5.31
0.74±0.33
1.36±0.67
TABLE 4 - t-Test (95% confidence level) of heavy metals in soil vs control.

Sample site
Pb
Aramid Centre
3.160
Quarry Plant site
5.336
Ekefa Village
4.543
Orphanage Home
7.008
t table = 1.812 for degree of freedom of 10 and 95% C.I.

Cd
3.356
4.411
4.986
3.990

Heavy metals (mg/kg)
Zn
9.141
6.016
5.912
6.889

Cr
ND
0.47±0.18
2.31±0.74
0.61±0.25
0.71±0.23

Cr
5.716
10.235
5.473
8.400

TABLE 5 - t-Test (95% confidence level) of heavy metals in water vs control.
Sample site
Pb
Aramid
Quarry Plant
Ekefa Village
Orphanage Home

9.730
5.562
6.371
6.269

Cd
7.423
6.567
6.215
5.052

Heavy metals (mg/kg)
Zn
6.466
5.183
5.662
5.307

Cr
6.784
8.361
5.870
7.686

t- table = 1.812 for degree of freedom 10 and 95% C.I

The metal concentration values for waterleaf grown
on control soil, Quarry soil and different locations in the
near vicinity of the Quarry are given in Table 3. As can be
observed from the Table, the mean lead, cadmium, Zinc
and chromium values for the control sites are low (mg/kg)
0.75± 0.13, 0.11± 0.04, 0.12± 0.03, and ND, respectively,
whereas those for the Aramid centre, Quarry, Ekefa Village and Orphanage Home samples are increased.
Paired t-test was used in comparing the difference in
the concentration of heavy metals in samples of soil and
waterleaf with those of the control site.

From the tables of values for t-calc (Tables 4 and 5),
it was found that a statistically significant difference (95%
confidence level) existed between values among lead, cadmium, zinc and chromium levels in the soil samples collected from the Quarry site and the other locations in the
near vicinity of the Quarry site when compared with control samples (Table 4). This trend is similar to what was
observed by Howard and Cameron [32], and may be taken
as an indication of heavy metal pollution of the soil in the
Quarry site and other locations in the vicinity. This observation is not unlikely because heavy metals are found to
be associated with blasting of rocks. Also it is note-worthy
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to conclude that the levels of lead, cadmium and zinc (Table 2) are particularly high enough to cause public concerns. Literature had revealed that the ability of Pb2+ to
undergo metathesis reactions with Zn2+ and Ca2+ metalloproteins results in loss of metabolic function, and this continues to be a primary hypothesis underlying the detrimental effects of lead exposure [34]. For this reason, they are
not required, even in small amount, by living organisms [29].

criminate blasting, so as to minimize future environmental
hazards that may result from such activities.

There are generally statistically significant differences
(95% confidence level, degree of freedom = 10) among
lead, cadmium, zinc and chromium levels in the vegetable
samples from Quarry site and neighboring locations compared with control samples (Table 5). This trend is similar
to what was obtained for the soil samples. This further
confirms heavy metal pollution of the environment by the
Quarry activity of rocks and evacuation of gravels. Also
this trend is similar to what was observed by Howard and
Cameron [32] and may further be taken as an indication
of heavy metal pollution at the quarry site and its surrounding environment.
This observation is not unlikely because heavy metals
are often found to be associated with blasting of rocks [33].
Nevertheless, some of the heavy metals in the control and
surrounding settlements may have been derived from
aerial root through foliar retention and absorption with
vehicular traffic as probable pollutant sources [18].
However, in particular, it is worthy to note that the levels of lead, cadmium and zinc are high enough to cause
public concerns since they are not required, even in small
amounts, by living organisms [28]. Therefore, the health
burden on the inhabitants at the different locations monitored is quite high. It suffices to say that the results are
expected to provide the essential yardstick for the evaluation
of further contamination in the environment due to quarry
activities of blasting and evacuation of gravels. Based on
these results, it is advised that locations employed for that
quarry activities should be restricted strictly to a reasonable
distance far away from settlement areas.
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INFLUENCE OF ZINC TOXICITY ON GRAVITROPIC RESPONSE
OF TOMATO (Lycopersicon esculentum Mill.) ROOTS
Taylan Kösesakal*, Muammer Ünal and Gül Cevahir Öz
Istanbul University, Faculty of Science, Department of Botany, 34134 Istanbul, Turkey

ABSTRACT

MATERIALS AND METHODS

In this study, primary roots sprouting from Lycopersicon esculentum Mill. (tomato) seeds, germinated in
Hoagland’s nutrient solution containing different amounts
of ZnCl2 (1, 3 and 5 mM), were observed. Primary roots
have shown negative geotropic behaviour at ZnCl2 levels
of 3 and 5 mM, instead of positive tropism. This effect was
much obvious in the plants grown in Hoagland solution
containing 5 mM ZnCl2. On the other hand, the addition of
100 mg/L triiodobenzoic acid (TIBA) into imbibition and
growth medium containing 3 or 5 mM ZnCl2 eliminated
negative gravitropic behaviour of primary roots and induced
positive tropism of roots which were oriented to embryo
axis, and gave rise to root elongation.

KEYWORDS:
Zinc, zinc toxicity, indole-3-acetic acid (IAA), triiodobenzoic acid
(TIBA), Lycopersicon esculentum, root gravitropism

Plant Growth and Zn Treatment

Tomato plants (Lycopersicon esculentum Mill.) were
grown in Hoagland and Arnon [14] media containing 1, 3,
or 5 mM of ZnCl2 (treatment) and control (normal Hoagland
solution). After sterilization with 70 % ethanol, tomato seeds
were imbibed in experimental solutions at room temperature for 24 h, and then transferred into Petri dishes containing filter papers soaked with experimental solutions.
Distilled water was added to the Petri dishes for every two
days. Plants were grown with 12-h light-dark cyles at
25±1 °C and under 8000 lux light intensity in growth
chambers for 8 days.
The germination of the tomato seeds that were wrapped
into the filter papers saturated with Hoagland solutions plus
1, 3, and 5 mM ZnCl2, and control after 24 h of imbibition
were recorded daily until germination stopped. Seeds were
considered to have germinated at radicula emergence from
the testa, and their germination percentage was measured.
TIBA treatment

INTRODUCTION
Plant growth and development are affected by several
environmental factors, such as light, temperature, water and
mineral elements [1]. Gravity is also one of these factors,
and it is well-known that stems show negative and roots
positive geotropic behaviour [2, 3]. The gravitropic curvature results from different levels of cell elongation rates
on opposite sides of the organs (i.e. roots and shoots), which
is believed to be mediated by an auxin gradient caused by
spatial distribution of auxin across the organs [4-7]. On the
other hand, macro- and micro-elements appear to be necessary for plant growth and development, and deficiency or
excess of these elements could cause significant disorders
during growth and development stages [8-11]. Zinc is an
essential mineral nutrient necessary for many biochemical
reactions, such as biosynthesis of auxin (an essential growth
hormone) [12] and regulation of root development [13].
The main purpose of this study was to assess possible
associations between zinc and IAA in the formation of
gravitropical disorders observed in tomato seedlings grown
in the medium containing excessive Zn amounts.

100 mg/L TIBA [15], which is an inhibitor of IAA
transport, was added into Hoagland solutions containing
different amounts of ZnCl2 (1, 3, and 5 mM) during the
process of seed imbibition.
Zinc Analysis

For zinc analysis, seeds and seedling roots which were
almost at the same length in each group (considered as
32 mm, 38 mm, 20 mm and 4 mm for control, 1 mM, 3 mM
and 5 mM ZnCl2, respectively) were thoroughly washed with
deionized water in order to remove adsorbed metal ions.
Samples were dried at 70 C for 72 h, then weighed and
mineralized by wet ashing with concentrated HNO3 [16].
Zinc concentrations in the digests were determined by flame
atomic absorption spectrophotometry (Shimadzu AA6701F).
The results obtained were defined as mg kg-1 DW.
Replication of Experiments and Statistical Analysis of Data

All experiments for germination of seeds, gravitropic
curvature of tomato roots as well as zinc levels of seeds
and seedling roots were performed at least five times. In
every experiment, 20 primary roots were used. To test for
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significance of the data, mean values were calculated with
the Student's t test.
RESULTS AND DISCUSSION
At the end of the 5th day, germination percentage was
determined and summarized in Table 1. Seed germination

was not inhibited at zinc concentrations of 1 and 3 mM
being 99.33 and 95.43%. The results are in agreement with
Mahmood et al. [17] who established that the germination
of Zea mays seeds was not influenced by the presence of
3, 6, 9, and 12 ppm ZnSO4 in the culture medium. Peralta
et al. [18] also showed that Zn was the only metal that did
not significantly reduce the seed germination, even at a concentration of 40 ppm. Ozdener and Kutbay [19] also re-

TABLE 1 - Germination percentage at the 5th day and gravitropic behaviour of roots and percentage of gravitropic behaviour of roots in
control, 1, 3, and 5 mM ZnCl2 applied tomato seedlings after 8 days.
Treatment

Germination percentage (%) *

Gravitropic behavior of roots

Gravitropic behaviour of roots (%) **

Control
98.25 ± 1.3
Positive geotropic curvature
0
1 mM ZnCl2
99.33 ± 0.4
Positive geotropic curvature
0
3 mM ZnCl2
95.43 ± 0.8
Negative geotropic curvature
15 ± 4.7
5 mM ZnCl2
89.30 ± 2.1
Negative geotropic curvature
42 ± 4.8
*Germination percentage results are means of 11 individual experiments ( “±” indicates standard deviation); **Percentage of gravitropic behaviour of
root results are means of 5 experiments ( “±” indicates standard deviation.).

Control

1 mM ZnCl2

3 mM ZnCl2

5 mM ZnCl2

FIGURE 1 - The appearance of 5 days-old tomato seedlings grown in Hoagland solutions containing 0 (control), 1, 3, and 5 mM ZnCl2.
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a

b
FIGURE 2 a) The gravitropic behavior of 8 days-old tomato seedlings grown in Hoagland solution containing 5 mM ZnCl2 and b) the appearance of 8 days-old tomato seedlings grown in Hoagland solutions containing 0 mM ZnCl2 (control).

Ported that the seeds of E. sativa in stages of germination
and early growth were generally tolerant to zinc. However,
5 mM concentrations of zinc caused approximately 10%
decrease in seed germination when compared to the control
group in this study. This result corroborates with those of
the study carried out to show the effect of zinc on the germination of Cajanus cajan L. seeds [20] reporting that the
percent germination decreased with increasing concentrations of ZnSO4 treatment (2.5, 5 and 7.5 mM). We concluded that the germination percentage of tomato seeds was
not affected by 1 and 3 mM zinc levels tested, but was
clearly influenced by concentrations up to 5 mM zinc.

In this study, primary roots sprouting from tomato seeds
germinated in Hoagland’s nutrient solution containing 1,
3 and 5 mM ZnCl2 (Fig. 1) were observed to have shown
negative geotropic behaviour at ZnCl2 concentrations of 3
and 5 mM rather than positive tropism. This effect was much
obvious in that plants grown in Hoagland solution containing
5 mM ZnCl2 (Fig. 2). Concerning this effect, Bobak and
Blanarik [21] reported in their study that increasing Zn concentration affected geotropism in horse bean.
On the other hand, the addition of 100 mg/L TIBA into the imbibition and growth medium containing 3 and 5
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mM ZnCl2 eliminated negative gravitropic behaviour of
primary roots and induced positive tropism of roots which
were oriented to embryo axis, and gave also rise to root
elongation (Fig. 3). TIBA has been established as an inhibitor of auxin transport. Furthermore, an investigation
by Dayanandan et al. [22] showed that TIBA interfered
with IAA- and gravity-induced growth responses in the
grass pulvinus. Mulkey et al. [23] previously reported that
TIBA inhibits acid efflux and gravicurvature in roots. In
addition, Wright and Rayle [24] established that at low
concentrations, exogenous auxin accelerated curvature in
sunflower hypocotyls, while at high concentrations curvature was prevented. They also showed that TIBA prevented
or inhibited gravicurvature. Thus, our data with roots are
consistent with their findings.

and root in rice was regulated by both auxin and zinc.
Yang et al. [29] reported that a higher level of elongation
factor-1β' (EF-1β') protein expression was necessary for
auxin- and zinc-induced root formation in rice. In roots,
auxin is transported acropetally toward the tip where it is
present at high concentrations [30, 31]. However, there is
also evidence for basipetal auxin transport (from the tip
toward the base) in Phaseolus coccineus [30] and Arabidopsis plants [32]. Zinc accumulation was also observed
in the meristematic regions at the leaf bases and root tips,
suggesting that the rapid growing tissues require large
amount of zinc [33]. These findings suggest that zinc not
only participates in auxin biosynthesis but also plays
multiple roles in plant growth and development induced
by auxin.

Puzina [25] showed that zinc increased tryptophan
content in potato leaves. In potato leaves, zinc sulfate and
boric acid increased not only the auxin content, but also
that of cytokinins [26]. Most investigators reported that
zinc increased auxin content in plants. Cakmak et al. [27]
reported an increase in the concentration of free tryptophan under zinc deficiency in Phaseolus vulgaris L., but
its decline after the addition of zinc. Furthermore, in these
zinc-deficient plants stem growth as well as the internal
concentrations of IAA and soluble protein could be increased to control levels by reapplying zinc within 96 h.
Hossain et al. [28] reported that the formation of callus

Zinc content was assessed in dry (without imbibition),
as well as control (Hoagland solution) and treatment group
(1, 3 and 5 mM ZnCl2) seeds imbibed for 24 h (Table 2).
Zinc concentration was almost similar in the dry and control seeds. However, zinc content in the seeds increased
with the increase in ZnCl2 concentrations in the imbibition solution. At 5 mM ZnCl2, the highest zinc content in
tomato seed was 291.78 mg kg-1 (8.3-fold) whereas in 1
mM ZnCl2 it was only 129.26 mg kg-1 (3.7-fold) as compared with the control. Stefanov et al. [34] reported that
wheat seeds accumulate mainly Zn (59.4–73.2 mg kg-1)
when the concentrations of zinc in soil were 30 mg kg-1.

5 mM ZnCl2
+
100 mg/l TIBA
FIGURE 3 - Disappearance of gravitropic behaviour after application of 100 mg/L TIBA to tomato seedlings grown in 5 mM ZnCl2containing medium.

TABLE 2 - Zinc content in the dry, control and treatment seeds. The values are means of 5 individual experiments and the results were
subjected to statistical analysis by Student’s t-test (P<0.05) (“±” indicates standard deviation) and ‘asterisk’ indicates significant difference
from control.
Zinc concentration (mg kg-1 DW)
39.38 ± 2.86
35.29 ± 0.96
129.26 ± 7.95 *
194.07 ± 12.15 *
291.78 ± 24.00 *

Treatment
Dry seed
Control
1 mM ZnCl2
3 mM ZnCl2
5 mM ZnCl2
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DW = dry weight
TABLE 3 - Zinc content in the roots of tomato seedlings. The values are means of 5 individual experiments and the results were subjected to
statistical analysis by Student’s t-test (P<0.05) (“±” indicates standard deviation) and ‘asterisk’ indicates significant difference from control.
Treatment
Control
1 mM ZnCl2
3 mM ZnCl2
5 mM ZnCl2
DW = dry weight

Zinc Concentration (mg kg-1 DW)
52.22 ± 8.22
3727.71 ± 926.90 *
11218.79 ± 2280.96 *
10640.30 ± 3450.25 *

Application of zinc has a marked effect on the zinc
content in tomato roots (Table 3). Zinc content increased
significantly in roots of tomato seedlings exposed to 1 mM
and 3 mM ZnCl2 when compared to the control. Vaillant et
al. [35] also established that zinc increased in the roots and
the leaves of Datura species with increasing ZnSO4 concentrations. In addition, they found that for the 4 Datura
species, with 5 mM of zinc in the nutrient solution, concentrations of zinc measured in the roots were higher than
that in the leaves. Madhava Rao et al. [20] noted that the
increasing concentrations of externally supplied Zn and Ni
caused a progressive increase in the accumulation of respective metal ions in the roots of pigeonpea. The levels of
zinc were high in the roots of tomatoes suggesting that they
might act as a kind of heavy metal filter for the protection
of the plants. On the other hand, the Zn content in the roots
of tomato seedlings grown in a 5 mM ZnCl2-supplemented
medium was decreased, compared to the 3 mM ZnCl2 roots
in our study. We can, therefore, suggest that the decreasing
Zn content in tomato seedling roots grown at 5 mM ZnCl2,
could be a gravitropic behaviour disorder (Fig. 2).

[3]

Morita, M.T. and Tasaka, M. (2004) Gravity sensing and signaling. Curr. Opin. Plant Biol. 7, 712–718.

[4]

Dolan, L. (1998) Pointing roots in the right direction: the role
of auxin transport in response to gravity. Genes Dev. 12,
2091–2095.

[5]

Rosen, E., Chen, R. and Masson P.H. (1999) Root gravitropism: a complex response to a simple stimulus? Trends Plant
Sci. 4, 407–412

[6]

Davies, P.J. (2004) Plant Hormones: Biosynthesis, Signal
Transduction, Action. Kluwer Academic.

[7]

Yunde, Z. (2008) The role of local biosynthesis of auxin and
cytokinin in plant development. Current Opinion in Plant Biology. 11, 16–22

[8]

Wang, H. and Jin, J.Y. (2005). Photosynthetic rate, chlorophyll fluorescence parameters, and lipid peroxidation of
maize leaves as affected by zinc deficiency. Photosynthetica.
43, 591–596

[9]

Lau, T.S.L., Eno, E., Goldstein, G., Smith, C. and Christopher, D.A. (2006) Ambient levels of UV-B in Hawaii combined with nutrient deficiency decrease photosynthesis in
near-isogenic maize lines varying in leaf flavonoids: Flavonoids decrease photoinhibition in plants exposed to UV-B.
Photosynthetica. 44 (3), 394-403

CONCLUSIONS
The elimination of the gravitropical disorder observed
in tomato seedlings grown in the medium with excessive
Zn amount (especially 5 mM) was provided with the addition of TIBA into the imbibition and growth medium. According to the available literature, we put forward that the
high level of zinc might play a role in the concentration
and/or in the asymmetric redistribution of endogenous IAA.
The data presented here indicate that there might be different mechanisms between zinc and IAA in root gravitropic response of tomato seedlings. However, in order to
understand the details of functional relation in this process, further experiments will be necessary.
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